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The wide occurrence of pharmaceutical and personal care products (PPCPs) in natural aquatic environment received extensive scientific interest as well as public awareness recently due to their potential hazardous effect on human beings and ecological system. The environmental fate of these PPCPs, including transportation and transformation, is still largely unknown up to date.

Photochemical degradation is known to be an important abiotic transformation pathway for organic compounds depletion in natural environment. Photochemical reactions can fall into two categories, namely direct photolysis and indirect photolysis. Direct photolysis occurs when the absorption spectrum of one compound overlap with the solar emitting spectrum. Indirect photolysis takes place by reaction with reactive oxygen species (ROS) and/or excited triplet state generated from photosensitizers such as nitrate and dissolved organic matter (DOM). For those organic compounds unable to undergo direct photolysis, indirect photolysis may play a critical role in limiting their occurrence in natural environment. On the other hand, the extensive and frequent detection of PPCPs in aquatic environment requires the development of high efficient, economic and environment-friendly advanced oxidation processes (AOPs) for their elimination.

Heterogeneous semi-conductor photocatalysis using TiO 2 as the photocatalyst has recently been found to be a promising treatment technology for destructing organic pollutants, including PPCPs.

Valence band holes (h vb + ) and reductive conduction band electrons (e cb -V exchange chromatography by comparison with authentic standards. Photocatalytic degradation efficiency of ATL was highly dependent on the properties of the water matrix, such as pH, the presence of organic and inorganic species (e.g., humic substance, HCO 3 -). River water matrix was found to play a detrimental effect on ATL photocatalytic degradation with a longer irradiation time required for complete elimination of mother compound and intermediate products. Degussa P25 exhibited the highest photocatalytic activity for oxidizing ATL as well as intermediates compared to Aldrich rutile, Millennium PC500 and Hombikat UV100.

(3) Photochemical degradation mechanism and pathways of PBSA were investigated under artificial solar irradiation with the goal of assessing the potential of photolysis as a transformation mechanism in aquatic environments. The quantum yield of PBSA direct photolysis in pH 6.8 buffer solution under filtered mercury lamp irradiation was determined as 2.70 × 10 -4 . Laser flash photolysis (LFP) experiments confirmed the involvement of PBSA radical cation (PBSA •+ ) during direct photolysis. Acidic or basic condition facilitated PBSA direct photolysis in aqueous solution.

Indirect photolysis out-competes direct photolysis as a major process for PBSA attenuation only at higher level of photosensitizers (e.g., NO 3 -2 mM). Thus, direct photolysis is likely to be the major loss pathway responsible for the elimination of PBSA in natural sunlit surface waters, while indirect photolysis (e.g., mediated by HO•) appeared to be less important due to a general low level of steady-state concentration of HO• ([HO•] ss ) in natural surface waters. Direct photolysis pathways of PBSA includes desulfonation and benzimidazole ring cleavage, which are probably initiated by the excited triplet state ( 3 PBSA * ) and radical cation (PBSA •+ (4) The kinetics and mechanism of photocatalytic degradation of PBSA were studied in illuminated TiO

). Conversely, hydroxylation products of PBSA and 2-phenyl-1H-benzimidazole as well as their ring opening intermediates were found in nitrate-induced PBSA photolysis, suggesting the indirect photodegradation was primarily mediated by HO• and followed a different mechanism.

2 suspensions. Photocatalysis of PBSA were systematically investigated under different process conditions and water matrices. Experimental results demonstrated that PBSA photocatalytic reactions followed pseudo-first-order kinetics. Radical scavenging experiments indicated that hydroxyl radical (HO•) is the predominant reactive species responsible for an appreciable degradation of PBSA. Secondary order rate constant of PBSA-HO• reaction was determined to be 5.8 × 10 9 M -1 s -1 by competition kinetics method. Major intermediates included VI hydroxylated products, benzamide, hydroxylated benzamidine, hydroxylated 2-pheny-1H-benzimidazole as well as phenylimidazolecarboxylic derivatives which were elucidated by means of high performance liquid chromatography-mass spectrometry (HPLC-MS)

technique. Four carboxylic acids, oxalic, malonic, acetic and maleic acids were detected during PBSA photocatalysis by HPLC-UV analysis. Ion chromatography (IC) results revealed that the sulfonic group of PBSA was primarily converted to sulfate ion while nitrogen atoms were released predominantly as ammonium and a less extent as nitrate. The reduction of TOC processed much more slowly compared to PBSA degradation, however, approximately 80% TOC was removed after 720 min irradiation. A comparison of photocatalytic degradation of PBSA and structurally related compounds revealed that the 5-sulfonic moiety in PBSA had negligible effect on the photocatalysis of 2-pheny-1H-benzimidazole while 2-phenyl substituent stabilized the benzimidazole ring system to photocatalytic degradation.

) are generated after the photocatalyst excited by the photons with energy equal to or exceeding the band gap energy. The photogenerated holes can directly oxidize the adsorbed chemical substance or produce adsorbed hydroxyl radical (HO•) via the surface-bound OH -and/or the adsorbed water molecules. h vb + and HO• have been known to be highly reactive species capable of destructing a variety of organic compounds.

In the present study, the photochemical and photocatalytic degradation of atenolol (ATL) and 2-phenylbenzimidazole-5-sulfonic acid (PBSA) have been systematically investigated in aqueous solutions with the purpose of evaluating the photofate as a potential loss process and photocatalysis as a promising treatment technology for degradation these two compounds. ATL and PBSA have been chosen as two model compounds of PPCPs in the current work due to their wide occurrence and relatively high level in natural aquatic environment. The main conclusions IV are as follows:

(1) nitrate-induced photodegradation of ATL followed pseudo-first-order kinetics upon simulated solar irradiation. The photodegradation was found to be dependent on nitrate concentration and increasing the nitrate from 0.5 mmol L -1 to 10 mmol L -1 led to the enhancement of rate constant from 0.00101 min -1 to 0.00716 min -1 . Hydroxyl radical was determined to play a key role in the photolysis process by using isopropanol as molecular probe. Increasing the solution pH from 4.8 to 10.4, the photodegradation rate slightly decreased from 0.00246 min -1 to 0.00195 min -1

(2) Photocatalytic degradation of atenolol (ATL) was investigated in aqueous suspensions using TiO 2 irradiation in pH 6.8 Milli-Q water in the presence of 2.0 g L -1 Degussa P25 TiO 2 . Degradation of ATL followed pseudo-first-order reaction kinetics. Hydroxyl radical (HO•) was determined to be the predominant reactive species during photocatalysis by means of radical probes. Major Frontier electron densities calculation verified the formation of mono-hydroxylation products with HO• primarily attacking on benzene ring, which is in agreement with LC-MS/MS analysis. Five carboxylic acids, i.e., oxalic, glyoxylic, malonic, oxamic and formic acids were identified by ion , probably due to pH-dependent effect of nitrate-induced •OH formation. Bicarbonate decreased the photodegradation of ATL in the presence of nitrate ions mainly through pH effect, while humic substance inhibited the photodegradation via both attenuating light and competing radicals. Upon irradiation for 240 min, only 10% reduction of total organic carbon (TOC) can be achieved in spite of 72% transformation rate of ATL, implying a majority of ATL transformed into intermediate products rather than complete mineralization. The main photoproducts of ATL were identified by using solid phase extraction-liquid chromatography-mass spectrometry (SPE-LC-MS) techniques and possible nitrate-induced photodegradation pathways were proposed. The toxicity of the phototransformation products was evaluated using aquatic species Daphnia magna, and the results revealed that photodegradation was an effective mechanism for ATL toxicity reduction in natural waters.

with the exception of ciprofloxacin 9 . In China, the occurrence and transport of 12 antibiotics (from the tetracycline, sulfonamide, quinolone, and macrolide families) was studied in a 72 km stretch of the Haihe River, and in six of its tributaries. The sulfonamides were detected at the highest concentrations (24 -385 ng L -1 ) and highest frequencies (76 -100 %). Eight of the 12 antibiotics likely originated from veterinary applications in swine farms and fishponds, and concentrations at these source (0.12 --1

) were 1 -2 orders of magnitude higher than in the effluent of local wastewater treatment plants. 10 The occurrence of steroid estrogens, endocrine-disrupting phenols, and acid pharmaceutical residues in urban riverine water of the Pearl River Delta, South China, has been conducted by Peng et al. 11 Estrone was detected in 60% water samples with a maximum concentration of 65 ng L -1 . Endocrine disrupting phenols (nonylphenol, bisphenol A, triclosan, 2-phenylphenol, methyparaben and propylparaben) were found to be widely present at rather high concentrations in the urban riverine water of Guangzhou. Salicylic acid, clofibric acid and ibuprofen were detected in most water samples with maximum concentrations of 2098, 248 and 1417 ng L -1 respectively, whereas naproxen was less frequently detected and also at lower concentration. In Taiwan, Lin et al. and investigated the occurrence and distribution of pharmaceuticals (including antibiotics, estrogens, non-steroidal anti-inflammatory drugs (NSAIDs), beta-blockers, and lipid regulators) in three rivers and in the waste streams of six hospitals and four pharmaceutical production facilities. 12,13 The most frequently detected pharmaceuticals were acetaminophen, erythromycin-H 2 O, sulfamethoxazole, and gemfibrozil.

NSAIDs were the next most-often detected compounds, with a detection frequency 60%. The other analytes were not detected or were seen in only a few samples at trace concentrations.

Compared with the natural surface water, the groundwater is generally received less consideration. However, the groundwater can also be contaminated by PPCPs. Barber et al.

measured OWCs in samples collected from monitoring wells located along a 4.5 km transect of a plume of groundwater contaminated by 60 years of continuous rapid infiltration disposal of wastewater treatment plant effluent. 5 Fifteen percent of the 212 OWCs analyzed were detected, including the antibiotic sulfamethoxazole (SMX), the nonionic surfactant degradation product 4-nonylphenol (4-NP), the solvent tetrachloroethene (PCE), and the disinfectant 1,4-dichlorobenzene (DCB). A recent review by Lapworth et al. highlighted the widespread contamination of groundwaters by a range of PPCPs, industrial compounds and life-style magna), and the Japanese medaka fish (Oryzias latipes). 15 It was found that, in general, Daphnia was the most susceptible among the test organisms. The most acutely toxic among the chemicals tested in this study was diltiazem, with a median lethal concentration of 8.2 mg L -1 for D. magna.

The toxicity of other kinds of pharmaceuticals were also studied by various authors using different approaches. For example, Hernando et al. carried out the environmental risk assessment of pharmaceutical residues in wastewater effluents, surface waters and sediments. 17 High risk is suspected to be induce in STP effluents as well as in surface waters for the following drugs: antibiotics (erythromycin), anti-inflammatories (ibuprofen, naproxen, diclofenac, ketoprofen), lipid regulators agents (gemfibrocil, clofibric ac -blockers (propanolol, metoprolol) and antiepileptics (carbamazepine). Schwaiger et al. studied the toxic effects of the non-steroidal anti-inflammatory drug diclofenac on rainbow trout (Oncorhynchus mykiss). 18 The histopathological examinations of diclofenac-exposed fish revealed alterations of the kidney such as an hyaline droplet degeneration of the tubular epithelial cells and the occurrence of an interstitial nephritis. In the gills, the predominant finding consisted in a necrosis of pillar cells leading to damage of the capillary wall within the secondary lamellae. This findings assumed that prolonged exposure in environmentally relevant concentrations of diclofenac leads to an impairment of the general health condition of fish. Bonninear et al. 19 used fluvial biofilms, as a -blockers toxicity. It was found that propranolol was the most toxic -blocker, mostly affecting the algal photosynthetic process. However, metoprolol was particularly toxic for bacteria. Atenolol wa -blockers. The higher toxicity of metoprolol and propranolol was proposed to be due to better absorption within biofilms of these -blockers are mainly found in mixtures in rivers, their differential toxicity could have potential relevant consequences on the interactions between algae and bacteria within river biofilms.

It should be noted that, most of the PPCPs presented in aquatic environment are under ng L -1 level as a mixture, therefore, the long-term, subtle and chronic toxic effect should be taken into consideration rather than acute toxicity. [20][21][22] For example, a mixture of drugs at ng L -1 levels can inhibit cells proliferation by affecting their physiology and morphology 23 . In addition, since different researchers usually used different methods to assess the toxicity effect of PPCPs such as algae, microbes, daphnids and fish, a large variability in the toxicity, or even opposite conclusion can be obtained for the same compounds. However, the potential toxicity effect on the ecosystem and humans due to the presence of PPCPs in aquatic environment cannot be ruled out. PPCPs can be more or less extensively metabolized by humans and animals. After consumption, PPCPs for human use or their metabolites are excreted into the effluent and reach the wastewater treatment plant (WWTP). 1,3,4 It has been reported that approximately 70% of the total amount of antibiotics consumed in German was excreted unchanged. 14 Also the household disposal of unused or expired pharmaceuticals resulted in the releasing into WWTP. Since most of the PPCPs is polarized, water soluble and persist organic compounds, the conventional WWTP with coagulation, flocculation and sedimentation, was found to be less efficient for elimination of large groups and various PPCPs. Since the majority of the PPCPs and their metabolites have microbial activities such as antibiotics and hormones, the conventional WWTP using biological process of active sludge appears to be insufficient for depletion of such kinds of PPCPs. 3,4 For example, antibiotics are only partially eliminated in sewage treatment plants. If they are not eliminated during the purification process, they pass through the sewage system and may end up in the environment, mainly in the water compartment. Residual amounts can reach surface waters, groundwater or sediments. 14 Thus, the urban wastewater treatment plants was regarded as hotspots for the release of antibiotics in the environment according to a recent review by Michael et al. 24 From a critical review by Jones et al., pharmaceutical are used in large amounts in human (and veterinary) medicine and reach the aquatic environment mainly through sewage treatment systems,

where their concentration can reach micrograms per liter levels. 25 The leakage of the landfill, manure storage tanks or septic tanks is another important source for PPCPs introducing into the aquatic environment. From a recent study by Eggen et al., PPCPs such as the non-steroidal anti-inflammatory drug ibuprofen and polycyclic musk compounds have been identified in municipal landfill leachates. 26 This study has shown that municipal landfill leachates may represent a significant source of concern for legacy, new and emerging chemicals in groundwater. In addition, the application of biosolids as a fertilizer/soil conditioner is other possible routes of entry for PPCPS into groundwater.

The livestock and poultry breeding and aquaculture are also important sources for PPCPs releasing into environment. 6,14 PPCPs, especially antibiotics, used in huge amount as anti-microbiological agents and promoter in livestock and poultry farm. Active substances discharged with liquid manure can be washed off from the top soil after rain. Waste lagoons are also potential sources of hormones and steroids. In intensive fish farming, infections are treated by feeding antimicrobial agents directly into the water. The substances used in fish farming can enter the surface waters directly without undergoing any kind of attenuation process. This results in high local concentrations in the water compartment and in the adjoining sediments.

For some personal care products, direct recreational water activities (e.g., bathing and swimming) are considered as the dominant pathway responsible for their wide occurrence in aquatic environment. 27 Rodil et al applied the SPE-LC-MS/MS method to determine the UV filters in three sets of (raw and treated) wastewater, three river water, and two seawater samples. 28 2-phenylbenzimidazole-5-sulfonic acid (PBSA) and benzophenone-4 (BP-4) were the two compounds detected in higher concentration in wastewater samples (109 -2679 ng L -1 and 237 -1481 ng L -1 for PBSA and BP-4, respectively) and the only detected compounds in seawater (38 -138 ng L -1 ). It is noteworthy that, this is the first data available in the literature on the occurrence of BP-4 in the environment, with very high concentrations found in the river sample taken in the summer (849 ng L -1 ).

Pathways for PPCPs depletion in the aquatic environment

There are a great variety of processes responsible for the fate of PPCPs in the aquatic environment. These processes include biotic ones (i.e., biodegradation by bacteria and fungi) and non-biotic ones (e.g., sorption, photolysis).

Sorption onto matrix surface (soil and mineral) is an important process able to attenuate PPCPs in the aquatic environment and is the key factor in terms of PPCPs accumulation, bioavailability and degradation. 29 The sorption of PPCPs is closely related to their physical-chemical properties (e.g., pK a , log K ow , log K oc and K DOM ) as well as the characteristics of the target particles. Compounds with high log K ow values are known to sorb to sludge, while substances with lower values are more likely to stay in the aquatic phase. Likewise, the higher the log K oc , the higher is the likelihood that a compound will sorb to matter containing organic carbon.

Sorption coefficients, expressed as log K d , were usually calculated from fits using the Freundlich isothermic model. In a critical review, Toll reported the sorption behavior of antibiotics in soil. 29 In some cases, the mechanism other than hydrophobic partitioning may play a significant role in sorption of veterinary pharmaceuticals. A number of hydrophobicity-independent mechanisms, such as cation exchange, cation bridgingat clay surfaces, surface complexation, and hydrogen bonding appear to be involved. Gu et al. studied the sorption of the antimicrobial ciprofloxacin to hydrous oxides of Al (HAO) and Fe (HFO). 30 Sorption to both HAO and HFO showed a strong pH-dependent behavior. Increasing the ionic strength had insignificant effect on the extent of ciprofloxacin sorption. Ligand-promoted dissolution of hydrous oxides, more pronounced for HAO, was observed in the presence of ciprofloxacin by using macroscopic and spectroscopic analyses. Different types of surface complexes between ciprofloxacin and HAO or HFO are formed. It was indicated that a monodentate mononuclear complex (with -COO -) appeared likely between ciprofloxacin and HAO, while keto O and one O from COO -seem to be involved in the formation of a six membered ring with Fe on the HFO surface. This study increased our understanding of the environmental reactivity of fluoroquinolones. In another study, the same authors observed the same ligand-promoted dissolution during tetracycline sorption to these hydrous oxides. 31 The ability of tetracycline to form strong complexes with Al and Fe will increase the solubility of these minerals. Spectroscopic result suggests that tricarbonylamide and carbonyl functional groups of tetracycline could be responsible for sorption to mineral surfaces.

Gao et al. investigated the adsorption of three sulfonamide to clay minerals as a function of pH, ionic strength, and type of exchangeable cation. 32 The sulfonamide adsorption exhibited pronounced pH dependence, which was consistent with sorbate speciation and clay properties.

Cation exchange appeared to contribute to sorption of cationic sulfonamide species to montmorillonite. Anionic sulfamethazine adsorption was negligible. The heterocyclic R group influenced the degree of adsorption of cationic and neutral species. These results highlights the importance of speciation and clay surface charge density in determining the transport of sulfonamides. In another studies, humic substances were found to alter the surface properties and sites available for sorption and reactions. 33 They can either suppress or promote sorption of organic compounds to mineral surfaces. Haham et al. gave a further insight into the role of dissolved organic matter in sorption of sulfapyridine by soils. 33 DOM could decrease the sorption of sulfapyridine to soils probably due to the blockage of sorption sites by DOM. Competition between preferentially sorbed DOM moieties (e.g., carboxyl, phenol) and sulfapyridine for sorption sites is proposed. This study suggests that the chemical nature of DOM can significantly affect the fate of sulfonamide compounds in soils. Note that, the sorption may also occurred with accompany of slow degradation. A study on adsorption and transformation of macrolide clarithromycin and roxithromycin on the surface of three environmental subsurface sorbents (clay, iron(III) and manganese(IV) oxy-hydroxides) showed that adsorption probably occurred through a surface complexation mechanism and was accompanied by slow transformation, such as hydrolysis and N-dealkylation. 34 However, the disappearance of a substance by sorption does not necessarily indicate biological or photochemical degradation.

Biodegradation (aerobic/anaerobic by micro-organism) is another pathway for PPCPs transformation in aquatic environment, especially in the secondary stage of treatment in WWTP where these compounds are exposed to large concentrations of micro-organisms. Aerobic and anaerobic biodegradation have been reported to be the most important processes for removal of pharmaceutical products from the aqueous phase in WWTP. The removal rate increased with increasing hydraulic retention time and with the age of the sludge in the activated sludge treatment.

For example, diclofenac has been shown to be significantly biodegraded only when the sludge retention time was at least 8 days, whereas carbamazepine is less than 10% biodegraded. 35 Biological degradation of PPCPs leads to the formation of a series of transformation products (TPs). It has been proposed that more than 90% ibuprofen was biologically transformed into hydroxyl and carboxyl derivatives. Schulz et al. studied the biotransformation of iodinated contrast medium iopromide in water/soil system and found twelve TPs. 36 All TPs exhibited transformations at the side chain containing either carboxylic moieties and/or primary and secondary amide moieties, while the triiodoisophthalic acid structure remained unaltered. It should be noted that, the conjugates of pharmaceuticals can be cleaved during biodegradation, resulting in the release of the active parent compound, which provides an additional indirect source for release of the PPCPs into the environment. For the sunscreen agent sulisobenzone (BP-4), the biological degradation with active sludge in aerobic bath experiments formed at least nine TPs. At the beginning of the biotransformation of BP-4, a benzhydrol analogue was formed due to the reduction of the keto moiety. Further reactions (e.g., oxidation, demethylation, decarboxylation) led to the formation of extremely polar TPs. 37 The biodegradation ability may differ significantly from different PPCPs. For example, ibuprofen was found to be readily degraded under most studied conditions, whereas carbamazepine appeared to be recalcitrant by biodegradation. 38 Both of caffeine and paracetamol are more biodegradable during wastewater treatment and transport in the subsurface and as such are generally detected less frequently compared to other PPCPs such as carbamazepine and sulfamethoxazole which are more resistant to biodegradation. 39 This result is not surprising since antibiotics are designed to be active against bacterial and this point is of particular importance for biodegradability testing of antibiotics. However, even among the antibiotics, biodegradability varies form case to case. For example, at environmental relevant concentration, cefalexin and the two sulfonamides (sulfamethoxazole and sulfadiazine) were predominantly removed by biodegradation in both freshwater and saline sewage systems. 40 The three fluoroquinolones also exhibited certain biodegradability in the saline activated sludge reactor.

However, anhydro-erythromycin was persistent in both saline and freshwater systems under the experimental conditions and could not be removed at all. Similar result has been observed elsewhere. In a laboratory testing at realistic concentration, approximately 25% of benzylpenicillin was mineralized within 21 d, while ceftriaxone and trimethoprim were not mineralized at all. [START_REF]Rad degradation of persistent pharmaceuticals at pilot-scale: kinetics and characterization of major intermediate products[END_REF] These results are not unexpected since some kinds of PPCPs have shown to be unbiodegradable under aerobic conditions. Kim et al. studied the fate of tetracycline in the activated sludge process in wastewater treatment and reported no evidence of biodegradation for tetracycline during a biodegradability test, and sorption was found to be the principal removal mechanism for tetracycline in activated sludge. 42 It can be assumed that microbial degradation will be slower in surface water than in the sewage system due to its lower bacterial density and lower diversity. Unlike in active sludge system, biodegradation may play a less important role in depletion PPCPs in groundwater. The anaerobic groundwater conditions are thought to contribute to the persistence of PPCPs, especially antibiotics, in groundwater after they have been leached from the base of the lagoon. 43 On the other hand, microbial degradation of PPCPs occurred relatively slowly in estuarine and coastal surface waters. Antipyrine, carbamazepine, cotinine, sulfamethoxazole, and trimethoprim were the most refractory (half-lives, t 1/2 = 35 to 100 days). Nicotine, acetaminophen, and fluoxetine were labile across all treatments (t 1/2 = 0.68 to 11 days). Caffeine, diltiazem, and nifedipine were relatively labile. The slower rates of microbial degradation help explain the observed ubiquity of many of these pharmaceuticals in these and other receiving waters. Factors which control the relative persistence of organic substrates in estuarine and coastal waters are not well understood, but are likely to be attributed to the many factor, such as the concentrations and mixtures of PPCPs and other organic substrates, bacterial abundances and species compositions, temperature and environmental conditions. 39

Photodegradation of PPCPs in the aquatic environment

Photolysis is believed to be one of the most important abiotic pathways responsible for the depletion of organic pollutants, including PPCPs, in natural environment. 44,45 The photolysis can be categorized into two different types, namely direct photolysis and indirect photolysis. Direct photolysis occurs when the UV-visible absorption spectrum of one molecule overlaps with the solar emission spectrum, or one molecule absorbs solar light which reaches to the surface of the 290 nm). Unlike direct photolysis, the indirect photolysis is initiated by reactions with reactive species (e.g., 1 O 2 , HO• and 3 DOM * ) generated by photosensitizers (e.g., nitrate (NO 3 -), dissolved organic matter (DOM), ferric ion (Fe 3+ ) after solar light absorption. 46 A critical review about the photodegradation of pharmaceuticals in the aquatic environment was reported by Boreen.

et al. in 2003. 46 1.4.1. Direct photolysis of PPCPs Direct photolytic degradation of PPCPs, such as diclofenac and triclosan, has been well-documented in literature. [START_REF] Hidaka | Photoassisted mineralization of aromatic and aliphatic N-heterocycles in aqueous titanium dioxide suspensions and the fate of the nitrogen heteroatoms[END_REF][START_REF] Pelizzetti | Different photocatalytic fate of amido nitrogen in formamide and urea[END_REF][START_REF] Rogana | Characterization of the ultraviolet absorpion spectra of p-substituted derivatives of benzamidine[END_REF][50][51][52][START_REF] Latch | Photochemical conversion of triclosan to 2,8-dichlorodibenzo-p-dioxin in aqueous solution[END_REF][START_REF] Latch | Aqueous photochemistry of triclosan: formation of 2,4-dichlorophenol, 2,8-dichlorodibenzo-p-dioxin, and oligomerization products[END_REF][START_REF] Wong-Wah-Chung | Photochemical behavior of triclosan in aqueous solutions: kinetic and analytical studies[END_REF][START_REF] Aranami | Photolytic degradation of triclosan in freshwater and seawater[END_REF][START_REF] Sanchez-Prado | Monitoring the photochemical degradation of triclosan in wastewater by UV light and sunlight using solid-phase microextraction[END_REF] The direct photolysis is closely related with the chemical structure of compounds. This is because the light absorbance properties of PPCPs is associated -* -binding heteroatom, n-* transition are also likely to take place. For those molecules bearing strong chromophoric groups such as naphthalene, benzophenone and nitro, direct degradation appears to be important for eliminating these compounds in natural sunlit surface waters. A typical illustration was the direct photolysis of -blockers, atenolol, metoprolol, and propranolol in waters. [START_REF] Liu | Kinetics and degradation products for direct photolysis of -blockers in water[END_REF] It was found that propanolol underwent relatively fast direct photolysis relative to atenolol or metoprolol. This result can be attributed to the naphthalene structure in propanolol, whose absorption spectrum has a significant overlap with solar spectrum. Whereas, atenolol and metoprolol possess benzyl ring in their molecular structure, thus has less absorbance at wavelength with 290 nm, which in turn limited their direct photolysis. Similarly, the rapid direct photolysis of ketoprofen under xenon lamp irradiation (765W/m 2 , 290 nm 700 nm) can be explained by the fact that the carbonyl moiety is in conjugation with two aromatic rings. When the carbonyl is highly conjugated, the energy of the n-* transition is lowered, resulting in a very reactive triplet state. 59 Edhlund and coauthors studied the aquatic photochemistry of nitrofuran antibiotic and found that direct photolysis is the dominant photodegradation pathways for these compounds. [START_REF] Edhlund | Aquatic photochemistry of nitrofuran antibiotics[END_REF] The nitro group is the chromophore of the nitrofurans that has its max near 365 nm and is responsible for the photochemistry of these compounds. Ranitidine was also degraded in direct photolysis and the nitroacetamidine portion of ranitidine has been shown to be the moiety active in direct photolysis. [START_REF] Latch | Photochemical fate of pharmaceuticals in the environment: cimetidine and ranitidine[END_REF] It is worth noting that direct photolysis of PPCPs is also highly pH-dependent. This is because a wide range of PPCPs have ionizable functional groups which can undergo protonation or deprotonation process and solution pH alters the speciation of these compounds. Thus, the absorption spectra of different existing species of organic compounds usually varies under different pH value, which consequently influence the photolysis behavior of PPCPs. Boreen et al.

investigated the photochemical fate of five sulfa drugs with varying five-membered heterocyclic substituents and observed that the rate of direct photolysis of these compounds is dependent upon the identity of the heterocyclic R group as well as the pH of the solution. [START_REF] Boreen | Photochemical fate of sulfa drugs in the aquatic environment: sulfa drugs containing five-membered heterocyclic group[END_REF] The quantum yields calculated rang from 0.005 for the neutral state of sulfamethizole to 0.7 ± 0.3 for the protonated state of sulfisoxazole. Wei et al. differentiated and confirmed that the five dissociation species of ciprofloxacin have different photodegradation pathways, products and kinetics. [START_REF] Wei | Distinct photolytic mechanisms and products for different dissociation species of ciprofloxacin[END_REF] In the normal pH range (6 -9) of surface waters, H 2 CIP + is the predominant dissociation species of CIP, which can photodegrade fast by defluorination. Similar result has been report by Sturini et al. on photochemical degradation of marbofloxacin and enrofloxacin in natural waters. [START_REF] Sturini | Photochemical degradation of marbofloxacin and enrofloxacin in natural waters[END_REF] Jiao et al.

observed pronounced photodegradation of tetracycline with increasing pH. [START_REF] Jiao | Aqueous photolysis of tetracycline and toxicity of photolytic products to luminescent bacteria[END_REF] However, the influence of pH on photodegradation of PPCPs could be complex. For example, the photodegradation of the nitrofuran antibiotics was found to be acid-catalyzed. [START_REF] Edhlund | Aquatic photochemistry of nitrofuran antibiotics[END_REF] The rate constant for photodegradation of fluoxetine at pH 9 was approximately double the rate constants in pH 4 and pH 7 buffer solutions and in DI water. [START_REF] Lam | Aqueous photochemical reaction kinetics and transformation of fluoxetine[END_REF] Since the comparison of the UV-vis spectra taken at neutral and basic pH illustrated that a shift in the UV-vis absorption spectrum to longer wavelengths did not occur with increase in pH. Thus, a more likely explanation is that the mechanism for direct photolysis is base-catalyzed. Defluorination of the trifluoromethyl group and products resulting from O-dealkylation of FLX were both observed in direct photolysis of fluoxetine (see Fig. ). [START_REF] Shankar | Photo-induced degradation of diuron in aqueous solution by nitrites and nitrates: kinetics and pathways[END_REF] However, in the case of fluometuron, hydroxylation of the aromatic ring with or without hydrolysis of CF 3 into CO 2 H and oxidation of the urea chain leading to demethylation were observed. [START_REF] Halladja | Photolysis of fluometuron in the presence of natural water constituents[END_REF] The oxidations of the aromatic ring and of the urea chain were also observed in phototransformation of methabenthiazuron in the presence of nitrate and nitrite ions. [START_REF] Malouki | Phototransformation of methabenthiazuron in the (21) Song[END_REF] It was suggested that HO• generated by irradiated nitrate at concentrations present in wastewater effluent plays an important role as a photosensitizer even in the presence of fulvic acid. 73 However, it should be emphasized that NO 3 --induced phototransformation of organic pollutants in some case lead to nitration or nitrosation, thus, raises the concern about generating carcinogenic or mutagenic compounds. 74.75 Fig. 1.2. Degradation pathways of diuron photo-induced by NO 3 -and NO 2 -. [START_REF] Shankar | Photo-induced degradation of diuron in aqueous solution by nitrites and nitrates: kinetics and pathways[END_REF] Dissolved organic matter (DOM) is another well-known photosensitizer widely presented in natural surface waters. DOM-mediated indirect photodegradation of organic pollutants through photogenerated reaction oxygen species (e.g., 1 O 2 and HO•) as well as excited triplet state 3 DOM * has been well documented. 76,77 1 O 2 is an electrophilic species and react with electron-rich compounds at higher rate. In the environment, 1 O 2 is responsible for oxidative transformations of certain classes of organic contaminants, particularly those containing phenolic, heterocyclic, olefinic, and sulfidic moieties, and may be involved in the weathering of dissolved organic matter itself. 78,79 For example, photooxidation mediated by 1 O 2 is the likely degradation pathway for cimetidine in most natural waters because 1 O 2 is reactive toward reaction with imidazole model compound. [START_REF] Latch | Photochemical fate of pharmaceuticals in the environment: cimetidine and ranitidine[END_REF] On the other hand, 3 DOM * could mediate organic compounds degradation through energy transfer, electron transfer as well as hydrogen atom abstraction. Boreen et al., have shown that indirect photolysis of sulfa drugs containing six-membered heterocyclic substituents was attributable to interaction with triplet excited-state DOM. 80 The interaction of the sulfa drugs with triplet excited-states is perhaps due to electron-transfer or hydrogen atom abstraction reactions. A recent study on indirect photodegradation of amine drugs in aqueous solution under simulated sunlight has demonstrated that the electron transfer from the nonbonding electrons on nitrogen of the amine drugs to the excited ketone of the humic substrate occurred. 81 However, DOM could also inhibit organic compounds destruction by severing as inner filter to attenuate light, radical quencher to compete for reactive photooxidants, and reduce intermediates of mother compounds.

Wenk and coauthors have suggested that DOM could reduce the transformation rate of various aqueous organic contaminants by inhibiting the transformation of oxidation intermediates. 82,83 Therefore, it can be concluded that the role of DOM in photo-induced transformation of PPCPs should be complex in natural sunlit surface waters. It also should be noted that the composition of DOM significantly influenced the photodegradation of PPCPs because DOM plays an important role in the type and amount of reactive transients formed when irradiated. 77 For example, microbially-derived DOM showed to be much more photoreactive than terrestrially-derived DOM for ibuprofen transformation. 84 It was proposed that HO• pathway is more important for terrestrially derived-DOM, while 3 DOM * is the dominant mechanism for DOM derived from microbial precursors.

Another photoreactive species is Fe 3+ , which is found out to be one of the most abundant transit mental ions ubiquitously present in natural waters. The photochemical reaction of Fe(III) in the aquatic system is believed to play an important role in chemical and biological processes. 85 In most natural waters, Fe(III) is probably complexed with hydroxide ion and organic ligands. The photochemical process of Fe(III) species gives rise to Fe(II) through ligand-metal charge transfer (LMCT) mechanism which is highly-species dependent. Therefore, two types of photochemical reactions may occur: (I) the organic matter or the pollutant is able to complex Fe(III) and the resulting complex absorbs solar radiation and undergoes a direct photolysis; (II) Fe(III) is only complexed by hydroxide ion and the degradation is achieved by HO• radicals formed by irradiation of Fe(III) aquocomplexe. 86 For example, in the presence of DOM, Fe(III) could complex with DOM. The photochemical reaction of Fe(III)-DOM complex was believed to be one important pathway for generating HO• in natural surface waters upon solar irradiation via photo-Fenton like reaction. Among various Fe(III) aquocomplexes, FeOH 2+ , the species present at A important issue which should be taken into consideration is that phototransformation of PPCPs in aqueous environment sometimes results in higher toxic intermediates or byproducts. 92 A well known example is the phototransformation of triclosan in river water can resulted in the formation of much more harmful 2,8-dichlorodibenzo-p-dioxin. [START_REF] Latch | Photochemical conversion of triclosan to 2,8-dichlorodibenzo-p-dioxin in aqueous solution[END_REF][START_REF] Latch | Aqueous photochemistry of triclosan: formation of 2,4-dichlorophenol, 2,8-dichlorodibenzo-p-dioxin, and oligomerization products[END_REF] Other examples included antibiotics cephalosporin and sulfamethoxazole. 93,94

Photocatalytic degradation of PPCPs

Numerous PPCPs in the aquatic system such as surface water, ground water, wastewater treatment plant effluents and even drink water raised great scientific concerns as well as public awareness for developing efficient clean-up technology. Photocatalysis using semiconductor as sensitizers for photo-induced decomposition of pollutants in waters has being studied for more than 30 years. Among them, heterogeneous semiconductor photocatalysis using TiO 2 as the photocatalyst has been found to be a promising treatment technology for eliminating organic pollutants in waters, including PPCPs, because TiO 2 is non-toxic, inexpensive, and relatively biologically and chemically stable. [95][96][97][98] When irradiating with photons of energy equal to or exceeding the band gap energy of TiO 2 (for anatase, 3.2 eV band gap), valence band holes (h vb + )

and reductive conduction band electrons (e cb -) are generated. The photogenerated holes can: (i) directly oxidize the adsorbed chemical substance; or (ii) produce adsorbed hydroxyl radical (HO•) via the surface-bound OH -and/or the adsorbed water molecules. As a highly reactive oxidant, HO• is capable of unselectively reacting with most recalcitrant organic contaminants at near-diffusion-controlled rates in water (10 8 -10 10 M -1 s -1 ). Therefore, TiO 2 is considered to be the most suitable semiconductor for widespread environmental photocatalytic applications. [95][96][97][98] There are numerous published papers about degradation of PPCPs in waters by TiO 2 Some researchers also studies the underlying mechanism, the degradation pathways and the toxicity assessment of the degradation intermediates and products. For example, Calza et al.

studied the photocatalytic transformation of non-steroidal anti-inflammatory drug diclofenac, under simulated solar irradiation using TiO 2 as catalyst, to assess the decomposition of the pharmaceutical compound, to identify intermediates, as well as to elucidate some mechanistic details of the degradation. 103 In addition Microtox bioassay (Vibrio fischeri) was employed in evaluating the ecotoxicity of solutions treated by photocatalysis. They observed several hydroxyland bihydroxy diclofenac derivatives, which were further transformed into chloro or hydroxyl-phenol derivatives. The formation of carboxylic acids was achieved through the ring opening and complete mineralization was obtained after 2 h irradiation as assessed by TOC measurement. Ecotoxicity measurements on the treated solutions emphasized the efficiency of the photocatalytic treatment in the detoxification process. Ohko and coauthors studied the degradation -estradiol (E2) in water by TiO 2 photocatalysis and evaluated the estrogenic activity of the treated water during the photocatalytic reactions by an estrogen screening assay. 104 The cited authors found that the estrogenic activities of the intermediate products were negligible. It was concluded that the phenol moiety of the E2 molecule, one of essential functional groups to interact with the estrogen receptor, should be the starting point of the photocatalytic oxidation of E2. A detailed study on identification of photocatalytic degradation products of bezafibrate (BZF), a lipid regulator, in TiO 2 aqueous suspensions under simulated solar light has been carried out by Lambropoulou et al. using powerful analytical techniques such as LC-TOF-MS, GC-MS and HPLC-DAD. 105 The degradation pathways include single or multiple hydroxylation of BZF with subsequent phenoxy ring opening and the cleavage of the amide and ether bonds. However, no data about the toxicity of the photoproducts had been provided by these authors.

Recent studies have also provided evidence that the photodegradation behavior was highly substrate-specific with respect to certain kind of TiO 2 . For example, one study by Doll and Frimmel showed that P25 had a better photocatalytc activity for clofibric acid and carbamazepine than Hombikat UV 100. 106 For photocatalytic degradation of iomeprol , Hombikat UV 100 was more suitable than P25. The authors contributed this result to the higher adsorption capacity of Hombikat UV 100. Ryu and Choi systematically investigated the multidimensional aspects of the photocatalytic activity. 107 The photocatalytic activities of eight commercial TiO 2 samples were quantified by employing 19 test substrates in terms of their degradation or conversion rates in water. They found that the measured activities exhibited a complex behavior that depends on the test substrate. This suggested that the highly substrate-specific activity of TiO were replaced by F -, there were little adsorbed Acid orange 7 molecules to be trapped by hole, so the initial process could shift progressively from hole-dominated surface reaction to homogeneous radical reaction in bulk solution. 112 Thus, photocatalytic degradation/transformation efficiency usually varies from case to case, and extrapolation of one result to another usually cannot be obtained.

Objectives and outlines of the thesis

The main objective of this thesis is studying the photochemical and photocatalytic degradation of atenolol and 2-phenylbenzimidazole-5-sulfonic acid, as representatives of pharmaceuticals and personal care products, respectively. ATL and PBSA have been chosen as two model compounds of PPCPs in the current work due to their wide occurrence and relatively high level in natural aquatic environment. 28,113 Atenolol (ATL),

4-[2-hydroxy-3-[(1-methyl)amino]propoxyl]benzeace

and has been used primarily for the treatment of cardiovascular diseases for more than thirty years.

Previous studies have provided evidence that ATL could inhibit the growth of human embryonic cells and was ecotoxic to freshwater species. 114 A more recent study has shown that atenolol was toxic to fluvial biofilms in freshwater ecosystems. 115 On the other hand, 2-phenylbenzimidazole-5-sulfonic acid (PBSA) is known to photo-generate reactive species such as 1 O 2 and O 2

•-, thus can cause DNA damage. For example, Johnson and Inbaraj studied the photo-physical and photochemical properties of PBSA and demonstrated that UV irradiation of PBSA generates a variety of free radicals and active oxygen species that may be involved in the photodamage of DNA. 116 The photochemical reaction of these compounds, as a potential loss process in natural environment, should be clarified and photocatalytic oxidation, as a promising treatment technology, should be evaluated.

This thesis included investigation of the kinetics, identification of the transformation intermediates and products, exploring the degradation mechanisms and the reactive species involved in the photodegradation, proposing the degradation pathways and evaluation of the reduction in TOC and decrease in toxicity, etc. Thus, the thesis is subsequently organized as follows:

Chapter 1 is the background of the research work and literatures survey.

Chapter 2 introduces the materials and experimental methodologies used in this work.

Chapter 3 studies the photolysis of atenolol in aqueous solution, especially the indirect photolysis of atenolol induced by nitrate ions.

Chapter 4 studies the photocatalytic oxidation of atenolol in aqueous TiO 2 suspensions.

Chapter 5 studies the photochemical degradation of PBSA in different water matrices.

Chapter 6 studies the photocatalytic degradation of PBSA in aqueous TiO 2 suspensions.

Chapter 7 provide the general conclusions and prospects.

Reference

(1) Chapter 2 Experimental Section

Chemicals and Materials

The chemical reagents used in this study are listed in Table 2.1. Pseudo-first-order rate constants, k obs , for the photolysis reaction were obtained by linear regression of logarithmic concentration values determined as a function of time.

Laser flash photolysis experiments

Laser flash photolysis (LFP) experiments were carried out using the fourth harmonic (266 nm) of a Quanta Ray GCR 130-01 Nd:YAG laser. This laser produces a pulse of 9 ns in duration and, during these experiments, operated with an output of 30 mJ per pulse. Transient species produced upon 266 nm irradiation of the samples inside a quartz cuvette (3 mL volume) were monitored by a detection system consisting of a pulsed xenon lamp (150 W), monochromator and a photomultiplier (1P28). A spectrometer control unit was used for synchronizing the pulsed light source and programmable shutters with the laser output. The signal from the photomultiplier was digitized by a programmable digital oscilloscope (HP54522A). A 32 bits RISC-processor kinetic spectrometer workstation was used to analyze the digitized signal. After each laser shot a peristatic pump system was used in order to replace the solution before a new experiment. The absorbance and disappearance of the transient species were investigated in PBSA aqueous solution. LFP experiments were also performed in the presence of acrylamide (triplet quencher) and NaI (radical cation quencher).

Photocatalysis experiments

The each sample was performed using an autosampler. Detection was performed with an UV detector (1100, Agilent, USA) at a wavelength of 224 nm. For analysis of nitrobenzene, the mobile phase was methanol-water (60/40, v/v) with a flow rate of 1 mL min -1 . Detection wavelength was at 270 nm.

PBSA was analyzed using a Shimadzu 10A series high performance liquid chromatography (HPLC, Shimadzu) system equipped with a Model 7725i inject coupled with a LC-10AT binary pump and a SPD-M10A DAD. Samples were separated with an × 4.0mm, i.d.) (Interchim, France) at 25 . The mobile phase was a mixture of 10% acetonitrile and 90% acidified water (10 mM phosphate buffer, pH 3.0) with a flow rate of 0.8 mL min -1 . The detection wavelength was selected at 300 nm. For analyzing 2-pheny-1H-benzimidazole (PBI), benzimidazole (BI) and benzoic acid (BA), the HPLC analysis parameters are showed in Table 2.3. 

Solid phase extraction-liquid chromatography-mass spectrometry (SPE-LC-MS)

To determine and identify the main photodegradation products of ATL in the presence of -1 ATL and 10 mmol L -1 NO 3 -were subjected to irradiation for 24 h. After irradiation, the reaction solution was concentrated by solid phase extraction (SPE) workstation (Supleco, USA) using Water Oasis HLB cartridges (6cc, 200mg L -1 ).

Before extraction, the HLB cartridges were conditioned by 5 mL methanol and 5 mL purified water. Subsequently, 100 mL reaction solution was percolated through the cartridges at 5 mL min -1 .

After rinsing with 2 mL water, the final extracted phototransformation products were obtained by eluting with 2×2 mL of methanol.

A Thermo Finnigan Surveyor Modular HPLC system equipped with a Finnigan LCQ Advantage MAX ion trap mass spectrometer was employed to analysis the photoproducts. The LC separation was carried out on a 5--C18 column (150 mm×4.6 mm i.d., 80 Å pore size). The mobile phase was consisting of water (10 mM ammonium acetate as buffer) as A Thermo Finnigan Surveyor Modular HPLC system equipped with a Finnigan LCQ Advantage MAX ion trap mass spectrometer was employed to analysis the photoproducts. The LC separation was carried out on an Agilent Zorbax SB-× 4.6 mm i.d.).

The mobile phase was consisting of water (10 mM ammonium acetate as buffer) as eluent A and methanol as eluent B. Elution was performed at a flow rate of 0.2 mL min -1 with linear gradient was used for the MS and MS-MS measurement in positive ionization mode and full scan acquisition between m/z 100-350. The spray voltage was 4.5 kV and an ion-transfer capillary temperature was 200 . Nitrogen was used as sheath and auxiliary gas at a flow rate of 35 arbitrary unit and argon was used as a collision gas at 0.25 MPa.

HPLC-UV analysis for measuring carboxylic acids

The detection of carboxylic acids was performed using a HPLC-UV system (Varian 9010 model) equipped with a ICSep-GOREGEL-× 7.8 mm, i.d.) (Transgenomic, USA). The mobile phase was 5.5 mM H 2 SO 4 at a flow rate of 0.6 mL min -1 . The inj Quantification of the carboxylic acids was performed by comparison with standards.

Ion chromatography for measuring inorganic ions

The analyses of inorganic ions released during photocatalysis process were carried out by using a Metrohm ion chromatographic instrument (881 Compact IC Pro, Switzerland) coupled with an autosampler (863 Compact). Detection was performed with a Conductivity Detector ( 881Compact IC Pro 1) equipped with a Metrohm Suppressor Module (MSM). For anion measurement, separation was carried out using a Metrosep A Supp 5-150/4.0 column under the following elution condition: 3.2 mM Na 2 CO 3 + 1.0 mM NaHCO 3 as mobile phase at a flow rate of 0.7 mL min -1 .

For cation measurement, separation was carried out using a Metrosep C4 column (150 mm × 4.0 mm, i.d.) by using 1.7 mM nitric acid + 0.7 mM dipicolinic acid as mobile phase at a flow rate of 0.9 mL min -1 .

TOC measurement

To determine the extent of mineralization during photolysis and photocatalysis, total organic carbon (TOC) of filtered suspension samples was measured using a TOC-5050A analyzer (Shimadzu). The concentration of dissolved SRFA, NOFA, NOHA, and HA were also determined by the TOC analyzer and expressed as mgC L -1 . Calibration was achieved by injecting standards of succinic acid solution.

UV-vis absorption spectra

The spectrum of the ATL, nitrate, SRFA, NOFA, and NOHA solution was scanned by a UV-vis spectrophotometer (UV2450, Shimadzu, Japan). The UV-visible absorption spectra of PBSA and humic acid aqueous solutions were recorded using a Lambda 950 UV-vis spectrophotometer (PerkinElmer, USA) equipped with quartz cuvettes (optical path length 1.0 cm).

pH measurement

The pH of the solutions was measured with a combined glass electrode connected to a PHM 210 standard pH meter (Radiometer, Copenhagen, Denmark).

Calculation

Determination of the quantum yields

The quantum yields of PBSA direct photolysis in aqueous solution at different pH values were determined by using p-nitroanisole (PNA)/pyridine (pyr) as actinometer according to the following equation.

a p a a p p ) ( ) ( L k L k (1)
Where the subscript "a" and "p" refer to actinometer and PPCPs, respectively; and L are the extinction coefficient and the lamp irradiance, respectively, at a specific wavelength ; L ) a and L ) p are the light absorption for actinometer and PBSA, respectively; a is the quantum yield of the actinometer determined by the concentration of pyridine ( a = 0.44 [pyr] + 0.00028).

Calculation of light-screening factor

The light attenuation effect of humic substance on nitrate-induced ATL photodegradation or nitrate on PBSA direct photolysis was evaluated by light-screening factor S . Samples with different nitrate concentration were scanned by spectrophotometer from 200 to 600 nm. The collected absorbance was used to calculate attenuation coefficient and light-screening factor.

Application of S to rate constant measured in Milli-Q water, k Milli-Q , can yield an upper-limit estimate of an expected direct photolysis rate constant in a given nitrate solution under identical irradiation conditions. The wavelength-specific light-screening factor can be calculated as follows. Where l (cm) is the path length of (cm -1 ) is the wavelength specific attenuation coefficient. Since a polychromatic light source was used in the present photolysis experiment, an overall screening factor, S for all of the wavelengths that could be absorbed by nitrate (290-340 nm) was calculated. S were determined by taking the ratio of the integrated area of a plot of S versus wavelength (nm) and normalizing by theoretical area of the plot if no inner filtering occurred (i.e., S = 1.0 for all wavelengths).

Determination of second-order rate constant for reaction of PPCPs with HO•

The second-order rate constant for reaction of ATL/PBSA with HO• was determined by competition kinetics method (Eq. ( 3)) using Fenton's reagent as HO• generation source as described below.

(

) 3 
Benzoic acid (BA), with a known rate constant (k HO•,BA = 5.9 × 10 9 M -1 s -1 ) was used as reference 2+ and 0.5 mM H 2 O 2 at pH 3.5 (adjusted by sulfuric acid). The reactor was wrapped in aluminum foil to exclude light and prevent photo-Fenton chemistry. Incubations were performed at room temperature (22 ± 1 ). Samples (0.5 mL) were withdrawn at predetermined intervals, and the reactions were quenched with an equivalent volume of methanol. Samples were then analyzed via HPLC.

For measuring the second-order rate constant for ATL-HO• reaction, nitrobenzene (NB) with a known rate constant (k HO•,NA = 3.9 × 10 9 M -1 s -1 ) was used as reference compound. The experimental procedure was identical with that described aboved.

Calculation of frontier electron density

Molecular orbital calculations were carried out at the single determinant (B3LYP/6-311+G*) level with the optimal conformation having a minimum energy obtained at the same level in a Gaussian 09 program. The frontier electron densities (FEDs) of the highest occupied molecular orbital (HOMO) and the lowest unoccupied molecular orbital (LUMO) were determined. Values of FED 2 HOMO + FED 2 LUMO were calculated to predict the reaction sites for hydroxyl addition.

Toxicity test

The toxicity test were performed using aquatic organism daphnia magna straus under the guideline from O -1 ATL in the presence of 5 mmol L -1 nitrate after irradiation 0, 30, 60 and 120 min were tested and a control using only freshwater was also tested. After 24 and 48 h of incubation, the number of dead and immobilized daphnids was calculated. The toxicity was expressed by immobilization rate of D. magna.

Chapter 3 Direct and indirect photolysis of atenolol in aqeous soluton

As an emerging class of environmental pollutant, pharmaceuticals and personal care products (PPCPs) received extensively consideration in recent years due to their potential risk to human beings and aquatic organism. 1,2 Effluents of wastewater treatment plants (WWTPs) were regarded as the major source for PPCPs introduce into aquatic environment due to incomplete removal during the treatment process. 3 Since PPCPs have been designed to have a specific physiological effect on humans or animals in trace concentration level, many of them showed quite resistance to biodegradation. 4 Consequently, a wide range of PPCPs are frequently detected in surface, ground and coastal waters with a concentration usually ranging from ng L -1 L -1 . [5][6][START_REF] Borchard | Pharmacological properties of beta-adrenoceptor blocking durgs[END_REF] Atenolol (ATL) belongs to the group of beta--adrenergic receptors), which is primarily used for the treatment of disorders such as hypertension, angina and arrhythmias. 8 As been used for a long history in Europe and North America, it was detected at considerably high level ranging from 83 ng L -1 L -1 in sewage treatment plant effluent. 9,10 Furthermore, environmental behavior and ecological risk of ATL is of great concern due to its potential ecotoxicity posed to the environment as it can affect cardiac rhythm, generate abnormalities or reduce mobility of spermatozoids of fish. 11 Fig. S1 shows the chemical structure and UV-vis absorbance spectrum of protonated and neutral molecular state of atenolol (see Supplementary Material).

Direct and indirect photolysis are the primary pathways for abiotic transformation of PPCPs in surface waters. 12,13 While the direct photolysis of PPCPs is caused by direct absorption of solar light, the indirect photolysis is initiated via light absorption by photosensitizer, such as nitrate and dissolved organic matter (DOM). 14 Excited photosensitizers can generate extremely reactive oxygenated species (ROS) (e.g. 1 O 2 and •OH) and other reactive photooxidant which influence the persistence and photofate of the PPCPs in natural waters. 15,16 Among them, nitrate has long being recognized as a main source of •OH upon solar irradiation. 14,17 Up to date, few reports stressed on the relationship of photo reactive natural water constituents (e.g., NO Compared with the unirradiated sample, five new peaks were observed in irradiated sample, corresponding to the possible intermediates of ATL photodegradation. Among them, four intermediates have a retention time shorter than the mother compound, suggesting their polarity are higher than ATL. Due to the lack of standards for comparison, the identification and elucidation of the intermediates were based on the analysis of the information of LC-MS.

According to the total ion chromatogram (TIC) and the MS-MS spectrum, the chemical structures of the intermediates were determined. However, only four of them were elucidated. Their retention time, molecular weight, m/z of the main mass fragmentation and proposed possible chemical structure are listed in Table 3.1. . 22 Firstly, the acetamide moiety lost amide group under the attack of HO•, and then formed benzaldehyde derivative in the presence of dissolved oxygen. Secondly, the benzaldehyde derivative was further transformed to m/z 254 under the attack of HO•. The involvement of HO• in the ATL photodegradation process was probably due to a self-sensitized mechanism under lamp irradiation. Yang et al. studied the photocatalytic degr -blockers in aqueous suspension of TiO 2 and found that cleavage of the side chain and the addition of the hydroxyl group to the parent compounds are the two main degradation pathways. 23 Our results are in good agreement with these findings. Nitrate is ubiquitously present in natural aquatic environment. The concentration of nitrate may range from 10 -5 to 10 -3 M, which is highly related to the geographic location and human agriculture activity. 6,[START_REF] Borchard | Pharmacological properties of beta-adrenoceptor blocking durgs[END_REF] In this study, nitrate-induced photodegradation of ATL was carried out in M ATL with different nitrate concentrations upon simulated solar irradiation and the results are shown in Fig. 3.5. As clearly seen, a semi-log plot of concentration of ATL versus irradiation time was linear, indicating overall pseudo-first-order kinetics. Increasing nitrate concentration led to the increase in the kinetic rate constant which were found to be 0.00101, 0.00143, 0.00225, 0.00379 and 0.00716 min -1 at nitrate concentrations 0.5, 1, 2, 5 and 10 mM, respectively (Table S1, Supplementary

Material). Previous studies demonstrated that hydroxyl radical's yield amount was correlated well with the nitrate concentration. 24 As a powerful oxidant, •OH was capable to unselectively react with most of the aquatic organic compounds with a secondary rate constant of 10 7 to 10 10 M -1 s -1 . 25 Thus, the obtained result was mainly due to the hydroxyl radicals generated through the irradiation of nitrate solution.

In order to justify •OH was involved in the nitrate induced photodegradation of ATL, 100 mM isopropanol, as molecular probe for •OH (1.9×10 9 M -1 s -1 ), was spiked into the photo reaction solution before irradiation. 26 It was found out that, the rate of decay was completely inhibited after the sample was spiked with isopropanol, suggesting that ATL in nitrate solution was predominantly oxidized by hydroxyl radical. Calculation of competition kinetic equation showed that k OH,ATL was determined to be (7.49±0.26)×10 9 M -1 s -1 (Fig. S2, Supplementary Material), which was very close to the founding, (7.05±0.27)×10 9 M -1 s -1 , reported by Song et al. in -irradiation. 21 Such a high second order rate constant allowed the •OH oxidation reaction with ATL occurring preferentially than other kind of radical reactions.

Effect of solution pH

Since the pK a of ATL was reported to be 9.16, the variation of solution pH is expected to influence the photolysis. 19 M ATL in different pH buffer solutions in the presence of 5 mM nitrate were carried out to study the influence of solution pH on photodegradation kinetics (see Fig. S3, Supplementary Material).

As seen in Fig. S3, increasing the solution pH from 4.8 to 10.4, the photodegradation rate slightly decreased from 0.00246 min -1 to 0.00195 min -1 . The effect of solution pH on photodegradation is a complex issue related to the ionization state of organic compound, as well as the formation rate of •OH and other ROS in reaction solution. 27 According to Fig. S1, neither the protonated or molecular form 290 nm range. Since the simulated solar irradiation source used in our experiment was above 290 nm, direct photolysis of ATL was unlikely to occur. Thus, the obtained result was probably due to the influence of solution pH on nitrate-induced •OH formation. Previous report had shown that basification of the solution decrease the generation rate of •OH by irradiation nitrate, most likely because of the acid-base equilibrium between HOONO and ONOO -. 27 3.1.2.1.

Effect of bicarbonate concentration

Recent studies have demonstrated that bicarbonate ions were of great importance in organic pollutants depletion in nature sunlit waters. 28 The effect of bicarbonate concentra M ATL photodegradation in 5 mM nitrate solution was investigated and the results showed that bicarbonate with different concentration showed inhibitive effect on ATL photodegradation (Fig. It was demonstrated that low reactive carbonate radicals can be expectedly generated through the reaction of •OH with either carbonate or bicarbonate, with a secondary order reaction constant 3.9×10 8 M -1 s -1 and 8.5×10 6 M -1 s -1 , respectively. 27 Considering the coexisting of HCO 3 -and ATL in reaction solution, the hydroxyl radical reaction will be partitioned according to the following equations.

te intermedia ATL OH Based on the relative rates of these reactions and the concentration of HCO 3 -and ATL used in our experiment, the fraction of •OH scavenged by HCO 3 -was found out to be much less than by ATL (see Table S2, Supplementary Material). Thus, in Fig. 3.6, the decreased photodegradation rate of ATL after HCO 3 -addition maybe primarily due to the pH effect since with more HCO 3 -addition, the reaction solution became more basic, which resulted in lower degradation rate constant. This result was also consistent with the founding in 3.2.1.2.. However, it should be pointed out that, at high concentration (4 mM), the scavenging effect of HCO 3 -may also played a negative role in ATL photodegradation (31.2% •OH scavenged by HCO 3 -), which was presumably responsible for a slightly lower rate constant.

Effect of humic substance

Humic substance (HS) is the major part of natural dissolved organic matter (DOM) and may accounts for up to 90% of total TOC content. Environmental relevant concentration of DOM may range from 0.3 mg L -1 to 30 mg L -1 . 29,30 As a natural photosensitizer, HS could photo-induced organic pollutant degradation through direct electron energy transfer or through indirect oxidation with photo-generated reactive oxygen species. [31][32][33] Meanwhile, HS may also play a negative role in photodegradation as an inner filter (light attenuator), competing for absorbing the photon with organic contaminants as well as a scavenger for ROS. 14 In this view, the photodegradation of 10 M ATL was studied at 5 mgC L -1 different kinds of humic substance in 5 mM nitrate solution and the results are shown in Table 3.2. absence of HS, implying HS served as an inhibitor rather than a photosensitizer. This result can be explained by HS competing light with nitrate ions, leading less photons available for exciting nitrate, hence, less •OH formation. However, after corrected by screening factor, the calculated theory rate constant k 0 S was still much larger than k app , indicating that radical scavenging effect of HS was also likely to be involving in photodegradation process. 24 It should be emphasized that k 0 S value of NOFA and NOHA is the same, which was attributed to their similar absorbance spectrum in the wavelength range of nitrate maximum absorbance (See Fig. S4, Supplementary Material). In the case of SRFA, a much stronger absorbance in the same range can be observed, which was responsible for a slightly lower k 0 S value. The absorbance discrepancy of SRFA with NOFA and NOHA was most likely due to its different origin and molecular structure.

Identification of photoproducts and possible photodegradation pathways

HPLC chromatogram of ATL samples before irradiation and SPE concentrated after 24 h irradiation in the presence of nitrate is displayed in Fig. S5 (Supplementary Material). Four new peaks can be observed from the concentrated irradiation sample, which was probably corresponding to the new photoproducts. Among them, three were appeared quite early than their parent compound in the HPLC chromatogram, indicating that they are more polarized or lower molecular weight than ATL. 22 Because of the lack of standard chemicals for reference, structural identification of the photoproducts was based on the analysis of the total ion chromatogram (TIC) and the corresponding mass spectrum. The overall fragment ion of ATL photoproducts and corresponding proposed molecular structure were summarized in Table S3 (Supplementary Material).

As can be seen, the [M+H] + molecular ion with m/z 134 was identified as intermediate product (I) 3-(isopropylamino)propane-1, 2-diol, which was proved to be cleavage product of ether side chain. 21,23 The m/z 167 molecular ion was labeled as photo-intermediate product (II) hydroxylated p-hydroxylated phenylacetamide. Sirés et al. also identified m/z 167 in electrochemical degradation of ATL. 34 Furthermore, the m/z 254 molecular ion, which was also . 22 

Mineralization and toxicity

The photolysis of organic pollutants usually leads to the decomposition of structure and eventually to the mineralization of CO 2 and H 2 O. However, complete mineralization of aromatic organic pollutants is always difficult to achieve due to their structure stability. In addition, photo-induced toxicity is usually of great interest because in some case, the photogenerated products are much more toxic than their parent compound. 36 As clearly seen, after 240 min irradiation, approximately 72% transformation rate of ATL can be achieved while only about 10% of the TOC removal rate can be obtained, indicating that a majority of ATL transformed into intermediate products without complete mineralization.

However, it is noteworthy that a decreased toxicity to D. magna can be observed for both the 24 h and 48 h exposure during the photolysis process, indicating the intermediates appeared to be less ecotoxic to freshwater species. The decreased toxicity was suggested to be a result of structure fragmentation or increasing mineralization of the organic pollutants. 3 In addition, the decreased toxicity may be also evidenced by the fact that no nitration or nitrosation aromatic compounds had been detected in LC-MS, which is generally regarded as potentially toxic and/or mutagenic compound. 36 Similar result was also observed by Hapeshi et al. 19 in photocatalytic degradation on titania suspensions. Therefore, it can be confirmed that photolysis is an important pathway for ATL toxicity reduction in natural environment.

Conclusions

In ( As a new kind of micropollutants, pharmaceutical and personal care products (PPCPs) have received growing attention recently due to their potential risk to human beings and ecology systems. 1,2 After being used, most of the PPCPs are released into sewage wastewater treatment system as metabolites as well as unchanged parent molecular. However, the wastewater treatment plant usually failed to remove various groups and huge amounts of PPCPs due to their refractory behavior. 3,4 Consequently, a broad variety of PPCPs were detected in wastewater treatment plant effluents, surface waters, ground waters, even in drinking waters. [5][6][START_REF] Borchard | Pharmacological properties of beta-adrenoceptor blocking durgs[END_REF] Fig propoxyl] benzeacetamide (Fig. 4.1) has been used primarily for the treatment of cardiovascular diseases for more than thirty years. 8 Due to its extensive usage and limited human metabolism, ATL was widely detected in sewage effluents and surface waters, usually with a concentration ranging from ng L -1 -1

Reference

. 9,10 Previous researches have demonstrated that ordinary wastewater treatments such as activated sludge, granular activated carbon filtration and ozonation cannot remove ATL effectively. 4,11 Furthermore, many studies have provided evidence that ATL could inhibit the growth of human embryonic cells and was ecotoxic to freshwater species. 12 Also, chlorination of ATL after the process of wastewater disinfection had phytotoxic activity. 13 Therefore, it is essential to develop advanced treatment technologies for ensuring effective elimination of ATL in wastewaters before release into natural waters. Heterogeneous photocatalysis is an example of advanced oxidation process (AOPs) capable of achieving complete oxidation of organic and inorganic pollutants, including also pharmaceutical substances. 14,15 Among various photocatalysts, TiO 2 is widely used because it is non-toxic, inexpensive, and relatively biologically and chemically stable. When irradiating with photons of energy equal to or exceeding the band gap energy of TiO 2 (for anatase, 3.2 eV band gap), valence band holes (h vb + ) and reductive conduction band electrons (e cb -) are generated. The photogenerated holes can: (i) directly oxidize the adsorbed chemical substance; or (ii) produce adsorbed hydroxyl radical (HO•) via the surface-bound OH -and/or the adsorbed water molecules.

Thus, the degradation of drugs can be achieved either by oxidative species or by conduction band electron. 16,17 In practical applications of photocatalysis for organic pollutants treatment, the influence of the water matrix should be taken into consideration since different water constituents may influence the degradation kinetics, and even shift the initial catalytic mechanism. 18,19 In addition, photocatalytic activity is closely related with the properties of photocatalyst and is known to be substrate-specific. 20 However, data about the effect of natural water constituents and different type of photocatalyst on the degradation of ATL are still scarce and the related mechanism is poorly understood up to date. Therefore, the purpose of this study is: (i) to investigate the photocatalytic degradation of ATL and determine the predominant reactive species involved in the photocatalysis 

Determination of HO• as major reactive species

During photocatalysis process, hydroxyl radical (HO•) is usually regarded as the predominant species responsible for the decay of a wide range of organic pollutants due to its non-selective and strong oxidizing power. 21 Second-order reaction rate constants for this oxidant with numerous organic compounds approach diffusion-limited values (10 7 -1 0 10 M -1 s -1 ). 22 The importance of HO• for ATL degradation was probed by spiking methanol, a selective HO• scavenger (k HO•methanol = 9.7 × 10 8 M -1 s -1 ), into reaction solution (see Fig. 4.3). 23 Methanol was expected to compete mainly for HO• because of its low affinity to the TiO 2 surface. 23 It was observed that ATL photocatalytic degradation was completely suppressed after methanol was spiked into the reaction solution. This finding provides evidence that HO• was the predominant reactive species involved in the ATL photocatalytic degradation process, while other reactive species, such as h vb + , O 2 •-and H 2 O 2 appeared to be less important. No statistically significant difference was observed by increasing the methanol concentration from 10 mM to 50 mM, suggesting methanol was an effective quencher for HO• in this study. The quantum yield of hole (5.7 × 10 -2 ) during photocatalysis in aqueous solution was estimated to be much higher than HO• (7 × 10 -5 ). 24 However, direct hole oxidation through electron-transfer primarily occurs on TiO 2 surface where significant adsorption is essential as a prerequisite step. 20 Thus, the weak adsorption of ATL on TiO 2 may be one reason accounting for the limited importance of h vb + .

Conversely, HO• is a mobile photooxidant, which can diffuse into bulk solution and react with the majority of ATL. The importance of HO• was further supported by second order rate constant of ATL reacting with HO•, k HO•ATL , which was measured by competition kinetics (Eq. ( 1)) using benzoic acid as a reference compound (Fig. S2, Supplementary Material).
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Our calculation yielded k HO•ATL = (5.78 ± 0.03) × 10 9 M -1 s -1 which is comparable to the value (7.05 ± 0.27) × 10 9 M -1 s -1 measured previously by So -irradiation. 25 Such a high second order rate constant means that ATL can be readily oxidized by HO• approaching diffusion-controlled limits. Furthermore, our previous work confirmed that HO• mediated ATL degradation was the principal pathway for ATL elimination in the presence of nitrate under simulated solar irradiation. 26 Thus, it can be concluded that HO• is the primary reactive species for ATL degradation during the photocatalysis process. This conclusion is also confirmed by intermediates that were identified by LC-MS/MS (discussed later).

Effect of solution pH

Solution pH influences photocatalytic degradation efficiency significantly due to its ability of altering charge state of the photocatalyst as well as the organic compounds (anionic or cationic). 14 2
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Fig. S3 (Supplementary Material) shows the varying pH from 3.02 to 11.02 remarkably enhances the photocatalytic degradation of ATL. As the zero point charge (pH zpc ) of P25 TiO 2 is reported to be 6.25 and the pK a of ATL is 9.16, 14 electrostatic repulsion occurred between protonated ATL and TiOH 2 + at pH 3.02 (Eq. ( 2) and Eq. ( 4)), which hindered the photocatalysis. At pH 8.15, electrostatic attraction took placed between protonated ATL and TiO -(Eq. (3) and Eq. ( 4)), which may favor the photocatalytic degradation. The relatively faster degradation at pH 11.02 was likely associated with the pH-dependent effect of TiO 2 -induced HO• formation since the electrostatic attraction was less because ATL was under neutral molecular form. It is believed that basic solution condition or increasing the solution pH favored TiO 2 photocatalysis because of a more efficient formation of HO• from OH -than water. 27 However, it is also possible that the better degradation in alkaline pH was due to the fact that the structural orientation of the substrate is favored for the attack of the reactive species under this condition. 28 4.1.4. Effect of typical natural water constituents and river water matrix Bicarbonate is one of the most abundant anions present in natural waters with an environmentally relevant concentration ranging from 0.4 to 4 mM. [29][30][31] The HO• scavenging characteristics make it play a negative role in the degradation of organic compounds in many advanced oxidation processes. 18 We investigated the effect of HCO 3 -on photocatalytic degradation of ATL by adjusting solution pH at 8.5 (HCO 3 -is the predominant species at pH 8.5 as pK a1 = 6.37

and pK a2 = 10.25 ) is relatively less reactive than HO• and has been

shown to be reactive only with electron-rich chemicals such as sulfur-containing compounds and aniline. 30,31 The observed enhancement in ATL degradation can be explained by considering that HCO 3 -were present in TiO 2 suspensions at much higher concentration than ATL and these ions would interact more strongly with Ti(IV) than ATL. As a result, HCO 3 -ions might be able to scavenge adsorbed HO• more efficiently than ATL, reducing the fraction of HO• that recombine before reacting with substrates. Since CO 3

•-is less reactive and has fairly longer life-time, it could reach a much higher steady-state concentration on TiO 2 surface, which enable them diffusing into the bulk aqueous solution and reacting with ATL. Thus, the higher concentration of CO 3 •-could offset its lower reactivity and show a promoting effect. Similar HCO 3 -promoted photocatalysis efficiency was also reported by Hu et al. in degradation of sulfamethoxazole. 32 Humic substance (HS) is the major part of natural dissolved organic matter (DOM) and may accounts for up to 90% of total TOC content. 33 Therefore, the presence of HS in the targeted water for TiO 2 photocatalytic treatment is expected. The effect of HS on ATL photocatalysis was investigated by using commercial Aldrich humic acid and Fluka humic acid as HS analogues. The presence of the two humic acids (HA) showed detrimental impact on ATL photocatalysis (see Fig.

4.4(b) and (c)

). In addition, increasing the humic acid concentration drastically decreased degradation efficiency. These observations can be rationalized as follows: (i) blocking active sites on TiO 2 surface due to adsorption, (ii) attenuating the incident light as an inner filter and (iii) competing with target organic compound for reactive radicals as scavenger. [34][35][36] Interestingly, at the same concentration level, Fluka HA showed relatively more inhibitive effect than Aldrich HA, which is probably due to the fact that Fluka HA had a slightly higher adsorption on TiO 2 surface as well as a fairly stronger UV-Vis absorbance (Fig. S4 and Fig. S5. Supplementary Material). It is noteworthy that, the degradation efficiency of ATL in the presence of 60 mg L -1 Aldrich HA was slightly higher than that of 30 mg L -1 Aldrich HA, which can be attributed to the contribution of weak HA-photosensitized degradation (e.g., singlet oxygen, excited triplet state 3 HA * , etc).

However, at high concentration this photosensitized effect became negligible since attenuation effect will be predominant. 37 To obtain a further insight of water constituents effect on photocatalytic degradation of ATL, field river water taken from Rhône River (France) was employed in photocatalysis to compare with Milli-Q water (see Fig. 4.4(d)). ATL was found to be completely eliminated after 180 min photocatalysis in river water compared to 60 min in Milli-Q water matrix, indicating a detrimental effect of natural water component on ATL photocatalysis. This result can be explained by the following: (i) the competitive adsorption on active sites or the formation of salt layer on TiO 2 surface due to the inorganic ions presented in river water, blocking the accessibility of catalyst and substrate; 38,39 (ii) the presence of natural radical scavengers in river water (e.g., Cl -, CO 3 2-, HCO 3 and DOM) (see Table S1, Supplementary Material), quenching part of the reactive radicals. 18,19 Interestingly, no dark adsorption of ATL on TiO 2 surface was found in river water matrix (data not shown), which provided further evidence that active sites on TiO 2 surface were blocked by inorganic ions.

In addition, the occurrence of phototransformtion intermediates was also shown to be highly water matrix-dependent. Fig. S6 (Supplementary Material) shows the evolution of intermediates as a function of irradiation time in both Milli-Q water and river water matrix. In Milli-Q water, intermediates reached their maximum of concentrations around 15 min and then decreased progressively to disappearance after 60 min. However, in river water matrix, intermediates were found to reach maximum later and disappear much more slowly compared to the Milli-Q water matrix. Note that the evolution profiles were only qualitative because there were no authentic standards available of the photoproducts to ensure their quantitative analysis. In addition, some intermediates were undetectable during photocatalysis in river water matrix which were observed in Milli-Q water, indicating no formation of these compounds or that their yield amount was lower than the detection limit of our HPLC-DAD. We deduced that the natural water constituents (e.g., humic substance, bicarbonate ions) which are ubiquitous in river waters could reduced the HO• concentration yielded in illuminated suspensions by serving as radical scavengers and/or blocking the TiO 2 surface, which consequently led to the formation and degradation of intermediates at much slower rate.

Effect of different type of photocatalyst

The photocatalytic activity of TiO 2 depends on surface and structural semiconductor properties such as crystal composition, surface area, particle size distribution, porosity, band gap and surface hydroxyl density. 20,28 In the present study, we also investigated the photocatalytic activities of other three kinds of commercially available TiO 2 catalysts (namely Hombikat UV100, Millennium PC500 and Aldrich rutile) on the degradation kinetics of ATL by comparison with Degussa P25. The characteristics of these photocatalysts (i.e., crystallinity, BET surface area and particle size) are summarized in Table S2 (Supplementary Material). Our result corroborates with others that P25 is generally more reactive than other commercial photocatalysts. 20,28 The higher photocatalytic activity of P25 has been ascribed to its mixture crystallites with small rutile dispersed into an anatase matrix. Mixed-phase TiO 2 photocatalysts have been reported to have significantly higher activity than single-phase TiO 2 , which has been interpreted as due to electronic interactions between the anatase and rutile phases. 28 It should be noted that although the anatase photocatalysts possess the highest BET surface area, Hombikat UV100 and Millennium PC500 showed no pronounced adsorption of ATL. Indeed, Hombikat UV100 even showed a lower adsorption relative to P25. This observation is most likely due to the high hydrophilicity of ATL (K ow = 0.016). The weak adsorption further supports the fact that degradation reaction occurred primarily in bulk solution and was mediated by HO•. Since HO• can diffuse from TiO 2 surface to bulk solution, it could reduce the importance of adsorption. 20,40 Thus, the advantage of anatase photocatalyst with a higher surface area could be diminished. The higher activity of Aldrich rutile compared to the two anatase kind catalysts is not unexpected. Although anatase is widely regarded as more active than rutile because of the higher E CB of anatase by ~ 0.2 eV (i.e., higher driving force of electron transfer to O 2 ), this conclusion cannot be well justified. 20 It has been reported that the photocatalytic activities of anatase and rutile are greatly affected by the kind of substrates and rutile exhibits higher activity than anatase for some organic compounds such as phenol and 4-chlorophenol. 20 One plausible explanation is that rutile photocatalysts have better crystallinity, fewer defect sites, and consequently longer lifetime of electron-hole pairs. 20 Different photocatalysts also exhibited different activities for destructing ATL intermediates This finding is especially desirable since P25 could effectively destruct mother compound as well as intermediates. However, when other photocatalysts were used, degradation of intermediates processed very slowly (Fig. 4.6(b) -(d)). Indeed, accumulation of some intermediates during the same time period can be observed, indicating the lower efficiency for these photocatalysts to destroy ATL intermediates. Six intermediates were both found as different TiO 2 photocatalysts were used. However, two intermediates at retention time 4.4 min and 4.7 min, respectively, were not observed in anatase TiO 2 suspensions whereas found in P25 and Aldrich rutile suspensions.

As shown in

Moreover, two intermediates corresponding to retention time 2.4 min and 3.0 min, appeared to have much higher concentration in rutile suspension than in anatase suspension. Further research should be carried out for elucidating such discrepancy.

Identification of organic intermediates

Our HPLC chromatogram of the irradiated sample revealed some new peaks compared to non-irradiated sample, which was indicative of the formation of intermediates. In order to determine as much intermediates as possible, a mixture sample composed of aliquots withdrawn at different irradiation times from photocatalysis process was analyzed by HPLC-MS/MS as described before. At least nine peaks corresponding to intermediates were observed in the total ion chromatogram (TIC). Among them, eight products appeared quite early than mother compound, suggesting most of the intermediates were more hydrophilic than ATL. The overall fragment ions of ATL intermediates, retention time as well as proposed structure are summarized in Table S3 (Supplementary Material). Among these intermediates, m/z 134 and m/z 152 appeared to be the In order to correctly characterize these mono-hydroxylated compounds (positions of hydroxylation), isolation of each compound using preparative chromatograph followed by 1 H-NMR analysis is necessary. 42 Another simple and alternative method is theoretical calculations. 43 In the present study, the frontier electron densities (FEDs) of ATL were calculated to predict the reaction sites for HO• attack as summarized in Table 4 . 25 It is noteworthy that p-hydroxyphenylacetamide was also detected in UVA-UVB photolysis, 45 -radiolysis, 25 electrochemical degradation, 46 photoelectron-Fenton [START_REF] Hidaka | Photoassisted mineralization of aromatic and aliphatic N-heterocycles in aqueous titanium dioxide suspensions and the fate of the nitrogen heteroatoms[END_REF] as well as photocatalysis. 15,[START_REF] Pelizzetti | Different photocatalytic fate of amido nitrogen in formamide and urea[END_REF] (ii) Pathway II represents the electrophilic adduct reaction with HO• attacking on mother compound, resulting in the formation of mono-and di-hydroxylation products. Our

LC-MS/MS analysis and calculated frontier electron densities of ATL on basis of the

Frontier Orbital Theory confirmed that aromatic ring is the most likely site for HO• attack.

Thus, it is most likely that the mono-hydroxylated compounds are initiated by the addition of HO• to benzene ring, leading to the formation of a hydroxycyclohexadienyl radical. Subsequent O 2 addition to hydroxycyclohexadienyl radical and the elimination of HO 2 • eventually produce these mono-hydroxylated intermediates (m/z 283). 25 Surprisingly, only one di-hydroxylated ATL (m/z 299) was detected, which was most probably due to ring opening and/or side chain cleavage after mono-hydroxylation rather than further hydroxylation, generating low molecular weight intermediates or photoproducts such as aliphatic carboxylic acids.

(iii) Pathway III is initiated by the loss of CONH [START_REF]Rad degradation of persistent pharmaceuticals at pilot-scale: kinetics and characterization of major intermediate products[END_REF] The ketone structure of m/z 238 is also evidenced by the fact that strong absorbance at = 300 nm was observed in HPLC-DAD spectrum due to its chromophore characteristic. Further HO• electrophilic attack on m/z 238 resulted in hydroxylated benzaldehyde derivative (m/z 254). [START_REF] Rogana | Characterization of the ultraviolet absorpion spectra of p-substituted derivatives of benzamidine[END_REF] 

Identification of carboxylic acids

Further oxidation of intermediates and photoproducts during photocatalysis usually lead to ring opening, generating a series of carboxylic acids with lower molecular weight before complete mineralization. 17,42 In present study, the carboxylic acids formed during photocatalysis were identified by ion exchange chromatography by comparison with authentic standards (see Table 4.

2).

As depicted in Table 4.2, a total five carboxylic acids, i.e., oxalic, glyoxylic, malonic, oxamic and formic acid, were identified as photoproducts of ATL photocatalytic degradation. The formation of malonic acid is believed to arise from the transformation of malic acid, which is an important intermediate after benzene opening but was not detected in present study 17 . Further destruction of malonic acid led to the generation of lower molecular weight organic acid, such as glyoxylic acid 17 . As discussed above, acetamide group in ATL was subjected to CONH 2 • loss and O 2 oxidation, resulting in the formation of ketone moiety, thus, the oxamic acid should originate from the ether chain. It is most likely that further oxidation of 3-(isopropylamino)propane-1,2-diol under HO• attack produces oxamic acid. Oxidation of oxamic acid can produce glyoxylic and oxalic acid, 21 which were both confirmed by our HPLC-UV chromatogram. Oxalic acid can be mineralized to CO 2 either directly by photo-holes oxidation through photo-Kolbe mechanism or indirectly through the formation of formic acid. 17 A tentative mechanism for the formation of carboxylic acids is proposed in Fig. S7 (Supplementary Material). The photocatalytic degradation of organic pollutants usually leads to the decomposition of structure and eventually to the mineralization to CO 2 and H 2 O, which can be visualized by the decrease of TOC. To assess the extent of mineralization during photocatalytic degradation of ATL, TOC was measured as shown in Fig. 4.8. It was observed that TOC removal processed much more slowly compared to the degradation of ATL. This finding indicates the formation of more stable intermediates toward photo-oxidation. [START_REF]Rad degradation of persistent pharmaceuticals at pilot-scale: kinetics and characterization of major intermediate products[END_REF] However, approximately 70% TOC was removed after 360 min irradiation, implying complete mineralization could be obtained at a longer time of photocatalysis.

Conclusions

Photocatalysis was found to be efficient in eliminating ATL in aqueous solution.

Disappearance of ATL during photocatalysis using P25 TiO 2 as catalyst followed pseudo-first-order kinetics, as usually found in heterogeneous photocatalysis at low concentration.

HO• was determined to be the principal reactive species responsible for a rapid degradation of ATL in illuminated TiO 2 suspensions. Degussa P25 showed the highest photocatalytic activity for oxidizing ATL as well as intermediates compared to Aldrich rutile, Millennium PC500 and Hombikat UV100. TiO 2 -induced ATL photodegradation pathways in Milli-Q water included ether chain cleavage, hydroxylation and the formation of benzaldehyde derivative. Frontier electron densities (FEDs) calculation revealed that mono-hydroxylation was formed with HO• adduct mainly occurring on aromatic ring. Oxalic, glyoxylic, malonic, oxamic and formic acid, were detected during photocatalysis process. TOC decreased much more slowly compared with ATL degradation, but complete mineralization could be obtained with longer irradiation time.

The obtained results in this study not only clearly showed that the presence of constituents in natural waters, e.g., bicarbonate and humic substance, could have a huge impact on the photocatalytic degradation efficiency of the parent compound, but also the change in water composition could result in a variation of transformation products distribution as well as the formation and transformation rate of these organic intermediates (e.g., Milli-Q water vs. river water).

It of human beings after the absorbance of the skin and metabolic activity may also contributed to their occurrence in natural environment. 2,3 Recently, the US Environmental Protection Agency regards sunscreens as environmental emerging contaminants because they are measurable in many aquatic ecosystems. 4 Several studies have demonstrated that organic sunscreens possess estrogenic properties and can behavior as endocrine disrupting chemicals (EDCs) in the environment. [5][6][START_REF] Borchard | Pharmacological properties of beta-adrenoceptor blocking durgs[END_REF] Furthermore, phototransformation products of some kinds of sunscreens upon natural solar irradiation are shown to be even more toxic than their parent species, which can be a further danger to the biota in environment. [START_REF] Borchard | Pharmacological properties of beta-adrenoceptor blocking durgs[END_REF]8 Therefore, the long-term and extensive use of sunscreens may cause irreversible adversity on the ecology system.

The sunscreen agent 2-phenylbenzimidazole-5-sulfonic acid (PBSA) is widely used in sunscreen formulations and cosmetics because of its strong absorption in the UVB region (see Fig. 1). It has also been approved by the U.S. Food and Drug Administration as an effective sunscreen ingredient based on its ability to prevent erythema. 1 The environmentally relevant level of PBSA has been reported to be 109 to 2679 ng L -1 . 9 Recent studies have demonstrated that PBSA is capable of photo-generating reactive oxygen species (i.e., 1 . 12 However, up to date, transformation and fate of this sunscreen in the environment is still largely unknown.

Photochemical degradation is believed to be an important factor influencing the environmental fate of aquatic contaminants. As sunscreens are designed to absorb solar energy, many of them are expected to be susceptible to photodegradation in sunlit surface waters. 13 Photodegradation of sunscreens can be catalogued as direct photolysis when their absorption spectra overlap with the solar emitting spectrum and indirect photolysis by reaction with reactive oxygen species, e.g. singlet oxygen ( 1 O 2 ) and hydroxyl radical (HO•) from photosensitizers (i.e., nitrate, dissolved organic matter (DOM)). Direct photolysis is expected to be the dominant loss pathways for sunscreens degradation in natural surface waters. However, in extremely DOM-or nitrate-enriched waters where direct photolysis is retarded and large concentrations of reactive species (e.g., * DOM 3 , 1 O 2 and HO•) are formed, indirect photolysis could out-compete direct photolysis and be responsible for the major loss of sunscreens. Since the underlying mechanism of direct and indirect photolysis is disparate, it is possible that the related photodegradation products and pathways could also be different. However, little is known about the difference in PBSA possesses two pK a (i.e., pK a1 = 4.0 and pK a2 = 11.9) and thus the molecule is able to undergo two acid-base processes (Fig. 5.1(a)). Molecular form PBSA can only be expected to be dominant species in highly acidic aqueous solutions. Since the environmentally relevant pH normally ranges from 6 to 9, sulfonate monoanion form (PBSA-H) appears to be the primary species in most of the natural surface waters. PBSA and PBSA-H show similar UV-vis absorption spectrum and both of them exhibit a strong absorption band near 300 nm. In highly basic solution, this absorption is redshifted because of the dissociation of the imino group to form the dianion (PBSA-2H) (Fig. 5.1(b)). 11 PBSA have been shown to photochemically degrade in previous studies. 12,14 The redshift of PBSA-2H provides evidence that imidazole ring is the chromophore of PBSA that has a strong absorption near 300 nm and is responsible for the photochemistry of this compound.

LFP experiments to measure transient species of PBSA

The LFP experiments were carried out using a water solution of PBSA of 100μM. In Fig. 5.2, we report the time-dependence decay of the transient spectrum at different time scale after the laser pulse. A comparison of the decay rate of the two transients at 380 and 480 nm shows that the same specie is present at the two wavelengths. Moreover, LFP of argon saturated solution shows no differences with that in aerated medium. Supplementary experiments using acrylamide as triplet state quencher show a quite low dependence on the quencher concentration and a second order rate constant of (4.0 ± 2.8) 10 7 M 1 s 1 was estimated. However, when NaI was used as radical cation quencher, the second order rate constant of transient at 380 nm was determined to be (1.5 ± 0.1) 10 8 M 1 s 1 (inset in Fig. 5.2). Our LFP results showed that PBSA radical cation (PBSA •+ ) was produced during PBSA excitation at 266 nm. PBSA •+ was known to be generated through excited state of PBSA (PBSA * ) based on previous reports. 11,12 Moreover, the board absorbance of the transient at 750 nm was assigned to be solvated electron (e aq -), which is consistent with previous reports. 15,16 The e aq -was most probably formed by excited singlet state of PBSA ( 1 PBSA * ) via electron ejection process. 15,16 The presence of the transient signal at 380 nm (PBSA •+ ) and at 750 nm (e aq -) using high acrylamide concentration further confirmed that the formation of PBSA 

Direct photolysis of PBSA at various pH values

Dark control experiment revealed no decay of PBSA over a period of 30 d laboratory study (data not shown). Thus, hydrolytic or microbial degradation were not responsible for PBSA elimination in the present study. A pronounced degradation of PBSA was observed for the samples under irradiation, implying photochemical reaction appeared to be important for limiting the 5.1. It is evident that direct photolysis of PBSA is highly pH-dependent.

For example, the observed quantum yield in acidic or basic condition was much higher than that in n p,pH2.9 p,pH6.8 p,pH12.4 p,pH6.8 = 7.6). This finding was consistent with previous studies by Zhang et al. 2 PBSA has been known to undergo direct photolysis and O 2

•mediated self-sensitized degradation ((Eqs. ( 4) and ( 7)). 11,12 O 2 •-can be generated via the reaction of e aq -in the presence of oxygen ((Eq. ( 6)). It is known that at acidic pH, O (10) Therefore, the observed enhancement in PBSA photolysis at acidic pH may be attributed to an alternative degradation pathway caused by HO• mediated oxidation reaction. To support this conclusion, further experiment of PBSA photolysis at pH 2.9 in the presence of HO• scavenger (1% 2-propanol, v/v) was carried out. As expected, the enhancement in PBSA photolysis was suppressed upon addition of 2-propanol used as hydroxyl radical scavenger, suggesting the involvement of HO• in PBSA photolysis at acid pH (Fig. S1, Supplementary Data).

During self-sensitized photodegradation, PBSA •+ could be produced through 1 PBSA * after electron ejection (Eq. ( 5)). Zhang et al. have also proposed that PBSA •+ could be produced from autoionization, which was proved to be possible from PBSA * / PBSA-H * / PBSA-2H * based on DFT calculation. 12 The involvement of PBSA •+ during direct photolysis of PBSA was confirmed by our LFP results. PBSA •+ was believed to be the critical transient species initiating the further reactions. Johnson Inbaraj et al. used electron paramagnetic resonance (EPR) and the EPR-spin trapping technique to characterize the photochemical free-radical pathways of PBSA. 11 These authors observed signal of DMPO/•H adduct that is formed by reaction of 5,5-dimethyl-1-pyrroline N-oxide (DMPO) with e aq -followed by protonation in pH 12 solution rather than pH 7.4 solution, which they argued that PBSA-2H undergoes photoionization much more readily than monoionic form (PBSA-H) or neutral form PBSA. Therefore, we assume that the additional pathway for generating PBSA •+ at basic pH partly contributed to an increased degradation rate. On the other hand, a redshift of PBSA-2H can be observed in UV-vis spectrum (Fig. 1(b)), indicating a larger spectral overlap integral with emission spectrum of HPK lamp, which may also account for an enhancement in degradation rate at basic pH.

The involvement of 3 PBSA * in steady-state direct photolysis was also confirmed by addition of triplet quencher sorbic acid in reaction solution (Fig. 5.3(b)). In our previous report, the presence of sorbic acid decreased the photolysis of p-aminobenzoic acid (PABA), another kind of sunscreen agent, which is indicative of the energy transfer from 3 PABA * to sorbic acid. 18 A similar result was observed in the present study, in which the presence of sorbic acid was found to retard the direct photolysis of PBSA. This result indicates that 3 PBSA * was involved in direct photolysis of PBSA.

The 3 PBSA * should be formed through an intersystem crossing (ISC) process from 1 PBSA * .

However, 3 PBSA * was not found in our LFP study.

Both the elimination (Ar purged) and addition (O 2 purged) of dissolved oxygen in solution retarded the direct photolysis of PBSA (Fig. 5.3(b)), implying O 2 played a dual role in PBSA direct photolysis. O 2 could inhibit PBSA photodegradation by serving as 3 PBSA * quencher, which may suppress the direct photolysis. However, the presence of O 2 is essential for the formation of O 2

•-(Eq. ( 6)), which could facilitate self-sensitized degradation of PBSA. On the other hand, the elimination of oxygen increased the lifetime of 3 PBSA * , allowing a great fraction of 3 PBSA * to be transformed. 19 However, the lower formation of O be ubiquitous in natural aquatic environment with a concentration ranging from 10 -5 to 10 -3 M, which is highly related to the geographic location and human agriculture activity. 20 Previous studies have demonstrated that NO 3 -is the key source of HO• in natural waters. 21,22 Upon the solar irradiation, NO 3 -could mediated indirect degradation of pollutants by reaction with photogenerated reactive radicals (i.e., HO• and NO 2 • ) (Eqs. ( 11)-( 13)). 23,24 Therefore, considering the light screening effect, observed degradation rate constant of PBSA photolysis in the presence of NO 3 -, k obs , is the sum of the contributions from both direct photolysis and i ndirect phot olysis ( Eq. ( 14)).

ip Q - Milli ip dp obs k s k k k k (14)
where k dp is the direct photodegradation rate constant of PBSA in the presence of NO S . Based on Eq. ( 14), application of the light screening factor allow the calculation of relative contribution to k obs from the direct and indirect process for a given samples (Table 5.2). As seen, direct photolysis is the major loss pathway for PBSA transformation, and HO• mediated indirect photolysis out-compete direct photolysis only at higher concentration of NO 3 -(e.g., 2 mM). b S 290-340 represents the light screening factor applied to evaluate light attenuation effect of NO 3 -on PBSA direct photolysis in the wavelength range 290-340 nm.

c k dp represents the predicted rate constant of direct photolysis in the presence of NO 3 -, which was calculated by the rate constant in Milli-Q water multiplied by light screening factor S 290-340 .

d k ip represents the rate constant caused by the indirect photolysis in the presence of NO 3 -.

e DP represents the percentage contribution of direct photolysis to the overall photolysis degradation rate constant.

f IP represents the percentage contribution of indirect photolysis to the overall photolysis degradation rate constant.

of the high reactivity and nonselectivity, HO• reacts with most of the aquatic organic compounds with a second order rate constant of 10 7 to 10 10 M -1 s -1 . 25 In the present study, competition kinetics was used to determine the second order rate constant for reaction of PBSA with HO• as described in Materials and Methods section. The second order rate constant was measured to be 5.8 × 10 9 M -1 s -1 based on the slope value of the line which was obtained by plotting of ln([PBSA] t /[PBSA] 0 ) versus ln([BA] t /[BA] 0 ) (Fig. S2, Supplementary Data). It is apparent that the measured second order rate constant is high and approaches diffusion-controlled limit. However, reaction with HO• is not expected to be a significant decay process for PBSA in natural waters due to the extremely low steady-state concentration of HO• ([HO•] ss ). For example, at a typical, upper-range value of 10 -16 M for HO•, ca. 1.39% of the transformation can be attributed to hydroxyl radical based on the second-order rate constant determined for PBSA. Due to the fact that [HO•] ss in natural waters ranged from 10 -18 M for pristine waters to 10 -16 M for agriculturally impacted waters, 25 HO•-mediated indirect photolysis appears to play an insignificant role in the transformation of PBSA in natural sunlit surface waters compared to direct photolysis (see Table S1, Supplementary Data). Thus, the presence of photosensitizers producing HO• in natural waters does not appear to impact the photolytic degradation of PBSA and direct photolysis of PBSA is the dominant photochemical loss process in most of the natural surface waters.

Photolysis of PBSA in different water matrices

To obtain a further insight into how water constituents influence photodegradation, photolysis of PBSA were carried out in different water matrices. As shown in Fig. 5.5, no significant difference of PBSA photodegradation was observed in the presence of 0.2 M NaCl in comparison to that in Milli-Q water ( aquatic solutions containing Cl -(e.g., swimming-pool water) have been widely reported, 26 we observed neither enhancement in photodegradation rate nor chlorination by-products of PBSA in this work. Our observation also implies that photolysis of PBSA in marine waters is likely identical to that in fresh waters since Cl -played a negligible role in PBSA degradation. The presence of humic acid showed a detrimental effect on PBSA photolysis ( 5.5).

Dissolved organic matter (DOM) is another well-known photosensitizer widely presented in natural surface waters. 22,27 Humic acid is the major part of DOM which can accounts for up to 90% of the total carbon content. 28 DOM-mediated indirect photodegradation of organic pollutants through reactions with photogenerated reactive oxygen species (e.g., 1 O 2 and HO•) as well as excited triplet state 3 DOM * has been well documented. 18,27,29 1 O 2 is an electrophilic species and electron-rich compounds react at higher rate with 1 O 2 . Imidazole model compound has been shown to be reactive toward 1 O 2 with a bimolecular rate constant of approximately 10 8 M -1 s -1 . 30 However, PBSA was found to be unreactive to 1 O 2 as previously reported by Zhang et al. 12 Indeed, PBSA could generate 1 O 2 by itself upon irradiation with a yield amount of 0.05. 11 On the other hand, 3 DOM * -induced degradation of PBSA was also shown to be highly unlikely through either energy transfer or electron transfer photosensitization. 14 Furthermore, DOM competed for light absorption and O 2 with PBSA, and scavenged 3 PBSA * , which retarded the direct/self-sensitized photolysis of PBSA. 14 Therefore, DOM is expected to play a negative role in photodegradation of PBSA in natural sunlit surface waters and the indirect photolysis of PBSA in the presence of DOM is most likely induced by HO•. 14 Photolysis of PBSA in Rhône River water processed much slowly than that in Milli-Q water ( River water compared with that in the presence of 6.0 mg L -1 humic acid ( plays an insignificant role in PBSA degradation in natural environment as discussed above, the influence of natural HO• scavengers such as HCO 3 -, Cl -in river water matrix is expected to be minimal. Given that direct photolysis is of importance, we speculate that the presence of DOM in the river water was responsible for the decreased photodegradation of PBSA due to its light screening effect (see Table S2 for the composition of Rhône River water, Supplementary Data).

Photodegradation products and pathways

In order to further study the mechanism of PBSA photodegradation in different water matrices, we have attempted to identify products formed in the photo-mediated PBSA reactions using SPE-LC-MS technique. The product molecular weight was assigned on the basis of the pseudomolecular ions [M+H] + . The structural assignments of all detected intermediates were based on both analysis of the molecular ions peaks and their corresponding fragmentation pattern (Table S3 and S4 in Supplementary Data). On the basis of the elucidated photodegradation intermediates and products, pathways of PBSA direct and indirect photolysis (NO 3 -mediated)

were temporarily proposed as presented in Scheme 5.1. which has similar structure with PBI. 31 The aldehyde groups in m/z 201 can be converted to carboxylic groups by HO• oxidation followed by decarboxylation and HO• attack, resulting in the generation of m/z 177. It is proposed that imidazole ring of m/z 177 is cleaved under HO• attack due to the free electron-pairs in N atoms, 32 giving rise to benzamidine (m/z 121). Benzamidine is further oxidized by HO• to be benzamide (m/z 122). It is also possible that benzamidine arises from the initial reaction between PBSA and HO• with imidazole ring opening. It should be pointed out that NO 3 --induced phototransformation of organic compounds in some cases lead to nitration or nitrosation and therefore generate carcinogenic or mutagenic compounds. 33 However, no nitration or nitrosation products were observed in the present study on NO 3 --induced photodegradation of PBSA.

Conclusions

Overall, photochemical transformation via direct photolysis is expected to be an important Although it is clear that rapid phototransformation of PBSA will occur, further environment monitoring studies should focus on the photoproducts as the parent half-lives will be short. An investigation focus on the toxicity test of these photoproducts from photodegradation is in progress.
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Concentrations and specific loads of UV filters in sewage sludge originating from a monitoring Sunscreens are widely used in personal care products (PCPs) in recent years due to the public awareness of protection against ultraviolet (UV) irradiation and skin cancer. 1 Sunscreens enter the aquatic environment directly as consequence of recreational water activities (e.g., bathing and swimming) or indirectly via wastewater treatment plants (WWTPs) as result of the use of cosmetics, showering, washing, rubbing off and excretion after dermal application. 2,3 The extensive use of sunscreens already led to frequent detection in many aquatic ecosystems with a considerably high concentration. [2][3][4] Indeed, sunscreens are regarded as a new kind of environmental contaminants according to US Environmental Protection Agency. 5 Recent studies have provided evidence that organic sunscreens possess estrogenic properties and behavior as endocrine disrupting chemicals (EDCs) in the environment. [6][START_REF] Borchard | Pharmacological properties of beta-adrenoceptor blocking durgs[END_REF][8][9][10][11] Furthermore, photo-induced transformation products of some kinds of sunscreens under natural solar irradiation were found to be more toxic than their parent species, which could be a further danger to the biota in environment. 9 Therefore, the long-term and extensive use of sunscreens may cause irreversible adversity on the ecology system.

2-phenylbenzimidazole-5-sulfonic acid (PBSA), as one kind of sunscreens, is widely used in sunscreen formulations and cosmetics because of its strong absorption in the UVB region (see Fig. 1). It has also been approved by the U.S. Food and Drug Administration as an effective sunscreen ingredient based on its ability to prevent erythema. 1 Due to its high polarity and continued input into the environment through personal care applications and incomplete elimination during wastewater treatment, PBSA was frequently detected in natural surface waters with a concentration ranging from 109 to 2679 ng L -1 . 10 PBSA has been known to photochemically generate reactive oxygen species (i.e., 1 O 2 and O 2 • -) under UV irradiation and cause DNA damage.

For example, Johnson Inbaraj et al. reported that PBSA showed strong oxidizing properties when UV irradiated in neutral aqueous solution in the presence of cysteine, glutathione and azide. 12 Zhang et al. developed a computational method based on the density functional theory (DFT) to predict and evaluate the photodegradation behavior of PBSA and found that energy and electron transfer reactions of excited state PBSA (PBSA*) could photogenerate 1 O 2 and O 2 • -. 13 Therefore, it is essential to develop advanced treatment technologies for eliminating PBSA in aqueous solutions for the sake of reducing potential risk to ecological system. During the past years, various advanced oxidation processes (AOPs) have been reported for the decomposition of organic pollutants in aqueous matrices. Among them, heterogeneous semiconductor photocatalysis using TiO 2 as the photocatalyst has been found to be a promising treatment technology for eliminating organic pollutants, including sunscreens and other PCPs.

When irradiating with photons of energy equal to or exceeding the band gap energy of TiO 2 (for anatase, 3.2 eV band gap), valence band holes (h vb + ) and reductive conduction band electrons (e cb -) are generated. 14 The photogenerated holes can: (i) directly oxidize the adsorbed chemical substance; or (ii) produce adsorbed hydroxyl radical (HO•) via the surface-bound OH -and/or the adsorbed water molecules. As a highly reactive oxidant, HO• is capable of unselectively reacting with most recalcitrant organic contaminants at near-diffusion-controlled rates in water (10 8 -10 10 M -1 s -1 ). Therefore, TiO 2 is considered to be the most suitable semiconductor for widespread environmental photocatalytic applications because it is photoactive, non-toxic, inexpensive, and relatively biologically and chemically stable. 15,16 This study reports on the photocatalytic degradation of PBSA in aqueous suspensions of TiO 2 .

The main purpose of this study is to (i) study the influence of process condition and water matrix on photocatalytic degradation; (ii) clarify the dominant reactive species involved in photocatalysis process; (iii) characterize intermediates and photoproducts; (iv) elucidate the mechanism and transformation pathways leading to PBSA mineralization; (v) compare with structurally related compounds in photocatalytic degradation. To the authors' knowledge, this is the first study which includes a systematic exploration of kinetics, intermediates and degradation pathways of PBSA photocatalytic degradation.

Results and discussion

Preliminary experiments of PBSA photocatalytic degradation

Preliminary experiments of hydrolysis (without TiO 2 in dark), direct photolysis (without TiO 2 under irradiation) and adsorption (with TiO 2 in dark) were carried out to assess their contribution to photocatalytic degradation of PBSA by Degussa P25 TiO 2 as presented in Fig. 6.2A. As seen, no loss of PBSA was observed due to hydrolysis, suggesting PBSA was stable in Milli-Q water under dark condition. Dark controls also indicated that PBSA was stable in aqueous solution with pH ranging from 3 to 13 without light. Direct photolysis of PBSA in Milli-Q water contributed to a negligible degradation of PBSA (less than 5%), which can be attributed to an unappreciable overlap of PBSA UV-vis absorption spectrum ( 340 nm) and the emitting spectrum (340-800 nm) of the filtered HPK lamp used as irradiation source in our study (see Fig. 6.1). Adsorption of PBSA on TiO 2 was also found to be marginal probably due to the relatively high hydrophilicity of PBSA (solubility 0.26 g L -1 ). Therefore, hydrolysis, direct photolysis and adsorption contributed insignificantly to the decay of PBSA in comparison to photocatalysis. In order to choose the most suitable catalyst for PBSA photocatalytic degradation, experiments using different kinds of catalysts (i.e., Degussa P25, Aldrich rutile and Hombikat UV100) were carried out (Fig. 6.2B). As seen, photocatalytic degradation of PBSA proceeded much more rapidly in the presence of P25 relative to other photocatalysts. The photoreactivities of these catalysts followed the order Degussa P25 Aldrich rutile Hombikat UV100. The substantially higher activity of P25 is not unexpected since similar results were observed by other authors. 15,16 The low re-combination rate of photogenerated electrons and holes due to a mixture crystal structure of P25 compared to other pure crystal catalyst is believed to be responsible for a significantly higher photoactivity. 16 However, it should be noted that the photocatalytic activity of TiO 2 depends on various parameters in a complex way (e.g., crystallinity, surface, particle size, defect sites, surface charge). 17 Recent studies also have shown that the photocatalytic activity of TiO 2 is highly substrate-specific. 18 Concerning the preliminary experiment result, our subsequent runs were carried out using P25 as photocatalyst.

Determination of major reactive species

Preliminary experiment demonstrated that TiO 2 mediated photocatalysis was responsible for an appreciable degradation of PBSA. During photocatalysis process, photo-excited separation of valence band holes (h vb + ) and reductive conduction band electrons (e cb -) occurs when TiO 2 absorbs photons with energy larger than band gap. The highly oxidative h vb + can be transferred to the surface-adsorbed water or hydroxyl groups (i.e., titanol group) to form the surface-bound hydroxyl radical (HO• surf ) or free hydroxyl radical (HO• free ) after desorption from the surface. On the other hand, e cb -transfers to dissolved oxygen, leading to the production of superoxide radical anion (O 2 • -) and hydroperoxyl radical (HO 2 •) and its further reduction to hydrogen peroxide (H 2 O 2 ) [19][20][21] .

Among them, HO• (either adsorbed or free) are often assumed to be the major species responsible for the photocatalytic oxidation, based on the evidences including detection of hydroxylated intermediates, distribution of the hydroxylation products, and spin trapping with subsequent ESR detection. 20 On the other hand, direct hole oxidation through electron transfer is also feasible since the oxidation potentials of most organic compounds lie below that of h vb + . For example, carboxylic acids, lacking abstractable hydrogens or C-C unsaturation, are believed to be oxidized primarily by h vb + via a photo-Kolbe process. 22 In order to verify the photocatalysis mechanism and distinguish the contribution of these reactive species, radical scavengers are usually employed as diagnostic tools to investigate the importance of certain kind of radicals since these scavengers selectively react with radicals to form stable or persistent intermediates. [22][23][24][25] For example, alcohols such as isopropanol, methanol and tert-butanol, have been commonly used to estimate HO• mediated mechanism. 22,23 The direct oxidation of these alcohols by h vb + is believed to be negligible because they have a very low affinity to TiO 2 surface in aqueous solution. 23 Iodide ion is an excellent scavenger which reacts with h vb + and adsorbed HO• because h vb + can be easily captured by I -(an electron donor) and oxidation of I -by surficial HO• is also possible. 24,25 In this study, tert-butanol, as a scavenger of HO• (5.0 × 10 8 M -1 s -1 ), 19 and potassium iodide (KI), as a scavenger of both h vb + and HO• (1.2 × 10 10 M -1 s -1 ) 24 were used and the results are shown in Fig. 3. It was observed that PBSA photocatalysis reactions with or without radical scavengers all followed pseudo-first-order kinetics. The obtained pseudo-first-order rate constants as well as corresponding linear correlation coefficient are presented in Table S2 (Supplementary Data). In Fig. 6.3, the control run (no scavenger) exhibited a degradation rate constant of 0.0486 min -1 , resulting from combined effects of all the possible radicals. However, the degradation rate constant decreased more than 92% and 97% in the presence of 0.4 mM and 4 mM KI, respectively.

This suggests that both HO• and h vb + together were responsible for the major degradation of PBSA, while other radicals such as O 2 • -, HO 2 • and H 2 O 2 contributed insignificantly to PBSA degradation.

To determine the relative contribution between HO• and h vb + , further runs using tert-butanol as HO• scavenger were carried out. In Fig. 3, the addition of 10 mM and 100 mM tert-butanol resulted in a degradation rate constant of 0.0274 min -1 and 0.0112 min -1 , respectively, which decreased 43% and 77% compared with control run. Hence, HO• was likely to be the most important radical during PBSA photocatalytic degradation. It is believed that reaction with holes is more important for hydrophobic compounds that are repelled from the aqueous solution and are thus more likely to undergo adsorption on the photocatalyst surface. 18 Therefore, the relatively higher hydrophilicity of PBSA and lower adsorption may be one reason accounting for the less importance of h vb + . Since HO• is highly electrophilic, we speculat of benzimidazole and phenyl moiety of PBSA molecular favor HO• attack, which in turn enable HO• playing a more important role than other radicals. This hypothesis is further verified by the intermediates that were identified by LC-MS.

Second-order rate constant of PBSA-HO• reaction was determined by competition kinetic method as described in Experimental section according to the following equation. Where BA is the reference compound, benzoic acid, with a known rate constant of reaction with HO• (k HO BA = 5.9 × 10 9 M -1 s -1 ). 25 From Eq. 1, the second-order rate constant of PBSA-HO• reaction was calculated to be 5.8 × 10 substrate concentration and solution pH) were performed for the purpose of a systematic study and the obtained overall results are summarized in Table 6.1. Our results reveal that photocatalytic degradation of PBSA under different operation conditions all followed pseudo-first-order kinetics. e r 0 is the initial reaction rate which was calculated from the slope value of PBSA degradation curve over the first 5 min of reaction. r 0 was calculated instead of k p for investigating the effect of catalyst loading and initial organic substrate on photodegradation efficiency.

f R 2 is the linear correlation coefficient.

For the TiO 2 loading, the initial reaction rate r 0 , which was calculated over the course of first 5 min of irradiation, increased with increasing catalyst loading up to a certain value, while further increasing the catalyst loading significantly reduced r 0 (Table 6.1). It is proposed that with TiO 2 dosage increasing, more photons are expected to be absorbed by TiO 2 , which consequently lead to higher amount of reactive species. 26 The enhanced concentrations of reactive species are generally responsible for a much faster degradation. However, when TiO 2 loading was higher than 2.0 g L -1 , a decreased r 0 was observed which can be explained by screening effect of excess particles, masking part of the photosensitive surface, as well as scattering or reflecting the amount of photons needed for exciting the catalyst. 27,28 In addition, a higher TiO 2 loading usually leads to aggregation of the photocatalyst particles that decreases the contact surface area between reactant and photocatalyst, consequently, reduces the number of active sites and lowers the rate of photodegradation. 29 Previous studies have reported the dependency of the TiO 2 photocatalytic reaction rate on the concentration of the organic substrate. 16,27,28 when the substrate concentration is high enough, which negatively contribute to a decreased initial reaction rate. 30 Considering the elevated initial concentration of PBSA, a larger yield amount of intermediates can also be expected, which are capable of poisoning the TiO 2 active sites and/or competing for photons with the catalyst, leading to a decreased transformation rate of mother compound. 30 The effect of solution pH on photocatalytic degradation is a complex issue related to the ionization states of organic compounds and the surface charge of catalyst as well as the formation rate of HO• and other active radicals in the reaction solution. 26,27 The solution pH also alters the TiO 2 energy levels according to the Nernstian behavior (-59 mV/pH) due to the pH-dependent surface charge. 21 Since the point of zero charge (pH pzc ) of Degussa P25 is widely reported to be 6.25 and PBSA has two pK a (i.e., pK a1 = 4.0 and pK a2 = 11.9) due to the presence of sulfonic and imidazole moiety in PBSA molecular, 12 the predominant existing speciation of TiO 2 and PBSA in different pH solutions are according to the following equations. 

As shown in Table 6.1, photocatalytic degradation of PBSA is highly pH-dependent. At pH 2.5, the relatively low photodegradation rate constant was most likely due to the lack of electrostatic attraction between TiOH 2 + and PBSA. Accordingly, the comparatively high rate constant at pH 4.5 can be attributed to the electrostatic attraction between TiOH 2 + and PBSA-H, which facilitates the adsorption of PBSA on TiO 2 surface. However, the high rate constant at pH 8.5 was unexpected since electrostatic repulsion was expected to take place between TiO -and PBSA-H. Therefore, the pH-dependent effect of HO• formation rate was likely responsible for such phenomenon because previous literatures have demonstrated that alkaline condition could promote photogeneration of hydroxyl radicals. 15,31,32 Nevertheless, at extremely high pH (pH = 13.0), the electrostatic repulsion between TiO -and PBSA-2H would become much stronger, which out-competed the positive effect of HO• formation, consequently decreased the degradation rate constant.

Water matrix plays an important role in photocatalytic degradation of organic compounds because some constituents which are ubiquitous in natural waters (e.g., bicarbonate ions, dissolved organic matter (DOM)) may serve as HO• scavengers. 33,34 From this viewpoint, bicarbonate (

) and humic acid (HA) were chosen to investigate their effect on the photocatalysis degradation of PBSA since they are not only well-known HO• scavengers but also widely present in natural waters. E It is evident that the presence of HCO 3 -or HA suppressed the photocatalytic degradation of PBSA (Table 6.1 and Fig. 6.4). For example, PBSA transformation ratio was found to be only 24% and 12.2% after 45 min irradiation in the presence of 100 mM HCO 3 -or 60 mg L -1 HA, respectively, compared to 92.4% and 85.5% in absence of HCO 3 -(pH = 8.5) or HA (pH = 5.5), respectively. The inhibition can be ascribed to the competition for HO• by HCO 3 -and HA. It is assumed that if the PBSA coexist with HCO 3 -or HA in reaction solution, the HO• will be partitioned according to the following equations. Therefore, a fraction of HO• will be quenched by HCO 3 -or HA. If we assume that HO• yield amount remained constant during photocatalysis, the increase in the concentration of HCO 3 -or HA would lower the amount of HO•, leading less HO• available for reacting with PBSA. For HA at higher concentration, competitive adsorption on TiO 2 active sites and light attenuating may also occur simultaneously (see Fig. S2, the adsorption mass (mg/g TiO 2 ) of HA on TiO 2 versus time and Fig. S3, the UV-vis absorption spectra of HA at different concentration, Supplementary Data). 37 These factors may take together to retard PBSA photocatalytic degradation. Nevertheless, at lower concentration (e.g., 1 mM HCO 3 -or 6 mg L -1 HA), the presence of HCO 3 -or HA showed slight inhibition on PBSA photocatalysis. Since the environmentally relevant concentration of HCO 3 -and HA are reported to be 0.4-4 mM and 0.3-30 mg L -1 , respectively, 35,38 ) (Eq. 6), and CO 3 •-may react with PBSA due to its electron rich nature. However, no enhancement in photocatalytic degradation of PBSA was observed in this study as the HCO 3 -concentration increased. Given that CO 3 •-is generally less reactive than HO• (second-order rate constant for reaction of CO 3 •-with organic compound is normally 2 -3 magnitude order lower than that of HO•), 35,36 it is possible that CO 3

•--mediated PBSA oxidation was negligible in the present study. S3, Supplementary Data). Major intermediates included hydroxylation products (mono-, diand tri-hydroxylated PBSA), imidazole ring cleavage products (e.g., benzamide), and hydroxylated 2-pheny-1H-benzimidazole as well as phenylimidazolecarboxylic derivatives.

In order to correctly characterize mono-hydroxylated compounds (positions of hydroxylation), the frontier electron densities (FEDs) of PBSA (as PBSA-H form) were calculated to predict the reaction sites for HO• attacking, and the obtained results are summarized in Table 6.2. In the Frontier Orbital Theory, the preferential HO• addition probably take place on the atom with the highest FED 2 HOMO + FED 2 LUMO value, 39 which has been proved to be reasonable by the published work. 40 As shown in Table 6.2, 9C, 11C, 7C and 8C sites in phenyl ring and 2C in benzimidazole have the highest FED 2 HOMO + FED 2 LUMO value, implying both the two benzenes are likely to be attacked by HO•, resulting in the formation of mono-hydroxylation products. However, it should be noted that the possibility for HO• addition to phenyl moiety is much higher than addition to benzyl moiety which is adjacent to imidazole. Although the 12C has a much higher FED 2 HOMO + FED 2 LUMO value, we speculate that the HO• unlikely attack on this site due to steric hindering effect. The disappearance of the intermediates is also a reflection of further oxidation to low molecular weight organic compounds (e.g., carboxylic acids) or mineralization to inorganic ions. 

.2. Evolution of carboxylic acids

It is well-known that further oxidation of intermediates during photocatalysis usually leads to ring opening, generating a series of carboxylic acids with lower molecular weight before complete mineralization. 14,28,32 In this work, four major acids (i.e., oxalic, malonic, acetic and maleic acid)

were identified by ion exchange chromatography by comparison with standards. Fig. 6.5B shows the evolution of these carboxylic acids as a function of irradiation time.

As seen, oxalic acid appeared as early as 30 min, and then gradually accumulated up to 57.8

either by the benzene ring opening or by dimerization of HCO 2 radicals as reported by previous studies. 28 Oxalic could be oxidized to two molecular of CO 2 by photo-holes through photo-Kolbe mechanism. 14 Since maleic acid has been known to be important intermediate after ring opening, 14 its detection in the present study was not unexpected. Malonic acid appeared at 60 min, reached a at 150 min, and then gradually disappeared. Acetic acid was not observed until 90 min later and reached notable decrease. Note that the concentration of acetic was the highest among the four carboxylic acids. Therefore, acetic acid was presumably resulted from the transformation of other carboxylic acids such as malonic and maleic acid. 14 Based on the above analysis, a description of the formation and transformation of carboxylic acids is presented in solid line box in Fig. 6.6.

Evolution of inorganic ions

Complete mineralization is the ultimate step in photocatalytic degradation of organic compounds. Thus, it is essential to investigate not only the disappearance of the initial pollutant but also its mineralization to CO 2 and inorganic ions. The evolution of inorganic ions during PBSA photocatalysis process is depicted in Fig. (8) The reason for 77.3% S transformation ratio can be rationalized by the following: (i) complete mineralization of S containing organic intermediates was not obtained after 240 irradiation, (ii) S atom was initially released as HS -or SO 3 2-rather than directly oxidation to SO 4 2-

, [START_REF]Rad degradation of persistent pharmaceuticals at pilot-scale: kinetics and characterization of major intermediate products[END_REF] (iii) SO 4 2was probably strongly adsorbed on TiO 2 active sites which led the detection amount below the stoichiometric value. 44 6.1.4.4. Mineralization

The photocatalytic degradation of organic pollutants usually leads to the decomposition of structure and eventually the mineralization to CO 2 and H 2 O, which can be visualized by the decrease of TOC. 45 Fig. 6.5D shows the variation of TOC during photocatalytic degradation of PBSA. It was observed that TOC reduction processed much more slowly compared to the degradation of PBSA. This finding indicates the formation of more stable intermediates toward photo-oxidation. 31 However, approximately 80% TOC was removed after 720 min irradiation.

Therefore, we can expect to have a mineralization at a very long irradiation time. (I) The successive addition of HO• to mother compound leads to the formation of mono-, di-, and tri-hydroxylated PBSA. A total five mono-hydroxylation, three di-hydroxylation and one tri-hydroxylation products were detected according to LC-MS spectrum. Since HO• is known to be electrophilic, the rich electron density of benzimidazole and phenyl ring may facilitate its addition. The calculated frontier electron densities revealed that both the two benzene moiety in PBSA molecular appeared to be susceptible to the electrophilic attack of the HO•, resulting in the formation of mono-hydroxylation. It is well accepted that hydroxylation is usually the first step, but also the most important step during photocatalysis. Hydroxylated organic compounds further undergo structure decomposition, such as ring opening and chain cleavage, which eventually lead to complete mineralization. 46 (II) The two N atoms in imidazole group have been reported to be the sites most likely attacked by HO• due to their much higher electron [START_REF] Hidaka | Photoassisted mineralization of aromatic and aliphatic N-heterocycles in aqueous titanium dioxide suspensions and the fate of the nitrogen heteroatoms[END_REF] The substrate molecular will break at these points, forming some precursor intermediates toward formation of NH 4 + such as an amide. [START_REF] Pelizzetti | Different photocatalytic fate of amido nitrogen in formamide and urea[END_REF] In this work, the corresponding C-N bonds cleavage leads to the formation of benzamidine (BZMD) after imidazole ring opening. Further attack of HO• could either oxidize BZMD to benzamide or form hydroxylated benzamidine (OH-BZMD). Note that two isomers of OH-BZMD were detected according to LC-MS analysis, possibly resulted from para-and ortho-addition because of the electron donating effect of amidine moiety. Para-hydroxyl benzamidine has been known to absorb appreciably at 300 nm, [START_REF] Rogana | Characterization of the ultraviolet absorpion spectra of p-substituted derivatives of benzamidine[END_REF] which was confirmed in our HPLC-DAD chromatogram. It is also possible that OH-BZMD arose from the C-N bonds rupture of mono-hydroxylated PBSA. BZMD has been observed previously in PBSA photolysis as an important intermediate. 13 However, it was not detected in this work, probably due to a rapid transformation under HO• attack. During TiO 2 photocatalysis process, benzamide could further transform to 4-hydroxyl benzamide and hydroquinone followed by ring opening. 50 (III) Pathway III is initiated by the detachment of sulfonic moiety in benzimidazole group, which consequently converts to sulfate. The detection of sulfate ions by ion chromatography (IC) verified the feasibility of such process. The de-sulfonic product b Photocatalytic degradation pathways of thiabendazole was compared to PBSA according to reference [55].

c NA = not available. No kinetic data of thiabendazole photocatalysis was available in reference [55].

A noticeable peak corresponding to the photoproduct was found in the HPLC-DAD chromatogram of the irradiated PBI sample. Although further LC-MS analysis is necessary for the accurate identification of this photoproduct, its nearly identical UV-vis spectrum relative to the mother compound as well as the early retention time implied that this photoproduct was most likely to be the hydroxylated product. This result was consistent with the pathway III proposed in Fig. 6.6. A similar peak was also observed in the case of BI. The evolution of the photoproducts of PBI and BI during photocatalysis process was also depicted in Fig. S5 (Supplementary Data).

Note that the evolution profiles were only qualitative because there were no standards available of the photoproducts to ensure their quantitative analysis.

On the other hand, thiabendazole, a widely used fungicide, has a thiazole ring adjacent to benzimidazole ring instead of a phenyl ring in PBI. A previous study on identification of thiabendazole phototransformation products on TiO 2 by Calza et al. showed that there are two different parallel pathways: (i) the hydroxylation of the molecular on the aromatic ring, a further oxidation leads to ring opening and to the formation of aldehydic and alcoholic structure; (ii) the cleavage of a C-C bond and the formation of benzimidazole. 51 It is apparent that pathway (i) was identical to the pathway III as we proposed in photocatalytic degradation of PBSA in this work (Fig. 6.6). However, the cleavage of the bond between benzimidazole and phenyl ring was not observed in the present study, which differed from thiabendazole in photocatalytic degradation.

This finding can be -dazole and phenyl ring, resulting in the bond being stable. Similar result has been observed previously by a study on photolysis of various 2-substitued benzimidazoles. 52 It has been proposed that 2-phenyl group stabilizes the benzimidazole ring system to photolysis as does the 2-thiazolyl group; however, the latter suffers thiazole ring cleavage. 52 This finding also supported the above result that BI was substantially more susceptible to photocatalytic degradation compared to PBSA and PBI.

Conclusions

The aqueous photocatalytic degradation of sunscreen agent 2-phenylbenzimidazole-5-sulfonic acid (PBSA) has been studied in illuminated TiO 2 suspensions. TiO 2 -induced photocatalysis resulted in a pronounced degradation of PBSA. Photocatalytic reactions followed pseudo-first-order kinetics. Radical scavenger experiments indicated that HO• was the predominant radical responsible for an appreciable degradation of PBSA. Secondary order rate constant of PBSA-HO• reaction was determined to be 5.8 × 10 9 M -1 s -1 by competition kinetics method, suggesting HO•-mediated PBSA oxidation is near the diffusion-controlled limit.

Organic intermediates were identified by LC-MS analysis, and the major photoproducts included hydroxylated products, imidazole ring cleavage compounds and phenylimidazolecarboxylic derivatives. Frontier electron densities (FEDs) calculation predicted that both the two benzenes in PBSA are likely to be attacked by HO•, resulting in the formation of mono-hydroxylation products.

Four carboxylic acids, oxalic, malonic, acetic and maleic acids were detected during PBSA photocatalysis. Sulfonic moietiy of PBSA was primarily released as sulfate ion while nitrogen atoms were converted predominantly to ammonium and a less extent to nitrate. Approximately 80% TOC was removed after 720 min irradiation, implying mineralization can be expected to obtain after a very long irradiation time. A comparative study on photocatalytic degradation of PBSA and structurally related compounds revealed that the 5-sulfonic moiety had negligible effect on the photocatalysis while 2-phenyl substituent stabilized the benzimidazole ring system to photocatalytic degradation.

Although results from the present study suggest that TiO 2 photocatalysis is a promising treatment technology for sunscreen agent PBSA, a thorough evaluation of the toxicity of intermediates is essential in order to optimize photocatalytic treatment and evaluate the potential risks to the ecology system before the technology is applied for water purification. a UV-vis absorption spectra of the photoproducts was recorded according to the HPLC-DAD spectrum.

b Intermediates molecular weight and structure was tentatively elucidated on the basis of the pseudomolecular ions

[M+H] + and corresponding mass spectrum.

c Five isomers of mono-hydroxylation were detected.

d Three isomers of di-hydroxylation were detected.

Chapter 7 General conclusions and prospects

In this thesis, the photochemical and photocatalytic degradation of atenolol(ATL) and 2-phenylbenzimidazole-5-sulfonic acid (PBSA) have been investigated in aqueous solutions.

Our results show that direct photolysis of ATL is weak because ATL has an unappreciable absorbance over the wavelength of 290 nm, thus the indirect photolysis, e.g., induced by photosensitizers such as nitrate, may contributed to its major loss process in natural sunlit waters.

In the case of PBSA, direct photolysis is found to be important while the indirect photolysis may ). TOC decreases much more slowly as compared to the disappearance of the mother compounds, however, complete mineralization could be obtained with longer irradiation time.

The present study showed that photocatalysis by using TiO 2 as catalyst is a promising treatment technology for elimination of PPCPs in waters. However, using this technology should be with caution in real water matrix such as wastewater treatment plants effluents (WWTPs) since the water constituents (HCO 3 -, DOM) may scavenge HO•, reducing the transformation efficiency.

A thorough evaluation of the toxicity of the intermediates is also essential in order to optimized photocatalytic treatment and evaluate the potential risks to the ecology before the technology is applied for water purification. De même, l'identification par SPE-LC-MS des produits de dégradation de l'ATL en présence des ions nitrates confirme encore le rôle des radicaux OH° dans la dégradation (cf le mécanisme de dégradation de l'ATL proposé dans la figure 3). (eau Milli-Q) en présence de 2,0 g L -1 de TiO 2 (Degussa P25), cinétique bien plus rapide que celle correspondant à la photodégradation par voie directe (cf Figure 5).

Les résultats montrent également que la dégradation suit une cinétique de pseudo-premier ordre. Enfin, même si les ions hydrogénocarbonates augmentent les cinétiques de dégradation de l'ATL, c'est une diminution de l'efficacité photocatalytique qui est observée quand on utilise de l'eau de rivière (eau du Rhône) au lieu de l'eau de qualité milli-Q (Figure 7 d). par ailleurs permis de localiser les sites de réaction des radicaux hydroxyles sur la molécule, OH° réagissant sur l'atome ayant la plus forte valeur de FED 

  transformation products were elucidated by high performance liquid chromatograph-mass spectrometry (HPLC-MS/MS) technique. ATL photodegradation pathways included generation of 3-(isopropylamino)propane-1,2-diol and p-hydroxyphenylacetamide through ether chain cleavage, hydroxylation and the formation of 4-[2-hydroxy-3-(isopropylamino)propoxy] benzaldehyde.

1. 3 .

 3 Sources, pathways and fate of PPCPs in the aquatic environment 1.3.1. The sources for PPCPs releasing into the aquatic environment

Fig. 1 . 1 .

 11 Fig. 1.1. Shows the direct photolytic degradation pathway of ketoprofen.

Fig. 1 . 1 .

 11 Fig. 1.1. Direct photolytic pathway of ketoprofen and fluoxetine.[START_REF] Lin | Photodegradation of common environmental pharmaceuticals and estrogens in river water[END_REF][START_REF] Lam | Aqueous photochemical reaction kinetics and transformation of fluoxetine[END_REF] 

  photochemical reactor equipped with a 125 W high pressure mercury lamp (HPK, Heraeus) housed in a borosilicate immersion well ( > 290 nm). The HPK lamp was turned on preliminarily pipetted into a Pyrex reactor (i.d. = 5 cm, H = 15 cm, V = 150 mL), and the reactor was placed in the photoreactor for irradiation. The light intensity (300-400 nm) in the center of the reaction solutions was measured at approximately 3.3 mW cm -2 by actinometer, comparable to the midday sunlight in June, Lyon (France; 45 o N latitude). A radiometer (VLX-3W) was used to ensure that no significant changes in irradiance occurred during photolysis. The temperature was maintained at 20 ± 1 °C by cooling water circulation. Dark controls wrapped in aluminum foil were also carried out under identical condition. The effect of solution pH on direct photolysis was examined in buffered solutions with different pH values (10 mM phosphate buffer or 10 mM borate buffer). The deoxygenated and aerated conditions were achieved by purging Ar and O 2 into the solution for investigating the influence of dissolved oxygen on direct photolysis. The HO• radical scavenger, 2-propanol, was used to verify the involvement of HO• in PBSA photolysis at acidic pH. The triplet quencher,

2 . 4 . Analytical procedures 2 . 4 . 1 .

 24241 photolysis caused by UV irradiation was avoided by using a 340 nm cut-off filter (0-52 Corning).The radiant flux entering the reactor was measured directly by a VLX-3W radiometer with a CX-365 detector (UV-A) and was found to be approximately 3.32 mW cm -2 . A volume of 25 mL aqueous solution containing ATL or PBSA and TiO 2 powder with required concentration was introduced in the reactor. Before irradiation, the suspension was magnetically stirred in the dark for 30 min to reach adsorption-desorption equilibrium. During irradiation, aliquots of samples

  eluent A and methanol as eluent B. Elution was performed at a flow fate of 0.2 mL min -1 with interface (ESI) was used for the MS and MS-MS measurement in positive ionization mode and full scan acquisition between m/z 100-350. The spray voltage was 4.5 kV and an ion-transfer capillary temperature was 200 . Nitrogen was used as sheath and auxiliary gas at a flow rate of 35 arbitrary unit and argon was used as a collision gas at 0.25 MPa.Identification of PBSA photoproducts were carried out using the SPE-LC-MS method. A mixture solution composed of samples withdrawn at different irradiation time was concentrated by solid phase extraction (SPE) workstation using Waters Oasis HLB-C18 cartridges (WAT106202, 6 cc/200 mg). The cartridges were sequentially conditioned with 5 mL methanol and 5 mL Milli-Q water, loaded with 100 mL samples, washed with 5 mL Milli-Q water and dried with purified N 2 for 30 min. The final extracted photoproducts were obtained by eluting with 2 × 2 mL methanol and analyzed by LC-MS.

Fig. 3 . 2 .

 32 Fig. 3.2. Direct photolysis of atenolol under differe 3.1.1.3. Intermediates and degradation pathways of ATL direct photolysis under xenon lamp irradiation.

Fig. 3 . 4 .

 34 Fig. 3.4. Possible photodegradation pathways of atenolol by xenon lamp irradiation.Pathway I is the hydroxylation of ATL, resulting in the formation of hydroxylated ATL (m/z -donating effect of ether chain, hydroxylation was supposed to be easy on benzyl ring.21 Pathway II follows O-dealkylation mechanism, leading to the generation of 3-(isopropylamino) propane-1,2-diol (m/z 134) and p-hydroxyphenylacetamide (m/z 152). It has been proposed that the lone electron-pairs in ether O could easily delo bond between ether O and alkyl-chain C, which was capable of cleavage after absorbing photonic energy. Similar result has been observed by Lam et al. in a study on photodegradation of fluoxetine.14 .22 

Fig. 3 . 5 .

 35 Photolysis time (min)

Fig. 3 . 6 .

 36 Fig. 3.6. Effect of bicarbonate concentration on the nitrate-induced photodegradation of atenolol under M [NO 3-]=5 mM).

  during photocatalysis experiment, was recorded as (III) hydroxylated 4-[2-hydroxy-3-(isopropylamino)propoxy] benzaldhyde. Finally, an additional 16 Da was observed for the molecular ion m/z 283 compared with the m/z 267 of protonated ATL, thus it is likely that m/z 283 represented for the hydroxylated ATL (IV).Based on the structure elucidation of photoproducts, possible photodegradation pathways of ATL in nitrate aqueous solution upon simulated solar irradiation was proposed (Fig.3.7). As seen, three major pathways were involving in the photodegradation of ATL, both of them linked with •OH attack. Pathway I was the formation of hydroxylated ATL (IV) caused by electrophilic •OH attacking on the aromatic ring. Song et al.21 system and the electronic donate effect of ether side chain favored hydroxylation. Pathway II obeyed the ipso substitution mechanism,35 namely, •OH first attack on the ipso carbon, generating hydroxycyclohexadienyl radicals or resonance-stabilized carbon-centered radicals. Sequent reaction of O-dealkylation led cleavage of the ether side chain, resulting in the formation of 3-(isopropylamino)propane-1, 2-diol (I) and p-hydroxyphenylacetamide. Further •OH electrophilic attack on p-hydroxyphenylacetamide formed the hydroxylated p-hydroxyphenylacetamide (II). Pathway III starting with the detachment of amide moiety from acetamide side chain under the attack of •OH, further oxidation of the alkyl moiety by dissolved oxygen formed benzaldehyde derivative, which was eventually adducted by •OH to formed hydroxylated 4-[2-hydroxy-3-(isopropylamino)propoxy] benzaldhyde (III).

Fig. 3 . 7 .

 37 Fig. 3.7. Possible photodegradation pathways of ATL in nitrate aqueous solution.
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 438 Fig. 3.8. Variation of toxicity to D. magna , ( (
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 1 photodegradation in aquatic environment. Chemosphere 2003, 50, 1319-1330. (4) Vieno, N.M.; Härkki, H.; Tuhkanen, T.; Kronberg, L. Occurrence of pharmaceuticals in river water and their elimination in a pilot-scale drinking water treatment plant. Environ. Sci. Technol. 2007, 41, 5077-5084.
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 S1 Fig. S1. Chemical structure and UV-vis absorbance spectrum of atenolol (ATL)([ATL]=40 mol L -1 ).

. 4 . 1 .

 41 Fig. 4.1. Chemical structure of atenolol (ATL), C 14 H 22 N 2 O 3 . 1 receptor antagonist, atenolol (ATL), 4-[2-hydroxy-3-[(1-methyl) amino]

Fig. 4 .Fig. 4 . 2 .

 442 photocatalysis by using different photocatalysts and (iv) to elucidate the photocatalytic degradation mechanism and propose possible degradation pathways of ATL in aqueous TiO 2 suspensions.4.1. Results and discussion4.1.1. Preliminary experimentFig. 4.2 presents the results of a preliminary experiment for the photocatalytic degradation of ATL (with Degussa P25 TiO 2 under irradiation) in comparison to several control runs including hydrolysis (without TiO 2 in dark), photolysis (without TiO 2 under irradiation) and adsorption (with TiO 2 in dark). As seen, hydrolysis, direct photolysis and dark adsorption contributed to negligible decay of ATL. The weak photolysis of ATL was ascribed to the unappreciable overlap of ATL UV-Vis absorbance spectrum with filtered HPK lamp emission spectrum (Fig. S1, Supplementary Material). However, TiO 2 -mediated photocatalysis resulted in a pronounced degradation of ATL

Fig. 4 . 3 .

 43 Fig. 4.3. Effect of methanol as HO• scavenger on atenolol photocatalysis. Degussa P25 was used as photocatalyst. Experimental conditions: [TiO 2 ] = 2.0 g L -1 -50 mM; pH = 6.8.

Fig. 4 . 4 .

 44 Fig. 4.4. Effect of typical natural water constituents and river water matrix on ATL photocatalytic

Fig. 4 . 5 .

 45 Fig. 4.5. Effect of different type of photocatalyst on photocatalytic degradation of atenolol: (

(Fig. 4 . 6 )Fig. 4 . 6 . 1 ; solution pH = 6. 8 . 5 ×4

 4646185 Fig. 4.6. Evolution of intermediates over a course of 60 min of photocatalytic degradation of atenolol by

ether chain cleavage products 3 -

 3 (isopropylamino)propane-1,2-diol and p-hydroxyphenylacetamide, respectively. Intermediate m/z 238 was assigned to be 4-[2-hydroxy-3-(isopropylamino)propoxy] benzaldehyde and m/z 254 was proposed to be the hydroxylation products of m/z 238 due to an excessive 16 amu addition. Assignment of these two intermediates is further supported by the study of photo-Fenton mediated ATL degradation.[START_REF]Rad degradation of persistent pharmaceuticals at pilot-scale: kinetics and characterization of major intermediate products[END_REF] A series of intermediate peaks corresponding to the molecular weight of oxygenated analogue of ATL (m/z 283) in positive ion mode were observed. An additional 16 amu with respect to protonated ATL (m/z 267) indicated these compounds likely are the isomers of mono-hydroxylated ATL. Similarly, m/z 299 was identified as di-hydroxylated ATL. In order to determine the position of the addition (aromatic or the side chain), ATL mass fragmentation spectra were firstly compared to the photoproducts mass obtained during product ion scan analysis. These compounds exhibited the same loss fragment ion (m/z 116) as ATL, which corresponded to the characteristic loss of ether chain [CH 2 CH(OH)CH 2 NHCH(CH 3 ) 2 ] + . This observation suggests that HO radical addition most likely occur on benzene ring instead of ether chain.

FED 2 Fig. 4 . 7 .

 247 photodegradation pathways of ATL are proposed as illustrated in Fig.4.7. As can be seen, three major pathways are involved in the photocatalytic degradation of ATL.

Table 4 . 2 aFig. 4 . 8 .

 4248 Fig. 4.8. Variation of concentration ( ) during atenolol photocatalytic degradation. Degussa P25 was used as photocatalyst. Experimental conditions: [TiO 2 ] = 2.0 g L -1 ; [ATL] = 10 mg L -1 ; pH = 6.8.

Fig 6 Fig. S4 . 8 .

 6S48 Fig. S1. UV-Vis a = 6.8).

Chapter 5

 5 Photochemical degradation of sunscreen agent 2-phenylbenzimidazole-5-sulfonic acid in different water matrices Sunscreens are widely used in personal care products (PCPs) in recent years as a result of growing concern about exposure to sunlight causing burns and skin cancer.1 After usage, sunscreens are primarily released into the environment through wastewater treatment plant effluents (WWTPs) by washing off from the skin and clothes. Other sources, such as the excretion

  photochemical properties of PBSA and demonstrated that UV irradiation of PBSA generates a variety of free radicals and active oxygen species that may be involved in the photodamage of DNA.11 Zhang et al. (2010) developed a computational method based on the density functional theory (DFT) to predict and evaluate the photodegradation behavior of PBSA and found that energy and electron transfer reactions of excited state PBSA (PBSA * ) could photogenerate 1 O 2 and O 2 •-

5 . 1 . Results and discussion 5 . 1 . 1 .Fig. 5 . 1 .

 5151151 photodegradation of PBSA caused by direct and indirect photolysis although direct photolysis pathways of PBSA have been proposed byZhang et al. recently. 12 In this work, we reported the photochemical degradation of PBSA in different water matrices.Especially, laser flash photolysis (LFP) experiments were performed to verify the involvement of transient species during direct photolysis. The second order rate constant for reaction of PBSA and HO• and quantum yield of PBSA direct photolysis were determined to predict the photochemical fate of PBSA in the natural waters. Major degradation products arising from direct (i.e., in Milli-Q water) and indirect photolysis (i.e., in Milli-Q water in the presence of NO 3 -) of PBSA were identified by liquid chromatography-mass spectrometry (LC-MS) analysis. Based on the above analysis, we proposed the possible degradation pathways of PBSA in aqueous solutions caused by direct and indirect photolysis. In particular, this study demonstrates that indirect photolysis of PBSA mediated by HO• may occur through different pathways as compared to direct photolysis.5.1. Results and discussion5.1.1. Protonation states of PBSA and UV-vis absorption spectra

Fig. 5 . 2 .

 52 Fig. 5.2. Transient absorption spectra of PBSA (100 μM) in water produced by LFP (266 nm, 30 mJ) at various delay times. The insert shows the dependence on the (

Fig. 5 . 3 .

 53 Fig. 5.3. (a) Effect of solution pH on direct photolysis of PBSA in Milli-Q water. (

Fig. 5 .

 5 Fig. 5. irradiation of filtered HPK lamp. The quantum yield of PBSA direct photolysis at different pH values are shown in Table5.1. It is evident that direct photolysis of PBSA is highly pH-dependent.

Fig. 5 . 4 . 3 -, 3 -. 3 -.

 54333 Fig. 5.4. The effect of nitrate on photodegradation of PBSA. (

3 -,,k

 3 k ip is the indirect photodegradation rate constant of PBSA caused by the photosensitized effect of NO 3 -Milli-Q corresponds to the direct photolysis rate constant of PBSA in Milli-Q water alone. The direct photolysis rate constant in the presence of NO 3 -was predicted from equation k dp = k Milli-Q ×

Fig. 5 . 5 .

 55 Fig. 5.5. Photolysis of PBSA in ( -Q water; ( River water; ( -Q water in the presence of 6.0 mg L -1 Fluka humic acid; and ( -Q water in the presence of 0.2 M NaCl. Experimental

Scheme 5 . 1 . 3 --

 513 Scheme 5.1. Possible photodegradation pathways of PBSA: (a) direct photolysis in Milli-Q water, and (b) indirect photolysis in Milli-Q water in the presence of nitrate, [NO 3 -] = 2 mM.

  phototransformation of PBSA in sunlit natural waters. The photodegradation rates may be largely influenced by the season and latitude as well as limited photic zone and overcast condition.

Fig. 6 . 1 .

 61 Fig. 6.1. UV-vis absorption spectra of 2-phenylbenzimidazole-5-sulfonic acid (PBSA) at different pH values

Fig. 6 . 2 . 1 pH = 4 . 5 .

 62145 Fig. 6.2. (A) Comparison of hydrolysis, photolysis, adsorption and photocatalysis of PBSA in aqueous solutions. Degussa P25 TiO 2 was used as photocatalyst. [TiO 2 ] = 1.0 g L -1 Effect of different photocatalysts on PBSA photocatalytic degradation. [TiO 2 ] = 1.0 g L -1 pH = 4.5. Error bars represent 95% confidence intervals.

Fig. 6 . 3 .

 63 Fig. 6.3. Effect of radical scavengers on PBSA photocatalytic degradation. The tert-butanol was used as a scavenger of HO• while KI was used as a scavenger of both h vb + and HO•. Experimental conditions: Degussa P25 TiO 2 was used as photocatalyst; [TiO 2 ] = 2.0 g L -1 ; [PBSA] = =4.5.
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 3 concentration range of 0-100 mM or a HA concentration rang of 0-60 mg L -1 . Note that, in the case of HCO 3 -, solution pH was maintained at 8.5 to ensure HCO 3 -was the dominant species (pK a1 = 6.37 and pK a2 = 10.25) in the reaction solution.

Fig. 6 . 4 .

 64 Fig. 6.4. Effect of (A) bicarbonate ion (pH = 8.5), and (B) humic acid (pH = 5.5) on PBSA photocatalytic degradation. Experimental conditions: Degussa P25 TiO 2 was used as photocatalyst; [TiO 2 ] = 2.0 g L -1 ; HCO 3 -] = 0-100 mM; [HA] = 0-60 mM.

6. 1 . 4 .

 14 Identification of photodegradation intermediates and products 6.1.4.1. Evolution of organic intermediates Advanced oxidation processes often yield various degradation intermediates and products due to the non-selective reaction of HO• with organic pollutants. In this work, we have attempted to identify photodegradation intermediates using LC-MS technique. A mixture sample composed of aliquots withdrawn at different irradiation time was analyzed for the purpose of identifying as more intermediates as possible. Structural identification of these intermediates was based on the analysis of the total ion chromatogram (TIC) and the corresponding mass spectrum (Fig. S4 and Table

Fig. 6 .

 6 Fig.6.5A describes the evolution profiles of five major intermediates of PBSA (i.e., mono-hydroxylated benzamidine (OH-BZMD); three isomers of mono-hydroxylated PBSA (OH-PBSA, A, C and E, respectively); and mono-hydroxylated 2-pheny-1H-benzimidazole (OH-PBI)) during photocatalytic degradation. As seen, all the intermediates quickly reached to maximum concentration during 10 min to 20 min followed by a gradually decay, indicating the formation and transformation of these intermediates were accompanied with the degradation of PBSA. Complete disappearance of these intermediates was observed after 90 min, suggesting TiO 2 photocatalysis is a promising technique for PBSA removal as well as intermediates elimination.

Fig. 6 . 5 .

 65 Fig. 6.5. Evolution of (A) organic intermediates, (B) carboxylic acids, (C) inorganic ions and (D) the

6. 1 . 5 .

 15 photodegradation pathways of PBSA are proposed as illustrated in Fig.6.6. As can be seen, three major pathways, namely, successive hydroxylation of mother compound (Pathway I), imidazole ring cleavage (Pathway II) and de-sulfonic as well as further hydroxylation and oxidation (Pathway III), are involved in the photocatalytic degradation of PBSA.

Fig. 6 . 6 . 6 . 1 . 6 .

 66616 Fig. 6.6. Possible photocatalytic degradation pathways of PBSA in illuminated aqueous TiO 2 suspensions. Chemicals in dash box were not detected in this work by using LC-MS but were

a

  Experimental conditions: Degussa P25 TiO 2 was used as photocatalyst; 2 ] = 1.0 g L -1 ; pH = 7.0. Errors are 95% confidence intervals.

Fig. S3 .

 S3 Fig. S3. UV-visible absorption spectra of the humic acid (HA) solutions: (…) 6 mg L -1 HA; (-) 60 mg L -1

  Photocatalytic oxidation of ATL and PBSA were carried out in illuminated aqueous TiO 2 suspensions. Photocatalytic reactions normally follow pseudo-first-order kinetics. The kinetics are strongly affected by the photocatalyst type, the photocatalyst dosage, the solution pH value and the substrate concentration. Hydroxyl radical (HO•) was determined to be the major reactive specie responsible for the remarkable degradation of mother compounds. The degradation efficiency is largely influenced by the water matrices as well as the formation and transformation of intermediates. It should be noted that Degussa P25 showed the highest photocatalytic activity for oxidizing ATL and PBSA compared to pure anatase or rutile catalyst such as Hombikat UV

Research 2013 ,Figure 1 :Figure 2

 201312 photochimiques sont connues comme pouvant être une voie de transformation importante pour les composés organiques. Ces réactions photochimiques peuvent se diviser en deux catégories, à savoir la photolyse directe et la photolyse indirecte. Dans la photolyse directe, le produit se dégrade lorsque son spectre d'absorption recouvre le spectre d'émission du soleil. Dans les eaux naturelles, cette transformation ne se fait qu'en surface, dans une zone appelée zone photique ou les photons d'origine solaire sont absorbés. Dans la photolyse indirecte, la photo-transformation induite, indirecte ou sensibilisée provient de l'absorption des radiations lumineuses par un composé présent dans le milieu aquatique autre que le polluant dont on suit la dégradation.

Figure 3 :Figure 4 : 3 /Chapitre 4 : 1 /

 34341 Figure 3 : Proposition d'un mécanisme de dégradation de l'ATL en phase aqueuse en présence des ions nitrate déterminé d'après identification des intermédiaires.

Figure 5 : 2 /

 52 Figure 5: Atténuation de l'ATL en phase aqueuse par hydrolyse ( adsorption (×) et photocatalyse ( es: [TiO 2 ] = 2,0 g L -1 ;[ATL] = 37,6 M; pH = 6,8. La barre d'erreur représente 95% de l'intervalle de confiance.
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 64 Figure 6 : Proposition d'un mécanisme de dégradation photocatalytique de l'ATL en phase aqueuse.

Figure 8

 8 Figure 8 Spectre d'absorption transitoire du PBSA (100 μM) dans l'eau produit par PFL (266 nm, 30 mJ) pour différents temps. L'encart montre l'influence de ( l'acrylamide et de ( sur l'atténuation du signal à 380 nm.
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 9b101061 Figure 9b : Effet de l'oxygène dissout sur la photolyse directe du PBSA en phase aqueuse (Milli-Q). ( (de-oxygénation)( ) en présence d'acide sorbique (inhibiteur de l'état triplet). [PBSA] = 10

3 / 3 -)a

 33 photocatalytique des composés organiques, certains constituants omniprésents dans les eaux naturelles comme les ions bicarbonate, phosphate, sulfate ou la matière

  

  

  

  

  

  

  

  

  

  

  

  

  

  

  [START_REF] Brezonik | Nitrate-induced photolysis in natural waters: Controls on concentrations of hydroxyl radical photo-intermediates by natural scavenging agents[END_REF][START_REF] Vione | Sources and sinks of hydroxyl radicals upon irradiation of natural water samples[END_REF] NO 3 -is known to be ubiquitous in natural aquatic environment with a concentration ranging from 10 -5 to 10 -3 M, which is highly related to the geographic location and human agriculture activity. NO 3 -could mediated degradation of pollutants by reaction with photogenerated reactive HO• and NO 2 •. Nélieu et al. studied the nitrate-induced photodegradation of chlorotoluron in natural water through two series of experiments in outdoor aquatic mesocosms. 69 It was shown that the pesticide degradation kinetics was clearly dependent on nitrate concentration. Photodegradation products included N-terminus oxidation products, oxidation of the methyl attached to the phenyl, Cl substitution by OH, hydroxylation and nitration of the phenyl ring. Similar result has been observed by Shankar et

al. in a study on photo-induced degradation of diuron in aqueous solution by nitrites and nitrates (see Fig. 1.2.

  TiO 2 suspended solution under a 250 W metal halide lamp.100 The influence of some parameters on the degradation APAP was studied and described in details, such as initial APAP concentration, initial pH value and TiO 2 dosage. Hu et al studied the oxidation of

	sulfamethoxazole and related antimicrobial agents by TiO 2 photocatalysis under ultraviolet-A light
	(UVA: 324	-TiO 2 photocatalyzed SMX degradation are
	dependent upon several variables, including the initial SMX concentration, catalyst phase identity
	and concentration, electron acceptor identity and concentration, catalyst phase identity and
	concentration, and the presence of non-target water constituents. 101 It should be noted that the
	water constituents played an important role in photocatalysis process since some constituents

photocatalyst. Research activities focused on investigating the influence factors (operational parameters) such as the TiO 2 types and dosages, the initial substrate concentration, the effect of solution pH and coexisting water constituents. For instance, Hapeshi et al. investigated the effect of catalyst type and loading, initial substrate concentration, initial pH and H 2 O 2 as an additional oxidant on substrate conversion and mineralization in photocatalytically degradation of drugs ofloxacin and atenolol.

99 

However, no detail degradation pathways of ofloxacin and atenolol were provided by these researchers. Zhang et al. investigated the photocatalytic degradation of acetaminophen in which are ubiquitous in natural waters (e.g., bicarbonate ions, dissolved organic matter (DOM)) may serve as HO• scavengers. Hu et al. also reported that the presence of natural organic matter (NOM) inhibits photocatalytic degradation of SMX to a much greater extent at pH 5 than pH 9. In addition, the presence of bicarbonate leads to enhanced SMX photocatalysis at pH 9. 101 Direct photolysis and solar TiO 2 photocatalysis of Trimethoprim (TMP) in different water matrices have been studied by Sirtori et al.
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It was found that during TiO 2 photocatalysis, TMP was completely eliminated in both water matrices at a similar rate, however, the mineralization rate was appreciably reduced in seawater, which can be explained by the presence of inorganic species acting as HO• scavengers, and directly affecting photocatalytic efficiency.

102 

Table 2 .1 Main characteristics of the chemical reagents used in this study.

 2 

	Name	Formula	Purity	Supplier
				TOKYO Chemical
	Atenolol (ATL)	C 14 H 22 N 2 O 3	98%	
				Industry Co., Ltd
	4-Hydroxyphenylacetamide	C 8 H 9 NO 2	99%	Sigma-Aldrich
	2-Phenylbenzimidazole-5-sulfonic			
		C 13 H 10 O 3 N 2 S	96%	Sigma-Aldrich
	acid (PBSA)			
	2-Phenylbenzimidazole (PBI)	C 13 H 10 N 2	97%	Sigma-Aldrich
	Benzimidazole (BI)	C 7 H 6 N 2	99%	Sigma-Aldrich
	Benzamide	C 7 H 7 NO	99%	Sigma-Aldrich
				International
	Suwannee river fulvic acid			
				Humic Substance
	(SRFA)			
				Society (IHSS)
				International
	Nordic river fulvic acid (NOFA)			Humic Substance
				Society (IHSS)
				International
	Nordic river humic acid (NOHA)			Humic Substance
				Society (IHSS)
	Aldrich humic acid (sodium salt)			Aldrich
	Fluka humic acid			Fluka
			HPLC or	
	Methanol (MeOH)	CH 3 OH		Fisher Scientific
			LC-MS grade	
			HPLC or	
	Acetonitrile (ACN)	CH 3 CN		Fisher Scientific
			LC-MS grade	
	Sodium nitrate	NaNO 3	99.9%	Sigma-Aldrich

solutions were prepared by dissolving the reagents directly in Milli-Q water without further purification. All stock solutions were stored in dark under 4 after preparation and used within one month. River water was sampled from the Rhône River nearby Parc de la Tête d'Or in Villeurbanne (France) using a Teflon bottle and transported to Institut de recherches sur la catalyse et l'environnement de Lyon (IRCELYON). River water samples were stored in dark at 4 .

Before photolysis processing, the river water was vacuum filtered on cellulose acetate filters (0.45

Table 2 .2 Specification and characteristics of TiO 2 photocatalysts.

 2 

			Specific surface area	
	Photocatalyst	Composition	BET (m 2 /g)	Particle size (nm)
		75% anatase + 25%		
	Degussa P25		50	21
		rutile		
	Hombikat UV100		250	5
		100% anatase		
	Millennium PC500		287	5-10
		100% anatase		
	Aldrich rutile		3	750
		100% rutile		
	For studies on photocatalytic degradation of PPCPs, titanium dioxide (TiO

2 ) was used as photocatalyst. The specification and characteristics of photocatalysts are shown in Table

2

.2.

2.2. Photolysis experiments

2.2.1. Steady-state photolysis experiments

Photolysis experiments were conducted in a XPA-II photochemical reactor (Nanjing Xujiang Motor Factory, China), equipped with a 290 nm filtered 1000 W Xenon arc lamp (Bejing Electric Light Source Institute, China) as the simulated solar irradiation source. The lamp was placed

Table 2 .3. HPLC analysis parameters for measuring 2-phenybenzimidazole-5-sulfnonic acid (PBSA), 2-pheny-1H-benzimidazole (PBI), benzimidazole (BI) and benzoic acid (BA) .

 2 

				Mobile	phase	Injection	Detective
		Separation	Flow	rate		
	Compound	column a	mL/min	composition water b acetonitrile	volume L	wavelength nm
		Yperspher				
	PBSA		0.8	90%	10%	20	300
		BDS C18				
		Yperspher				
	PBI		0.8	80%	20%	20	300
		BDS C18				
		Yperspher				
	BI		0.8	90%	10%	20	266
		BDS C18				
		Yperspher				
	BA		0.8	80%	20%	20	230
		BDS C18				

a × 4.0 mm. b The water phase was 10 mM phosphate buffer (pH 3.0).

Table 3 .1 Proposed degradation products of atenolol by direct photolysis.

 3 

		Retention time	Molecular			
	No.			Main mass fragmen ion (m/z)	Possible structure
		(min)	weight			
				134 [M+H] +		
	I	1.92	133	116 [M+H-H 2 O] +		OH	N H
				92 [M+H-C(CH 3 ) 2 ] +		
				74 [M+H-C(CH 3 ) 2 -H 2 O] +		
				283 [M+H] +		
				265 [M+H-H 2 O] +			O	OH	N H
	II	2.62	282	224 [M+H-C(CH 3 ) 2 -NH 3 ] +	O	
				161 [M+H-C(CH 3 ) 2 -NH 3 -H 2 O-CO-NH H 2 N	OH
				116 [M+H-C 8 H 9 NO 3 ] +		
				152 [M+H] +		
							OH
	III	4.42	151	136 [M+H-OH-NH] +	O	
					H 2 N	
				126 [M+H-CH 2 CO] +		
				254 [M+H] +		
				236 [M+H-H 2 O] +			O	OH	N H
	IV	7.29	253			
				212 [M+H-C(CH 3 ) 2 ] +	O	OH
				177 [M+H-C(CH 3 ) 2 -NH 2 -CHO] +		

Table 3 .2 Effect of different humic acid on the photolysis reaction rate of atenolol in aqueous nitrate solution ( [ATL] M [HS]=5 mgC L -1 , [NO 3 -]=5 mM n = 8).
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	Humic	k 0 ×10 3		k 0 S ×10 3	k app ×10 3
			S		
	substance	(min -1 ) a		(min -1 )	(min -1 ) b
	SRFA	4.3	0.78	3.4	2.5
	NOFA	4.3	0.83	3.6	2.6
	NOHA	4.3	0.83	3.6	2.4

a Pseudo-first-order kinetic rate constant for ATL photodegradation in the presence of nitrate without humic substance b Pseudo-first-order kinetic rate constant for ATL photodegradation in the presence of nitrate and humic substance As clearly seen, in the presence of SRFA, NOFA and NOHA, pseudo-first-order rate constants k app of ATL photodegradation were found to be 0.0025, 0.0026 and 0.0024 min -1 , respectively. The presence of HS decreased the photolysis rate constant compared with that in

  Bicarbonate decreased the photodegradation of ATL in the presence of nitrate ions mainly through pH effect, while humic substance inhibited the photodegradation as a inner filter as well as a radical scavenger. Upon irradiation, only a minor mineralization of ATL can be achieved, implying a majority of ATL transformed into intermediate products without complete mineralization. The major pathways of ATL photodegradation included hydroxylation and side chain cleavage.The present study provides important information about ATL photolysis behavior in nature sunlit waters. It should be emphasized that degradation intermediates and products show less toxicity to D. magna, suggesting that photo-induced degradation of ATL in natural water is possibly an important way to reduce the toxicity to ecosystem, especially in areas with relatively high concentration of nitrate in waterbody (e.g. agriculture areas with extensive utilization of fertilizers).

this paper, ATL photolysis kinetics, toxicity of intermediate products and degradation pathways are investigated in nitrate solution upon simulated solar irradiation. ATL photodegradation obeyed pseudo-first-order kinetics and the rate constant is remarkably enhanced with the increasing concentration of nitrate. •OH played an important role in the photolysis process. Increasing the solution pH slightly decreased the photodegradation rate probably due to pH-dependent effect of nitrate-induced •OH formation.
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Table S1 Kinetics of atenolol photolysis induced by nitrate ions under simulated solar irradiation.

 S1 The k app value was obtained by linear regression after plotting ln([ATL] 0 /[ATL])=k app t, then t 1/2 =ln2/k.

	[NO 3	-] (mmol L -1 )	k app ×10 3 (min -1 ) a	t 1/2 (min)	R 2
		0.5	1.01±0.15	686	0.998
		1	1.43±0.06	485	0.980-0.997
		2	2.25±0.37	308	0.998
		5	3.79±0.26	183	0.998
		10	7.16±0.17	96.7	0.986

a

Table S2 The pH and radical scavenging effect of bicarbonate concentration on the atenolol photodegradation kinetics in the presence of nitrate ions under simulated solar irradiation ([ATL L -1 [NO 3 -]=5 mmol L -1 ).

 S2 

	[HCO 3	-] (mmol L -1 )	(%) a	pH b	k app ×10 3 (min -1 ) c	R 2
		0	0	6.93	5.56	0.999
		0.8	8.3	8.03	5.29	0.999
		2	18.5	8.36	5.31	0.999
		4	31.2	8.39	5.09	0.999
	a The fraction of OH scavenged by HCO 3	-was calculated according to equation =k OH, HCO3-[H C O 3 -]/( k OH,
	HCO3-[HCO 3				

-]+ k OH, ATL [ ATL]). b The pH value of reaction solution with different HCO 3 -concentration was measured under 25 . c The k app value was obtained by linear regression after plotting ln([ATL] 0 /[ATL])=k app t.

Table S3 The main fragment ion of ATL intermediate products and proposed structures.

 S3 

	No. Chapter 4 Photocatalytic degradation of atenolol in aqeous titanium Molecular weight a main fragment ion (m/z) b Proposed structure
	134 [M+H] + 116 [M+H-H 2 O] + dioxide suspensions		OH	N H
	I	133	92 [M+H-C(CH 3 ) 2 ] +		
			74 [M+H-C(CH 3 ) 2 -H 2 O] +		
			168 [M+H] +		
			151 [M+H-OH] +			OH
				O	
	II	167	136 [M+H-OH-NH] +	H 2 N		OH
			126 [M+H-CH 2 CO] +		
			254 [M+H] +		
			236 [M+H-H 2 O] +		O	OH	N H
	III	253	212 [M+H-C(CH 3 ) 2 ] + 177 [M+H-C(CH 3 ) 2 -NH 2 -CHO] +	O	OH
			116 [M+H-C 7 H 6 O 3 ] +		
			283 [M+H] +		
			265 [M+H-H 2 O] +			O	OH	N H
	IV	282	224 [M+H-C(CH 3 ) 2 -NH 3 ] +	O	
			161 [M+H-C(CH 3 ) 2 -NH 3 -H 2 O-CH 2 CONH 2 ] +	H 2 N	OH
			116 [M+H-C 8 H 9 NO 3 ] +		
	a Photoproducts molecular weight was tentatively assigned on the basis of the pseudomolecular ions [M+H] +
	b Fragment ion pattern was elucidated by using pseudomolecular [M+H] + as precursor ion	

  ). Bicarbonate-amendment shows a significant promoting effect on ATL photocatalytic degradation (see Fig.4.4(a)). The observed enhancement is unexpected since bicarbonate is assumed to reduce photocatalysis efficiency by scavenging HO• according to

	following reactions.													
	OH	CO	2 3		CO	3	OH	k	3	9 .	10		M		s	(5)
	OH	HCO	3	CO	3	H	2	O	k	5 . 8	10	6	M	-1	s	1	(6)
	As a secondary radical, carbonate radical (CO 3 •-						

Table 4 .1 Frontier electron densities on atoms of ATL calculated by using Gaussian 09 program at the B3LYP/6-311+G* level.
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	Atom (number)	2FED 2 HOMO	FED 2 HOMO +	Atom (number)	2FED 2 HOMO	FED 2	HOMO +
			FED 2 LUMO			FED 2	LUMO
	1C	0.0582	0.3368	11N	0.0025	0.0023
	2C	0.2111	0.1317	12C	0.0025	0.0002
	3C	0.0281	0.2522	13C	0.0002	0.0001
	4C	0.0846	0.3336	14O	0.0002	0.0013
	5C	0.1096	0.0601	15C	0.0943	0.0712
	6C	0.0777	0.2617	16C	0.0477	0.0279
	7O	0.1968	0.0985	17N	0.0469	0.0287
	8C	0.0046	0.0057	18O	0.1894	0.0967
	9C	0.0048	0.0067	19C	0.0001	0.0000
	10C	0.0037	0.0143				

Table S1 Composition of Rhône River matrix

 S1 

	Species a	Concentration (mM)
	HCO 3	-	2.23
	Cl -		0.29
	SO 4	2-		0.36
	NO 3 -		0.08
	Na +		0.28
	K +		0.053
	Ca 2+		1.6
	Mg 2+		0.24

a Analyzed by ion chromatography

Table S2

 S2 Specification and characteristics of TiO 2 photocatalysts

	Photocatalyst	Composition	Specific surface area BET (m 2 /g)	Particle size (nm)
	Degussa P25	75% anatase + 25% rutile	50	21
	Hombikat UV100	100% anatase	250	5
	Millennium PC500	100% anatase	287	5-10
	Aldrich rutile	100% rutile	3	750

Table S3 . Mass spectra data and proposed structure of photoproducts by LC-MS/MS analysis for a mixture irradiated sample of atenolol photocatalytic degradation.

 S3 

	Retention Time (min)	Precursor ion (m/z)	MS/MS	Proposed structure	
					OH	N H	
	0.94	134	92, 74, 72				
					O	OH	N H
	0.92	283a	265, 116, 74, 72, 58	O			
				H 2 N	OH		
					O	OH	N H
	1.17	283b	116, 74, 72, 58	O			
				H 2 N	OH		
	2.74	283c	265, 241, 206, 178, 116, 74, 72, 58	O	O	OH	H N
				H 2 N	OH		
	3.20	283d	266, 116, 74, 56	O	O	OH	H N
				H 2 N	OH		
					O	OH	N H
	1.26	299	238, 161, 73	O			
				H 2 N	(OH) 2	
						OH
	3.80	152	107	O			
				H 2 N			
	4.96	254	236, 177, 116, 105, 74, 72, 56	O	O	OH	H N
					OH		
	8.46	238	196, 161, 149, 133, 74, 72, 56				

  •+ arising from 1 PBSA * after electron ejection. This conclusion was in line with a previous report of LFP study on phototransformation of carbaryl.15 

Table 5 .1. Pseudo-first-order rate constants, half-lives and quantum yields for PBSA direct photolysis in Milli-Q water under different conditions.
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		Degradation rate	Half-live	Quantum yield
	Solution a			
		constant (k obs , h -1 )	(t 1/2 , h)	p , × 10 -4 ) b
	pH 2.9	0.563	1.23	9.74
	pH 6.8	0.152	4.55	2.70
	pH 12.4	1.690	0.41	20.5
	pH 8.0	0.158	4.38	2.80
	pH 8.0, O 2 -purged	1.023	6.75	-
	pH 8.0, Ar-purged	0.093	7.45	-

a Reaction solutions were prepared by 10 mM phosphate or 10 mM borate buffer, except that pH 12.4 was adjusted ovided by a Pyrex filtered b The quantum yield was calculated by p-nitroanisole (PNA)/pyridine (pyr) method.

Table 5 .2. Observed pseudo-first order photodegradation rate constants (k obs ) and predicted contributions from the direct and indirect photolysis of PBSA in the presence of NO 3

 5 

	-	3 -] = 0-2 mM;

a k obs represents the observed pseudo-first-order rate constant of PBSA photodegradation in the presence or absence of NO 3 -.

Table S1 Predicted •OH-mediated rate constants and environmental half lives of PBSA based on hydroxyl radical concentrations.

 S1 HO• = k HO•,PBSA [OH•] ss , where k HO•,PBSA = 5.8 × 10 9 M -1 s -1 by competition kinetic method. The half-life corresponding to hydroxyl radical concentration, t 1/2 = ln2/ k HO• .

	[HO•] ss (M)	k HO• (min -1 ) a	t 1/2 (d) b
	10 -15	3.48×10 -4	2.78
	10 -16	3.48×10 -5	27.8
	10 -17	3.48×10 -6	278
	10 -18	3.48×10 -7	2775
	Table S2 Composition of Rhône River matrix	
	TOC a		0.167 mgC L -1
	pH		8.45
	Inorganic ions b		Concentration (

a k b

Table S4 Retention time, mass spectra and proposed molecular structure of main photoproducts of PBSA photolyzed in aqueous solution containing nitrate.

 S4 

	photolyzed in Milli-Q water. Chapter 6 Degradation of sunscreen agent			
	Retention time (min) Retention time (min) 2-phenylbenzimidazole-5-sulfonic acid by TiO 2 photocatalysis Mass (m/z) Compounds Mass (m/z) Compounds
	1.54 0.74		121 [M+H] + 104 [M+H-NH 3 ] + 177 [M+H] + 141 [M+H-2H 2 O] + 77 [C 6 H 5 ] +		HO HO		H 2 N HN	H N N
	2.58 0.79		217 [M+H] + 227 [M+H] + 199 [M+H-H 2 O] + 171 [M+H-COOH-H] + 153 [M+H-H 2 O-COOH-H] + 191 [M+H-2H 2 O] + 77 [C 6 H 5 ] +	HO HO	OHC HOOC	H N N	H N N
	3.52 1.53		189 [M+H] + 143 [M+H-COOH-H] + 104 [M+H-NH 3 ] + 77 [C 6 H 5 ] + 171 [M+H-H 2 O] + 121 [M+H] +		HOOC HN H 2 N	N H N
	9.18 17.72 4.12 4.55, 5.15, 6.48, 7.58	201 [M+H] + 183 [M+H-H 2 O] + 307 [M+H] + 171 [M+H-CHO-H] + 141 [M+H-2CHO-2H] + 195 [M+H] + 77 [C 6 H 5 ] + 271 [M+H-2H 2 O] + 117 [C 7 H 5 N 2 ] + 291 [M+H] + 273 [M+H-H 2 O] +	2.23 OHC HO OHC HO 3 S HO 3 S	H N H N N N H N H N N N or	OH OH
					HO	0.29	H N
		-			0.36 0.08 HO 3 S	N
		Na +	122 [M+H] +				0.28 H 2 N
	5.45 8.53	K + Ca 2+ Mg 2+	105 [M+H-NH 3 ] + 77 [C 6 H 5 ] + 211 [M+H] + 193 [M+H-H 2 O] + 77 [C 6 H 5 ] +	HO	0.053 O 1.6 0.24	H N N
			201 [M+H] +		OHC		H N
	9.18		183 [M+H-H 2 O] + 171 [M+H-CHO-H] +			
			141 [M+H-2CHO-2H] +		OHC		N

a Analyzed by a TOC-5050A analyzer.

b Analyzed by ion chromatography.

Table 6 .1. Results of batch experiments for degradation of PBSA by TiO 2 photocatalysis.

 6 The pH of the solutions was adjusted by 0.1 M HClO 4 or 0.1 M NaOH.

	Photocatalyst	TiO 2	C 0	a	pH b	HCO 3	-	HA c	k p (min -1 ) d r 0	R 2f
		(g L -1 )				(mM)		(mg L -1 )		min -1 ) e
	1. Effect of photocatalyst type								
	Aldrich rutile	1.0	45		4.5	0		0	0.0184	-	0.999
	Hombikat	1.0	45		4.5	0		0	0.0095	-	0.969
	UV100									
	Degussa P25	1.0	45		4.5	0		0	0.0285	-	0.998
	2. Effect of photocatalyst loading							
	Degussa P25	0.25	37.9		4.5	0		0	-	1.14	-
	Degussa P25	0.5	37.9		4.5	0		0	-	1.47	-
	Degussa P25	1.0	37.9		4.5	0		0	-	1.61	-
	Degussa P25	1.5	37.9		4.5	0		0	-	2.20	-
	Degussa P25	2.0	37.9		4.5	0		0	-	2.36	-
	Degussa P25	3.0	37.9		4.5	0		0	-	0.94	-
	3. Effect of substrate concentration							
	Degussa P25	2.0	8.85		4.5	0		0	-	1.57	-
	Degussa P25	2.0	22.1		4.5	0		0	-	1.63	-
	Degussa P25	2.0	37.9		4.5	0		0	-	2.36	-
	Degussa P25	2.0	44.3		4.5	0		0	-	2.06	-
	Degussa P25	2.0	61.7		4.5	0		0	-	1.54	-
	4. Effect of solution pH								
	Degussa P25	2.0	37.9		2.5	0		0	0.0203	-	0.998
	Degussa P25	2.0	37.9		4.5	0		0	0.0486	-	0.991
	Degussa P25	2.0	37.9		8.5	0		0	0.0521	-	0.999
	Degussa P25	2.0	37.9		10.9	0		0	0.0466	-	0.999
	Degussa P25	2.0	37.9		11.3	0		0	0.0163	-	0.997
	5. Effect of bicarbonate ion								
	Degussa P25	2.0	37.9		8.5	1		0	0.0383	-	0.999

b c HA represents humic acid. d k p is the pseudo-first-order rate constant.

Table 6

 6 .1 also illustrates the effect of different initial concentration of PBSA on the initial reaction rate r 0 . As seen, r 0 increased as the concentration of PBSA increased up to a maximum value, while further elevating the concentration led to a decreased reaction rate. The enhancement of r 0 with increasing PBSA concentration could be explained by the scavenging of reactive species by the substrate. The reaction of PBSA with HO• and h vb + on the surface of TiO 2 is in competition with the thermal recombination process HO•/e cb

	-

Table 6 .2. FED 2 HOMO + FED 2 LUMO values of PBSA (PBSA-H form) atoms calculated by using Gaussian 09 program at the B3LYP/6-311+G* level.
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	Number (atom) a	FED 2	HOMO + FED 2	LUMO	Number (atom)	FED 2	HOMO +FED 2	LUMO
	1C	0.0054		11C		0.0927
	2C b	0.0339		12C		0.1916
	3C	0.0151		13N		0.0722
	4C	0.0130		14N		0.0451
	5C	0.0021		15C		0.0438
	6C	0.0280		16S		0.0001
	7C	0.0701		17O		0.1793
	8C	0.0474		18O		0.1996
	9C	0.2112		19O		0.1877
	10C	0.0306					
	a See Fig. 1 for atom numbering.					
	b Atoms in bold means these atoms have the highest FED 2 HOMO + FED 2	LUMO values, thus are more likely to be
	attacked by hydroxyl radical.						

  Table 3 compares the experimental results of photocatalytic degradation of these benzimidazole analogs under identical conditions. PBI has the same molecular structure as PBSA except that the latter has a sulfonic moiety linking to the benzimidazole ring. Due to the electron-withdraw effect, the lack of sulfonic moiety in PBI was expected to facilitate its photocatalytic degradation via HO• attack. However, no enhancement in photocatalytic degradation rate of PBI was observed in comparison to PBSA (Table6.3), suggesting 5-sulfonic moiety in PBSA had negligible effect on the photocatalysis of PBI. Previous studies have demonstrated that the two compounds actually have very similar photophysical and photochemical properties.12 This result was also supported by the fact that the possibility of HO• attacking on 2-phenyl group is much higher than benzyl group in PBSA as illustrated by FEDs calculation. PBI has also known to be a product of PBSA upon photolysis, however, it was not detected by LC-MS in this work. BI photocatalytically degraded at a rate constant approximately 1.6 times faster than PBSA and PBI (Table6.3). This result was unexpected and interesting. Due to the 2-phenyl substitution in PBSA and PBI, and the electrophilic and nonselective nature of HO•, we postulated that the photocatalytic degradation of PBSA and PBI would have processed much more rapidly

than BI because 2-phenyl provided additional sites for HO• attack. However, BI was found to be more susceptible to photocatalytic destruction. It is possible that 2-phenyl substitution enabled BI molecular being more resistant to photocatalytic degradation.

Table 6 .3. Photocatalytic degradation of PBSA and structurally related compounds.
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				Degradation rate	Linear correlation
	Compounds	Molecular structure	
				constant (min -1 ) a	coefficient (R 2 )
	2-phenylbenzimidazole-5-sulfonic		H N	0.0381 ± 0.0026	0.999
	acid (PBSA)	HO 3 S	N	
	Benzimidazole (BI)		H N	0.0591 ± 0.0064	0.980
			N	
	2-phenyl-1H-benzimidazole (PBI)	H N		0.0352 ± 0.0022	0.996-0.999
		N		
	2-(4-thiazolyl)-1H-benzimidazole			
	(thiabendazole) b			

Table S1 . Reaction rate constant and linear correlation coefficient of photocatalytic degradation of PBSA with or without radical scavengers.

 S1 

	Scavenger a	Reactive	species	k p (min -1 )	R 2
		quenched			
	no scavenger	-		0.0486	0.991
	0.4 mM KI	h vb + and HO•		0.0038	0.998
	4 mM KI	h vb + and HO•		0.0011	0.940
	10 mM tert-butanol	HO•		0.0274	0.994
	100 mM tert-butanol	HO•		0.0112	0.994
	a Degussa P25 TiO 2 was used as photocatalyst. Experimental condition: [TiO 2 ] = 2.0 g L -1
	= 4.5.				

Table S2 . Identified intermediates of PBSA photocatalytic degradation.

 S2 

	5.46, 6.68,							H N
	Retention 7.88	di-hydroxylation d		307	UV-Vis absorbance 205, 256, 296	O	S	N
	time (min)	Nomenclature		[M+H] + (m/z)	( max , nm) a	Molecular structure b HO O	(OH) 2
	6.0 3.81	PBSA tri-hydroxylation		275 323	205, 247, 300 _	O	S	H N H N N
						HO HO 3 S	N	(OH) 3
	8.84	hydroxylated		211	205, 225, 296	HO		H N
		2-pheny-1H-benzimidazole					N
		di-hydroxylated				HO		H N
	3.39			227	_		
		2-pheny-1H-benzimidazole			HO		N
	10.96	2-phenyl-4-carboxyl-5-aldehyde	217	_	OHC	H N
		imidazole				HOOC	N
	6.60	2-pheny-4,		233	_	HOOC	H N
		5-imidazoledicarboxylic acid			HOOC	N
								H N
		2-pheny-imidazole	carboxylic			HOOC	N	or
	5.72, 7.76			189	_		
		acid				COOH	H N
								N
						H 2 N		OH
						HN		or
	1.32, 1.17	hydroxylated benzamidine	137	300	H 2 N	
						HN	
								OH
	1.59	benzamide		122	_	H 2 N	
						O	
	5.13(A),						
	5.39(B),				215, 260, 315(A),			H N
	6.43(C),	mono-hydroxylation c		291	205, 247, 300(C),	HO 3 S		N	OH or
	6.85(D),				252, 300, 325(D)	HO		H N
						HO 3 S		N
	7.55(E)						

Table 1 :

 1 Constantes de vitesse apparentes, temps de demi-réaction et rendements quantiques de la dégradation photochimique du PBSA en phase aqueuse pour différents pH. Les valeurs montrent clairement une influence du pH sur le rendement quantique puisqu'à pH acide ou basique des valeurs bien plus élevées qu'à pH neutre sont obtenues ( pH2,9 / pH6,8 = 3,6 et pH12,4 / pH6.8 = 7,6). Pour interpréter les résultats à pH acide, on suppose dans un premier temps que PBSA a réagit avec l'anion superoxyde O 2 •-générée à partir de l'électron solvaté et de l'oxygène (cf réaction 5). 'ou, l'augmentation du rendement quantique de PBSA à pH acide, serait du à un mécanisme alternatif faisant intervenir OH°. Pour vérifier cette hypothèse, nous avons utilisé pendant la dégradation à pH 2,9 de l'isopropanol connu pour être un inhibiteur efficace des radicaux hydroxyles. Dans ce cas, les résultats ont montré une inhibition de la réaction confirmant ainsi notre hypothèse.

				Rendement
		Constant de vitesse	Temps de demi-réaction	
	Solution	(k obs , h -1 )	(t 1/2 , h)	quantique p , × 10 -4 ) a
	pH 2,9	0.563	1,23	9,74
	pH 6,8	0.152	4,55	2,70
	pH 12,4	1.690	0,41	20,5
	pH 8,0	0.158	4,38	2,80
	pH 8,0 sous O 2 . 1.023	6,75	-
	pH 8,0, sous Ar-0.093	7,45	-

a Le rendement quartique a été déterminé par la méthode au p-nitroanisole (PNA)/pyridine (pyr). D

  2 HOMO + FED 2 LUMO (cf Table 2). Le tableau montre clairement que les sites d'attaques correspondent surtout aux positions des atomes 9C, 11C, 7C et 8C du cycle benzénique et le 2C du benzimidazole.

	Table 2. Valeurs de FED 2	HOMO + FED 2	LUMO des atoms de PBSA (PBSA-H )
	déterminées en utilisant le programme Gaussian 09.		
	Number	FED 2	HOMO +	Number (atom)	FED 2	HOMO +FED 2	LUMO
	(atom) a	FED 2	LUMO				
	1C	0.0054	11C	0.0927
	2C b	0.0339	12C	0.1916
	3C	0.0151	13N	0.0722
	4C	0.0130	14N	0.0451
	5C	0.0021	15C	0.0438
	6C	0.0280	16S	0.0001
	7C	0.0701	17O	0.1793
	8C	0.0474	18O	0.1996
	9C	0.2112	19O	0.1877
	10C	0.0306				

[M+H-C 7 H 6 O 3 ] +

mmol L -1 HCO 3 -0.8 mmol L -1 HCO 3 -2 mmol L -1 HCO 3 -4 mmol L -1 HCO 3 -

mM HCO 3 -1 mM HCO 3 -5 mM HCO 3 -50 mM HCO 3
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Supplementary Material

En outre, quatre acides carboxyliques (oxalique, malonique, acétique et maléique) ont été détectés par HPLC -UV et la chromatographie ionique (CI ) nous a permis de suivre l'évolution des ions sulfate, ammonium, nitrate (faibles concentrations par rapport aux ions ammonium). L'ensemble de ces résultats nous a permis de proposer un mécanisme de dégradation (Figure 11) 2/ Une approche plus théorique utilisant la FED (Frontier Electron Densities) nous a