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Abstract

It is known that global climate change has an impact on all components of the
hydrobiogeochemical ecological systems. This is especially true for high-latitude boreal
ecosystems that are exposed these changes are stronger than others. It is necessary to study these
cycles in uncontaminated systems for to understand and quantitatively predict human disturbance
of biogeochemical cycles of elements. Among the different regions of the world, the boreal region
are one of the largest reservoirs of organic carbon in the peat and soil (organic rich). The release
of organic carbon and metals, due to permafrost thawing, and increased runoff of Arctic river
(which induced global warming) are likely to change the forms of elements in soil solutions and
waters of the rivers and their number that falls falls into the ocean. This is a very important
scientific environmental problem.

Multidisciplinary approach for the study of the biogeochemical cycles of the main elements
in soils and waters controlled by the activity of microorganisms (by uptake/release of cells or in
the process of degradation of dissolved organic matter) was used in the thesis. The innovation of
this work 1is to study the effect of microbial activity (soil typical aerobic bacteria Pseudomonas)
on the biogeochemical cycles of elements due to take place geochemical, physical, chemical and
microbiological processes. The simultaneous study of the biogeochemical cycles of elements and
parameters of biological activity will allow us to predict the response of natural systems to
climate change and human-induced disturbance (organic or metallic contamination).

Field studies were accompanied by detailed laboratory studies of the reaction mechanisms.
The thesis considers to the study of physical and chemical processes using of experimental
modeling of the degradation of organic matter in soil extracts and to the study of the quantitative
relation between the degradation of organic matter by heterotrophic bacteria Pseudomonas and

cycles elements.



Résumé

On sait que les changements globaux climatiques constituent des forcages qui s’exercent
sur toutes les composantes hydrobiogéochimiques des systemes écologiques. Ceci est
particuliérement vrai pour les €cosystémes boréaux de haute latitude qui sont des régions tres
fragiles, fortement soumises au réchauffement climatique. Afin de comprendre et prédire de
maniere quantitative les perturbations d’origine anthropique des cycles biogéochimiques, il est
urgent d’acquérir la connaissance de ces cycles dans les systémes non pollués «pristinesy», encore
non (ou peu) perturbés. Parmi les différentes régions de monde, les zones boréales représentent
un des plus importants réservoirs de carbone organique sous forme de tourbicres ou de sols tres
riches en matiere organique. La libération du carbone organique et des métaux en trace associés
durant le dégel du permafrost, induite par le réchauffement climatique, constitue le principal
changement que subit ce milieu et le principal enjeu scientifique et environnemental.
L’augmentation continue du débit des rivieres arctiques au cours des dernieres décennies,
combinée a la libération du carbone et des métaux piégés dans le permafrost, est susceptible de
modifier les flux d’éléments vers les océans, mais aussi la spéciation de ces derni€res dans les
eaux de riviere ou les solutions de sol.

Cette these s’inscrit dans une approche résolument pluridisciplinaire, centrée sur I’étude
biogéochimique des cycles d’¢léments majeurs — éléments en trace dans les eaux contrdlées par
I’activité des microorganismes (piégeage/rélargage par la biomasse ou dégradation de la matiére
organique dissoute et particulaire). Le caractére innovant de cette thése réside dans 1’étude, pour
la premicre fois, de I'impact de D’activité microbienne (minéralisation aerobiques par les
bactéries typiques des sols, Pseudomonas) sur les cycles biogéochimiques des ¢léments grace a
la mise en ceuvre en parallele d’outils géochimiques, physico-chimiques et microbiologiques.
Cette ¢tude simultanée des cycles biogéochimiques des éléments et des paramétres d’activité
biologique nous permettra de prédire les réponses des systémes naturels aux changements

climatiques et aux interventions humaines (sous forme de pollution organique ou métallique).



Les études de terrain ont ét€ accompagnés par des €tude plus detaillés en laboratoire des
mécanismes réactionnels. Dans le cadre de ce travail, mes efforts ont été consacrés a 1'étude
physico-chimique des processus via la modélisation expérimentale de la dégradation de la
matiere organique des extraits du sol. Et des recherches des relations quantitatives entre la
dégradation de la matiere organique par les bactéries hétérotrophes Pseudomonas et les cycles

des éléments associés.

BBenenue

W3BectHO, 4YTO Ti0OANBbHOE W3MEHEHHE KJIMMaTa OKa3blBaeT BIMSHHE Ha BCE
OMOTEOXUMHUYECKHE KOMIIOHEHTHl OJKOJOTHYECKHX CHCTEM. OJTO OCOOCHHO BEpPHO JUIA
BBICOKOIIWPOTHBIX 60peaJ'H)HI)IX OKOCHUCTEM, KOTOPBIC CHIIBHCC APYIrUX IMOABCPrarOTCA I3THUM
n3MeHeHusIM. YToOBI IIOHATHP M KOJINYECTBEHHO MMpCACKa3aTb AHTPOIIOICHHBIC HAPYIICHHA
OMOTEOXUMHUUECKUX ITUKJIOB JJIEMCHTOB, HCO6XO)II/IMO HU3y4aTb 3TH LUKIIbBI B HE3AIrpA3HCHHBIX
cucreMax, 41o Ha )IaHHI:Iﬁ MOMEHT MaJIO HCCJICO0BAHO. CpC)II/I Pa3iIM4HbIX PCTUOHOB MHpA,
OopeanbHas 30HA TpEACTaBIseT co0OM OAMH M3 KPYIHEHIIHX pe3epByapoB OPraHHMYECKOTO
yriepoga B Topde H TOYBe, OOraTod OpraHMYECKHMH BelIecTBaMu. BbICBOOOXKICHME
OpraHnu4eckKkoro yrjicepoja W MCTAJUIOB IIpU TasAHUU BE€YHOU MCP3JIOTBI W YBCIUYCHHUC
APKTUYCCKOTO PCYHOIro CTOKa B TIOCICAHUC JACCATUIICTHUA, CBA3AHHBIC C rJ100aJIbHBIM
IMOTCIUICHUEM, CKOPEC BCETO, UBMCHUT (bOpMBI HaXO0XKXJACHUSA 3JIEMCHTOB B IIOYBCHHLBIX paCcTBOpPax
" BOJaX PEK U UX KOJIMYECTBA, IMOMagaronuX B OKCAaHbI. DTO ABISETCI OYEHb BAKHOMI HaquOfI
HKOJIOTMYECKON MPOOIEeMO.

B AUCCEpTallui pa3BHUBACTCA MC)K)II/ICI_[I/IHJ'II/IHapHBII\/’I nmoaxoa, B MLCHTPE KOTOPOro
HaxXoJqUuTCA HU3Y4YCHHC OMOre0OXNMMHUYECKUX IIUKJIOB OCHOBHBIX JJICMEHTOB B IIOYBAaX M BOJAX,
KOHTPOJIMPYEMBIX KU3HEIEATCIbHOCTEI0 MHUKPOOPraHU3MOB (IIyTE€M 3axBaTa/OCBOO0KICHHS

KJIETKaMH WJIM B IMPOIECCEe Jerpajalliil PacTBOPEHHOTO OPraHMYecKoro BemiecTBa). HayduHas



HOBHU3HA JIaHHOW pabOThl 3aKIIOYAETCsl B MCCIEJOBAHUU BIUSHUS MHKPOOHOW aKTUBHOCTH
(TUMMYHBIX TOYBEHHBIX a’pOOHBIX Oakrepuil Pseudomonas) Ha OUOTEOXMMUYECKUE ILIMKIIBI
3JIEMEHTOB BCJIEJCTBUE MPOUCXOAUIUX MapaIEIbHO T€OXUMHUUYECKUX, (PU3UKO-XUMHUYECKUX U
MHUKpPOOHOJIOrMUECKUX MporieccoB. OTHOBpEMEHHOE H3YYeHHE OHMOT€OXMMUYECKUX LIHKIIOB
3JIEMEHTOB U MapaMeTpoB OMOJIOIMYECKONl aKTUBHOCTH IO3BOJIMT HaM IpeAcKa3aThb OTBET
MPUPOJHBIX CHUCTEM HAa H3MEHEHHE KJIMMaTra ¥ AaHTPOIIOI€HHOE BMEIATeNbCTBO (B BHJE
3arpsi3HEHUs] OPraHMYeCKUMHU BEUIECTBAMU U METAJIJIaMHU).

[ToneBble  UCCIENOBaHMS  CONPOBOXKJIAINCH 0o0Jiee  JI€TANbHBIMU  JIAOOPATOPHBIMU
HCCIIEIOBAaHUSIMU MEXaHU3MOB peakuui. Jlucceprainusi, B OCHOBHOM, IOCBSIIEHA H3Yy4EHUIO
(GuU3NYECKUX U XUMUYECKUX IPOILIECCOB, C MOMOIIbI AKCHEPUMEHTAIBHOTO MOJEIUPOBAHUS
Jerpajlallid OpPraHWYEeCKOTO BEILECTBA B IOYBEHHBIX SKCTpakTaxX. A TakkKe HCCIEI0BAaHUIO
KOJIMYECTBEHHOTO  COOTHOILIEHUS ~ MEXKIy  Jerpajaledl  OpraHM4ecKoro  BeIlecTBa

rerepoTpodHbIMU OakTepusaMu Pseudomonas U IUKIIaMU, CBA3aHHBIX C HUM 3JIEMEHTOB.



Chapter 1

General introduction




1.1. Background of the study

One of the major goals of the geochemistry is to quantify the element fluxes occurring
between different reservoirs (continents and oceans), and to identify the mechanisms which
control these fluxes (Ilina, 2012). Boreal regions of the Russian Arctic play a crucial role in
transport of elements from continents to the ocean at high latitudes. It is very important to carry
out detailed regional studies of elements geochemistry in boreal landscapes.

Soils are highly dynamic systems that are influenced by the interaction between organic
and inorganic components and biota. These interactions determine the metal speciation and
bioavailability in soil environments (Ledin et al., 1996).

Colloids in surface water originate, in general, from the soil horizons. They can be organic,
inorganic and organo-mineral (Viers et al., 1997; Dahlqvist et al., 2007; Pokrovsky et al., 2005,
2006; Andersson et al., 2006; Allard and Derenne, 2007).

The colloids play a major role in the mobilization of trace elements in soils and waters
affecting distribution of elements in natural systems (Buffle, 1988). Clays, the oxides,
hydroxides and the organic colloids can each have an independent existence in the soil
environment, or they can be associated in a very complex colloidal structure (Newman and
Hayes, 1990).

Hydroxides and oxyhydroxides (especially those of aluminium, iron and manganese) and
amorphous silicates are important components of the soil inorganic colloidal constituent
(Newman and Hayes, 1990). They are formed during intensive chemical weathering of primary
soil minerals in the soil. It takes place in an aggressive acid medium created by plant litter
decomposition products. This leaching is accompanied by migration and subsequent
accumulation of organo-mineral complexes of iron and aluminium in illuvial soil horizon
(Lundstrom et al., 2000).

Degradation of plant litter on the surface of soil yields organic colloids. Humic substances

and polisaccharides are the most abundant and important of the organic colloids in soils
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(Newman and Hayes, 1990). These materials have a different of acidic functional groups, and
especially carboxylic and phenolic groups of varying pK, values. The organic colloids are
usually combined with mineral soils particles creating organo-mineral clay-humic complexes
(i.e., Fe and Al hydroxides stabilized by organic matter).

In soil, metals can be found in several "pools" of the soil, as described by Shuman (1991):
(7) dissolved in the soil solution; (i7) occupying exchange sites on inorganic soil constituents; (iii)
specifically adsorbed on inorganic soil constituents; (iv) associated with insoluble soil organic
matter; (v) precipitated as pure or mixed solids; (vi) present in the structure of secondary
minerals and/or primary minerals.

In the soil solution metals exist as either free metal ions, in various soluble complexes with
inorganic or organic ligands, or associated with mobile inorganic and organic colloidal material
(McKeague et al., 1983). The concentration of metals in the soil solution is governed by a
number of interrelated processes, including complexation, oxidation-reduction reactions,

precipitation-dissolution reactions and adsorption-desorption reactions (Fig. 1.1).

mass
transfer

ion

exchange
and

adsorption

precipitation
and

dissolution

of solids

free metal
concentration
in soil solution

redox acid-base

reaction reaction

complex
formation

Fig. 1.1. Mechanisms that control concentrations of metal in soils solution (Mattigod, et al.,
1981).

Understanding the reactivity of metals in soil is a prerequisite for modeling its transport

and fate in soil environment. Adsorption and desorption, precipitation and solubilisation, surface
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complex formation, ion exchange, penetration of the crystal structure of minerals, and biological
mobilization and immobilization are the major process that control mobility of metals in soil
(Chao, 1984).

Quantifying the proportions of metals bound to different soil constituents is important to
understand metals behavior and fate in soils. Metals associated with the aqueous phase of soils
are subject to movement with soil water, and may be transported through the vadose zone to
ground water (McLean and Bledsoe, 1992). Immobilization of metals, by mechanisms of
adsorption and precipitation, can prevent movement of the metals to ground water.

The mobility and bioavailability of metals in soil depend on the strength of the bond
between metal and soil surface as well as the properties of soil solution (Filgueiras et al., 2002).
Changes in soil environmental conditions over time, such as the degradation of the organic waste
matrix, changes in pH, redox potential, or soil solution composition, due to various remediation
schemes or to natural weathering processes, also may enhance metal mobility (McLean and
Bledsoe, 1992).

Among the factors controlling the intensities of chemical weathering in soils, solution pH,
pCO; and organic compounds produced during enzymatic degradation of vegetation litter or the
exometabolism of soil bacteria and roots are believed to be the most important (Barker et al.,
1997; Bennett et al., 2001).

Bacteria are abundant in various environments, with common concentrations of 10° to 10°
cell g' soil (Barns and Nierzwicki-Bauer, 1997). There are several ways in which
microorganisms can influence on behaviour of metals in the soils, as described by Ledin (2000)
(Fig. 1.2):

- accumulation of metals can occur by metabolism-independent sorption or by intracellular
(metabolism-dependent uptake);
- microorganisms can produce or release substances, for example organic compounds that

change the mobility of the metals;
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- microorganisms participate in the cycling of carbon and influence the amount and character of
organic matter. This is important for metal mobility, because organic compounds may bind
metals. Microbial degradation of the metal-organic complex can also change the speciation of
the metal.

- microorganisms can also influence metal mobility indirectly since they affect pH, Eh, etc.

Mobilization Immobilization

M-org
M —/org

Release/production of
metal mobilizing substances

Metal accumulation
active

A_passive

{ox)

Metal reduction

Fe(ll)
Metal reduction

Fe(lll) Utrea)
e(ll)

Oxidation of S Metal oxidation

Fe(lll)
pH decrease

sulfate

ilizati Reduction
Metal mobilization . .
© Biodegradation i suffide ¢ o
i p
of metal-organic \ - \

compounds
M M-org

Fig. 1.2. Interactions between metals and microorganisms (Ledin, 2000).

“~——a. Metal immobilization

Despite the importance of both the biotic and abiotic soil components in the overall soil
affinity for metals, the majority of studies performed so far have been devoted to either the
mineral (Bradl, 2004) or bacterial (Fein et al., 1997) components of soil system, without
considering the synergetic interaction of metals with both of them.

Conclusion

There are a lot of biogeochemical processes that control metal mobility and
bioavailability in the soil.

Bacteria play an important role in the behaviour of metals in the soils. Microbial cell
surfaces are providing important reactive interfaces for the adsorption of metals. Biological

membranes are sites of uptake, exudation and of a range of enzymatic processes.
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Biomineralization of the soil colloids plays a major role in the mobilization of metals in soils and
waters affecting distribution of elements in natural systems.
Ultimately, the understanding of these processes is needed for the accurate and

quantitative prediction of the fate and transport of metals on a range of time and length scales.

1.2. Study site

The natural waters of the north of boreal region, North Karelia were chosen as the objects
of the study. It is in the Northern Karelia (N 66°, E 30°), ca. 40-60 km south of the Arctic Circle.

The study of pristine river geochemistry, apart of some undeveloped tropical regions and
temperate areas of the southern hemisphere, has a tendency to be more and more limited to the
subarctic regions (Ilina, 2012). The climate of the region is mild-cold, transitional between
oceanic and continental, with a determinant influence of the Arctic and Northern Atlantic air
masses. Average temperature is -13°C in January and +15°C in July, but extremes can reach -45°
to +35°C in the winter and summer periods, respectively. Average annual precipitation ranges
between 450 and 550 mm annually, primarily as rain during the summer months, but also as fog
and snow; as evaporation is also low for most of the year, precipitation exceeds evaporation and
is sufficient for the dense vegetation growth (Sayre, 1994). The forests of the taiga are largely
coniferous, dominated by larch, spruce, fir, and pine, but some broadleaf trees also occur,
notably birch, aspen, willow and rowan (Ilina, 2012).

Boreal soils tend to be geologically young and poorly developed and mostly presented by
podzols in the European zone. They tend to be acidic due to the decomposition of organic
materials (e.g., plant litter) and either nutrient-poor or have nutrients unavailable because of low
temperatures (Sayre, 1994). Podzols occur mainly in cool humid climates (McKeague et al.,
1983) under forest or heath vegetation in medium textured to coarse material (Steila and Pond,
1989), where conditions favour the development of an organic surface (mor) layer (Lundstrom et

al., 2000).
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1.3. Objects of the study
The eluvial-humic (surface, organic-rich) and illuvial (mineral, organic-poor) horizons of
the podzol soil were used in this study (Fig. 1.3). The samples were collected in July, 2011 in

Northern Karelia, within the European boreal zone (N 66°18°, E 30°42’).

Fig. 1.3. Podzol soil (Northern Karelia).

The accumulation of iron and aluminum occurs in illuvial horizon. Such distribution of Fe
and Al in the soil profile is typical for this type of soil, due to the different mobility of organic-
mineral complexes and colloids. Ni, Mo, Mg, V, Cr, Mn, La, Co and Ti are similar distributions
in the profile of podzol. Concentration of these elements connected with illuviation process of
iron and manganese compounds. Cu, Zn, Pb and Cd accumulated in the litter of podzol. Firstly,
these elements are characterized by low mobility in podzol, and, secondly, the processes of
biological accumulation are cause to accumulation of these elements in the surface horizons. The
contents of K, Na, Ca, Ba, Sr, and Rb in the soil are higher in the mineral horizons relative to the
litter. The total content of carbon of the mineral part of the profile is distributed according to
eluvial-illuvial type.

The values of pH of the aqueous extracts increase from 4.9 in the upper horizons to 6.0 -
6.2 in the lower horizons of podzol. The content of inorganic anions (CI, NOs~, PO,>” and SO4*)
is higher in the organic horizons. Dissolved organic carbon decreases from 69 mg L™ in the litter
to 12.8 mg L in the lower horizon BC.

The composition of compounds of the elements in the aqueous extracts depends on the

features of horizons, the type of soil and vegetation. Migration of elements in podzol depends
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significantly on the presence of geochemical barriers. Distribution of water-soluble forms of
elements in soil profile is more uniformity relative to the distribution of the total content. Litter is

the most probable source the compounds of the elements in surface water.

Fig. 1.4. Pseudomonas aureofaciens (colony and cells).

The bacterial strain Pseudomonas aureofaciens CNMN PsB-03 (Fig. 1.4) was obtained
from the Laboratory of Plant Mineral Nutrition and Hydric Regime (Institute of Genetics and
Plant Physiology, Moldovan Academy of Sciences, Chisinau, Moldova). It was isolated from
chernozem soil and selected due to its capacity to produce exopolysaccharides (EPS) on a
sucrose-containing medium.

The basin of the Vostochniy stream was chosen for study. The stream flows from west to
east and empties into Lake Tsipringa. The lake is ca. 1 km long with a catchment area is 0.95
km® and is at a relative altitude of 50 m. The bedrock of the catchment comprises amphibolitic

gabbroids of the low Proterozoic intruzive (Ilina et al., 2013).

1.4. Thesis organisation

The manuscript is composed of the main thesis based on publications addressing the above
mentioned objectives, and the supplementary information.

Chapter 2: Decrease in zinc adsorption onto soil in the presence of EPS-rich and EPS-poor

Pseudomonas aureofaciens. This manuscript is aimed at assessing the sorption of zinc by

different soils horizon and influence of bacteria Pseudomonas aureofaciens on this process.
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Chapter 3: Impact of heterotrophic bacterium Pseudomonas aureofaciens on the release of
major and trace elements from podzol soil into aqueous solution. This manuscript describes
the results of study the release of various elements from different horizons of podzol soil in the
presence of heterotrophic bacterium Pseudomonas aureofaciens.

Chapter 4: Size fractionation and optical properties of dissolved organic matter in the
continuum soil solution-bog-river and terminal lake of a boreal watershed (North Karelia,
Russia). This manuscript is aimed at assessing the change of size fractionation of dissolved
organic carbon and its chemical and optical properties in series of filtrates, along the landscape
transect from the feeding soil solution and humic bog lake to the stream and to the terminal lake.

Chapter 5. There are conclusions and perspectives of further research.
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Chapter 2

Decrease in zinc adsorption onto soil in the presence of EPS-rich and

EPS-poor Pseudomonas aureofaciens
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The goal of this study is to estimate of bacteria—metal-soil mechanisms of reactions in
natural systems. In this paper we investigated process adsorption of zinc onto the soil in the
presence of gram negative bacteria.

There are a lot of studies that have investigated the adsorption of metal on soil or bacteria
systems. However, the adsorption behavior of a metal in a system containing both bacteria and
soil may be different from that predicted based on stability constants for the binary bacteria—
metal and soil-metal complexation reactions. Microbial cell surfaces are providing important
reactive interfaces for the adsorption of metals. Bacteria can affect the speciation of metal
cations in soil through different reactions. These reactions can alter the mobilities and
biogeochemical behavior of both the metal and organic ligands involved.

In this study, we conducted adsorption experiments in ternary system involving bacteria,
zinc cations and soil. We performed a variety of batch adsorption experiments in binary
(bacteria—zinc, soil-zinc) and ternary (bacteria —zinc—soil) systems.

Two contrasting soil horizons of the podzol soil were used in this research study. The
differences between two soil horizons are linked to differences in the content of the mineral and

organic components.
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Abstract

The adsorption of Zn onto the humic and illuvial horizons of the podzol soil in the
presence of soil bacteria was studied using a batch-reactor technique as a function of the pH
(from 2 to 9) and the Zn concentration in solution (from 0.076 mM to 0.760 mM).
Exopolysaccharides-forming aerobic heterotrophs Pseudomonas aureofaciens were added at 0.1
and 1.0 gyer L concentrations to two different soil horizons, and Zn adsorption was monitored
as a function of the pH and the dissolved-Zn concentration. The pH-dependent adsorption edge
demonstrated more efficient Zn adsorption by the humic horizon than the mineral horizon at
otherwise similar soil concentrations. The Zn adsorption onto the EPS-poor strain was on
slightly lower than that onto EPS-rich bacteria. Similar differences in the adsorption capacities
between the soil and bacteria were also detected by “langmuirian” constant-pH experiments
conducted in soil-Zn and bacteria-Zn binary systems. The addition of 0.1 gye L™ P. aurefaciens
to a soil-bacteria system (4 gary L soil) resulted in statistically significant decrease in the
adsorption yield, which was detectable from both the pH-dependent adsorption edge and the

constant-pH isotherm experiments. Increasing the amount of added bacteria to 1 gye L™ further
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decreased the overall adsorption in the full range of the pH. This decrease was maximal for the
EPS-rich bacteria and minimal for the EPS-poor bacteria (a factor of 2.8 and 2.2 at pH = 6.9,
respectively). These observations in binary and ternary systems were further rationalized by
linear-programming modeling of surface equilibria that revealed the systematic differences in the
number of binding sites and the surface-adsorption constant of zinc onto the two soil horizons
with and without bacteria. The main finding of this work is that the adsorption of Zn onto the
humic soil-bacteria system is lower than that in pure, bacteria-free soil systems. This difference
is statistically significant (p < 0.05). As such, EPS-rich bacteria are capable of efficiently
shielding the soil particles from heavy-metal adsorption. The removal efficiency of heavy metals
in an abiotic organic-rich soil system should therefore be significantly higher than that in the
presence of bacteria. This effect can be explained by the shielding of strongly bound metal sites

on the organic-rich soil particles by inert bacterial exopolysaccharides.

Keywords: humic, podzol, zinc, surface, EPS, bacteria, protection, modeling

2.1. Introduction

Soils are highly dynamic systems that are influenced by the interaction between organic
and inorganic components and biota. These interactions determine the metal speciation and
bioavailability in soil environments [1]. Despite the importance of both the biotic and abiotic soil
components in the overall soil affinity for heavy metals, the majority of studies performed so far
have been devoted to either the mineral [2] or bacterial [3] components of soil system, without
considering the synergetic interaction of metals with both of them. Among various divalent
metals, zinc 1is particularly interesting because it combines the properties of a
contaminant/toxicant of high environmental concern and an essential micronutrient for soil
microorganisms and plants. It is known that the soil capacity of Zn adsorption depends on a

number of physicochemical properties, notably the pH of the soil solution [4-9]. The pH of the
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interstitial soil solution controls the degree of ionization, the surface charge, the adsorption
mechanisms and the capacity for metal adsorption. Among the main factors controlling the Zn
adsorption onto soil are the mineral components [5], the organic matter [10], the content of
carbonate minerals [11] and the total zinc loading [12]. Soil organic matter (SOM) strongly
controls the physical, chemical and biological conditions of the soils and provides a significant
buffer capacity [13]. For example, from 20% to 70% of the exchange capacity of the soil is due
to humic substances [14].

Bacteria are abundant in various environments, with common concentrations of 10° to
10° cell g™ soil [15]. The high surface area of soil microorganisms allows them to interact easily
with dissolved metals; as a result, bacterial surfaces are capable of greatly controlling the overall
metal mobility in aqueous and soil systems [16, 17]. Numerous studies have evaluated the role of
microbial surface-adsorption processes compared to other microbial processes on the overall
accumulation of metals in soil [18-20]. Over past decades, cation adsorption onto bacterial
surfaces has been extensively studied using laboratory and field approaches [3, 21-23]. The most
common functional groups on the bacterial surface responsible for metal binding are carboxylate,
hydroxyl and phosphoryl groups [24, 25].

Many bacteria are capable of synthesizing external exopolysaccharides (EPS). Molecules
of EPS from most bacteria are negatively charged due to the presence of carboxylate and
phosphorylate moieties [26]. Although EPS are known to efficiently take up metal ions from
aqueous solutions [27], the protective role of EPS on metal adsorption onto cell envelopes has
also been demonstrated ([28] and references therein). In contrast to a significant number of
studies devoted to metal adsorption onto various soil fractions, cell surfaces and bacterial
exopolysaccharides [29-33], works on adsorption in ternary systems of soil-microorganisms-
metals are quite rare [cf., 34]. The necessity for such studies stems from the double role of the
majority of bacterial EPS: on the one hand, EPS are efficient metal scavengers, and on the other,

they protect cell membranes and interior compartments from aggressive external milieu via
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decreasing the amount of metal adsorbed onto EPS-rich cells compared to EPS-poor ones.
Moreover, abundant and rather inert EPS may shield not only the native bacterial cells in soil
environments but also decrease the availability of soil mineral and organic particles for metal
adsorption. As a result, bacteria-bearing soil may be a less efficient metal adsorbent than abiotic
soil systems. The main goal of this study was to test this hypothesis for two contrasting soil
horizons with a typical aerobic-soil, heterotrophic bacterium, Pseudomonas aureofaciens,
producing abundant EPS. To this end, we experimentally studied Zn surface adsorption in
individual (soil + Zn, bacteria + Zn) and complex (soil + bacteria + Zn) systems. Using
thermodynamic modeling of surface equilibria, we demonstrate a measurable and rather
unexpected decrease in the Zn adsorption for the soil + bacteria system relative to the binary
system. It follows that abiotically treated soils represent the most efficient natural sorbent for Zn

under a wide range of environmental conditions.

2.2. Materials and methods

2.2.1. Soil samples

The eluvial-humic (surface, organic-rich) and illuvial (mineral, organic-poor) horizons of
the podzol soil were used in this research study. The samples were collected in July, 2011 in
Northern Karelia, within the European boreal zone (N 66°18°, E 30°42°). After sampling, the
roots were manually removed. The soils were air-dried and autoclaved at 121 °C for 2 h. Table
2.1 gives selected chemical properties of the soil samples. Conventional chemical analyses of the
soils were performed as described elsewhere [35]. The specific surface areas were equal to 0.08
and 1.04 m* g for the humic and illuvial soil horizons, respectively, as determined by multi-
point Kr adsorption using the BET method. This result can be understood given higher
proportion of clays and Fe oxide in the mineral horizon. In contrast, dry amorphous humic
material may not be suitable for Kr adsorption: the ultra-microporous structure of soil organic

matter may block the passage of Kr molecules inside the bulk of the material.
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Table 2.1. Selected properties of the soil samples.
Soil horizon pH*  CEC’, mmolkg' %OC® % Fe,05 % ALOs
humic 5.6 9.1 2.1 1.2 7.6

illuvial 6.0 1.6 0.6 2.2 11.1
* Measured at a soil-to-solution ratio of 1:2.5
® The cation-exchange capacity
¢ Organic carbon

2.2.2. Culture characterization

The bacterial strain P. aureofaciens CNMN PsB-03 was obtained from the Laboratory of
Plant Mineral Nutrition and Hydric Regime (Institute of Genetics and Plant Physiology,
Moldovan Academy of Sciences, Chisinau, Moldova). It was isolated from chernozem soil and
selected due to its capacity to produce exopolysaccharides (EPS) on a sucrose-containing
medium [36]. The strain of P. aureofaciens was maintained at 4 °C in liquid succinic acid (SA)
media and cultured in two different media: (1) a sucrose/peptone (SP) solution, thus promoting
rich EPS synthesis; or (2) an SA media, yielding very poor EPS production [28]. The cultivation
was performed at 25 °C for 48-72 h with continuous shaking until the beginning of the
stationary growth phase. The experiments were conducted using rinsed bacterial biomass, which
was produced by repeated centrifugation (three times) in an inert electrolyte solution of 0.01 M
NacCl.

Statistical treatment of Zn and DOC concentrations included the use of best fit functions
based on the method of least squares and Pearson correlation. In this method, P < 0.05 means the
difference between concentration values is important and statistically significant. On the other
hand, P > 0.05 means that the differences in the values are not statistically significant and they
may stem from random samples variability.

2.2.3 Metal adsorption

Two types of experiments were performed: (i) adsorption of zinc as a function of the pH

and (i1) adsorption of zinc at a constant pH as a function of the zinc concentration in the solution.

All of the experiments were performed in the solution undersaturated conditions with respect to
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any metal oxide or hydroxide, as verified by calculations with the MINTEQA2 computer code
and corresponding database [37].

The initial zinc concentration was fixed at 0.06 mM for the variable-pH experiments and
the zinc concentration was varied between 0.076 mM and 0.760 mM for the constant-pH
experiments. The pH was adjusted by adding aliquots of 0.1 M NaOH or 0.1 M HCI. The pH
was also maintained via a NaHEPES (4-(2-hydroxyethyl) piperazine-1-ethanesulfonic acid
sodium salt) buffer, which was added to a final concentration of 0.02 M.

The adsorption experiments were conducted over 24 h at 25 + 2 °C in a continuously
agitated suspension with an ionic strength of 0.01 M NacCl, using 30-mL sterile polypropylene
vials. Each experiment was run in triplicate. The soil concentrations in the experiments were
maintained at 4 g L', and the biomass values of the bacteria were 0.1 and 1 g L. At the end of
each experiment, the suspension was centrifuged at 4500g, and the resulting supernatant was
filtered through a 0.45-pum acetate cellulose filter, acidified with ultrapure HNOs and stored in
the refrigerator until the analysis. The adsorption of zinc onto soils and cell walls for both EPS-
rich and EPS-poor P. aureofaciens was investigated in the pH range between 2 and 9. The
adsorption of zinc was quantified by subtracting, at each solution pH, the concentration of zinc
remaining in suspension from concentration of added zinc in the supernatant (control
experiments were performed without soils and bacteria). The adsorption of zinc onto the vial
walls in the full range of the studied pH was negligible (typically between 2% and 5% of added
Zn concentration but never higher than 8%) as verified by various blank experiments. This blank
adsorption was explicitly taken into account then calculating the adsorption yield.

All filtered solutions were analyzed for their aqueous Zn concentrations using flame
atomic absorption spectroscopy (Perkin Elmer AAnalyst 400) with an uncertainty of £2% and a
detection limit of 0.05 mg L. The dissolved organic carbon (DOC) concentration in solution

was monitored in all experiments of the pHdependent adsorption edge, at a pH value from 2 to
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11, using a Carbon Total Analyzer (Shimadzu TOC-6000) with an uncertainty of 3% and a
detection limit of 0.05 mg L™.
2.2.4. Lineal Programming Model (LPM)

The non-electrostatic linear-programming model (LPM) was applied for pH-dependent
adsorption edge and constant-pH adsorption edge experiments to compute the apparent
equilibrium constants and the site densities for each experiment [28, 38, 39]. This model is
convenient for describing complex, multicomponent and multilayer systems [40-42]. The
interaction of metal cations (Me®") and protons with the bacterial surface in the pH-dependent

adsorption edge experiments is represented by:
Me™ +B,H" <> MeB: +H", (1)
where B; represents a surface-reactive site, and Ks; stands for the concentration apparent

equilibrium constant conditional on the ionic strength. For a j-th deprotonated binding site at the

i-th pH value, Ks; can be defined as:

_ [MQB; ]i .[H+]meas,i 2
S’j_[Mez+] '[BJ-HO]I- > (2)

where i = 1...n titrant additions and j = 1...m binding sites. In the above expression, Kg; is a

function of the experimentally determined proton and metal concentrations, ([H "] and

meas,i

[Me™] ) and of the amount of Me®" bound to the j-th site at the i-th pH value, [MeB] ],. For

pH-dependent Me adsorption edge experiments, an average of two metal binding groups were
usually found by the LPM approach (i.e., two site-density values [B;], assigned to pKs values on
the LPM fix grid).

For constant-pH adsorption isotherm data, the LPM model assumes the following
equation:

Me* + B, «—*—MeB; (3)
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where B; represents a specific surface functional group, and K, ; the apparent metal-ligand
binding constant conditional on the ionic strength. For a j-th deprotonated functional group at a

fixed pH value, K,,; can be defined as:

_ [MeB),
" [Me* .. [B;]

meas i JHi

; (4)

where i = 1...n ligand additions and j = 1...m binding sites. In the above expression, K, is a

function of the experimentally determined metal concentrations, ([Me*"] ), and of the

amount of Me”” bound to the j-th site as a function of increasing biomass and at a fixed pH

value, [MeB] ],. Note that the values of K; and K,; found in this study for pH-edge and fixed-

pH metal complexation experiments are not directly comparable because K is a function of K,
Ks = Kn - Ky, (%)

where K, is the acidity constant of a specific functional group on the bacterial surface [28, 38].

However, because the acid/base properties of the studied soils are not known from surface-

titration experiments, the relationship between Ks and K, cannot be quantified.

2.3. Results and Discussion

2.3.1. DOC concentration in adsorption experiments

The dissolved organic carbon concentration in the experiments of the Zn adsorption onto
soils and bacteria is illustrated as a function of the pH in Figs. 2.1-2.3. The DOC concentration
in the bacterial experiments with 1 gyt L'P aureofaciens ranged from 9.7 to 15.2 and from 5.2
to 10.8 mg L™ for the EPS-rich and EPS-poor strains, respectively. A DOC concentration that
was factor of 1.5 higher in experiments with the EPS-rich cultures compared to the EPS-poor
cultures may be linked to the degradation and release of surface EPS layers, which is known to
be the main source of DOC in experiments with bacterial cells [43]. The increase in the [DOC]
with the pH increase at pH > 6 (Fig. 2.1) may be linked with the desorption of the notably

hydrophobic fractions [44, 45], whereas the [DOC] increase with the pH decrease at pH < 4
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suggests the degradation of both the cell surface EPS and partial leaching of the undelaying

organic layers.
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Fig. 2.1. Dissolved organic carbon during experiments of zinc adsorption on surface of
Pseudomonas aureofaciens as a function of pH. The biomass of bacteria is 1 gy L™.

In experiments with soil horizons, the [DOC] ranged from 2.2 to 20.0 and from 0.3 to 3.0
mg L™ for the humic (organic) and illuvial (mineral) horizons, respectively, as illustrated in Figs.
2.2 and 2.3. A systematic increase in the DOC with the pH rise is mostly due to the increase in
the solubility of the humic soil fulvic fractions in alkaline solutions [14]. This increase is
significantly higher in the organic-rich soil horizon, which exhibits a factor of 3 higher SOM
content than the illuvial horizon (Table 2.1). It is noteworthy that, despite the significantly lower
SSAggr of the organic horizon, the DOC release appears to be insensitive to the total surface area
available in the reaction because the latter is determined essentially by the soil clay minerals.

Finally, in experiments with both soils and bacteria, the DOC concentration is rather
similar to those in pure bacterial experiments and significantly higher than the [DOC] in
bacteria-free soil experiments. With the increase of the P. aureofaciens biomass from 0.1 to 1.0
Swet L'l, the DOC systematically increases, by a factor of 2.5 and 3.0 for the mineral and humic
horizons, respectively. This increase is 20% to 30% higher (statistically significant at p < 0.05)
for the EPS-rich strain than for the EPS-poor strain (Fig. 2.3).
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Fig. 2.2. Dissolved organic carbon during experiments of zinc adsorption on humic horizon and

. . . . . 1 .
surface of Pseudomonas aureofaciens as a function of pH. Soil concentration is 4 g4, L™ 1n all
experiments.
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Fig. 2.3. Dissolved organic carbon during experiments of zinc adsorption on illuvial horizon and
surface of Pseudomonas aureofaciens as a function of pH. Soil concentration is 4 ggry L in all
experiments.

2.3.2. Adsorption of zinc as a function of the pH
The pH-dependent Zn adsorption edges for humic and illuvial soil horizons are shown in
Fig. 2.4. The increase in the adsorption % starts at pH values below 3 for organic-rich soil and at

pH values above 4 for the mineral soil horizon. The maximal adsorption values of Zn, close to
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95%, are achieved at pH values of 4.7 and 7.7 for the organic and mineral horizons, respectively.
An increase in the pH is known to increase the total number of negative surface charges on both
the mineral and the organic components of soils, thus increasing the total adsorption capacity for
Zn [46, 47]. The observed difference in the adsorption edges between two soil horizons are
presumably linked to differences in the dissociation constants of the functional groups in the
humic components and at the mineral surfaces [2, 48]. The slow rise of the Zn adsorption curve
on the illuvial horizon may be linked to the competition between Zn*" and H or AP’ at pH < 5.3
to 5.5 [49, 50]. Note that, after achieving the maximal adsorption, a further rise in the pH induces
remobilization of Zn in solution and a decrease in the adsorption percentage, which is especially
pronounced for the humic horizon at pH values greater than 6.5 (Fig. 2.4). This can be explained
by Zn complexation with humic acids, as is also confirmed by the [DOC] increase at pH > 6
(Figs. 2 and 3) and can be adequately reproduced by LPM, assuming Zn complexation with

dissolved carboxylates (see Section 3.4 below).
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Fig. 2.4.Percentage of zinc adsorbed on soil as a function of the pH. Soil concentration is 4 ggry
L', and the initial Zn concentration is 0.06 mM. Lines represent the LPM model results with the
parameters listed in Table 2.3 (see Section 3.4 below).

Adsorption of Zn onto EPS-rich and ESP-poor P. aureofaciens cell surfaces as a function

of the pH is shown in Fig. 2.5. A very slow rise in the adsorption% with pH at pH values below

6 may be due to cell aggregation linked to surface-group protonation and a decrease in the
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electrostatic repulsion of the cells. The adsorption is slightly lower for the EPS-rich strain than
for the EPS-poor one. This difference is statistically significant (p < 0.05) only at pH above 8. It
is possible that the cell aggregation in a suspension increases with an increase in the EPS
concentration; as a result, there is a decrease in the cell surface area available for metal
adsorption, as is known for other metals on P. aureofaciens [28] and for other bacteria [43].
Another reason for the difference between the EPS-rich and EPS-poor strains is the
complexation of Zn*" with soluble EPS [51]. Because DOC, an indicator of the soluble EPS
concentration, in a suspension of the EPS-rich strain is significantly higher than that in the EPS-
poor strain (Fig. 2.1), such complexation is capable of decreasing the concentration of free Zn*"
available for adsorption onto cells [43].

100

& EPS-poor
@ EPS-rich

Fig. 2.5. Percentage of zinc adsorbed onto the surface of P. aureofaciens as a function of the pH.
The biomass of the bacteria is 1 gyt L'l, and the initial Zn concentration is 0.06 mM. Lines
represent the LPM model results.

The results of the Zn adsorption experiments in the presence of two adsorbents are
illustrated in Figs. 2.6 and 2.7. The general features of pH dependence remain the same as in the
abiotic systems. It can be seen that Zn is preferentially adsorbed by the soil surfaces rather than
by bacterial cells. The soil humic horizon experiment demonstrated the maximum of adsorption

(90-92%) at a pH value close to 7 at 0.1 gy« L™ of bacteria; this maximum is close to 85-86% at

a pH of 7.5-8.0 and 1 gue L™ of bacteria. This difference is statistically significant (p < 0.05).

33



For the illuvial horizon, the addition of bacteria does not significantly (at p < 0.05 level) modify

the maximal adsorption value.
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o 1 1 1
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Fig. 2.6. Percentage of zinc adsorbed onto the humic horizon of podzol soil and the surfaces of
P. aureofaciens as a function of the pH. The soil concentration is equal to 4 ggry L in all
experiments, and the initial Zn concentration is 0.06 mM. Lines represent the LPM model

results.
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Fig. 2.7. Percentage of zinc adsorbed onto the illuvial horizon of podzol soil and the surfaces of
P. aureofaciens as a function of the pH. The soil concentration is equal to 4 ggry L in all
experiments, and the initial Zn concentration is 0.06 mM. Lines represent the LPM model results

with parameters listed in Table 2.3.

The difference between soils and bacteria could be partially explained by Zn
complexation in solution by the EPS ligands (DOC) excreted by bacterial cells (cf. Fig. 2.2). The

DOC complexes Zn’'qq and thus decreases free Zn concentration available for adsorption.
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However, the sole effect of aqueous EPS cannot explain the decrease of Zn adsorption onto soils
in the presence of P. aureofaciens. The [DOC] increase in bacteria + soil system relative to soil
suspension is much higher for the illuvial horizon compared to the humic horizon (Figs. 2.3 and
2.2, respectively), yet the Zn adsorption decrease is the highest for organic soil horizon (compare

Figs. 2.6 and 2.7). These differences are statistically significant at p < 0.05.

2.3.3. Adsorption of zinc as a function of the zinc concentration in solution

The adsorption of zinc onto soil and the surface of bacteria was studied at a constant pH
6.9 £ 0.1, in the range of Zn concentrations from 0.076 mM to 0.76 mM. The soil concentration
in the experiments was maintained at 4 gqry L'l, and the biomass of the bacteria was 0.1 or 1 gyt
L. The Langmuir isotherm has been shown to be suitable for interpreting Zn adsorption studies
[52, 53]. It was used to describe the adsorption data according to Eqn. (6):

G " Ky - C
— max , 6
1 I+K, -c ©

where K is the Langmuir equilibrium (g mmol™) constant, and g is the maximum adsorption
capacity (mmol g"). This equation provided an adequate fit to the data with R* > 0.98; the
obtained langmuirian parameters (K; and quq) are listed in Table 2.2. Almost all of the
measured adsorption isotherms were classified as L-type (‘‘langmuirian’’) according to Giles et
al. [54]. The Giles system distinguishes four basic classes of isotherms, depending on the initial
slopes. For each group, there are several subgroups depending on the shape of the upper part of
the curve.

The ‘‘langmuirian’’ adsorption isotherms of Zn onto soils are illustrated in Fig. 2.8. The
adsorption curves were different between the two soils: the curve was nearly L2-type for the
humic horizons and intermediate between L1 and C1 Gilles-type for the illuvial horizon. The
maximum adsorption capacity qmax of the humic horizon was 1.5 times higher than that of the
illuvial horizon (Table 2.2). This is presumably linked to the high concentration of organic

compounds with various functional groups in the organic-rich (humic) soil horizon, capable of
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efficiently binding heavy metals [55-57]. Several researchers reported a decrease in the Zn
adsorption onto soils after the removal of SOM [10, 50]. In contrast, in the illuvial horizon, the
SOM may be physically and chemically immobilized onto the soil clays and protected by

mineral pore spaces and fine particles [58].
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Fig. 2.8. Zinc adsorbed onto soil as a function of the metal concentration in the solution at pH
6.9£0.1. Lines represent the LPM model results.

Table 2.2. Langmuir parameters (K; and ¢u.) computed from the experiments at various
aqueous zinc concentrations.

experiment K;, go-mmol’ qmax, mmol-g”
EPS-rich 0.003 0.196
EPS-poor 0.004 0.256
humic horizon 0.078 0.128
illuvial horizon 0.005 0.084
humic horizon + EPS-rich (0.1 gyet L']) 0.081 0.123
humic horizon + EPS-poor (0.1 gy L) 0.085 0.130
humic horizon + EPS-rich (1 gye L) 0.058 0.100
humic horizon + EPS-poor (1 gyet L) 0.062 0.125
illuvial horizon + EPS-rich (0.1 gy L) 0.004 0.046
illuvial horizon + EPS-poor (0.1 gye L™) 0.009 0.064
illuvial horizon + EPS-rich (1 gyet L']) 0.004 0.030
illuvial horizon + EPS-poor (1 gye L™) 0.007 0.038

Zinc adsorption on both the EPS-rich and EPS-poor bacteria surfaces presents similar
features for both strains, with L2-type adsorption isotherms (Fig. 2.9). Note however that the
EPS-rich strain demonstrates surface-site saturation at lower Zn concentrations in solution

compared to that of the EPS-poor strain. This difference between EPS-rich and EPS-poor strain

36



1s statistically significant (at p < 0.05) only for Zn concentration above 0.4-0.45 mM. The lower
adsorption onto the EPS-rich strain has also been reported for Cu [28], although in the latter
case, the difference between the two strains was much higher than that for the Zn in this study.
The different affinities of the bacterial cells for Zn and Cu suggest certain discrimination
mechanisms among metals and are presumably linked to the much higher toxicity of Cu
compared to Zn [cf., 59], as discussed below. The values of qmax for P. aureofaciens obtained in
this study (Table 2.2) are comparable with those obtained in experiments of Zn adsorption onto
aquatic plants [60—63] but lower than the adsorption parameters of Zn onto mosses [39, 64]. At
the same time, the maximal adsorption capacity of Zn onto bacteria at pH = 6.9 is a factor of 2
and 3 times higher than those on the humic and illuvial soil horizon, respectively. Note that this
difference becomes more than an order of magnitude higher after normalization of the adsorption

yield to the dry weight of the bacteria instead of the wet weight.
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Fig. 2.9. Zinc adsorbed onto the surface of P. aureofaciens as a function of the metal
concentration in the solution at pH 6.9+0.1. Lines represent the LPM model results.

Zn adsorption onto a mixture of the humic soil horizon and bacterial cells at a
concentration of 4 ggry L' and 1 gy L, respectively, yielded the maximal adsorption value of
0.10 mmol g” and 0.125 mmol g for the EPS-rich and EPS-poor strains, respectively (Table
2.2). The Zn adsorption isotherms on both the humic soil horizon and the EPS-rich P.

aureofaciens belong to the L4-type of the Giles classification (Fig. 2.10). The calculated values
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of K for these experiments are similar (p < 0.05) to those for Zn adsorption onto the humic soil
horizon without bacteria (Table 2.2). This suggests that, during the competition of active
adsorption centers for Zn, the soil centers are saturated first, followed by the saturation of the
bacterial-surface centers. The Zn adsorption isotherm onto soils in the presence of the EPS-poor
P. aureofaciens belongs to the transient L2—-L4 type. Due to the lower EPS content, this bacterial
strain blocks the soil surface centers to a smaller degree compared to the EPS-rich one.

The decrease in the bacterial concentration in the system slightly decreases the adsorption
parameters. For example, the m.x value for Zn onto the humic horizon with a bacterial
concentration of 0.1 gye L™ is slightly higher than that with a concentration of 1 gye L™ (0.123
and 0.143 mmol g for EPS-rich and EPS-poor, respectively, Table 2.2). Although this
difference is within the experimental scatter, it is still significant (p < 0.05). Presumably, in the
former case, due to the lower concentration of bacterial surface centers, the competition between
the different sorbents is weak. The adsorption isotherms for 0.1 gy L bacteria experiments

belong to the L2-type of Gilles (Fig. 2.10).
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Fig. 2.10. Zinc adsorbed onto the humic horizon of podzol and the surface of P. aureofaciens as
a function of the metal concentration in the solution at pH 6.94+0.1. Lines represent the LPM
model results.

The qmax values in the adsorption system with the illuvial soil horizon (4 gary L") and

bacteria (1 gwe L) are 0.046 and 0.064 mmol g’ for the EPS-rich and EPS-poor strains,
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respectively. The adsorption curves are similar for both strains and are L2-type. In contrast to the
humic horizon, during a bacterial concentration decrease in the mineral soil system, the Qmax
increased by a factor of 1.5-1.7. Overall, the adsorption of Zn onto the illuvial soil horizon is
much less sensitive to the presence of bacteria (Fig. 2.11) compared to the adsorption onto the
humic horizon (Fig. 2.10). This is confirmed by rigorous statistical analysis of the adsorption
curves. In the case of humic horizon, bacteria-free adsorption is significantly (p < 0.05) higher
than that in the biotic systems in the full range of studied Zn concentration. For the illuvial
horizon, the abiotic adsorption is significantly (p < 0.05) higher than that of 1 g L™ bacterial

experiments only at [Zn],q > 0.25 mM.
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Fig. 2.11. Zinc adsorbed onto the illuvial horizon of podzol and the surface of P. aureofaciens as

a function of the metal concentration in the solution at pH 6.94+0.1. Lines represent the LPM
model results.

2.3.4. Linear-programming modeling

The results of the LPM treatment of all of the experimental data are listed in Tables 2.3
and 2.4. There are significant differences in the thermodynamic parameters of the Zn adsorption
in different systems, and these differences are consistent with the empirical treatment of the

adsorption isotherms presented in the previous sections. Experiments on the Zn adsorption as a

39



function of the solution pH yielded the highest binding site number for the EPS-rich P.
aureofaciens (0.25 mmol g™, Table 2.3). In the bacteria-free system, the binding site number of
the humic soil horizon is 2.3 times higher than that of the illuvial horizon. The lowest pKs values
(Table 2.3), corresponding to the strongest Zn binding, were observed for the EPS-poor P.
aureofaciens (-1.2) and bacteria-free soils (-1.9 and -0.5 for the humic and illuvial horizons,
respectively). The presence of bacteria in the humic soil system does not significantly (p > 0.05)
change the total number of binding sites (from 2.11 - 107 to (1.8-2.16) - 10” mmol g") as it
increases the pKs value. The addition of 0.1 gy L"! bacteria to the illuvial soil increases the

binding site number from 0.91 - 102 to 2.16 - 10 - mmol g and it decreases the value of pKs.

Table 2.3. LPM parameters for zinc adsorption onto soils: bacteria and soil+bacteria mixtures as
a function of the pH.

type of experiments Binding sites-107, mmol g’ PKs
humic horizon 2.11 -1.9
illuvial horizon 0.91 -0.5
EPS-poor 0.10; 0.13; 0.90 -1.2;3.1; 5.0
EPS-rich 25 2.5
humic horizon + EPS-poor (0.1 gwe L) 2.16 0.6
humic horizon + EPS-rich (0.1 gye L™) 1.17 and 0.87 -0.5and 1.8
humic horizon + EPS-poor (I gyet L) 0.23; 0.35; 1.25 0.6;1.2; 1.7
humic horizon + EPS-rich (1 gyet L) 1.19; 0.39; 0.24 0.65;1.1;4.3
illuvial horizon + EPS-poor (0.1 gyer L) 2.05 and 0.12 1.0 and 0.8
illuvial horizon + EPS-rich (0.1 gy L) 0.73 and 1.37 -0.7 and 0.2
illuvial horizon + EPS-poor (1 Zyet L'l) 0.30 and 1.29 0.8 and 0.9
illuvial horizon +EPS-rich (1 gye L) 1.20 and 0.45 1.1and 1.6

The LPM results of the ‘‘langmuirian’’ adsorption experiments conducted at a constant
pH 0of 6.9 + 0.1 are listed in Table 2.4. The binding site number of Zn onto the humic horizon of
the soil is an order of magnitude higher than that onto the illuvial horizon and onto the surface of
the bacteria. An important result in full agreement with the previous observation is that in two-
component systems, the lower the bacteria concentration, the higher the total site number for Zn

adsorption.
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Table 2.4. LPM parameters for zinc adsorption as a function of the metal concentration in the

solution (“langmuirian” adsorption experiments).

type of experiments Binding sites, mmol g”' pKm
humic horizon 0.10 and 8.60 -0.01 and 2.10
illuvial horizon 0.01 and 0.17 1.10 and 4.90
EPS-poor 0.16 2.20 and 4.10

EPS-rich 0.05 and 0.54 6.60

humic horizon + EPS-poor (0.1 et L™

0.02; 0.10 and 9.0

-0.01; 2.10 and 4.90

humic horizon + EPS-rich (0.1 gyer L) 0.01 and 0.16 20.01 and 2.20
humic horizon + EPS-poor (1 gyet L) 0.04 and 12.0 0.75 and 4.80
humic horizon + EPS-rich (1 gyer L) 0.03 and 0.10 0.40 and 2.20

illuvial horizon + EPS-poor (0.1 Gyet L'l) 0.10 and 6.54 0.01 and 5.50

illuvial horizon + EPS-rich (0.1 gy L) 0.05 and 0.45 0.90 and 4.70
illuvial horizon + EPS-poor (1 gyet L™) 0.03 and 0.09 1.30 and 3.10
illuvial horizon +EPS-rich (1 gye L) 0.01 and 0.15 2 40 and 4.40

The lowest pKm values were obtained for the humic horizon in the bacteria-free system
and with 0.1 gy L™ of P. aureofaciens (pKm = -0.01), whereas the highest pKm values were
found for the ESP-rich strain (pKm = 6.6). The pKm values of the soil illuvial horizon and the
EPS-poor P. aureofaciens are rather similar (1.1, 4.9 and 2.2, 4.1, respectively). The presence of
bacteria (0.1 gwee L) in the illuvial soil system increases the binding site number and it
decreases the value of pKm. The addition of 1 gyt L bacteria does not significantly change the

total number of binding sites and increases the pKm value.

2.4. Conclusions

The experiments on the Zn adsorption onto podzol soil as a function of the pH
demonstrated a factor of 1.5 higher sorption capacity for the organic-rich (humic) horizon than
for the mineral (illuvial) horizon, presumably linked to the different complexation constants of
Zn with the organic and mineral surface functional groups. The Zn adsorption onto the EPS-poor
strain of the soil bacterium P. aureofaciens is insignificantly (p > 0.05) higher than that onto the
EPS-rich strain. However, compared to previous results for Cu [28], demonstrating a very strong
shielding of the P. aureofaciens cell surface sites by the EPS, we observe a much smaller

distinction between the EPS-rich and EPS-poor bacteria for Zn because the decrease in the Zn
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adsorption on the EPS-rich cultures does not exceed 10% to 20%. This difference in the cell
protection between Cu and Zn may be linked to (1) stronger complexation of Cu®" relative to
Zn”" by the surface sites of the EPS-free cells compared to the EPS-rich strain surface; (2) the
lack of an active physiological response of the cells to the presence of low Zn2+(aq)
concentrations; and/or (3) a much higher toxicity threshold for Zn compared to Cu.

The adsorption in the binary soil + bacteria systems exhibits rather conservative behavior
during the Zn interaction with the illuvial (mineral) soil horizons in the presence of both the
EPS-rich and EPS-poor cultures. In contrast, there is a non-additive effect of the Zn adsorption
decrease onto the organic-rich (humic) horizon in the presence of the bacteria. In other words,
whereas for the illuvial horizon, the presence of bacteria does not significantly modify the Zn
adsorption, the humic, organic-rich horizon exhibits almost a factor of 2 lower adsorption of Zn
in the presence of live P. aureofaciens. Among the two contrasting bacterial strains, the EPS-rich
cells are the most efficient ‘‘inhibitors’” of Zn adsorption onto soils.

We hypothesize that the main mechanisms of the decrease in the Zn adsorption onto the
soil in the presence of the EPS-rich bacteria is shielding/protection of the soil organic-rich
particles by the relatively inert EPS. For example, the adsorption of EPS onto soil particles may
lead to their aggregation, a decrease of the active surface area and, presumably, screening of the
active surface centers from the aqueous Zn" ions. Special transmission electron microscopy and
laser granulometry studies of soil-bacteria aggregates are necessary to confirm this mechanism.
It follows that the adsorption of bacterial EPS onto SOM particles of the humic horizon is higher
than the EPS adsorption onto mineral particles from the illuvial horizon. However, batch
adsorption experiments of bacterial EPS onto soil particles are necessary to quantify this
possibility.

An important practical conclusion of this study is that bacteria-free soil may adsorb two
times more Zn than soil systems with bacteria. For remediation strategies, abiotically treated

soils may be more efficient metal adsorbents than the native (untreated) soil systems.
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Chapter 3

Impact of heterotrophic bacterium Pseudomonas aureofaciens on the
release of major and trace elements from podzol soil into aqueous

solution

Chemical geology 410 (2015) 174-187
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The processes of weathering and soil formation affect the distribution of metals in the
soil liquid phase. There are a lot of mechanisms that control the release of elements in soil.
Bacteria can affect on these processes. Several studies have attempted to estimate the effects of
bacteria on soil minerals. However, due to the complexities of soil systems, evaluation the
mechanisms that control the release of elements in soil is a challenge. Thus, extensive studies on
different minerals dissolutions in the presence of bacteria cannot be directly applied to soil
environments.

This work aims to quantitatively assess the effects of microbial activity on the leaching of
elements from soil in aqueous solution. The main goal of the present study was to reveal the
dissolution patterns of major and trace elements for two representative horizons of podzol —

organic-rich (eluvial-humic) and mineral (illuvial) in the presence of live and dead bacteria.
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Abstract

The release of major and trace elements (TEs) from mineral and organic-rich podzol soil
horizons has been studied in batch reactors with live and dead soil heterotrophic Pseudomonas
aureofaciens bacteria and in bacteria-free systems. Dissolved organic carbon (DOC)
concentrations decreased and dissolved inorganic carbon concentrations increased over the
course of experiments with live bacteria due to on-going DOC mineralization processes. Several
families of major and trace elements could be distinguished, depending on their release patterns
in bacteria-free and live bacteria-bearing systems. Live bacteria enhanced the release of Mg, Rb,
Cd, Pb, Al, Fe and V from the mineral soil horizon and the release of Rb, Ni, Pb, As, Fe, V and
La from the organic soil horizon relative to bacteria-free soil or dead bacteria experiments.
Unexpectedly, K, Ca, Sr, Cu, Ti, Mn, Zn and As release from the mineral horizon and Mg, K,
Ca, Sr, Ba, Cr, Ti, Mn and Zn release from the organic horizon decreased in the presence of live
P. aureofaciens compared to bacteria-free and dead bacteria systems. Finally, live bacteria
exhibited no effect on the release of Si, Al, Cu and Mo from the humic horizon and Ni, Mo, Cr,

Ba, Si and La from the mineral horizon relative to the bacteria-free system. These results can be
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interpreted via a combination of several simultaneous processes, which occur in the soil-bacteria
suspension and lead to changes in TE speciation and affinities to mineral surfaces and bacteria
and include the following: 1) a slight decrease in the pH due to exometabolite production; 2)
degradation of DOC and TE organic complexes by heterotrophic bacteria; 3) element adsorption
at cell surfaces and biological uptake; and 4) element release from the soil mineral and organic
particles.

Compared to abiotic systems, the observed decreases in the concentrations of major
elements and many heavy metals that leach from the soil in the presence of bacteria have
important consequences regarding our understanding of the role of bacteria in element
mobilizations from soil to rivers. It follows that chemical weathering in both organic and mineral
horizons of podzol soil may not be strongly affected by heterotrophic bacterial activity; rather,
the solution pH and DOC levels may control the intensity of element mobilization. The aqueous
concentrations of many TEs (Fe, Al, La, Cr, Ni, Cd, Pb, Cu, and Rb) at the end of live-bacteria

experiments were comparable with reported compositions of interstitial podzol soil solutions.

Keywords: humic, mineral, soil, metal, bacteria, kinetics

3.1. Introduction

Among the factors controlling the intensities of chemical weathering in soils, solution
pH, pCO; and organic compounds produced during enzymatic degradation of vegetation litter or
the exometabolism of soil bacteria and roots are believed to be the most important (Barker et al.,
1997; Bennett et al., 2001). In contrast to our rather detailed knowledge regarding the effects of
various organic ligands on soil mineral dissolution kinetics, the roles of live bacteria on the
release of elements from soils, especially from organic-rich horizons, remain poorly understood.
The present work aims to quantitatively assess the effects of microbial activity on the leaching of

elements from contrasting soil horizons in aqueous solution. Several studies have attempted to
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quantify the effects of bacteria on rock dissolutions (Fein et al., 1999; Wu et al., 2007, 2008) as
well as on primary soil minerals (Lee and Fein, 2000; Pokrovsky et al., 2009; Shirokova et al.,
2012; Stockmann et al., 2012). However, due to the complexities of whole soil systems,
assessing the elementary mechanisms that control the release of elements in mineral — bacteria
systems remains a challenge. Thus, given the inherent complexities of these systems and various
reaction mechanisms involved in these interactions, extensive studies on alumosilicate (Barker et
al., 1997; Bennett et al., 2001), calcite (Friis et al., 2003; Liittge and Conrad, 2004; Davis et al.,
2007), apatite (Hutchens et al., 2006; Feng et al, 2011) and basalt (Sujith et al., 2014)
dissolutions in the presence of bacteria cannot be directly applied to soil environments.

The use of individual soil horizons with reference cultures of soil bacteria offers the
possibility of testing, for the first time, the direct effects of live and dead bacteria on the release
of major and trace elements from soil matrices. For this, we have chosen typical rhizospheric soil
bacterium Pseudomonas aureofaciens, which has been relatively well studied with respect to
metal adsorption and is known to produce exopolysaccharides (EPS), depending on the type of
substrate used for growth (Pokrovsky et al., 2008, 2009; Gonzalez et al., 2010). The working
hypothesis assumes that the presence of live bacteria will enhance the release of both nutrients
and indifferent major and trace elements from the soil to aqueous solutions based on
modifications to the environment (pH, DOC, nutrient request). Among the most important
factors controlling element release during biodegradation of oxyhydroxide-associated organic
matter (i.e., Eusterhues et al., 2014), one may anticipate pH and [DOC] changes together with
bacterial mineralization of soluble humic and fulvic compounds. The elements may be adsorbed
on the bacterial surface, intracellularly assimilated, and, in some cases, complexed by organic
ligands of bacterial metabolism (Ledin, 2000), the combination of which is likely to create a
complex pattern of element concentration dependence on time. The main goal of the present
study was to reveal the dissolution patterns of major and trace elements for two representative

horizons of boreal podzols — humic and mineral (illuvial) layers. Specifically, we aimed at
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quantifying the effects of live heterotrophic bacteria on major and TE release rates and soil-fluid
release ratios. Via rigorous comparisons of live, dead and bacteria-free soil systems, we were
able to demonstrate the relative importance of physico-chemical and biological factors on major
and TE release from the soil, and we foresee that the results obtained will enable quantitative
prediction of interstitial soil solution chemistry and soil mineral weathering intensity under

biological control.

3.2. Materials and methods

3.2.1. Soils, bacteria, experiments and analyses

Podzol soil samples of humic (surface) horizon and illuvial (mineral) horizon were
collected in the Northern Karelia, which is within the European boreal zone (N 66°18°, E
30°42°) from the catchment Vostochny (Ilina et al., 2014). The soils were air-dried and
autoclaved at 121 °C for 2 h prior to the experiment. The sterility of autoclaced soils was verified
by inoculation on nutrient agar; no detectable growth of bacteria was observed. The main
physical and chemical properties of soils considered in this study are presented in Table 3.1. The
organic carbon content of soils was determined using an Element Analyzer (Vario EL III). Major
and trace elements in soils were determined using ICP-MS (Agilent 7500ce series) after
complete acid digestion of the sample, as described elsewhere (Viers et al., 2013; Stepanova et
al., 2015).

The bacterial strain of soil aerobic gram-negative bacteria Pseudomonas aureofaciens
CNMN PsB-03 was obtained from the laboratory of Plant Mineral Nutrition and Hydric Regime
(Institute of Plant Genetics and Physiology, Moldovan Academy of Sciences, Chisinau,
Moldova). The specific strain was isolated from soybean root-adhering (rhizospheric) temperate
soil for its ability to produce large amounts of gel-forming exopolysaccharide (EPS) on a

sucrose-peptone (SP) medium (Emnova et al., 2005). This bacterial strain was selected due to its
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model and well-known surface properties in terms of its interactions with heavy metals and
minerals (Pokrovsky et al., 2008, 2009; 2012a).

Cultivation was performed at 25°C for 72 h in liquid SP media (sucrose—peptone
solution, pH 7.0), thus promoting rich EPS synthesis (Gonzalez et al., 2010), with continuous
shaking until the stationary growth phase. Investigations of soil — bacteria — aqueous solution
interactions were conducted using rinsed bacterial biomass, which was produced by repeated
centrifugation (4 times) in an inert electrolyte solution of 0.01 M NaNOs. Note that the EPS
synthesis by P. aureofaciens is significantly smaller in the absence of sucrose-peptone media
used in the experiments. Live cell numbering was performed via nutrient agar-plate culturing in
triplicates with an average uncertainty of 20%. Dead bacteria biomass was produced by
autoclaving rinsed cells at 121°C for 20 min. According to optical observations using immersion
microscope, this treatment did not cause significant cell damages and lysis; the cell walls
remained intact although the amount of the EPS attached to the cell surface decreased
significantly.

Kinetic soil-leaching experiments were conducted at 23 + 2°C in continuously agitated
aqueous suspensions of 0.005 M NaNO; + soil + bacteria. To avoid any complexation of released
metals with solution constituents, no buffer was used. As such, the bacteria were alive during the
biotic experiments, but no significant growth could occur. The soil concentration in the
experiments was 1 gqry L, and the biomass of bacteria was 1 gye L™'. Aliquots of the vigorously
shaken suspension were collected after 1, 24, 48, 72, 96, 120, 144 and 168 h and then centrifuged
at 4500g, and the resulting supernatant was filtered through a 0.45-pm acetate cellulose filter,
acidified with bi-distilled HNO; and stored in the refrigerator until analysis. Live, freshly
harvested cells and dead (autoclaved) bacteria were used in the experiments. Each experiment
was run in triplicate. All filtered solutions were analyzed for aqueous metal concentration using
ICP-MS (Agilent 7500ce series) with a detection limit of 0.001 pg L™ and a precision of + 5%.

Dissolved organic and inorganic carbon (DOC and DIC) concentrations in non-acidified filtered
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solution were measured using a Carbon Total Analyzer (Shimadzu TOC-6000) with an
uncertainty of 3% and a detection limit of 0.1 mg L™

Note that suspension of soils with bacteria used in this study is not capable to mimic
directly soil/bacterial interactions in real systems because the normal mode of bacterial life in
such systems is the biofilm. However, via simplifying the mode of bacteria-soil interaction, we
could identify the patterns of element release and to test biological and physico-chemical rate-
controlling factors. For this and in order to increase the resolution, one has to use high fluid/soil
ratio most sensitive to fine changes in the fluid composition in response to dissolution of soil

grains, element desorption and organic colloids degradation.

3.2.2. Data treatment and statistics

The scheme of conducted experiments is illustrated in Fig. 3.1A. Three main types of
experiments included two different soil horizons with live bacteria, with dead bacteria and
without bacteria, each in triplicates. The replicate-averaged concentration as a function of time
was corrected for element concentration in the control experiments. For this, two types of
bacterial control experiments were performed: live bacteria without soil and dead bacteria
without soil. Bacteria-free experiment with soil was corrected for element concentration in the
background electrolyte.

Because soil is a complex mixture of mineral and organic phases, different TEs may
reside in different pools, and the same element may be present in several mineral and organic
compounds. Therefore, multiple sources are capable of releasing TEs into aqueous solution. The
linear model of first-order reactions provides information with physicochemical meaning and
allows us to fit the kinetic data. This model assumes that there are multiple and simultaneous
first-order reactions, the rates of which are independent of each other (Baranimotlagh and

Gholami, 2013). This is compatible with multicomponent systems like soil, the constituents of
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which (minerals, organic matter (OM) debris, humic and fulvic compounds etc.) dissolve in
solution independently, each with its own dissolution rate:

Q=kt+b, (1)
where Q are the amounts of metals released from the soil into the solution at time ¢, k is the
pseudo first-order rate constant normalized to the soil mass, and b is the initial mass of trace

metal present at the first contact of soil with aqueous solution.

A 1 8yetl™* of biomass, 1 g, L soil, 0.005 M NaNO,
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Fig. 3.1. Scheme of experiments performed in this study (A) and experimental live bacterial cell
densities as a function of time (B).

The steady-state release ratios of major and trace elements (TEs) between the aqueous
solution and the soil is calculated as Rz = [TE]slution/[TE]soi, Where [TE]sowmtion Was the
concentration of an element released into solution , and [ TE]si, the concentration of this element
in the whole soil sample. This element release ratio (Rg, e.g. Shibata et al., 2006) is thus defined

from at least two last data points from six independent experiments corresponding to the pseudo-

56



equilibrium of soil with an aqueous solution (flattening of the [TE] dependence on elapsed time).
This pseudo-equilibrium was assumed to exist if the difference between two last data points was
smaller than the experimental reproducibility of their triplicates (2 s.d.).

We used the geochemical program Visual MINTEQ (Gustafsson, 1999), version 3.1
(October 2014), in conjunction with a database and the NICA-Donnan humic ion binding model
(Benedetti et al., 1995; Milne et al., 2003) to calculate the speciation of dissolved metals and
saturation state of solution with respect to solid phases. Elemental-concentration evolution with
time was analyzed using best-fit functions based on the least squares method, Pearson correlation
and one-way ANOVA with STATISTICA version 8 software (StatSoft Inc., Tulsa, OK).
Statistical treatment of the data also included the use of Microsoft Excel for calculating the
average (2 s.d.) of three replicate experiments. Regressions and power functions were used to
examine the relationships between elemental concentrations and elapsed time. Correlation
coefficients were calculated to elucidate the relationships between the different components of
the aqueous solution during the experiment and between aqueous concentrations of elements

over time.

3.3. Results

3.3.1. Bacteria, pH, DOC and DIC concentration

The live cell concentration was routinely followed in the course of experiments with live
and dead bacteria in the presence of soils but also in soil-free system. Over ~170 h of exposure,
live bacteria numbers ranged from 1.75-10° to 2.25-10° and from 1.5-10° to 2.0-10° CFU/mL for
experiments with humic and illuvial horizons, respectively (Fig. 3.1B). It can be seen that the
concentration slightly increased in the presence of soil, and that humic horizon was more
beneficial for bacterial growth and maintenance than the mineral horizon. Therefore, the cells
remained alive capable producing and consuming dissolved organic matter. In addition to live

cell count by agar plate technique, during each sampling, cell concentrations in the suspensions
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were monitored spectrophotometrically using a 1-cm quartz cell and a wavelength of 600 nm.
The variations of the optical densities of the suspensions and, consequently, the biomass of the
bacteria, were within +10% during the experiment. Examination by optical immersion
microscope of the bacterial suspension at the end of each experiment demonstrated that the cells
remained intact and without deformation.

All experiments with humic soil horizons yielded lower pH values lower than
experiments with illuvial (mineral) horizons (Fig. 3.2). Bacteria-free and dead-bacteria
experiments exhibited small pH changes over time, producing, during 160 h of reactions, an
increase of 0.24 and 0.3 units, respectively (Fig. 3.2). In contrast, live bacteria produced a
gradual decrease in pH up to 0.7 and 0.6 over the course of experiments in humic and mineral
soil horizons, respectively. In soil-free system experiments with live bacteria, the drift was
between 1.5 and 2 pH units and is most likely linked to the production of acidic exometabolites
by live cells (Wu et al., 2006). During the experiments with soils, pH values remained in the
circumneutral range (5.5 to 6.5), similar to the values obtained in cell cultures, making cell lysis

unlikely (e.g., Ngwenya et al., 2003; Ngwenya, 2007).
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Fig. 3.2. pH values measured during experiments with humic (A) and illuvial (B) soil horizons.
The soil concentration is equal to 1 ggry L', and the biomass of bacteria is 1 gye L™. The legend
abbreviation here and in the figures below is as follows: open diamonds, -B: bacteria-free
conditions; green squares, +B: live bacteria conditions; and black squares, +B: dead bacteria
conditions. The error bars correspond to 2 s.d. of 3 replicates and the lines are for guiding
purposes.
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Fig. 3.3 shows the DOC concentrations determined in soil-bacteria experiments as a
function of elapsed time. The concentrations were systematically higher in experiments with live
and dead bacteria compared to bacteria-free soil systems. In the latter case, DOC concentrations
were approximately double in organic soil horizons compared to mineral soil horizons. DOC
concentrations increased with time in abiotic experiments. This may be related to humic and
fulvic acid leaching from soil grains. DOC variations in experiments with dead bacteria were
small (within 10%). For both soil horizons, the most significant evolution of DOC occurred in
the presence of live bacteria. During the first 24 h of each experiment, there was a 10-25%
increase in DOC, an observation that is presumably linked to EPS and other exometabolites
produced by live cells. This increase was followed by a decrease in DOC over time,
corresponding to heterotrophic consumption of soluble organic matter (i.e., Asmala et al., 2014).
Some adsorption of bacterial lysis products and EPS on soil grains cannot be excluded, given the

weak decrease in DOC that also occurs in experiments with dead bacteria.
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Fig. 3.3. Dissolved Organic Carbon measured during experiments with humic (A) and illuvial
(B) soil horizons. The experimental conditions and legend abbreviation are the same as in Fig.
3.2.

Dissolved inorganic carbon (DIC) remained constant for both bacteria-free and dead-

bacteria abiotic experiments (Fig. ESM-1). In live cells, there were notable increases in DIC (by

a factor of 1.5) during the course of each experiment, which corresponds to cell respiration of
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dissolved OM and intracellular organic stocks. Note that the redox measurements of mixed,
aerated live cell suspension with submerged O, sensor always demonstrated 90+10% O,

saturation at ambient temperature.

3.3.2. Released concentrations as a function of time and element classification

Control experiments (live bacteria or dead bacteria in 0.005 M NaNOs; without soil) did
not show any significant evolution of all TE concentration as a function of time (relative
variations are within +£10%). Compared to experiments with soil, corrections for element release
in control experiments did not exceed 20% for all major and trace elements discussed below.
Elements that required more than 30% correction of their concentration in soil experiments
relative to the control and elements that exhibited more than 30% relative variation in the control
experiments in the course of time are not presented in this study. In all the graphs shown below
the concentration of an element at each sampling time represents the difference between its
concentration in soil-bearing experiments and its concentration in the control (soil-free, bacteria-
bearing experiments or the background electrolyte).

Analysis of element concentration released as a function of elapsed time demonstrated a
common shape of dependencies for most elements: an initial, fast or steady release followed by
attenuation (flattening) of the curve [TE] — time (Figs. 3.5-3.12, ESM 2-13). This pattern
strongly suggests an initial release that comprised desorption from the soil surface and
dissolution of the bulk of soil particles followed by achievement of some stable, steady-state
concentration corresponding to a pseudo-equilibrium. The exceptions from this general pattern
were Si in both soils for all treatments (Fig. 3.4), Ni, P, Fe, Al, Cd and Pb in humic soil with live
bacteria (Fig. 3.8 - 11, ESM-8). For these experiments, no apparent Rr value could be proposed,
although the release rate of all elements was quantified.

The concentrations of most elements were higher in the mineral horizon compared to the

organic horizon of podzol soil. Indeed, the majority of metal (Fe, Al) oxyhydroxides are known
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to accumulate in the mineral horizon, thereby increasing the concentrations of other trace
elements in adsorbed or co-precipitated forms. Depending on their release pattern in bacteria-free
and live bacteria systems, several families of major and trace elements could be distinguished.
Live bacteria enhanced Mg, Rb, Cd, Pb, Al, Fe and V release from the mineral soil horizon and
Rb, Ni, Pb, As, Fe, V and La release from the organic soil horizon. Decreases in release were
observed in the presence of live P. aureofaciens compared to bacteria-free and dead-bacteria
systems for K, Ca, Sr, Cu, Ti, Mn, Zn and As from the mineral horizon and Mg, K, Ca, Sr, Ba,
Cr, Ti, Mn and Zn from the organic horizon. Finally, live bacteria exhibited no effects on Si, Al,
Cu and Mo release from the humic horizon and Ni, Mo, Cr, Ba, Fe, Si and La from the mineral
horizon. The sections below describe element behavior during soil — bacteria interaction for 4
dominant families of major and trace elements. These elements are distinguished by their 1)
physico-chemical properties in aqueous solutions, determining their speciation and degree of
complexation with organic ligands, originated from soil humus or cell metabolism; i1) affinity to
live cells and 1iii) association with organo-mineral colloids. Silica and alkaline-earth metals are
present in inorganic forms (neutral molecule and cations) and unlikely to be affected by organic
matter complexation or cellular uptake; divalent metals may act as micronutrients (Cu, Mn, Zn,
Ni) or toxicants (Cd, Pb); oxyanions and P were present as essentially inorganic species; and
finally, trivalent and tetravalent hydrolysates exhibited high affinity to organo-ferric, organo-
aluminum non-bioavailable colloids.

3.3.2.1. Silica and alkaline/alkaline-earth elements (Si, Mg. K. Ca, Sr, Ba, Rb)

Compared to abiotic systems, the presence of live bacteria did not significantly modify
the release rates of Si in both soil horizons (Fig. 3.4 and Table 3.2). Given the intrinsic scatter of
the data and uncertainties of the replicates, the differences observed between the biotic and
abiotic treatments are within the limit of experimental resolution and not statistically significant

(p > 0.05).
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Table 3.2. Steady-state Rz values measured at the end of experiments and pseudo first-order rate
constant (k, pg L™ h™ g™, Eqn. 1) for the model fit to the data.

humic horizon illuvial horizon
Rz*10° k Ry *10° k
-B 9.76 0.21 5.45 0.22
Mg +Blive 6.49 0.06 19.7 0.30
+B dead 6.04 N.D. 0.79 N.D.
-B 431 0.35 7.41 0.63
K +B live N.A. 1.05 20.9 0.64
+B dead 8.8 0.38 6.00 0.001
-B 12.5 0.47 11.0 0.51
Ca +Blive -32.6 -0.55 14.6 0.40
+B dead 71.2 0.30 -5.05 -0.12
-B 4.38 0.001 9.89 0.003
Rb +Blive 11.4 0.003 31.3 0.01
+B dead 3.79 N.D. 1.81 N.D.
-B 9.51 0.007 11.2 0.005
Sr +B live 8.61 0.002 9.54 0.001
+B dead 7.35 N.D. 8.83 0.0005
-B 4.57 0.012 7.49 0.02
Ba +Blive 0.39 0.002 209 0.02
+B dead 0.31 N.D. 1.18 N.D.
-B N.A. 0.42 14.8 5.22
Al +B live N.A. 0.59 20.8 6.86
+B dead 0.15 N.D. 0.82 0.10
-B N.A. 2.36 N.A. 3.09
Si +B live N.A. 2.91 N.A. 4.28
+Bdead N.A. 2.00 N.A. 3.18
-B 123 0.02 17.5 0.03
P +B live N.A. 1.97 -469 -0.05
+B dead 143 0.04 59.5 N.D.
-B 0.29 0.0002 0.22 0.0001
As +B live 0.96 0.0004 0.24 0.00001
+B dead 0.19 N.D. 0.12 0.0001
-B 1.84 0.02 0.13 0.001
Ti +B live 2.21 0.007 0.13 0.001
+B dead 0.2 0.002 0.16 0.001
-B 4.25 0.001 1.57 0.0003
A% +B live 19.2 0.003 26.7 0.01
+B dead -3.77 N.D. -1.12 N.D.
-B 5.51 0.001 11.1 0.003
Cr +Blive N.A. 0.001 12.3 0.004
+B dead 5.49 N.D. 4.81 N.D.
-B 8.12 0.006 11.4 0.01
Mn +Blive 2.19 0.002 4.22 0.004
+B dead 2.96 0.001 1.46 N.D.
-B 1.06 0.11 18.9 2.62
Fe +B live N.A. 0.71 26.9 3.99
+B dead 0.01 N.D. 0.02 N.D.
-B 12.1 0.0007 16.1 0.002
Ni +B live 92.2 0.005 47.1 0.005
+B dead 3.57 0.0002 593 0.00008
-B 150 0.001 118 0.003
Cu +Blive 74.9 0.0005 157 0.002
+B dead 47.2 N.D. 20.7 N.D.
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humic horizon

illuvial horizon

Rz*10° k Rr *10° k
-B 40,6 0.003 34,8 0.005
Zn +Blive 555 0.001 26.0 0.002
+Bdead  33.0 0.001 11.7 0.0007
-B 682 0.0002 134 0.0002
Mo +Blive 4882  0.0003 51.8 0.0002
+Bdead 951 0.0002 16.8 0.00003
-B 31.0  0.00001 238 0.0001
Cd +Blive 124 0.00005 898 0.0005
+Bdead -2.43 N.D. 18.6 N.D.
-B 3.03 0.0002 2.35 0.0001
Pb +Blive N.A. 0.004 16.5 0.0006
+Bdead 0.14 N.D. 2.95 N.D.
-B 3.80 0.0001 15.9 0.001
La +Blive  60.7 0.0005 39.7 0.001
+Bdead 1.77 N.D. 0.42 N.D.

N.D. <0.000001. Negative values indicate that the concentration of element
decreased, not increase during the experiment. N.A. for Rz means the lack of
steady-state concentration at the end of experiment.
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Fig. 3.4. Concentration of Si measured during experiments in humic (A) and illuvial (B)
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2. Here
and in all figures below, measured element concentrations in “+B live” and “+B dead” series
were corrected for the amount of element released from live or dead bacteria in control

experiments (see Fig. 3.1).

Addition of live bacteria decreased release rates of Mg and Ca from the humic horizon,

whereas releases in mineral soil remained virtually the same in live-bacteria and bacteria-free

experiments (Figs. 3.5 and 3.6, respectively), consistent with apparent kinetic constants (Table
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3.2). Experiments using the humic soil horizon demonstrated a decrease in Ca concentration with

time in the presence of live bacteria (Fig. 3.6 A).

A | 100
o-B
m +B live
@ +B dead
75
i
o
=
s 50
=
o
=

0 50 100 150
hours

200

B 100

75

[Mg]aq, pg L

25

50

o-B
| +B live
® +B dead

.

50

100 150
hours

200

Fig. 3.5. Concentration of Mg measured during experiments with humic (A) and illuvial (B) soil

horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.
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Fig. 3.6. Concentration of Ca measured during experiments with humic (A) and illuvial (B) soil

horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.

Sr and Ba exhibited generally similar behaviors, with bacteria-free systems exhibiting

maximal rates and release ratios (Fig. ESM-2, 3). An exception was Ba in the mineral horizon,

where the rates were similar between bacteria-free and live bacteria treatments (Fig. ESM-3 B).

Note that, according to vMinteq calculation, solutions were strongly undersaturated with respect

to alkaline earth carbonates. In all treatments (except dead bacteria in the mineral horizon),

potassium concentrations increased over time, with live-bacteria experiments in humic soil
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exhibiting the highest release rate constants and Ry values. Live bacteria enhanced K release
from organic soil relative to control but had no significant effect on K release in the mineral
horizon relative to bacteria-free soil (Fig. ESM-4, Table 3.2). Rubidium behavior followed that
of K in humic horizon but contrasted with K behavior in mineral horizon, with the former
showing rate-constant increases, by factors of 3 to 4, in live-bacteria treatments compared to
bacteria-free experiments (Fig. ESM-5).

3.3.2.2. Divalent heavy metals (Cu, Mn, Zn. Ni, Cd, Pb)

Over the course of experiments in bacteria-free systems, Cu concentrations increased by
factors of 2.9 and 2.5 for organic and mineral soil horizons, respectively (Fig. 3.7); the
correlation coefficient between [Cul,q and [DOC] was as high as 0.94-0.97. Note that bacteria-
free soil suspensions demonstrated highly constant pH in the course of experiment (Fig. 3.2),
whereas Cu concentration was systematically increasing in these treatments. It follows that the

pH evolution in the course of experiment does not control Cu release from soil particles.
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Fig. 3.7. Concentration of Cu measured during experiments with humic (A) and illuvial (B) soil
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.

The presence of live bacteria did not change appreciably the rate constant in either soil
horizon and decreased the concentrations relative to bacteria-free treatments in the mineral soil
horizon, whereas release ratios were 1.5 to 2 times lower in live-bacteria versus bacteria-free

treatments (Table 3.2). We observed quite similar bacterial influences on the concentration
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patterns of Mn and Zn in solution: both rate constants and release ratios adhered to the following
order: dead bacteria < live bacteria < bacteria-free system (Fig. ESM-6, 7).

The evolution of Ni in experiments yielded values of kqpparen: and Ry that were factors of
~8 and ~3 higher in live-bacteria compared to bacteria-free experiments for humic and mineral
soil horizons, respectively (Fig. 3.8). The behavior of Cd was similar to that of Ni, with the
highest concentrations and release rates observed for experiments with live bacteria, in which

kapparens and Ry values were increased by a factor of ~4 for both soil horizons (Fig. ESM-8).
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Fig. 3.8. Concentration of Ni measured during experiments with humic (A) and illuvial (B) soil
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.

The most pronounced effect of live bacteria was on the Pb release rate, for which the
kapparent 18 18 and 6 times higher in live-bacteria compared to bacteria-free experiments for humic
and mineral soil horizons, respectively (Table 3.2). The maximal effect of live bacteria on Pb
release was observed in the organic-rich soil horizon (Fig. 3.9). It can be seen that, while for
dead and bacteria-free system, Pb concentration remains quasi constant for both soils, live
bacteria enhance significantly Pb release from soils. Live bacteria increased release ratios

(calculated after 100h of experiment) by factors of 34 and 7 for humic and mineral horizons,

respectively.
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Fig. 3.9. Concentration of Pb measured during experiments with humic (A) and illuvial (B) soil
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.

3.3.2.3. Phosphorus and oxyanions

A strong increase in the phosphorus release rate was observed for the humic horizon in
the presence of live P. aureofaciens relative to abiotic treatment. In contrast, the phosphorus
concentration decreased with time in bacterial experiments involving mineral soil (Fig. 3.10).
Note that this decrease occurred at P concentrations that were an order of magnitude lower than

those obtained in humic horizons.
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Fig. 3.10. Concentration of P measured during experiments with humic (A) and illuvial (B) soil
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.

The presence of live bacteria enhanced both the release rate constants and release ratio of
Mo between aqueous solution and humic soil horizons by factors of 1.5 and 2.0, respectively.
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Relative to abiotic experiments, the presence of live bacteria did not modify the rate constant or
Rr of molybdenum in illuvial horizons (Fig. ESM-9, Table 3.2). In contrast to Mo, V release was
strongly enhanced in the presence of live bacteria relative to bacteria-free systems, exhibiting
increases by factors of 3 and 30 for humic and illuvial soil horizons, respectively (Fig. ESM-10,
Table 3.2). Arsenic exhibited rates and concentrations that were 2-times higher in live bacteria
relative to bacteria-free experiments in humic soil horizons (Fig. ESM-11A). Meanwhile,
mineral soil horizons yielded the lowest As release rates in bacterial experiments (Fig. ESM-
11B).

3.3.2.4. Trivalent and tetravalent hydrolysates

The presence of live bacteria enhanced both the release rate constants and release ratios
(between aqueous solution and soil) of Fe by factors of 7 and 1.4 for humic and mineral

horizons, respectively (Fig. 3.11).
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Fig. 3.11. Concentration of Fe measured during experiments with humic (A) and illuvial (B) soil
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.
Lanthanum followed the pattern of Fe, demonstrating a significant impact (a factor of
~15) of bacteria in the humic horizon and a much lower effect (a factor of 2.5) in the mineral
horizon (Fig. ESM-12). This behavior is in contrast to the behavior of Al, which showed only
30-40% higher release rates and Ry values in live-bacteria compared to bacteria-free systems for

both soil horizons (Fig. 3.12). Live bacteria also had a low impact on Ti, as its concentration
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pattern produced the following order of release ratios and apparent rate constants for both soil
horizons: dead bacteria < live bacteria < bacteria-free systems (Fig. ESM-13).
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Fig. 3.12. Concentration of Al measured during experiments with humic (A) and illuvial (B) soil
horizons. The experimental conditions and legend abbreviation are the same as in Fig. 3.2.

The histogram in Fig. 3.13 illustrates the order of the elements’ release ratios (Rg)
between aqueous solution after 160 hrs of reaction and initial soil in the presence of live bacteria.
The highest enrichment of solution with respect to both soil horizons was observed for divalent
metals Cu, Pb, Ni, Zn, Cd and Mo, whereas Si, Al, Ti, Sr, Ba, As and Mn exhibited the lowest

mobility in organic-rich horizons.
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Fig. 3.13. Apparent release ratio of element between aqueous solution and soil in experiments
with live bacteria.
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To gauge the degree of bacterial effects on rates of element release, we calculated the
ratio of the kinetic constant (Eqn. (1)) obtained in the presence of live bacteria to the kinetic
constant obtained in experiments without bacteria (Fig. 3.14). For the humic soil horizon,
enhancements observed in the presence of live bacteria increased in the following order: Mo <
As< Rb< K <V <C(Cd < La < Fe <Ni < Pb < P. For the mineral horizon, this order was as
follows: Mg < Ni < Rb < Cd < Pb. The inhibiting effect of live bacteria on element release from
the humic soil horizon followed the following order: Ca<Ba <Sr<Mg<Mn<Ti<Zn<Cu<
Cr < Si < Al For the mineral horizon, the inhibiting effect of live bacteria was as follows: As <
Sr < Mn < Zn < Cu < Ca, whereas the release rates of Ba, Ti, Cr, Si, Al, K, Fe, Mo, P and La

were not affected by the presence of live bacteria.
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Fig. 3.14. The ratio of kinetic constant in the presence of live bacteria to that in bacteria-free

experiments.

3.4. Discussion

3.4.1. Processes controlling element release during soil interactions with aqueous solutions
Analyses of element group behavior in the course of experiments presented in Section 3.2

followed the basic physico-chemical properties of major and trace elements, their affinity to

organic complexes, colloids, and bacterial cells. However there was no consistent concentration

evolution within each group, and between organic and mineral soil horizons. Some elements of
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the same group exhibited significant response to live bacteria presence and other were indifferent
to the presence of bacteria (Figs. 3.13 and 3.14). The element concentration in the fluid phase at
time t reflects the competition between the initial concentration of this element at the beginning
of experiment, the release flux of this element from soil (Frejease soit) and bacterial cells (Frejease
celis), and the removal of this element in the bacterially adsorbed and assimilated forms (Fuptake
cells) according to:
[M]i = [M]o + Frelease soil T Fretease celts = Fuptake cells (2)
However, both the sign and the magnitude of the fluxes change during bacterial growth,
following the depletion of the pool of available element in soil, change the physiological
requirements of bacteria and cell surface adsorption capacity and modification of the element
bioavailability due to the change of its speciation in solution, from allochthonous (humic)
complexes at the beginning to autocthonous cell exometabolites and EPS at the end of exposure.
The fluxes given in Eq. (2) can be determined in binary systems consisting of filtered (< 0.45
um) cell exometabolites with soils (Freease soit) OF sterile filtered leachates of soil with live and
inactivated cells (Fuptake celts and Frelease cels, respectively). However, investigating such binary
systems was beyond the scope of this study. Below we discuss the effect of pH (and metal
speciation), metal complexation/association with DOM and metal adsorption onto cell surface
and intracellular assimilation by bacteria as the main factors controlling two counterbalanced
fluxes in the system bacteria—soil-DOM-aqueous solution.

3.4.1.1. pH changes during the experiment and various pools of metals in soils

Changes in pH during biotic and abiotic experiments naturally constitute the primary
parameter of element dissolution control. The initial pH of all experiments stem from the balance
between the initial acidity of soil (pHimmersion = 5.5 and 6.0 for humic and illuvial horizon,
respectively, Table 3.1) and the buffering capacity of initial live bacterial suspension (~ 7.0, Fig.
3.2). The pH of bacterial suspension without soil decreased by approx. 2 pH units at the end of

experiment, reflecting bacterial metabolism as also follows from the DIC production (Fig. ESM-
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1). Note that the pH values for different experiments on the same soil horizon are converging at
the end of the experiment (see Fig. 3.2), probably demonstrating the drift towards some buffering
value of the soil.

The effects of solution pH on element release rates may be linked to 1) chemical
speciation of metals in solution, namely the competition between Me-OM complexes and metal
hydrolysis, 2) pH-dependence of soil humates’ dissolution rates, 3) pH dependence of soil
minerals’ dissolution rates and 4) TE adsorption on bacterial surfaces and metal desorption from
soil particles. These effects can be probed by comparing the dissolution patterns of various
cations, for example, AI’" versus Fe’". The effect of live P. aureofaciens on metal release from
humic soil is more pronounced for Fe than for Al (compare Figs. 3.11 A and 3.12 A). At the pH
of our experiments with live bacteria (6 to 7), inorganic Al was present in the form of AI(OH);
and AI(OH)4 and in the absence of DOM would be strongly supersaturated with respect to
Al(OH); (solid) as follows from MINTEQ calculation (not shown). Despite decreased pH in the
presence of live bacteria (cf. Fig. 3.2), which would further decrease Al hydroxide solubility, the
Al concentration increased with time, presumably due to complexation with aqueous organic
ligands. This is confirmed by vMINTEQ calculations showing that > 99% of Al was present as
organic complexes. Note that, while the Al concentration in the mineral horizon is only 20%
higher than that in the organic horizon (Table 3.1), Al release from the mineral soil horizon with
and without live bacteria is an order of magnitude greater in the former compared to the latter
(Fig. 3.12). Because DOC levels were rather similar between the two soil horizons (Fig. 3.3), we
hypothesized that 1) the organic pool of Al in soil is much less reactive than the mineral pool of
Al or that 2) the most leachable (reactive) fraction of this metal has already been removed from
the surface horizon but is still preserved in the deeper (mineral) horizon. The weak effects of live
bacteria on Al release rates indicate that bacteria are unable to significantly attack neither the
mineral (alumosilicate or Al hydroxide) nor organic (Al humates) pool of Al in soils (Fig. 3.12).

While the dissolution rates of Al humates, fulvates, and amorphous organic-rich Al allophones
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are virtually unknown, the dissolution rates of a majority of aluminosilicates exhibit weak pH-
dependence from 4.5 < pH < 7.5 (Schott et al., 2009), which are the pH conditions under which
the experiments herein were performed. As such, the effect of pH change on metal release rates
from main soil minerals at the conditions of our experiments is not significant. In contrast, the
significant effect of P. aureofaciens on Fe mobilization from both humic and mineral horizons
may be linked to the metabolism of this bacterium (Emnova et al., 2007). The most likely
mechanism of this mobilization is siderophores complexation of Fe’, well known for
mobilization of Fe into aqueous solution from Fe oxides (Kraemer, 2004).

When significantly more acidic pH conditions were employed in experiments with dead
bacteria (< 5 in the humic horizon and 5-5.5 in the mineral horizon), metal complexation with
DOM was prevented compared to biotic and bacteria-free (6 to 7) experiments. This observation
may partially explain the significantly smaller release rates of metals observed under these
experimental conditions. Above pH 6, the pH itself was unlikely to control element release rates:
when the pH was reduced in experiments with live bacteria in the mineral horizon, the
concentrations of many elements, including those that did not complex with DOM (such as Rb),
increased.

The difference in the initial pH value, metal concentration and status of bacteria created,
for some major (Mg, Ca, P, K) and trace (Cu, Pb, Sr, Ba, Mn, Zn, Cd) elements significant offset
in the initial element concentration. Although this could not affect the calculated element release
parameters (Table 3.2), it hampered straightforward comparison between different treatments.
This was resolved via plotting, as a function of time, the M element released fraction instead of
its concentration. The fraction is defined as the ratio of ([M].q— [M]o) to the initial concentration
[M]o, where [M],q represents element concentration at time ¢. Examples of such plots for
elements mostly affected by time zero concentration level (Pb, P, DOC, Ba, K, Mn, Zn, Cd and
Cu) are shown in Fig. ESM-14. It can be seen that the effect of live bacteria (or the lack of any

effect) is systematic, reproducible and statistically significant. Note however that such plots,
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while allow to visualize the relative change of element concentration over time, may be
partiallymisleading in the sense that the magnitude of bacterial impact on element concentration
cannot be assessed and even large changes in the amount of released element can be strongly
underestimated.

3.4.1.2. Metal complexation with DOC, EPS production and heterotrophic consumption of

organic complexes.

The fact that DOC concentrations were highest in the presence of live bacteria (compared
to the other experimental conditions) could be due to exometabolite production and soluble EPS
leaching. This is confirmed by the following order of DOC concentration: live cells > dead cells
> soils (Fig. 3.2). Concentrations of DOC were higher in experiments with dead bacteria than in
bacteria-free systems, thus suggesting the possibility of cell debris dissolution, cell partial lysis
and surface EPS dissolution. Note that significant part of cell debris and EPS was present in
colloidal form capable passing through a 0.45 pum filter (e.g., Schijf and Zoll, 2011). In this
regard, conventionally filtered TE concentration comprised 4 pools: 7) inorganic complexes and
free metals, i7) TE-humic and fulvic complexes and colloids originated from soil OC leaching
and ii7) cell exometabolites and EPS, and iv) cell components of < 0.45 um.

The differences in TE concentrations observed at the beginning of experiments in live-
versus dead-bacteria conditions cannot be explained by the presence of EPS on either the cell
surface or in the aqueous solution. Although EPS are known to complex with free metal ions
(Gadd, 2000; Ledin, 2000; Salehizadeh and Shojaosadati, 2003), the DOC concentration, an
indirect measure of EPS, was 3 to 5 times higher for live-bacteria versus bacteria-free
experiments (Fig. 3.2), yet initial TE concentrations were often the same. Within the same line of
arguments 1s the observation that the maximum DOC concentration, observed at ~ 40 hrs of
exposure for both soil horizons (Fig. 3.2), does not follow the concentration pattern dependence
of dissolved divalent metals which are complexed by 90 to 99% with organic matter as

confirmed from vMINTEQ calculation (Cd*", Pb*", Cu®*", Ni*"), see as an example Figs. 3.2 and
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3.9. As such, the bulk DOM does not significantly affect the divalent and monovalent metal
release from soil. Rather, the rate of fast-releasing elements (Ni*", Pb*", Cd*") is determined by
metabolic activity via excretion of strong specific ligands, non-detectable by total (< 0.45 pm)
DOC analysis and capable of mobilizing these metals from the mineral grains. Note also that the
DOC extracts from a humic horizon and from an illuvial horizon of a podzol may have very
different properties with regard to metal complexation. Similarly, the properties of DOC may
change over the course of the experiment, particularly in the presence of live bacteria. However,
quantitative evaluation of the relative importance of these parameters was not possible in this
study.

Compared to the other elements studied, the effects of bacteria on P
release/concentrations are quite pronounced. Live bacteria greatly increased P release from the
humic horizon but clearly inhibited P leaching from the mineral horizon (Fig. 3.10). The forms
of dissolved P may be both organic (colloidal) and inorganic (phosphate); however the total ICP
MS analysis does not allow to discriminate between them. It is possible that the phosphate
released from mineral soil was quickly consumed by live bacteria whereas the organic P from
humic horizon was non-bioavailable. Although several bacterial species, including genera
Pseudomonas, have the ability to solubilize inorganic P compounds (see Gupta et al., 2014 for
review), this mechanism could not be confirmed or dismissed in the present work, in which the
most important effect of P. aureofaciens was observed for organic-rich, upper soil horizons.

Increases in [DIC] with time occurred only in experiments with live cells (Fig. ESM-1)
and are most likely linked to on-going bio-degradation of soluble organic products and
heterotrophic respiration of soil bacteria (e.g., Bosecker, 1997). The bacterial degradation of
soluble humic and fulvic complexes with trace elements may also occur, which would lead to
liberation of metals in solution and increases in their concentrations over time (McGrath and
Cegarra, 1992). The lack of bacterial effects of Mn, Zn and Cu (Fig. ESM-6, 7 and Fig. 3.7) may

be because their associated complexes are too weak for Mn and Zn to be efficiently mobilized
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from the soil to the solution. For Cu, on the other hand, the complexes are too strong and, thus,
not biodegradable under our experimental conditions. Indifferent behavior of Cu with regard to
microbial activity is fairly well known in natural aquatic systems (Luengen et al., 2007,
Reynolds and Hamilton-Taylor, 1992; Pokrovsky and Shirokova, 2013). The high correlation
coefficient between Cu and DOC concentrations in abiotic experiments suggests that Cu is
associated with dissolved organic ligands, facilitating its release from bacteria-free soil into the
solution. Simultaneous release of DOC and Cu in solution is reported for sterile sandy loam (Luo
et al., 2001). According to VMINTEQ calculation, more than 99% of Cu®" is complexed with
DOC under experimental conditions of this study.

3.4.1.3. TE adsorption on bacterial surfaces and bacterial intracellular uptake

Compared to bacteria-free systems, the decreases in rates and release ratios of Cu, Mn,
and Zn in the presence of live bacteria (Fig. 3.7 and ESM-6, 7) can be explained by their uptake
inside the live cells because these elements are potentially biologically active or even limiting
with regard to bacterial metabolism. By comparing the rate constants and release ratios obtained
after 160 h of reaction (Figs. 3.13 and 3.14), the most significant increases in metal release rates
pertain to Ni, Cd, and Pb. These are biologically indifferent or even toxic elements, whose
strength of binding to soil components is sufficiently low to explain their low mobilization by
bacterial activity. The elevated mobility of these elements in the presence of live bacteria
suggests that either 1) these divalent cations exist in exchangeable, easily available (inorganic)
complexes or 2) these divalent cations are bound to organic, easily degradable sites. Because
these elements are highly mobile in both soil horizons, the second explanation is more likely. In
contrast, exchangeable mineral sites might control the behaviors of K, Rb and alkaline-earth
metals.

The lack of bacterial effects on Ti, Cr, As and Mo release is also compatible with the
formation of weak complexes with anionic species (chromate, arsenate and molybdate) or neutral

oxy(hydr)oxide Ti(OH)s°. In contrast, it can be hypothesized that the strengths of complexes
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containing Ni**, Pb>", Cd*", Fe’", and VO*" are optimal for these elements to efficiently facilitate
metal extraction from the mineral matrix and subsequent biodegradation in solution by P.

aureofaciens.

3.4.2. Application to natural environments

Experiments conducted in this study are limited in their direct application to natural
environments because the chemical affinity of both abiotic and biotic reactions such as
sorption/desorption, coagulation and mobilization of particles, the physiological response of the
bacterial cultures and the net rate of reactions may be modified by a different choice of solid
solution ratios, stirring, aeration etc. However, via selecting identical experimental conditions for
live, dead, bacteria-free and soil-free experiments, one can evaluate the relative role of microbial
activity on major and trace element release from soil particles.

From recent kinetics studies of Ca- and Mg-bearing soil minerals in the presence of live
bacteria, bacterial exo-metabolites and components of cell envelopes, the following conclusions
can be made: i) concentrations of 1-10 g/L are necessary to appreciably modify the rates, and i7)
the effect of live bacteria on the dissolution of basic silicates is virtually absent as a result of the
weak impact of bacteria on Si-O-Ca(Mg) bonds (Pokrovsky et al., 2009; Shirokova et al., 2012;
Stockman et al, 2012). Live bacteria are only likely to impact the dissolution rate of
aluminosilicates via complexation of AP that has been released into solution, thereby
decreasing the concentration of the main rate inhibitor (see Oelkers et al., 1994 and Pokrovsky et
al., 2010 for discussion). Therefore, the minimal effects of live P. aureofaciens on Si, Ca, and
Mg release rates from both mineral and organic horizons observed in the present study (Fig. 3.4,
3.5, 3.6 and Table 3.2) are consistent with available data and surface coordination mechanisms
of bacterial impact on mineral dissolution.

The mean concentrations of bacteria are 300-600 and 2000-2500 millions of cells/g soil

for taiga and podzol soils, respectively (Aristovskaya, 1965), and the typical bacterial
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concentration in European forest soil was reported to be 4800 million cell/cm’® (Torsvik et al.,
2002). Assuming i) a typical bacterial cell volume of 1 pnr’, ii) a specific density of cell biomass
of ~1 g/em’, and iv) a water proportion in soil of 10-30 %, one can calculate that the
concentration of bacterial organic matter in soil water is within the range of 1 to 10 gy./L.
Because this concentration range is comparable with those in the present study, we can compare
the concentrations of major and trace elements in experimental batch reactors to those reported
in soil solutions in the field. For this comparison, only the elements exhibiting a steady-state
concentration at the end of experiment (pseudo-equilibrium) can be used. A complete survey of
TE concentrations in interstitial soil solutions based on dialysis and ultrafiltration techniques is
available in the Russian boreal zone of peat and podzol soils (Pokrovsky et al., 2005), which are
similar to those studied in the present work.

Al concentrations between 1200 and 2000 pg/L in podzol and peat soil solutions
(Pokrovsky et al., 2005) are also comparable to concentrations reported in other podzol soils
(Keller and Domergue, 1996; Riise et al, 2000) and are not very different from the
concentrations (~1100 pg/L) in the illuvial horizons of the present experiments at which the
pseudo-equilibrium was achieved (Fig. 3.12 B). Numerous studies of organic-rich peat and
podzol soil solutions from the boreal zone also reported high aluminum concentrations (i.e.,
500-2000 pg/L, Strelkova, 1967; Ponomareva and Sotnikova, 1972; Ushakova, 1990; Motuzova
and Degtyareva, 1993) and complexation of 90-100% of Al by colloidal organic matter
(Nozdrunova, 1965; Kaurichev et al., 1968; van Hees et al., 2001). It is clear that, despite
significant binding of Al to OM in both mineral and organic podzol soil layers and the beneficial
effect of live bacteria in the present experiments, in which concentrations approach those
observed in natural settings, the organic soil layer alone cannot provide naturally relevant
concentrations, and the presence of silicate soil minerals from the illuvial horizon is necessary. A
similar conclusion is reached for Fe, for which experimental concentrations in mineral soil

horizons (400-600 pg/L, Fig. 3.11 B) were similar to those of peat (330-490 ng/L) and podzol
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(330 pg/L) soil solutions (Pokrovsky et al., 2005). La, which is present mostly in the form of Fe-
organic complexes, followed the behavior of Fe and exhibited final concentrations in
experiments with mineral soil (0.15-0.2 pg/L, Fig. ESM-12) that were similar to those obtained
in podzol and peat soil solutions (0.26 pg/L and 0.17-0.37 png/L, respectively, Pokrovsky et al.,
2005). Another example is Ni concentration measured at the ends of live-bacteria experiments in
both organic and mineral soils (0.85 and 0.65 ng/L, respectively, Fig. 3.8) that was close to that
observed in peat (0.9 to 1.9 pg/L) and podzol (0.80 pg/L) soil solutions (Pokrovsky et al., 2005).
In terms of the similarity between the concentrations obtained at the ends of the
experiments herein and those encountered in natural interstitial soil solutions, all measured
elements can be separated into the following groups: (i) agreement is within 30% for Fe, Al, La,
Cr, and Ni; (i) natural concentrations are 3 to 2 times higher than experimental values for Cd,
Pb, Cu, Rb, and Si; (iii) natural concentrations are ~10 times higher in podzol soil solutions for
Ca, Mg, K, Sr, Ba, Ti, Mo, Zn, As and V and, finally, (iv) Mn concentrations are two orders of
magnitude higher in natural soil solutions compared to laboratory fluids. The first two groups of
TEs can be considered together, given that 1) natural interstitial soil solutions contain 30 to 60
mg/L of DOC, 2) [Me*"] increases linearly with [DOC] in podzol and peat soil solutions
(Pokrovsky et al., 2005) and 3) extrapolation of experimental results to naturally relevant [DOC]
(40 to 60 mg/L) will increase metal concentrations by a factor of 2. Differences in concentrations
of alkaline-earth metals, K, Ti, As and V in the experiments herein compared to those obtained
in natural settings can be explained by either 1) the relatively weak sensitivities of these metals
to the presence of live bacteria or 2) the different mineral hosts of these elements in boreal soils
(Pokrovsky et al., 2005) and subarctic podzol (this study). Finally, the significant difference in
Mn concentrations measured in the laboratory versus the field may be due to the different
sources of Mn in natural ecosystems versus individual soil mineral and humic samples. In fact,
high Mn concentrations in natural soil fluids may originate from downward migration of fresh

vegetation and litter leachates, providing significant (100 to 1000 ug/L) Mn concentration in
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upper soil solutions (cf., Viers et al., 2013). This effect may also be observed for Si, K, Rb, Mo
and Zn, whose concentrations in plant biomass are much higher than in soil constituents.

In this section, we aimed at first-order comparison of element concentration in interstitial
soil solutions with that measured at the steady state conditions in laboratory experiments. It
would be premature at this stage to relate the coincidence or not of experimental and natural
element concentrations to one well defined factor. Instead, we conclude that batch experiments
with live soil bacteria and two soil horizons may serve as adequate laboratory model suitable for
examining the complex relationship between element release from soil particles, their
complexation with allochthonous and autochthonous DOM and adsorption or assimilation by
bacteria. As such, the obtained results may have straightforward application to natural systems
allowing 7) quantifying the effect of the presence of live versus dead soil bacteria on major
element release from both organic and mineral soil horizons; ii) assessing the maximal possible
effect of bacteria on steady-state concentration of trace metals in soil suspension and iii)
constraining two possible sources of elements in soil solutions: soils (mineral or humic) or

organic (plant litter) degradation.

3.5. Conclusions

This work represents an attempt of rigorous comparison of major and trace element
release from soil in the present of bacteria. Thorough interpretation of mechanisms controlling
element behavior in ternary system is at present impossible due to i) lack of adequate element
speciation modeling in the presence of both cell exometabolite and allochthonous organics; note
that the TE coprecipitated in the organomineral colloids cannot be properly modeled by available
codes (see Vasyukova et al., 2012); ii) poor knowledge of chemical status of the element in soil,
for which high-resolution synchrotron-based analyses are necessary; iii) poor knowledge of
thermodynamics and kinetics of element (including even divalent metals) adsorption on the cells

surfaces versus intracellular uptake from DOC-rich aqueous solutions. However, distinguishing
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several contrasting group of elements with regard to their vulnerability to bacterial presence
allow us comparing the experimental steady-state aqueous concentrations with natural cases as a
first step towards mechanistic and predictive understanding of major and TE behavior in organic-
rich soils of the boreal zone.

The release of major and trace elements from mineral and organic horizons of podzol soil
was studied in the presence of live and dead bacteria in batch reactors. Relative to bacteria-free
experimental conditions, live bacteria enhanced the release of Fe, V, Rb, Ni, Cd, and Pb from
both soil horizons. In contrast, the release of K, Ca, Sr, Ti, Zn and Mn from soil decreased in the
presence of bacteria, whereas Cu, Al, Ni, Mo and Cr release from soil was not affected by the
presence of bacteria. Among various mechanisms operating during TE leaching from soil to
solution, pH changes, element speciation and DOC production and consumption by bacteria,
taken individually, do not explain the time — concentration pattern of all TEs. The lack of
bacterial influence on the release of major elements (Ca, Mg, Si) from soil minerals is consistent
with a very weak effect of bacteria on the hydrolysis of Me—O-Si bonds, as follows from the
surface coordination mechanism of silicate dissolution. It is possible that the complex of
physico-chemical and biological factors is responsible for the particular behavior of each trace
element. The maximal effects of bacteria on divalent metals, such as Ni, Cd and Pb, may stem
from the bacterial degradation of organic complexes of these metals in soil and their release into
aqueous solution. Presumably, the susceptibility of bulk soil and adsorbed organic complexes to
enzymatic degradation is optimal in the case of these metals. The concentrations of trace metals
observed at the end of experiments in mineral soil horizons agree reasonably well with
concentrations reported in natural soil solutions. Therefore, biotic experiments regarding soil
reactivity reasonably approximate the naturally relevant processes involved in soil interaction

with fluids in the presence of bacteria.
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Fig. ESM-1. Dissolved Inorganic Carbon measured during experiments with humic (A) and
illuvial (B) soil horizons. The experimental conditions and legend abbreviation are the same as in
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Fig. ESM-3. Concentration of Ba measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Fig. ESM-4. Concentration of K measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Fig. ESM-5. Concentration of Rb measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Fig. ESM-7. Concentration of Zn measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Fig. ESM-8. Concentration of Cd measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-

2.
&9



0.1
|z| 0.1 B o
m +Blive
® +B dead
" "
2 2
~ 005 5 0.05
= )
3 z
o-B
m +Blive i
@ +B dead
0 . 0
0 50 100 150 200 0 50 100 150 200
hours hours

Fig. ESM-9. Concentration of Mo measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Fig. ESM-10. Concentration of V measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Fig. ESM-11. Concentration of As measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
2.
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Fig. ESM-12. Concentration of La measured during experiments with humic (A) and illuvial (B)
soil horizons. The experimental conditions and legend abbreviation are the same as in Fig. ESM-
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Chapter 4

Size fractionation and optical properties of dissolved organic matter
in the continuum soil solution-bog-river and terminal lake of a

boreal watershed

Organic Geochemistry 66 (2014) 14-24
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In general, the soil horizons are source colloids in surface water. In order to better
understand the role of colloids in aquatic systems, fractionation methods of environmental
samples into particulate, colloidal, and truly dissolved phase are needed. An adequate
fractionation procedure involves prefiltration to remove large particles and ultrafiltration to
separate colloids from the truly dissolved compounds. In order to study the role of organic
colloids in aquatic environments, we used cascade filtration through progressively decreasing
pore size.

This work aims to assess the transformation of dissolved organic matter during its
transfer from soil to river, within a continuum of soil solution — stream — terminal lake and to

assess the main physico-chemical and biological processes responsible for this transformation.
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Abstract

The size distribution and speciation of organic matter (OM) in soil solution, bog, stream,
humic and clearwater lake in the north boreal zone (Karelia region, north west Russia) during the
summer base-flow period for several years were investigated. The samples were filtered in the
field using cascade filtration through progressively decreasing pore size (100, 20, 10, 5, 0.8, 0.4,
0.22, 0.1, 0.046 um, 100 kDa, 10 kDa and 1 kDa) followed by dissolved organic carbon (DOC)
analysis, UV-vis and size exclusion chromatography measurements. Surrogate parameters, such
as specific UV absorbance (SUV A; absorbance at 254 nm normalized for DOC concentration in
1 mg'1 m']) and the absorbance ratios E»sa/Ea36, E230/E3s0, E2s4/Eses, Ezss/Ea70 and E470/Egss (ratio
of spectrophotometric absorbance of the sample at two wavelengths) were applied for the
characterization of OM in filtered and ultrafiltered water from soil solution, bog, river and lake.

In < 0.22 pm filtrates, there was a systematic decrease of DOC concentration, C/N ratio,
SUVA (hydrophobicity and aromaticity) and proportion of colloidal (1 kDa — 0.22 um) OC
along the watershed profile from peat bog soil solution, feeding humic lake, to the middle course

of the stream towards the terminal oligotrophic lake. Within the filtrates and ultrafiltrates of soil
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solution and terminal lake, C/N increases from 100 to 140 and from 7 to 25 for 0.22-10 um and
< 1 kDa fractions, respectively. SUVA, degree of humification, hydrophobicity and aromaticity
generally increase from high molecular weight (HMW) to low molecular weight (LMW)
fractions, being highest in < 1 kDa fraction. The results allowed a comprehensive view of DOM
transport and transformation among various size fractions within a small boreal watershed that
can serve as an analogue of small rivers discharge to the Arctic Ocean. It follows that, during the
summer baseflow season, the signature of organic-rich interstitial soil solutions originating in a
typical peat bog zone can be completely masked by processes occurring in adjacent bog surface
waters feeding lakes, as well as in the stream itself. As such, depending on local landscape, one
may expect extremely high variability in both chemical nature and MW of DOM delivered by

small coastal watersheds to the Arctic Ocean during the summer baseflow period.

Keywords: surface waters, dissolved organic matter, boreal zone, UV-vis spectrophotometry,

size fractionation, ultrafiltration

4.1. Introduction

Over the past decade, there has been a significant rise in interest relating to boreal and
subarctic zones, stemming from the governing role of these landscapes in carbon cycle regulation
at high latitudes and overall for the planet (IPCC, 2007; Schuur et al., 2008). This is mostly due to
(1) a high stock of organic carbon in soils of the northern hemisphere that can be delivered as CO2
to the atmosphere as a result of transformation in the aqueous phase and, at the same time, (ii) a
significant vulnerability of boreal regions to climate warming. In particular, the increase in
dissolved organic carbon (DOC) concentration in surface waters due to climate warming, as
observed in the Nordic Countries, the British Isles and the northern and eastern USA (by ca. 10%
over 10 yr; Evans et al., 2005; Sarkkola et al., 2009) and on going acidification of boreal surface
waters (Reuss et al., 1987; Skjelkvele et al., 2001; Davies et al., 2005; Neal et al., 2008) should

inevitably alter both chemical nature of dissolved organic matter (DOM) and its bioavailability.
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Compared with the significant number of studies devoted to detailed characterization of DOM in
lakes (Smith et al., 2004; Hiriart-Baer et al., 2008; Wang et al., 2009; Pokrovsky et al., 2011;
Bouillon et al., 2012), rivers (Lara et al., 1998; Callahan et al., 2004; Sachse et al., 2005; Spitzy
and Leenheer, 2007; Huguet et al., 2010; Bourgeois et al., 2011; Selver et al., 2012; Tamooh et
al., 2012), mires (Sihombing et al., 1996; Guo et al., 2010; Espinoza et al., 2011; Selberg et al.,
2011) and soil solutions (Kalbitz, 2001; Kaiser et al., 2002; Pokrovsky et al., 2005), complete and
continuous observations of DOM transformation within a typical landscape continuum in boreal
regions are scarce (e.g. Laudon et al., 2011). As a result, prediction of DOM flux and speciation
in the terminal reservoirs (Arctic river mouths and large lakes) based solely on the knowledge of
soil type and landscape parameters (e.g. % of mire, forest and lake coverage; cf. Bishop and
Pettersson, 1996) is difficult if not impossible.

To help gain a better understanding of the main features of the transformation of DOM
during its transfer from soil to river, within a continuum of soil solution — stream — terminal lake,
we selected a small pristine boreal (subarctic) watershed. The advantage of choosing a small
watershed is that it allows testing several hypotheses for the biogeochemical transformation of the
DOC in boreal landscape continuum, namely that (i) the change in DOM concentration and its
composition (C/N ratio, specific absorbance at 254 nm, light absorbance) from the feedstock soil
solution and humic bog lake to the stream and further to the terminal lake should consist of
decreasing the C/N ratio and the aromatic (humic) component due to its progressive photo- and
biodegradation and its replacement by autochthons organic ligands originating from plankton and
peryphyton activity, and (i1) that the relative concentration of soil aromatic (humic) fraction
should decrease with the decrease in molecular weight (MW) in a series of filtrates and
ultrafiltrates but the decrease may be strongly dependent on the type of sample. It follows that the
higher the water residence time in the water body, the higher the degree of allochthonous DOM
transformation and thus the terminal (oligtrophic) lake should exhibit the smallest variation in

SUVA within the ultrafiltration series compared with small lakes and streams. Finally, we
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intended to test the possibility of using the chemical and molecular size parameters of DOM along
the watershed profile as an approximation for the nature of the DOM delivered by small coastal
organic-rich rivers to the Arctic Ocean. By addressing these hypotheses using frontal cascade
filtration/ultrafiltration followed by chemical and spectroscopic analysis we hoped to (i) provide
new insight into the mechanisms of DOM migration within the typical small watersheds of the
subarctic zone and (ii) allow establishment of the links between the physical and chemical
properties and bioavailability of DOM and its possible transformation reactions in the estuarine

zone.

4.2. Site description

The basin of the Vostochniy stream was chosen for study (Fig. 4.1). It is in the Northern
Karelia (N 66°, E 30°), ca. 40—60 km south of the Arctic Circle. The stream flows from west to
east and empties into Lake Tsipringa. The lake is ca. 1 km long with a catchment area is 0.95

km® and is at a relative altitude of 50 m. The bedrock of the catchment comprises amphibolitic

gabbroids of the low Proterozoic intruzive (Ilina et al., 2013b).

= — Vostochniy Stream

150 = catchment area — 0.95 km?
:;g = length — about 1 km
120 = relative altitude — 50 m

Fig. 4.1. Sampling sites within the Vostochniy stream watershed.

The climate of the region is mild-cold, transitional between oceanic and continental, with

a determinant influence of the Arctic and Northern Atlantic air masses. Average temperature is -
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13°C in January and +15°C in July, but extremes can reach -45° to +35°C in the winter and
summer periods, respectively. Average annual precipitation ranges between 450 and 550 mm/yr.
The snow period lasts from October to April-May, with an average thickness of cover of 70-80
cm. Our study area was in the most elevated part of Karelia, within a landscape of tectonic
denudation hills, plateaus and ridges with an average altitude of 300-400 m, with separate
insulated massifs (Maksimova, 1967; Vasyukova et al., 2010).

The composition of the river water in Karelia is determined by the weathering of silicate
bedrocks of the Baltic crystalline shield and Quaternary deposits, and the presence of numerous
peatlands. Typical values for total dissolved solids (TDSs) for the rivers of the region are 15-30
mg/l (Maksimova, 1967; Zakharova et al., 2007) and the concentration of river suspended matter
is very low. The soil cover of the region is very young and is often absent from ledges of
bedrock and steep slopes. Low temperature, in combination with high humidity, is responsible
for the slow humification and mineralization of plant residues. Therefore, much OM has
accumulated in the form of peat deposits and, on better drained sites, in the form of coarse
humus. Predominant soils are illuvialhumic and illuvial-ferruginous-humic podzols. All the types
of podzol exhibit a highly acidic reaction and low base saturation of the upper layers. Coniferous
forest (mainly pine and spruce) dominates the vegetation of the region and the common
deciduous trees are birch, aspen and alder. The sparse understory consists of mountain ash and
Jjuniper, being dominated by blueberries and cranberries in the shrub layer and moss in the lower
layer. The rocks are usually covered with patches of black, gray, yellow, red, brown crustose

lichens.

4.3. Material and methods

4.3.1. Sampling, filtration
Fig. 4.1 shows a simplified scheme of the Vostochniy stream watershed sites along with

the sampling points, with the list of collected water samples in Table 4.1. The feeding humic
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lakes of the bog zone (V-3, V-4, V-5), waterlogged shores of the feeding lake (V-6, V-7), middle
course of the stream (V-8), its mouth reach (V-9), interstitial soil solution (V-1) and large clear
water terminal lake (V-10) were sampled in the 2008-2013 field seasons during the base flow
period. Gravitational soil solution (V-1) of the peat bog zone feeding the watershed was
collected from a depth of 5-10 cm with a piezometer. Large volumes (20-30 1) were collected in
pre-cleaned, light-protected PVC bottles for the size fractionation procedure, employing 100, 20,
10, 5, 0.8, 0.4, 0.22, 0.1, 0.046, 0.0066 (100 kDa), 0.0031 (10 kDa) and 0.0014 pm (1 kDa)
cascade filtration and ultrafiltration conducted directly in the field using a specially prepared
polyethylene-covered clean space. The main filtration characteristics are listed in Table ESM-1
(Supplementary material) and the scheme for the size fractionation procedure is given in Fig.
ESM-2. The sampling period was always in July, corresponding to summer baseflow. The most
complete data series were collected on July 23th in 2009, but some additional series of the
Vostochniy stream and adjacent surface streams were performed in 2008, 2009, 2010, 2011 and
2013. The terminal oligotrophic lake (V-10) was sampled in 2008, 2009, 2010, 2011 and 2013.
The sampled years were different in mean summer months temperature and precipitation as
shown in Table ESM-3.

Table 4.1. List of the sampled waters within Vostochniy stream watershed.

Sample Description GPS position

V-1 Soil solution near top feeding lake N 66°18.489" E 30°40.707"

V-2 Feeding bog N 66°18.499" E 30°40.810°

V-3 Top feeding lake surface ca. 150 m* depth 2.6 m N 66°18.538" E 30°40.910°

V-4 Middle feeding lake surface ca. 210 m’, depth 3 m N 66°18.521" E 30°41.101°

V-5 Low feeding lake, surface ca. 200 m’, depth 2.5 m N 66°18.468" E 30°41.244’
Waterlogged shore of another low feeding lake,

V-6 surface area ca. 50 m” N 66°18.453" E 30°41.364°
Waterlogged shore of low feeding lake,

V-7 surface area ca. 50 m’* N 66°18.448" E 30°41.372’

V-8 Middle course, 600 m from the mouth N 66°18.460° E 30°40.973"

V-9 Stream , mouth reach N 66°18.455" E 30°42.653°

V-10 Tsipringa lake, 50 m from the mouth reach of the stream N 66°18.449" E 30°42.952°

Pre-filtration through 100 um was performed using a nylon net (Fisherbrand). Cascade

frontal filtration with a decreasing pore size from 20 to 0.1 um was performed using a 250 ml
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vacuum polycarbonate cell (Nalgene) and nylon membranes (Osmonics). Frontal cascade
ultrafiltration (UF) in the series 100—10—1 kDa was performed using a 400 ml polycarbonate
cell (Amicon 8400) equipped with a suspended magnet stirring bar located above the filter to
prevent clogging during filtration. Vacuum filtration was performed using a portable hand pump
and the ultrafiltration was performed at 2—3 bar using a portable automobile pump with a 0.22
um Teflon filter installed before the Amicon cell. Large volumes of samples were passed
through Lavsan (polyethylene terephthalate, PETP) filters of 0.4 pm pore size and 500 cm’
surface area. Filtration occurred via gravitational flow (0.3—0.5 kPa).

It is known that reproducible and accurate results for size fractionation of DOC require
rigorous cleaning and strict sampling protocols (Guo and Santschi, 1996). To this end, before
each filtration, the system was cleaned by flushing with EasyPure water, then 3% ultrapure
HNOs and, finally, abundant EasyPure water. Each filter was soaked in EasyPure water for at
least 1 day before the experiment and used only once. Preliminary experiments demonstrated
that flushing 100 ml of MilliQ water (after 1 day’s soaking) through the Amicon UF and Nalgen
filtration cell with a membrane was sufficient to decrease the OC blank to as low as 0.2-0.5
mg/l, or at least an order of magnitude lower than the typical concentration in filtrates and
ultrafiltrates.

During filtration, the first 50 ml of sample solution were discarded, thereby allowing
saturation of the filter surface and collecting vessel prior to filtrate recovery. This greatly
decreased the probability of cross contamination during sample filtration, while improving the
OC blank. It also provided identical conditions of filtration for all samples and allowed good
recovery of colloidal particles. Discussion of the technique and precautions against possible
filtration artifacts is given by Viers et al. (1997), Dupré et al. (1999), Pokrovsky and Schott
(2002), Pokrovsky et al. (2005, 2006, 2010), Pokrovsky and Shirokova, 2013, Alekhin et al.

(2010) and Ilina et al. (2013a).
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4.3.2. Analytical techniques

Water temperature, pH and conductivity were measured in the field. The pH was
measured with an uncertainty of 0.02 using a combination glass electrode calibrated against
NIST buffer solutions. Major anion concentrations (CI, SO4*) were measured using ion
chromatography (Dionex 20001) with an uncertainty of 2%. Alkalinity was measured in situ via
Gran titration with HCI using phenolphthalein as indicator. DOC concentration was determined
in Toulouse using a Shimadzu CNS Analyzer and in Moscow using an Elementar TOC analyzer
with an uncertainty of 3% and detection limit of 0.05 mg/I.

Absorption in the range 375-655 nm was measured directly in the field in 0.22 um-
filtered samples using a spectrophotometer (Expert-003) with a 30 mm glass cell equipped with
several cartridges having working wavelength of 375, 400, 430, 470, 505, 525, 572, 590 and 655
nm. Absorption spectra of the filtrates over a range of 200-700 nm with 1 nm resolution were
also measured in the laboratory within 1 month of sampling, using a Specord 50 instrument.

Specific UV absorbance (SUVA, 1 mg” m™) is absorbance of a given sample at 254 nm
divided by the DOC concentration of the sample. The ratio describes the nature of the DOM in
terms of hydrophobicity and hydrophilicity; a value > 4 indicates mainly hydrophobic and
especially aromatic material, whilst a value < 3 corresponds to the presence of mainly
hydrophilic material (Edzwald and Tobiason, 1999; Minor and Stephens, 2008; Matilainen et al.,
2011). Several studies have emphasised that good agreement may exist between the ability for
OM removal by coagulation and a high SUVA value (Archer and Singer, 2006; Bose and
Reckhow, 2007).

Weight average MW (WAMW) was measured via size exclusion chromatography (SEC;
Hagel, 2001) using an Agilent 1100 chromatographic system (Agilent Technologies, USA) with
diode array detector and Ultropac column at 280 nm (TSK G2000SW; 7.5 x 300 mm; LKB,
Sweden). A solution of 0.1 M Na,HPO, buffer (pH 7) and 0.1% sodium dodecyl sulfate was

used as effluent. All samples were purified from low MW (LMW) contaminants by elution
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through a Sephadex G-10 column. Calibration was performed with certified globular protein

solutions (Pharmacia Fine Chemicals, Sweden).

4.4. Results and discussion

4.4.1. General hydrochemical parameters

DOC, N and major element concentrations and C/N ratio, WAMW, alkalinity, pH and
conductivity values are reported in Table 4.2. The samples from the stream and the terminal
Tsipringa Lake were neutral, with pH ranging from 6.3 to 7.5, whereas the water from the
waterlogged humic lake and soil solution was slightly acidic, with a pH of 5.8 and 3.6,
respectively.

Table 4.2. Composition and DOM parameters for 0.22 pm farctions of surface waters (nd, not

determined).

sample V-9 V-7 V-6 V-5 V-4 V-3 V-8 V-10 V-1
pH 6.7 6.3 6.6 5.8 6.6 6.3 6.6 7.5 3.6

T, °C 12.8 18.9 18.3 19.9 20.1 21.7 15.7 17.8 17.2
0,, mg/l 4.3 nd 4.2 nd nd 4.1 nd 4.8 1.9
R?, uSm/cm 144 18.1 16.6 15.7 19.1 20.8 14.3 42.5 57.4
TDSP, mg/l 8.5 8.2 7.5 8.1 9.7 10.2 7.9 233 319
Na® 0.96 0.75 0.72 0.84 0.88 0.98 0.38 1.2 1.23
Mg** 0.56 0.51 0.55 0.55 0.61 0.59 0.58 1.6 0.49
K" 0.04 0.01 0.07 0.04 0.04 0.04 0.06 0.80 0.38
Ca®" 2.2 2.3 2.5 2.0 2.5 33 2.0 5.9 1.3
SO,* 0.89 1.1 0.29 0.97 1.15 0.32 0.84 0.04 0.06
NOy 0.39 0.50 0.14 0.61 0.64 0.03 0.64 0.08 0.12
Ccr 0.42 0.40 0.38 0.28 0.35 0.33 0.24 0.64 0.69
HCO;y 17.4 9.2 9.7 9.0 11.0 134 9.5 33.1 Nd

C-2VEN, % -3.6 -3.3 5.2 -3.2 3.3 3.8 -3.1 1.3 65
N, mg/l 0.34 nd nd Nd nd 0.33 nd 0.18 0.49
DOC, mg/l 16.0 18.0 19.0 19.0 18.5 18.0 16.5 7.0 144
C/N 48 nd nd nd nd 58 nd 24 104
WAMW* 1010 nd nd nd nd 1020 nd 960 1260
SUVA 4.1 3.2 nd nd nd 4.2 nd 1.1 4.9

E 365/465 4.1 3.7 3.7 nd nd 3.8 3.9 5.0 2.7

E 465/665 10.0 5.7 7.1 nd nd 8.0 10.5 12.0 5.7

* Specific conductivity; ° Total dissolved solid; © weight-average molecular weight.

All the samples were low in dissolved solids (TDSs 6 30 mg/l) with a dominance of Ca®" and
HCOs in lakes and stream or Ca>", Cl" and Na® in the soil solution. The inorganic ion charge

balance ((3"-Y)/3") was < 0.1 for all samples except the soil solution, with a deficit of anions of
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0.4-0.5. The deficit can be explained by a high concentration of DOC (75 mg/l), similar to that

reported for other surface waters of North Karelia (Vasyukova et al., 2010, 2012).

4.4.2. Representativity of the samples

Although our upland sampling locations represent a small, almost negligible, fraction of
the Tsipringa catchment, the Vostochniy stream is typical of small streams feeding the lake. This
was confirmed by analysis of DOC concentration in the majority of small surface streams
reaching Lake Tsipringa and fed by adjacent bog zone and forest areas. Very similar landscape
context was observed in the neighboring Palojoki river watershed investigated in our previous
studies (Ilina et al., 2013a, b). The mean DOC concentration of 20 small streams representing
almost 80% of all surface water feeding of the Tsipringa lake was 10.5 = 6.3 mg/l. The mean
DOC concentration of another 12 surface streams feeding the adjacent Pyaozero lake sampled in
July 2009 was 16.3 = 3.2 mg/l, whereas the mean concentration of 8 surface streams of the
region in July 2008 was 13.1 £ 4.0 mg/l (Shirokova et al., unpublished results). These values
were very close to the typical value of 16 mg/1 in the Vostochniy stream (samples V-8, V-9).

The large, oligotrophic Lake Tsipringa has been studied over several summer sampling
campaigns (2008, 2009, 2010, 2011, 2013), yielding an average DOC concentration in the
surface water of 5.55 + 1.50 mg/l. A depth profile of dissolved organic and inorganic carbon
obtained in July 2008 is shown in Fig. 4.2. It can be seen that the average DOC concentration of
5.5 = 1.5 mg/l in the surface layer was within the variation observed in the water column during
the summer period. In contrast, highly constant dissolved inorganic carbon concentration
suggested an absence of strong underground input, benthic respiration or mineralization of
organic detritus in the bottom layer and reflected overall high mixing of the water column and
the absence of hypolimnion within the first 30 m, as also followed from our in situ O2
measurements (not shown). Finally, the representivity of the soil water sample (V-1) was

confirmed by high DOC concentration in the soil water systematically observed during several
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summer seasons (from 105 to 150 mg/l). It is also noteworthy that, while the soil water was
obtained from a peat bog, the Tsipringa catchment is to a large degree forested, suggesting that
much of the DOM in the catchment may potentially have a forest origin. However, our previous
results for Northern Karelia region (Zakharova et al., 2007) unequivocally prove the dominant
role of wetlands (bogs), not forests, in supplying the DOC in river catchments of this boreal

zone.
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Fig. 4.2. Dissolved organic and inorganic carbon (DOC and DIC, respectively) concentration as

a function of depth in the Tsipringa Lake (V-10) sampled in July 2009.

Given the size of the water bodies and the debit of the surface water flow measured at
point V-8 of the Vostochniy stream in July 2009, during a normal year of atmospheric
precipitation, the water residence time in the water bodies could be ranked as follows: interstitial
soil solution (V-1) < waterlogged shores of the feeding lake (V-6, V-7) < Vostochniy stream
itself (V-8, V-9) << feeding humic lakes of the bog zone (V-3 < V-4 <V-5) << large clear water
terminal Lake Tsipringa (V-10). Within this series of water bodies, the water residence time

ranged from hours (V-1, V-6, V-8, V-9) to days/weeks (V-3, V-5) and months (V-10).
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4.4.3. Spatial variation in OC characteristics
4.4.3.1. DOC concentration

The variation in DOC concentration in several filtrates along the landscape profile of the
stream is plotted in Fig. 4.3. There was a systematic DOC decrease down the catchment, from
soil solution (V-1) through the feeding bog (V-3) and small feeding lakes (V-4, V-5, V-6, V-7),
along the stream itself (V-8, V-9) and finally to the terminal Tsipringa lake (V-10). The largest
decrease occurred between soil solution (V-1) and bog lake (V-3) and between the mouth of the
stream and the terminal clear water lake; the variation within the upper humic lakes and within
the stream was rather small (< 10%). This pattern was highly reproducible from one year to
another although the absolute values of DOC concentration were different, depending on the

precipitation level and stream discharge.
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Fig. 4.3. DOC concentrations (mg/l) for samples of Vostochniy stream.

4.4.3.2. C/N ratio

The concentration of dissolved organic N (DON) and C/N decreased systematically along
the watershed profile, from soil solution through stream and to the terminal lake (Table 4.2), and
the higher the DOC concentration, the higher C/N. The C/N value for the soil solution was 104,
similar to the biomass of coniferous trees (Onstad et al., 2000; Twichella et al., 2002; Tremblay

and Benner, 2006), confirming the dominant role of the lignocellulose complex of pine and birch
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litter in the formation of the aqueous OM of peat bog soil water (Guggenberger et al., 1994; See
and Bronk, 2005; Tremblay and Benner, 2006).

The samples from the upper lakes (V-3 to V-6) and the stream (V-7 to V-9) were very
similar to each other but drastically different from the bog soil water. As such, the dominant
source of OM in the stream should be bog lakes rather than interstitial peat soil solution. The
water of terminal Lake Tsipringa had the lowest C/N value (24), which is typical for aquatic
phytoplankton and macrophytes and their humification products (Wolfe et al., 2002). Therefore,
the contribution from allochthonous river water and bog water to the DOM pool of this large

oligotrophic lake was rather small.

4.4.3.3. Optical characteristics

The SUVA values for the water samples from the Vostochniy watershed profile ranged
from 1.1 to 4.9 I mg" m™, being maximal for the soil solution and minimal for the oligotrophic
lake (Table 4.2). The E365/E470 ratio is used for characterizing the functional group
absorbances in the UV and visible range (Uyguner and Bekbolet, 2005). Es¢5/E470 values along
the watershed profile systematically increased from soil solution towards the terminal lake (Fig.
4.4). A similar trend occurred for E47¢/Egss, which increased by a factor of two from aqueous
extract of soil litter to the lake (Fig. 4.4). This ratio is known to correlate with the degree of
condensation of DOM aromatic groups, or the degree of humification (Chin et al., 1994;
Stevenson, 1994; Hur et al., 2006). The lowest value was encountered for the soil solution and
waterlogged bog lakes feeding the stream (V-6 and V-7). The values are similar to those reported
for soil humic acids (Schnitzer and Calderoni, 1985; Adani et al., 2006). For the other samples,
E470/E¢ss was significantly higher, which may be linked to the presence of a high concentration
of LMW fulvic acids (Fig. 4.4), similar to results from Chen et al. (1977) and Uyguner and
Bekbolet (2005). In accord with the data for DOC, both Ej¢s/Esa70 and Ea70/Eess parameters

increased from soil solution towards the terminal lake during several years of observation (2009,
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2010 and 2013), although the absolute values were rather variable, depending on the degree of

atmospheric dilution of the soil, bog and river water.
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Fig 4.4. E365/E470, E470/Esss ratios for the samples (V-1 — soil solution, V-3 — top feeding lake, V-
6, V-7 — waterlogged shore of the low feeding lake, V-8 — middle course of the stream, V-9 —

mouth reach of the stream, V-10 — terminal lake), measured in situ.

4.4.4. Size fractionation of DOM
4.4.4.1. DOC concentration pattern

The relative proportion of various size fractions of DOC, from 100 pm to 1 kDa for 5
representative samples (V-1, soil solution; V-3, humic feeding lake at the top of the watershed;
V-7, waterlogged shore of another lake; V-9, mouth reach of the stream; V-10, terminal clear
water lake) is listed in Table 4.3. In all samples, the mass fraction of LMW DOM (< 1-10 kDa)
dominated the DOC with a significant proportion of HMW (10-100 kDa) colloids. It is
important to note that the molar fraction distribution of different size organic components was
dramatically different from that of the mass fraction. Since the molar weight is proportional to
the third degree of molecular diameter, the difference in molecular mass between the association
of molecules of 0.2 pm diameter and a molecule of 10 kDa diameter (ca. 3 nm) reaches six
orders of magnitude, being equal to 8 x 10~ and 8 x 10® pm’, respectively. As a result, the molar

concentration of LMW fulvic acids was several orders of magnitude higher that of the HMW
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OM. The molar fraction and molar concentration of LMW (< 1-10 kDa) fulvic acids therefore
dominated the DOC.
Table 4.3. DOC fractionation (%) for samples of Vostochniy: stream watershed (V-1 — soil

solution, V-3 — top feeding lake, V-7 — waterlogged shore of the low feeding lake, V-9 — mouth
reach of the stream, V-10 — terminal lake).

Fraction V-1 V-3 V-7 V-9 V-10
100-10 pm 23 9.0 7.9 5.4 2.4
10-5 um 0.23 0.60 25 1.3 2.0
5-0.8 um 1.9 1.3 2.0 9.4 2.0
0.8-0.2 pm 57 1.9 12 3.2 -
0.2-0.1 pm 12 0.66 5.9 3.7 091
0.1 pm -100 kDa 8.2 1.0 6.9 2.5 1.1
100-10 kDa 11 0.78 3.5 7.0 0.73
10-1 kDa 0.38 39 1.0 20 0.18
<1 kDa 8.0 46 36 48 91

It can be seen from Fig. 4.5 that the LMW DOM fraction increased with downstream
transit in parallel with a decrease in specific UV absorbance (Table 4.2). This would suggest that
LMW molecules are linked to relatively low SUVA values, presumably because of low aromatic
content. In contrast, the SUVA measurements of filtrates representing different molecular size
fractions (Fig. 4.6) consistently showed that LMW DOM fractions were linked to high SUVA,
e.g. high aromaticity. In fact, SUVA often increased sharply with decreasing filter pore size. This
paradox stems from the huge difference in SUVA (and aromatic OM content) between soil
solution V-1 (Fig. 4.6A) and oligotrophic lake V-10 (Fig. 4.6B). In fact, the lowest SUVA value
in the oligotrophic lake (sample V-10) was independent of the pore size fraction. This strongly
suggests that the main transformation of the LMW high SUVA fraction occurs between soil
solution and first surface water reservoir, an intermediate small lake feeding the stream, or the
mouth reach of the stream. In a large oligotrophic lake, the majority of the soil (humic) aromatic
fraction of LMW is removed via autochthonous processes in the water column, presumably by

photo- and biodegradation.
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Fig. 4.5. Plot the% of < 1 kDa form as a function of DOC in 0.22 Im fraction. The line is for
guiding purposes.

Along the landscape profile of the watershed, the relative proportion of LMW (< 1 kDa)
OC significantly increased from soil solution to stream and finally, to the terminal clear water
lake, following the decrease in concentration of conventionally dissolved DOC<0.22Im (Fig.
4.5). The mouth reach of the stream (V-9) exhibited around 50% of DOC in < 1 kDa form, a
typical value for other boreal landscapes (Guo et al.,, 2004; Prokushkin et al., 2011). The
proportion of LMW < 1 kDa OC was also measured using equilibrium dialysis in 2008 and
2009; the results (25-55% of the LMW fraction for the intermediate samples of the Vostochniy
stream) were in agreement (+ 5—10%) with the ultrafiltration results of 2009.

The DOM size fraction evolution in Fig. 4.5 is in agreement with previous observations
of allochthonous vs. autochthonous OC, C/N ratio, hydrophobicity and aromaticity. It
corresponds to progressive depolymerization of HMW soil humic acids, whether via
heterotrophic aerobic bacterioplankton activity, as known for other boreal landscapes (Tranvik,
1988; Pokrovsky et al., 2011), or photodegradation in the feedstock lakes and stream channel
(De Haan, 1993; Zuo and Jones, 1997; Wang et al., 2001; Albinet et al., 2010; Thorn et al.,
2010). The increase in the proportion of bio-mineralized or photodegraded products of

allochthonous HMW organic components may be responsible for the increase in the proportion
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of LMW ligands in the continuum soil solution — feeding humic lake — stream — terminal

oligotrophic lake. It can be hypothesized therefore that, after leaving the soil, the DOM is

subjected to progressive degradation in stagnant water reservoirs. It is known from other boreal,

permafrost-bearing aquatic systems that the longer the residence time of allochthonous DOM in

the system, the higher the proportion of LMW products of photodegradation and

bacterioplankton DOM transformation (Pokrovsky et al., 2011, 2013; Shirokova et al., 2013). An

additional factor responsible for the trend in Fig. 4.5 may be summer phytoplankton activity,

which produces LMW exometabolites dominating the speciation of OC in open water systems,

especially in the large clear water lake.

20

18 |
16 |
14 |
12 |
10 |

SUVA, | - mg!- m-!

SUVA, | - mg?- m

0.

Se N » O ©®

V-1

Hydrophobicity and aromaticity A

0.01 0.1 1 10 100
pore size, ym

Hydrophobicity and aromaticity [ 4y 40 B

—e—V-9

001

0.01 0.1 1 10 100

pore size, ym

Fig. 4.6. SUVA ratio with respect to molecular
size fractions for samples (V-1, soil solution;
V-3, top feeding lake; V-7, waterlogged shore
of the low feeding lake; V-9, mouth reach of
stream; V-10, terminal lake). The lines are for

guiding purposes.

Therefore, we may tentatively attribute the increase in the LMW<I1kDa fraction to the

appearance of small-sized autochthonous OC in the form of phytoplankton exometabolites

accompanied by the consumption of allochthonous soil-derived OM by heterotrophic
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bacterioplankton. Like Siberian thaw lakes (Pokrovsky et al., 2011), in addition to
exometabolites production, the higher proportion of LMW carbon in the largest lake can be a
result of the decreasing input of soil and bog-derived OM to this lake, due mainly to a large
water body in relation to the length of the shoreline or the watershed area. Therefore, the average
residence time of the allochthonous organic macromolecules in these lakes is longer, exposing
them to degradation by the bacterioplankton for a longer time (e.g. Amon and Benner, 1996 a,
b). As a result, dominant organic macromolecules are smaller in size than mainly allochthonous
DOM in small lakes located within the bog or the DOM of the forest stream. In a similar manner,
the photooxidation of DOM is most pronounced in the clear water (oligotrophic) lake, notably
due to much longer residence time of organic ligands in this lake. Given that photochemical
processes degrade a part of the refractory pool of DOM that is not readily available to bacteria
(Amon and Benner, 1996b), the importance of photodegradation in boreal lakes deserves further

investigation.

4.4.4.2. MW distribution from size exclusion chromatography

Results from size exclusion chromatography (SEC) of the soil solution and stream water
samples were similar and revealed a unimodal distribution (Fig. 4.7). In accord with the data on
molecular size distribution, they demonstrated the absolute molar dominance of 1 kDa size
compounds (Fig. 4.7, Table 4.2). Within the range 0.2 pm to 10 kDa (2.8 nm) and a
concentration of OC 5.2 mg/l, eight compounds of 5,200,000 Da were equivalent to the presence
of 4.4 x 10° molecules of 10 kDa. This strongly suggests a potentially significant importance of
the LMW fraction in metal complexation reactions in boreal aquatic environments. The
dominance of 1000 Da nominal molecular mass in the stream water is in agreement with results

from most rivers of the Arctic Ocean basin (cf. Dittmar and Kattner, 2003 a, b).
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Fig. 4.7. Weight average molecular weight (WAMW) distribution in filtrates (0.22 Ilm) of
samples (V-1 — soil solution, V-3 — top feeding lake, V-9 — mouth reach of the stream, V-10 —
terminal lake), determined from size exclusion chromatography. Insert is a curve of WAMW

distribution vs. time, calibrated using globular proteins.

Despite the dominant consensus that the bioavailability of OC decreases as its size
decreases (Amon and Benner, 1996 a, b), with the LMW fraction in Arctic rivers being more
refractory than the colloidal (1 kDa—0.45 pum) fraction (Guo and Macdonald, 2006), potential
bioavailability of LMW OC may be still quite high. Indeed, the LMW complexes (< 1 kDa) of
conventionally dissolved species are bioavailable in the case of passive diffusion through the
biological membranes as the pore sizes of the transport channels of cell walls (10-30 A in
bacteria, 35-50 A in plant cells; Carpita et al., 1979; Colombini, 1980; Trias et al., 1992) and
that of the 1 kDa dialysis membrane (1-3 nm) are comparable. However, in situ biodegradation
experiments with various size fractions of OM are necessary to constrain the bioavailability in

boreal subarctic settings.

4.4.4.3. C/N as an indicator of OM origin
The C/N ratio of the filtrates and ultrafiltrates showed a systematic variation for the two
most contrasting samples, terminal oligotrophic lake and soil solution (Fig. 4.8). Compared with

HMW fractions of 100 kDa—100 um, there was a 20-30% increase in C/N of 1-10 kDa
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ultrafiltrates of soil solution V-1. For the oligotrophic lake, this increase from HMW to LMW
fractions reached a factor of four to five. Such an evolution indicates a rather homogeneous
composition of various size fractions of the soil solution and strongly suggests a sole source of
DOM, presumably in the leachate of the plant litter subjected to minimal chemical and
microbiological transformation corresponding to C/N of 100-140. In contrast, low C/N values
(5-10) in the 0.1-10 um fraction of the large oligotrophic lake may stem from HMW
phytoplankton and aquatic macrophyte exometabolites enriched in organic N vs. soil humus. The
LMW fraction of the large lake had a C/N value between 20 and 25, approaching the value for
the stream (45-50). The LMW soil fulvic acids and photodegradation and microbial degradation
products < 10 kDa may also be present in this fraction, thereby contributing to the increase in
C/N with the decrease in pore size. However, our data do not allow straightforward
discrimination between the effect of allochthonous OM transformation and small sized
phytoplankton exometabolites on the relative enrichment by organic N in the < 1-10 kDa

fraction vs. HMW filtrates.
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Fig. 4.8. C/N ratio with respect to molecular size fractions for samples. The lines are for guiding
purposes.

4.4.4.4. Optical characteristics of DOM
The color of the filtrates and ultrafiltrates progressively decreased from the 100 um to 1 kDa
fraction in all the samples. Similarly, SUVA, reflecting the degree of hydrophobicity and

aromaticity, significantly increased by a factor of 10 with the decrease in pore size for this
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sample; the increase was much smaller for the low feeding lake V-7 (factor of 2.5) and was
minimal (< 30%) in the stream V-9 sample and the terminal clearwater lake V-10 sample (Fig.
4.6A and B). These observations suggested that the transformation of DOM via microbial
degradation and photodegradation was much more pronounced for the large lake and stream
water than for the soil solution. This transformation is capable of modifying the distribution of
carbon among different size fractions, presumably via decreasing the proportion of the
hydrophobic/aromatic fraction in the LMW colloidal pool.

The ratios of the absorbance at different wavelengths in the UV/visible range were
investigated to help reveal the basic features of OM chemical and source-related fractionation
among the different filtrates and ultrafiltrates. Ratios such as Ej;sa/Ezps, E2s4/Ea36, or Eas0/E3es
have been reported to be useful in OM characterisation (Battin, 1998; Hur et al., 2006; Spencer
et al.,, 2007; Li et al., 2009). For example, E;s4/E36s was used as a surrogate for DOM average
MW, with samples with relatively low values having relatively higher MW DOM (Peuravuori
and Pihlaja, 1997; Barreto et al., 2003; Berggren et al., 2007; Hiriart-Baer et al., 2008; Guo et al.,
2011). However, in the studied boreal waters, E;s4/E3ss remained rather constant (typically
between 4.5 and 5.5) and with minimal variation between Im size and kDa size filtrates and
ultrafiltrates (not shown). Baretto et al. (2003) calculated a value of E;s4/E36s close to 4 for all
water samples from Lake Ipe (Brazil) indicating the fulvic nature of the DOC. According to
Peuravuori and Pihlaja (1997), values of E»s4/E3ss of 4.5 and 5.7 correspond to an average MW
of 3380 Da (Lake Savojarvi) and 1120 Da (Utsjoki river), respectively for the humic solutes in
whole water samples. Similarly, Ejgo/Esso, which may approximate to the aromatic carbon
content of DOM (Croue et al., 2000), exhibited a very constant distribution among the different
size fractions, slightly increasing in the < 1 kDa ultrafiltrates from the humic lake (V-3) and
stream (V-9), see Table ESM-4.

An alternative parameter for helping estimate the relative composition of autochthonous

(aquagenic) vs. terrestrial (soil) DOM is Ejss/Ease (Battin, 1998; Jaffe et al., 2004; Hur et al.,
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2006). For the majority of the samples this ratio ranged from 10—40, with the minimal values for
soil solution V-1 and the maximal ones for the terminal lake V-10. The increase in E,s4/E436 With
decrease in pore size is consistent with the evolution of the C/N ratio in the filtrates/ultrafiltrates
series.

The change in degree of humification, reflected in E470/Egss (Chen et al., 1977; Schnitzer
and Calderoni, 1985; Adani et al., 2006), for the filtration and ultrafiltration series is illustrated
in Fig. 4.9 for soil solution, stream mouth and terminal lake. The soil solution exhibited a very
weak increase (ca. < 5%) in E470/E¢ss from the HMW to LMW fraction; the increase was a factor
of four for the 10 um—1 pm fractions of the stream water and a factor of eight for the 100 kDa—1
kDa fractions of the terminal lake. Like the evolution of the degree of hydrophobicity and
aromaticity (see Fig. 4.6), the result suggests (i) a highly homogenous distribution of the degree
of humification among different fractions of the soil solution V-1, containing exclusively
allochthonous plant litter-derived humic material, and (ii) highly fractionated OM in the
oligotrophic lake V-10 sample containing poorly humified fresh phytoplankton exometabolites
of HMW (0.1-10 um) and LMW allochthonous OM together with its microbial degradation and

photodegradation products.
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Fig. 4.9. E470/Eess ratio, reflecting degree of humification, plotted as a function of pore size for
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Finally, the presence of the UV/visible absorbing functional groups, reflected in Esgs5/E470
(Uyguner and Bekbolet, 2005), showed no evolution during the cascade filtration and
ultrafiltration of soil solution sample V-1 and stream water sample V-9 but significantly
increased after 0.1 Im filtration of terminal lake water sample V-10 (Fig. 4.10). Such a difference
in ultrafiltration pattern of V-10 vs. other samples from the Vostochnyi watershed reflected the
presence of at least two pools of DOM, the LMW allochthonous soil humic and fulvic acids (<

0.01 um), having elevated C/N ratio (cf., Fig. 4.8) and large size phytoplankton/macrophyte

exometabolites.
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Fig. 4.10. E345/E479 ratio, reflecting UV/vis absorbing functional groups, plotted as a function of

pore size of filtrates and ultrafiltrates for samples. The lines are for guiding purposes.

4.5. Conclusions

The results demonstratee a significant and systematic change in basic chemical (DOC
concentration, C/N ratio, SUVA and light absorbance ratios) and molecular size (100 pm—1 kDa
filtrates and ultrafiltrates) parameters of DOM in the continuum soil solution — feeding bog and
humic lakes — stream — terminal oligotrophic lake of a representative boreal subarctic
watershed (as summarized in Fig. 4.11 and Table 4.4). These crucial changes in basic DOM
parameters occurred over a very short distance of <2 km. For any type of water body, either lake
or stream, the key parameter controlling the transformation of DOM in the water column is the
water residence time. On one hand, it determines the relative effect of DOM input to the water
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body from the surface flow or DOM in situ production by aquatic phytoplankton, periphyton and
macrophytes. On the other hand, it controls the intensity of the DOM removal from the body,

and DOM transformation via heterotrophic aerobic consumption or photo-degradation.

Vostochniy stream

Soil solution — feeding lake — stream — terminal lake
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| E2s4/E435 , autochtonous vs terrestrial DOM

| Ezgs/Ea70 , UV/vis absorbing functional groups

| Ea70/Egss , degree of humification

VIV

Fig. 4.11. Scheme of DOM parameter evolution along watershed profile, from soil solution to

terminal lake.

As a result, the DOM evolution encountered in the Vostochniy watershed components
reflects the complex process of the interplay between two main sources of DOC — soil humic and
fulvic acids from the plant litter and bog water and aquagenic exometabolites of phytoplankton
and macrophytes. Both sources are subject to biodegradation and photodegradation, the extent of
which depends on the residence time of DOM in a given aquatic reservoir. Therefore, knowledge

of soil type and the relative distribution of bogs within a small subarctic watershed are not alone
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sufficient to predict the chemical and physical nature of the DOM that would be delivered by the
stream to the ocean. Local hydrological regime, presence of intermediate stagnant water bodies
and feeding lakes can significantly affect the original allochthonous signature of DOM during its
transport from the soil solution/bog zone to the stream mouth. Moreover, the glacial or
thermokarst origin of the hydrographic network distribution often suggests the presence of large,
oligotrophic lakes as a terminus for small subarctic watersheds, in contrast to the estuarine
mixing zone of large rivers. As such, small streams may deliver to the ocean DOC that is more
significantly chemically fractionated among different size fractions and transformed by
biodegradation and photodegradation compared with the DOM load of large rivers. This may be
especially true for the most labile LMW xp, fraction, by far dominant in molar concentration of
boreal DOM and susceptible to travelling through the freshwater — seawater mixing zone without
significant coagulation (cf. Dittmar and Kattner, 2003 a, b; Amon and Meon, 2004; Krachler et

al., 2010).

Table 4.4. Summary of main parameters and their evolution in the continuum of the watershed

from soil solution (V-1) to terminal oligotrophic lake (V-10).

Parameter Meaning V-1 - V-10 100 pm —1 kDa
DOC Dissolved organic carbon concentration decrease decrease
C/N Terrestrial vs autochthonous DOM decrease increase
LMW Presence of fulvic acids increase increase
SUVA Hydrophobicity and aromaticity decrease increase
E»54/Eu436 Autochthonous vs terrestrial DOM Increase Increase
E»g50/Esso Content of aromatic carbon stable stable
E»54/Es65 DOM average molecular weight no trend no trend
Es65/Ea70 UV/vis absorbing functional groups Increase Increase
E470/Egss Degree of humification Increase Increase

To place this work in the context of permafrost thawing, one has to consider the
difference in DOM transformation within small watersheds of the coastal zone and within the
large Arctic rivers. It is possible that climate warming at high latitude will change the flux and

the speciation of carbon in large rivers to a smaller degree than in small watersheds along the
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Arctic Ocean coast. At present, the contribution of these small watersheds to the overall carbon
flux from the land to the ocean is unknown (Holmes et al., 2012) but can be as high as 80%
(Romankevitch and Vetrov, 2001). These small headwaters have been hypothesized to be the
largest contributor to terrestrial DOC export per unit area (Agren et al., 2007). In this regard, the
major changes in DOC speciation delivered to the Arctic Ocean may occur within small
watersheds having a significant proportion of glacial lakes or thaw ponds in their territories. Due
to the relatively small discharge and baseflow regime during the Arctic summer, sufficient DOM
residence time in these small water bodies, together with elevated surface temperature will
stimulate production of phytoplankton, heterotrophic mineralization and photooxidation of
allochthonous DOC (cf. Jansson et al., 2008; Porcal et al., 2009). In contrast, large subarctic
rivers will be mostly affected by the increase in allochthonous soil OC input, due to the change
in river discharge and the increase in the active layer thickness (Prokushkin et al., 2011; Bagard
et al., 2011), as well as the increase in the winter discharge of terrestrial DOM (Stedmon et al.,
2011). As such, further studies of small subarctic watersheds with high seasonal resolution are

equally as important as for large rivers.
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Figure ESM-1. The scheme of cascade filtration used in this study.
Table ESM-1. Main filtration characteristics.
Pore size [Filer size Filter material Filter producer Filtration Filtration unit
pressure
100 pm 300*300 mm |[Nylon Fisherbrand, USA gravity flow | -
20 um | 37 mm Nylon Osmonics, GE, USA | -80 - 0 kPa Nalgen, 250 ml
10um @37 mm Nylon Osmonics, GE, USA | -80 - 0 kPa Nalgen, 250 ml
5 um 0 37 mm Nylon Osmonics, GE, USA | -80 - 0 kPa Nalgen, 250 ml
0.8 um @37 mm Nylon Osmonics, GE, USA | -80 - 0 kPa Nalgen, 250 ml
0.4 um [2x100*250 mm|Lavsan Dubna, Russia 130 - 150 kPa| -
0.22 ym @ 37 mm Nylon Osmonics, GE, USA | -80 - 0 kPa Nalgen, 250 ml
0.1 um @37 mm Nylon Osmonics, GE, USA | -80 - 0 kPa Nalgen, 250 ml
0.046 pm ¥ 37 mm Lavsan Dubna, Russia -80 - 0 kPa Nalgen, 250 ml
100 kDa (@ 76 mm Regenerated cellulose | Millipore, USA 0 - 100 kPa Amicon, 8400
10kDa @76 mm Regenerated cellulose | Millipore, USA 0 -350 kPa Amicon, 8400
1kDa @76 mm Regenerated cellulose | Millipore, USA 0 -350 kPa Amicon, 8400
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Table ESM-2. DOC concentration, C/N and optical characteristics of filtrates and ultrafiltrates.

S;g;ﬁlte pors;ll “e I;(;/CL, C/N SUVA | Exsa/Eszs | Easo/Esso | Easa/Eses | Eses/Eazo | Ea70/Eess

OR-9 10 138.2 109.6 0.016 13.7 2.65 4.43 2.45 5.01
0.8 135.2 97.8 0.015 13.5 2.65 4.43 2.47 5.03
0.4 56.3 nd 0.041 14.2 2.68 4.46 2.59 5.03
0.22 55.1 nd 0.049 14.5 2.70 4.50 2.60 5.03
0.1 38.8 99.0 0.055 15.1 2.69 4.66 2.58 5.03
0.046 34.2 nd 0.061 15.1 2.70 4.60 2.60 5.03
0.0066 27.1 138.8 0.077 14.9 2.70 4.61 2.61 5.05
0.0014 11.3 127.6 0.180 15.0 2.70 4.60 2.57 5.07
OR-6 10 15.2 nd 0.044 9.8 2.60 4.13 2.37 2.54
0.8 14.9 nd 0.047 11.5 2.70 4.36 2.64 3.45
0.22 14.6 nd 0.042 16.5 2.90 4.86 3.40 5.74
0.1 14.5 nd 0.046 16.0 2.95 4.95 3.24 6.68
0.0066 14.3 nd 0.038 12.7 2.89 4.56 2.79 3.18
0.0031 14.2 nd 0.050 14.1 3.30 5.20 2.70 2.93
0.0014 7.7 nd 0.044 14.9 3.43 5.34 2.78 3.25
OR-2 20 17.9 nd 0.015 17.1 2.87 4.84 2.80 5.10
10 17.1 nd 0.017 17.8 2.95 4.95 2.73 4.67
5 17.0 nd 0.022 14.8 2.80 4.66 2.40 3.60
0.8 16.3 nd 0.026 12.9 2.93 4.62 2.26 2.75
0.22 16.1 nd 0.032 14.0 2.84 5.00 2.22 2.12
0.1 15.0 nd 0.033 16.3 2.87 4.78 2.94 5.68
0.0066 14.5 nd 0.039 13.9 2.81 4.61 2.50 3.78
0.0031 13.3 nd 0.048 14.0 2.94 5.14 2.26 3.00

OR-1 20 15.8 nd 0.034 16.5 3.07 5.17 2.38 7

10 15.0 nd 0.037 13.2 2.93 4.82 2.75 8

5 14.8 nd 0.034 12.0 2.68 4.38 2.70 21

0.8 13.3 nd 0.041 16.8 3.01 4.99 2.67 22

0.22 13.1 nd 0.041 14.5 2.85 4.71 2.85 21

0.1 12.9 nd 0.040 14.3 2.81 4.69 2.76 20

0.0066 11.8 nd 0.044 18.2 3.02 5.24 2.95 19

0.0031 10.7 nd 0.045 20.4 3.10 5.34 2.75 20

0.0014 7.6 nd 0.046 21.4 4.18 6.52 2.80 21
OR-8 5 53 9.4 0.010 nd nd nd 0.83 1.10
0.8 5.2 6.9 0.010 nd nd nd 0.80 1.09
0.22 5.1 nd 0.011 nd nd nd 0.80 1.10

0.1 5.1 5.8 0.011 nd nd nd 0.76 1.11

0.046 5.0 nd 0.012 nd nd nd nd nd

0.0066 5.0 20.7 0.014 36.6 43 8.4 3.94 6.41
0.0014 5.0 25.0 0.014 354 43 8.4 3.77 8.16

Table ESM-3. Weather characteristics for sampling periods for the data from meteostation
22217 KANDALAKSHA (25m - 67 09N - 32 21E), www.mundomanz.com

Precipitation, mm | 2007 2008 2009 2010 2011 2013
June 423 99.0 68.4 72.8 17.4 44.8
July 102.8 69.7 79.7 37.6 90.3 2.3
July 23 2009 - - 0.0 - - -
August 38.8 99.3 105.5 65.0 54.1 -
Year 6022 | 631.8 | 5622 | 5064 | 4945 -
Temperature, °C 2007 2008 2009 2010 2011 2013
June 11.1 11.2 10.6 10.4 14.0 13.5
July 14.4 13.7 13.5 16.3 16.0 14.8
July 23 2009 - - 18.0 - - -
August 14.0 10.7 13.4 11.9 11.8 -
Year 1.7 1.2 0.9 0.1 1.9 -
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Chapter 5

Conclusions and perspectives
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The podzol soil is characterized by low content of elements. The main reserves of organic
substances in the soil are concentrated in the upper horizons. The formation of podzol on sandy
and stony rocks contributes to migration of water-soluble compounds in the soil profile. The
extent of movement of a metal in the soil system is related to the solution and surface chemistry

of the soil and to the specific properties of the metal and associated waste matrix.

First part of this thesis was aimed at studying the influence of bacteria Pseudomonas
aureofaciens on the sorption of zinc by different horizon of podzol soil. The experiments on the
Zn adsorption onto podzol soil demonstrated a factor of 1.5 higher sorption capacity for the
organic-rich horizon than for the mineral horizon, linked to the different complexation constants
of Zn with the organic and mineral surface functional groups. There is an effect of the Zn
adsorption decrease onto eluvial-humic horizon of podsol soil in the presence of live
Pseudomonas aureofaciens (a factor of 2). In contrast, the presence of bacteria does not
significantly modify the Zn adsorption onto mineral horizon. The main mechanisms of the
decrease in the Zn adsorption onto the soil in the presence of the EPS-rich bacteria is shielding
(protection) of the soil organic-rich particles by the relatively inert EPS. For example, the
adsorption of EPS onto soil particles may lead to their aggregation, a decrease of the active
surface area and, presumably, screening of the active surface centers from the aqueous Zn’ " ions.
Special transmission electron microscopy and laser granulometry studies of soil-bacteria
aggregates are necessary to confirm this mechanism.

These conclusions are important for remediation strategies, abiotically treated soils may be
more efficient metal adsorbents than the native soil systems.

In the second part of this work, we investigated the release of various elements from
different horizons of podzol soil in the presence of heterotrophic bactertum Pseudomonas
aureofaciens. Dissolved organic carbon (DOC) concentrations decreased and dissolved inorganic
carbon concentrations increased over the course of experiments with live bacteria due to on-
going DOC mineralization processes. Compared to abiotic systems, the observed decreases in
the concentrations of major elements and many heavy metals that leach from the soil in the
presence of bacteria have important consequences regarding our understanding of the role of
bacteria in element mobilizations from soil to rivers. Presence of live bacteria enhanced the
release of Fe, V, Rb, Ni, Cd, and Pb from eluvial-humic and illuvial horizons of podzol soil. In
contrast, the release of K, Ca, Sr, Ti, Zn and Mn from soil decreased in the presence of bacteria,
and Cu, Al, Ni,Mo and Cr release from soil was not affected by the presence of bacteria. The
maximal effects of bacteria on divalent metals, such as Ni, Cd and Pb, may stem from the

bacterial degradation of organic complexes of these metals in soil and their release into aqueous
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solution. But it follows that chemical weathering in both organic and mineral horizons of podzol
soil may not be strongly affected by heterotrophic bacterial activity; rather, the solution pH and
DOC levels may control the intensity of element mobilization.

Last part of this thesis was aimed at studying natural organic matter size distribution in
the natural waters in the continuum soil solution — bog — stream — and terminal lake of a
representative boreal subarctic watershed. The results demonstrate a significant and systematic
change in different parameters of DOM (DOC concentration, C/N ratio, SUVA, light absorbance
ratios and molecular size) in the Vostochniy watershed components. Such an evolution reflects
the complex process of the interplay between two main sources of DOC — soil humic and fulvic
acids from the plant litter and aquagenic exometabolites of phytoplankton and macrophytes —
both subjected to biodegradation and photodegradation, whose degree depends on the residence
time of DOM in a given aquatic reservoir. Moreover, the glacial or thermokarst origin of the
hydrographic network distribution often suggests the presence of large, oligotrophic lakes as a
terminus for small subarctic watersheds, in contrast to the estuarine mixing zone of large rivers.

In order to better distinguish the influence of UV irradiation in organic matter
transformation and the relative role of organic colloids in the binding of metals during migration
from the soils and bogs to the river flow some experimental studies can be performed. It will
allow quantifying the impact of photodegradation processes on organo-mineral colloids
distribution.

Therefore, knowledge of soil type and the relative distribution of bogs within a small
subarctic watershed are not alone sufficient to predict the chemical and physical nature of the

dissolced organic matter that would be delivered by the stream to the ocean.
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