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Abstract 

Sulfate radical (SO4
•-) based advanced oxidation processes (AOPs) has been proved to be 

effective for the removal of many contaminants. In this thesis, we investigated the oxidation 

processes of iodinated X-ray contrast media diatrizoate (DTZ), β2-adrenoceptor agonists 

salbutamol (SAL) and terbutaline (TBL) by reaction with SO4
•- generated from the activation 

of persulfate (PS); in addition, the reactivity of SO4
•- with natural organic matter (NOM) was 

also estimated. 

Specifically, to determine the reactivity of SO4
•- with NOM, laser flash photolysis (LFP) 

technique was applied to monitor the SO4
•- decay and the formation of the transients from 

organic matters. Reaction rate constants comprised between 1530 and 3500 s−1 mgC−1 L were 

obtained by numerical analysis of differential equations and the weighted average of the 

extinction coefficient of the generated organic matters radicals between 400 and 800 M−1 

cm−1. 

In the decomposition process of DTZ by UV-activated PS, major oxidation pathways include 

deiodination-hydroxylation, decarboxylation- hydroxylation and side chain cleavage. Results 

also indicated that DTZ degradation rate increased with increasing PS concentration. The 

presence of NOM inhibited DTZ removal rate, while, bicarbonate enhanced it, and chloride 

ions induced a negative effect above 500 mM.  

For the degradation of SAL and TBL, phenoxyl radicals were proven to play a very important 

role from the initial step. Chloride exhibited no effect on the oxidation efficiencies of SAL 

and TBL, while bromide, bicarbonate and NOM all showed inhibitory effects. 

Key words: Advanced oxidation process; Sulfate radical; Organic micro-pollutants; Laser 

flash photolysis; Natural organic matter. 

  



 
  

 

  



 
  

RESUME 

Les processus d'oxydation avancés à base du radical sulfate (SO4
•- -) ont prouvé leur efficacité 

pour l'élimination de nombreux contaminants. Dans ce travail de thèse, nous avons étudié les 

processus d'oxydation et de dégradation par le radical sulfate activé à partir du persulfate (PS) 

pour les molécules suivantes : le diatrizoate, molécule utilisée comme produit de contraste 

radiologique iodé (DTZ), le salbutamol (SAL) et la terbutaline (TBL), agonistes des 

récepteurs β2-adrénergiques. En outre, la réactivité de SO4
•- avec la matière organique 

naturelle (NOM) a également été déterminée.  

Plus précisément, pour déterminer la réactivité de SO4
•- avec NOM, une technique de 

photolyse laser couplée à la spectroscopie (LFP) a été appliquée pour étudier l’évolution de 

SO4 • ainsi que la formation d’espèces transitoires à partir de la matière organique. Des 

constantes de vitesses comprises entre 1530 et 3500 s-1 mgC-1 L ont été obtenues par analyse 

numérique des équations différentielles et des valeurs moyennes de coefficient d’absorption 

molaires comprises entre 400 et 800 M-1 cm-1 ont été déterminées pour les espèces transitoires 

générées de la matière organique. 

Dans le processus de décomposition de DTZ par PS activé par UV, les principales voies 

d'oxydation sont la dé-iodination-hydroxylation, la dé-carboxylation-hydroxylation et le 

clivage de la chaîne latérale. Les résultats ont également indiqué que la vitesse de dégradation 

du DTZ augmentait avec l'augmentation de la concentration en PS.  

La présence de NOM a inhibé la dégradation de DTZ, tandis que le bicarbonate l'a amélioré. 

Pour les ions chlorure un effet négatif a été observé pour des concentrations supérieures à 500 

mM. 

Pour la dégradation du SAL et du TBL, il a été montré que les radicaux phénoxy jouaient un 

rôle majeur en début de réaction. Par ailleurs, le chlorure n'a pas eu d'effet tangible sur 



 
  

l'efficacité d'oxydation de la SAL et du TBL, tandis que les ions bromures, bicarbonates et le 

NOM présentaient des effets inhibiteurs.  

 

Mots clés: Processus d'Oxydation Avancé; Radical sulfate; Micro-polluants organiques; 

Photolyse Laser couplé à la spectroscopie,  Matière organique naturelle. 

 

  



 

1 
 

Table of Contents 

List of Figures……………………………………………………………………………….5 

List of Tables…………………………………………………………………………..…….9 

General Introduction …..……………………………………………………………..…...11 

Chapter I Organic micro-pollutants and advanced oxygen process……………..15 

   1.1. Organic micro-pollutants in aquatic environment.…………………………………......15 

1.1.1 The occurrence of organic micropollutants …..……………………………….…15 

1.1.2 Sources and fate of organic micro-pollutants in natural waters……………….…17 

      1.1.3. Environmental fate of organic micro-pollutants in natural waters……………....19 

  1.1.4. Environmental risk of organic micro-pollutants………………………………...25 

    1.2. Advanced oxidation process in water treatments……………………………………...26 

     1.2.1. Hydroxyl radicals (∙OH) based AOPs…………………………………………...28 

      1.2.2. Sulfate radical (SO4
•−) based AOPs……………………………………………...30 

1.3. References……………………………………………………………………………..37 

Chapter II Experiment Section…………………………………………………………..55 

    2.1. Chemicals and materials..……………………………………………………………..55 

    2.2 Steady-state photolysis experiments….………………………………………………..57 

2.3 Laser Flash Photolysis (LFP) experiments…………………………………………….59 

2.4 Analytical procedures…………………………………………………………………..59 

2.5. Rate constants measurements……………………………………………………….....61 

2.6. Calculations……………………………………………………………………………62 

2.7. References……………………………………………………………………………..66 

Chapter III Reactivity of sulfate radicals with natural organic matters……....…..69 

     3.1. Results and discussion…………………………………………………...……………70



 

2 
 

 

            3.1.1. Formation and identification of transient species…………………….………..70 

            3.1.2. Reactivity of SO4
•− towards selected NOM……………………………...…….71 

            3.1.3. Bleaching…..…………………………………………………………………..75 

 3.2. Conclusion……………………………………………………………………………75 

 3.3. References…………………………………………………………………………….75 

Chapter IV Degradation of Diatrizoate by Photo-activated Persulfate ………….79 

 4.1 Results and discussion…………...……………………………………………………81 

       4.1.1. Reaction kinetics. ……………………………………………..…………..……81 

           4.1.2. Identification of oxidizing species (SO4
·- and ·OH)……………………………90 

           4.1.3. Degradation products and reaction pathways………………………….……….92 

       4.1.4. Impacts of natural water constituents………………..………………………….96 

 4.2. Conclusion…...……………………………………………………………………...100 

 4.3. References. ……………………..…………………………………………...………101 

Chapter V Degradation of β2-adrenoceptor Agonists Salbutamol and Terbutaline 

by Photo-activated Persulfat……………………...…………………...….109 

 5.1 Results and discussion……………………………...………………………………..111 

       5.1.1. Formation and identification of transient species…………………...………...111 

           5.1.2. Reactivity of sulfate radical towards SAL and TBL………………………......114         

           5.1.3. UV/PS oxidation under simulated solar light………………...…...…………...115 

       5.1.4. Oxidation products…...……………...………………………………………...119 

       5.1.5. Mechanisms of oxidation pathways……...……………………………...…….120 

       5.1.6. Effects of natural water constitutes…………………………………………...124 

 5.2. Conclusion...………………………………………………………………………...135 

 5.3. References……………………..……………………………………………………136 



 

3 
 

Chapter VI General conclusions and respects ……………...…………………..…..145 

Appendix……………………………………………………………………………………………....149



 

 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
  
 



 

5 
 

List of Figures 

Figure 1.1. Representative sources and routes of micro-pollutants in the environment….….17 

Figure 1.2. Hydroxyl radicals formed according to advanced oxidation technologies……...28 

Figure 2.1. The scheme of applied SUNTEST photo-reactor………………………..………58 

Figure 2.2. Incident light received by the solutions in the SUNTEST……..………………..58 

Figure 2.3. Standard curve for PS concentration determination………..……………………64 

Figure 3.1. Time profile absorbance monitored for PS (1) and PS + NLNOM (2) at 450 nm;                             

time profile absorbance monitored at 600 nm for PS + NLNOM (3)…………...70 

Figure 3.2. Excitation of a solution containing PS and NLNOM. Transient spectrum measured                 

50 μs after the pulse end (A) and absorbance decay measured at 450 nm (B)….71 

Figure 3.3. Bleaching of the four selected NOMs by photo-activation of PS at 330 nm….…74 

Figure 4.1. Degradation of DTZ by UV, H2O2 in dark, PS in dark, UV/H2O2 and UV/PS.…81 

Figure 4.2.  Decay of sulfate radical transient followed at 450 nm in the absence and presence              

of DTZ (A); the linear relationship of the pseudo-first order decay constant of 

SO4
•− (k, s-1)   versus the concentration of DTZ (B)……………………...……..83 

Figure 4.3. Absorption spectrum of H2O2 and PS at 50 mM from 250 to 350 nm…….…….84 

Figure 4.4. The UV-Vis spectrum of DTZ reaction solutions oxidized by UV/PS in a cell of 

pathlength 1 cm………………………………………………………………….85 

Figure 4.5. Light intensity absorbed by PS during the reaction process……………...………86 

Figure 4.6. Degradation of DTZ by UV/PS (A) for various pH; (B) for different initial PS  

doses……………………………………………………………………………..87 

Figure 4.7. Speciation of DTZ at different pH values……………………...…………………89 

Figure 4.8. Degradation efficiencies of DTZ by UV/PS in the presence of different scavengers 

(EtOH and TBA) molar ratios……………...…………………………………....91 

Figure 4.9. Proposed oxidation pathways of DTZ by simulated sunlight activated PS……....94 



 

6 
 

Figure 4.10. Proposed oxidation mechanisms of deiodination (A) and decarboxylation (B)...95 

Figure 4.11. Decomposition of DTZ by simulated sunlight activated PS in the presence of 

SRFA………………………..…………………………………………………...97 

Figure 4.12. Decomposition of DTZ by simulated sunlight activated PS in the presence of 

chloride…………………………………………………………………………98 

Figure 4.13. Degradation efficiencies of DTZ by simulated sunlight activated PS in the 

presence of bicarbonate………………………………………...……………..100 

Figure 5.1. LFP of PS and SAL. A: Transient spectra measured at the pulse end (A0) and 20 

μs after (A20). B: Time profile absorbance monitored at 400 nm. C: Time profile 

absorbance monitored at 450 nm……………………………………..…………111 

Figure 5.2. Transient absorption spectra of 2-hydroxybenzyl alcohol (2-HBA, A) and 4- 

hydroxybenzyl alcohol (4-HBA, B) obtained by LFP in water…………..…....112 

Figure 5.3. Transient absorption spectra of aqueous resorcinol (A), TBL (B) and 3,5-DHBA 

(C) in the presence of PS produced by LFP (the insert bands represent the 

phenoxyl radical absorption bands), and the time profiles (20 μs) of TBL/PS 

transient species at 410 nm (D1), 425 nm (D2), 440 nm (D3) and 500 nm 

(D4)……………………………………………………..……………….……..113 

Figure 5.4. Vibrational progression of the UV-Vis absorption spectra of the resorcinol 

phenoxyl radical and the 3,5-DHBA phenoxyl radical obtained by DFT 

calculations at the B3LYP/6-31+G(d,p) level……………...…….....……...……114 

Figure 5.5. Decay of the sulfate radical monitored at 450 nm as a function of SAL 

concentration. Transient absorbance were obtained upon LFP (266 nm) for PS at 

44 mM (A); Linear plot of the pseudo-first order decay rate constant of SO4
•− (k, s-

1) versus the concentration of SAL (B)………………………….........…………115 

 



 

7 
 

Figure 5.6. Pseudo-first order rate constants for SAL and TBL for different initial PS 

concentrations………………………………………………………………..…..117 

Figure 5.7. Proposed oxidation pathways of TBL (A) and SAL (B) by UV/PS process……123 

Figure 5.8. Reactions of the phenoxyl radical from SAL…………………………...………123 

Figure 5.9. Decomposition rate constants of SAL and TBL at various Cl- concentrations…125 

Figure 5.10. Effect of Br- on the oxidation kinetic of SAL and TBL by UV/PS process...…127 

Figure 5.11. Decay of Br2∙- transient followed at 370 nm in the absence and presence of SAL 

(A); Linear relationship of the pseudo-first order decay constant of Br2
∙- (k, s-1) 

versus the concentration of SAL (B)……………………….………………….128 

Figure 5.12. Proposed pathways of SAL and TBL in the presence of excess Br- by UV/PS 

process………………………………………………………………………...129 

Figure 5.13. Degradation rate constants of SAL and TBL at various HCO3
- concentration...132 

Figure 5.14. Decomposition of SAL (A) and TBL (B) by simulated sunlight activated PS in 

the presence of different concentration of SRFA…….........………………….133 

 



 

 
 



 

9 
 

List of Tables 
Table 2.1. Main characteristics of the chemical reagents used in this study………………….55 

Table 2.2. HPLC analysis parameters……………………………..………………….………60 

Table 3.1. Values of k3 and ' for the selected NOMs and carbon organic content corrected 

for the ash and water content obtained from the IHSS website…………..………74 

Table 4.1. Degradation efficiencies of DTZ at different conditions………………………….88 

Table 4.2. Proposed structure of DTZ oxidation products by UV activated persulfate………93 

Table 5.1. Pseudo first-order degradation rate constants of SAL and TBL in different 

conditions…………………………………………………………………………116 

Table 5.2. Proposed structure of SAL and TBL (120 μM) degradation products in the 

presence of PS (12 mM) after irradiation of 60 min (in positive mode)………...121 

Table 5.3. Reaction rate constants of different reactive species with SAL and TBL…….…129 

Table 5.4. Proposed structure of SAL and TBL (120 μM) degradation products in the 

presence of PS (12 mM) and excess Br- (0.1 M) after irradiation of 60 min (in 

positive mode)………...…………………………………………………………..130 



 

 
 

  



 

 11  
 

General Introduction 

Over the last few decades, organic micro-pollutants have been frequently detected in various 

aquatic environment. The occurrence of these organic micro-pollutants has become a 

worldwide issue of increasing environmental concern. Traditional wastewater treatment plants 

(WWTPs) are not designed to completely remove organic micro-pollutants at relative low 

concentration, which makes them an important route for the release of such chemicals. 

The growing concerns over water quality have led to a need for the development of effective 

treatment technologies as a supplement to WWTPs to remove such micro-pollutants from 

aquatic systems. Advanced oxidation processes (AOPs) are among the promising alternatives 

capable of removing these micro-pollutants from WWTPs as well as in natural waters. Most 

of the AOPs technologies are mainly based on the generation of reactive oxygen species 

(ROS, e.g. hydroxyl radicals and sulfate radicals). 

The using of hydroxyl radicals (∙OH) for the elimination of organic micro-pollutants has been 

proved to be very efficient; while it still has some drawbacks, for instance, the oxidation 

efficiency of Fenton process would always decline due to the change of solution pH. Sulfate 

radical-based AOPs (SR-AOPs) are increasingly gaining attention as effective solution to the 

degradation of recalcitrant organic micro-pollutants in aquatic systems. Sulfate radical has 

strong oxidation capacity, and also opposes a longer lifetime than ∙OH. It prefers to react with 

electron-rich groups via electron-transfer reactions, such as aniline and phenolic chemicals. 

These chemical properties of sulfate radical mentioned above makes SR-AOPs a promising 

AOPs technology for the removal of organic micro-pollutants. 

The main objectives of this work are defined as follows  

- to investigate the oxidation of several selected micro-pollutants by using SR-AOPs, 

including iodinated X-ray contrast media diatrizoate (DTZ), β2-adrenoceptor agonists 

salbutamol (SAL) and terbutaline (TBL); 
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- to determine the rate constants of selected organic micro-pollutants with sulfate radical;  

- to identify the transformation intermediates and oxidation products; and to explore the 

degradation pathways and mechanisms;  

- to evaluate the impacts of natural water constituents (HCO3
-, Cl-, Br- and NOM). 

The first prat of this thesis, in Chapter 1, gives a brief introduction on the background of 

relevant research. In this part the occurrence, sources, fates and environmental risks of organic 

micro-organic pollutants were induced initially. Since many micro-organic pollutants have 

been detected in aquatic environment, AOPs technologies are regarded as a supplement to 

WWTPs for the removal these micro-pollutants from aquatic systems. AOPs based on 

hydroxyl radical as well as sulfate radical were also stated in this part, SR-AOPs attracts more 

scientific attention due to its selectivity and adaptability to different conditions. The different 

activation strategies to generate sulfate radical, degradation of organic micro-pollutants and 

the effects of natural water constituents on SR-AOPs are all present in this chapter. 

The second part, Chapter 2, illustrates the materials and experimental methodologies. In this 

chapter the chemicals used in this thesis (including their purities and suppliers), the 

experimental setup, analytical procedures and the calculation methods are all described in 

details. 

Chapter 3 focus on the kinetic study of the reaction between sulfate radicals and natural 

organic matter. The objective of this chapter is to determine the absolute rate constants of 

reactions of SO4
•− with different NOMs by using the laser flash photolysis (LFP) method. 

This direct method that allows the monitoring of the SO4
•− decay also offers the possibility to 

observe the transient species generated by these reactions, determine their spectroscopic 

characteristics and measure their decay. 

Chapter 4 investigates the degradation of X-ray contrast media diatrizoate by sulfate radicals. 

In this part, we attempte to elucidate the underlying mechanisms and oxidation pathways of 
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the reaction between DTZ and SO4
∙-, SO4

∙- is generated by simulated sunlight activated PS 

process. Kinetic studies are conducted for a better understanding of the influence of factors 

including pH and natural water constituents. The identification of DTZ transformation 

intermediates and products is also performed by using HPLC-MS method. Based on the 

HPLC-MS data, the reaction mechanisms and detailed transformation pathways are proposed. 

Our study provides useful information about using sulfate radical-based technologies for 

remediation of the groundwater contaminated by DTZ and structurally related X-ray contrast 

agent. 

Chapter 5 studies the degradation kinetic and mechanisms of β2-adrenoceptor agonists 

salbutamol (SAL) and terbutaline (TBL) by sulfate radicals. In this chapter, we evaluate the 

efficacy of simulated sunlight activated PS processes in eliminating SAL and TBL. The main 

objectives of this part were (1) to identify the main oxidation products of SAL and TBL and 

propose the oxidation mechanism of them by the reactive species involved in the processes; 

(2) to investigate the reactivity and predominant reactive species responsible for the 

degradation of SAL and TBL; (3) to evaluate the effects of natural water constitutes such as 

choloride, bromide, bicarbonate and natural organic matter on the oxidation process of SAL 

and TBL by UV/PS. 

Chapter 6 contains the general conclusions and prospects of this thesis. 
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Chapter I 
Organic micro-pollutants and advanced oxygen process 

1.1 Organic micro-pollutants in aquatic environment. 

1.1.1. The occurrence of organic micro-pollutants. 

Organic micro-pollutants, also termed as emerging contaminants, comprise a large number 

group anthropogenic as well as natural substances. These chemicals include pharmaceuticals, 

personal care products (PPCPs), perfluorinated compounds (PFCs), endocrine disrupting 

chemicals (EDCs), industrial chemicals, pesticides and many other emerging compounds [1]. 

In natural waters, organic micro-pollutants are commonly present at trace concentrations, 

ranging from ng L-1 to μg L-1. The ‘low concentration’ and diversity of micro-pollutants not 

only complicate the associated detection and analysis procedures but also create challenges 

for water and wastewater treatment processes [1]. 

Over the last few decades, the occurrence of these organic micro-pollutants in the 

environment has become a worldwide issue of increasing environmental concern. Organic 

micro-pollutants have been frequently detected in various aquatic environment, such as 

wastewater treatment plants (WWTPs) effluents [2], surface water [3], drinking water [4] as 

well as groundwater [5] due to the advance in more sensitive, reliable and cost-effective 

analytical apparatus. For instance, in the South Wales region of the UK, 56 different PPCPs, 

endocrine disruptors and illicit drugs were detected in two contrasting rivers: River Taff and 

River Ely. Most PPCPs found in these two rivers were detected at concentrations reaching 

single μg L−1 and their levels depended mainly on the extent of water dilution resulting from 

rainfall. The most frequently detected PPCPs were antibacterial drugs (trimethoprim, 

erythromycin-H2O and amoxicillin), anti-inflammatories/analgesics (paracetamol, tramadol, 

codeine, naproxen, ibuprofen and diclofenac) and antiepileptic drugs (carbamazepine and 

gabapentin) [6]. Yang et al. investigated the occurrence of four perfluorinated sulfonate acids 
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(PFSAs) and 10 perfluorinated carboxylate acids (PFCAs) in water from Liao River and Taihu 

Lake, China. They found that in Taihu Lake, perfluorooctanoic acid (PFOA) and 

perfluorooctanesulfonic acid (PFOS) were the most detected PFCs; and in Liao River, 

perfluorohexane sulfonate (PFHxS) was the predominant PFCs followed by PFOA, while 

PFOS was only detected in two of the samples [7]. PFCs have also been detected in North 

Pacific Ocean with the average concentration at 560 pg L-1, and perfluoroalkyl carboxylates 

(PFCAs) were the dominant PFCs [8]. Estrogens are often regarded as one of the most 

important endocrine disrupting chemicals (EDCs), estrogens including estrone (E1), 17β 

estradiol (E2), estriol (E3) and 17α-ethinylestradiol (EE2), have been found in sewage and 

surface water in many countries (UK, Germany, France, etc), and their concentrations reached 

several hundreds of ng L−1 [9]. Other EDCs, such as bisphenol A , nonylphenols  and 

octyphenols were also been detected in the treated sewage effluent as well as drinking water 

sources with concentrations from ng L-1 level to several hundreds of μg L−1 [9]. The 

occurrence of some industrial chemicals, such plasticizers and fire retardants has increasingly 

been subject of research activities over the last decade. Regnery et al. investigated the 

occurrence of organophosphorus (OPs) flame retardants and plasticizers in urban and remote 

surface waters in Germany. They found the OPs levels in the rural lakes were considerably 

lower than in lakes of the urban area Frankfurt and Main. High variability but no significant 

seasonal trends were observed for all the organophosphorus in urban lake water samples. In 

addition, they also revealed the rapid degradation of non-chlorinated OPs and the resistance of 

chlorinated OPs in natural waters upon sunlight irradiation [10]. In USA, pesticides were 

commonly detected in shallow groundwater, at concentrations generally low since over 95% 

of the detections were found less than 1 μg L-1. The most frequently detected pesticides and 

some of their metabolites were atrazine, deethylatrazine, simazine, metolachlor, and prometon 

[11]. The occurrence of 22 pesticides in different WWTPs have been studied by Köck-
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Schulmeyer et al., their results indicated that total pesticide levels were in most instances 

below 1 μg L-1 but removal in the WWTPs was variable and often poor, with concentrations 

in the effluent sometimes higher than in the corresponding influent [12]. 

The occurrence of organic micro-pollutants in the aquatic environment is reported in many 

publications during the last decades and reviewed by many scientists demonstrating an 

increasing concern about them. Although the reported concentrations of most organic micro-

pollutants were relatively low, their environmental risk and potential harm to human beings 

could still not be ignored. 

1.1.2. Sources and fate of organic micro-pollutants in natural waters. 

As illustrated in Figure 1.1, several main sources of organic micro-pollutants are summarized 

including: (a) domestic and hospital effluents; (b) industrial wastewater; (c) landfill leachates; 

and (d) runoff from agriculture, livestock and aquaculture [1, 13]. 

 

Figure 1.1. Representative sources and routes of micro-pollutants in the environment 

[20]. 
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The release of effluents from municipal WWTPs is one of the important routes for the 

appearance of many organic micro-pollutants in the aquatic environment, the wastewater 

treated in these plants mainly resulting from domestic and industrial activities, as well as from 

hospitals [14]. Numerous studies are found to support the claim that WWTPs and untreated 

urban wastewater acted as the major routes through which PPCPs and EDCs get released into 

various natural waters [14-16]. Many organic micro-pollutants oppose microbial activities 

such as antibiotics and hormones, most of the conventional WWTPs based on biological 

process are not designed to effectively remove these organic micro-pollutants [17].Thus, in 

this context, a high proportion of the non-degradable or partially removed micro-pollutants 

would escape and get introduced into the aquatic systems as effluents [18]. For instance, in 

Germany, it has been reported by Kümmerer that about 70% of the total amount of antibiotics 

consumed was excreted unchanged from WWTPs [19]. 

Another source of the introduction of organic micro-pollutants into aquatic environment is the 

leakage from landfills, manure storage tanks and septic tanks [21]. This kind of pollution 

source shows great threat to natural waters, especially to groundwater. Eggen et al. have 

identified the occurrence PFCs, chlorinated alkylphosphates and some PPCPs chemicals in 

municipal landfill leachates [22], this work has shown that municipal landfill leachates may 

represent a significant source of concern for legacy, new and emerging chemicals in 

groundwater. Fawell and Ong also noted that some organic micro-pollutants (i.e. PPCPs and 

EDCs) would enter into the groundwater through leaching and leaking of poorly designed 

sewer and landfills [23]. In addition, 10 pharmaceutical compounds were detected by Carrara 

et al. in groundwater samples released from 3 septic tanks in Canada [24]. Among the 

contaminants, ibuprofen, gemfibrozil, and naproxen were observed to be transported at the 

highest concentrations and greatest distances from the infiltration source areas.  

The livestock and poultry breeding as well as aquaculture are also important sources for the 
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inputs of organic micro-pollutants into aquatic systems. As known, direct release of pesticides 

and pharmaceuticals in environment might occur via application in aquaculture (i.e. fish 

farming) [13]. These chemicals used in fish farming could enter surface waters directly 

without undergoing any kind of attenuation process. Poor agricultural practices were also 

considered as an important origin for the occurrence of pesticides, PPCPs and EDCs in rivers 

and lakes [25]. Moreover, the application of land-applied bio-solids is regarded as another 

possible route of the entry for organic micro-pollutants into groundwater. Hale et al. have 

found high concentrations of brominated diphenyl ethers (BDEs) in bio-solids from four 

different regions of the United States [26]. Pharmaceuticals (i.e. antibiotics) and EDCs are 

used in huge amount in livestock and poultry breeding as anti-microbiological gents and 

promoters, these compounds could release into natural waters mostly via washing off after 

rain and run-off from manure. Matthiessen et al. concluded that near 92% of the headwater 

streams in UK were contaminated by EDCs from livestock farms [21], in their study the most 

frequently detected EDCs are E1 and E2. 

Apart from the sources mentioned above, others include recreational activities, transportation 

or wash-off from roadways and atmospheric deposition [14]. As known, many personal care 

products could directly enter into aquatic systems via recreational activities such as 

swimming, bathing or other technological process [27]. For instance, UV filters, one of the 

most used personal products, have been detected frequently in rivers and lakes [28, 29]. 

Atmospheric deposition is another route for some micro-pollutants entering the surface 

waters, it has been reported that high atmospheric depositional inputs would lead to high 

persistent organic pollutants (POPs) concentrations on surface waters and soils [30, 31]. 

1.1.3. Environmental fate of organic micro-pollutants in natural waters. 

The presence of organic micro-pollutants from the main sources of contaminations (i.e. 

WWTPs, landfills and agriculture) is firstly attenuated by dilution in surface water up to trace 
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level. Afterwards, there are multiple processes responsible for the environmental fates of these 

organic micro-pollutants in aquatic systems, these processes include adsorption, chemical and 

physico-chemical transformation and biodegradation. 

Adsorption onto the surface of suspended solids, colloids and natural dissolved organic matter 

(DOM) is one of the most important processes that could attenuate micro-pollutants from 

natural waters [13]. The adsorption of one micro-pollutant depends on its physico-chemical 

properties as well as geology, soil texture (sand, clay…), sediment and DOM nature [32].  

Rogers once proposed to characterize the mobility of organic contaminants by using partition 

coefficient (Kow), the greater the values are, the more those micro-pollutants sorb upon 

organic carbons such as suspended soils, non-polar fats, lipids and mineral oil [33]. 

Specifically, if log Kow < 2.5, it means low adsorption potential; a value between 2.5  and 4.0 

represents medium sorption, and log Kow > 4.0 means high sorption ability [33, 34]. 

Generally, most organic micro-pollutants (i.e. PPCPs and EDCs) are polar and highly 

hydrophilic with low partition coefficient (Kow) and partially soluble in water [14], leading to 

low or moderate retention onto sediment and sludge. However, there are still some organic 

micro-pollutants showing strong sorption potentials with log Kow > 4.0, such as triclosan, 

fluoxetine and E2 [13]. Zhou et al. have found that activated sludge show adsorption ability 

for PFOA and PFOS, the removal of PFOS and PFOA decreased with the increase of the 

solution pH, and some amide groups in protein on the bacterial surface may be involved in the 

sorption [35]. Hari et al. studied the adsorption of selected pharmaceuticals nalidixic acid and 

norfloxacin on natural aquifer materials, their results indicated a 1-2 orders of magnitude 

variation in adsorption affinity with changing pH for these two quinolone pharmaceuticals 

[36]. Up to date, there are still very few studies concerning the interaction of micro-pollutants 

with natural aquifer materials. 

Once released into aquatic systems, another possible fate of organic micro-pollutants is the 
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complexation with cationic species, such as Ca2+ and Fe3+. Zhou et al. have reported that 

salbutamol, one of the β2-agonists, could chelate iron as a bidentate ligand, three molecules of 

salbutamol could bind one iron to form an octahedral complex, regardless of the pH 

conditions [37]. A similar phenomena of the complexation of tetracycline with Ca2+ was 

observed by Kemper [38]. 

As mentioned above, many organic micro-pollutants are found to be recalcitrant to 

conventional WWTPs that based on biodegradation. However, biodegradation is still another 

important pathway for the transformation of some organic micro-pollutants in aquatic 

environment, especially in the secondary stage of treatment in WWTPs. The biodegradation 

ability may differ significantly from different micro-pollutants. For example, ibuprofen was 

found to be more readily underwent biodegradation than carbamazepine under most 

conditions [39].  Aerobic and anaerobic biodegradation are regarded as the most important 

processes for the decomposition of some organic contaminants. The degradation efficiencies 

could be affected by many factors, such as operational conditions, micro-pollutant 

concentration, hydraulic retention time, sludge retention time, temperature and micro-

pollutants sorption. For instance, high biodegradation efficiencies of 11 different emerging 

micro-pollutants (including ibuprofen, naproxen and diclofenac) were achieved by using 

nitrifying activated sludge [40], and increasing loading rates of micro-pollutants were 

removed at shorter hydraulic retention times. Researchers also found that activated sludge 

could also remove EDCs efficiently from WWTPs, Andersen et al. investigated the fate of E1, 

E2 and EE2 at one German sewage treatment plant. They observed an overall removal 

efficiency of E1 and E2 of 98%, while EE2 elimination was slightly lower. And they also 

found that about 90% of E1 and E2 were found to be degraded in the activated sludge system 

while EE2 primarily was degraded only in the nitrifying tank [41]. Aislabie and Jones 

summarized that some pesticides are proven to be recalcitrant [42]. Specifically, dichloro-
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diphenyl-trichloroethane (DDT) and dieldrin have proven to be recalcitrant by biodegradation, 

consequently they would remain in the environment for a very long time. In addition, atrazine 

and simazine, are found to undergo  a slow biodegradation rate and might be leached from 

soil to ground water [42]. The biodegradation of these micro-pollutants would result in the 

generation of a series of transformation products. For instance, the initial reaction of atrazine 

by bacteria was the side chain cleavage to form deethylatrazine or deisopropylatrazine [42]. In 

the biodegradation process of dye remazol orange, the initial pathway was found to be the 

cleavage of the azo dye remazol orange to form both methyl metanilic acid and 4-

aminobenzoic acid after decolorization, and finally to form benzoic acid, alkenes, aldehydes, 

and alkynes [43]. A similar cleavage process was reported in the biotransformation process of 

iodinated contrast, iopromide, all the degradation products exhibited the transformation at the 

side chain containing either carboxylic moieties and the amide moieties [44].  

It should be noted that the biodegradation process for organic micro-pollutants in natural 

waters would be slower than in WWTPs, since the bacterial density and diversity are much 

lower than the sewage system. Thus, in surface water or ground water, biodegradation process 

might play a less important role in the depletion of organic micro-pollutants. 

Photodegradation is believed to be one of the most important pathways responsible for the 

depletion of organic micro-pollutants in natural waters [45, 46]. The photodegradation of 

numerous organic micro-pollutants could be achieved directly by solar absorption or 

indirectly through various radicals generated from photosensitizers, such as nitrate, iron ion 

and humic substances [47-49]. 

 Individual organic micro-pollutants could undergo direct photodegradation to varying 

degrees, depending on their chemical structure. The presence of aromatic rings and 

conjugated π systems, as well as various functional groups and heteroatoms, facilitate the 

direct absorption of solar radiation [45]. For instance, Liu and Williams investigated the direct 
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photolysis of several β-blockers in aquatic system, they found that propranolol could undergo 

faster direct photodegradation rate than atenolol and metoprolol [50]. Chromophore structures 

showed great impacts on the direct photolysis kinetics of these micro-pollutants, the 

naphthalene structure of propranolol was believed to show better solar absorption than the 

benzyl structure of atenolol and metoprolol. Another important impact factor that could affect 

the direct photolysis of organic micro-pollutants is the solution pH in natural waters. Many 

micro-pollutants oppose pKa values in the environmentally relevant pH range of 4 -9, 

meaning that most of them will often exist as a mixture of their protonated/deprotonated 

species [51]. Speciation can change the electronic environment of the molecule, and in most 

cases alter the absorption spectra, subsequently altering the quantum yield as well as the direct 

photolysis kinetics [52, 53]. Chen et al. have observed that under acidic conditions the direct 

photodegradation rates of  E1, E2, E3 and EE2 were lower than that at basic conditions, and 

high removal efficiencies could be observed above the pKa values of the estrogens [54]. 

Indirect photolysis mechanisms sometimes play a major role in the overall photochemical fate 

of organic micro-pollutants, especially for those chemicals that do not appreciably absorb 

light above 290 nm [51]. For example, cyclophosphamide and iosfamide, two classical 

antineoplastics, were not degraded under direct solar irradiation, however, the ∙OH-based 

indirect photolysis process could remove them from aquatic environment [55]. As mentioned, 

in natural waters, the species studied most in the literature and deemed important to the 

indirect photolysis of aquatic organic micro-pollutants include dissolved nitrates, iron, and 

dissolved organic matter. These species were found to promote the degradation, while in some 

cases inhibit the reaction process. Specifically, it was well documented that the photolysis of 

nitrate would generate ∙OH [56], as shown in following equations: 

NO3
- + hv  NO2

- + O                      (1) 

NO3
- + hv  NO2

∙ + O∙-                      (2) 
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O∙- + H2O  ∙OH + OH-                      (3) 

In aqueous solutions, Fe3+ and Fe(OH)+ could also generate ∙OH under irradiation [57]: 

Fe3+ + H2O + hv  Fe2+ +·OH + H+                   (4) 

Fe(OH)+ + hv  Fe2+ +·OH    (5) 

In addition, iron could be chelated by some organic compounds, such as oxalate, malonate 

and citrate to form strong complexes, which would undergo rapid photochemical reactions in 

sunlight [58]. The reaction of iron– oxalato complex to generate •OH could be explained by 

excitation into the ligand-to-metal charge transfer band (LMCT) [59], these reaction processes 

are illustrated as follow. 

                 Fe(C2O4)n
(3-2n) + hv  Fe(C2O4)n-1

(4-2n) + C2O4
·-   (6) 

C2O4
·—  CO2 + CO2

·-                           (7) 

C2O4
·- + O2  2CO2 + O2

·-                      (8) 

O2
·- + H+  HO2

·                           (9) 

                  HO2
·/O2

·-+ Fe2+ + H+  Fe3+ + H2O2                 (10) 

HO2
·/O2

·- + Fe3+ + H+  Fe2+ + O2                         (11) 

                      Fe2+ + H2O2
  Fe3+ + ·OH + OH-                   (12) 

DOM represents a complex and dynamic species that can have a broad range of effects on the 

photochemical behavior of organic contaminants. On one hand, the reaction with the reactive 

species (i.e. excited triplet DOM, 3DOM*, 1O2 and ·OH) generated via DOM could significant 

change the fate and pathway of the micro-pollutants [60]. On the other hand, DOM may also 

compete with the contaminants for photons [48], and sometimes DOM could also scavenge 

some intermediates of the reaction [61], these processes was expected to decelerate the photo-

transformation of these chemicals. Janssen et al. identified the photodegradation processes of 

tryptophan in the presence of DOM, they found the reactions with 3DOM* and 1O2 played 

more important roles than ·OH, while, DOM itself was able to reduce the lifetime of 



 

25 
 

tryptophan radical cation (an important intermediate), and consequently, quenched tryptophan 

degradation [62]. It should be noted that the origins of DOM e.g. autochthonous (aquatic) or 

allochthonous (terrestrial), could have significant effects on possible photo-mechanisms of 

organic contaminants [53]. Guerard et al. demonstrated in the indirect photodegradation 

process of sulfadimethoxine and triclocarban, aquatic DOM will primarily mediate 

degradation through 3DOM*, while terrestrial DOM is more reactive in enhancing the 

degradation by reactive oxygen species [63]. 

1.1.4. Environmental risk of organic micro-pollutants. 

The presence of organic micro-pollutants has been observed to serious affect water quality as 

well as obviously attract attention with regard to drinking water issues. Numerous research 

work have been conducted to evaluate the potential hazardous effect of the released organic 

micro-pollutants in aquatic systems [64, 65]. For instance, Kuzmanović et al carried out the 

risk assessment based prioritization of 200 organic micro-pollutants in 4 Iberian rivers. In 

their work, ten contaminants were identified as most important for the studied rivers: 

pesticides chlorpyriphos, chlorfenvinphos, diazinon, dichlofenthion, prochloraz, ethion 

carbofuran and diuron and the industrial organic chemicals nonylphenol and octylphenol [64]. 

Munoz et al. studied the environmental and human health risk of 11 antibiotics, 10 pesticides, 

1 Fungicide and 2 biocides. Their results exhibited that the risk threshold for irgarol 

concerning seawater organisms is exceeded. While, the risk to predators and especially 

humans through consumption of fish was found to be very low [65]. 

Among various organic micro-pollutants in aquatic system, antibiotics and EDCs have 

attracted many scientific concerns on their environmental effects. Antibiotics are among the 

most widely used pharmaceuticals in animals as well as in human beings, especially in China 

in the last decades [66]. Wollenberger et al. have evaluated the toxicity of veterinary 

antibiotics to Daphnia magna, and the reproductive effects for oxytetracycline, sulfadiazine, 
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tiamulin and tetracycline in the range of 5 to 50 mg L-1, and these antibiotics could also cause 

mortality in the parent generation during the long-term (3 weeks) exposure [67]. Antibiotics 

also pose the potential to affect the microbial population in sewage treatment system. For 

example, it has been reported that mecillinam and ciprofloxacin were highly toxic to the 

cyanobacterium Microcystis aeruginosa, one of the important bacterial in activated sludge 

[68]. Most of the EDCs, such as estrogens, BPA and subordinate plant metabolites show high 

toxicity towards aquatic environment as well as human. EDCs have shown adverse effects on 

a wide range of behaviors of vertebrates, including sexual behaviors, activity, motivation, 

communication, aggression, dominance and other social behaviors [69]. In human body, they 

are able to bind to the cell receptor and antagonize the endocrine glands responsible for 

hormonal secretion. And subsequently, they will block the various mechanistic signals of the 

endocrine system and hence modify the hormonal receptor cells [64]. 

In natural waters, it is quite difficult to assess the environmental effect of the thousands of 

synthetic and natural trace contaminants that may be present in water at low to very low 

concentrations (pg L-1 to ng L-1) [70]. Therefore, the long-term, subtle and chronic toxic effect 

should be taken into account rather than acute toxicity. 

1.2. Advanced oxidation process in water treatments. 

Numerous micro-pollutants in aquatic systems including ground water, surface water, 

wastewater and even drinking water have raised scientific and public concerns for developing 

efficient cleaning technologies. As well-known, the release of effluents from conventional 

Waste Water Treatment Plants (WWTP) is an important route for the appearance of micro-

pollutants in the aquatic environment, since they are not designed to completely eliminate 

organic compounds at low concentrations, which could make the treatment processes 

vulnerable to such problem of pollution [14]. The efficiency of conventional WWTPs varies 

depending on the characteristics of the micro-pollutant and also on the treatment process 
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employed [20]. The main mechanisms applied for micro-pollutants removal during the 

secondary treatment at WWTPs are biological and/or chemical transformation and sorption 

[71, 72], and among them the most common employed processes are conventional activated 

sludge (CAS) and membrane biological reactors (MBRs). 

One of the disadvantages of WWTPs is that they are unable to remove the micro-pollutants 

from wastewater completely. These compounds can be still detected in the effluents after the 

conventional treatment process, although their concentrations are low [73]. The accumulation 

of metabolites/by-products might cause a negative removal effect [74]. Due to their excretion 

as conjugates that are broken in the WWTPs, there are also some micro-pollutants (e.g., 

pharmaceuticals, hormones, drugs of abuse that are excreted by humans and/or animals) that 

could be found at higher concentrations in the WWTPs effluents than in the respective 

influents, especially during biological treatment process. For instance, the concentration of E1 

was detected higher in the secondary effluent of a WWTP than that found in the raw influent 

[72]. Moreover, many of the micro-pollutants are designed to be resistant to metabolism and 

thus are generally excreted unchanged within 24 h, such as many PPCPs chemicals [75]. 

Therefore, it is essential to develop effective treatment technologies as a supplement to 

WWTPs to remove such micro-pollutants from aquatic systems. 

Advanced oxidation processes (AOPs) are among the promising alternatives capable of 

removing these micro-pollutants from WWTPs as well as in natural waters. Most of the AOPs 

technologies are mainly based on the generation of reactive oxygen species (ROS, e.g. 

hydroxyl radicals and sulfate radicals) arising from the decomposition of oxidants such as 

hydrogen peroxide (H2O2), persulfate (PS, S2O8
2-) or ozone (O3), involving O3/UV, UV/H2O2, 

UV/PS, Fenton and Fenton-like oxidation, gamma radiolysis and sonolysis, as well as 

electrochemical oxidation [76, 77]. 
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1.2.1. Hydroxyl radicals (∙OH) based AOPs. 

Hydroxyl radicals possess a strong oxidation capacity (standard potential = 2.80 V versus 

standard hydrogen electrode) [79], thus, AOPs based on the in situ generation of ∙OH have 

been studied as a promising kind of organic wastewater treatment method [76]. Under 

treatment by such AOPs, complex organic pollutants can be either oxidized by ∙OH to smaller 

organics or completely mineralized to carbon dioxide (CO2) and water (H2O) [80, 81]. OH 

based AOPs include Fenton processes (including Fenton-like processes)[81, 82], photo-

catalysis [83, 84], O3/H2O2 [85, 86] and plasma oxidation [87] (see Figure 1.2). 

 

Figure 1.2. Hydroxyl radicals formed according to advanced oxidation technologies [78]. 

The most frequently used AOPs is the Fenton processes where Fe (II) is used as the catalyst 

and H2O2 as the oxidant (Eq. 12) [88].  Moreover, the newly formed ferric ions (Fe3+) can 

catalyze H2O2 (Eq.13), the reaction of H2O2 with Fe3+ is known as a Fenton like reaction. 

                      Fe3+ + H2O2
  Fe2+ + H+ + HO2

∙                   (13) 

The Fenton (or Fenton-like) processes have shown several advantages such as high 

performance, simplicity and non-toxicity [89]. Moreover, these processes need no energy 

input  necessary to activate hydrogen peroxide [90]. However, the optimal pH value for 
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Fenton (or Fenton-like) reaction is around 3, a slight decrease or increase of  pH will 

sharply reduce the oxidation efficiency of the systems [91]. To overcome this limitation, 

chelating agents of ion species, such as ethylenediaminetetraacetic acid (EDTA), 

catechol, cyclodextrin and nitrilotriacetic acid are used to extend its range of 

applicability to neutral condition [92]. Moreover, the oxidation efficiency of Fenton 

reaction could be enhanced under UV–Vis light irradiation (see Eq 14-16). 

                      Fe2+ + H2O2
  Fe(OH)2+  + ·OH                    (14) 

                      Fe(OH)2+  + hv  Fe2+  + ·OH                   (15) 

H2O2 
 + hv  2·OH                                      (16) 

As seen, the photolysis of Fe3+ complexes (Fe(OH)2+) allows the regeneration Fe2+ and the 

direct photolysis of  H2O2 can also form ·OH [93]. These process is referred to as the photo-

Fenton processes. 

The Fenton oxidation process has been employed successfully to treat different industrial 

wastewaters, including textile [94],  pharmaceutical [95], olive oil [96], cork cooking [97], 

dyes [98] and pesticide  wastewaters [99]. 

Photocatalysis, which makes the use of semiconductor metal oxide as catalyst is another 

AOPs that have been extensively studied in the last decades [100, 101]. As shown in Figure 

1.2, many semiconductors, such as TiO2, ZnO, WO3 and BiTiO3, have been tested as photo-

catalysts [78]. Among these semiconductors, TiO2 in the anatase form was proved to be the 

most appropriate one due to its characteristics such as high photo-activity, chemical inertness, 

non-toxic, low cost and easy to obtain [102]. TiO2 photo-catalysis have been fully developed 

in numbers of case studies on water and air purification, and has been recognized as one of 

the most promising environmental remediation technologies [30]. Plasmas and ozone (O3) 

oxidation are also regarded as highly competitive technologies for the removal of organic 

pollutants from soils. AOPs based on plasmas oxidation was examined as an eco-innovative 
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method of environmental remediation in recent years [29], and ozone has been shown 

efficiently degradation for pesticides, hydrocarbons, pharmaceuticals and endocrine disruptors 

in water treatment process [103, 104]. 

However, AOPs based on hydroxyl radical generation also have some drawbacks. 

Specifically, the main disadvantages of Fenton (also Fenton-like) treatment are the reduction 

pH, and large quantity of the oxidant is needed for the oxidation processes with high content 

of organic matter or the additional substances (for instance, chelating agents or surfactants). 

Moreover, the transportation of these oxidants, especially H2O2, would increase the cost, since 

it is unstable and easily to be decomposed by iron oxides and other catalysts. And for photo-

catalysis oxidation by TiO2, the lack of visible light activity also hinders its practical 

applications, and using UV-lamp would be costly due to the lifetimes of the lamp. The 

shortage of plasma oxidation is that high amount energy levels are needed to treat waters that 

are heavily polluted. For ozone oxidation, the ozone generator would be also costly and ozone 

itself, sometimes is regarded as one of the harmful pollutants. 

1.2.2. Sulfate radical (SO4•−) based AOPs.  

Sulfate radical-based advanced oxidation processes (SR-AOPs) are increasingly gaining 

attention as effective solution to the degradation of recalcitrant organic micro-pollutants in 

aquatic systems. With a strong oxidation capacity (standard potential = 2.60 V versus standard 

hydrogen electrode), sulfate radical is able to oxidize organic micro-pollutants to innocuous 

CO2 and H2O [105]. Normally, sulfate radical could react with organic micro-pollutants at 

rates ranging from 106-109 M-1 s-1 [106]. By comparison with ∙OH (t1/2 less than 1 μs), SO4
•− 

opposes a longer lifetime (t1/2 = 30–40 μs), this allows excellent mass transfer and contact 

between sulfate radical with the target micro-pollutant in the heterogeneous system [107]. 

And the reactivity of sulfate radical is found to be pH independent while the oxidation 

efficiency of ∙OH would decrease at basic conditions [108]. As an electrophilic species, it 
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prefers to react with electron-rich groups via electron-transfer reactions, such as aniline, 

phenolic chemicals and other organic compounds that contain unsaturated bonds [109].  

It is also believed that SR-AOPs could lead to a better mineralization than ∙OH for the 

degradation of organic contaminants [111]. All these chemical properties of sulfate radical 

mentioned above makes SR-AOPs an important part in the AOPs for wastewater treatment. 

I) Formation of sulfate radicals. 

Most commonly, SO4
•− could be generated via the activation of peroxymonosulfate (PMS, 

HSO5
-) or persulfate (PS, S2O8

2-). Both PMS (1.82 V)  and PS (2.01 V) are strong oxidants 

that favor two-electron transfer reactions [112], however, in the past decades, many researches 

focused on the combination of them with catalysts or externally supplied energy to generate 

the more reactive species, SO4
•−.  

Several different strategies have been developed by scientists to activate PS or PMS into 

sulfate radical, which include heating [113], UV irradiation (Eq 17 and 19) [114, 115], 

ultrasound [116], adding bases [117], and catalysis with transition metals or carbons (Eq 18 

and 20) [105, 118].  

,2- •-
2 8 4S O 2SOhv heating

                                                     (17) 

2- 2+ •- 2- 3+
2 8 4 4S O M SO SO M                                       (18) 

,- 2- •-
5 5 4HSO / SO SO OHhv heating

                                         (19) 

- 2+ •- 3+
5 4HSO M SO OH M                                       (20) 

Employing energy for PMS or PS activation, the peroxide bond in PMS (or PS) is the target of 

scission [119]. In such kind of approach, various forms of energy can be utilized such as heat, 

UV and ultrasound. These methods would not induce new species into the reaction system, 

while, the inputs of energy might be costly to completely destroy all the organic micro-

pollutants. Among all these activation strategies, the activation method by transition metals, 
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such as Co, Fe, Cu, Zn and Mn, is less complex in reactor/system configuration and more 

economical compared to the energy-based activation methods [120]. This method could be 

achieved in both homogeneous and heterogeneous systems. The activation could be achieved 

by single metal or mixed metal catalysts (e,g, CuFe2O4, CoFe2O4 and MnFe2O4) [121]. 

However, the inputs of this metals would cause another environmental problem, some of these 

metals are considerably toxic and potentially carcinogenic. Some metals, including Zn, Cu, 

Co and Ni sometimes are regarded as heavy metals that are difficult to be removed. For 

instance, dissolved Co concentration ranging from 0.002 to 0.107 mg L−1 has been detected in 

drinking water [122].  Nonmetal carbon-based  catalysts such as activated carbon [123], 

graphene oxide [123] and carbon nanotubes [124] provide a potential solution to the metal 

leaching problem by transition metal catalysts. The carbon-based catalysts show the 

advantages of high surface areas and abundant catalytic moieties (including carboxyl, 

carbonyl, quinones, lactones and phenols) [125], and they are relatively cheap and widely 

used in the water and wastewater treatment, they are regarded as the most promising choice of 

nonmetal catalyst for practical application for the activation of PMS or PS. Moreover, these 

materials have already been used as an adsorptive support for metal catalysts to induce 

synergistic adsorption and oxidation of micro-pollutants by sulfate radicals [126]. While, 

these nonmetal-based catalysts also show some shortcomings during oxidation processes, 

after repeated use, as their adsorption capacities decrease the catalytic moieties are susceptible 

to aggressive oxidation by both PMS (PS) and generated sulfate radicals [125]. 

II) Degradation efficiency of organic micro-pollutants by sulfate radicals. 

There are numerous published papers about the degradation of micro-pollutants by SO4
•−. 

Most of the research activities focused on the removal efficiency and also the influence 

factors (operational parameters) such as PMS (PS) concentrations, pH, temperature, catalysts 

type and dosages and the effect of coexisting water constituents. For instance, Ren et al. 
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compared the performance of different magnetic ferrospinel catalysts to activate PMS for the 

decomposition of di-n-butyl phthalate and found the capacity of catalytic PMS was 

CoFe2O4 > CuFe2O4 > MnFe2O4 > ZnFe2O4 [127]. Fan et al. studied the degradation of 

sulfamethazine in heat-activated PS oxidation process. The influence of some key parameters 

on the removal rates of the target compound was investigated and described in details, such as 

initial PS concentration, initial pH value and temperature [113]. Liang et al. investigate the 

effect of solution pH on the oxidation of trichloroethylene (TCE) by heating PS to generate 

sulfate radicals, the results indicated that maximum TCE degradation occurred at pH 7, and 

lowering system pH resulted in a greater decrease in TCE degradation rates than increasing 

system pH [128]. Some researchers also made comparative studies on the oxidation 

efficiencies by ∙OH with SO4
•− induced degradation. Tan et al. have studied the degradation of 

antipyrine by UV, UV/H2O2 and UV/PS and they found UV/H2O2 behaved best at pH 2.5–10, 

while UV/PS behaved best at pH 10.0–11.5 [129]. Moreover, Zhang et al. suggested that the 

AOPs’ performance was higher in the hydrolyzed urine than fresh urine matrix with UV/PS 

better than UV/H2O2, and varied significantly depending on pharmaceutical’s structure [130]. 

Another research point is to detect the second-order rate constants for the reaction of sulfate 

radical with target micro-pollutant. One of the traditional approach is the competition kinetic 

method by using a chemical probe such as anisole or 4-nitroaniline [130]. In recent years, the 

direct measurement of this rate constant could be achieved by laser flash photolysis (LFP) 

method [131].  

SO4
•− reacts more readily with organic micro-pollutants by one electron transfer to form SO4

2-

. Some scientists also investigated the underlying mechanisms, the oxidation pathways of the 

degradation intermediates and products of organic contaminants. For example, in the reaction 

of sulfate radical with methoxylated benzene, the corresponding radical cations are generated 

as primary short-lived intermediates, evidencing the election transfer mechanism [132]. For 
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the reaction with phenolic compounds, hydroxylation is a classic pathway, resulting in the 

production of catechol or hydroquinone [133]. The hydroxylation process was also observed 

during the degradation pathways of trimethoprim by thermo-activated PS [134]. In addition, 

the cleavage of the side chain could also be found in many literatures, for instance, Ghauch et 

al. studied the degradation of methylene blue by heating activated PS, the oxidation pathways 

included demethylation and N-dealkylation [135]. Lutze et al. have proposed the detailed 

degradation pathway of atrazine by SO4
•− for the side chain cleavage, the primary radical 

cation will be formed after the electron transfer reaction, and it would be in equilibrium with 

the corresponding N-centered radicals, which are expected to undergo a (water catalyzed) 1,2-

H shift to form the alkoxyl radicals, thereby forming C-centered radicals. These C-centered 

ones could react rapidly with dissolved oxygen in the solution. Subsequently, the resulting 

peroxyl radical would lose its O2
• or HO2

•. The final step is the acid and base catalyzed 

hydrolysis of the imine yields the carbonylic compound and the free amine [136]. For the 

reaction with halide compounds, the de-halide process could also occur during the reaction 

with sulfate radical. Xu et al. have found the de-chlorination accompanied by hydroxylation 

of 2,4,6-trichlorophenol after the reaction with SO4
•− [137], and a similar pathway was also 

observed during the decomposition of 4-chlorophenol [138]. It should be noted that the 

released halide atom could also react with sulfate radicals to form the halide reactive species, 

which are electrophilic which can be added to unsaturated bonds of organic compounds and 

produce AOX (adsorbable organic halides) which are persistent to biodegradation [139]. 

III) Effect of natural water constituents on SO4.- based AOPs. 

Natural waters or wastewaters contain large amount of non-target water constituents, such as 

natural organic matters (NOM) and ions. The high redox potentials of SO4
•− (E0 2.6 eV) 

and ·OH (E0 2.7 eV) make them very reactive to destroy organic contaminants as well as the 

various constituents in natural waters in AOPs, the competing side reactions with water 
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constituents other than the target contaminants could also lead to the consumption of these 

two radicals, resulting in an unpredictable consequence on the oxidation efficiency. 

Investigating the impacts of them on the oxidation kinetic and mechanism of the target 

compounds will help to understand its degradation of micro-pollutants in real aquatic systems 

by AOPs. 

NOM constitutes a large portion of the total organic carbon (TOC) pool in natural 

environments [140]. They are ubiquitous and are directly involved in numerous important 

process in environmental aquatic chemistry [141]. In particular, the properties of NOM arising 

from light absorption are essential as far as the capacity of the environment to degrade organic 

contaminants is concerned. NOM are brown-colored and show interesting properties under 

solar irradiation [142]. Some papers have observed a detrimental effect of NOM on the 

oxidation efficiency of micro-pollutants by SR-AOPs by UV activation [136, 143]. NOM is 

often regarded as a sink of ·OH and SO4
•− due to some functional groups, which were prone 

to react with these two radicals, they would like to compete with the target micro-pollutants 

[144]. Lutze et al. determined the second order rate constant of sulfate radical with NOM at 

6.8×103 L mgC-1 s-1, which was found smaller than that with ·OH, indicating that in the 

presence of NOM, some micro-pollutants could be degraded more efficiently by SO4
•− than 

by ·OH [136]. However, up to date, there is still lack of a systematically study on the 

interaction of SO4
•− with NOM. 

Chloride ion (Cl-) is one of the major inorganic anions in water resource and almost all natural 

waters. Cl- might play a complex role in SR-AOPs due to the scavenging of SO4
•− to generate 

less reactive chlorine species such as Cl∙, ClOH·-, and Cl2
∙- (Eq 21-24) [145].  

Cl- + SO4
·- ↔ Cl∙ + SO4

2-, kf = 4.3 × 108 M-1 s-1, kr = 2.5 × 108 M-1 s-1                    (21)  

ClOH·- + H+ → Cl∙ + H2O, k = 2.1 × 1010 M-1 s-1                                      (22)   

Cl∙ + Cl- → Cl2∙-, k = 8 × 109 M-1 s-1                                                     (23)    
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2Cl2
∙- → Cl2 + 2Cl-, k = 1.3 × 109 M-1 s-1                                              (24)   

The quenching of SO4
•− would cause the decrease of oxidation efficiency by SR-AOPs, while 

the secondary reactions induced by the chlorine species might also react with the target micro-

pollutants, leading to an unexpected results. Liang et al. have found that TCE degradation in 

the presence of chlorides revealed no effect on the degradation rate especially at chloride 

levels below 0.2 M, however, at chloride levels greater than 0.2 M, the removal rate was seen 

to reduce [145]. Aniostitakis et al. have observed the formation of chlorophenol (e.g. 2-

chlorophenol, 4-chlorophenol and 2,4-dichlorophenol) after the oxidation of phenol by SO4
•− 

in the presence of Cl- [146].  Bromide (Br-) is another halide ion in some wastewaters, similar 

to Cl-, it also shows a scavenging effect on sulfate radicals and forms the corresponding 

bromine species (Eq 25 and 26) [147].  

Br- + SO4
·- ↔ Br∙ + SO4

2-, k = 3.5 × 109 M-1 s-1                           (25)  

Br- + Br∙ + ↔ Br2
·-, k = 1 × 1010 M-1 s-1                                 (26)  

Ji et al. studied the oxidation of tetrabromobisphenol A by Co activated PMS in the presence 

of bromide, they found the involvement of reactive bromine species and the formation of 

brominated disinfection by-products (Br-DBPs) such as bromoform and brominated acetic 

acids [148]. It should be noted that the presence of NOM would increase the formation 

potential of halogenated disinfection byproducts (DBPs) in SR-AOPs through reconfiguration 

of NOM to phenolic intermediates which are susceptible to halogenation [149]. Halogenated 

DBPs have been shown to cause notable health risks and regulated world widely [150], 

therefore, the effects of Cl- and Br- on SR-AOPs are becoming an attracting filed for 

environmental scientists. 

Moreover, carbonate (or bicarbonate) is another important ion in aquatic system, they also 

show the quenching effect of sulfate radical to generate carbonate radical (CO3
•−), which is 

less reactive than SO4
•− [151].  
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HCO3
- + SO4

·- → H+ + CO3
-∙ + SO4

2-, k = 2.8 × 106 M-1 s-1                        (27) 

Fan et al. have found that the degradation rate of sulfamethazine decreased with increase of 

HCO3
- concentration [113]. A similar detrimental effect was also obtained by Wu et al. during 

the oxidation process of 4-tert-butylphenol [131]. However, in another report by Liang et al, 

the TCE degradation rate did not significantly change with HCO3
- concentration increased 

from 0 to 9.2 mM [145]. Such phenomenon was also found by Zhou et al. for the degradation 

of bisphenol A by SO4
•−, (bi) carbonate exhibited no obvious influence on the removal rate 

[152]. Thus, the effect of (bi) carbonate must be considered carefully for the treatment of 

different micro-pollutants. In addition, nitrate (NO3
-) and phosphate ions have also been 

reported to show scavenging effect in high concentration for sulfate radical [131, 153]. It was 

documented that the order of inhibitory effect of some anions followed S2O3
2- > HCO3

- > 

NO2
- > CO3

2- > HCOO- > Cl- > HPO4
2- >NO3

- > H2PO4
- > SO4

2- > CH3COO- [139]. Indeed, 

the water constitutes would compete with organic compounds for reaction with sulfate 

radicals, the reactions of them with sulfate radical was non-selectively, and their effect on the 

oxidation efficiency might be unpredictable. 

Generally, the role of these ubiquitous water constituents might be counterintuitive, and their 

influence on SR-AOPs must be considered carefully for different kind of micro-pollutants. In 

addition, the secondary reactions between target micro-pollutants with new formed reactive 

species need to be further considered before the application of SR-AOPs for the treatment. 

Because these secondary reactions sometimes would result in higher toxic intermediates of 

byproducts, such as halogenated disinfection byproducts.  
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Chapter II 

Experiment Section 

2.1. Chemicals and Materials. 

The chemical reagents used in this study are listed in Table 2.1.  

Table 2.1 Main characteristics of the chemical reagents used in this study. 

Name Formula Purity Supplier 

Potassium persulfate (PS) K2S2O8 99% Sigma-Aldrich 

Sodium diatrizoate hydrate 

(DTZ) 
C11H8I3N2NaO4 · xH2O 98% Sigma-Aldrich 

Salbutamol (SAL) C13H21NO3 98% Sigma-Aldrich 

Terbutaline (TBL) C12H19NO3 98% Sigma-Aldrich 

Nitrobenzene (NB) C6H5NO2 99% Sigma-Aldrich 

4-nitroaniline (PNA) C6H6O2N2 99% Sigma-Aldrich 

Resorcinol C6H6O2 99% Fluka 

2-hydroxybenzyl alcohol 

(2-HBA) 
C7H8O2 98% Fluka 

4-hydroxybenzyl alcohol 

(2-HBA) 
C7H8O2 98% Fluka 

3,5-dihydroxybenzyl 

alcohol (3,5-DHBA) 
C7H8O3 98% Fluka 

Hydrogen peroxide  H2O2 30% (w/w) Sigma-Aldrich 

Benzamide C7H7NO 99% Sigma-Aldrich 

Suwannee River Fulvic 

Acid (SRFA, 2S101F) 
  

International 

Humic 
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Substance 

Society (IHSS) 

Elliott Soil Fulvic Acid 

(ESFA, 2S102F) 
  IHSS 

Suwannee River Aquatic 

Natural Organic Matter 

(SRNOM, 1R101N) 

  IHSS 

Nordic Lake Aquatic 

Natural Organic Matter 

(NLNOM, 1R108N)  

  IHSS 

Aldrich humic acid 

(sodium salt) 
  Aldrich 

Methanol (MeOH) CH3OH 

HPLC or 

LC-MS 

grade 

Fisher Scientific 

Ethanol (EtOH) CH3CH2OH 

HPLC or 

LC-MS 

grade 

Fisher Scientific 

Acetonitrile (ACN) CH3CN 

HPLC or 

LC-MS 

grade 

Fisher Scientific 

tert-butanol (TBA) C4H10O 99.5% Sigma-Aldrich 

Sodium bicarbonate NaHCO3 99.9% Sigma-Aldrich 

Sulfuric acid H2SO4 97.5% Sigma-Aldrich 

Sodium hydroxide NaOH 98% Sigma-Aldrich 
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Sodium 

dihydrogenphosphate 

 

NaH2PO4 

 

99% 

 

Aldrich 

Sodium hydrogen 

phosphate 
Na2HPO4 99% Aldrich 

Milli-Q water (18 MΩ cm) was prepared from a Millipore Milli-Q System. All experimental 

solutions were prepared by dissolving the reagents directly in Milli-Q water without further 

purification. All stock solutions were stored in dark under 4  after preparation and used 

within one month.  

2.2 Steady-state photolysis experiments. 

For the degradation of DTZ, SAL and TBL, SO4
•− radicals were generated by activation of 

persulfate under simulated solar irradiation, and the irradiation experiments were conducted in 

a solar simulator Suntest CPS+, (HERAEUS, Hanau, France) equipped with a 1.5 kW xenon 

arc and an ultraviolet filter allowing a simulation of the solar spectrum between 290nm and 

400 nm. The reaction was carried out in a cylindrical Pyrex reactor (i.d. = 5 cm, H = 15 cm, V 

= 150 mL) and the temperature was maintained at 20  using a circulating water system.  

A scheme of the applied reactor and the light intensity are given in Figure 2.1 and 2.2, 

respectively. Specific aliquot of substrate (DTZ, SAL or TBL) and appropriate volumes of 

persulfate stock solution were added to achieve 50 mL reaction solution. Control experiments 

with substrates alone and dark experiments with substrate-persulfate were carried out under 

identical conditions. Except for buffered solutions (achieved using 10 mM Na2HPO4 and 10 

mM NaH2PO4 in the experiments with bicarbonate), the initial pH of other reaction solutions 

were adjusted using 0.01 M H2SO4 and 0.01 M NaOH. Aliquots of 0.3 mL were withdrawn at 

selected time intervals and quenched immediately with the same volume of methanol, a 

scavenger for SO4
•− and ∙OH, to stop the chemical oxidation reactions. All experiments were 



 

58 
 

performed at least in duplicate. 

 

Figure 2.1. The scheme of applied SUNTEST photo-reactor. 

The bleaching experiments of DOM by UV activated PS were carried out in a cuvette in 

parallel beam at 313 nm using a mercury high pressure lamp equipped with a Bausch and 

Lomb monochromator. The photon fluence rate was 6.81 × 10−5 Einstein L−1 s−1 in average. 

The UV–visible spectra of reaction solutions were recorded on a Cary 3 spectrophotometer 

(Varian) after specific irradiation time. 

 

Figure 2.2. Incident light received by the solutions in the SUNTEST. 
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2.3 Laser Flash Photolysis (LFP) experiments.  

Transient absorption experiments were carried out using a nanosecond laser-flash photolysis 

spectrometer from Applied Photophysics (LKS.60) with laser excitation at 266 nm from a 

Quanta Ray GCR130-1 Nd:YAG. A 32 bits RISC processor kinetic spectrometer workstation 

was used to analyze the digitized signal. Appropriate volumes of chemical stock solutions 

were mixed just before the experiments to obtain the desired mixtures and concentrations. In 

the cases of SAL and TBL, the excitation energy was set as low as possible to avoid 

biphotonic photoionization of the phenolic compounds and therefore minimize the generation 

of the phenoxyl radicals through direct their photolysis. LFP photolysis of phenols alone in 

the same conditions were also conducted, the results confirmed that the generation of the 

phenoxyl radicals was negligible in the case of phenols alone. The decay of the sulfate radical 

was monitored at 450 nm in the experiments with SAL, DTZ and DOM at maximum 

absorption of this radical but at 500 nm in the case of TBL because the phenoxyl radical of 

TBL absorbs until 480 nm. All the experiments were performed at ambient temperature (295 

± 2 K) and in aerated solution, unless otherwise stated. 

2.4 Analytical procedures. 

2.4.1 High performance liquid chromatography (HPLC). 

The concentrations of DTZ, SAL, TBL, NB and PNA were analyzed using a Shimadzu 10A 

series high performance liquid chromatography (HPLC, Shimadzu) system equipped with a 

Model 7725i injector with a 20 L sample loop and coupled with a LC-10AT binary pump 

and a SPD-M10ADAD. Samples were separated using an Yperspher BDS C18 column (5 μm, 

125 mm*4.0 mm, i.d.) (Interchim, France) at 40 °C. The mobile phase was a mixture of 

acetonitrile and acidified-water (3 ‰ formic acid by volume, pH 3.0). An overview of the 

HPLC parameters is given together in Table 2.2. 
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Table 2.2. HPLC analysis parameters. 

Compound 
Flow rate 

mL/min  

Mobile phase 

composition 
Injection volume 

μL  

Detection 

wavelength 

nm  water acetonitrile 

DTZ 0.8 99% 1% 20 237 

SAL 0.8 50% 50% 20 224 

TBL 0.8 40% 60% 20 230 

PNA 0.8 40% 60% 20 380 

NB 0.8 40% 60% 20 275 

 

2.4.2. Liquid chromatography-mass spectrometry (LC-MS). 

High resolution mass spectrometry (HR-MS) analyses were performed to identify the 

oxidation products of DTZ, SAL and TBL, a Waters Q-TOF mass spectrometer in positive ion 

(ES+) ionization mode was used, which was coupled to an HPLC Waters Alliance system 

consisting of a 2695 module for compounds separation and a 2998 photodiode array detector. 

An Yperspher BDS C18 column was also used, and the flow rate was set at 0.2 mL min-1. 

All information of HR-MS data including retention times, exact m/z, and ion intensities was 

analyzed with Xcalibur (Thermo Scientific, U.S.) in the Qual Browser. The formula of the 

potential products could be obtained from the exact mass with a mass accuracy of <5 ppm. 

Based on the formula, the possible structures of the oxidation products were proposed. 

2.4.3. TOC measurement. 

Concentrations of SRFA and Aldrich humic acid were expressed as total organic carbon 

(TOC, mgC L-1) and determined using a Shimadzu 5000A analyzer (Japan). Calibration was 

achieved by injecting standards of succinic acid solution. 
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2.4.4. UV-Vis absorption spectra. 

The UV-Vis spectra of the selected chemicals were recorded using a Lambda 950 UV-Vis 

spectrophotometer (PerkinElmer, USA) and quartz cuvettes.  

2.4.5. pH measurement. 

The pH of the solutions was measured using a combined glass electrode connected to a PHM 

210 Standard pH meter (Radiometer, Copenhagen). 

2.5. Rate constants measurements. 

2.5.1. Measurement of the second-order rate constants with ·OH. 

The second-order rate constants of reaction of DTZ, SAL and TBL with hydroxyl radical 

(·OH) were determined by completion kinetics method according to the following equation. 

H2O2 was used as sensitizer of ·OH under the irradiation of Suntest. Nitrobenzene (NB), with 

a known rate constant with ·OH (3 × 109 M-1 s-1) was used as a reference chemical in this 

study [1]. The reaction between NB and ·OH is nearly diffusion controlled with 1:1 

stoichiometry. The reaction solutions contained H2O2 (10 mg L-1), NB (120 μΜ) and our 

target compounds were irradiated under SUNTEST. During the irradiation, the loss of the 

target compounds was monitored along with the loss of NB. 

t 0
, ,

t 0
· ·

ln [P] /ln[P]
ln [NB] /ln[NB]OH P OH NBk k                                             (1)                        

where P refers to the selected chemicals (DTZ, SAL or TBL), the second order rate constants 

of reaction of hydroxyl radical with these chmicals can be calculated from the slope of the 

plot ln([P]/ [P]0) versus ln([NB]/ [NB]0). 

2.5.2. Measurement of the second-order rate constants with SO4
•−. 

The rate constant of DTZ, SAL and TBL with SO4
•− was measured by laser flash photolysis 

method. Transient absorption experiments were carried out on a nanosecond laser-flash 

photolysis spectrometer from Applied Photophysics (LKS.60) with laser excitation at 266 nm 

from Quanta Ray GCR130-1 Nd:YAG, and the excitation energy was set at 10 mJ/pulse. The 
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decay of sulfate radical was followed at 450 nm for DTZ and SAL, while 500 nm for TBL. 

SO4
•− was observed with a decay rate at (1.7 ± 0.4) × 105 s-1 in the absence of target 

chemicals. After the addition of them, the rate of sulfate radical decay begun to increase. By 

using a linear regression of the decay rate of sulfate radical versus target compounds 

concentration, we could estimate the second order rate constant of DTZ with SO4
•− .  

2.5.3. Measurement of the second-order rate constants with CO3·-. 

The method for determining the rate constants of DTZ (or SAL, TBL) with carbonate radical 

was similar to that with hydroxyl radical method only the competitor was replaced by 4-

nitroaniline (PNA) (kCO3·-/PNA = 7.3 × 107 M-1 s-1) [2]. Carbonate radical was generated by 

adding excess bicarbonate (0.1 M) in UV/H2O2 process with 600 μΜ H2O2. 

The irradiation experiments were conducted in a home-made photochemical reactor equipped 

with a 125 W high pressure mercury lamp (Cathodeon, Cambridge, UK)) housed in a 

borosilicate immersion well (λ > 290 nm). The lamp was turned on preliminarily for 20 min 

for stabilization, then 50 mL reaction solutions were pipetted into a Pyrex reactor (i.d. = 5 cm, 

H = 15 cm) and irradiated during different time intervals. The reactor was placed in a metal 

photo-reactor for irradiation, opened to air and maintained at 24 ± 1 °C by a cooling water 

circulation system. The light intensity (300-400 nm) in the center of the reaction solutions was 

measured at approximately 3.3 mW cm-2 by actinometer, comparable to the midday sunlight 

in June, Lyon (France; 45 °N latitude). 

3 3

t 0
, ,

t 0

ln [DTZ] /ln[DTZ]
ln [PNA] /ln[PNA]CO DTZ CO PNA

k k
DTZ CO PNAl [PNA] /l [PNA]

k
CDTZ CODTZ C

                                  
  (2) 

Under this condition, the steady-state concentration of ·OH (≈ 10-15 M) was much lower than 

CO3
·- (≈ 10-10 M). In this case, the influence of ·OH could be neglected [3]. 

2.6. Calculations. 

2.6.1. DFT Calculations.  

The Density Functional Theory (DFT) calculations were performed using the Gaussian 09 
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software package [4]. The ground state geometries of the investigated species were optimized 

using the hybrid density functional B3LYP method with the 6-31+ G(d,p) basis set. The 

absorption spectra were calculated with the time-dependent DFT method (TD-DFT) at the 

B3LYP/6-31+G(d,p) level. The vibrational progression in the absorption spectra was obtained 

from analysis of electronic excitations between vibrational levels of the ground and excited 

states. This basis set was shown to give accurate results for the phenoxyl radical (the 6-

311+G(d,p) or cc-pVTZ basis sets yielded similar absorption energies) [5]. In an attempt to 

check whether the solvent affected our results, we completed B3LYP/6-31+G(d,p) 

calculations by simulating the solvent explicitly. Two water molecules were added in the 

model in the vicinity of the phenoxyl substituent. However, the maximum wavelength of 

absorption changed by less than 3 nm. It was thus decided to perform calculations without the 

solvent. 

2.6.2. Lighting screening factors. 

To calculate the lighting screening factor for a single wavelength we used the formula 

introduced by Wenk et al [6]. 

1 10
2.303

l

S
l                                                         (3) 

Where Sλ is the screening factor, αλ (cm-1) is the wavelength specific attenuation coefficient; l 

(cm) is the optical path length of the tubes used in photochemical experiments. And, the 

integrated screening factor could be estimated as follows,  

      

S I
S

I                                                          (4)  

Where Iλ is the light intensity of the lamp used in the experiments.  

2.6.3. Determination of PS concentration. 

PS could react with iodide in accordance with Eq 5. This reaction can be accelerated and 
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completed in a reasonable time (e.g., 15 min) at room temperatures in the presence of an 

excess of iodide [7]. Thus, a UV spectrophotometric method is proposed for measurement of a 

yellow iodine color formed from the reaction of PS with I-.                 

S2O8
2- + 2I-→ 2SO4

2- + I2                                    (5) 

 

Figure 2.3. Standard curve for PS concentration determination (x-axis represents the 

initial concentration of PS solution added to the mixture solution). 

Calibration was conducted firstly by preparing a series of standard solutions, 10 μL PS 

solution, 3 mL DI water, 1 mL NaI solution (3M) and 3 mL NaHCO3 solution (10 g L-1) was 

added to a 10 mL EPA glass vial. The resulting solutions were hand shaken and allowed to 

equilibrate for 15 min. The mixture solution was detected by the UV-Vis spectrophotometer 

for the absorbance at 352 nm. The calibration curve is presented in Figure 2.3. 

2.6.4. Calculation of PS consumption in the reaction with DTZ. 

By using UV spectrophotometric method, we found that during the reaction time of 60 min, 

PS concentration was not changed. This result could also be supported by the calculation. 

In the absence of DTZ, the light intensity absorbed by PS, IPS, was calculated as follow: 

340
c

0
290

(1 10 )b
PSI I                                                   (6) 

Where I0
λ is the light intensity of the lamp at a specific wavelength, ελ is molar extinction 
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coefficient of PS at the same wavelength (M-1cm-1), c is the PS concentration (M), and b is the 

path length of the light through the reaction solution (in our reactor, b = 3.5 cm). And in the 

presence of DTZ, IPS was equal to: 

340
( )

0
290

(1 10 )PS DTZPS PS DTZ

PS DTZ

c c bPS
PS

PS DTZ

c
I I

c c
                           (7) 

Thus, based on the UV-Vis absorbance spectrum of PS and the intensity of the light source, in 

the absence of DTZ, the IPS value (12 mM ) could be calculated as 4.0 ×10-8 Einstein L-1 s-1. 

Thus, the decay of PS under irradiation could be written as: 

[PS] 1[PS]
2 PS

d k I
dt

                                             (8) 

Where Φ represents the quantum yield of sulfate radical formation under UV irradiation, here 

we use the value of 1.4 from the literature [8]. 

The decay rate of PS was calculated as 2.7×10-8 M s-1, if we assume the rate remains constant, 

the half-life time of 12 mM PS would be around 2.6 days. 

And in the presence of DTZ, due to the competition of PS with DTZ for photons, the decay of 

PS would be much slower, which is consistent with our result that within 60 min the PS 

concentration hardly changed. 

2.6.5. Calculation of IPS in the reaction with DTZ. 

During the reaction process, IPS was calculated as follows: 

i

i
1

i

340 ( )

0 i
290

1

(1 10 )
+

PS DTZ PiPS DTZ P
PS

PS DTZ P

c c c b
PS

PS

PS DTZ Pi

c
I I

c c c
         (9) 

Where Pi are the oxidation products and εi are their molar absorption coefficients. Based on 

the data from UV-Vis spectra of the reaction solutions, the IPS values ([PS]0 = 12 mM, [DTZ]0 

= 30 mg/L) could be calculated, after 1 h reaction time, the light intensity absorbed by PS 
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decreased between 20 and 25%. 

2.6.6. Calculation of sulfate radical concentration in the reaction process with DTZ.  

The concentration of SO4
•− could not remain constant during the reaction process. Here we 

tried to calculate the concentration at the initial step of the reaction. We assume that DTZ was 

the only substrate that reacted with SO4
•− at the beginning of the oxidation (the reaction with 

water could be negligible). 

S2O8
2- + hv → 2SO4

·-     Φ = 1.4                                 (10)  

SO4
·-+ DTZ → products ka = 1.90 × 109 M-1 s-1                   (11) 

Assuming the hypothesis of the steady-state concentration, the rate of SO4
•− generation 

from PS equals to the rate of its consumption by DTZ), we can deduce: 

IPSΦ = ka[DTZ][ SO4
•−]                                         (12) 

Where IPS
 is the light intensity absorbed by PS in the presence of DTZ, which could be 

calculated by Eq 7.  
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Chapter III 

Reactivity of sulfate radicals with natural organic matters 

Sulfate radicals (SO4
•−) have attracted increasing scientific and technological interests in the 

recent years, owing to their relatively high standard oxidation potential (2.5-3.1 eV) [1]. In 

general, SO4
•− can react with the organic contaminants with a second order rate constant in the 

range of 106-109 M-1 s-1 [1]. Advanced oxidation processes based on SO4
•− (SR-AOPs) could 

be applied as an alternative to those based on hydroxyl radical (•OH) for the remediation of 

the organic pollutants in surface, groundwater or wastewater [2, 3]. SO4
•− is generated via the 

activation of peroxymonosulfate (SO5
2−, PMS) or persulfate (S2O8

2−, PS) by UV, heat or 

transition metals [4-6]. SR-AOPs possess several advantages including the stability of the 

precursors (PMS or PS), favoring storage and transportation, high water solubility, the 

versatile activation strategies and the wide operating pH range [7, 8]. However, being a strong 

one-electron oxidant, sulfate radicals may inevitably react with the natural water constituents 

resulting in unpredictable consequences on the oxidation efficiency.  

Natural organic matter (NOM) is ubiquitously present in surface, ground, drinking, and waste 

waters. NOM is a complex mixture of aliphatic and aromatic molecules containing a variety 

of functionalities [9-11]. It has been reported repeatedly that the presence of NOM decreases 

the degradation efficiency of numerous contaminants in SR-AOPs, such as roxarsone, atrazine 

and chloramphenicol [12-14]. To quantify the potential effect of NOM on SR-AOPs, it is 

necessary to acquire kinetic data on the reaction of sulfate radical with NOM. However, up to 

now, limited research has focused on this topic. By using an indirect kinetic competition 

method, Lutze et al have determined the second order rate constant of a commercial humic 

acid (Depur from Carl Roth) with SO4
•−. They got 6.8 103 L mgC-1 s-1 [13]. The accuracy of 

the rate constants obtained by indirect methods depends on the “reference compound” used, 
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reactivity of which towards SO4
•− must be already known.  

The objective of this study was to determine the absolute rate constants of reactions of SO4
•− 

with different NOMs by using the laser flash photolysis (LFP) method. This direct method 

that allows the monitoring of the SO4
•− decay also offers the possibility to observe the 

transient species generated by these reactions, determine their spectroscopic characteristics 

and measure their decay. To our knowledge, the only experiments reported in the literature 

were performed at very low NOM concentration (0-400 g/L) and had as a main goal to study 

the interaction between NOM and PS [15].  

3.1. Results and discussion. 

3.1.1 Formation and identification of transient species 
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Figure 3.1. Time profile absorbance monitored for PS (1) and PS + NLNOM (2) at 450 

nm; time profile absorbance monitored at 600 nm for PS + NLNOM (3). Excitation at 

266 nm, [PS] = 40 mM, [NLNOM] = 250 mg L-1. 

The transient absorption spectrum of the sulfate radical formed after 266 nm laser excitation 

of PS (40 mM) (Eq 1) shows a maximum at 450 nm and decays in about 160 μs (Figure 3.1), 

which is in accordance with the reported literature data [16, 17]. When PS was irradiated in 

the presence of NOMs, the decay of SO4
•− was drastically accelerated as observed in Figure 1. 
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The concomittent formation of new transients could be detected at 600 nm, wavelength at 

which SO4
•− does not absorb (Figure 3.1). 

The new species showed a very broad band with maximum around 450 nm (Figure 3.2A). The 

decay of these species was satisfactorily fitted by a double exponential with kd1 = 9200 ± 400 

s-1 and kd2 = 1000 ± 400 s-1 (Figure 3.2B). As a strong electrophile, SO4
•− is able to react with 

electron-rich compounds, such as phenolic compounds and anilines, and electron transfer 

reaction is the preferred reaction pathway [13, 18]). The new generated transient species could 

be assigned to the phenoxyl radicals as it has been reported that the phenoxyl radicals of 

NOM show a broad absorption band (maxima at 470-480 nm) with a lifetime of 600-700 μs 

corresponding to k2 = 1430-1700 s-1 [19]. This lifetime is consistent with kd2.  

For each of the 4 selected NOMs, experiments were conducted to record the decay curves of 

SO4
•− for NOMs concentrations varying from 100 to 400 mg L-1. The detection wavelength 

was set at 450 nm and the decay was recorded until 50 s, this time interval being enough to 

get the full loss of SO4
•−. 

A       B 

 

 

 

 

 

 

Figure 3.2. Excitation of a solution containing PS and NLNOM. Transient spectrum 

measured 50 s after the pulse end (A) and absorbance decay measured at 450 nm (B). 

3.1.2 Reactivity of SO4•− towards selected NOM. 
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The decay kinetic of SO4
•− in pure water was already reported in the literature [11, 20]. The 

decay is mainly governed by the bimolecular recombination of SO4
•− (Eq 2). The reaction rate 

constant k1 was demonstrated to vary with the ionic force of the medium according to log 2k1 

= 8.94 + 0.92 I0.5 [20]. The reaction of SO4
•− with S2O8

2- is also possible (Eq 3) but of minor 

importance (k2 < 1500 M-1s-1) in the concentration of S2O8
2- generally used.  

2
8 4 4S O 2SOhv

                                                              (1) 

1 2
4 4 2 8SO SO S Ok

                                                (2) 

22 2
4 2 8 4SO S O SO radicalsk

                                                (3) 

In the presence of NOM, Eq 4 must be also considered.  

3 2
4 4SO NOM SO radicalsk

                                                (4) 

The rate of SO4
•− disappearance is equal to: 

                         (5) 

where c is the concentration of SO4
•−. Expressed in absorbance, Eq 5 becomes equation 6, 

where AS is the absorbance of SO4
•−, is the extinction coefficient of SO4

•−, and l, the width 

of the laser spot in our device (0.4 cm): 

(6) 

At 450 nm, is equal to 1600±100 M-1cm-1 (McElroy and Waygood, 1990). The transient 

species generated in the reaction of SO4
•− with NOM also absorb at 450 nm. The rate of 

formation of these radicals can be written: 

                                         (7) 

where c’ is the concentration of the generated species. Their rate of formation expressed in 

absorbance (AR) is equal to: 

                                  (8) 
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where ’ is the weighted average of the extinction coefficient of the generated transients. The 

absorbance variation of the mixture is equal to: 

     (9) 

The differential Eq 9 was exploited through a numerical method, the time increment being set 

at 10-8 s. The parameters k1, k3 and ’ were adjusted to get the best fit of the experimental time 

profile absorbances at 450 nm. 

In a first step, we got the k1 value using the decay kinetics of SO4
•− when PS is excited alone, 

taking [NOM]=0 in Eq 9. The decay curve modelisation gave k1=1.2×109 M-1s-1, in excellent 

agreement with the value of Ivanova et al (2000). Our result is also in a good accordance with 

the value of 9.1×108 M-1s-1, obtained from the relationship of McEloy and Waygood (1990) 

taking I=0.12 deduced from [K2S2O8]=0.04M. In a second step, we used the decay kinetics of 

SO4
•− in the presence of the different NOMs to determine the k3 and ’ values. Numerical 

calculations gave the product k3[NOM] for each NOM concentration. Plotting this product 

against [NOM] led to k3 (see Table 3.1). Values of k3 lay within the range 690-910 s-1mg-1L 

and vary in the order: NLNOM > ESFA, SRFA > SRNOM (Table 1). k3 can be also calculated 

on the basis of the organic carbon: 44±1% for ESFA, SRFA and SRNOM, and 26% only for 

NLNOM due to a high ash content. In this latter case, k3 is about twice higher for NLNOM 

than for the other NOMs. 

The reaction rate constant of NOM with hydroxyl radical ( OH) measured with NOM was 

reported at 2.7×104 s-1mgC-1 L (Brezonik and Fulkerson-Brekken, 1998), which is much 

higher than that with SO4
•− detected in this study. Sulfate and hydroxyl radicals differ 

considerably in their reaction rates, thus, the inhibiting effect of NOM, on the degradation of 

organic contaminants will be lower in SO4
•− AOPs than in OH AOPs. 
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Table 3.1. Values of k3 and ' for the selected NOMs and carbon organic content 

corrected for the ash and water content obtained from the IHSS website. 

 

NOM k3 s-1mg-1L k3 s-1mgC-1L ' Cb %  

ESFA 835±24 1900±55 0.25 44  

SRFA 800±115 1860±260 0.50 43  

SRNOM 690±26 1530±58 0.33 45  

NLNOM 910±100 3500±385 0.29 26  

 

Figure 3.3. Bleaching of the four selected NOMs by photo-activation of PS at 330 nm 

(control experiments indicated that the bleaching by direct photodegradation was 

negligible). [NOM] = 50 mg.L-1, [PS] = 10 mM. 

The ' value varied within the range 0.25-0.5 (see Table 3.1) giving ’ values comprised 

between 400 and 800 M-1cm-1 at 450 nm. As different types of radicals are most probably 

generated, these ’ values represent a weighted average of the extinction coefficients. For 

comparison, the unsubstituted phenoxyl radical ( max=400 nm) shows an  equal to 3000 M-

1cm-1.  
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3.1.3 Bleaching. 

Bleaching (or fading) of NOM is an important process that leads to increased light penetration 

into the water column. In our work, SO4
•− was found to be capable of bleaching the 4 selected 

DOM, as shown in Figure 3.3. The bleaching rates vary in the order NLNOM > SRNOM, 

ESFA, SRFA, which is fully consistent with the LFP measured second-order rate constants.  

3.2 Conclusion. 

NOM is one of the most important constituents in natural water and wastewater, it would react 

inevitably with SO4
•− in the application of SR-AOPs. The present study estimated the reaction 

rate constants of SO4
•− with four selected NOM by recording the decay of SO4

•− and the 

formation of new species by means of LFP. The presence of NOM was found to accelerate the 

decay rate of SO4
•−, and the new generated species were assigned to phenoxyl radicals of 

NOM. By using a numerical method, the rate constants for SO4
•− scavenging were calculated 

at 1.5, 1.8, 1.9 and 3.5 103 s-1 mgC-1 L for SRNOM, SRFA, ESFA and NLNOM, respectively. 

The bleaching rates of these NOM were consistent with LFP measured rate constants. 

The rate constants of OH reaction with different NOMs were reported at 2.7×104 s-1mgC-1 L, 

which is much higher than those with SO4
•−. Thus, due to the scavenging by NOM, AOPs 

based on SO4
•− seems more efficient than those based on OH in natural water and 

wastewater (containing NOM), depending on the reaction conditions and the target 

contaminant. 
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Chapter IV 

Degradation of Diatrizoate by Photo-activated Persulfate 

In recent decades, a growing number of studies have documented the widespread occurrence 

of pharmaceuticals in aquatic environment, raising serious concerns about their influence on 

aquatic ecosystems and human health [1-4]. Many pharmaceuticals  were found to be 

recalcitrant to conventional drinking water and wastewater treatment processes (WWTPs) [5, 

6]. As a consequence, pharmaceuticals are frequently detected in natural waters, and in 

drinking waters and constitute a potential risk for human health [7-11]. 

Iodinated X-ray contrast media (ICMs), a class of medical diagnostic agents routinely 

prescribed for imaging tissues and internal, are among the most recalcitrant and highly 

persistent pharmaceuticals [5]. Large quantities of ICM are administered to individual patients 

undergoing tests (> 100 g dose-1), and the annual worldwide consumption of ICMs was 

reported as approximately 3.5 × 106 kg [12]. ICMs are designed to be resistant to metabolism 

and thus are generally excreted unchanged within 24 h [13]. Conventional WWTPs could not 

remove ICMs effectively, leading to their occurrence in surface water and ground water at 

concentration ranging from ng L-1 to μg L-1 [14-17]. The ICMs contribute substantially to the 

organic halogen levels in municipal and hospital effluents, which has raised additional 

concerns [18]. The published information about the environmental risk of ICMs is not 

abundant, however, some research has shown that DTZ may have nephrotoxic effects in 

animals and humans [19, 20]. Although there is lack of information about their impact on 

health, drinking water should be free of ICMs to minimize the potential risk of long-term 

adverse health effects. Therefore, it is essential to develop an effective treatment technology 

to remove these compounds from waters. 

Advanced oxidation processes (AOPs) are promising alternatives capable of removing these 
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pharmaceuticals from WWTPs. The AOPs technology is mainly based on the generation of 

reactive species arising from the decomposition of oxidants such as hydrogen peroxide (H2O2) 

and persulfate (PS, S2O8
2-). Among the commonly used oxidants, PS received wide attention 

due to its high redox potential (E0  2.1 V) [21, 22]. PS is a relatively stable oxidant in water, 

however, it can be activated by UV, heat, base, or transition metals to generate a stronger 

oxidant, sulfate radical (SO4
•−, E0  2.6 V) [23-27].  It has been demonstrated that, SO4

•−, in 

general, could react with organic compounds with a second-order rate constant in the range 

106 – 109 M-1 s-1 [28]. Unlike the well-known hydroxyl radical (∙OH), SO4
•− is believed to 

react with organic compounds mainly via electron transfer mechanism, which makes it more 

selective [29]. Moreover, by comparison with ∙OH, SO4
•− is less likely scavenged by dissolved 

organic matter (DOM), such as humic and fulvic acids, that are ubiquitously present in natural 

waters [30]. Therefore, SO4
•− -based oxidation processes show advantageous relative to 

conventional HO•-based AOPs in certain water treatment and remediation scenarios [31]. 

Various AOPs processes have been utilized to degrade ICMs, such as UV/H2O2, UV/TiO2, O3 

[32-34]. While treatment feasibility of ICMs was examined, previous studies did not provide 

mechanistic details and did not explore the effects of naturally occurring substances (e.g., 

DOM, bicarbonate), which are essential for optimizing the treatment process. Moreover, 

studies reporting the treatment of ICMs by SO4
•−-based oxidation process, especially ionic 

ICM like diatrizoate (DTZ) that was remarkably resistant to biodegradation, are scarce [35, 

36]. Velo-Gala et.al undertook a comparative study on different AOPs processes for the 

degradation of DTZ, and found that SO4
•−-based oxidation process could be an effective 

choice [37]. However, a detailed kinetic and mechanistic map describing the degradation of 

DTZ by SO4
•− is still lacking.  

In this part, we attempted to elucidate the underlying mechanisms and oxidation pathways of 

the reaction between DTZ and SO4
•−. SO4

∙- was generated by simulated sunlight activated PS 
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process. Kinetic studies were conducted for a better understanding of the influence of factors 

including pH and natural water constituents. The identification of DTZ transformation 

intermediates and products was also performed by using HPLC-MS method. Based on the 

HPLC-MS data, the reaction mechanisms and detailed transformation pathways were 

proposed. Our study provides useful information about using sulfate radical-based 

technologies for remediation of the groundwater contaminated by DTZ and structurally 

related X-ray contrast agent. 

4.1 Results and discussion. 

Preliminary dark control experiments with DTZ and PS were conducted (in Figure 4.1). No 

loss of DTZ was observed, indicating that no reaction occurs in the absence of light activation.  

 

Figure 4.1. Degradation of DTZ by UV, H2O2 in dark, PS in dark, UV/H2O2 and UV/PS. 

([DTZ]0 =30 mg L-1, [H2O2]0 = [PS]0 = 12 mM, initial pH = 6.5). 

4.1.1 Reaction kinetics. 

Before investigating the AOPs process, we studied the photolysis of DTZ alone in the solar 

simulator. As shown in Fig 4.1, the decay of DTZ was negligible, in accordance with the 

work by Sugihara et al. who showed that DTZ did not undergo photolysis under UVA 
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irradiation [38]. From this point on, the discussion will focus on the indirect photolysis for a 

more straightforward comparison on reactive species’ contributions under different conditions. 

I) Comparison of UV/H2O2 and UV/PS oxidation.  

Fig 4.1 exhibits the degradation of DTZ treated by UV/H2O2 and UV/PS, respectively. In both 

cases, the degradation of DTZ was significant in the first 20 min, afterwards the rate of DTZ 

disappearance slowed down. Such an auto-inhibition of the reaction has been reported for 

many compounds during oxidation processes by sulfate radical, such as diuron [23], 

polychlorinated biphenyls [42], atrazine [50], methylene blue [61] and tetrabromobisphenol A 

[62].  

The presence of H2O2 led to the removal of 17% of DTZ after 1 h of irradiation. The 

degradation could be attributed to the generation of highly oxidizing radical species, ∙OH.  

Indeed, when excess methanol (100 mM, as ∙OH scavenger) was added in the solution, the 

oxidation of DTZ was inhibited by more than 95%. 

On the other hand, 42 % of DTZ was degraded when using UV/PS after 1 h of irradiation. 

The degradation of DTZ was mostly due to the formation of sulfate radical (SO4
∙-) (Eq 1 and 

2), where P represents the oxidation products. 

S2O8
2- + hv → 2SO4

·-                                                        (1) 

DTZ + SO4
·- → P, k0  = 1.90 × 109 M-1 s-1                                     (2)  

The second order rate constant for DTZ with SO4
·- was determined as (1.9 ± 0.2) × 109 M-1 s-1 

by means of laser flash photolysis (see Figure 4.2). For the reaction with ·OH, the value of 

(6.1 ±  0.1) × 108 M-1 s-1 was calculated, which was in accordance with  literature data 

(ranging from 5.40 to 9.58 × 108 M-1 s-1)  [33, 39]. The rate constant is slower than that with 

SO4
·-, demonstrating that using activated persulfate to generate SO4

·- could be a much more 
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effective way to remove DTZ. PS was much effective than H2O2 for the removal of DTZ 

under solar irradiation under neutral conditions. Similar results were also found in a previous 

study, the degradation rate of DTZ by UV/PS is 30% faster than that by UV/H2O2 [37]. The 

higher performance of PS can be attributed to its higher light absorption in the wavelength 

range of simulated solar light emission spectra (Figure 4.3). For instance, the molar extinction 

coefficient of PS, ε, is equal to 0.68 M-1cm-1 at 310 nm, against 0.42 M-1cm-1 for H2O2.  
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Figure 4.2.  Decay of sulfate radical transient followed at 450 nm in the absence and 

presence of DTZ (A); the linear relationship of the pseudo-first order decay constant of 

SO4•− (k, s-1) versus the concentration of DTZ (B) ([PS] =88 mM). 
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Figure 4.3. Absorption spectrum of H2O2 and PS at 50 mM from 250 to 350 nm. 

In our study, the deceleration of DTZ degradation can be attributed to the formation of 

oxidation products, which could affect the reaction through two different ways. Firstly, the 

light-absorbing products would compete with PS for light flux, thereby reducing the yield of 

SO4
·-. Secondly, oxidation products could also compete with DTZ for the reaction with SO4

·- . 

These competitive reactions should slow down the decomposition rate of DTZ. 

Pi + SO4
·- → Pj, ki                                                                 (3)   

In the first stages of the reation, if we assume that sulfate radicals only react with DTZ, the 

rate of DTZ degradation could be written: 

0[DTZ]
PS

d I
dt                                                         

(4) 

Where IPS is the light intensity absorbed by PS and Φ, is the quantum yield of sulfate 

radical formation. In the course of the reaction, when oxidation products compete with 

DTZ for sulfate radical, the rate law becomes: 
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0

0
1

[DTZ][DTZ]

[P ] [DTZ]
PS i

i i

kd I
dt k k                                                    

(5) 

Where Pi are the oxidation products and ki are their reaction rate constants with SO4
·-.  

 

Figure 4.4. The UV-Vis spectrum of DTZ reaction solutions oxidized by UV/PS ([DTZ]0 

=30 mg/L, [PS]0 =12 mM, initial pH = 6.5) in a cell of pathlength 1 cm. Note that in the 

reactor the pathlength is equal to 3.5 cm. 

The decay of IPS has been calculated based on the UV-Vis spectra of the reaction 

solution (Figure 4.4). The result indicated that after 1 h of irradiation, IPS was reduced by 

20-25%, as shown in Figure 4.5. From Figure 4.9 we could know that several phenolic 

products were generated in the reaction. As electron-rich compounds, phenolic 

compounds could react with sulfate radical at rates higher than that of the mother 

compound, DTZ [59]. Considering Eq 4 and 5, the rate of DTZ degradation should 

decrease when products accumulate in the medium. 
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Figure 4.5. Light intensity absorbed by PS during the reaction process ([PS] = 12 mM, 

[DTZ]0 = 30 mg/L, initial pH = 6.5). 

II) Effects of initial solution pH and initial PS concentrations. 

In real-world applications, pH conditions are expected to be variable, a fixed pH is not 

realistic. Therefore, we assessed the kinetic of DTZ degradation under different initial pH 

values (4.5 - 10.5).Summarized results are presented in Figure 4.6 and Table 4.1. Overall, the 

increase of pH from 4.5 to 8.5 did not affect the removal efficiency of DTZ, which remained 

in the range 61-63 %. However, the oxidation was found to decline at pH 10.5, as only 49 % 

of DTZ was removed. This result is consistent with previous report where high pH values (pH 

12) slowed the degradation of DTZ by UV/PS compared with neutral and acidic 

conditions[37]. In addition, it is worthy to note that the solution pH in all experiments 

decreased during the reaction process, mostly due to the decomposition of PS and the 

formation of acidic species.  
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Figure 4.6. Degradation of DTZ by UV/PS (A) for various pH, ([DTZ]0 =30 mg L-1, [PS]0 

= 12 mM); (B) for different  initial PS doses ([DTZ]0 =30 mg L-1, initial pH = 6.5). 

Solution pH might play a complex role in sulfate radical based oxidation process on organic 

contaminants since it could affect the ionization state of organic compounds as well as the 

formation of reactive species (i.e. SO4
·- and ·OH) [40]. Depending on the pH, DTZ can exist 

in up to six different acid-base forms (Figure 4.7). When the solution pH is higher than 6, the 

form in which three H+ are removed (No 6 in Figure 4.7) is the dominant species with a 

contribution larger than 90 %. Although all the samples (pH ranging from 4.5 to 10.5) 

underwent acidification during the reaction, for the last 3 groups (pH 6.5, 8.5 and 10.5), the 

reaction solutions experienced a similar change of DTZ species during the reaction. We could 

conclude that the speciation of DTZ was not responsible for the inhibition of oxidation at pH 

10.5.  
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Table 4.1. Degradation efficiencies of DTZ at different conditions ([DTZ]0 =30 mg/L, 

reaction time 1 h). 

    object Initial  

pH 

PS concentration mM                 DTZ 

% degraded Final pH 

pH effect 4.5 

6.5 

8.5 

10.5 

12.0 

12.0 

12.0 

12.0 

61.3 ± 0.1 

62.6 ± 0.2 

61.0 ± 0.4 

49.0 ± 1.2 

3.6 

3.8 

3.9 

4.4 

PS effect 6.5 

6.5 

6.5 

6.5 

6.0 

12.0 

18.0 

24.0 

32.9 ± 0.7 

62.6 ± 0.2 

72.1 ± 0.3 

84.1 ± 0.1 

4.0 

3.8 

3.5 

3.4 

 

Since the decline of DTZ removal rate could not be attributed to the effect of pH on oxidation 

efficiency, the evolution of reactive species during the reaction was taken into consideration. 

It has been demonstrated that SO4
·- can yield ·OH under neutral or basic conditions (Eq 6-7) 

[41, 42].  

SO4
·- + H2O → SO4

2- + ·OH + H+            k [H2O] ˂ 2 × 103 s-1       (6)                

SO4
·- + OH- → SO4

2- + ·OH             k ≈ 6.5 × 107 M-1 s-1                  (7)      

The formation of ·OH in basic conditions could partly explain the decline of DTZ degradation, 

since the second order rate constant of DTZ with ·OH was smaller (6.1 × 108 M-1 s-1) than that 

with SO4
·- (1.9 × 109 M-1 s-1) [33,39,43].  Another possible explanation of the pH effect is the 

base-activated PS decomposition described by Eq 8 [24]. 

2S2O8
2- + 4OH-→ SO4

·- + 3SO4
2- + O2

·- +2H2O                                    (8) 
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Figure 4.7. Speciation of DTZ at different pH values. 

The yield of SO4
·- via base-activated persulfate is much lower than that from UV-activated 

persulfate (Eq 3) as only one SO4
·- radical is generated per 2 PS molecules. The competition 

of these two reactions inevitably decreased the concentration of SO4
·-, as well as that of ·OH. 

Zhang et al. confirmed this reduction by determining the steady-state concentrations of SO4
·- 

and ·OH ([SO4
·-]ss and [·OH]ss) by UV/PS under different pH values [44]. They found that 

both [SO4
·-]ss and [·OH]ss values were lower in basic than neutral conditions. At pH 8.5, due 

to the relatively low concentration of OH- (≈ 4.2 × 10-6 M in the beginning, and would 

continue to decrease during the reaction), the effect of these two reactions was indistinctive, 

which made the removal efficiency of DTZ among the range of pH 4.5 - 8.5 was nearly 

identical. 

III) Effects of solution PS dose.  

Table 4.1 also lists the degradation efficiencies of 30 mg L-1 DTZ by UV activated PS for 

different PS concentrations. Increasing the initial PS concentration significantly enhanced the 

degradation efficiency of DTZ. This result suggests that higher PS concentration yielded 

higher level of SO4
·- by UV activation, promoting the oxidation of DTZ.   
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Some previous studies have reported that an increase of the initial PS concentration could not 

continuously ensure an increase of the decomposition efficiency due to the scavenging of 

SO4
·- by S2O8

2- (Eq 9), especially under acidic conditions [45-47]. 

S2O8
2- + SO4

·- → SO4
2- + S2O8

·-, k5=5.5 × 105 M-1 s-1                         (9) 

However, this inhibiting effect of PS was not observed in the present work. Laser flash 

photolysis experiments were conducted (in the absence of DTZ) to better elucidate the 

scavenging effect of persulfate anions. The decay rates of SO4
•− decay were found to be 1.7, 

2.0, 1.7, 1.8, 1.7 and 1.8 ×10 5 s-1 at PS concentration of 6, 12, 24, 30, 36 and 44 mM, 

respectively. If the scavenging effect of PS played a role in the reaction process, the decay 

rate should increase with the increasing of PS concentrations. The highest PS initial 

concentration used in our work did not reach the critical level to slow down the degradation 

rate constant of DTZ. 

4.1.2 Identification of oxidizing species (SO4·- and ·OH). 

The DTZ loss mentioned above suggests that reactive species were produced by PS under 

simulated sunlight irradiation. SO4
·- and ·OH can be considered as the main oxidizing species 

involved in the decomposition process of DTZ. A better understanding of the contribution of 

each of these radicals in the reaction was evaluated by using specific scavengers like ethanol 

(EtOH) and tert-butyl alcohol (TBA) [48, 49]. The bimolecular rate constants of reaction of 

these two scavengers with the radicals are given in Eq 10-13. EtOH is a more efficient 

quencher than TBA, and both alcohols quench ·OH more easily than SO4
·-.  

EtOH + SO4
·- → intermediates, k8 = (1.6-7.7) × 107 M-1 s-1                 (10) 

                   EtOH + ·OH → intermediates, k9 = (1.2-2.8) × 109 M-1 s-1                  (11) 

TBA + SO4
·- → intermediates, k10 = (4-9.1) × 105 M-1 s-1                 (12) 
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                     TBA + ·OH →intermediates, k11 = (3.8-7.6) × 108 M-1 s-1                  (13) 

 

Figure 4.8. Degradation efficiencies of DTZ by UV/PS in the presence of different 

scavengers (EtOH and TBA) molar ratios. ([DTZ]0 =30 mg L-1, [PS]0 = 12 mM, initial 

pH = 6.5, reaction time = 60 min). 

Their inhibiting effect was measured for various [EtOH]/[DTZ] and [TBA]/[DTZ] ratios.  

Figure 4.8 displays the results. Comparing the degradation efficiencies in the absence and in 

the presence of the scavengers allows us to determine the contribution of SO4
·- and ·OH in the 

reaction.  Postulating the quasi-stationary state for SO4
·- and ·OH gives Eq 14 and 15 in the 

case where TBA was added.  

,· 14· [ ][DTZ] [ ][TBA·OH OH ]·O TH ZOH Dr k k                                     (14) 

· ·
4 4

· ·
4, 413[SO ][DTZ] [SO ][TBA]

SO SO DTZ
r k k                                     (15) 

This allows the determination of [SO4
·-] and [·OH] and the degradation rate of DTZ can be 

written as: 
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Here, we used the mean values of k13and k14 from Eq 12 and 13 to calculate the contribution 

of SO4
·- and ·OH. For instance, when [TBA]/[DTZ] = 100, r(DTZ)TBA  is equal to: 

·
4

·0.01 0.97OHDTZ TBA SO
r r r                                   (17) 

At this condition ([TBA]/[DTZ] = 100), the contribution of ·OH was negligible. By 

comparison the degradation efficiency in the absence of TBA with that in the presence of 

TBA ([TBA]/[DTZ] = 100), we could calculate that SO4
·- plays a dominant role in the 

oxidation process. 

4.1.3 Degradation products and reaction pathways. 

Reaction products generated during UV-activated PS oxidation of DTZ were identified by 

HPLC-MS. The identification was based on the analysis of the total ion chromatograms (TIC) 

and the corresponding mass spectra obtained by the positive ion electrospray HPLC-MS. Data 

are provided in Table 4.2, and the proposed degradation pathways is illustrated in Figure 4.9. 

As seen, three pathways take place: pathway a) is the side chain cleavage with formation of an 

NH2 group, pathway b) is the deiodination-hydroxylation, and pathway c) is the 

decarboxylation- hydroxylation. 
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Table 4.2. Proposed structure of DTZ oxidation products by UV activated persulfate. 

No. Retention Time (min) [M+H]+ Proposed formula  Proposed structure 

1 0.87 and 1.65 504.8735 C11H11O5N2I2 

 

2 1.88 476.8788 C10H11O4N2I2 

 

3 2.12 572.7644 C9H8O3N2I3 

 

4 2.74 474.8628 C10H9O4N2I2 

 

5 3.49 586.7799 C10H10O3N2I3 
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Figure 4.9. Proposed oxidation pathways of DTZ by simulated sunlight activated PS. 

([DTZ]0 =30 mg L-1, [PS]0 = 12 mM, pH = 6.5, reaction time = 60 min). 

As a strong oxidant, SO4
·- tends to attack electron rich sites of the compound. For the reaction 

with DTZ, the initial step is expected to be an electron-transfer from DTZ to SO4
·-, leading to 

the generation of SO4
2- and the DTZ radical cation. The hydrolysis of the radical cation 

produces the corresponding HO-adducts. The ipso addition of –OH at the iodo site would 

result in the loss of iodine atom, producing the phenolic products with m/z= 505 in ES+ 

corresponding to [M+H]+  (Figure 4.10A). Two peaks at m/z= 505 were identified in the TIC 

spectra, showing that the substitution of I by OH can take place at two different iodo positions. 

On the other hand, the ipso addition of –OH at the carbon site bearing the carboxylic acid 

function could generate decarboxylation-hydroxylation, as confirmed by the detection of the 

peak at m/z = 587 in ES+ (Figure 4.10B). These products were also formed by the attack 

of ·OH on DTZ, which has been reported in previous work of Jeong et.al [39]. Afterwards, 
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the further decarboxylation-hydroxylation of the phenol or the deiodination-hydroxylation 

process of the decarboxylated photoproduct can occur, producing the hydroquinonic product 

(m/z=477 in ES+) and the corresponding quinonic product (m/z = 475 in ES+) through further 

oxidation. 

 

Figure 4.10. Proposed oxidation mechanisms of deiodination (A) and decarboxylation 

(B). 

Moreover, the product m/z = 573 in ES+ was also characterized, corresponding to the loss of 

42 mass units from the parent chemical, which was labeled as the aniline product after the 

cleavage of the side chain. 

The UV-Vis spectrum change of DTZ solution in the course of the oxidation was also 

recorded (Figure 4.4). As can be seen, DTZ does not absorb radiations > 350 nm. Yet, the 

absorbance increased during the reaction between 300 and 500 nm, indicating the formation 

of highly conjugated molecules. The absorbance reached a maximum after around 60 min of 

reaction, afterwards, it begun to decrease. Even though PS is still present in the solution, the 

evolution of the reactional mixture could be at least in part attributed to the absorption of the 

photoproducts absorbing above 350 nm. This absorption can potentially induce the 

phototransformation of long-wavelength absorbing photoproducts that visibly disappear in 
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Figure 4.6, but might also induce or sensitized the degradation of other photoproducts. Thus, 

the reaction of DTZ with sulfate radical might be the initial step of the total reaction, and the 

generation of solar light-absorbing compounds being the driven force for an extended 

photochemical degradation. For instance, the transformation of hydroquinone product 

(m/z=477) to the quinone product (m/z=475) seems more like a photodegradation pathway 

than a oxidation process by sulfate radical. 

4.1.4 Impacts of natural water constituents. 

DOM, chloride (Cl-) and bicarbonate (HCO3
-) are ubiquitous natural water constituents. The 

high redox potentials of SO4
·- (E0 2.6 ev) and ·OH (E0 2.7 ev) make them very reactive to 

destroy organic contaminants as well as the various constituents in natural waters, the 

competing side reactions with water constituents other than the target contaminants could also 

lead to the consumption of these two radicals, resulting in an unpredictable consequence on 

the oxidation efficiency. Investigating the impacts of these natural water constituents on target 

compound will help to understand its degradation in natural waters by AOPs. 

I) Effect of DOM. 

The simulated sunlight activated PS induced DTZ degradation was investigated in the 

presence of SRFA, a reference DOM used in aquatic photochemistry, results are illustrated in 

Figure 4.11. As seen, the degradation of DTZ was almost drastically inhibited by the addition 

of SRFA, and the oxidation efficiency was still reduced by an increase in SRFA concentration, 

indicating a concentration-dependent detrimental effect of SRFA on DTZ degradation. The 

inhibiting effect of DOM on sulfate radical-based oxidation had also been reported in 

previous studies [30, 50]. DOM is known to be a sink of ·OH and SO4
·- due to some 

functional groups, which were prone to react with these two radicals [50-52]. Thus, the 

inhibiting effect could be explained by the competitive scavenging of these two radicals by 
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DOM. Another possibility is the light screening effect of DOM, which could strongly weaken 

the radiant flux necessary for persulfate degradation. 

. 

Figure 4.11. Decomposition of DTZ by simulated sunlight activated PS in the presence of 

SRFA. ([DTZ]0 =30 mg L-1, [PS]0 = 12 mM, initial pH = 6.5, reaction time = 60 min). 

In addition, the second-order reaction rate constant of SRFA with ·OH was reported as 

2.7×104 L mgC-1 s-1 [53], which is comparable to those observed for DOM in natural water 

samples (the average value was 2.5×104 L mgC-1 s-1[54]). On the other hand, the second-order 

reaction rate constant of SRFA with SO4
·- was reported as 6.8×103 L mgC-1 s-1 [30]. The 

lower reactivity of SRFA towards SO4
·- compared with ·OH was explained by the slow H-

abstraction reactions by SO4
·- [30]. Consequently, in the presence of DOM, DTZ could be 

degraded more efficiently by SO4
·- than by ·OH. 

DOM has been reported to be able to quench the cation radicals of some organic contaminants, 

such as amino acids, anilines and sulfonamide compounds [55, 56]. In the same way, with an 

aniline structure, cation radical DTZ·+, could be reduced by DOM according Eq 18 and 19. 

DTZ + SO4
·- → DTZ·+ + SO4

2-                                           (18)   
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DTZ·+ + DOM → DTZ + DOM·+                                        (19) 

Thus, DOM could inhibit the oxidation of DTZ by UV/PS via 3 different mechanisms, 

including scavenging sulfate radical, light screening effect, and reduction of the intermediates. 

Among them the light screening effect was dominant, which made the decrease of removal 

efficiency of DTZ not proportional to the concentrations of SRFA. 

II) Effect of Chloride. 

Chloride ion might play a complex role in SO4
·- based oxidation process due to the 

scavenging of SO4
·- and ·OH to generate less reactive chlorine species such as Cl∙, ClOH·-, 

and Cl2
∙- [29,57,58]. As shown in Figure 4.12, the effect of chloride ions on the degradation of 

DTZ at chloride concentrations ranging from 0 to 100 mM was very poor. However, when 

500 mM Cl- was added in, DTZ degradation was inhibited.  

 

Figure 4.12. Decomposition of DTZ by simulated sunlight activated PS in the presence of 

chloride. ([DTZ]0 =30 mg L-1, [PS]0 = 12 mM, initial pH = 6.5, reaction time = 60 min). 

Eq 20 and 21 show the possible sinks for SO4
·- and ·OH, although the reaction rate of SO4

·- 

and ·OH are very high, there are also fast backward reactions. At low chloride concentration 
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(1-100 mM), the scavenging effect of SO4
·- by Cl- was weak, mainly due to the backward 

reaction. However, high concentration of Cl- (e.g., ˃ 300 mM) could favour the forward 

reaction of Eq 20, leading to the consumption of sulfate radicals [56]. Thus, the inhibiting 

effect at 500 mM chloride concentration could be attributed to the scavenging of sulfate 

radicals by Cl- to generate the less reactive species.The scavenging of SO4
·- by Cl- has already 

been studied by our laboratory, Cl2
∙- was found to be the main secondary radical [60]. 

Cl- + SO4
·- ↔ Cl∙ + SO4

2-, kf = 4.3 × 108 M-1 s-1, kr = 2.5 × 108 M-1 s-1                    (20)  

Cl- + ·OH ↔ ClOH·-, kf = 4.3 × 109 M-1 s-1, kr = 6.1 × 109 M-1 s-1                           (21)  

ClOH·- + H+ → Cl∙ + H2O, k = 2.1 × 1010 M-1 s-1                                                    (22)   

Cl∙ + Cl- → Cl2∙-, k = 8 × 109 M-1 s-1                                                                        (23)    

2Cl2
∙- → Cl2 + 2Cl-, k = 1.3 × 109 M-1 s-1                                                                (24)   

III) Effect of Bicarbonate. 

The impact of bicarbonate (concentration ranging from 0 to 40 mM) was also investigated in 

the present study at pH 8.2 (corresponding to 98% in the form HCO3
-), and the results are 

displayed in Figure 4.13. The presence of HCO3
- induced promoting effect on simulated 

sunlight activated PS oxidation of DTZ, while the continuous increase of bicarbonate 

concentration did not lead to a rising trend of DTZ degradation efficiency. This result was 

unexpected and interesting, since bicarbonate generally played a negative role in AOPs due 

to the quenching ability of SO4
·- and ·OH to form less reactive carbonate radicals (HCO3

·- 

and CO3
·-) [57]. Actually CO3

·- could react with electron-rich compounds such as phenols 

and anilines at a fairly high rate [59]. 

 HCO3
- + SO4

·- → H+ + CO3
-∙ + SO4

2-, k = 2.8 × 106 M-1 s-1                        (25) 

HCO3
- + ∙OH → H2O + CO3

-∙, k = 8.6 × 106 M-1 s-1                        (26) 
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In this study, the promoting effect of bicarbonate might be explained by the reaction between 

carbonate radical and DTZ. The second order rate constant of this reaction was detected as 5.4 

× 107 M-1 s-1, which was less than that with SO4
·- and ·OH. Since the concentration of 

bicarbonate was higher and CO3
·- less reactive, a higher steady-state concentration of CO3

·- 

was expected [44]. This counterbalanced the decrease level of SO4
·- and ·OH due to carbonate 

scavenging and manifested a promoting effect on DTZ oxidation. 

 

Figure .13. Degradation efficiencies of DTZ by simulated sunlight activated PS in the 

presence of bicarbonate. ([DTZ]0 =30 mg L-1, [PS]0 = 12 mM, pH = 8.2, reaction time = 

60 min, 10 mM Na2HPO4 and NaH2PO4 solutions were used to buffer the solutions). 

4.2 Conclusions. 

The present work shows that simulated sunlight could activate persulfate to produce SO4
·- and 

induce the effective degradation of DTZ across a wide range of pH conditions (i.e. 4.5 to 8.5). 

Photo-activated PS was found to be more efficient as oxidant than H2O2. Sulfate radicals 

(SO4
•−) was found to be the dominant reactive species in the oxidation process, while, ·OH, 

was of less importance. The degradation was enhanced by the increasing of PS levels.The 

oxidation pathways included deiodination-hydroxylation, decarboxylation- hydroxylation and 
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side chain cleavage. The initial step of DTZ degradation is the attack of SO4
•−, while the light-

absorbing intermediates generated could take over. These observations highlight the 

formation of light-absorbing intermediate products and their involvement in the fate of ICMs 

in AOPs process. 

In addition, DOM showed a detrimental effect on DTZ degradation while, a slight increase of 

DTZ decomposition was obtained in the presence of bicarbonate. Moreover, high 

concentration chloride inhibited the removal of DTZ. Our findings have 

potentialenvironmental implications. For example, sulfate radical could react with naturally 

occurring constituents, such as bicarbonate and chloride and dissolved organic matter to form 

other types of reactive species. DOM is known as a sink of ·OH and SO4
·-, however, ·OH and 

SO4
·- differ considerably in their reaction rates with DOM, ·OH reacts more quickly with 

DOM than SO4
·-. Thus, in natural waters (contained DOM), AOPs based on sulfate radicals 

seems more efficient than those based on hydroxyl radicals. However, this depends on the 

structure of target substrates. DOM could reduce the cation radicals of some contaminants to 

inhibit the oxidation, like anilines. Further studies should better consider the role of secondary 

reactive species (including light-absorbing intermediates) and the influence of naturally 

occurring constituents in natural waters. 
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Chapter V 

Degradation of β2-adrenoceptor Agonists Salbutamol and Terbutaline 

by Photo-activated Persulfate  

Pharmaceuticals and personal care products (PPCPs) are emerging contaminants that have 

drawn extensive attention recently due to their potential hazardous effect on ecological system 

and human beings, even at trace concentrations [1]. In the last few years, β2-adrenergic 

receptor agonists have been increasingly used for human beings as well as for livestock [2]. 

Salbutamol (SAL, also known as albuterol) and terbutaline (TBL) are selected as the target 

subjects of this study due to their widely uses. SAL is clinically the most widely used in 

treatment of bronchial asthma, it has been detected in several European countries, and the 

concentration ranges from 1.14 to 471 ng/L [3-5]. TBL is considered as one of the major feed 

additive medicines to increase the proportion of lean meat of livestock [2], it is also used as 

many as 1 million pregnancies annually to arrest preterm labor [6]. β2-adrenergic receptor 

agonists possess a common β-phenyl- β-ethanol amine group, the structure makes them 

hydrophilic and not easily biodegradable [7]. Conventional sewage treatment plants are not 

able to degrade residues of these chemicals completely from waste streams [7], thus, 

developing effective treatment technology for elimination of these chemicals in waters is of 

great interest. 

Advanced oxidation process (AOPs) based on the generation of reactive species are becoming 

increasingly popular as a technology for the degradation of contaminants with the final goal 

of wastewater decontamination [8, 9]. Among the AOPs, hydrogen peroxide (H2O2) and 

persulfate (S2O8
2-, PS) are among the most popular oxidants [10]. The AOPs based on PS for 

the remediation of contaminated soils, groundwater and sediments has received considerable 

attention in recent years [11, 12]. PS can be activated by UV, heat, base or transition metals to 
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generate sulfate radical (SO4
·-), a strong one-electron oxidant (E0 ≈ 2.6 V)[13]. SO4

·- is 

capable of oxidizing a large number of contaminants such as polychlorinated biphenyls 

(PCBs), polycyclic aromatic hydrocarbons (PAHs), perfluoroalkyl compounds (PFCs) and azo 

dyes [14-17]. Mechanisms of SO4
·- reactions differ somewhat from those of hydroxyl radical 

(∙OH) reactions. SO4
·- reacts more readily by one-electron transfer than ∙OH but slower by H-

abstraction and addition [18, 19]. Additionally, SO4
·- is less impacted by soluble microbial 

products and natural organic matter which are ubiquitously present in waters than ∙OH [20, 

21]. Thus, SO4
·--based oxidation could complement the more common ∙OH-based one in 

AOPs technologies. SO4
·- has been shown effective in treating pharmaceuticals in waters [22-

24], many pharmaceuticals can react with SO4
·- at comparable rates as with ∙OH [25, 26]. 

However, the reaction rates and pathways of SO4
·- with numerous pharmaceuticals including 

SAL and TBL have not been studied. 

Sulfate radical is a strong electrophile, and in the reaction with electron-rich compounds, such 

as phenolic compounds (ArOH), electron transfer reaction is a preferred reaction pathway[19, 

27]. For electron transfer reactions in the case of ArOH, intermediate radical cations are 

proposed to be generated (Eq 2 and 3). They would deprotonate subsequently to form 

phenoxyl radicals[28, 29]. Both of SAL and TBL are substituted phenols, the formation of 

phenoxyl radicals in the reaction process as well as their transformation pathways need further 

investigation. 

S2O8
2- + hv → 2SO4

·-                                                  (1) 

ArOH + SO4
·- →SO4

2- + Ar-OH·+                                     (2) 

Ar-OH·+ →ArO· +H+                                                (3) 

In the present study, we evaluated the efficacy of simulated sunlight activated PS processes in 

eliminating SAL and TBL. The main objectives of this part are (1) to identify the main 

oxidation products of SAL and TBL and propose the oxidation mechanism of them by the 
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reactive species involved in the processes; (2) to investigate the reactivity and predominant 

reactive species responsible for the degradation of SAL and TBL. 

5.1 Results and discussion. 

5.1.1 Formation and identification of transient species. 

The transient absorption spectrum of the sulfate radical formed after 266 nm laser excitation 

of PS (44 mM) (Eq 1) shows a maximum at 450 nm (Figure 5.1A) and decay in about 100 μs. 

To investigate the reaction mechanisms of SAL/TBL with the sulfate radical, LFP 

experiments were carried out to identify the new generated transient species involved in the 

oxidation processes and to measure the reaction kinetics.  

 

Figure 5.1. LFP of PS and SAL. A: Transient spectra measured at the pulse end (A0) and 

20 μs after (A20). B: Time profile absorbance monitored at 400 nm. C: Time profile 

absorbance monitored at 450 nm (266 nm, [SAL] =250 μM, [PS] = 44 mM, pH = 6). 

I) Transient signals from SAL and assignment of its absorption bands.  

Figure 1 also shows the transient species generated when PS is photolyzed in the presence of 

SAL (250 μM). At the end of the pulse, a broad absorption band extending from 350 to more 

than 500 nm is observed (Figure 5.1A). The decay of the transient absorbance between 410 to 

500 nm is fully achieved within 10 μs after the pulse (Figure 5.1C), while the absorbance 

between 350 and 410 nm decay much more slowly (Figure 5.1B). This indicates the presence 
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of at least two species. The short-lived species is assigned to the sulfate radical and the long-

lived one to the phenoxyl radical generated from SAL, in accordance with the consecutive 

peak structure between 360 and 420 nm of the absorption spectrum [30-32]. This series of 

equally spaced peaks is mainly due to the vibrational progressions, the peak at the longer 

wavelength corresponding to the 0-0 transition. Very similar spectra were found in the 

irradiated solutions of SAL structural analogs 2-hydroxybenzyl alcohol (2-HBA) and 4-

hydroxybenzyl alcohol (4-HBA) with PS (Figure 5.2).  

 

Figure 5.2. Transient absorption spectra of 2-hydroxybenzyl alcohol (2-HBA, A) and 4-

hydroxybenzyl alcohol (4-HBA, B) obtained by LFP in water (266 nm, [2-HBA] = [4-

HBA] = 250 μM, [PS] = 44 mM). 

II) Transient signals from TBL and assignment of its absorption bands.  

LFP experiments were also carried out for TBL and its structural analogs, resorcinol and 3,5-

dihydroxybenzyl alcohol (3,5-DHBA). Again, the decay of the sulfate radical at 450 nm is 

fast, while long-lived transients are detected between 350 and 480 nm. In the case of 

resorcinol (Figure 5.3A), the transient spectrum shows two bands at 405 and 425 nm (band 1 

and 2) similar to those assigned to the phenoxyl radical [29, 33]. For both TBL (Figure 5.3B) 
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and 3,5-DHBA (Figure 5.3C) a third absorption band with a maximum at 440 nm (band 3) is 

observed. As this additional band shows the same decay rate as the two others (Figure 5.3D1 

to 5.3D3), we concluded that it belonged to the same species. Based on the DFT calculation 

results, the new band was also assigned to the feature of the phenoxyl radical. As seen in 

Figure 5.4, the calculation indicated that the maximum absorption of resorcinol phenoxy 

radical appeared at 395 nm, while it was located at 440 nm for 3,5-DHBA. Therefore, the 

CH2OH substituent on the ring induces a significant red-shift of the absorption spectrum of 

the phenoxyl radical.  

 

Figure 5.3. Transient absorption spectra of aqueous resorcinol (A), TBL (B) and 3,5-

DHBA (C) in the presence of PS produced by LFP (the insert bands represent the 

phenoxyl radical absorption bands), and the time profiles (20 μs) of TBL/PS transient 

species at 410 nm (D1), 425 nm (D2), 440 nm (D3) and 500 nm (D4) (266 nm, [TBL] 

=[3,5-DHBA] = [resorcinol] = 250 μM, [PS] = 44 mM, pH = 6). 
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Figure 5.4. Vibrational progression of the UV-Vis absorption spectra of the resorcinol 

phenoxyl radical and the 3,5-DHBA phenoxyl radical obtained by DFT calculations at 

the B3LYP/6-31+G(d,p) level. 

5.1.2 Reactivity of sulfate radical towards SAL and TBL.  

To measure the rate constant of reaction between the sulfate radical and SAL, we monitored 

the transient absorbance decay at 450 nm for SAL concentrations ranging from 0 to 250 μM. 

The decay rate constant increased from 1.5 × 105 to 106 s-1, evidencing the high reactivity of 

the sulfate radical towards SAL (Figure 5.5A). Using a linear regression, the second order rate 

constant could be estimated at (3.7 ± 0.3) × 109 M-1 s-1 (Figure 5.5B). The same procedure 

was used for TBL and the reaction rate constant of SO4
•- with TBL was estimated at (4.2 ± 

0.3) × 109 M-1 s-1. The rate constants of reaction of·OH with SAL and TBL were also 

determined by the competition kinetic methods, using nitrobenzene as the molecular probe. 

Values of (5.3 ± 0.7) × 109 M-1 s-1 and (5.9 ± 0.8) × 109 M-1 s-1, respectively, were found. For 

both SAL and TBL, the reaction rate constants with SO4
·- were comparable to those with ·OH, 

demonstrating that photo-activated persulfate to generate SO4
·- could be an effective way to 

remove SAL and TBL from water solutions. 
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Figure 5.5. Decay of the sulfate radical monitored at 450 nm as a function of SAL 

concentration. Transient absorbance were obtained upon LFP (266 nm) for PS at 44 mM 

(A); Linear plot of the pseudo-first order decay rate constant of SO4•− (k, s-1) versus the 

concentration of SAL (B). 

5.1.3 UV/PS oxidation under simulated solar light. 

In simulated solar light, irradiations for 2h of SAL and TBL in the presence of PS (6 mM) led 

to a removal of SAL and TBL of more than 94%, showing that using activated persulfate to 

generate SO4
•- is an effective way to remove SAL and TBL under experimental conditions. 

I) Effect of pH.  

Solution pH might play a complex role in the simulated sunlight activated PS process. Indeed, 

it had been demonstrated that SO4
·- is transformed to ·OH under neutral or basic conditions 

(Eq 4-5) [34, 35]. In real world applications, solutions to be treated can show a very large pH 

range, it is therefore important to investigate the effect of solution pH. Thus, in the present 

work, the effect of initial pH (from 5.0 to 9.0) on the degradation efficiencies of SAL and 

TBL was evaluated. 

SO4
·- + H2O → SO4

2- + ·OH + H+            k ˂ 2 × 103 s-1                    (4)     

SO4
·- + OH- → SO4

2- + ·OH         k5 ≈ 6.5 × 107 M-1 s-1                 (5)    

The observed rate constants (kobs) under various initial pH values are presented in Table 5.1. 

The rates of SAL and TBL degradation increased as pH declined, acidic conditions being 
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favorable for the oxidations. In addition, the pH values in all these experiments decreased 

during the reaction process, mostly due to the decomposition of persulfate and the formation 

of acidic by-products.  

The possible explanation of the pH effect is the base-activated PS decomposition. Sulfate 

radical can be generated at high pH values [36] (Eq 6), however, the yield of this 

decomposition reaction is much lower than that at acidic conditions from photon activated PS.  

2S2O8
2- + 2H2O → SO4

·- + 3SO4
2- + O2

·- +4H+                              (6)   

Zhang et al.,, have determined the steady-state concentrations of SO4
·- and ·OH ([SO4

·-]ss and 

[·OH]ss) by UV/PS under different pH values [37]. Both [SO4
·-]ss and [·OH]ss values were 

lower at basic (pH 9) than that at acidic condition (pH 6).    

Table 5.1. Pseudo first-order degradation rate constants of SAL and TBL in different 

conditions ([SAL]0 = [TBL]0 = 120 μM, [PS]0 = 6 mM). 

     Initial  

pH 

Scavenger 

concentration (mM) 

SAL TBL 

kobs (10-4 s-1) kobs (10-4 s-1) 

Scavenger effect 7.0 

7.0 

7.0 

7.0 

7.0 

0 

EtOH 12 

EtOH 120 

TBA 12 

TBA 120 

2.18 ± 0.13 

1.02 ± 0.06 

0.33 ± 0.02 

1.92 ± 0.06 

1.57 ± 0.05 

2.51 ± 0.08 

2.14 ± 0.03 

0.71 ± 0.02 

2.27 ± 0.07 

2.10 ± 0.02 

pH effect 5.0 

6.0 

7.0 

8.0 

9.0 

- 

- 

- 

- 

- 

2.30 ± 0.09 

2.27 ± 0.05 

2.18 ± 0.13 

2.11 ± 0.09 

1.80 ± 0.10 

2.68 ± 0.06 

2.61 ± 0.05 

2.51 ± 0.08 

2.36 ± 0.06 

1.86 ± 0.11 

pKa for the phenol group of SAL and TBL are 10.12 and 10.64, respectively. 
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II) Effect of PS dose.  

The rate constants of SAL and TBL (kobs) degradation under different PS concentrations are 

illustrated in Figure 5.6. As reported in many articles, increasing the initial PS concentration 

significantly enhances the degradation rates of SAL and TBL [38, 39]. This result suggests 

that higher PS concentrations yield higher level of reactive species by UV activation. 

Moreover, a linear relationship between kobs and PS concentration can be clearly observed, 

indicating that degradation rates are closely related with the total amount of oxidants, such as 

SO4
·- and ·OH in the solution. 

 

Figure 5.6. Pseudo-first order rate constants for SAL and TBL for different initial PS 

concentrations ([SAL]0 = [TBL]0 = 120 μM, initial pH = 6.5). 

II) Identification of the involved reactive species.  

SO4
·- and ·OH were considered to be the main oxidizing species during the decomposition 

processes involving SAL and TBL. Thus, to obtain a further insight into the reaction 

mechanism, experiments were conducted to identify the reactive species by using specific 

scavengers. Here, EtOH and TBA were used as the scavengers, as this method was intensively 

used in previous studies and proved to be reliable [40]. 

EtOH + SO4
·- → intermediates, k7 = (1.6-7.7) × 107 M-1 s-1                 (7) 
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   EtOH + ·OH → intermediates, k8 = (1.2-2.8) × 109 M-1 s-1                 (8) 

TBA + SO4
·- → intermediates, k9 = (4-9.1) × 105 M-1 s-1                 (9) 

TBA + ·OH → intermediates, k10 = (3.8-7.6) × 108 M-1 s-1                  (10) 

As can be seen from Eq 7 to 10, the reaction rate constant of EtOH with ·OH is approximately 

50 fold higher than that with SO4
·-, whereas the reaction of ·OH with alcohols that do not 

contain α-hydrogen, like TBA, is nearly 1000 times greater than that with SO4
·-. Thus, the role 

played by ·OH during the degradation could be demonstrated by adding an excessive amount 

of TBA in the reaction system. Then by comparing the difference between the oxidation rates 

with an excess in TBA or EtOH it could be possible to evaluate the SO4
·- participation. 

Table 5.1 displays the degradation rates of SAL and TBL by simulated sunlight activated PS 

process in the presence of EtOH and TBA, respectively. Comparing the initial rates in the 

absence and in the presence of scavengers allows to determine the contribution of SO4
·- 

and ·OH in the reaction. Using the quasi-steady-state approximation, one gets the generation 

and consuming rate of both SO4
·- and ·OH: 

· ·
4 4

· · ·
4 49 4a 5,

= [SO ][SAL] [SO ][TBA] k [SO ][OH ]
SO SO SAL

r I k k       (11)  

,· 10· [ ][SAL] [ ][TBA·OH OH ]·O AH LOH Sr k k                     (12) 

Where Ia is the light intensity absorbed by PS and Φ, is the quantum yield of sulfate radical 

formation. Thus, the quasi-steady-state concentration of SO4
·- and ·OH can be written as: 

 

·
4

·
4

5 9
4

,

·[SO ]
[OH ] [SAL] [TBA]

S

O SAL

O

S

r

k k k

              

(13)   

·OH

· , 10

[ ]
[SAL] [TB ]

·OH
ASAOH L

r
k k

                    

(14)   

Based on these, one gets: 
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               (15) 

Here we used the mean values of k9 and k10 from Eq (9) and (10) to calculate the contribution 

of SO4
·- and ·OH. For instance, when [TBA]/[SAL] = 100, r(SAL)TBA equals to: 

·
4

·0.085 0.98OHSAL TBA SO
r r r                                 (16) 

By comparing rSAL (in the absence of TBA) with r(SAL)TBA ([TBA]/[SAL] = 100), we could 

calculate that approximately 10% of SAL removal was attributed to ·OH, and SO4
·-, played a 

dominant role during the oxidation process. Similarly, for TBL, we calculated that ·OH only 

contributed to about 9% of the total oxidation which is in a good agreement with the fact that 

at pH 7 SO4
·- is the main reactive species. 

5.1.4 Oxidation products.  

I) Oxidation products of SAL. 

High resolution HPLC-MS analysis under both full scan and product ion scan mode were 

employed to characterize the structures of the oxidation products. In the case of SAL, four 

groups of oxidation products were identified in ES+ (Table 5.2). The product with m/z = 

238.1433 (corresponding to [M+H]+) has lost 2 H compared to SAL. It was therefore assigned 

to 2-(tert-Butylamino)-1-(4-hydroxy-3-hydroxymethylphenyl) ethanone, in which the CHOH 

group is replaced into a C=O group. Three peaks with m/z = 254.1382 were also detected. 

They have lost 2 H atoms and gained one O atom compared to SAL. We thus concluded that 

these compounds are the hydroxylated ethanones for which the addition of -OH can take place 

at three different positions of aromatic ring. A product with m/z = 376.1755 was found. 

Compared to SAL, it has gained C7H4O3. This compound is likely an adduct of the 

hydroxylated ethanone with the aromatic moiety of SAL constituted by the ring bearing the 

OH and CH2OH substituents. Three different peaks were observed, corresponding to the 



 

120 
 

different possible isomers. In a good agreement, we detected a peak at m/z= 132.1019 that is 

assumed to be the 2-(tert-butylamino)-acetic acid, i.e., the oxidized lateral chain of SAL  

II) Oxidation products of TBL. 

Only two peaks at m/z=322.0949 were observed in the total ion chromatogram (TIC). They 

correspond to the gain of SO4 on the parent compound. The plausible structure is that given in 

Table 5.2, in which -OSO3H is added to the ring. This is the first time stable adducts produced 

by sulfate addition to the aromatic ring are detected. In most cases, such an addition occurrs at 

the beginning of the reaction with SO4
·-, afterwards the elimination of the sulfate group takes 

place to form other intermediates, since sulfate is an excellent leaving group [41]. To further 

confirm this result, oxidation products of resorcinol and 3,5-DHBA (structurally simlar to 

TBL) with sulfate radical were also identified. For resorcinol, two peaks at m/z = 204.9805 

were observed from the total ion chromatogram, corresponding to the addition of 96 mass 

units to the parent compound at three different positions on the ring. For 3,5-DHBA, three 

peaks of the sulfate addition products were also observed (m/z = 234.9916 in negative mode). 

All these results indicate that SO4
·- reacted with resorcinol and related compounds, TBL and 

3,5-DHBA in a similar way. 

5.1.5 Mechanisms of oxidation pathways. 

The analytical study reveals that the oxidation products of SAL and TBL are very different. 

The initial step in the UV-PS oxidation is the formation of the phenoxyl radicals. Therefore, 

the two phenoxyl radicals rearrange differently. For TBL, the dominant pathway is the 

addition of the sulfate radical on the ring (Figure 5.7A). As a meta-substituted phenol, the 

transformation of TBL into p-wuinone-methides through an H atom abstraction driven by 

oxygen, for instance, is iaccessible. Consequently, the phenoxyl radical of TBL is only able to 

recombine with the other radicals present in the solution. The main recombination reaction is 

with the sulfate radical but recombination with another phenoxyl radical to form a dimer 
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could be also possible. Yet, such dimeric products were not detected by HPLC-MS.  

Table 5.2. Proposed structure of SAL and TBL (120 μM) degradation products in the 

presence of PS (12 mM) after irradiation of 60 min (in positive mode). 

R = CH2NHC(CH3)3 

 

 

 RT (min) 

Measured 

exact mass 

[M+H]+ 

Theoretical 

exact mass 

[M+H]+ 

ppm 

Formula of 

natural 

structure 

Proposed structure 

 
0.90 240.1584 240.1594 -4.1 C13H22O3N 

 

 
0.72 132.1015 132.1019 -2.8 C6H14O2N 

 

SAL 
1.70 238.1433 238.1438 -3.3 C13H20O3N 

 

 
1.17;1.60;1.77 254.1382 254.1387 -2.6 C13H20O4N 

 

 

1.74;1.93;2.10 376.1748 376.1755 -3.0 C20H26O6N 

 

 

 

TBL 

0.90 226.1435 226.1438 -2.7 C12H20O3N 

 

1.37;1.95 322.0949 322.0955 -2.1 C12H20O7NS 
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In the case of SAL, the ortho and para position of CH2OH and CHOHR substituents with 

respect with the OH function makes possible the formation of a quinone-methide structure. 

Such quinone-methide structure could arise from an H abstraction by oxygen or SO4
·-, and the 

addition of the SO4
·- on the ring could also take place (Figure 5.7B). However, the main 

detected primary photoproduct is the carbonylated compound (m/z=238) and the mechanism 

of the quinone-methide rearrangement into this product needs to be clarified. With this goal, 

we performed DFT calculations, using 2,4-bis(hydroxymethyl)-phenol as a simplified model. 

Three intermediates can be proposed (Figure 5), including the sulfate addition on ortho position 

(I) or para position (II), as well as the H atom abstraction to form the quinone-methide structure 

(III). The generation of species I is thermodynamically less favorable due to its relatively high 

energy level (-38.3 kcal mol-1) with respect to II. In contrast, there is no electronic energy barrier 

in the entrance channel to form the sulfate additional intermediate II. However, the HPLC-MS 

data did not reveal the existence of such an additional product. Although there is a very high 

energy barrier from II→III, we expect that the excess energy is sufficient to overcome the energy 

barrier towards the thermodynamically favored product III (Intrinsic Reaction Coordinate 

calculations showed that the Transition State at -15.2 kcal/mol in Figure 5 connected II and III). 

Note that the proximity of the reactive groups in II (OSO3
- and H in CH2) may favor reaction 

II→III before thermal equilibrium is reached for II and thus benefit advantageously of the excess 

energy. 

Then, the intermediate III moves to the final products, species IV (quinone methide) or species V 

(ketone, aldehyde in the simulations). In Figure 5, energies of IV and V correspond to separated 

products. Thermodynamically, V is more stable than IV. The transformation of IV to V has been 

demonstrated in the literature, this process being mediated by H2O [41]. Including the solvatation 

energy of SO4
·- would lower significantly the energies of IV and V. 
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Figure 5.7. Proposed oxidation pathways of TBL (A) and SAL (B) by UV/PS process. 

 

Figure 5.8. Reactions of the phenoxyl radical from SAL. Energy levels are shown in the 

inset (energies in kcal/mol). The reference energy level is that of the reactants. The bold 

and dashed lines represent local minima and transition states, respectively (energies of 

IV and V correspond to separated products. Including the solvation energy of .OSO3- would 

lower significantly the energies of IV and V). 
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Thus, based on LFP, HPLC-MS and DFT calculation results, the degradation mechanism of 

SAL by the sulfate radical shown in Figure 5.7B can be proposed. The main photoproduct 

deriving from the phenoxyl radical is the carbonylated product (m/z=238). This latter can 

undergo different reactions subsequently, either through attack of a sulfate radical or through 

photolysis. The formation of the hydroxylated product is a classic pathway of the sulfate 

radical attack on the phenolic compounds, which is similar to the reaction of phenol with 

SO4
·-, resulting in the production of catechol or hydroquinone[42]. Alternatively, direct 

electrophilic attack by ∙OH on the aromatic ring could also contribute to the production of the 

hydroxylated product. Both hydroxyl and hydroxymethylene group can act as electron donors, 

thus, the addition of –OH can occur on the three positions remaining on the ring. Moreover, 

the carbonyl compound can undergo a Norrish type I reaction in which the α-carbon bond is 

cleaved to give acyl and phenyl radicals. This reaction is likely the result of photolysis rather 

than an oxidation reaction by sulfate radical. Acyl radical could in turn be oxidized to 

generate 2-(tert-butylamino)-acetic acid, while the phenyl radical, would react with the –OH 

addition product (m/z 254) to produce the adduct (m/z = 376). 

5.1.6. Effects of natural water constitutes. 

I) Effect of Cl-. 

Chloride ion could react with SO4
·- to generate new radicals and might have some effects on 

SAL and TBL oxidation [43-45]: 

 Cl- + SO4
·- ↔ Cl∙ + SO4

2-, kf = 4.7 × 108 M-1 s-1, kr = 2.5 × 108 M-1 s-1   (17) 

ClOH·- + H+ → Cl∙ + H2O, k = 2.1 × 1010 M-1 s-1                 (18) 

Cl∙ + Cl- → Cl2∙-, k = 8 × 109 M-1 s-1                                 (19)    

2Cl2
∙- → Cl2 + 2Cl-, k = 1.3 × 109 M-1 s-1                            (20)   

As shown in Figure 5.9, the kobs of SAL and TBL were not influenced by the addition of Cl- 

(from 0.5 mM to 0.5 M) compared to the control experiments. Eq 17 shows a possible sink for 
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SO4
·- in natural waters rich in chloride ion due to the high rate constant among the reactions. 

The scavenging of sulfate radical by Cl- has already been studied by our laboratory using LFP 

technique, and Cl2
∙- was observed as the new generated species (Eq 19) [46]. However, it was 

also reported that a rate constant for the reversed reaction similar to the forward rate may 

therefore push the reaction backward, hence giving rise to few or even no loss oxidation 

efficiency by sulfate radical [47].  

Liang et al. had reported that when Cl- was present at high level (e.g., ˃ 0.3 M), the oxidation 

of trichloroethylene by thermally activated persulfate was inhibited [48]. A possible 

explanation was that if the concentration of chloride ion was extremely high, the forward 

reaction of Eq 17 would be more important compared to the reverse one, resulting in a greater 

degree of consuming of sulfate radicals [48]. When excess chloride ions were present, the 

chain reactions might occur to regenerate chloride ions and form chlorine (Eq 19 and 20). 

Therefore, the overall reaction process could be described as Eq 21.  

2Cl- + 2SO4
·- ↔ Cl2 + 2SO4

2-                                                (21)   

 

Figure 5.9. Decomposition rate constants of SAL and TBL at various chloride ion 

concentrations. [SAL]0=120 μM, [TBL]0=120 μM, [PS]0=6.0 mM, initial pH=7.0, t = 90 

min. 
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However, in our work, the degradation rate constants of SAL and TBL remained almost 

unchanged in the presence of excess Cl- (0.5 M), suggesting that the high degree of 

consuming of sulfate radicals by Cl- were not involved in the oxidation process. Moreover, 

since no buffer solutions were used in this part of experiments, the results here could also 

suggest that there was no impact of ion strength on SAL or TBL degradation by simulated 

sunlight activated PS process. 

II) Effect of Br-. 

In sulfate radical based oxidation, bromine atoms (Br∙) could be formed from the reaction of 

Br− and SO4
·- with a rate constant of 3.5 × 109 M−1 s−1 (Eq 22) [18], which is much higher 

than that of the reaction between Cl- and SO4
·- through Eq 17.Unlike Cl-, Br∙ is unstable and 

can react with additional Br- or OH- rapidly to generate Br2
∙- and HOBr∙- (Eq 23 and 24) [49, 

50]. The continuous reactions include the formation of Br2 and HOBr (Eq 25-28), all these 

reactions would process at rates that are close to diffusion-control limit. Both Br2 and Br2
∙- are 

belong to reactive bromine species (RBS), which are electrophilic and trends to react with 

electron-rich chemicals, such as phenolic compounds. 

Br- + SO4
·- → Br∙ + SO4

2-   k = 3.5 × 109 M-1 s-1                            (22) 

Br- + Br∙ → Br2
∙-   k = 1 × 1010 M-1 s-1                               (23) 

OH- + Br∙ → HOBr∙- k = 1.06 × 1010 M-1 s-1                                (24) 

Br∙+ Br∙ → Br2 k = 1 × 109 M-1 s-1                                    (25) 

Br2
∙- + Br2

∙- → Br2 + 2 Br- k = 1.9 × 109 M-1 s-1                           (26) 

 Br∙ + Br2
∙- →Br2 + Br- k = 2 × 109 M-1 s-1                           (27) 

Br2 + H2O ↔ HOBr + H+ + Br-                                  (28) 

It has been demonstrated by kinetic modelling that in the presence of a trace level of Br-, SO4
·- 

could be completely scavenged [44]. In this study, different concentrations of Br- (from 1 to 

100 mM) were added in the reaction solutions for SAL and TBL degradation, as shown in 
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Figure 5.10. The presence of bromide was found to inhibit the SAL and TBL oxidation 

efficiency, the higher the Br- concentration, the lower the rate constants. At bromide level of 

100 mM (1000 times higher than SAL/TBL), we believed SO4
·- was completely scavenged by 

Br- rather than reacted with the target compounds. Under these circumstances, the degradation 

of SAL and TBL in Figure 5.10 was attributed to the reactions with new generated reactive 

species. 

 

Figure 5.10. Effect of bromide on the oxidation kinetic of SAL and TBL by UV/PS 

process. [SAL]0=100 μM, [TBL]0=100 μM, [PS]0=6.0 mM, initial pH=7.0. 

For example in this study, RBS were considered as the reactive species responsible for the 

remove of SAL and TBL at high level of bromide, since sulfte radicals were scavenged. Br2
∙- 

is an important intermediate which can form Br2 either by self-recombination (Eq 26) or 

reaction with Br∙ (Eq 27), however, in solutions containing 100 μM SAL/TBL (concentration 

much higher than Br2
∙- or Br∙), reactions of Eq 26 and 27 were negligible due to the 

competition of SAL/TBL. Thus, the reactions with Br2
∙- were regarded as the main pathway 
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for the degradation of SAL and TBL in the presence of 100 mM bromide. 

 

Figure 5.11. Decay of Br2∙- transient followed at 370 nm in the absence and presence of 

SAL (A); The linear relationship of the pseudo-first order decay constant of Br2∙- (k, s-1) 

versus the concentration of SAL (B) ([PS] =10 mM, [Br-] =100 mM). 

The reactivity of Br2
∙- towards SAL and TBL were also investigated in this study by using 

LFP technique. Figure 5.11A shows the transient absorption spectra obtained after 266 nm 

laser excitation of PS (containing high amount of Br-) in the absence or presence of SAL. In 

the presence of excess Br-, SO4
·- (maximum absorption at 450 nm) was consumed quickly and 

a new species was observed, this new species showed maximum absorption around 370-380 

nm, which was assigned to Br2
∙- in accordance with literature [51]. In the absence of SAL, the 

signal of Br2
∙- at 370 nm exhibited a decrease with a pseudo-first order constant at 1.38 × 105 

s-1, while after the addition of SAL, this transient decay increased to 2.25 × 105 s-1, indicating 

that Br2
∙-could react with SAL at a relatively high rate. Using a linear regression, the second 

order rate constant was estimated at (2.1 ± 0.1) ×108 M-1 s-1 (Figure 5.11B). Similarly, the 
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reaction rate constant of Br2
∙- with TBL was estimated at (3.9 ± 0.2) ×108 M-1 s-1. These values 

are much smaller than those with HO∙ or SO4
·- (see Table 5.3), leading to the deceleration of 

SAL/TBL in Figure 5.10. 

Table 5.3. Reaction rate constants of different reactive species with SAL and TBL (M-1 s-

1). 

 SO4·- ·OH CO3·- Br2·- 

SAL (3.7±0.3) ×109  (5.3±0.7) ×109 (4.8±0.1) ×107 (2.1±0.1) ×108 

TBL (4.2±0.3) ×109 (5.9±0.8) ×109 (3.2±0.2) ×108 (3.9±0.2) ×108 

 

 

Figure 5.12. Proposed pathways of SAL and TBL in the presence of excess Br- by UV/PS 

process ([SAL]0=120 μM, [TBL]0=120 μM, [PS] =10 mM, [Br-] =100 mM). R = 

CH2NH(CH)3. 
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Table 5.4. Proposed structure of SAL and TBL (120 μM) degradation products in the 

presence of PS (12 mM) and excess Br- (0.1 M) after irradiation of 60 min (in positive 

mode). 

 

In addition, the oxidation products in Br-/UV/PS system were analyzed by high resolution 

HPLC-MS analysis under both full scan and product ion scan mode. The MS data are listed in 

Table 5.4, and the proposed pathways of SAL and TBL are illustrated in Figure 5.12. As seen, 

for SAL, the product with m/z = 318.0701 and 320.0680 was first identified as the addition 

product of Br atom on the aromatic ring; afterwards, another product with m/z = 288.0588 

and 290.0567 was labelled as the secondary reaction product, corresponding to the loss of 30 

mass units from the product mentioned above. In the case of TBL, only one product with m/z 

 
RT 

(min) 

Measured 

exact mass 

[M+H]+ 

Theoretical 

exact mass 

[M+H]+ 

ppm 

Formula of 

natural 

structure 

Proposed structure 

 
0.79 240.1584 240.1594 -4.1 C13H22O3N 

 

 
1.10 

318.0701 

320.0680 

318.0699 

320.0678 
-0.6 C13H21 O3NBr 

 

SAL 
1.27 

288.0588 

290.0567 

288.0594 

290.0573 
-2.1 C12H19 O2NBr 

 

 

 

TBL 

0.81 226.1435 226.1438 -2.7 C12H20O3N 

 

1.53 
304.0537 

306.0516 

304.0543 

306.0522 
-2.0 C12H19O7NBr 

 



 

131 
 

= 304.0543 and 306.0522 was detected, which was characterized also as the bromine addition 

product on TBL. 

As an electrophilic oxidant, Br2
∙- trends to react with electron-rich chemicals, such as phenolic 

compounds, it would attack the aromatic ring directly and eventually generate brominated 

aromatic product, similar result was reported by Liu et al. on the formation of brominated 

phenol in cobalt catalyzed peroxymonosulfate process of phenol (in presence of Br-) [52]. As 

known the brominated aromatic compounds, such as tetrabromobisphenol A (TBBPA), 

pentabromophenol (PBP) and polybrominated diphenyl ethers (PBDEs) show hepatotoxicity, 

cytotoxicity and immunotoxicity [53]. Generation of this harmful brominated products in the 

removal micro-pollutants underlines the potential risks of SR-AOPs in wastewaters 

containing high level of bromide. 

III) Effect of bicarbonate.  

The effect of bicarbonate on the degradation of SAL and TBL by activated PS was also 

investigated in the present study. In presence of (bi)carbonate ions, carbonate radicals (CO3
-∙) 

can be generated through a reaction in which carbonate anions react with hydroxyl and/or 

sulfate radicals [44]. CO3
-∙ is a moderate oxidant with a redox potential of 1.59 V and it has 

been shown to react rapidly with electron-rich aromatic compounds such as aniline and 

phenols, primarily as an electron acceptor [54]. As shown in Figure 5.13, the degradation rate 

of SAL was determined as being equal to 2.2 ×10 -4 s-1 without HCO3
-, while, the addition of 

bicarbonate resulted in a decrease on the removal rates. Increasing bicarbonate level would 

decrease the oxidation rates. Similar results were also observed in the case of TBL. 

Degradation rate constants decreased from 2.5 to 2.0 ×10 -4 s-1 with bicarbonate concentration 

increased from 0 to 50 mM. This result could be explained by a scavenging effect of SO4
·- by 

HCO3
- to form the less reactive species, CO3

-∙, which has been reported many times in the 

literatures [55-57]. 
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To confirm this finding we determined the second-order rate constant of CO3
-∙ with SAL and 

TBL, the values of (4.8 ± 0.1) × 107 and (3.2±0.2) ×108M-1 s-1 were estimated for SAL and 

TBL, respectively (Table 5.3). 

The difference between SAL and TBL in the presence of HCO3
- could be explained by the 

different values of second-order rate constants with CO3
-∙. The structurally difference between 

SAL and TBL were the methylol with phenolic hydroxyl and the position of phenolic 

hydroxyl on the aromatic ring, the presence of methylol instead of phenolic hydroxyl might 

play a critical role. On the basis of previous study, the –OH substituted benzene derivative 

was much more reactive towards CO3
-∙ than–CH3 benzene derivative [58]. In general, 

carbonate radical acted as a selective electrophilic reagent and the reaction could be facilitated 

by electron-supplying substituents, such as –OH and –NH2 [58]. 

HCO3
- + SO4

·- → H+ + CO3
-∙ + SO4

2-, k = 2.8 × 106 M-1 s-1                     (29) 

CO3
2- + SO4

·- → CO3
-∙ + SO4

2-, k = 6.1 × 106 M-1 s-1                         (30) 

 

Figure 5.13. Degradation rate constants of SAL and TBL at various bicarbonate ion 

concentrations. [SAL]0=120 μM, [TBL]0=120 μM, [PS]0=6.0 mM, t = 90 min. 

IV) Effect of dissolved organic matter.  

Dissolved organic matter (DOM) which is widely present in natural waters, and 
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environmental relevant concentration of DOM may range from 0.3 mg to 30 mg L-1 [59, 60]. 

In this view, the simulated sunlight activated PS induced SAL and TBL degradation were 

investigated in the presence of SRFA, a common DOM used in aquatic photochemistry, the 

results are illustrated in Figure 5.14. 

 

Figure 5.14. Decomposition of SAL (A) and TBL (B) by simulated sunlight activated PS 

in the presence of different concentration of SRFA. [SAL]0 = 120 μM, [TBL]0 = 120 μM, 

[PS]0 = 6.0 mM, initial pH=7.0, t = 90 min. 

 

The addition of SRFA decreased markedly the degradation of both SAL and TBL removal, as 

shown in Figure 6. Specifically, the decomposition rate constant of SAL decreased markedly 

from 2.2 × 10-4 to 6.2 ×10-5 s-1 with the SRFA concentration increased from 0 to 10 mg C L-1. 

Concerning TBL, the removal rate constants showed the same tendency since the values 

decreased from 2.5 × 10-4 to 1.4 ×10-4 s-1 when the concentrations increased from 0 to 10 
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mg C L-1.The inhibition effect of SRFA could be mainly attributed to two factors. The first 

one was the light screening factor, SRFA competed photons with PS, leading to less photons 

available for the activation of PS, as a result, less sulfate radicals were produced. 

Furthermore, dissolved organic matter was known to be a sink of ·OH and SO4
·- due to some 

functional groups, which were prone to react with these two radicals [38, 61, 62]. The second-

order rate constant of SRFA with SO4
·- and was reported as 1.4×103 mgC-1 s-1 [19]. 

S2O8
2- + hv → 2SO4

·-                                                      (31) 

SO4
·- + P → Products, k1                                                  (32) 

 SO4
·- + SRFA → Products, k2                                             (33) 

Where P represents the target compounds SAL or TBL. In the absence of SRFA, if we assume 

that sulfate radicals only react with target compound P, the rate of P degradation could be 

written as: 

0[P]
PS

d I
dt                                                      

    (34) 

Where IPS is the light intensity absorbed by PS and Φ, is the quantum yield of sulfate radical 

formation. In the absence of SRFA, at the initial step of the reaction, IPS equals to: 

  
340

c
0

290
(1 10 )b

PSI I                                              (35) 

Where I0
λ is the light intensity of the lamp at a specific wavelength, ελ is molar extinction 

coefficient of PS at the same wavelength (M-1cm-1), c is the PS concentration (M), and b is the 

path length of the light through the reaction solution (in our reactor, b = 3.5 cm). And in the 

presence of SRFA, IPS becomes: 

 

340
( )

0
290

(1 10 )PS SRFAPS PS SRFA

PS SRFA

c c bPS
PS

PS SRFA

c
I I

c c
                     (36) 

Therefore, the rate of P degradation in the presence of SRFA at the initial step could be 
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written as: 

0 1

1 2

[P][P]
[P] [SRFA]PS

kd I
dt k k                                     

    (37) 

Based on Eq 36 and 37, the inhibition effects induced by lighting screening and radical 

scavenging could be evaluated. Light intensities absorbed by PS were calculated (using Eq 

36) as 1.27, 1.05, 0.81 and 0.57 10-7 Einstein L-1 s-1 in the presence of 0, 2, 5, 10 mgC L-1 

SRFA, respectively. The competition of SRFA with TBL or SAL for SO4
·- was found to be of 

less importance, with SRFA of 10 mgC L-1, the degradation of SAL only decreased 

approximately 3% from Eq 37. Thus, the inhibition of SRFA on SAL/TBL oxidation by 

UV/PS was mainly attributed to the lighting screening effect, and the quenching of SO4
·- 

played a limited role. 

5.2. Conclusion. 

In summary, the feasibility of photo-activated persulfate for the removal of β2-adrenoceptor 

agonists SAL and TBL was verified, and UV/PS was found to be an effective approach for 

their degradation under natural water conditions (pH 5-8). The LFP technique provided the 

transient kinetic data such as second-order rate constants, which should be further more 

reliable than the classic steady-state photolysis method. Our results highlight the potential 

utility of using LFP. This work also revealed the difference in oxidation mechanisms related 

to the phenoxyl radicals reactivity. Two mechanisms, namely, –OSO3H addition (TBL) versus 

quinone-methide formation (SAL), were proposed by using LFP, HPLC-MS as well as the 

model substituted phenols (2-HBA and 4-HBA for SAL, 3,5-DHBA and resorcinol for TBL). 

This is the first time one demonstrates the selectivity of sulfate radical with different 

substituted phenols. Chloride (ranging from 0 to 500 mM) exhibited few effect on the 

degradation kinetics of SAL and TBL, mainly due to the reversed reaction from Cl∙ and SO4
2- 

to regenerate Cl- and SO4
·-. Unlikely, the addition of bromide was found to decrease the 

oxidation efficiencies of UV-PS on both SAL and TBL, sulfate radical would be scavenged by 
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Br- to form less reactive species, Br2
•−. The LFP technique provided the transient kinetic data 

of Br2
•− with SAL at 2.1 ×108 M-1 s-1, and with TBL at 3.9 ×108 M-1 s-1, which was nearly ten 

times lower than those with sulfate radical, respectively. In the presence of excess Br-, 

bromine addition products of SAL and TBL were identified by HR-MS, further indicating the 

involvement of Br2
•−. The presence of bicarbonates attenuated SAL and TBL degradation rates 

because of the low reactivity of CO3
•− with the target contaminants. The second-order rate 

constants were estimated at 4.8×107 M-1 s-1for SAL and 3.2×108 M-1 s-1 for TBL. The presence 

of NOM also exhibited detrimental effects to the degradation of SAL and TBL, lighting 

screening effect was regarded as the major factor responsible to the decrease of reaction rates, 

while sulfate radical scavenging played a very limited role in the UV-PS process. Considering 

that a large variety of substitued phenols are present in natural waters, the results of this work 

could help better understand their fates during AOPs treament. 
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Chapter VI 

General conclusions and prospects 

In this thesis, the reactivity of sulfate radical with natural organic matter (NOM) was initially 

investigated. NOM is one of the most important constituents in natural water and wastewater, 

it would react inevitably with SO4
•− in the application of SR-AOPs. This work estimated the 

reaction rate constants of SO4
•− with four selected NOM by recording the decay of SO4

•− and 

the formation of new species by means of LFP. The presence of NOM was found to accelerate 

the decay rate of SO4
•−, and the new generated species were assigned to phenoxyl radicals of 

NOM. By using a numerical method, the rate constants for SO4
•− scavenging were calculated 

at 1.5, 1.8, 1.9 and 3.5 103 s-1 mgC-1 L for SRNOM, SRFA, ESFA and NLNOM, respectively. 

The bleaching rates of these NOM were consistent with LFP measured rate constants. The rate 

constants of •OH reaction with different NOMs were reported at 2.7×104 s-1mgC-1 L, which is 

much higher than those with SO4
•−. Thus, due to the scavenging by NOM, AOPs based on 

SO4
•− seems more efficient than those based on •OH in natural water and wastewater 

(containing NOM), depending on the reaction conditions and the target contaminant. 

Iodinated X-ray contrast media diatrizoate (DTZ), β2-adrenoceptor agonists salbutamol 

(SAL) and terbutaline (TBL) were selected as our target micro-pollutants. Their reactivity, 

reaction kinetics and mechanisms with sulfate radical, the effects of natural organic matters 

were studied systematically in this thesis. The oxidation process was achieved by using 

simulated sunlight (from a solar simulator Suntest CPS+) activated PS. 

Specifically, in the case of DTZ, UV/PS was more efficient than UV/H2O2 process. Sulfate 

radicals (SO4
•−) was the dominant reactive species in the oxidation process, and the second-

order rate constant of sulfate radical with DTZ was calculated as1.90 × 109 M-1 s-1 based on 

laser flash photolysis (LFP) experiments. The results also indicated that increasing initial PS 

concentration favored the decomposition of DTZ; whereas, degradation of DTZ was not 
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affected by pH change ranging from 4.5 to 8.5. DOM inhibited DTZ removal rate, while, 

bicarbonate enhanced it, and chloride ions induced a negative effect above 500 mM. Major 

oxidation pathways including deiodination-hydroxylation, decarboxylation- hydroxylation 

and side chain cleavage were proposed. We suggest a direct photodegradtion of primary 

intermediates generated by SO4
•− attack. These findings demonstrate that halogenated 

pollutants can readily react with SO4
•− to form light-absorbing intermediates (ranging from 

350 to 500 nm). Thus, this activation method could be a promising approach in the removal of 

ICMs. 

In the experiments dealing with SAL and TBL, the second-order rate constants of sulfate 

radical reaction with SAL and TBL were measured as (3.7 ± 0.3) × 109 and (4.2 ± 0.3) × 109 

M-1 s-1 by LFP, respectively. For both SAL and TBL, phenoxyl radicals were found to play 

key roles in the orientation of the primary pathways. For SAL, a benzophenone derivative was 

generated by oxidation of the phenoxyl radical. However, in the case of TBL, the 

transformation of the phenoxyl radical into benzoquinone was impossible. Instead, the 

addition of –OSO3H on the aromatic ring was the major pathway. The same reactivity pattern 

was observed in the case of TBL structural analogs resorcinol and 3,5-dihydroxybenzyl 

alcohol. Our results revealed that basic conditions inhibited the decomposition of SAL and 

TBL, while, increasing PS dose enhanced the degradation. Moreover, the effects of natural 

water constitutes, namely, chloride (Cl-), bromide (Br-), bicarbonate (HCO3
-) and natural 

organic matter (NOM) were investigated, respectively. Our results indicated that chloride 

exhibited no effect on the oxidation efficiencies of SAL and TBL, while Br-, HCO3
- and NOM 

all showed inhibitory effects. Specifically, the detrimental effect of bromide could mainly be 

attributed to the scavenging of SO4
•− to form less reactive species, Br2

•−. By using laser flash 

photolysis (LFP) technology, the second-order rate constants of Br2
•− with SAL and TBL were 

estimated at 2.1and 3.9 ×108 M-1 s-1, respectively, which were far smaller than those with 
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SO4
•− (3.7 ×109 M-1 s-1 for SAL and 4.2 ×109 M-1 s-1 for TBL). In addition, bromine addition 

products of SAL and TBL were detected in the presence of Br- by high resolution mass 

spectrometry (HR-MS), which were believed to be more toxic than the mother compounds. 

Similar to bromide, HCO3
- could also quench SO4

•− to generate carbonate radical (CO3
•−), 

which was also less reactive than sulfate radical with SAL (4.8×107 M-1 s-1) and TBL (3.2×108 

M-1 s-1). In the case of NOM, lighting screening effect was regarded as the major factor 

responsible to the decrease of reaction rates, while sulfate radical scavenging played a very 

limited role in the UV-PS process. 

The present thesis showed that UV activated PS was a promising strategy for the elimination 

of various micro-pollutants from aqueous solutions. However, it should be noted that in real 

water matrix such as WWTPs, the presence of different kinds of water constitutes (e.g. 

bicarbonate, NOM) may scavenge sulfate radical, reducing the oxidation efficiency. In 

addition, further studies should also better consider the role of secondary reactive species 

(including light-absorbing intermediates) and the influence of naturally occurring constituents 

in natural waters, for example, the involvement of Br2
•− could produce very toxic bromine 

products. Therefore, before the application of SR-AOPs, a thorough evaluation of the 

reactivity of target micro-pollutants with sulfate radical, the effects of water constitutes and 

the toxicity of intermediates is of great importance in order to optimize treatment process as 

well as evaluate the potential ecological risks. 
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