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Introduction

Le nanomonde est celui des nanosciences et des nanotechnologies, il recouvre les objets
de taille nanométrique. Le terme émergea en 1959 avec un célebre physicien dans son discours
pour I’American Scientific Society mais, ce n’est qu’avec I'invention du microscope a effet
tunnel en 1981, que les nanosciences ont connu leur véritable essor (SCENIHR, 2006). Depuis
pres d’une trentaine d’années, les techniques et connaissances acquises dans le nanomonde ont
initi¢ une véritable révolution technologique. D’ores et déja, des produits issus des
nanotechnologies commencent a peupler notre quotidien : textiles antitaches ou a
imperméabilité renforcée, crémes solaires invisibles et protectrices, huiles anticholestérols,
vitres hydrophobes autonettoyantes, etc., la liste, déja conséquente, est en constante
augmentation (Vance, 2015). Au-dela des bénéfices apportés par les innovations scientifiques
et technologiques, des conséquences ambivalentes sont toutefois attendues. Les avancées
considérables induites par [’utilisation des nanotechnologies, particulicrement celles des
nanoparticules (NPs), dans les domaines aussi vastes que I’industrie chimique, la médecine,
I’électronique, ou I’environnement, ont accru la production de NPs et souligné le besoin de
connaissances qui s’y rapportent, en particulier vis-a-vis des conséquences sanitaires et
environnementales attendues (Patil et al., 2018). Si les instances nationales et internationales se
mobilisent, celles-ci appuient le besoin de mener des recherches approfondies dans ce domaine,

qui reste encore exploratoire.

Les NPs, en tant que « nano-objets », sont des particules dont le diameétre est compris
entre 1 et 100 nm (ANSES, 2014) (Figure 1). Elles représentent un état de la matiere
particulier, entre ’atome et la molécule. A cette échelle, les NPs ont un rapport surface sur
volume tres élevé comparé a leurs analogues macroscopiques ; ce qui leur prodigue une tres
grande réactivité (rapport surface / volume trés élevé) et explique la multiplicité des
applications auxquelles elles sont associées. Les NPs sont désormais au centre de nombreuses
recherches portant aussi bien sur leurs applications que sur leurs interactions avec les
constituants de 1’environnement (Vindedahl, 2016 ; Yu, 2018). En effet, une fois libérées dans
les eaux et les sols, les NPs entrent en contact avec de multiples especes naturelles - minéraux
et substances humiques insolubles, éléments traces métalliques ou organiques dissous, micro-
débris animaux ou végétaux, bactéries, etc. - dont I’interdépendance a un impact majeur sur la

dynamique terrestre et sur la vie.
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Figure 1 : Les NPs et nano-objets comparés a des substances et objets de taille connue

Qu’elles soient d’origine biogénique ou géogénique, les NPs de fer (NPs-Fe) existent
naturellement dans I’environnement, dispersées dans les sols, en suspension dans les eaux de
surface ou balayées par les courant atmosphériques (Guo et al., 2013). Leur présence dans les
différents compartiments terrestres n’est cependant pas sans conséquences sur la dynamique du
milieu qu’elles integrent. Les particules de fer, de taille nanométrique ou micrométrique, jouent
en effet, un réle clé¢ dans les écosystémes en catalysant ou en participant a de multiples
réactions biogéochimiques. A leur surface, des réactions acido-basiques, d’oxydo-réduction,
d’adsorption de surface ou de coprécipitation controlent la mobilité et la spéciation des
¢léments traces (ETs). C’est cette grande réactivité physico-chimique de surface vis-a-vis des
constituants organiques et inorganiques qui explique en partie 1’essor particulier des NPs de fer
(NPs-Fe) parmi I’ensemble des NPs manufacturées (Aitken et al, 2011). Leur utilisation
particulierement prometteuse dans les domaines de I’environnement et de la dépollution
concerne essenticllement les NPs de magnétite (Fe;O.4), de maghémite (y-Fe203) et de Fe-zéro
valent (nZVI), du fait de leur grande affinité pour les éléments traces métalliques et certains
métalloides (Tang et Lo., 2013). De nombreux travaux ont montré la capacité de séquestration
de métaux a la surface de NPs de magnétite et de maghémite, soulignant leur applicabilité dans
les domaines de la remédiation des sols et des eaux polluées (Auffan, 2007 ; Huang et al.,
2009 ; Yang et al., 2010). Ces études ont aussi mis en évidence le role clé non seulement, des
propriétés morpho-structurales et de surface de ces matériaux mais aussi, celui de leur stabilité

et de 'impact des conditions du milieu (pH, force ionique, composition chimique de la solution
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et propriétés des constituants solides présents) sur leur comportement, leur devenir dans les sols

et leurs possibles impacts sur le milieu.

Si les NPs-Fe sont capables d’impacter a la fois la mobilité, la disponibilit¢ et la
spéciation des ETs dans les sols, I'idée a émergé que les NPs-Fe pourraient étre directement
congues a des fins agronomiques. De récents travaux ont ainsi étudié¢ 1’utilisation de NPs de fer
en tant que nano-fertilisants ou nano-pesticides (Kah et al., 2013). Les effets des NPs sur les
plantes soulévent toutefois encore de nombreuses questions quant aux impacts possibles que les
NPs pourraient induire sur les végétaux. Il a en effet, ét¢ montré que les NPs pouvaient
engendrer des effets néfastes sur certaines espéces. En participant aux réactions de Haber-
Weiss et de Fenton dans les cellules par exemple, les NPs-Fe seraient génératrices de ROS
(Reactive Oxygen Species). D’autres travaux, ont non seulement prouvé I’innocuité des NPs-Fe
sur diverses especes végétales, et aussi, observé des effets positifs par exemple, sur la

production de biomasse végétale (Zhu et al., 2008 ; Salama et al.,2009).

Au regard de ces différentes constatations, parfois contradictoires, il apparait
indispensable de définir les caractéristiques et les limites des systémes étudiés. Les effets
des NPs-Fe sur leur milieu dépendent de nombreux parameétres intrinséques et extrinseéques,
incluant la quantité et les propriétés des NPs-Fe introduites ainsi que les caractéristiques
physico-chimiques du milieu. Ces parameétres jouent un rdle majeur dans les interactions des
NPs-Fe avec les constituants du milieu et sont également déterminants vis-a-vis des
transformations que les NPs subissent dans leur milieu. L’identification et la hiérarchisation
des parameétres impliqués dans ces interactions devraient permettre de résoudre ou
d’apporter des ¢léments de réponse a plusieurs questions fondamentales parmi lesquelles :
comment se comportent les NPs en solution (stabilité colloidale) ? Quelles interactions se
produisent entre les NPs-Fe et les éléments traces ? Quels sont les impacts du milieu, et
celui des plantes, sur les propriétés des NPs-Fe ? Les NPs-Fe ont-elles un impact sur leur

milieu ? Quelles sont les interactions NPs-Fe / plantes ?
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I.1. Les NPs de fer manufacturées (NPs-Fe)

1.1.1. Définition et contexte d’étude

En 2011, un rapport établi par la Commission Européenne (2011/696/UE) définit le terme
« nanomatériau » comme un matériau naturel, formé accidentellement ou manufacturé
contenant des particules libres, sous forme d’agrégats ou sous forme d’agglomérat, dont au
moins 50% des particules, dans la répartition numérique par taille, présentent une ou plusieurs
dimensions externes se situant entre 1 et 100 nm. A ce titre, les « NPs », en tant que « nano-
objets », sont des particules dont le diameétre est compris entre 1 et 100 nm (ANSES, 2014). Les
NPs dites « manufacturées » sont fabriquées par ’Homme, intentionnellement, a des fins
industrielles. Elles se distinguent des NPs naturelles (poussieres d’érosion ou d’éruption
volcanique, embruns marins, virus) et des NPs incidentelles (produites involontairement par les
activités humaines - fumées de combustion de bois ou industrielles, émanations des moteurs
diesel). Suivant leur composition, les NPs manufacturées peuvent étre classées en trois grands
types de NPs : les NPs organiques (fullerénes, « noir de carbone », etc.), les NPs métalliques
(Ag, Au, Fe, etc.) et les NPs d’oxydes métalliques (CeO, CuO, Fe;04, TiO,, ZnO, etc.). Ces
dernieres, les NPs d’oxydes métalliques, sont les plus employées du fait de leurs propriétés
particuliérement intéressantes pour 1’industrie (propriétés optiques, conductrices, thermiques,

mécaniques, émulsifiantes, dispersantes) (Rahman et al., 2011 ; Vance et al., 2015).

Selon leurs propriétés intrinséques, les NPs-Fe sont utilisées dans des applications
médicales, technologiques ou environnementales:

e Les NPs de maghémite, principalement, sont utilisées comme vecteur de médicaments,
agent de contraste lors des IRMs, et pour détruire les cellules cancéreuses (hyperthermie). Leur
intérét réside principalement dans leurs propriétés magnétiques, qui permettent un contrdle « a
distance » des particules. En outre, la fonctionnalisation de la surface des NPs de fer est
commune et facilement réalisable, ce qui accroit leur biocompatibilité et leur comportement

dans les milieux physiologiques (Gupta et Gupta, 2005 ; Wu et al., 2008).

e Les NPs de magnétite, de maghémite et d’hématite possédent des propriétés
conductrices et thermiques qui expliquent leur utilisation dans les applications de stockage de
données et comme catalyseurs dans de nombreuses applications industrielles de chimie (Tartaj

et al., 2011).
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e Dans le secteur de ’environnement, les NPs de magnétite et de maghémite permettent
de traiter les eaux contaminées en arsenic ou par certains métaux (Cr, Co, Cu) dans les eaux
polluées. Leur forte affinité pour les polluants, leur grande réactivité, et leur rapide cinétique
d’adsorption pour les métaux et pour certaines substances organiques toxiques font des NPs-Fe
d’efficaces piégeurs de métaux (Tang et Lo., 2013). Les NPs magnétiques sont ainsi utilisées
en contexte de drainage acide miniers (Etale et al., 2016). Elles peuvent aussi étre facilement
récupérées et séparées de leur matrice du fait de leurs propriétés magnétiques (Hiemstra, 2018).

e En agriculture, les NPs de magnétite sont utilisées comme vecteur d’engrais ou de
pesticides ; les formulations contenant des NPs présenteraient une meilleure cinétique de
libération de pesticides, une diminution de la vitesse de photolyse, ainsi que I'utilisation de
quantités plus faibles de substances actives (Khot, et al., 2012 ; Kahet al., 2013). L’utilisation
des NPs de fer zéro valent (nZVI) - NPs métalliques - est devenue une pratique répandue pour
la remédiation des sols pollués par des composés organochlorés persistants (certains types de
pesticides) dans les sols agricoles (Lefevre et al., 2016). Leur application a grande échelle a
déja été réalisée depuis plusieurs années (58 cas d’étude dont 17 en Europe) (Bardos et al.,

2011).

La multiplicité des applications ainsi que ’utilisation grandissante des NPs-Fe conduisent
a leur libération et a leur dissémination dans les différents compartiments de 1’environnement
(Figure 1). Cette derniére peut intervenir au moment de leur fabrication, au cours de leur

utilisation ou lors de leur gestion de fin de vie.

Le comportement et le devenir des NPs-Fe dans les environnements de surface (eau, sol)
sont d’une part, influencés par leur mode d’introduction dans le milieu (concentration
introduite, formulation) qui affecte la stabilit¢ colloidale des NPs-Fe en solution, leur
agrégation et donc leur mobilité dans 1’environnement (les traitements de surface sont fréquents
dans plusieurs applications médicales et industrielles, initialement pour améliorer leur
dispersion) (Das et al., 2016). Les caractéristiques du sol (texture, composition minéralogique),
de la solution de sol (pH, température, force ionique, salinité, composition chimique) et de la
biomasse sont aussi déterminantes vis-a-vis de la mobilité et de la biodisponibilité des NPs-Fe
qui entrent alors en interaction avec de multiples composants (microorganismes, constituants
organiques et inorganiques dissous et/ou particulaires) (Dwivedi et al., 2015 ; Joo et Zhao,
2017). Ces derniers modifient les propri¢tés des NPs-Fe en réagissant avec leur surface, ce qui
peut conduire a différents phénomeénes (agrégation, dissolution, adsorption). Enfin, les
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propriétés intrinseques des NPs-Fe (taille, surface spécifique, composition chimique,
cristallinit¢) sont directement impliquées dans les interactions entre les NPs-Fe et leur

environnement (sections suivantes).
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Figure 1 : Schéma illustrant les différentes voies de diffusion des NPs-Fe dans I’environnement.

1.1.2. Propriétés intrinséques

Les NPs d’oxydes de fer regroupent les oxydes de fer composés de fer ferreux (wiistite),
de fer ferreux et de fer ferrique (magnétite) et les oxydes de fer contenant uniquement du fer

ferrique dans leur structure (hématite, maghémite).

En termes de structure cristalline, la magnétite (Fe;O4) appartient au groupe des spinelles,
dont la formule générale est Me(II) Fe,O4 (ou Me(Il) correspond ici a I’ion métallique bivalent
Fe(Il)). La maille cristalline de la magnétite consiste en un réseau cubique a face centré dans
lequel les sites interstitiels accueillent les ions métalliques Fe(Il) (sites octaédriques) et Fe(III)
(sites octaédriques et tétraédriques) (Cornell et Schwertman, 2000). La magnétite
steechiométrique, avec un rapport Fe(Il)/Fe(Ill) = 0,5, n’est formée que de maniére naturelle
(biogénique ou géogénique) alors que les magnétites synthétiques ont un rapport Fe(II)/Fe(IlI)
légerement inférieur a 0,5 lorsqu’elles sont synthétisées en conditions anaérobiques. En

conditions aérobiques, la magnétite opére un changement de phase et par oxydation se
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transforme en maghémite. La maghémite (y-Fe,O3), qui se définit suivant la méme structure
que la magnétite, ne se distingue de cette derniére que par ’absence de Fe*" dans sa structure.
Lorsque la magnétite s’oxyde en maghémite, les atomes de fer situés au cceur de 1’oxyde
migrent vers la surface pour s’oxyder en Fe’*, créant des lacunes dans la structure (Tartaj et al.,
2011). L’hématite (a- Fe;O3), dont la formule minérale appartient a celle des corindons, est,
elle, constituée d’atomes d’oxygene formant un réseau hexagonal compact dans lequel les ions
métalliques trivalents Fe>" occupent deux tiers des sites octaédriques (Figure 2). La maghémite
et I’hématite représentent les oxydes de fer les plus stables chimiquement. La cristallochimie
(structure et la composition chimique) des NPs détermine également d’autres propriétés qui en
résultent, telles que la cristallinité, les propriétés magnétiques et la capacité oxydante/réductrice

des oxydes de fer (Hiemstra, 2018).

@ Oxygene

® (Fe? +Fe?) en site octaédrique (site B)

® Fe? enssite tétraédrique (site A)
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a

Figure 2 : Maille élémentaire d’une structure spinelle (d’aprés Mornet, 2002).

Comparées a leurs analogues naturels, les NPs manufacturées ont des propriétés bien
spécifiques (taille, morphologie, composition) qui leur conférent une réactivité chimique et des
propriétés physiques distinctes (optiques, catalytiques, conductrices) (Tartaj et al., 2011).
Celles-ci sont controlées lors de la synthése, selon différents parametres qui dépendent de la
méthode choisie. La premiere synthése de magnétite fut réalisée en 1852 par Le Fort par co-
précipitation de sels de fer. Les méthodes par co-précipitation se sont surtout développées a
partir de 1938 et pendant pres de 40 ans. Les techniques se sont progressivement perfectionnées
pour obtenir une répartition de taille homogene et une certaine stabilit¢ des NPs. Divers

protocoles ont ainsi été développes, parmi lesquelles les méthodes chimiques (co-précipitation,
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microémulsion, méthode sol-gel, hydrothermale...) sont plus diversifiées et plus employées que
les méthodes par voie physique (pyrolyse laser) ou biologique (incubation microbiologique)
(Ali et al., 2016 ; Wu et al.,2008). Ces méthodes permettent de controler non seulement, la
taille des NPs, les caractéristiques morphologiques, la chimie et la cristallinité des oxydes de
fer mais aussi, dans la mesure du possible, la dispersion des tailles et 1’état d’agrégation des
NPs qui représentent souvent un défi majeur (Zhang et al., 2008). Les propriétés des NPs
induites pendant la synthese sont cruciales car elles influencent le comportement des NPs dans
leur milieu (agrégation, réactivité¢) et sont déterminantes par leurs impacts (notamment la

toxicité) sur les constituants en présence.

1.1.3. Réactivité de surface

La taille est une caractéristique majeure des NPs car elle conditionne directement la
surface spécifique (unité de surface par unité de masse) d’une particule et donc sa réactivité et
sa toxicité (surface de contact). Plus la taille d’une particule diminue, plus le nombre d’atomes
se trouvant en surface ou sub-surface augmente. Plus précisément, il existe une relation
exponentielle entre le nombre d’atomes présents a la surface d’une nanoparticule et sa taille
(Figure 3). Ainsi, les NPs ayant un diamétre inférieur a 10 nm sont des objets particuliérement
réactifs du fait du rapport surface /volume treés élevé (de 30 et 90% de leurs atomes sont
présents en surface) (Auffan, 2007). La surface spécifique est l'une des propriétés
déterminantes quant a la potentielle réactivité dans le milieu et la toxicité des NPs vis-a-vis des

constituants et des organismes en présence.
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Figure 3 : Fraction d’atomes se situant dans la couche de surface et sub-surface (0,5 nm d’épaisseur)
d’une particule en fonction de son diametre (d’apres Auffan, 2007).
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A I’échelle atomique d’une nanoparticule, chaque atome situé¢ au cceur du minéral a un
degré de coordination optimal alors que les atomes situés en surface ont un degré de
coordination incomplet (Auffan, 2007). En réponse a ce déséquilibre de charges de surface, une
forte énergie, d’intensité supérieure a 1’énergie des couches plus internes de la particule, serait
générée en surface de la NPs-Fe. Non seulement, la coordination non-optimale des atomes mais
aussi, la forte pression présente en surface des NPs, seraient suffisantes pour provoquer un
exces d’énergie a la surface des particules ultrafines. Comparées a leurs analogues
macroscopiques, les NPs sont donc considérées comme des objets métastables d’un point de
vue thermodynamique. Des modifications structurales sont de plus attendues a la suite de
I’évacuation de cet exces d’énergie. La stabilit¢ des phases cristallines, la morphologie des
NPs, la croissance cristalline et la réactivité des NPs avec leur environnement seraient toutes

reliées a ce phénomene de minimisation de 1I’énergie libre (Banfield et Navrotsky, 2001).

En solution aqueuse, la minimisation de I’énergie en surface des NPs-Fe peut avoir
plusieurs conséquences :

e La forte tension de surface des NPs favorise leur agrégation ;
e [’adsorption d’ions et molécules en surface par les NPs;
e En conditions favorables, la croissance cristalline peut se produire.

Au vu de leur grande réactivité, le comportement des NPs-Fe dans les sols est fortement
controlé par leurs caractéristiques physico-chimiques et leurs propriétés de surface. Une fois
dans I’environnement, ce comportement est toutefois susceptible d’évoluer. La stabilité, la
réactivité avec les constituants du sol, ainsi que la mobilité et la biodisponibilit¢ des NPs sont

aussi dépendants des propriétés physico-chimiques du milieu dans lequel elles se trouvent.

I.2. Comportements, réactivité et devenir des NPs de fer dans les sols

1.2.1. Propriétés du sol

Le sol, ou « couverture pédologique », est la couche superficielle la plus externe de la
crolite terrestre (Gobat et al., 2003). Il est formé de matériaux non consolidés, organiques et
minéraux, qui constituent le substrat indispensable a la vie de multiples organismes terrestres.

C’est donc un milieu complexe dans lequel transitent et se transforment des composés divers
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(organiques, et inorganiques, dissous et colloidaux, vivants). Ces ¢léments résultent d’une part,
de phénomenes physico-chimiques (érosion, altération) et d’autre part, de ’activité biologique
induite par les organismes qui s’y trouvent. Le sol est en effet un milieu chimiquement tres
riche et en constante évolution, dans lequel la partie vivante contribue pour beaucoup a la
dynamique géochimique des écosystémes (« cycles biogéochimiques »). L’équilibre d’un sol
repose sur les multiples flux qui s’effectuent entre les différents compartiments du sol : le sol
solide, la solution de sol (phase liquide), la phase gazeuse (dont I’interaction avec les NPs est
beaucoup plus limitée que les autres phases du sol) et la biomasse (incluse dans la phase solide
du sol). Le comportement et le devenir des NPs sont dépendantes des propriétés de ces

différents compartiments et des flux qui les relient et, qui peuvent aussi les affecter en retour.

1.2.1.1. Les constituants du sol solide

Le sol se caractérise initialement par sa composition (minérale et organique), qui refléte

le matériel parental dont il est issu ainsi que les facteurs environnementaux qui 1’ont affecté.

Les principaux minéraux présents dans la plupart des sols incluent : les minéraux de silice
(principalement le quartz), les argiles, les oxydes et hydroxydes et les carbonates (Gobat et al.,
2003). La proportion dans le sol des différentes fractions granulométriques (sableuse,
limoneuse ou argileuse) détermine la texture minérale du sol qui joue un réle majeur dans le
transport et la biodisponibilité des éléments présents. La fraction argileuse (< 2 pum) est
particulierement importante a cet égard. Elle n’influence pas seulement la structure, la porosité
et la perméabilité d’un sol, elle contrdle aussi en grande partie sa capacité d’échange cationique
(Sparks, 1995). Leur grande surface spécifique (de 15 pour la kaolinite a 800 m? g pour la
smectite), leur capacité d’adsorption d’eau et de gonflement (hydrophilie) et leur
¢lectronégativité jouent un role majeur dans les propriétés qu’elles conférent au sol et dans les
interactions qu’elles entretiennent avec les différents constituants qui sont en contact avec elles
(complexe argilo-humique).

La fraction organique du sol comprend tous les composés organiques simples ou
complexes, isolés ou bien associés entre eux dans des ensembles vivants ou non. Ils incluent :
les organismes vivants constituants la biomasse, les organismes morts en voie de dégradation,
les composés organiques des chaines réactionnelles de la minéralisation et les substances
humiques (Stevenson, 1982). Les dernicres, les substances humiques, sont des polymeres

naturels complexes et hétérogeénes constitués principalement d’oxygene et de carbone (Demirel
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et al., 2007). Ce sont des molécules organiques aux propriétés chimiques voisines (solubilité,
acidité, groupements fonctionnels diversifiés,...). Leurs groupements fonctionnels sont a
I’origine de leurs propriétés d’acidité et des interactions multiples auxquelles elles participent.
Les acides humiques (HA) et fulviques (FA), lors d’un titrage acide-base, se comportent
comme un mélange d’acides faibles avec différents pK (Stevenson, 1982). Cette diversité
permet notamment la complexation de divers ions métalliques avec divers ligands, selon leurs
affinités, sur une large gamme de pH. Selon Sparks et al. (1995), 25 a 95% de la capacité
d’échange cationique d’un sol est développé par la matiére organique.

En fonction de leurs proportions respectives dans le sol, leur variabilité spatio-temporelle,
et de la vitesse des flux qui les relient, les constituants minéraux et organiques déterminent les
propriétés majeures du sol qui sont impliquées dans le fonctionnement global du systéme. Le
sol se caractérise par : sa texture, sa structure, son régime hydrique, son taux d’humidité, sa
température (ainsi que le pédoclimat), le complexe argilo-humique, les échanges ioniques, la

capacité d’échange, le pH du sol, son potentiel d’oxydo-réduction, sa fertilité.
1.2.1.2. La solution de sol

La phase liquide du sol occupe la porosit¢ du sol avec la phase gazeuse. Elle est
composée d’eau et de nombreux éléments dissous qui forment la « solution de sol ». Les
¢léments dissous sont présents sous de multiples formes allant des ions monoatomiques aux
particules colloidales incluant de nombreuses molécules, ions et complexes de coordination. La
composition de la solution de sol est avant tout liée a la nature du substrat avec lequel elle est
en contact ainsi qu’a la composition des eaux de pluie et de surface qui I’alimentent. La
richesse de la solution du sol résulte principalement des mécanismes d’altération et de
solubilisation de la phase solide (Solanki et al., 2015), des produits des activités biologiques et
microbiologiques (cf. section 3.2.1.) ainsi que ceux liés aux activités anthropiques (activités
agricoles, déchets de la sphere urbaine et industrielle). Ces derniers modifient considérablement
la composition de la phase liquide et favorisent la dispersion de plusieurs types de NPs.

Dans la solution de sol et dans la plupart des milieux aquatiques, les métaux peuvent étre
présents sous forme dissoute, colloidale, et/ou particulaire. La « frontiére » entre le soluble et
I’insoluble est généralement fixée a 0,2 um (0,45 um pour la norme AFNOR). La Figure 4
propose une description du concept dissous/particulaire et donne quelques exemples de tailles

d’entités habituellement rencontrées dans les milieux aquatiques naturels.
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En termes de transport et dynamique géochimique, la solution de sol assure les
déplacements de matiére et permet aux composés réactifs d’interagir avec leur environnement.
Le pH de la solution du sol joue a cet égard un rdle particulier puisqu’il détermine 1’acidité ou
la basicit¢é du sol et peut donc considérablement influencer les réactions chimiques,
géochimiques et biochimiques qui s’y produisent (Solanki et al., 2015). La température, la
force ionique, la salinité¢ sont aussi des parameétres physico-chimiques de la solution de sol
impliqués dans ces réactions. Enfin, la nature chimique des constituants, leur biocompatibilité
et biodégradabilité sont des facteurs majeurs vis-a-vis des interactions pouvant se produire
entre les NPs et les différents constituants du sol.

La solution du sol joue finalement un rdle agronomique important car les plantes y
puisent les éléments nutritifs dont elles ont besoin. Ces éléments sont les espéces présentes sous
forme solubilisée généralement désignées par les termes « assimilables » ou « biodisponibles »

(cf. section 3.1.1).
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Figure 4 : Principales catégories de colloides et NPs présents dans les eaux de surfaces et domaines de
tailles auxquels ils appartiennent.

33



l. 2.2. Interactions des NPs-Fe avec les constituants du sol

1.2.2.1. Stabilité colloidale

La stabilité colloidale des NPs est généralement caractérisée par la distribution et la
dispersion des tailles des NPs en solution (Hadju, 2009). La stabilité colloidale des NPs est
principalement associée au phénomene d’agrégation, qui est 'un des processus majeurs
résultant des interactions entre les NPs-Fe elles-mémes. Celui-ci provient d’une part de
I’attraction qui résulte de la charge de surface des NPs (définie suivant le pH de la solution et le
pHzpc propre aux NPs), du nuage ¢électronique induit par la force ionique de la solution, des
propriétés de surface des NPs et de leurs proprié¢tés magnétiques (Wang et al., 2016). A cet
¢gard, la théorie DLVO (Derjaguin, Landau, Verwey, Overbeek), est I’'une des théories les plus
utilisées pour décrire les réactions se produisant a I’interface surface des NPs/solution (Ghosh,
2011). Suivant cette théorie, le bilan des forces aux interfaces varie essentiellement avec les
forces de Van der Waals (liées a la composition des particules) et les forces électrostatiques,
qui résultent de leur charge de surface et dépendent des caractéristiques du milieu (Ollivier et

al., 2016).

Dans les solutions de sol, la stabilité colloidale des suspensions de NPs-Fe est susceptible
d’évoluer fortement. D’une part, les caractéristiques physico-chimiques de la solution
(température, force ionique, pH, salinité) affectent les interactions électrostatiques entre NPs et
leur agrégation (Joo et Zhao, 2017). D’autre part, les constituants présents dans la solution de
sol et en contact avec les NPs sont autant d’agents capables de modifier les propriétés de
surface des NPs et qui sont fondamentales dans les réactions d’attraction/répulsion des NPs-Fe
entre elles (Dwivedi et al., 2015). Plusieurs études ont notamment montré que 1’adsorption
d’acides humiques a la surface des NPs favorisait la dispersion des NPs sur une large gamme
de pH (>2,3) (Liu et al., 2008 ; Yu et al., 2018). Ainsi, en modifiant la chimie de surface des
NPs (par ’encrage de groupes fonctionnels spécifiques), les acides humiques modifient les
interactions de surface entre NPs (Figure 5) (interactions stériques et ¢électrostatiques).
Toutefois, I’enrobage de NPs par des acides humiques ne favorise pas toujours leur dispersion
et peut, suivant les conditions du milieu, conduire a leur agrégation. Par exemple, en fonction
de la concentration en acides humiques et du pH du milieu, si la quantité d’acides humiques est
insuffisante pour recouvrir toute la surface des NPs, cela peut favoriser les forces d’attraction
entre particules (partiellement couvertes) du fait des charges opposées qu’elles portent (Hadju

et al., 2009).
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Figure 5 : Les différentes interactions de surface impliquées dans la stabilité colloidale des NPs en solution.
A gauche est illustrée I'interaction stérique résultant de la présence de molécules attachées a la surface des
NPs, et a droite sont illustrées les interactions électrostatiques entre particules chargées.

La stabilité colloidale des NPs-Fe est importante car elle est fortement impliquée dans les
interactions NPs-Fe / constituants du sol et de la solution de sol. La taille des agrégats affecte
notamment leur capacité a pénétrer les pores du sol ou a s’attacher a la surface des constituants
présents, ce qui conditionne directement leur mobilité (cf. section 2.3.2.). Elle est aussi
impliquée dans les interactions avec le vivant, aussi bien d’un point de vue de la toxicité des
NPs-Fe (les plus petites NPs-Fe peuvent plus facilement pénétrer les pores cellulaires) qu’au
niveau de leur biodégradabilité (les plus gros agrégats sont plus longs a solubiliser). Enfin, la
stabilité colloidale pourrait jouer un rdle majeur concernant la réactivit¢é des NPs-Fe et
notamment dans les interactions NPs-Fe / métaux, en impactant notamment 1’accessibilité aux

sites d’adsorption.
1.2.2.2. Réactivité a I'interface NPs-Fe / solution

En milieu aqueux, la surface des oxydes forme des complexes avec 1’eau. Des
groupements OH™ se forment par dissociation d’un proton et recouvrent la surface pour
compléter la coordination des ions métalliques (Figure 6). Le mécanisme est alors analogue a

une réaction de complexation avec échange de protons (Stumm, 1992).
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Figure 6 : Représentation schématique de I'adsorption de I'eau a la surface d’un oxyde de fer (modifiée de
Stumm et al., 1992).
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Les cations métalliques ont une grande affinité pour les oxydes et hydroxydes de fer a la
surface desquels ils s’adsorbent. Leur complexation sur les sites de surface hydrolysés est
dépendante du pH (Figure 7). Les phénomeénes de complexation des métaux en solution ou
d’adsorption en surface des oxydes de fer sont des mécanismes importants qui contrdlent aussi
leur biodisponibilité et leur spéciation (Sparks, 1995). Les métaux sont en général sous forme

dissoute dans I’eau, en ions plus ou moins hydratés, ou complexés.
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Figure 7 : Formation de complexes de surface de quelques métaux a la surface d’un oxyhydroxyde de fer en
fonction du pH (90 mg de FeOOH(s) avec 2.10™ mol de sites de surface par litre, 5.107 M de métaux et une
force ionique de 0.1M NaNOs) (modifié d’aprés Stumm, 1992).

Des formes complexées organiques ou inorganiques présentes en solution peuvent aussi
participer a la réaction de complexation en modifiant le type d’adsorption selon la
concentration en métal initialement présente (association Surface — Métal — Ligand lorsque la
quantit¢ de métal adsorbé augmente avec le pH, ou association Surface — Ligand — Metal
lorsqu’au contraire la quantité de métal adsorbé diminue avec le pH) (Stumm, 1992). Plusieurs
molécules organiques tels que les AH, AF ou les acides carboniques, ou d’autres acides de
I’environnement forment aussi facilement des complexes avec les métaux, affectant leur
biodisponibilité. La matiére organique des sols tend a immobiliser les polluants cationiques,
adsorbés par des ligands organiques insolubles (Shaker et Albishri, 2014 ; Tipping, 1993 ;
Weber et al., 2006). La forme chimique d’un métal (spéciation) est fondamentale puisqu’elle
est directement reliée au comportement en solution des espéces, a leur biodisponibilité et a leur
toxicité (Weinberg et al., 2011). Ainsi, la complexation d’'un métal par des composés
inorganiques et organiques, comme par exemple, la mati¢re organique des sols ou des eaux
peut entrainer une diminution notable de sa toxicité en diminuant la concentration ionique libre

et la biodisponibilité¢ (Aiken et al., 2011). Si la matiére organique peut étre absorbée par les
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organismes par ingestion, sa capacité¢ a fixer les métaux devient au contraire un vecteur de la

biodisponibilité.

1.2.3. Devenir des NPs-Fe dans les sols

Une fois dans I’environnement, les NPs agissent entre elles et avec leur milieu (matiere
en suspension ou en solution, communauté microbienne) via divers processus (cf. sections
précédentes). Ces interactions affectent non seulement leur devenir et comportement dans les
sols (mobilité, biodisponibilité, toxicité) mais aussi, leurs impacts sur le milieu (dynamique

géochimique des écosystemes) (Joo et al., 2017 ; Dinesh et al., 2012).
1.2.3.1. Impacts du milieu sur les propriétés intrinséques des NPs-Fe

Les conséquences majeures qui résultent des interactions des NPs-Fe avec la solution de sol

et les constituants qui y sont dissous peuvent induire les transformations suivantes:

e [’agrégation des NPs, induite par les propriétés du milieu (pH, force ionique) ou par la
présence de constituants favorisant leur agrégation/dispersion (cf. section 2.1.1.)
(Tombacz et al., 2013 ; Vindedahl et al., 2016);

e Les transformations cristallochimiques ; ’oxydation de la magnétite en maghémite est un
exemple de transformation structurale spontanée pouvant se produire en conditions
naturelles (aérobies) (Frison et al, 2013). Ces transformations sont également
fondamentales car elles peuvent modifier les propriétés magnétiques des NPs qui a leur
tour affectent leur agrégation, mobilité, réactivité ;

e La complexation d’ions ou de ligands inorganiques ou organiques a la surface des NPs-Fe
peut modifier leur état d’agrégation mais aussi le transport, la réactivité, la disponibilité,
la spéciation/toxicité et/ou la biodégradabilité des substances adsorbées (Otero-Farina et
al., 2015) ;

e La (co-)précipitation; si les concentrations en métaux et conditions Eh et pH le
permettent, certains métaux peuvent précipiter et former une nouvelle phase a partir de
I’oxyde initial. Les bactéries peuvent aussi contribuer activement a la précipitation de
nouvelles phases cristallines (Pédro, 2007) ;

e La solubilisation des NPs-Fe, qui résulte des conditions Eh et pH de la solution de sol et
est favorisée par la présence de molécules organiques comme celles produites par les

végétaux et microorganismes (« biodégradations ») pour dissoudre les oxydes et
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hydroxydes de fer dans les sols (cf. section 3.1.2.) (Dwivedi et al., 2015; Mudunkotuwa
et al., 2011).

Ces modifications, qui dépendent avant tout des conditions physico-chimiques du milieu
et de leur composition, sont importantes et nécessitent d’étre considérées puisqu’elles peuvent
affecter la mobilité des NPs, ainsi que leur disponibilité et leur toxicité pour les organismes du

sol.

1.2.3.2. Mobilité des NPs-Fe et interactions avec le vivant

La mobilité d’un élément est définie par sa capacité a migrer, a passer d’une forme
chimique a une autre ou a changer de phase (Lefevre et al., 2016). Elle dépend directement du
régime hydrique du sol, qui repose sur sa texture (détermine les forces de rétention de 1’eau), sa
structure (influence la circulation de 1’eau) et sa porosité (définit le volume du réservoir
hydrique du sol). Elle est aussi généralement associée a une durée. Afin d’évaluer la mobilité
des NPs dans le milieu naturel, les lois de la dynamique colloidale (agrégation et/ou dépdt) sont
généralement appliquées (Ollivier et al.,2016). Celles-ci permettent de prendre en compte a la
fois la composante liée a I’efficacité du transport des NPs et celle liée au bilan des forces qui
résulte des interactions avec les composants en présence (attraction/répulsion). Les deux
principaux parametres ¢tudiés en termes de dynamique colloidale sont la fréquence de collision
entre les particules et la surface (qui dépend de la concentration en NPs et leur type de
mouvement), et un coefficient d’efficacité de collage o qui varie de 0 (systéme purement
répulsif) a 1 (lorsque chaque collision entraine le collage des NPs) (Dwivedi et al., 2015).

Les processus strictement physico-chimiques susceptibles d’influencer le comportement
des NPs peuvent étre divisés en deux groupes : ceux favorisant I’immobilisation (par exemple,
I’adsorption des NPs par des ligands organiques insolubles), et ceux favorisant leur mobilité et
leur dispersion (par exemple, enrobage de maticres organiques) (Grillo et al., 2015 ; Zhang et
al., 2009). Ces processus, qui gouvernent la mobilit¢ des NPs-Fe, ont un impact direct sur la
disponibilité et la toxicité des NPs-Fe.

Enfin, en plus d’étre sous I’influence de leur milieu, les NPs influencent elles-mémes le
devenir des constituants avec lesquels elles interagissent. Elles sont donc susceptibles d’affecter

aussi la mobilité, la biodisponibilité et la toxicité de ces constituants.
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I.3. Interactions entre les NPs-Fe et les plantes

1.3.1. Nutrition des plantes

Le comportement en solution, la réactivité vis-a-vis des constituants du sol et de la
solution de sol et leurs transformations dans le temps, font des NPs des constituants
dynamiques qui évoluent avec les changements du milieu dans lequel ils se trouvent, mais aussi
qui influencent les propriétés de ce milieu. Il apparait donc crucial de comprendre les impacts
des NPs-Fe sur le sol, puisque ce dernier constitue un support de vie fondamental pour les
plantes et les organismes qui s’y développent. Avant d’étudier les impacts potentiels directs
associés a la mise en contact des NPs-Fe avec les plantes, nous précisons comment les plantes
utilisent leur milieu et s’y développent afin de comprendre en quoi les NPs-Fe pourraient, par

leur présence dans le sol, interférer dans le processus fondamental de nutrition des plantes.
1.3.1.1. De la roche aux bioéléments

La lumiére du soleil, I’eau, le CO,, I’O; ainsi que de nombreux ¢léments chimiques sont
les principaux constituants dont les plantes ont besoin pour se développer. Environ soixante
¢léments chimiques sont présents dans un végétal (bien qu’une grande partie de la masse des
cellules ne soit composée que des quatre ¢léments chimiques primaires - azote, hydrogene,
carbone et oxygeéne). Parmi les nombreux éléments absorbés par la plante, dix-sept de ces
bio¢léments sont considérés actuellement comme des éléments essentiels. Ces éléments
incluent neuf macroéléments (> 1000 mg Kg' de masse séche de la plante) et huit
microéléments ou oligo-éléments (< 100 mg Kg' de masse séche de la plante) (Marschner,
1995). Les «oligo-¢éléments » désignent les ¢éléments nécessaires a la croissance d’un
organisme en faible quantité. Ils incluent plusieurs cations (B, Fe, Mn, Zn, Cu, Mo, Ni)
indispensables a la vie cellulaire végétale qui entrent en général dans la structure et la fonction
de cofacteurs enzymatiques (Tableau 1).

Parmi les éléments absorbés par la plante, une partie entre par les feuilles, via les
stomates (NHs, SO,...) tandis qu’une autre partie, d’origine minérale, est absorbée par les
racines (Mengel et Kirkby, 2001). Ces bioéléments sont initialement présents dans le réseau
cristallin des minéraux primaires (les silicates comme les micas, les plagioclases, les
pyroxénes, ... fournissent - outre la silice - des éléments essentiels tels que Fe, Mg, K, CI) et
des minéraux secondaires (les argiles, oxydes, carbonates... fournissent du Ca, Fe, CL..). Leur

libération est réalisée par divers processus physico-chimiques d’origine géologique (érosion
9
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altération) ou biologique. La baisse du pH du sol, favorisée par I’apport des eaux de pluie et la
décomposition de la matiére organique, entraine I’altération et favorise la solubilisation a pH
acide des carbonates, sulfates et phosphates qui libérent des ions (K", Mg®*, Ca*" et Mn™") sous
des formes chimiques disponibles pour les plantes. (Solanki et al., 2015). L’action du vivant
altére aussi directement les minéraux et provoque leur solubilisation en absorbant des ions. En
effet, certains micro-organismes participent indirectement a la corrosion des roches en
modifiant leur milieu. Ces changements affectent le pH, la teneur en oxygeéne et le potentiel
redox ainsi que la production de composés organiques capables de complexer des ions
minéraux sous forme de chélates. Ainsi, I’attaque acide de minéraux, solubilise les ¢léments
sous une forme ionisée. En conditions aérobies, ce sont principalement les bactéries
chimiolithotrophes nitrifiantes et sulfooxydantes qui solubilisent les minéraux en produisant les
acides sulfurique et nitrique. Les champignons mycorhizhiens sont aussi d’efficaces
solubilisateurs et extracteurs de minéraux. Ils sont capables d’absorber et de minéraliser des
composés organo-métalliques et de transférer ces métaux a la plante sous forme d’ions
inorganiques. De plus, du fait de leur extension dans le sol, de la surface élevée de leur
mycélium extraradiculaire et de leur grande capacité a concentrer les métaux, les champignons
mycorhiziens augmentent considérablement le potentiel d’absorption des métaux par les plantes
(Gobat et al., 2003). La production d’acides organiques par les microorganismes et les racines
joue ainsi un role important dans 1’altération des minéraux (Jones et al., 2004). Leur action
concerne de nombreux métaux bi- ou trivalents (Fe, Al, Cu, Zn, Ni, Mn, Ca, Mg), alors
susceptibles de former des complexes avec des di- ou triacides organiques. Les acides oxalique,
citrique, 2-cétoglutonique, tartrique, ainsi que des polyphénols (acides salicylique et
dihydroxybenzoique) sont souvent secrétés par divers microorganismes et plantes. Les
complexes formés entre les acides organiques et les métaux se présentent sous la forme de
cycles incorporant les cations ce qui permet de les stabiliser sous une forme soluble, a travers
un large domaine de pH et de potentiel redox. Plusieurs bactéries favorisent la croissance des
végétaux en solubilisant des ions nutritifs, y compris des métaux lourds, par acidolyse (Sparks,
1995). Enfin, l'origine des bioéléments dans la solution de sol provient également de
I’oxydation de la mati¢re organique libérant ses éléments constitutifs (recyclage).

Lorsqu’ils sont libérés, les ions se fixent sur les complexes argilo-humiques ou sont
dissous dans la solution de sol, par échange ionique (Sparks, 1995). Leur disponibilité est
ensuite fonction des conditions du milieu, controlant notamment leur spéciation. Le taux
d’humidité, le pH et le potentiel redox varient temporairement et influencent la solubilité des
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ions. La baisse du pH (pH < 4), ou son augmentation (pH > 7), induisent la mise en solution de
nombreux ions, notamment des métaux qui peuvent s’avérer toxiques (Reeder et al., 2006).
D’un autre coté, les modifications saisonnicres de la microstructure du sol changent également
I’accessibilité de certains sites aux radicelles et au mycélium extraradiculaire des mycorhizes
(Gobat et al., 2003).

La spéciation des ¢éléments du sol représente un enjeu majeur vis-a-vis de la nutrition des
plantes car elle contrdle leur biodisponibilité. Alors que les NPs-Fe constituent une forme
chimique particuliére du fer, elles pourraient, par leur présence dans le sol, étre une source de
fer pour la plante. Avant d’envisager cette hypothése, les principaux mécanismes
biogéochimiques du fer dans les sols seront abordés. Par ailleurs, du fait des interactions fortes
pouvant se produire entre NPs-Fe et métaux (cf. section 2.), les interactions métaux/plantes
seront ¢galement étudiées afin de comprendre comment les NPs-Fe pourraient interférer dans

ces interactions.
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Tableau 1 : Réles des principaux cations métalliques du sol dans les plantes.

Concentrations
Elément Forme dans le sol dans le sol (S) et Réles principaux dans la plante, carence, toxicité
la plante (P) (mg
kg! mat. Seche)
- plus de 20 composés minéraux: magnétite. hématite, goethite, - évite 1a chlorose
lépidocrocite, etc. S jusqu'a 40 000
Fe - constituant du complexe argilo-humique ‘ - effecteur des processus d'oxydoréduction
- chélaté a la matidre organique P:50a1000 | _ constituantet activateur d'enzymes
- forme ionique en solution (Fe®* dans les sols anoxiques) - chélaté par les sidérophores, transporteurs cellulaires
- régulateur de la réduction des nifrites et 1a fixation d'azote
- semblables a cellesdu fer S-200234000 | favorisela crloissance et evite lalchlorose o .
Mn - carence possible sur les sols basiques et toxicité sur sols acides
P20 3200 - c?nstituant et actiwianeurl d'enzyimes )
- role dans l'oxydoréduction de I'eaulors de la photosynthése
constituant de minéraux (ex. chalcopyrite) 5:5a100 - régulateur des processus d'oxydoréduction
Cu chélaté a la matiére organique P:2a200 - constituant d'enzymes assurant la synthése dela lignine
(P cuprophytes: | - stimulation de la croissance
jusqu'a 1600) | _ toxique a hautes concentrations, saufpour les plantes adaptées
constituant de silicates ferromagnésiens 8:10a300 - constituant d'enzymes d'oxydation (oxydases)
Zn trés peu de Zn** en solution P:10a 100 - synthése et protection des hormones de croissance
- aide & la synthése de la chlorophylle
constituant de minéraux 5:05a5 - nécessaire aumétabolisme del'azote (constifuant de l'enzyme nitrate
Mo MoO4%- ou HMoOy fixés sur le complexe adsorbant P-02al10 réductase, ainsi que du complexe de la nitrogenase)
ou libres dans la solution du sol
constituants des silicates (ex. 3-4% de la tourmaline) 8:5al00 - constituant d'enzymes
B P:2a100 - aide & la synthése de la chlorophylle
- carences fréquentes, amenant par exemple le pourrissement du cceur de la
betterave ou des1ésions de I'écorce du pommier
- constituantde base des minéraux. avec 5i (8%dela
Al lithosphére) 8:50a200 - favorise, a de trés faibles concentrations, la production d'espéces cultiveées
- formes nombreuses en fonction de 'acidité dusol entre P-2as3 - trés vite toxique désque le pHdu sol est inférieur 3 5.5
Al(OH)y, AI{OH)*, et Al** (ion libre) - sur sol acide, seules les alumino-tolérantes résistent (ex. Ericacées)
- présentdans les minérawx des roches magmatiques ultra-
Ni basiques. 8:20a400 - composantde 1’uréase
P:10a100 -en cas de carence enNickel 1'accumulation del"urée dans les feuilles peut

-généralement sous forme ionique en solution : NiZ*

entrainer une nécrose.




1.3.1.2. Biogéochimie du fer

Le fer est le quatriéme élément chimique le plus abondant de la crodte terrestre et le
deuxiéme métal le plus abondant (aprés I’aluminium). Sa position (26°™ place) dans le
tableau périodique, au milieu de la premicre série des éléments de transitions (dont ’orbitale
d est incompléte), implique que le fer peut se trouver sous différents états d’oxydation. Les
deux principales formes chimiques du fer sont Fe*” et Fe*" (Crichton et al., 2001).

Le fer est un bioélément essentiel pour les plantes. C’est un élément redox sensible
majeur dans les enzymes faisant partie des cofacteurs (structures moléculaires non protéiques
qui participent directement a la réaction catalysée par une enzyme) transporteurs d’électrons
(Fe*™> Fe’ + ¢). Le fer est notamment présent dans les protéines ferrosulfureuses (classe de
protéines redox intervenant dans les transferts d’électrons) et les hémoprotéines (classe de
protéines redox intervenant dans les transferts d’électrons et dans le transport de 1’oxygene)
(Kobayashi et Nishizawa, 2012). En plus de faire partie de certains cofacteurs redox, le fer est
essentiel pour les plantes du fait de son rdle dans la biosynthése de chlorophylle, en régulant
plusieurs enzymes. Lorsqu’une plante est carencée en fer, la chlorose est le principal
symptome li¢ a ce déficit, associé¢ selon I’espece, a une moindre production de biomasse
(Briat et al., 2007).

La carence en fer est un symptodme plus répandu que sa toxicité pour le végétal. Elle se
produit généralement dans les sols calcaires a pH ¢€levé lorsque la décomposition de la matiére
organique accroit la précipitation de bicarbonates (augmentant alors la disponibilité en
phosphate) (Vose, 1982). L’absorption du fer par la plante est en effet dépendante de celle des
autres ¢léments en présence dans le sol. Il a notamment été¢ démontré qu’un sol avec des
teneurs ¢levées en cuivre (Cu) diminuait considérablement I’absorption du Fe (Xing, 2010).
La carence en Fe peut en effet étre induite par d’autres éléments (Zn, P, Cu) présents en forte
concentration dans les sols. Par ailleurs, la disponibilit¢ du fer est fonction de son état
d’oxydation, la forme Fe(Il) du fer étant la forme soluble la plus disponible (Uren, 1984).

Le fer utilisé par les plantes est généralement d’origine sédimentaire (hydroxydes et
oxydes ferriques) ou bien issu de roches cristallines (fer bivalent a ’exemple de la pyrite)
(Colombo et al., 2013). En milieu oxique, le fer n’est solubilis¢ sous forme d’ions ferriques
(Fe(III) libres) qu’en milieu trés acide. Lorsque les conditions de pH sont proches de la
neutralité, le fer est présent sous sa forme oxydée qui correspond a des composés quasi
insolubles (oxydes et phosphates) (Claudio et al., 2017). Dans ce cas, sa solubilisation

implique I’intervention de petites molécules capables de chélater le Fe(IIl). Les substances
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humiques sont des chélateurs particuli¢rement actifs dans les podzosols (Pédro, 2007).
Certaines bactéries (rhizogénes ou non) et des champignons (mycorhizogenes ou saprophytes)
produisent des substances complexantes du fer (acides aliphatiques carboxyliques, acides
phénols, acides hydroxamiques...) qui participent a laltération de minéraux
(ferromagnésiens, oxydes) et a la solubilisation d’¢léments minéraux (transférés plus
abondamment a la solution de sol et aux végétaux). L’oxydation du fer ferreux n’exige pas,
quant a elle, la participation d’organismes vivants et peut se faire spontanément avec les
conditions Eh et pH du milieu (Ehrlich, 2002). Les bactéries ferrooxydantes (comme par
exemple, Thiobacillus ferrooxidans en dessous de pH 4 ou Gallionella ferruginea a des pH
proches de la neutralité) sont néanmoins de puissants catalyseurs du processus. En conditions
anoxiques, la réduction des oxydes et hydroxydes de fer et leur solubilisation sous forme
d’ions Fe’" nécessite I’activit¢é de microorganismes (Miinch et Ottow, 1983). Certaines
bactéries, généralement des bactéries hétérotrophes (chimio-organotrophes) utilisent le Fe(III)
comme accepteur d’électron pour leur respiration, en parallele ou en complément de
fermentations. Celles-ci réduisent le Fe(III) en solution, mais entrainent aussi la dissolution et
’altération des oxydes et oxyhydroxydes. Le fer, alors disponible sous forme de Fe(Il), ne
restera soluble qu’en conditions réductrices ou acides (Berthelin et Stemmler, 2004). Les
bactéries ferroréductrices spécialisées (par exemple les bactéries du genre Geobacter ou
Geotrix) participent a la réduction du fer lors de I’oxydation de substrats organiques, en

particulier dans 1’élimination de contaminants organiques dans les aquiferes.

1.3.1.3. Interactions plantes / métaux

Les « métaux lourds » désignent les éléments dont la masse volumique est supérieure a
5 g cm™ (Adriano, 2001). La plupart des métaux lourds sont des éléments traces, trouvés en
faible quantité (< 100 pg g™). Les roches magmatiques, qui peuvent par exemple contenir de
fortes teneurs en métaux lourds, libérent par altération les métaux finalement distribués a
I’état de traces dans le sol, les végétaux et les eaux (L’Huillier, 1994). Les éléments traces
métalliques (ETs) proviennent également de contaminations locales liées a des activités
industrielles ou a des apports agricoles concentrés (Figure 8). Celles-ci peuvent mener a la
présence de métaux en concentrations supérieures aux concentrations naturellement présentes

dans ’environnement.
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Figure 8: Proportion des différentes sources de contamination dans |'estimation des quantités
totales de métaux et métalloides entrant sur les sols agricoles, en % (données : Ademe-Sogreah
2007, 2012)

Chez les plantes, et chez la plupart des organismes vivants, plusieurs ETs ont une fonction
biologique bien reconnue dans de faibles quantités, mais avec [’augmentation de leur
concentration, ils deviennent toxiques (Marschner, 1995). C’est le cas de plusieurs ¢léments
trés répandus dans les sols (Fe, Mn, Cu, Zn, Mo) qui forment de nombreux composés avec les
molécules inorganiques ou organiques (notamment les enzymes). D’autres éléments ne sont
pas nécessaires pour les organismes et peuvent produire des effets toxiques, méme a tres
faible concentration (c’est le cas par exemple du Pb, Hg et du Cd) (Gobat et al., 2003).

En général, les effets toxiques des métaux sont observés au niveau des racines et sont
souvent diversifiés (diminution de la biomasse, changement de morphologie, diminution de
I’¢longation racinaire, diminution de la densité de poils absorbants, subérification ou
lignification accrue, épaississement du méristéme, brunissement ou apparition de pigments...)
(Ouzounidou, 1994 ; Saad, 2017). L'inhibition de la croissance racinaire est un effet précoce
de la toxicité des métaux lourds sur les végétaux (Barcelo et Poschenrieder, 1990). Cet effet
est toutefois souvent difficile & observer, de sorte que le principal effet visible est une
diminution de la croissance des parties aériennes (il peut y avoir diminution de la croissance
sans déformations foliaires, chloroses, nécroses ou colorations particuliéres). D’autre part, les

chloroses, induites par une carence en fer, sont souvent liées a un effet toxique des métaux
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(Leskova et al., 2017). Indépendamment des effets physiologiques directs induits aux plantes,
la présence de métaux est aussi a 1’origine d’une modification de la structure et de la diversité
des communautés microbiennes (Brookes et McGarth, 2000) ; ce qui contribue aux impacts
physiologiques induits par les métaux aux plantes.

La phytotoxicit¢ des métaux se produit en (a.) altérant les transferts hydriques,
aboutissant a un flétrissement de la plante (généralement en dégradant le systéme racinaire)
(Barcelo et Poschenrieder, 1990), (b.) altérant I’intégralité du plasmalemme des cellules du
cortex racinaires - soit, par dégradation de la membrane (cas du Cu) induisant des
phénomenes de fuites d’ions soit, par fixation du métal sur la membrane (cas de 1’Al) par
altération des systémes d’absorption-, (c.) inhibant la mitose au niveau des méristémes
racinaires, (d.) inhibant la photosynthése et (e.) affectant diverses activités enzymatiques(telle
qu’une diminution de ’activité de la Rubisco (cas du Cd, Cu, Pb ou Zn) entrainant une

diminution de la fixation photosynthétique du CO, (L’Huillier, 1994).

Les principales stratégies mises en place par les plantes pour résister aux métaux
lourds sont d’ordre physiologique. Elles relévent de :
e processus internes d’adaptation mis en place pour évacuer les éléments toxiques ou
pour les stocker sous une forme inactive ;
o . , . s . .
e mécanismes externes capables de ralentir ou d’empécher I’entrée des cations toxiques
(les champignons mycorhiziens, par exemple, peuvent filtrer les flux ioniques avant

leur entrée dans la plante).

Finalement, la concentration en métal d’un sol, d’un sédiment et méme de 1’eau n’est
pas suffisante pour déterminer sa toxicité pour les organismes présents. La concentration dans
I’eau des pores serait un meilleur critére pour les sols, avec I’hypothése supplémentaire que le
transfert a travers les membranes biologiques soit proportionnel a I’activit¢ de I’ion
métallique libre en solution. Plusieurs études suggerent que ’assimilation est proportionnelle
a la concentration en ion libre et non a la concentration totale du métal en solution (Saad,
2017). En outre, la toxicité des métaux est liée a la présence d’une certaine forme des métaux
dans la solution de sol, généralement une forme ionique (Jaishankar et al.,2014). La toxicité
des métaux est donc souvent limitée d’une part, par leur biodisponibilité et d’autre part par le
développement possible de mécanismes de résistance aux métaux de la communauté

microbienne (Hoosta et al., 2008).
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1.3.2. Absorption des éléments du sol et des NPs-Fe
1.3.2.1. Absorption des éléments dissous

Grace a leur appareil racinaire, les plantes absorbent des cations (Ca2+, Mg2+, K, Cu2+,
Mn®*, NH*"...) ou des anions (NO>, HPO4*", H,PO*, SO4”"...) ainsi que de petites molécules
organiques (comme des monosaccharides) et des chélates (par exemple, les sidérophores). La
racine (ou appareil racinaire) est le lieu d’échanges entre le sol et la plante vasculaire (Figure
9). La racine principale (ou les racines adventives selon les cas), qui assurent ’encrage de la
plante dans le sol, se ramifient en racines moyennes (racines latérales ou secondaires) qui
pénétrent la porosité du sol et en racines fines (radicelles) qui assurent la nutrition de la plante
(Gobat et al., 2003). L’eau et les bioéléments y sont absorbés au moyen de poils absorbants
ou de champignons mycorhiziens qui leur sont associés (Figure 10). Cette interface
représente la rhizosphére. C’est une zone dynamique d'interactions plante-microbes ou
l'activité biologique intense et la rhizodéposition racinaire impactent considérablement les
propriétés physico-chimiques du sol sur lequel elles se développent (Jones et al., 2004).

Avec la libération de composés carbonés et azotés (les rhizodépots), la rhizosphére
contient 10 a 100 fois plus de microorganismes par gramme de sol que le sol non
rhizosphérique (Cunningham et Ow, 1996). Dans la « rhizodéposition » se trouvent : les
cellules détachées (principalement de la coiffe), sécrétrices d’enzymes et de protéines (avant
et apres étre détachées); les lysats (issus de Iautolyse des tissus rhizodermiques et
corticaux) ; les mucilages sécrétés par plusieurs zones de la racine (principalement par la
coiffe mais aussi, par les poils absorbants); et les exsudats qui forment la part dominante de la
rhizodéposition (ce sont des composés organiques solubles qui comprennent des sucres, des
acides aminés, des acides organiques, des facteurs de croissance - par exemple les vitamines -
et des phyto-hormones). Les mucilages, d’origine mixte végétale ou microbienne, sont des
composés gélatineux a base de polysaccharides (ou de pectine au niveau des poils
absorbants). Ils sont particulicrement importants pour 1’agrégation des microorganismes et
des particules du sol (Gobat et al., 2003). Les plantes peuvent également favoriser I'abondance
de microorganismes bénéfiques dans la rhizosphere. Certaines bactéries, qualifiées de
Rhizobactéries qui Favorisent la Croissance des Plantes (RFCP) ou Plant Growth Promoting
Rhizobacteria (PGPR) en anglais (Lugtenberg et Kamilova, 2009), ont regu beaucoup
d'attention en raison de leurs effets bénéfiques sur la croissance des plantes (Beneduzi et al.,

2012). Elles représentent 2 a 5% de la totalité des rhizobactéries (Antoun et Kloepper, 2001)
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et appartiennent a différents genres : Pseudomonas, Azospirillum, Azotobacter, Bacillus,
Burkholderia, Curtobacterium, Rhizobium...Une bactérie qualifi¢e de PGPR présente trois
caractéristiques principales, telles que : a) la production de métabolites bénéfiques a la
croissance des plantes, b) la production de métabolites antagonistes aux agents pathogenes et

enfin c) une capacité a coloniser efficacement le systéme racinaire.
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Figure 9 : Coupe longitudinale d’une racine, illustrant les différentes zones d’absorption et les sécrétions
libérées au niveau de la rhizosphére (modifié d’aprés Gobat et al., 2003).

Apres solubilisation au sein de la rhizospheére, le transport des ¢léments du sol vers la
plante s’effectue d’abord dans le sol distant et dans les espaces intercellulaires des couches
externes de la radicelle (voie apoplastique - cortex racinaire). Dans cette zone, le transport se
fait de facon passive par flux de masse (entralnement par 1’eau) ou par diffusion (transport
d’une substance d’un compartiment ou le potentiel électrochimique de la substance est plus

fort vers un compartiment ou il est plus faible) (Saad, 2017). Le transport des éléments vers
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I’intérieur la cellule (voie symplastique) a lieu a la limite du cylindre central, au niveau des
poils absorbants ou de I’endoderme (Figure 10). A cet endroit, le passage des ¢léments par
voie apoplastique est bloqué par des substances hydrophobes, comme la subérine, qui font
barrage obligeant les ¢éléments a pénétrer dans le cytoplasme et a emprunter la voie
symplastique (Gobatet al., 2003). Un transport actif y est nécessaire pour vaincre le gradient
osmotique défavorable et apporter les ions dans des cellules deconcentration saline plus
¢levée (Kramer et al., 2007 ; Saad, 2017). Plusieurs mécanismes successifs sont alors
impliqués. Une « pompe a protons » expulse de la cellule des ions H' ; ce qui crée une
différence de potentiel électrique et de pH permettant aux cations de pénétrer dans le
cytoplasme (dont le potentiel électrochimique est alors plus faible que I’extérieur). Puis,
I’intervention d’une protéine de transport, le symporteur (un co-transporteur), permet aux
anions de rentrer contre le gradient électrochimique, ce qui rapatrie les protons a I’intérieur de
la cellule. Au cours de ce processus, les cations ne sont pas toujours transportés sous forme
libre. Ils peuvent en effet étre rapidement complexés a des agents chélatants dans le
cytoplasme (comme I’acide citrique ou malique, I’histidine ou la nicotianamine) qui
permettent par exemple aux métaux d’étre convertis en formes moins toxiques (Fushiya et al.,
1982). Pour ce qui est des cations métalliques, ils sont ensuite transportés dans différents
compartiments cellulaires des parties aériennes comme le mésophylle, I’épiderme ou encore
les trichomes au niveau des feuilles. Les cations métalliques se trouvent généralement en forte
concentration dans les vacuoles car elles sont moins sensibles aux oxydations que les autres
organites (Eapen et D’Souza, 2005). Pour ce qui est de I’absorption du fer, deux stratégies
d’absorption ont été proposées correspondant a I’appartenance ou non d’une plante a la
famille des poacées (Maschner et Rohmeld et al., 1986). Pour les non-poacées (le cas de cette
¢tude), I’absorption du Fe est d’abord gérée au niveau des racines par la production de protons
(ou d’acides organiques) et de porteurs d’¢lectrons qui se chargent de séparer Fe(Ill) du
ligand organique auquel il était associé (forme mobile). Ceci permet d’augmenter la solubilité
et la réduction du Fe(III) en Fe(Il) (Kobayashi et Nishizawa, 2012). A la surface de la racine,
le Fe(Ill) chélaté est réduit puis absorbé sous forme de Fe(Il) a travers la membrane
plasmique de la racine (Kobayashi et Nishizawa, 2012 ; Briat et al., 2007). Dans le cas des
poacées, les sidérophores ou phytosidérophores, produits parles microorganismeset par les
plantes, permettent le transport du fer (sous forme Fe(Ill)) (Kriamer et al, 2007). La
production de sidérophores, n’est cependant réalisée qu’en cas de carence en fer, la présence
de fer en solution exercant un effet répresseur sur leur production (Gobat et al., 2003). Ce

49



mécanisme de régulation est fondamental car il permet aux plantes d’éviter les intoxications
par le fer a concentrations €levées. En outre, de nombreux types de sidérophores existent,
chacun plus ou moins spécifiques des plantes et des divers microorganismes qui les
produisent. Ceci peut générer une réelle compétition pour le fer dans certains environnements

rhizosphériques (certaines bactéries peuvent par exemple empécher la germination en privant
’ g OO Agrégats
organo-minéraux

les plantes de fer).
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Figure 10 : Transport des bioéléments de la solution de sol vers la plante suivant une coupe transversale
d’une radicelle au niveau des poils absorbants.

Enfin, la capacité d’absorption d’un ion par une plante est aussi soumise a la présence et
a la concentration des autres éléments a proximité du site d’absorption. Ainsi, les
antagonismes entre cations (un ion peut en chasser un autre et diminuer la réserve a moyen
terme) modifient leur assimilation (c’est le cas par exemple, entre le calcium et le potassium).
Il existe également des interactions ioniques de dépendance (comme entre 1’azote et le
phosphore) qui favorisent au contraire I’absorption de certains ions. En outre, toutes les
plantes n’ont ni, les mémes capacités d’absorption ni, les mémes besoins en éléments nutritifs
(Marschner, 1995). Des différences s’observent aussi entre individus de méme espéce, ayant

par exemple un age différent ou entre radicelles du méme individu selon leur situation dans
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des microsites précis. Le type d’enracinement, son architecture ou sa capacité de régénération
sont également cruciaux a cet égard, permettant a la plante de prospecter un plus ou moins
large volume de sol (Gobat et al, 2003). Les symbioses entre les plantes et les
microorganismes influencent aussi les conditions de la nutrition des végétaux (Jones et al.,
2004). Par exemple, si la croissance est limitée par des éléments autres que le carbone,
certaines bactéries continuent d’absorber le substrat carboné pour le transformer en
métabolites (alcools, acides organiques) qui modifient les conditions du milieu et favorisent la
solubilisation de minéraux. Cette solubilisation peut a son tour lever la limitation

nutritionnelle du milieu.

1.3.2.2. Absorption, translocation et internalisation des NPs-Fe

Les ¢études actuelles portées sur I’absorption et la translocation de NPs dans les plantes
vasculaires ont révélé que les NPs s’accumulaient principalement au niveau des racines, avant
de pénétrer dans les parties supérieures de la plante (Figurell) (Ma et al., 2010). La
localisation dans les tissus foliaires des plantes a mis en évidence 1'utilisation du systéme
vasculaire par les NPs (Corredor et al., 2009). Une fois introduites, les NPs circulent dans le
phloéme et dans le xyléme et peuvent s’accumuler dans les différents tissus végétaux
(Tripathiet al.,2017 ; Navarro et al., 2008 ; Wang et al., 2012 ; Zhu et al., 2008) ont constaté
que des NPs de magnétite de 20 nm de diameétre avaient ét¢ absorbées par Cucurbita maxima
puis transloquées et accumulées dans les différents tissus des plantes. Toutefois, si la plupart
des travaux ont observé la pénétration de NPs au niveau racinaire, peu d’entre elles ont révélé
leur translocation dans les parties aériennes des plantes. Les principales méthodes utilisées
pour mettre en évidence la pénétration et la translocation de NPs-Fe dans la plante se font : a)
par observation directe d’un échantillon de plante (MEB ou MET), b) par NanoSIMS (Nunez
et al., 2017), ou, pour les NPs-Fe permettant d’enregistrer un signal magnétique fort comme la
magnétite, c.) par des méthodes magnétiques (généralement par mesure de l’aimantation
rémanente ou de la susceptibilité magnétique du matériel végétal) (Iannoneet al., 2016 ; Zhu
et al., 2008). Les mécanismes d’absorption des NPs au niveau des racines soulévent toutefois
encore plusieurs questions, notamment en ce qui concerne la taille et 1’état des NPs absorbées
pour permettre leur entrée a travers les parois cellulaires. Ces derniéres ne permettant le
passage que d’objets ayant des dimensions comprises entre 5 et 20 nm (Anjum et al., 2016),

I’entrée de NPs agrégées (souvent de plusieurs centaines de nm ou sont méme de 1’ordre du
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um) - telles qu’elles peuvent le devenir sous certaines conditions (pH ¢loigné de leur pHzpc,
force ionique élevée, adsorption des NPs a de plus grandes particules (> 20nm...)) — peut

aussi compliquer leur pénétration.

Systéme
aérien
e~ V]
' radicelles
Systéme racines
racinaire secondaires

Figure 11: Translocation des NPs depuis le systeme racinaire vers le systeme aérien d’une plante
vasculaire.

Plusieurs mécanismes ont été mis en évidence pour expliquer ’internalisation des NPs
dans les cellules végétales (Figure 12). L’interaction des protéines de transport, aquaporines,
canaux ioniques et diverses matiéres organiques (comme les exsudats racinaires) avec les NPs
faciliterait leur absorption cellulaire (Anjum et al., 2016, Navarro et al., 2008). D’un autre
coté, il est possible que I’internalisation de NPs, éventuellement agrégées, provoque des
dommages au niveau des parois cellulaires, avant d’affecter les constituants internes de la
cellule. Le transport et I’absorption de 1’eau et des NPs dans les cellules pourraient ainsi étre
facilités par la création de nouveaux pores cellulaires. (Navarro et al, 2008). Enfin,
I’absorption des NPs pourrait étre réalisée par endocytose (Ivanov, 2008; Anjum et al.,
2016) ; mécanisme au cours duquel les constituants (généralement diverses molécules, ou des
virus ou bactéries) sont enveloppés et absorbés par la membrane cellulaire.

Au vu des différents mécanismes impliqués dans I’internalisation cellulaire des NPs, il

apparait fondamental de connaitre I’état physique (notamment I’état d’agrégation, la taille -
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dissolution partielle - ) et la forme chimique (I’état d’oxydation, les modifications de surface -
molécules adsorbées - et 1’état final) selon lequelles NPs seront absorbées par les plantes pour

en comprendre les effets sur la plante.
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Figure 12: lllustration des différents mécanismes permettant I’entrée des NPs-Fe (et autres NPs) dans
une cellule végétale (d’apres Rico et al., 2011).

1.3.3. Quels sont les impacts des NPs-Fe sur les plantes ?

Les propriétés intrinséques des NPs (composition chimique, propriétés de surface), la
concentration de NPs dans le milieu, les propriétés du milieu dans lequel sont introduites les
NPs, I’espece végétale exposée, son stade de développement, la durée d’exposition... sont
autant de parameétres impliqués dans les interactions NPs/plantes (Amde, 2017). Ceci est a
I’origine des résultats souvent contrastés observés dans la littérature en termes de toxicité des
NPs (Nair et al., 2010). Des expériences de germination et de culture en hydroponie sur le blé
tendre (Triticum aestivum) par lannone et al. (2016) ont mis en évidence I’internalisation de
NPs de magnétite (10 nm de diamétre) dans les tissus végétaux et ’absence d’impact toxique
aux différentes concentrations d’exposition réalisées (5 4 20 mg L™). Dans une autre étude

conduite sur le mais (Zea mays) (Li et al.,2016), les NPs de maghémite (17,7 nm) introduites
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aux graines de mais en concentration de 20 et 50 mg L™ n’ont pas non plus affecté les pousses
de mais alors que I’exposition, a des concentrations égales a 100 mg L de NPs de
maghémite, a inhibé la germination des graines. D’un autre coté, Pariona et al. (2017) ont
récemment montré que 1’exposition de graines de mais (Zea mays) a des concentrations de 1 a
6 g L' de NPs de ferrihydrite et d’hématite avait un impact positif sur le taux de germination
des plantes. Le Tableau 2 résume les résultats des principales études réalisées sur I’exposition

de diverses especes a des NPs-Fe.

Les effets négatifs des NPs-Fe, observés sur diverses especes concernent principalement
I’inhibition de la germination, I’inhibition de la croissance et/ou la baisse de production des
chlorophylles (Kim et al., 2014). Ces effets peuvent résulter de plusieurs impacts induits par
la présence de NPs dans les tissus végétaux. Les NPs peuvent par exemple, empécher 1’entrée
et la sortie des flux nutritifs et sécrétions organiques de la plante (Miralles et al., 2012). En
outre, lorsqu’elles parviennent a pénétrer les cellules, les NPs de fer peuvent directement
accroitre la production de ROS ou la favoriser en interférant avec les chaines de transport
d’¢lectrons mises en place au niveau des mitochondries et des chloroplastes (Sharma, 2015 ;
de Souza Pinto et al., 2016). L’augmentation de la production de ROS a des conséquences
majeures sur la plante, puisque ces composés sont en interaction avec la plupart des
composants cellulaires. La production de ROS peut en effet modifier la structure des
protéines, augmenter la peroxidation lipidique et/ ou endommager I’ADN dans le noyau des
cellules (Blokhina et al., 2003 ; Salama et El-Betagi, 2009 ; Rastogi et al.,2017). Par ailleurs,
I’introduction de NPs-Fe a diverses espeéces de plantes a montré des effets bénéfiques en
agriculture en réduisant la phytotoxicité de certains métaux (Praveen et al., 2017). Par
ailleurs, ’apport en fer induit par les NPs-Fe permettrait de parer a une carence en fer et a ses
conséquences sur le métabolisme de la plante (chlorose) (Kokina et al., 2017). Il s’avére
qu’elles pourraient aussi étre bénéfiques a la croissance des plantes (augmentation de la
production de biomasse), a la production de chlorophylles par la plante (Salama et al.,2009) et
pourraient favoriser la réponse antioxydante des plantes au stress oxydatif (Ilannone et al.,
2016). Enfin, les NPs-Fe pourraient aussi montrer un effet bénéfique dans le cadre de sols
pollués en métaux lourds, dans le domaine de la phytoremédiation. Dans certaines conditions,
les NPs-Fe ont permis de diminuer la toxicit¢ de certains métaux en diminuant leur

disponibilité aux plantes (Martinez-Fernandez, 2015).

54



Les impacts engendrés par l’exposition de NPs-Fe aux plantes, dépend donc de
nombreux paramétres qui nécessitent d’étre identifiés précisément afin de comprendre les
mécanismes et impacts induits par les NPs-Fe. A cet égard, la forme chimique finale sous
laquelle les NPs de fer sont absorbées (fer dissout, nanoparticule individualisée ou
nanoparticule agrégée) est certainement une étape fondamentale dans la compréhension du

probléme.
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Tableau 2 : Effets observés chezdifférentes especes végétales exposées a des NPs-Fe dans diverses conditions d’expérimentation.

Nanoparticules

Concentrations

Espece végétale Culture Duree Effets Référence
500 L2 i 20 Pas d'effets toxi isibl
20 nm Fe304 mg Cocurbito mosime crmssance.en jours as d'effets toxiques visibles Zhu et al., 2008
hydroponie
germination 3sh Augmentation des indices de germination et de croissance
9Snm Fe203
18 nm Fe,0s 2-20-50mgl? Citrullus lanatus . puis L'exposition & 20 mg L-1 a démontré les effets les plus Liet al., 2013
croissance sur . , . e .
marqués de ['augmentation de |'activité des racines
sol sableux
Les NPs n'ont pas affecté le taux de germination, la teneur
20 nm Fe30 - ,
( b 3% 5.10-15-20 mg L+ Triticum aestivum  crojssanceen 5 jours  en chlorophylles et la croissance de la plante et n'ont pas lannone et al. 2016
enrobage . -
acide citrique) hydroponie induit de peroxidation lipidique et d'accumulation de ROS
Augmentation des activités antioxydantes
Fe.0 20 1 L'exposition & 20 mg L favorise la croissance des racines
17.7nmy-Fe203 me - germination a6h et I'index de germination
Zea mays L'exposition 8 50 mg L et 100 mg L réduit la taille des Li et al., 2016
50 et 100 mg L* racines et des teneurs en chlorophylles et favorisele
stress oxydant et la teneur en MDA aux racines.
germination 4 jours  Pas d'impact induit par aucune des deux NPs-Fe
3nm-Ferrihydrite Zea mays puis puis 12 sur la germination. Pariona et al., 2017
1
1,2,4,etbgl croissance jours  Augmentation de la croissance et de la production de

100nm-Hématite

chlorophylles (excepté & partirde6 g L)




I.4. Objectifs et démarche

L’étude du devenir des NPs de magnétite dans 1’environnement et leur valorisation par

les plantes constitue 1’axe central de cette étude abordée via une démarche expérimentale.

Afin de répondre aux questions qui s’y rapportent, mon travail s’est ainsi organisé selon deux

axes principaux :

1. La caractérisation des NPs et de leur réactivité

Le but de ce volet d’étude est :

d’identifier les caractéristiques physicochimiques propres aux NPs synthétisées
(taille, forme, surface spécifique, cristallochimie),

de modéliser I'impact d’enrobages naturel (acides humiques, phospholipides) et
de ’oxydation de la magnétite (en maghémite) sur la stabilité colloidale des NPs
(état d’agrégation) stabilité¢ chimique (cinétique d’oxydation) et enfin,

d’évaluer la réactivité des NPs de magnétite en étudiant la capacité d’adsorption
d’un élément trace (Cu) en regard des modifications surfaciques apportées en

fonction du pH.

I1. Impact des NPs de fer sur le développement des plantes

Il s’agit au travers des travaux conduits d’étudier a la fois :

I’effet positif (nutritionnel) et toxique des NPs sur la croissance et la physiologie
des plantes. Cette étude s’est effectuée dans un premier temps via des tests de
germination permettant d’étudier les parametres de croissance de différentes
especes de plantes sans NPs-Fe et avec différentes concentrations de NPs-Fe sur
une période courte (1 semaine). Des expériences de culture en milieu
hydroponique ont ensuite permis d’évaluer le « potentiel » toxique et / ou
nutritionnel des NPs-Fe par des analyses physiologiques et biochimiques des
plantes. Les expériences ont été conduites sur différentes espéces végétales
d’intérét agronomique en faisant a nouveau varier les concentrations de NPs
administrées.

Enfin, des expériences de modélisation de systémes sol-plante en colonne de sol
ont permis d’étudier le comportement des NPs-Fe dans un sol, leur impact sur la

dynamique géochimique du sol (notamment en présence d’un élément trace (Cu)
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présent en exces dans le milieu), mais aussi I’impact de la présence de plantes sur
les propriétés physico-chimiques des NPs-Fe et celui des NPs-Fe elles-mémes sur

les plantes aprés 57 jours d’exposition.
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Colloidal and chemical stabilities of iron oxide nanoparticles
in aqueous solution: the interplay of structural, chemical
and environmental drivers.

E. Demangeat,® M. Pédrot,? A. Dia,” M. Bouhnik-Le-Coz,*F. Grasset,” K. Hanna,* M. Kamagate*

and F. Cabello-Hurtado®

Abstract

Nanoparticle (NP) stability in aqueous environments is dependent upon many parameters
including environmental conditions, NP concentrations as well as NP intrinsic characteristics.
In this study, the effects of pH and surface modifications on the colloidal and chemical
stabilities of nanosized magnetite (Fe;O4), maghemite (y-Fe,O3;) and hematite (a-Fe,Os) are
investigated. Because changes in surface charge affect the size distribution of NP, pH plays a
key role in driving the colloidal stability. More NP aggregation is observed at pH values close
to the pH of zero point of charge (pHzpc). Coating of magnetite with humic acid (HA) and
phosphatidylcholine (PC) affects the electrostatic interactions and then the colloidal behavior
of NP. The rapid transformation of magnetite into maghemite through air oxidation results in
significant modification of both surface charge and specific surface area of NP. Because the
maghemite almost exclusively formed pm-scale aggregates, the colloidal stability of
magnetite is expected to be hindered in oxic environments. For hematite, the particle size
distribution data emphasize the influence of both pH and intrinsic surface properties in the
colloidal stability. These findings may have strong implications for an accurate prediction of
the transformation and mobility of Fe-nanoparticles under environmentally relevant

conditions and thus their fate in nature.
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11.1. Introduction

Understanding the prevailing processes controlling chemical exchanges at soil/water
interfaces is an environmental priority with regards to their impacts on both ecosystems and
soil services, as well as water resources. Iron (Fe) oxides are ubiquitous minerals constituent
of soils, sediments, aquifers and geological materials" *. Their origin is also anthropogenic as
they are increasingly used in various fields such as for industrial, medical and environmental
purposes’®. Tron oxides nanoparticles (NP) respective stability, specific surface area, porosity,
dissolution rate as well as transformation kinetics are controlled by their mineral structure and
determine their fate and behaviour in the environment’. Amongst them, iron oxide
nanoparticles, which also occur as ubiquitous phases in both soils and waters, play a critical
role in the chemical dynamics resulting from environmental condition changes since nano
minerals are highly reactive® . In the natural conditions only a small fraction of engineered
iron oxide NP in its original form!'?. Biotransformation, oxidation/reduction, dissolution,
precipitation, sorption and photochemical transformation may occur amongst other

. . : 11, 12
biogeochemical driven processes

. In turn, this transformation can affect the aggregation,
mobility, biointeractions, uptake and fate of iron oxide NP in the environment as well as their
impacts on the living environment .

Engineered iron oxide NP will become new tools for the treatment of contaminated

waters and soils'®

. As compared to conventional macroscale materials, nanomaterials
exhibit a high surface-to-volume ratio and high reactivity. Thus, their colloidal size may give
them high mobility in porous media and their properties allow them to be particularly suitable
for the treatment of contaminated soils or aquifers. Iron oxide NP are involved in (i) the
dechlorination of organic solvents (CCly, C,CL), (ii) the detoxification of pesticides (such as
Lindane, DDT), (iii) the transformation of fertilizers (NOs’), and (iv) the immobilization of

metals and metalloids (As, Pb, Cr, etc.)m‘18

. If remediation projects using iron oxide NP are
currently focused on local-scale pollution, a scale change is initiated to act against diffuse
pollution. Moreover, their use in nano-agrochemistry could be developed in the years ahead
and would represent an intentional diffuse source of iron oxide NP within the environment .
A widespread use of iron oxide NP for in situ remediation or in agriculture also raises the
question of their environmental compatibility.

Amongst engineered iron oxide NP of environmental concern, magnetite (Fe;Oa),
maghemite (¥-Fe,Os) and hematite (a-Fe,Os3) are popular engineered iron oxide NP because

20-22
.I

of their biocompatibility and safety towards living organisms under certain conditions n
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particular, magnetite has shown an outstanding applicability in many research areas (e.g.,
semiconductor, magnetic resonance imaging, pigment, biomedicine, drug delivery,
heterogeneous catalysis, and environmental remediation)™ ** ** due to its unique magnetic
properties and easy manipulation for control of morphologies, particle size, and Fe'/Fe'

stoichiometry*® *’

. However, determination of magnetite compositions which is highly
sensitive to the preparation conditions is not a trivial task, particularly for nanoscale particles
with a higher surface-to-volume ratio. Magnetite compositions range, without modification of
crystal structure, from that of stoichiometric Fe;O4, with 8 Fe’* ions in tetrahedral and 8 Fe*"
+ 8 Fe’' ions in octahedral sites, to that of maghemite y-Fe'",0; (considered as an extreme
example of a non-stoichiometric magnetite) with only Fe’” ions in both tetrahedral and
octahedral sites. As compared to these iron oxides, hematite has only one type of cation, Fe*"
in its structure®® >’

In aqueous solution, iron oxides (IO) are amphoteric solids that acquire a surface charge
in the protonation and deprotonation reactions of Fe-OH surface sites. The ensuing
electrostatic, steric or combined stabilization layers that develop at the surface of the particles
are significant in driving iron oxide NP colloidal stability’’. The interfacial equilibrium at the
surface of iron oxide NP is thus affected by the adsorption and desorption of the various

constituents of the soil and soil solution in addition to the solution pH>"*?

. The surface charge
of iron oxide NP is also dependent upon their own structural organization such as isomorphic
substitutions, which give iron oxide NP permanent charges.

As part of the Natural Organic Matter (NOM) occurring within soils and waters,
macromolecular polyfunctional humic acid (HA), which displays a particular affinity for
metal ions and their various acidic functional groups (carboxylic, phenolic, carbonyl), favours
the formation of surface complexes on the Fe-OH sites of iron oxides via chemisorption™>. As
a consequence, interactions between iron oxide NP and HA should be further investigated.
Several studies have shown that, in aqueous solution, the HA coating on iron oxide NP likely
imparts a negative charge to the nanoparticle surfaces, increasing their surface potential and

34-36

the ensuing propensity to stabilize iron oxide NP against aggregation™ . Nevertheless, Hadju

1.37

et al.”’ demonstrated that coating magnetite with HA could either foster or hinder Fe;O4-NP

colloidal stability depending on the amount of HA present at the mineral surfaces. Other
natural constituents such as amphiphilic phospholipids (integral major component of cell
membranes) likely affect iron oxide NP stability. Using phospholipids as a coating on pyrite
surfaces, Hao et al.’® demonstrated that surface-bound lipids inhibit the iron core from

38,39

oxidizing, even in the presence of bacteria, by forming a hydrophobic pocket ™ . In addition,
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several authors have shown that a phospholipid coating likely decreases nanoparticle size

: : . L 1,040, 41
dispersion and favours narrow-sized nanoparticles™”

. Furthermore, the instability of
magnetite in air causes NP to undergo a partial oxidation to maghemite (y-Fe>O3), ending up
with a core-shell structure in which the thickness of the oxidized layer is a function of the

42, 43

particle size . This phase transformation directly affects the surficial properties and

internal characteristics of NP, which are deeply involved in driving iron oxide chemical
stability and reactivity** .

In the environment, soils and soil solutions are prior interfaces for iron oxide NP
interactions*® occurring at mineral surfaces and in water. In addition to particle interactions,
NP are prone to various chemical and physical modifications which foster the complexity of
the reactions and likely affect both NP stability and reactivity. Electrostatic, steric or
combined electrosteric forces can result from these interactions and promote repulsive forces
whereas Van der Waals and magnetic dipolar interactions foster attraction between particles
that likely aggregate. The intrinsic physicochemical properties of iron oxide NP (size, shape,
surface area, chemistry, superparamagnetism, etc.), their ensuing high reactivity, together
with the surrounding solution composition (dissolved species, pH, ionic strength, nanoparticle
concentration), are the main drivers of iron oxide NP chemical and colloidal stability in
aqueous media*”**,

Considering the geochemical, biological and technological significance of iron oxide
NP*, understanding the mechanisms of their stability may turn out to be relevant to unravel
the fate and behaviour of iron oxide NP in the environment as well as their impacts on living
organisms. Therefore, the aim of this work is to investigate the dual colloidal and chemical
stability of magnetite NP in order to (i) understand the effects of their intrinsic properties
(size, morphology, surface chemistry) and those of the environmental drivers (especially the
effect of pH) on their aggregation state, (ii) assess the oxidation kinetics of magnetite, (iii)
investigate the link between colloidal and chemical stability of NP, as well as (iv) identify the
resulting environmental impacts. Hematite has also been studied to better understand the
impact of intrinsic structural properties on iron oxide NP colloidal stability as the structure of
hematite differs from both magnetite and maghemite. Indeed hematite NP size and
morphology as well as internal crystal structure, generally confer a higher stability and
crystallinity to the oxide. Last, the method we chose to study the iron oxide NP aggregation
state allowed us to study their size distribution over a wide range of sizes (that spread from
one tenth of a nm to pm-scale aggregates) which allowed us to determine NP behavior in a

context comparable to those observed in natural waters.
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I.2. Experimental
1.2.1. Iron oxide nanoparticles and coated magnetite NP
[1.2.1.1. Synthesis of bare iron oxide NP

Magnetite (Fe;O4) was prepared by the co-precipitation of iron salts according to the
modified literature procedure > °'. In brief, FeCl,.4H,0 (1.988 g) and FeCl;.6H,O (5.406 g)
were dissolved in 5 mL HCI (2 M) and 20 mL H»O, respectively, and then mixed with
magnetic stirring to obtain an iron solution with a molar ratio of Fe(Il)/Fe(Ill) = 0.5.
Magnetite NP were then precipitated by the dropwise addition of the iron salt solution into a
0.7 M NaOH-NaNO; base solution (250 mL). The black precipitate was left to settle in
anaerobic conditions for a few hours to get rid of the supernatant. Three washings were then
conducted in anaerobic conditions with deoxygenated deionized water and 5 10° M NaCl
solution.

Maghemite (y-Fe,O3) was synthesized following the method of Anna et al.”?, through
the oxidation of the previously synthesized magnetite by adding 5 wt% NaOCI aqueous
solution (16 mL) and sonicating for 2 hours. The solid product was magnetically separated
and washed with water.

Hematite (a-Fe,O;) was synthesized by the forced hydrolysis of acid Fe(Ill) salt
solutions at 98°C from 0.02 M Fe(NOs3); following the protocol described in Schwertmann &
Cornell (2003)".

[1.2.1.2. Coatings with humic acid and phosphatidylcholines

Fe;04-NP were coated with HA (Elliott Soil Humic Acid Standard 1V) and PC (1, 2-bis
(10, 12-tricosadiynoyl)-sn-glycero-3-phosphocholine - CAS Registry Number: 76078-28-9) to
model a natural surface modification. The coating was carried out by physical interactions
between the dissolved organic species (HA and PC) and a concentrated fraction of the Fe;Oa-
solution. Humic acid (0.2 g) was dissolved in 10 mL NaOH (1 M) and the obtained HA-
solution was completed to 56 mL with deionized water. A similar PC-solution was obtained
by dissolution in deionized water and ultrasonication. Fourty-four mL ofa 6.0 g L Fe;04-NP
solution was then added to each organic stock solution and each 100 mL of solution was
shaken for 48 hours. At the end of the interaction, five washings were performed to remove

the uncoated materials present in the supernatant after centrifugation.
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[1.2.1.3. Nanoparticle mass concentration measurement

The concentration of the iron oxide NP solution was inferred from the ICP-MS
measurements of iron on triplicate samples for the iron oxide NP solutions and then
recalculated regarding the total theoretical iron content of the minerals. Each NP sample was
digested with sub-boiled nitric acid (14.6 M HNOs) at 85°C, and then re-solubilized in 0.37 M
HNO; after complete evaporation before measurement. Major- and trace-element
concentrations were determined by ICP-MS (Agilent 7700x), using rthenium and rhodium as
the internal standard. The international geostandard SLRS-5 was used to check the validity

and reproducibility of the results>.

Figure. 1: High Resolution TEM (HRTEM) images of a) Fe30,, b) y-Fe,0;, c) a-Fe203, d) HA-Fe;0,4 and e) PC-
FE304

11.2.2. Characterization
11.2.2.1. Size, morphology and surface properties

The morphology and individual particle size of Fe;O04, HA-Fe;04, PC-Fes0s, y-Fe 03
and o-Fe,O3; were determined using High Resolution Transmission Electron Microscopy (HR-
TEM) with a JEOL2100F (voltage 200 kV). Specimens were prepared by drop-casting diluted
Fe-NP suspensions on 300 mesh Au-grids supported with carbon film. The specific surface
area of the iron oxides was determined by multipoint No-BET (Brunauer Emmett Teller)
analysis using a Coulter (SA 3100) surface area analyzer. The pH of zero point of charge was
determined by potentiometric titrations, which were conducted with 1 and 2 g L™ of solid at
three jonic strengths (102, 5.10%, and 10" M of NaCl). The suspension was purged with
nitrogen gas to remove CO; in a double-walled Pyrex cell, which was kept at constant
temperature by circulating water from thermostat. Titrations were conducted from 4 to 10 by
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addition of titrant solutions (HCI or NaOH). Synthesized NP were characterized using X-ray
powder diffraction (XRD). XRD data were collected with a Johanson monochromator using
CuK, radiation (A = 1.5406 A). The X-ray diffractograms were found to be identical with the
expected oxides. Laser particle size analyses allowed the characterization of the size
distribution of magnetite, maghemite, hematite and HA- and PC- coated magnetite to study
the colloidal stability and, conversely, their aggregation behaviour. Assuming measurements
on spherical particles, the technique provided sizes amongst the 100 size classes detected,
which spread from 0.04 um to 2500 pm. Analyses were performed by the laser diffraction
technique on a Cilas1180 analyzer. Measurements were taken on each bare iron oxide (Fe;Os,
y-Fe;O; and a-Fe;Os) and coated magnetite (HA-Fe;O4 and PC-Fe;04) at five different pH
values (pH = 3, 4, 5, 6, 7.5). Then, the pH was equilibrated with HC1 and NaOH solutions (0.1
M and 0.1 M to 1.0 M, respectively) until the target pH was reached.

Table 1: Physicochemical properties of a) Fes0,4, b) y-Fe,05; and c) a-Fe,0; obtained from TEM, BET
analyses and potentiometric titration.

NP TEM (nm) | BET (m’g'1) pHzpc
Magnetite 7+2 115 58
Maghemite 6t2 131 7-84

. 28t5
H tit
ematite 30+ 5 49 8.2
11.2.2.2. ATR-FTIR

Attenuated total reflectance-Fourier transform infrared (ATR-FTIR) spectra were recorded
in the 780 - 1800 cm™ region on an IS50 Nicolet spectrometer equipped with a KBr beam
splitter and a liquid Nitrogen cooled MCT (Mercury Cadmium Telluride) detector. A nine-
reflection diamond ATR accessory (Durasampl/R ™, SensIR Technologies) was used for
acquiring spectra of wet samples. The resolution of the single beam spectra was 4 cm™. Prior
to ATR-FTIR analyzes, tubes containing coated NP were centrifuged at 4110 RCF for 30 min.
Wet mineral pastes were directly and uniformly applied to the diamond ATR crystal then
covered with a lid of a flow-through cell to prevent the evaporation of water. ATR-FTIR
spectra were then recorded immediately.

To monitor potential dissolution of NP, aliquots were collected at each pH value,

centrifuged and the supernatants were filtered using 5 KDa ultrafiltration cells (from
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Sartorius) in order to stop NP on the filter. ICP-MS was then performed to measure total iron

concentration.

[1.2.2.3. Oxidation kinetics
A NP suspension (2.5 g L™), prepared in anoxic conditions, was placed outside the glove
box under air ambient environment to monitor the oxidation. The total Fe(IT)/Fe(IIl) ratio in
suspension was then analyzed versus time over nine days. For each sampling, two aliquots
were placed in an anaerobic chamber: the first aliquot contained bulk solution and the second
was filtered (0.2 pm, Whatman). NP suspension was dissolved during 12h using 0.6N HCI
while filtered NP were directly dissolved. Dissolved Fe(II) and Fe(IIl) concentrations were

then determined using the phenanthroline method>* **

and the bulk Fe(II) content turned out
to be very close to that determined by acid digestion on the filtered solid. The amount of
magnetite bound-Fe(Il) ([Fe(Il)] bound = [Fe(Il)]tot — [Fe(Il)]aq) was used to calculate the
effective Fe(Il)/Fe(III) ratio (denoted as (Fe(II)/Fe(I1I)) bound) in magnetite which was shown

to vary with pH, as reported in Cheng et al.>

. [Fe(II)]tot is the total concentration of Fe(Il) in
the suspension (solid + solution) and [Fe(Il)]aq is the dissolved concentration of Fe(II),

measured after filtration (0.2 um, Whatman) of the magnetite suspension.

Il. 3. Results and discussion

11.3.1. Iron oxide NP physicochemical properties
HR-TEM analyses provided images to assess the individual sizes and shapes of the
nanoparticles (Fig. 1). Magnetite and maghemite oxides both displayed rounded shapes and
similar sizes with average diameters of 7 + 2 nm and 6 + 2 nm (Table 1), suggesting that the
oxidation of magnetite to maghemite did not impact the particle size. Accordingly, BET
surface area for maghemite (131 m?g™") is relatively close to that of magnetite (115 m2g™)
(Table 1). Hematite displayed different morphologies with thombohedral shapes measuring
28 nm-wide and 39 nm-long on average, with a surface area of 49 m2g" (Table 1). No
significant changes were reported for neither HA- nor PC-coated magnetite from TEM
images, suggesting that the coating process did not modify the morphology of magnetite.
Although the surface area was not determined for coated materials, no significant

modification is expected, according to previous findings’’.
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11.3.2. ATR-FTIR spectroscopy

The IR spectrum recorded for of Fe;O4, HA-Fe;04 and PC-Fe;O4 showed successful
coating of HA and PC on magnetite surfaces (Fig. 2). In the spectra of HA-Fe;O4, the
presence of an acid carboxylic group was proven by the vibrational bands at 1410 cm™ and
1614 cm™ > In the spectra of PC-Fe;0s, the absorption bands at 1239 cm™, 1088 cm™ and
970 cm™ were assigned to the presence of the PO4> group, suggesting that PC was coated on

the magnetite surface®" .

— PC-magnetite HA-magnetite

1614

1410
- 970

=]

m ®
o~ o
= —

Absorbance [a.u.]

A

1780 1580 1380 1180 980 780

Wavenumber {cm-1})

Figure 2: ATR-FTIR spectra of HA-magnetite and PC-magnetite in the range 780-1800 cm™ obtained from
05¢g L™ NP suspensions at pH= 6.

11.3.3. Oxidation kinetics

The variation of total Fe(II)/Fe(Ill) ratio versus time for magnetite suspension exposed
to air is characterized by a two-steps’ behavior. Over the four first days (0-96 h), a sharp
decrease in total Fe(II)/Fe(III) ratio was observed (from 0.46 to 0.09). During this first stage,
the bound Fe(II)/Fe(IIl) ratio was also decreased for magnetite as represented by red symbols
in Figure 3. Then, the total Fe(II)/Fe(Ill) ratio slightly decreased beyond 5 days to reach 0.09
at the end of the experiment (236 h). As expected from the magnetite solubility at pH = 7.5,
very little difference was observed between the total and bound Fe(II)/Fe(I1I) ratios.
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Figure 3: Evolution of the total Fe(ll)/Fe(lll) ratio (blue circles) and bound Fe(ll)/Fe(lll) ratio (red
diamond) as a function of time. The reaction was performed with 2.5 g L'* magnetite NP at pH = 7.5 in
oxic conditions.

11.3.4. Aggregation state

To assess the effect of pH and the effects of coating, laser diffraction analyses were
performed on each iron oxide (Fe;Os, HA-Fe;04 PC- Fes04, y-Fe;Os and a-Fe,0;) at five
different pH values. For all experiments, the aggregation state was associated with the size
distribution of the NP, which was described by considering the evolution of the sizes (based
on number analyses) with the pH, occurrence rate and the polydispersity of the sizes (PDI,

size range, mode and mean) of each iron oxide NP.

Magnetite HA-Magnetite PC-Magnetite Maghemite Hematite
pH 6 5 4 3 75 5 4 7.5 6 5 75 5
0.04-0.4;|0.04- 04; 0.04-04;10.04 - 0.4;10.04 - 04;0.04 - 04;(0.04 - 04;(0.04 - 0.4;| 0.5 -0.7; 0.04-04;
R U 0 _ B 0
ange (um) [ 1 6-32 | 904 18| 11219 | 12-45 | 1.1-40 | 16-56 | 16-28 | 16-28 | 1.1-28 | 9946 [ 11 15
Mode (pm) | 0.04 0.04 0.04 0.04 0.04 0.04 0.04 0.04 0.04 8 14 0.04
Mean (um) 13 0.9 0.4 06 1.1 038 13 4.1 1.1 6.8 13 05
Median (pm)| 0.07 0.04 0.04 0.07 0.07 0.04 0.07 0.2 0.04 7 12 0.04
PDI 138 2.74 13 5 19 3.4 13 0.56 2.06 0.72 438 76

Table 2: Size distribution characteristics of each NP at some typical pH (aggregation state versus colloidal
stability). The table shows the size-range, mode, mean size, median value and the PDI (polydispersity index) of
magnetite, HA-coated magnetite, PC-coated magnetite, maghemite and hematite. High PDI have values up to
1.0 and very high PDIl are up to 2.0.



11.3.4.1. Effects of pH

The impact of pH on particle size distribution provides valuable information that could
be used to distinguish the colloidal stability from the aggregation state of the various NP
(Table 2). The different pH-dependent configurations highlighted the role of pHzpc in
controlling NP aggregation through electrostatic interactions (Fig. 4). The effect of pH was
studied by considering the evolution of the size distributions into four size classes (Fig. 4).
The fractions were defined with regards to the most common sizes (representability) and
depending on the way they vary with pH. However, it should be noted that fractions are not
fully comparable to one another, as they were not spread out equally (i.e. fraction >0.4 pm
(um-scaled size class) as compared to 40-100 nm fraction (nm-scaled sizes)). The full-size
distribution diagrams obtained from laser particle analyses as well as the precise occurrence
rates (detectors) are provided in the Electronic Supporting Information (ESI).

It is worth noting that the total dissolved iron content was only detected in magnetite
suspension at pH = 3 and pH = 4 (90 and 23 pmol L™ respectively). These values correspond
to 1.4 % and 0.4 %, respectively, of the total iron amount in NP suspension. For HA- and PC-

magnetite samples, no dissolved iron was detected regardless of the investigated pH.

Magnetite. The NP size distribution displayed two size distribution configurations: at
pH =5, 4 and 3, magnetite NP showed colloidal stability as compared to their size distribution
at pH = 6 and 7.5. Magnetite size distribution at acidic pH was characterized by a high
proportion of small NP (<0.04 pm), and the occurrence of few dispersed pm-scaled
aggregates (with sizes ranging between 1.6 um and 32 pm). Such distribution allowed a large

amount of NP not to sediment, as defined by Buffle et al.”’

. When the pH increased to 6 and
7.5, the number of coarser 100-400 nm and 40-100 nm-sized aggregates all increased as the
proportion of small aggregates decreased. This is consistent with the measured pHzpc = 5.8
(in accordance with previously published values®), since aggregation is commonly favoured at
pH close to the pHzpc. Therefore, particles exhibiting negative charges likely formed coarser
aggregates when the pH approached the pHzpc because of favorable electrostatic

interactions®*.
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Figure 4: Evolution of the size-class proportion with pH for a) magnetite, b) HA-magnetite, c) PC-
magnetite, d) maghemite and e) hematite.

HA-Magnetite.  HA-magnetite nanoparticles displayed both a continuous size
distribution (pH = 4 to pH = 7.5) and a dual size distribution (pH = 3). In both cases, fraction
below 0.04 um was more important but their proportion decreased as the pH decreased from
pH = 4 to 3. This decrease was accompanied by a slight increase in 40—100 nm-sized fraction
and an increase in the proportion of coarser intermediate 100-400 nm NP size-class, which
appeared to be more dependent upon pH than other fractions. The occurrence rate of the
coarse aggregate fraction (> 0.4 pm and > 1.1 um) remained constant regardless of the pH,
hence a lower pH implied a moderated aggregation with small (< 0.04 pum) particles
aggregating in only slightly coarser (0.05-0.4 um) aggregates. Thus in HA-coated iron oxide
NP, HA appeared to be an effective organic stabilizer towards iron oxide NP as previously
demonstrated®> ®°,

PC-Magnetite. PC-magnetite nanoparticles highlighted two size distributions depending
on the pH. At pH = 6 and 5, the size distribution was similar to that of bare magnetite at acidic

pH (pH = 3 and pH = 4) where the colloidal stability displayed its maximum. At pH = 7.5, 4
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and 3, Fe;04-PC showed a similar size distribution to bare magnetite at pH > 6, when it
aggregated. When the pH decreased to pH = 4 and pH = 3, small aggregates (< 0.04 um) were
still the most common but in a lower proportion which was compensated by a higher amount
of the three other coarser size fractions (in order: 40-100 nm; >1.6 um and 100-400 nm).
Although 100-400 nm-sized aggregates were still the least common, this fraction was the
most sensitive to pH as its proportion more than doubled from pH 6 and 5 to pH 4 and 3.
Maghemite. The size distribution displayed three configurations as distinct fractions
whose proportions were strongly controlled by the pH. At a weak basic pH (pH = 7.5), the
distribution was highly polydispersed and made up of coarse aggregates (> 0.4 pm), which
spread over a large size range. Maghemite NP displayed colloidal stability at pH = 6 with a
size distribution similar to that of magnetite. However, when the pH decreased to a more
acidic pH (pH = 5, 4 and 3), small-sized NP and NP aggregates disappeared to form much
coarser aggregates with almost exclusively pm-scale sizes (>1 um). Thus, the maghemite size

67, 68 .
708 as it became

distribution would be in good agreement with a high pHzpc close to 7.5
coarser than at pH = 6, but the high aggregation observed from pH = 3 to 5 suggested the
possible implication of parameters other than electrostatic interactions to drive maghemite
colloidal stability.

Hematite. The hematite size distribution showed two pH-dependent size distribution
patterns. At pH = 7.5, the sizes were continuously distributed with a unique narrow size range
composed of coarse homogeneous sizes displaying high polydispersity (multimodal
distribution centered on 1.4 um). When the pH decreased to pH = 6 and lower, the pH
drastically modified the hematite size distribution to a more stable aggregation state®
characterized by a monomodal distribution (0.04 um) and higher abundance of finer particles

(< 0.4 pm). In accordance with the hematite pHzpc at pH = 8.2, hematite NP tended to
aggregate when the pH reached pH = 7.5.

. 3.4.2. Effects of coating
The physico-chemical characteristics obtained from the combination of HR-TEM and
ATR-FTIR showed that HA have been successfully coated onto magnetite NP. According to
HR-TEM images, HA coating on magnetite did not affect the original morphology and size of
the precursor NP. As the surface modification with HA provided primarily acidic functional
groups, the HA-coated magnetite pHzpc likely decreased to a lower pH (pHzpc = 2.3).
Accordingly, magnetite-HA promoted colloidal stability from pH = 7.5 to pH = 4 because of

repulsive electrostatic interactions. The aggregation observed at pH = 3 - close to the new
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pHzpc - would then be explained by the lack of negative surface sites to compensate for the
protonation induced by the H concentration increase in the aqueous solution. Both HA and
bare magnetite evidenced that the proportion of their size- fractions was strongly controlled
by the pH, which induced either colloidal stability or aggregation. Nevertheless, HA coating
promoted smaller-sized aggregates as well as a narrower size distribution and more
homogeneous stable sizes (especially for coarser particles (>0.4 pum)) compared to bare
magnetite (Table 2). This enhanced stabilization may stem from a HA steric barrier that
helped maintain a space between the particles to prevent the aggregation of NP'* "',

Similar to the HA coating, the PC surface modification did not affect the size and morphology
of magnetite. Magnetite coated with PC displayed a different colloidal behaviour as compared
to bare magnetite. As PC imparted both negative and positive surface groups on the surfaces
of the NP (glycerophosphate group, trimethylethanolammonium group), and because of the
complex and heterogeneous surface structures that are generated by adsorbed PC’?, PC-coated
nanoparticles likely displayed variable colloidal behaviours. As compared to magnetite, PC-
NP showed similar size proportions and repartition although the magnetite-PC coarse fraction
displayed a few large aggregates (hence its wider size range, see Table 2) regardless of the
pH. PC-NP were thus probably able to form highly contrasted structures (according to their
size) suggesting that PC-coated magnetite did not entirely depend on electrostatic interactions

. 2
but also on steric forces’>.

II. 3.4.3. Effects of iron oxide intrinsic physicochemical properties

The oxidation of magnetite (Fe;O4) to maghemite (y-Fe,O3) did not change morphology
and particle size. Maghemite still displayed a higher surface area (131 m? g”') than magnetite
(115 m? g") and oxidized NP very likely yielded intrinsic compositional differences. These
modifications probably resulted in a higher surface potential thereby explaining the variable
size distributions observed as the pH changed. Maghemite NP aggregation was favoured at
acidic pH (equal or below 5), which would be in good agreement with their high surface
potential. Indeed, the tendency to form large aggregates at these pH values likely resulted
from a high energetic barrier that had to be overcome at the mineral surfaces’”. Indeed,
increasing NP surface to volume ratio leads to a higher surface energy which induces
aggregation between particles. As hematite displayed a much lower surface area, the higher
colloidal stability observed over a wide pH range may result from a lower energetic barrier at
the surface of the particles in accordance with NP having a relatively lower surface potential.

Hematite stability would thus be related, in part, to its smaller surface area and surface
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potential. However, the typical aggregation behaviour of hematite NP displaying coarse
aggregates with homogeneous sizes suggests that other mechanisms are involved at basic pH.

Further investigations are thus needed to fully assess iron oxide NP colloidal stability’*”°.

[1.3.4.4. Environmental perspectives

Aggregation and stabilization have significant effects on the mobility, reactivity and
environmental fate of NP. Once released in surface waters, unstable particles tend to
agglomerate, sediment or flocculate or they preferentially adsorb onto bigger particles or
surfaces’’. As a result, aggregated NP that form larger colloids with a possible smaller surface
area are less easy to transport and do not get through the soil as easily as smaller particles’®,
As aggregated NP become less mobile, they may become more ineffective in acting as
nutrient carriers’. It is also more difficult for these colloids to be taken up by plants and
living organisms as they are less soluble than their smaller counterparts®. The dissolution of
NP induces the mobilization of ions which are likely complexed with molecules that foster
their absorption by plants and animals. In addition, depending on their concentration and
speciation as well as on the physiology of the organism that absorbs it, metal atoms or ions
can be either positive nutrients or toxic elements. On the other hand, aggregation may directly
affect NP toxicity towards living organisms since smaller NP have been shown to penetrate
the cell walls of certain species more easily®" **.

Considering the pH effect, the physicochemical properties of the soil solution have to be
considered in order to accurately assess the fate of NP in the environment. NP intrinsic
properties, such as their surface chemistry, are also of prime importance since they are
involved in both electrostatic and steric interactions, which may impact their dispersion,
bioavailability and biocompatibility®.In natural waters and surficial aerobic environments,
NP likely undergo many surficial modifications and become embedded in matrixes or
functionalized with specific molecules®’. As a result, these attached molecules can both
passivate and/or confer their own properties to mineral surfaces; e.g. polyanionic HA coating
on magnetite, resulting in a lower pHzpc and enhanced colloidal stability. In addition, HA
coating - as well as PC covering - might passivate iron oxide NP surfaces to yield a steric
barrier that prevents Fe leakage from mineral surfaces and the ageing of the magnetic core by
oxidation. HA, which are ubiquitous in most aquatic systems, display a specific affinity for
iron oxide NP as well as trace elements and therefore HA-iron oxide NP complexed structures

may also enhance ETM adsorption to NP. However, although natural coatings demonstrated
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improved iron oxide NP stability and reactivity, their effects depend upon the amount and
chemical composition of the substances®.

The rapid oxidation of magnetite into maghemite is important since iron plays an active redox
catalytic role in many energy transfer and electron transfer processes®™*’. The iron oxide
redox state also plays a key role in specific anaerobic environments where Fe(Il) and Fe(III)

are used as energetic catalysts for bacteria®® *

. Finally, the transformation of magnetite into
maghemite is also relevant considering its adsorption capacity towards environmental
compounds™. Several questions are raised from these environmental considerations,

especially, what are the impacts of these modifications regarding iron oxide NP reactivity?

Il. 4. Conclusions

The pH appears to be a key driver in controlling iron oxide NP colloidal behaviour as
resulting from protonation and deprotonation reactions of surface hydroxyl-groups. Surface
modifications also implied considerable effects on iron oxide NP colloidal stability as they
promoted electrostatic interactions. In contrast to PC, HA was shown to be particularly
efficient in enhancing magnetite colloidal stability. Magnetite seems to be highly unstable in
aerobic conditions. The oxidation of magnetite into maghemite modified its surface chemistry
and surface area, and these modifications resulted in higher aggregation at most pH values.
Compared to maghemite, hematite appeared to be less sensitive to pH and displayed a lower
surface area and surface potential. Both hematite and maghemite displayed high aggregation
size distributions at different pH values.

Considering the widespread use of iron oxide NP and their subsequent release in the
environment, their fate and behaviour in soils and natural waters raise many environmental
questions not only in terms of their possible impacts on living organisms but also for their
mobility and fate in ecosystems. Therefore, more attention should be paid for the
understanding of colloidal and chemical stabilities of iron oxide NP as it is likely involved in

many major interactions within the environment.
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Supporting Information

Figure S1 - Size distribution diagrams from laser particle analyses
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Tables S1: Occurrence rates measured on each detector from laser particle size analyses

Caption: 5%
>1%
0.1-1%
<0.1%

Magnetite

size (um) 0.04 0.07 01 02 03 04 05 06 07 08 09 1 11 12 13 14 16 1.8

3.70 6.23 3.35 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.28 0.84
1.68 2.95 1.61 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.14 0.44
1.68 3.02 1.64 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.16 0.50
1.69 3.05 1.65 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.16 0.48

2

1.32
0.69
0.73
0.73

22 24 26
1.68 2.16 2.62
1.78 2.19 2.58
0.89 1.11 1.32
1.00 1.195 1.48
0.97 123 1.48

6 65 7 75 8 85 9 10 11 12 13 14 15 16 17 18 19 20

0.64 068 0.61 123 1.12 1.07 1.00 0.97 0.92 0.41 0.39 0.32 0.31 0.25 0.22 0.19 0.15 0.16 0.11 0.12
0.61 0.62 0.59 1.15 1.12 1.03 1.00 1.02 0.92 0.41 0.39 0.32 0.31 0.25 0.22 0.19 0.15 0.16 0.11 0.12
0.35 0.42 0.41 0.91 0.90 0.83 0.84 0.80 0.74 0.34 0.32 0.24 0.23 0.20 0.17 0.14 0.1 0.11 0.11 0.06
0.39 048 0.50 1.11 1.04 1.08 1.01 0.98 0.93 0.42 0.37 0.34 0.26 0.28 0.17 0.18 0.15 0.10 0.11 0.06
0.41 0.51 0.52 1.11 1.08 1.076 1.01 1.03 0.93 0.42 0.37 0.31 0.30 0.24 0.17 0.18 0.15 0.10 0.11 0.06

22
0.03
0.03
0.03
0.06
0.06

25
0.02
0.02
0.00
0.00
0.00

28 32
0.00 0.02
0.00 0.023
0.03 0.00
0.03 0.00
0.03 0.00




Magnetite-HA

size (um) 0.04 0.07# 01 02 03 04 05 06 07 08 09 1 11 12 13 14 16 18 2 22 24 26 3
1.85 2.98 2.09 1.07 084 086 1.08 1.15 1.23 123 1.32 1.32 1.34 0.68 0.69 0.69 0.73 0.69 0.68 0.32
1.86 2.99 2.04 0.97 0.72 0.73 0.92 1.01 1.05 1.09 1.13 1.15 1.16 0.57 0.60 0.64 0.61 0.63 0.61 0.28
1.87 3.02 2.11 1.09 0.83 0.85 1.02 1.11 1.18 1.18 1.22 1.25 1.27 0.61 0.64 0.66 0.67 0.66 0.64 0.30
1.87 3.01 2.13 1.11 0.86 0.90 1.09 1.15 1.20 1.27 1.25 1.32 1.30 0.66 0.67 0.69 0.70 0.69 0.68 0.30
4.06 6.47 3.61 0.00 0.00 0.00 0.00 0.00 0.00 0.41 0.64 0.90 1.15 0.76 1.06 1.24 148 1.62 1.72 0.87

6 65 7 75 8 9 10 11 12 13 14 15 16 17 18 19

0.09 0.08 0.07 0.11 0.12 0.13 0.09 0.1 0.05 0.06 0.03 0.03 0.00 0.04 0.00 0.00 0.05 0.00 0.00
0.08 0.07 0.05 0.11 0.12 0.09 0.09 0.1 0.05 0.03 0.03 0.03 0.00 0.04 0.00 0.00 0.05 0.00 0.00
0.08 0.08 0.07 0.11 0.12 0.09 0.09 0.1 0.1 0.03 0.03 0.03 0.00 0.04 0.00 0.00 0.00 0.05 0.00
0.09 0.08 0.07 0.11 0.12 0.13 0.09 0.1 0.05 0.06 0.03 0.00 0.04 0.00 0.04 0.00 0.00 0.05 0.00
0.31 0.26 0.23 0.41 0.35 0.33 0.25 0.27 0.23 0.09 0.07 0.07 0.04 0.04 0.05 0.05 0.00 0.00 0.06




Magnetite-PC

size (um)

0.04 0.07 0.1

3.78
1.65
1.65
3.81
3.79

6.50
2.86
2.86
6.56
6.57

3.56
1.61
1.61
3.52
3.53

0.00
0.00
0.00
0.00
0.00

0.00
0.00
0.00
0.00
0.00

0.00
0.00
0.00
0.00
0.00

02 03 04 05 06 07 08 09

0.00
0.00
0.00
0.00
0.00

0.00
0.00
0.00
0.00
0.00

1
0.00
0.00
0.00
0.00
0.00

1.1
0.00
0.09
0.09
0.00
0.00

1.2
0.11
0.24
0.24
0.00
0.00

1.3
0.27
0.37
0.37
0.00
0.00

1.4
0.46
0.57
0.57
0.00
0.00

1.6
0.49
0.45
0.45
0.28
0.30

1.8
0.92
0.71
0.71
0.88
0.90

2
1.33
0.94
0.94
1.19
1.24

1.73
1.16
1.16
1.54
1.57

22 24 26

2.1
1.38
1.38
1.76
1.86

2.49
157
1.57
1.99
2.06

3
1.39
0.84
0.84
1.05
1.09

6 65 7 75 8 85 9 10 11 12 13 14 15 16 17 18 19 20 22 25 28 32
0.63 0.67 0.614 1.17 1.05 0.99 0.87 0.77 0.76 0.29 0.23 0.21 0.15 0.13 0.09 0.1 0.051 0.05 0.06 0.00 0.00 0.02 0.00 0.00
0.34 0.39 0.36 0.75 0.73 0.65 0.70 0.59 0.58 0.26 0.22 0.21 0.15 0.12 0.09 0.09 0.1 0.05 0.00 0.06 0.00 0.00 0.00 0.00
0.34 0.39 0.36 0.75 0.73 0.65 0.7 0.59 0.58 0.26 0.22 0.21 0.15 0.12 0.09 0.09 0.1 0.05 0.00 0.06 0.00 0.00 0.00 0.00
0.40 0.42 0.43 0.90 0.89 0.91 0.92 0.93 0.98 0.44 0.43 0.39 0.39 0.34 027 0.29 0.21 0.22 0.17 0.12 0.03 0.02 0.03 0.00
0.41 0.45 0.44 0.93 0.92 0.95 0.96 0.97 0.98 0.44 0.42 0.39 0.39 0.29 0.32 0.24 0.20 0.16 0.17 0.12 0.03 0.02 0.03 0.00
36 38 40 45 50 53 56
0.00 0.00 0.00 0.00 0.00 0.05 0.00
0.00 0.00 0.06 0.00 0.00 0.00 0.00
0.00 0.00 0.06 0.00 0.00 0.00 0.00
0.00 0.00 0.00 0.00 0.03 0.00 0.00
0.00 0.00 0.00 0.00 0.00 0.00 0.06




Maghemite

0.04 007 01 02 03 04 05 06 0.7 08 0.9

1

1.1

1.2

1.3

1.4

size (um)
pH7.5

pH6
pH5
pH4
pH3

2.02 431 231 0.00 0.00
1.70 2.96 1.63 0.00 0.00
0.00 0.00 0.00 0.00 0.00 0.00 1.67 1.12
0.00 0.00 0.00 0.00 0.00 0.00 2.07 1.45
0.00 0.00 0.00 0.00 0.00 0.00 1.86 1.35

0.00
0.00
0.19
0.36
0.41

0.00
0.00
0.00
0.00
0.00

0.00
0.00
0.00
0.00
0.00

0.00
0.00
0.00
0.00
0.00

0.00
0.00
1.28
1.32
1.03

0.00
0.00
1.90
1.96
1.60

0.00
0.00
2.43
2.49
2.13

0.00
0.00
2.87
2.92
2.61

1.6
0.11
0.07
1.63
1.64
1.58

1.8
0.31
0.18
2.00
2.03
2.10

2
0.56
0.26
2.41
2.49
2.66

22 24 26

0.83
0.38
2.77
2.95
3.22

1.14
0.42
3.33
3.66
3.94

1.33
0.50
3.96
4.50
4.72

3
0.80
0.28
2.35
2.76
2.78

6 65 7 75 8 85 9 10

11

12

(K

14

15

16

17

18

0.41
0.12
1.37
1.62
1.53

0.69
0.18
2.28
2.57
2.36

0.99 2.60 2.87 3.19 3.45 3.76 3.90 1.93
0.23 0.65 0.74 0.80 0.90 0.96 1.02 0.49

2.96 3.35
3.16 3.09
2.96 3.24

1.90
0.51
3.00
2.71
2.89

1.85
0.46
2.59
2.28
2.46

1.76
0.46
2.21
1.86
2.04

1.57
0.41
1.82
1.50
1.66

1.44
0.35
1.48
1.20
1.33

1.23
0.28
1.17
0.96
1.08

1.10
0.30
0.91
0.74
0.85

0.91
0.21
0.73
0.58
0.67

19
0.78
0.17
0.54
0.44
0.50

20

22

25

0.68 0.23 0.1
0.18 0.032 0.02
0.43 0.13 0.04
0.33 01
0.38 0.12 0.03

0.03

0.07
0.03
0.02
0.01
0.02

0.02
0.00
0.00
0.00
0.00




Hematite

size (um)

3.75
1.35
1.73
2.04
2.27

1.40
0.62
0.85
1.00
1.16

0.04 0.07 0.1
2.11 0.55 0.50 0.35 0.94 1.39 1.98 2.81

0.26
0.19
0.29
0.35
0.44

0.09
0.15
0.22
0.32
0.42

6

0.02
0.09
0.18
0.25
0.38

02 03 04 05 06 07 08 09
3.75

6.5
0.00
0.12
0.33
0.41
0.70

3.56 0.00 0.00
3.53 0.00 0.00
3.50 0.00 0.00

0.00
0.00
0.00

1.1

1.2

1.3

1.4

0.15 0.42 0.65 0.89 1.13 1.35 1.55
0.00 0.00 0.00 0.35 0.61 0.87 1.11
0.00 0.00 0.00 0.24 0.45 0.69 1.01
0.00 0.00 0.00 0.53 0.83 1.13 1.48

1.6

4.87
0.88
0.77
0.73
0.99

1.8
4.86
1.03
1.09
1.1
1.33

2
4.71
1.15
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« Do surface transformations impact the reactivity of iron oxide nanoparticles? Insights from
copper binding and iron oxide dissolution », E. Demangeat, M. Pédrot, A. Dia, M. Bouhnik-le-
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Abstract

The oxidation of magnetite into maghemite as well as natural organic coatings are common
changes that affect the reactivity of iron (Fe) oxide nanoparticles (IONPs) in aqueous
environments, particularly in terms of the adsorption of trace elements (TEs). Consequently,
certain ubiquitous natural organic constituents such as humic acids (HA) and
phosphatidylcholine (PC), displaying a high affinity for both TEs and IONPs, could play a
critical role in the interactions involved between both compounds. The adsorption of copper
(Cu) onto four different IONPs was studied: magnetite nanoparticles (magnNPs), maghemite
NPs (maghNPs), HA- and PC-coated magnetite NPs (HA-magnNPs and PC-magnNPs).
According to the results, the percentage of adsorbed Cu (Cu%) increases with increasing pH,
irrespective of the IONPs. The impact of pH on Cu sorption highlights the role of
protonation/deprotonation reactions in Cu adsorption. Contrary to the other IONPs studied,
HA-magnNPs increase adsorbed Cu% at most pH values tested (pH= 3 to 7). The Freundlich
adsorption isotherm provides the highest sorption constant Ky (bonding energy) and n value
which supports a heterogeneous sorption process on HA-magnNPs. This heterogeneous
behavior highlights the existence of different sorption sites and/or different complexes formed
at the surface of magnNPs, which are relevant to understanding the speciation of TEs with

IONPs and different environmental organic constituents.
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Highlights:

e HA and PC coatings modified the surface chemistry of pristine NPs (surface
chemistry, surface charge) and the oxidation of magnetite NPs into maghemite
impacted its surface area and the Fe(II)/Fe(III) ratio.

e Adsorption of copper onto pristine magnetite and modified IONPs followed the
Freundlich isotherm which is a multilayer adsorption model and reversible adsorption
process.

e HA-coated magnetite (HA-magnNPs) displayed the largest Cu removal efficiency
showing that HA provided high affinity binding sites for Cu onto magnNP surfaces.

e The models obtained using Visual Minteq3.1 were consistent with the experimental
data (%Cu adsorbed) in modelling Cu speciation in the presence of IONPs at different
pH values.

e Magnetite and maghemite NPs underwent dissolution at acidic pH (3 and 4), whereas

both PC and HA-coated NPs prevented iron release from the coated oxides.

Graphical abstract:
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l1l.1. Introduction

For almost two decades, engineered nanoparticles (NPs), one of many nanomaterials,
have been revolutionary tools for human kind. Due to their nano-scale size, NPs display a
high surface to volume ratio and ensure high reactivity which provides them with promising
properties in many areas [1-3]. With their increasing production and widespread applications,
NPs are thus expected to enter the environment and possibly induce some concerning health
and environmental issues [4, 5].

More specifically, engineered iron oxide NPs (IONPs) display high reactivity, magnetic
properties and biocompatibility, which allow their use in many technical fields and
applications requiring a high degree of accuracy. Examples of these uses range from medical
therapies (cell labeling, drug delivery) [6, 7], imaging and recording technologies to
remediation methods and agricultural uses [8, 9]. In the environment, IONPs exist in various
forms, including magnetite, maghemite and hematite, which are the most common mineral
species [10].

Whether these materials are engineered or occur naturally, IONPs undergo various
modifications in surface ecosystems [11]. Phase transformations, affecting the whole mineral
structure, can stem from dissolution, precipitation, oxidation-reduction reactions,
photochemical transformations or other internal structural changes [12, 13]. In addition, co-
precipitation, sorption (ion exchange, complexation) and certain biotransformations can also
affect the interactions occurring at the surfaces of the IONPs and thus modify their reactivity
[14]. These transformations appear critical in determining the fate and behavior of IONPs in
the environment (i.e. aggregation, mobility, reactivity, biodegradability), as well as their
impacts on living organisms (bioavailability or toxicity) [15, 16].

IONP surfaces are the prime interface for the interactions that occur between IONPs and
the surrounding aqueous compounds, including solid minerals, organic debris,
microorganisms as well as soluble organic constituents and inorganic dissolved species (such
as trace elements, TEs). In aqueous environments, IONPs are amphoteric solids that acquire a
surface charge in response to the protonation and deprotonation reactions of the Fe-OH
surface sites [17]. Consequently, dissolved cationic species are attracted to IONPs at pH
values higher than their pHzpc (point of zero charge), where the surfaces of the IONPs are
negatively charged. Several studies have highlighted the affinity of TEs - such as Ni*", Cu®',
Zn*", Pb>", Cd*" and Co”" - for IONPs [18-20]. According to Hu and coworkers [21], metal

ion adsorption by magnetite involved both electrostatic attraction and ligand exchange at
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various pH conditions. However, the investigation of the mechanisms controlling IONP and
TE interactions requires the full consideration of the studied system since the adsorption of
TEs onto IONPs is dependent upon several geochemical parameters such as pH, ionic
strength, temperature and soil solution chemistry including the initial TE concentration and
the adsorbent (IONPs) concentration [22].

In addition, the specific properties of IONPs (especially their size, surface area,
morphology, and surface chemistry) do play a key role in cation adsorption [23]. These
intrinsic properties are likely changed when IONPs are released in natural environments
because of the numerous transformations that IONPs undergo as well as the interactions that
occur with many natural constituents and living organisms |24]. Once released into
ecosystems, nanomaterials may be coated with organic substances due to the pervasiveness of
these compounds in natural aqueous systems [25]. HA (humic acids) in particular display a
high affinity for magnetite, and the adsorption of HA onto magnetite NPs has been proven to
largely impact both the colloidal stability of IONPs [26-29] and their interactions with soil
solution species including several TEs [30-32]. Phospholipids, another ubiquitous organic
compound (integral major component of cell membranes) may also cover the surfaces of the
IONPs and interfere in the interactions between the TEs and IONPs. In aqueous medium,
phospholipids likely form lipid bilayers on mineral surfaces because of their amphiphilic
character and they can form various structures depending on the specific properties of the
phospholipid molecules [33]. Phospholipid coating can therefore impact the surface structure
of the IONPs and the ensuing interactions with molecules and metal ions via electrostatic and
hydrophobic interactions and/or hydrogen bonding [34]. In addition to surface coatings,
magnetite is also chemically unstable. The oxidation of magnetite NPs into maghemite NPs
has been extensively studied [35, 36] because of the ensuing structural and induced chemical
changes (especially, the Fe(Il)/Fe(Ill)molar ratio), which are of great concern for TE
adsorption [37].

The surface of the IONPs is a critical interface for TE dynamics. To understand the
behavior of TEs and iron NPs is a major issue because of the possible applications and
environmental and societal impacts associated with it [38]. TE and IONP interactions raise
major environmental issues such as water safety, soil (de-)contamination, sustainable
agriculture (plant nutrition, breeding), and more globally, the preservation of natural areas
[39, 40].

In this study, the adsorption capacity of four different IONPs was investigated using

copper (Cu) as a model metal contaminant. The IONPs included magnetite NPs (magnNPs)
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and its oxidized form, maghemite NPs (maghNPs). Pristine magnNPs were coated with HA
(HA-magnNPs) and PC (PC-magnNPs) to model natural surface transformations. Therefore,
the main objectives of the study were to: (i) discern the possible impact(s) of magnNPs
transformations in an aqueous environment, (ii) assess the role of surface properties in [ONP
reactivity, (iii) provide details about Cu(Il) adsorption onto bare magnNPs and modified
IONPs, and (iv) investigate the relationships that possibly exist between IONP surface

properties, their colloidal and chemical stabilities and Cu adsorption capacity.

lll. 2. Materials and methods
111.2.1. IONP synthesis and modifications
111.2.1.1. Magnetite-NPs: preparation and oxidation into maghemite

Magnetite (FesOs) nanoparticles were prepared according to modified literature
procedures [41, 42] via the anaerobic co-precipitation of Fe salts. Iron Chloride, FeCl,.4H,O
(1.988 g) and FeCl;.6H,O (5.406 g) were dissolved in 5 mL HCI (2 M) and 20 mL H,O and
then stirred to obtain a Fe solution at a Fe(II)/Fe(III) molar ratio = 0.5. MagnNP precipitation
was achieved by the dropwise addition of the Fe salt solution into a 0.7 M NaOH-NaNOj base
solution (250 mL). The black precipitate was left to settle under anaerobic conditions
(Jacomex glovebox) for several hours to get rid of the supernatant. Three washings were
conducted with deoxygenated deionized water and 5 10° M NaCl solution before storage
under anaerobic conditions.

Maghemite (y-Fe,Os) was synthesized following the method of Anna et al. [43] through
the oxidation of the previously synthesized magnetite by adding 5 wt% NaOCIl aqueous
solution (50% weight/volume) and sonicating for 2 h. The solid product was magnetically

separated and washed with deionized water.

[11.2.1.2. Surface coatings

MagnNPs were coated with HA (Elliott Soil Humic Acid Standard IV - IHSS) and PC
(1, 2-bis (10, 12-tricosadiynoyl)-sn-glycero-3-phosphocholine — Avanti Polar Lipid, CAS
Registry Number: 76078-28-9) to model that surface modifications that could occur in natural
areas. At first, HA (0.2 g) was dissolved in 1 M NaOH and the obtained HA solution was

completed to 56 mL with deionized water. A similar PC solution was obtained via the
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dissolution of PC (Fig. 1) in deionized water and ultrasonication. A 6 g L™ concentrated
magnNP suspension (44 mL) was then added to each organic stock solution and each 100 mL
of mixed solution was shaken for 48 h. At the end of the coating, three washings were
performed with deionized water to remove the uncoated materials present in the supernatant
after centrifugation. Each HA-magnNP and PC-magnNP suspension was diluted in NaCl 5.10

> M to perform sorption experiments.

® — \/\/\/\)J\ IP,
o/\(\o _(l)

Figure 1: Chemical structure of the two organic coatings (a)1, 2-bis (10, 12-tricosadiynoyl)-sn-glycero-
3-phosphocholine and (b) proposed humic acid configuration [43] with possible ion binding sites in
bold characters.

111.2.2. Characterization methods

High Resolution Transmission Electron Microscopy (HR-TEM) was carried out with a
JEOL2100F electron microscope (voltage 200 kV). Specimens were prepared by drop-casting
diluted IONP suspensions on 300 mesh Au-grids supported with carbon film. The specific
surface area of the IONPs was determined by the multipoint N,—Brunauer Emmett Teller
(BET) technique using a Coulter (SA 3100) surface area analyzer. The XRD data were
recovered from a Johansonmonochromator using CuK, radiation (A = 1.5406 A). Attenuated
Total Reflectance-Fourier Transform InfraRed (ATR-FTIR) spectra were recorded in the 780
- 1800 cm™ region on an IS50 Nicolet spectrometer equipped with a KBr beam splitter and a

liquid Nitrogen cooled MCT (Mercury Cadmium Telluride) detector. A nine-reflection
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diamond ATR accessory (DuraSamplIR™, SensIR Technologies) was used to acquire spectra

for the wet samples. The resolution of the single beam spectra was 4 cm™.

111.2.3. Batch reactions

The adsorption experiments investigated the affinity of copper (Cu) for bare magnetite
NPs (magnNPs), HA coated magnetite NPs (HA-magnNPs), PC coated magnetite NPs (PC-
magnNPs) and maghemite NPs (maghNPs). Three experiments were conducted to investigate
(1) the Cu adsorption kinetics, (ii) the effect of pH on the Cu adsorption capacity and (iii) the
Cu adsorption capacity for the four IONPs studied.

111.2.3.1. Experimental set-up

Cu adsorption kinetic experiments were conducted to determine the equilibration time
prior to the Cu adsorption experiments, performedat different pH values and variable Cu
concentrations. The kinetic experiments were performed in triplicate for each IONP ina 0.5 +
0.05 g L solution (400mL) at pH = 6 with constant Cu = 0.05 mM. The solutions were
shaken for 48 h and for each replicate, 10 samples were collected through time. The samples
(ImL) were digested with sub-boiled nitric acid (14.6 M HNOs) at 95°C, and then re-
solubilized in 0.37 M HNOs;, after complete evaporation. The accurate total Cu and IONP
concentrations were controlled for each experiment. Major- and trace-element concentrations
were determined by ICP-MS (Agilent 7700x), using rhenium and rhodium as an internal
standard. The international geostandard SLRS-5 was used to check the validity and
reproducibility of the results [44]. Other aliquots were filtrated at 2 kDa using ultrafiltration
cells made of cellulose nitrate membrane filters (from Sartorius). ICP-MS analyses were
performed to provide the concentrations of the dissolved species. Dissolved Cu was
considered as non-adsorbed Cu and dissolved Fe was monitored to highlight possible Fe
dissolution, which was expected to occur at acidic pH. The results showed that equilibration
was achieved within 15 min. All of the following experiments, which lasted several hours,
were therefore performed at equilibrium.

To investigate the effect of pH on the Cu adsorption capacity of the IONPs, the initial
Cu concentration wasset to 0.05 mM by diluting a 250 ppm Cu stock solutionin tubes
containing 20 mL of 0.5 g L' IONP suspension. The pH was adjusted using 0.1M NaOH or
HCl to reach the targeted pH (pH 3, 4, 5, 6 and 7). Five samples were performed in triplicate
for each IONPs. After shaking under anaerobic conditions for 18 h, each sample was split into

two aliquots to perform the total and dissolved ICP-MS analyses, as previously described.
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In the last experiment, Cu was added to 20 mL of 0.5 g L' IONP suspension in
appropriate amounts to obtain concentrations of Cu = 0.5 mM, Cu = 0.1 mM, Cu = 0.05 mM,
Cu=0.01 mM and Cu = 0.005 mM. The pH was adjusted to pH = 6 + 0.1 using 0.1 M NaOH
and the solutions were shaken for approximately 18 h under anaerobic conditions. ICP-MS

analyses were also conducted on both the dissolved and total 1 mL IONPs samples.

111.2.3.2. Adsorption isotherms

The amount of adsorbed Cu on the four investigated IONPs was calculated according to

the following equation:
Removal efficiency (%) = Cop-C/Co*100 (1)

where Co (mgL") and C.(mgL") are the initial concentrations of Cu and the aqueous
concentration of metal ions after adsorption, respectively. The equilibrium adsorption
capacity, Q.(mg g"') represents the adsorbed Cu per g of IONPs and was calculated using the

following mass balance equation:
Q= (Co-Co)V/m  (2)
where V (L) is the sample volume, and m (g) is the mass of adsorbent.

To parameterize the adsorption behavior of Cu(Il) onto the IONPs, the Langmuir and
Freundlich isotherms were tested. The Freundlich model was chosen as it provided the best fit
regarding the experimental results for all of the IONPs investigated. The Freundlich isotherm
is a well-known relationship describing non-ideal and reversible adsorption. This isotherm
remains on a multilayer adsorption model and emphasizes a non-uniform distribution of
adsorption heat and affinities over a heterogeneous surface [45]. The adsorption data were
fitted with the Freundlich adsorption equation to determine the adsorption parameters and the

consistency with the model. The Freundlich isotherm is represented as follows:
Q=Kx[C'"™ (3)

where C. is the concentration of the solute at equilibrium (mg L™), Q. is the mass of the
contaminant adsorbed per unit weight of the adsorbent (mg g") and K and n are constants,
which must be evaluated for each solute and temperature, and are related to the adsorption
capacity and adsorption energy. When it is expressed in the logarithmic form, Equation (3)

gives:
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logQ. = logK +(1/ n) logC. (4)

The adsorption data were plotted according to Equation (4). The adsorbent concentrations
in the solutions were set to the same pH, with initial adsorbent concentrations of 0.5 g L™ and

the pH adjusted to pH = 6.
111.2.4. Cu speciation

Cu speciation in the presence of IONPs was investigated using Visual Minteq 3.1. In
particular, the concentration of the different Cu species was calculated relative to the pH in
our experimental conditions (25°C, 0.005 M NaCl). The model considered the presence of
IONPs (0.5 g.L'") including the properties of magnNPs determined from the BET analyses
and potentiometric titration (i.e. number of adsorption sites, pKal and pKa2). The sorption
constant was fitted using the experimental datasets of the adsorption isotherm experiments.
The best fit was validated by the calculation of the RMSE. Calculations were performed at pH
values ranging from 3 to 8 to obtain the concentrations of the significant Cu species (Cu®",
CuOH", Cu(OH),(aq), Cu(OH)*, Cus(OH),*", Cu(OH)(s)) as well as the saturation index of
the possible Cu solids (Cu(OH),(s), Tenorite). The adsorption of Cu onto HA-magnNPs and
PC-magnNPs was not modeled because Visual Minteq3.1 considers HA and PC as additional

ligands instead of surface materials.

111.3. Results and discussion

111.3.1. What are the impacts of magnNP modifications?

As determined from the HR-TEM analyses, magnNPs, HA-magnNPs and PC-magnNPs
were all essentially spherical in shape and had a mean diameter close to 7+ 2 nm. Neither the
HA nor PC coatings induced any significant size change, indicating that the modification was
somewhat localized at the surface of the IONPs [46-48]. The surface chemical modifications
induced by the two organic coatings were investigated using ATR-FTIR spectroscopy. The IR
spectra and detailed absorption bands are presented in Fig.2. According to the obtained IR
spectra, HA provided primarily carboxylic functional groups, whereas PC implied that the
phosphate groups were anchored onto the surface of magnNPs. These surface chemical
modifications also likely lowered the pHzpc of pristine magnetite because of these acidic
oxygen-containing functional groups. Thus, HA has been reported to decrease magnetite

pHzpc to pH = 2.3 [31].
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Figure 2: ATR-FTIR spectra of bare magnNPs (black), HA-magnNPs (green) and PC-magnNPs (blue) in the
range 780-3600 cm™ obtained from 0.5 g L™ NP suspensions at pH= 6 and ionic strength (IS) = 0.005M
NaCl. Large vibration bands recorded at approximately 3150 cm™ refer to hydroxyl groups from H,0.

The transformation of magnNPs into maghNPs did not show any change in either shape or
size (Table 1). The average diameter of the maghNPs was close to 7 = 2 nm, as determined
from the HR-TEM images. The BET measurements highlighted a change in the surface area
of magnNPs, which increased from 115 + 4 m? g”' before oxidation to 130 + 4 m? g after
oxidation (maghNPs). This increase in the surface area has already been observed from
magnetite oxidation and it may influence TE interactions as it likely provided increased
surface contact for the TEs to bind with the IONPs [49]. It has been demonstrated that
maghemite has a disordered crystal structure in which vacancies could favor cation
scavenging. As magnetite is very unstable and oxidizes rapidly, it was expected that the
surface of magnNPs would be similar to that of maghemite, in response to surface passivation
[49, 35]. The transformation of magnNPs into maghNPs was thoroughly described (oxidation
kinetics) in a previous study [36] and this experiment was used to characterize magnNP
stoichiometry. Hence, in this study, we determined that the starting Fe(II)/Fe(IIl) ratio of
magnNPs is equal to 0.33. The Fe(Il)/Fe(Ill) ratio is also worth considering as it has an
influence on the interactions with the surrounding dissolved species, as Fe(Il) likely facilitates

the transfer of electrons [50].

Table 1: Properties resulting from magnetite oxidation into maghemite NPs.

IONPs Fell/Felll ratio TEM (nm) BET(m*g") pHzpc
Magnetite 0.33 7+2 115+4 6.3

Maghemite 0 7+2 130+ 4 7[51]
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111.3.2. Cu adsorption onto IONPs
111.3.2.1. Adsorption isotherms

The Freundlich adsorption isotherm model was used to investigate Cu adsorption onto
magnNPs, HA-magnNPs, PC-magnNPs and maghNPs. The calculated linear regression
coefficients (R*) for the logarithmic plots displayed in Table 2 are higher than 0.95
suggesting a strong linear relationship between log Q. and log C.(SI). The obtained K and n
values are comparable to the Freundlich parameters reported in previous studies [52, 53]. The
Kr data highlight the highest affinity of Cu to HA-magnNPs (in the following order of
affinity: HA-magnNPs >> maghNPs> PC-magnNPs = magnNPs). The values decreased in the
range usually reported for the adsorption of trace metals onto nanomaterials in solution [54].
For the n parameter, the values lie between 1 and 10, indicating a favorable and specific
adsorption (chemisorption) of Cu to the IONPs. The isotherm for HA-magnNPs displays the
highest n value. As the isotherm is highly deviated from n=1 (Fig. 3), there is a high
heterogeneity in the process of Cu sorption to HA-magnNPs [55, 56]. Metals, including Fe
and Cu, can be held by very strong binding sites on humic substances. It was reported [57]
that the sorption between HA and metals could occur through the formation of multidendate
complexes with either the carboxylic and phenolic groups of HA or through specific binding
between metals and the N and S groups of HA. Therefore, the heterogeneous adsorption
between HA-magnNPs and Cu can be explained by both the diversity of the binding sites
provided by HA and the formation of multidendate complexes between Cu and some HA

functional groups.

Table 2: Freundlich parameters from Cu(ll) adsorption isotherms for magnNPs, HA-magnNPs, PC-magnNPs
and maghNPs.

R? n Kr
magnNPs 0.98 1.72 12.62
PC-magnNPs 0.99 1.44 12.64
HA-magnNPs 0.97 2.01 130.32
maghNPs 0.98 1.8 13.37
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Figure 3: Adsorption isothermsfor (a.) magnNPs, maghNPs and PC-magnNPsand for (b.) HA-magnNPs and
magnNPs. The experimental data are represented by dots while the solid lines indicate calculated data.
The calculated isotherms were plotted using the Freundlich equation (3) with the calculated parameters

(Kr, n) obtained after linearization.

111.3.2.2. pH-adsorption edges

For bare magnNPs, the adsorbed Cu% increased with the increasing pH (Fig. 4). In
compliance with the measured pHzpc (determined by potentiometric titration, pHzpc = 6.3),
the adsorbed Cu% values at pH > pHzpc (at pH 6 and 7) were high - almost 100% - compared
to the weak adsorbed Cu% at acidic pH values (pH 3 and 4). At pH > pHzpc, the IONP

surfaces became negatively charged resulting from deprotonation reactions. The decreasing
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protons concentration at magnetite surface favors cation attraction and allows Cu®’ to
complex onto the FeO™ surface sites [58, 59].

The results for PC-magnNPs showed that Cu adsorption started frompH = 4 (4% Cu
adsorbed). The percentage ofadsorbed Cu reached 100 at pH = 6, similar to that of bare
magnNPs. The pH-dependency of Cu adsorption onto PC-magnNPs may have been
influenced by the zwitterionic head group in PC (containing a positively charged
trimethylethanolammonium group and a negatively charged glycerophosphate group), which
likely created a dipole, impacted the surface hydration of the NPs and thus the interaction
with Cu [60]. In addition, Cu could coordinate with the oxygen in the carbonyl group deeper
in the bilayer. For instance, it has been reported that Zn** was covalently bound to the
electronegative oxygen in the carbonyl group of a lipid membrane [61]. Furthermore, cation
binding is expected to occur more or less close to the phosphate group (or to the glycerol
group) possibly depending on the size of the ion. Divalent Ca®" was found to coordinate and
bind electrostatically with oxygen molecules on four adjacent lipid molecules, while Mg
bound closer to the phosphate group and coordinated with wateroxygens [62]. Thus, the PC
coating does not necessarily represent a barrier to metals and therefore Cu could bind to some
of the PC functional groups. Nevertheless, it is still difficult to specify the interaction between
Cu and PC-magnNPs as it is not known whether PC encapsulated the whole surface of
magnNPs or if it formed patchy coatings around the magnNPs (leaving some of the magnNP
surfaces lipid-free).

Cu adsorbed (%) on magnNPs coated with HA increased with the increasing pH. The
HA pHzpc is close to pH = 2.3 [31], therefore Cu®" is more adsorbed onto HA-magnNPs
when the pH increases (the surface of HA-magnNPs becomes negatively charged thereby
promoting cation attraction). Furthermore, the percentage of adsorbed Cu to HA-magnNPs
was high even at acidic pH (Fig.1). The high removal capacity of HA-magnNPs suggests that
HA provided a high density of deprotonated sites. The large number of ionizable functional
groups in HA (mainly phenolic and carboxylic groups), allows the formation of stable
complexes and chelates with heavy metals [63; 55]. The adsorption induced by HA to HA-
magnNPs supports the occurrence of strong complexes, with a covalent character, thatcannot
be easily dissociated and are stable in terms of proton exchanges. Several studies have
highlighted that most Cu species were bound to HA by forming inner-sphere complexes with
HA acidic functional groups although binding through hydrated outer-sphere surface
complexes is also expected [64, 65, 56].
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Copper adsorption onto maghNPs is quite similar to that of magnNPs, with Cu
adsorption increasingwith the increasing pH. Therefore, magnetite and maghemite displayed
similar surface properties and only the oxidized surface of magnetite is expected to be
involved in Cu adsorption. Magnetite stoichiometry is likely not a key parameter in the
adsorption capacity of IONPs. In addition, since no improvements in Cu sorption onto
maghemite were observed, the surface area increase observed after oxidation did not enhance
the adsorption of Cu although the density of the surface sites was expected to increase. To
address this issue, Jarbling et al. [66] proposed that the increased surface area was related to
the microporous surface structure of maghemite, which includes non-active surface sites.
Therefore, Cu adsorption would not be restricted to the surface area measured by the BET

analyses alone. The specific reactive surface sites and the net transport of aqueous ions to
IONP surfaces should be considered further.
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Figure 4: Percentages of adsorbed Cu (%) versus pH on the four IONPs (magnNPs, maghNPs, PC-magnNPs
and HA-magnNPs), starting with the same initial Cu concentration (Cu = 0.05 mM) and ionic strength= 5
10 M NaCl. The error bars (from the experiments performed intriplicate) are within the markers.

111.3.2.3. Cu speciation

The parameters used to yield the Cu speciation models for magnNPs were mainly
recovered from our experimental data. The surface area was 115 m? g”' (although as we used
the BET data, this may be underestimated due to the aggregation and singular behavior of
magnNPs as the measurement was made on its dry powder). From the potentiometric titration
experiment conducted at NaCl = 0.005M, we calculated pKal=5.08 and pKa2=-8.7. The

surface site density was estimated from the literature, considering magnetite nanoparticles
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with similar properties as those used in this study (Ns=3.8 sites per nm?) [67]. The stability
constant was estimated with Cu at logK= 0.9. For the maghNPs, the surface area was 130m?g”
' (BET), pKal=5.4 and pKa2=-9.3, and Ns= 3.8 sites per nm2. Cu speciation was studied
relative tothe pH.For magnNPs, three Cu concentrations were tested (Cu = 0.05 mM, Cu=0.1
mM and Cu = 0.5 mM). For the lowest Cu concentration (Cu = 0.05 mM), dissolved Cu®" was
the predominant species up to pH = 5. Beyond this pH, most of the Cu was bound to the
surface of the IONPs (Fig.5) while most dissolved Cu species occurred in minor amounts (<
1.10° mM). When the initial Cu concentration increased up to Cu = 0.5 mM, Cu®" was the
dominant species until pH = 6.5. Copper adsorption occurred from pH 4 to 6.5. Cu

precipitation was expected as the pH reached 6.5, as observed in previous studies [68-70].

Several conclusions can be drawn from the speciation calculation and the present
results:

e the pH edges obtained for magnetite at Cu = 0.05 mM turned out to be consistent
with our results showing an increasingadsorbed Cu% with the increasing pH (pH >
4);

e the decreasing adsorbed Cu%, observed with the increasing Cu concentrations, was
not related to the precipitation of Cu but rather to the surface site saturation.

e 1o Cu precipitation was expected for Cu = 0.05 mM, whereas the increasing Cu
concentration up to Cu = 0.5 mM induced saturation and precipitation at pH values
above 6.5;

e the models displayed a high level of consistency with our experimental results and
therefore the use of the DLM (diffuse layer surface complexation model), along
with the characteristics of the IONPs, could be used to predict Cu dynamics in the
presence of [ONPs.
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Figure 5: Speciation of Cu with 0.5 g L™ IONPs at a temperature = 25°C and ionic strength = 0.005 mM
NaCl.The Cu concentrationsof the different species were calculatedusing Visual Minteq3.1 (solid lines) and
determined from our experimental data for(a) 0.05mM Cu and 0.5 g L™* magnNPs, (b) 0.05mM Cu and 0.5
g L™ maghNPs, (c) 0.1 mM Cu and 0.5 g L magnNPs and (d) 0.5 mM Cu and 0.5 g L™ magnNPs.The black
lines, referred to as “Cu bound”,denotethe Cu concentrations adsorbed onto magnNPs and the blackdots,
called “exp data”, refer to the amounts of Cu adsorbed onto magnNPs from our experimental data (Cu
>2KDa = adsorbed and/or precipitated Cu species).

111.3.3. Further implications
111.3.3.1. Chemical stability

The increased Fe concentrations (dissolved Fe measurements) highlighted the
preferential dissolution of IONPs at acidic pH (Table 3). Dissolved Fe accounted for 1.5% of
the total Fe content in magnNPs at pH = 3 and decreased to 0.4% when the pH increased to
pH = 4. These values appeared to be consistent with the previously reported dissolved Fe
concentrations in similar experimental conditions [71]. MaghNPs displayed a lower amount
of released Fe than magnNPs, from 0.43% at pH = 3 to 0.09% at pH = 4. The decrease in
released Fe between magnNPs and maghNPs stemmed from the different compositions of
both Fe oxides. Stoichiometric magnetite (Fe;O4), with eight Fe(Ill) in tetrahedral sites and
eight Fe(Il) + eight Fe(IIl) in the octahedral sites, contains Fe(Il) in its structure, a much more
soluble species, while maghemite only contains Fe(IIl) [72, 73]. Magnetite was therefore
prone to higher leaching than maghemite. The dissolved Fe concentrations were negligible for
PC-magnNPs and HA-magnNPs at acidic pH (< 0.002% for PC-magnNPs and < 0.001% for
HA-magnNPs) indicating that dissolution was almost ineffective at these pH values. From

these observations, we inferred that PC and HA yield comparable protecting effects against
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IONP dissolution, probably related to the presence of an efficient barrier at the surface of
magnNPs [74]. Furthermore, another possibility is that the surface coatings can bind dissolved
Fe which would therefore limit the measured total dissolved Fe [75].

Within a broader context, dissolution can result in the release of metal that can generate
either toxic impacts or beneficial effects (nutrient bioavailability) on plants and living
organisms [76]. From the nanoparticle perspective, dissolution of the IONPs would result in
the formation of NPs with a smaller size and the resulting intrinsic properties would be
modified as compared with pristine particles. As a result, this feature impacted their behavior
in solution (e.g. the aggregation state or reactivity) [77]. For instance, reduced NP aggregate
size, induced by the dissolution of the IONPs, could make it easier for them to be internalized
into cells and interact with cellular compounds [78]. Although not yet fully understood, these
issues appeared critical with respect to the fate and behavior of the TEs (mobility, transport,
bioavailability and toxicity) and also considering the interactions between the IONPs and their

surrounding living environment.

Table 3: Fe (mgL™) released from magnNPs, maghNPs, PC-magnNPs and HA-magnNPs relative to the pH.
The experiment was conducted at 0.5g L™ IONPs suspension and with an ionic strength of 5.10° M Nacl.
Values below the limit of quantification for Fe (0.12 pg L™) were denoted <LQ.

pH  MagnNPs MaghNPs mal; E&PS maI;I?ICIPs
3 5.228 1.634 0.009 0.006
4 1.344 0.325 0.001 <LQ
5 0.005 <LQ <LQ <LQ
6 <LQ <LQ <LQ <LQ
7 <LQ <LQ <LQ <LQ

11.3.3.2. Is there any link between IONP colloidal stability and Cu
adsorption?

In a previous work [50], we showed that [ONPs colloidal stability was dependent upon
the surface properties of the IONPs. More precisely, we inferred that, in addition to pH, the
surface area and surface chemistry (HA and PC coatings) turned out to be key drivers in
controlling the aggregation of IONPs, resulting mainly from electrostatic and combined
electrosteric interactions. The observations of Cu adsorption onto IONPs showed that
adsorption was likely dependent upon the available active sites for Cu. The distribution,
densityand surface binding geometries may vary with the morphology of the aggregates [79].
Therefore, the aggregation of IONPs was expected to control Cu adsorption. Nevertheless,
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although adsorption experiments showed that increasing pH lead to increasing Cu adsorption,
the aggregation study highlighted that larger magnNP aggregates were formed. Hence, instead
of diminishing the available reactive surface, aggregation did not prevent Cu from being
adsorbed onto those bigger particles. We hypothesized that the aggregation of IONPs would
instead remain on weak attraction forces and result in the formation of loosely packed
aggregates.

Although no direct link was established considering the impact of IONPs colloidal
behavior on Cu adsorption capacity, IONP colloidal stability may still have an impact on Cu
dynamics. It was stated that less aggregation yields lower rates of sedimentation and increased
mobility [80]. Consequently, rather than being involved directly within the adsorption step,
IONPs colloidal stability could play a key role in Cu transport, mobility, bioavailability and
toxicity [81]. Furthermore, it would also be interesting to examine the impact of cation
adsorption onto IONPs colloidal stability as Cu adsorption is expected to modify the bulk

charge of adsorbed particles and the ensuing interparticle interactions.
l1l.4.Conclusion

IONPs, which either result from magnetite oxidation or stem from HA and PC natural
organic coatings, can undergo many changes in natural waters and soils. In this study, we
provided evidence that surface coatings with natural organic constituents (such as HA and
PC) primarily modified the surface chemistry, including the pHzpc of magnNPs. Maghemite
formed from magnetite oxidation also induced a change in pHzpc in addition to increasing the
surface area of magnNPs. These changes appeared relevant for Cu adsorption onto IONPs
since Cu-IONP interactions remained primarily on protonation/deprotonation reactions at the
hydrated interface of the IONPs. These interactions notably accounted for the high pH-
dependency observed for Cu adsorption onto IONPs. Bare and modified IONPs adsorption
behaviors were consistent with the Freundlich isotherm which accounted for a heterogeneous
multilayered binding model for metal adsorption. Comparing the adsorption capacity of the
IONPs, HA-magnNPs displayed a higher proportion of adsorbed Cu (%) over a wide pH
range even at acidic pH. The structural and chemical diversity of HA, providing a large
amount of hydrophobic and heteroaliphatic functional groups, likely favoredthe formation of
surface complexes at the surface of HA-magnNPs. Contrary to HA-coating, PC-coating did
not favor Cu adsorption onto magnNPs, especially at acidic pH where most Cu(Il) remained

in solution. In addition to metal binding interactions, HA and PC surface coatings prevented

123



Fe release from the surface of magnNPs, particularly at low pH (pH = 3 and pH = 4) where
dissolution was favored. The impact of oxidation onto magnNPs provided also evidence that
Fe(I1)/Fe(I1T) did not impact Cu adsorption. Magnetite and maghemite nanoparticles displayed
similar adsorption behaviors. As a result, it was emphasized that Cu adsorption was mainly
dependent upon IONPs interfacial properties. Furthermore, maghNPs were less affected by
dissolution than magnNPs, thereby suggesting that Fe(Il) is likely the preferred dissolved Fe
species. Colloidal stability was also discussed as being possibly involved in driving Cu
adsorption although no direct relationship was established. It was instead proposed that the
aggregation state would be secondarily involved in determining the fate and behavior of the
TEs adsorbed to IONPs by impacting IONPs/TE mobility and TE solubility. This study could
therefore have strong implications at a large scale, investigating the fate and behavior of

IONPs in the environment (mobility, biodegradability and toxicity).
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Supporting Information
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The Freundlich adsorption isotherms of Cu onto the IONPs. The isotherms were carried out at
constant pH = 6, with an adsorbent concentration of 0.5 g L IONPs.
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Chapitre 4:

Etude des interactions NPs-Fe / plantes:
approches géochimiques et hiologiques
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Abstract

Iron oxide nanoparticles (IONPs), including magnetite (Fe;O4) nanoparticles (magnNPs) have
recently been used for agricultural purposes because of their possible biocompatibility and
potential beneficial effects on plant growth.

In this work, physiological effects and possible cell internalization of synthesized magnNPs (7
nm) on sunflower (Helianthus annuus) germination (7 days) and growth (in both hydroponic
conditions and soil columns) were studied. The effects on plants of different magnNPs doses
(5 and 1000 or 5000 mg L™) and their capacity for supplementingiron (Fe) in Fe-deficient
cultures were studied in germination and hydroponic experiences. A similar experiment,
intended to study the impact of a long-term exposure to magnNPs under hydroponic
conditionson plant growth, was also conducted on bean (Phaseolus vulgaris). MagnNPs
bioavailability and its possible remediation effect in a Cu-polluted soil were eventually
investigated in soil column experiments using sunflower (Helianthus annuus).

Visualization of root fragments by scanning electron microscopy highlighted that magnNPs
deposited at the surface of plant roots by forming aggregates. Magnetic susceptibility
measurements performed on roots, stems, leaves and flowers/fruits evidenced that magnNPs
were translocated from the roots to the aerial parts of the plants. Much less magnNPs were
detected in organs of plants grown in soil columns compared to hydroponically grown plants
as it was likely retained in the soil.

MagnNPs neither inhibited the germination of sunflower nor decreased the growth parameters
both in hydroponically- and soil- grown plants. Moreover, magnNPs capacity to generate an
oxidative stress showed that magnNPs did not provoke any oxidative damage and could
protect plants against lipid peroxidation. In the Fe-deficient culture, magnNPs prevented Fe

deficiency symptoms at both low and high magnNPs concentrations (5 and 1000 mg L™). In

135



Cu-contaminated soils, magnNPs slightly decrease Cu accumulation in the aerial parts of the
plants and reduce but did not prevent Cu toxicity, resulting in growth retardation and
chlorosis. The presence in excess, of Cu, further decreased magnNPs uptake. These results
show that the as-administered magnNPs are not phytotoxic to sunflower, suggesting that they
could potentially be useful for agricultural uses, to complement Fe deficiency or to scavenge
Cu, although the growth medium should be taken into account to assess the potential effects
of magnNPs introduction.

Last, geochemical analyses performed on soil solution leachates evidenced that higher Cu
amounts were retained in the soils where magnNPs were present than in Cu-polluted soil
without magnNPs. Although in this experience, Cu concentration was likely too high for
magnNPs to sequester much Cu, magnNPs ability to retain Cu could show great potential for

soil remediation and/ or phytotoxicity applications.

Keywords: magnetite nanoparticles; Helianthus annuus; NPs translocation; Fe-deficiency;

copper toxicity; soil.

Highlights
e Effects of magnNPs on sunflower growth are dose dependent;
e MagnNPs can prevent sunflower from Fe-deficiency;
e MagnNPs do not provoke any oxidative damage and could protect plants against lipid
peroxidation;
e Cu toxicity in sunflower plants was reduced by magnNPs;
e Uptake of magnNPs occurs from roots to shoots and is favored in hydroponic cultures

rather than in soils.

e MagnNPs adsorb some of the Cu in the soils thereby reducing Cu uptake.
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IV.1. Introduction

Iron oxide nanoparticles (IONPs) are produced from geogenic and biogenic processes,
the instigators of their natural distribution over oceans, surface waters, soils and sediments for
millions of years (Hochella et al., 2008). The increasing production of engineered IONPs,
along with their increasing use, has become an important source of a new material within the
environment (Nowack and Bucheli, 2007). The unique properties of IONPs, particularly their
high reactivity (high surface to volume ratio), has attracted specific attention for their
employment in technologic, medical and environmental fields (Wang et al., 2012; Podilaet al.,
2013; Suhet al., 2009), and considerable research is also devoted to understand the
interactions between IONPs and their surroundings after their release in the environment
(Goswani, 2017; Navarro, 2008; Sharma, 2012). IONPs could represent a threat towards
living organisms or lead to unexpected environmental hazards as they are highly reactive and
can penetrate cells (Barhoumiand Dewez, 2013; Navarro et al., 2008). Cellular production
ofreactive oxygen species (ROS) resulting from nanoparticles’internalization, is a major effect
as ROS interact with almost all cellular components producing protein modifications, lipid
peroxidation, and damage to DNA (Rastogi et al., 2017).

Direct entry in surface waters, aerial deposition, inputs from spray drift of
agrochemicals, utilization of remediation technologies in soils, application of protection
products to plants, and excretion of nano-medicines in veterinary products, are some of the
many sources that can disperse IONPs amongst water bodies and soils (Batley et al., 2013).
IONPs raises particular concerns on the possible impacts resulting from their interaction with
plants, especially since plants play a central role within the ecosystems (i.e. trophic chain).In
agriculture, smartly designed nanoparticles are already used to raise the crop production, as
growth stimulators, nanopesticides, nanofertilizers, soil improving agents, or sensors for
monitoring different agricultural parameters in the field (Khot et al., 2012; Kah et al., 2013;
Solanki et al., 2015).

Plants are in continuous interaction with air, soil and water, all of which provide routes
for IONPs to reach plants. IONPs own properties (size, specific surface area, zeta potential),
their concentration, the nature and composition of the medium and some associated
environmental physico-chemical factors (temperature, salinity, pH, ionic strength, etc.) are
key parameters thatdetermine the fate and behavior of IONPs in the environment (Hiemstra
and van Riemsdijk, 2006; Joo and Zhao, 2017). IONPs mobility, their bioavailability and
toxicity for plants strongly depend on their own chemical and colloidal stabilities and their
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reactivity with soil components and microorganisms (Aiken et al., 2011). These properties
also drive the composition of the growth medium. For instance, release of metals resulting
from engineered nanoparticles (NPs) dissolution has been reported for diverse NPs (Batley et
al., 2013; Demangeat et al., 2018).

Effect of different metal and metal oxide NPs on different plants has been observed to
be variable and ranged from positive to lethal impacts (Barrena et al., 2009). Most studies
evidenced that metal and metal oxides NPs in excess are harmful to plants, whereas, when
present in traces some of them could be beneficial for plants. As an example, germination and
hydroponic experiments showed that exposure of Triticum aestivum to 10nm-sized IONPs (5
to 20 mg L' Fe;O4 NPs), would not alter the germination, plant growth and chlorophyll
content of the plants (Iannone et al., 2016). In that study, plants exposed to IONPs showed a
favorable response to prevent oxidative damage. Furthermore, another study performed onZea
mays using IONPs (maghemite NPs-17.7nm), still showed a positive impact on the
germination of the plants using 50 mg L' IONPs, whereas exposure to 100 mg L™ decreased
the germination index (Liet al., 2016).

The entering of NPs in plant tissues still raised several questions, and various
mechanisms have been proposed regards to NPs internalization routes (especially, regarding
how they can pass cell walls). A recent study revealed that metallic NPs are able to penetrate
into plant cells, move through the xylem and the phloem to the aerial parts of vascular plants
and accumulate (Tripathi et al, 2017). Zhu et al. (2008) also evidenced the uptake,
translocation and accumulation of 20-nm Fe;O4NPs in different tissues of pumpkin plants
after their absorption from a 500 mg L' aqueous suspension. Once in the cell, nanoparticles
can interfere with electron transport chain of mitochondria and chloroplast, which may results
into the oxidative burst, observed by the increase in ROS concentration (Rastogi et al., 2017).

In most natural mediums, Fe bioavailability depends upon the soil properties (redox
potential and soil pH) and plant specificities that dictate Fe absorption or alter its metabolic
use (Joo and Zhao 2017; Morrissey and Guerinot, 2009). Despite its abundance in the Earth’s
crust, iron in aerobic soils is found mostly in the form of insoluble Fe’" oxides or hydroxides,
which are less available to plants than dissolved Fe*™ (Claudio et al., 2017; Marschner et al.,
1986). Iron (Fe) deficiency in plants is rather not caused by Fe scarcity in the soil. Under
certain conditions, Fe deficiency can occur and lead to leaf chlorosis and inhibited growth
(Briat et al., 2007). Iron (Fe) is an essential nutrient for plants, playing important
physiological roles as a component of enzyme cofactors that catalyze redox reactions in

fundamental metabolic processes (de SouzaPinto et al., 2016). Thus, IONPs introduction to
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plants has been studied to be used as a nanofertilizer in the context of Fe deficiency as it could
provide supplementary iron to plants (Kim et al., 2014). However, the same redox properties
that make Fe suitable in many metabolic reactions (for instance, in the cellular electron
transfer) or can become toxic when it is present in excess because of ROS overproduction
(Salama et al., 2009). The ability of Fe to donate and accept electrons means that Fe can act as
pro-oxidant, in the catalysis of free radical generation, such as the generation of OH' radical
through Fenton’s reaction (Birben et al. 2012; Rout and Sahoo, 2015; Pouran et al., 2012).

IONPs can also impact plant metabolism indirectly. In particular, IONPs can react with
dissolved compounds in soilsand soil solution, such as metals, pesticides and other organic
wastes, and thus modify the transport, availability and toxicity of these elements.In recent
years, Cu pollution in agricultural soils has raised a major concern for sustainable agriculture
production, especially in developing countries, resulting from the arbitrary use of pesticides,
fungicides, industrial effluents and wastewater irrigation (Adrees et al., 2015).Cu-rich pig and
poultry slurries are also important sources of livestock grazing pasture contamination (Legros
et al., 2010). In Europe, the application of the Bordeaux mixture has drastically increased the
Cu pollution in vineyards soils with Cu concentrations ranging from 200 to 500 mg kg ' soil
(Michaud et al., 2007), while in unpolluted soils, Cu concentrations range between 3 and 100
mg kg~' (Marschner, 1995). Although Cu is an essential micronutrient incorporated in many
proteins and enzymes of plants, Cu phytotoxicity generally results in growth inhibition
(particularly root growth) and leaf chlorosis. Cu toxicity in plants also induces a decreased
uptake and accumulation of other mineral nutrients, thus altering important biochemical
processes in plants. In particular, Cuwas found to prevent Fe uptake as compared to other
nutrients, which highlighted an antagonistic relationship between Fe and Cu. Moreover, the
bioavailability of Cu depends upon the total Cu content in soil, soil pH and CEC (Adrees et
al., 2015). And much of the Cu present in soils occurs in forms, which are not readily
available to plants because of the strong binding of Cu** by organic matter and other soil
colloids (L1 et al., 2016). Several studies have evidenced Cu adsorption and affinity for IONPs
(Liu et al., 2008) and thus the presence of both compounds could change their mobility and
modify the expected phytotoxicity of Cu in a polluted soil.

The environmental interactions between IONPs and plants have been the subject of
different researches, with implications for agricultural practices. To exploit the benefits of
IONPs as for crop production, issues including IONPs biocompatibility, availability and
behavior in the growth medium need answers. In this context, the objectives of this work were

to determine the effects of IONPs on the geochemistry of a plant-containing medium and also
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to define whether IONPs, especially magnetite nanoparticles (magnNPs) had toxic effects on
sunflower plants through their entire life cycle in order to thrust aside potential toxic effects
on plants and evaluate environmental risks, considering that these nanomaterials could serve

as iron source and/or depolluting agents in Cu polluted-soils.
IV.2. Materials and methods

IV.2.1. Nanoparticle synthesis and properties
IV.2.1.1 Synthesis procedure

Magnetite (FesOs) nanoparticles were prepared according to modified literature
procedures (Massart, 1981; Khallafalla and Reimers, 1980) by the anaerobic co-precipitation
of Fe salts. Iron chloride, FeCl,.4H,O (1.988 g) and FeCl;.6H,O (5.406 g), were dissolved in
5 mL HCI (2 M) and 20 mL H,O and then stirred to obtain an Fe solution at an Fe(II)/Fe(III)
molar ratio = 0.5. MagnNPs precipitation was achieved by the dropwise addition of the Fe salt
solution into a 0.7 M NaOH-NaNOj; base solution (250 mL). The black precipitate was left to
settle under anaerobic condition (Jacomex glovebox) for a few hours to get rid of the
supernatant. Three washings were conducted with deoxygenated deionized water and 5 10° M
NaClsolution before storage under anaerobic conditions.

Based on ICP-MS measurements (see Materials and Methods sectiond.), the
concentration of Fe;O4NPs was calculated to allow further dilutions and reach the expected
concentrations accurately. Thus, the magnNPs stock solution allowed for the preparation of

diluted magnNPs solutions, using 5 10 M NaCl, in the concentrations range expected.
IV.2.1.2. Characterization

High Resolution Transmission Electron Microscopy (HR-TEM) was performed with a
JEOL2100F (voltage 200 kV). Samples were prepared by drop-casting diluted magnNPs
suspensions on 300 mesh Au-grids supported with carbon film. The specific surface area of
magnNPs was determined by multipoint N,-Brunauer Emmett Teller (BET) technique using a

Coulter (SA 3100) surface area analyzer.
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IV.2.2. Plant growth conditions and treatments
IV.2.2.1. Germination experiments

The experiments were conducted onsunflower (Helianthus annuus), bean (Phaseolus
vulgaris), maize (Zea mays) and wheat (Triticum aestivum) during 7 days. Data related to
bean, maize and wheat germination are displayed in Supporting Information (S.I. A., Figure
S1). Seeds were sowed under sterile conditions on Petri dishes (90mm diameter, with 6 seeds
per Petri dish) on half strength Hoagland’s nutrient solution (Hoagland and Arnon, 1950)
whether or not containing magnNPs (see below). Before sowing, seeds were surface sterilized
with 3% (v/v) sodium hypochlorite (NaOCI) for 3 min and then rinsed 12 min with distilled
water for 5 times. They were eventually soaked in distilled water for 45 min in a laminar flow
hood. The dishes containing seeds were sealed with parafilmand placed in a growth chamber
for germination and growth of the plants at 24 °C and 70% moisturein the dark.

Nutrient solutions were prepared full strength according to the Hoagland solution
protocol, which allowed further dilutions with magnNPs stock solutions or0.01 M NacCl to
obtain a final half strength (0.5x) Hoagland solution with appropriate magnNPs concentration
and NaCl = 5 10° M. The pH was adjusted to pH = 5.8 using KOH anhydrous pellets.
Hoagland solutions eventually contained 560 ppb Fe (the concentration of the other elements
is available in S.I.). When necessary, the same protocol was followed to make a Hoagland
solution with no iron (1x) (“Fe-deficient”) and eventually reach the 0.5x - Hoagland solution,
without iron, after dilution with either magnNPs or NaCl solutions. The solutions were stored
in glass bottles and autoclaved for 20 min at 120°C, with bottles of distilled water.

MagnNPs stock solution (2 or 10 g L™) or 5 mM NaCl for controls was mixed with the
appropriate Hoagland solutions (1x) to obtain the six treatments expected (6 mL): Fe-deficient
(o) Hoagland (0.5x) control; Hoagland (0.5x) control; Fe-deficient (¢) Hoagland (0.5x) with 5
mg L' magnNPs; Hoagland (0.5x M) with 5 mg L magnNPs; Fe-deficient (¢) Hoagland
(0.5x) with 5000 mg L' magnNPs; Hoagland (0.5x) with 5000 mg L' magnNPs. Each
experiment was conducted three times, i.e. three Petri dishes containing six seedlings each.

After 7 days, the plantlets were harvested. The Petri dishes were open one at time, and
plantlets were placed in a flat glass container to allow taking pictures. Each plantlet was cut
accurately to separate the aerial parts from the roots and make fresh weight measurements.
The plant samples were eventually wrapped in annotated aluminium paper and immersed in

liquid nitrogen to preserve the tissues. Samples were then stored at -40°C until lyophilisation.
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IV.2.2.2. Hydroponics

Hydroponic experiments were performed in rectangular boxes (30 x 16 x 3.6 cm)
containing interior bags. The bags were made, by tailoring plastics sac to adequate sizes by
thermobounding. The bags were, beforehand, washed with 0.5 M HNOj solution for 1 night,
rinsed with distilled water 3 times and again washed with distilled water for several hours.
The interior bags were then filled with 175/175 mL of Hoagland solution (1x) and either
distilled water (ionic strength 5.10°M NaCl) or magnNPs suspensions (0.01 or 2 g L
solution). The experiment has been conducted on sunflower, bean and maize. Data related to
bean and maize hydroponic cultures are displayed in Supporting Information (S.I. -B., Figure
S2). The six treatment solutions (350 mL) included: Fe-deficient Hoagland (0.5x) control
solution; Hoagland (0.5x) control solution; Fe-deficient Hoagland solution (0.5x) containing 5
mg L' magnNPs; Hoagland solution (0.5x) containing 5 mg L™ magnNPs; Fe-deficient
Hoagland solution (0.5x) containing 1000 mg L™ magnNPs; Hoagland solution (0.5 M)
containing 1000 mg L™ magnNPs. Two hydroponic boxes, each containing 5 seedlings, were
prepared per treatments, so that 6 boxes (one per treatment) were placed in the incubator on
upper shelf and 6 other boxes (same 6 treatments) were placed on bottom shelf.

Beforehand, a total of 100 seeds (either sunflower, bean or maize) were surface
sterilized with 3% (v/v) sodium hypochlorite (NaOCI) for 3 min and then rinsed 12 min with
distilled water for 5 times. They were eventually soaked in distilled water for 45 min in a
laminar flow hood. Once washed, the seeds were distributed in Petri dishes in 6 mL Hoagland
solutions (0.5x) that were sealed with parafilm and gathered in the incubator at 22°C in an
opaque box. After 7 days, the plantlets were counted and sorted out over the 12 systems to
ensure homogenous plant sizes at the beginning of the experiment. The plantlets were placed
vertically in plastic tubes (about 3 cm high and 0.7 cm diameter) to allow the growth off roots
downwards and that of stems and leaves upwards. The tubes with plantlets were then inserted
in the systems through holes pierced at the top of the systems, in the lid of the boxes.
Hydroponic systems containing seedlings were put in a growth chamber with a 70%
relativehumidity, a day/night temperature of 22/18 °C, a photoperiod of 16 h of light and a
photosynthetic photon flux density of 160 pmol m™s™.

The treatment solutions were continuously aerated using air pumps. Their volumes were
regularly adjusted to 350 mL with autoclaved distilled water added in the systems through
smaller holes in the boxes lid using syringes of 10, 20 and 50 mL (previously washed with
HNO3 and distilled water). In the same holes, 10 mL syringes (assembled with 6 cm long
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needles) were used to sample 12 mL of the hydroponic solution in each system. At the end the
experiment, 6 samples per system were collected through time.

After 25 days growth (7 days in Petri dish and 18 days in hydroponic systems), the
plants were harvested. Each system was brought out of the incubator and the plants were
briefly placed in distilled water in a plate glass container to take pictures. The roots were
washed several times with distilled water to remove the magnNPs adsorbed on the roots
surface. The plants were then cut to separate the aerial parts from the roots. Each part of each
plant was weighted, wrapped in aluminum paper and immediately plunged in liquid nitrogen.
Plant samples were eventually stored in a freezing compartment at -40 °C.

In addition to the 25-days hydroponic experiments, long-term hydroponic cultures were
implemented with beans for a 63 days duration. The experiment was set up similarly as the
short terms experiences and only the six treatments were slightly different and included: Fe-
deficient Hoagland (0.5x) control solution; Hoagland (0.5x) control solution; Fe-deficient
Hoagland solution (0.5x) containing 5 mg L' magnNPs; Hoagland solution (0.5x) containing
5 mg L' magnNPs; Fe-deficient Hoagland solution (0.5x) containing 2500 mg L™ magnNPs;
Hoagland solution (0.5 M) containing 2500 mg L™ magnNPs.

IV.2.2.3. Soil column experiments

The experiments were performed in soil columns (250 mL PP measuring cylinders,
from VWR - 612-4404BTU) allowing the growth of 1 plant per column. Introducing a
circular drilled holes plate (3.7 cm diameter) covered with a nylon filter in the cylinder, the
soil was hold from the middle of the column over a height of 13 cm (120g of dry soil). An
aperture was also pierced at the bottom of the cylinder to allow soil solution leakage and to
perform regular samplings (S.I. - C., Figure S3). The external column walls were eventually
packed with aluminum paper to hide the medium from light and prevent the development of
algae.

The soil used in the experiment (Table 1) was collected in an inventoried zone (ZA
Armorique), in the area of Pleine-Fougéres (Brittany, France), in the 0 - 20 cm first horizon.
The soil was dried and sieved through a 2.0 mm mill before its use. Soils were deposited in
the columns after the treatments were applied. Twenty aliquots of soil (120 g) were weighted
and individually spread onto aluminum papers to constitute the five replicates of each
ofthefour experimental conditions: control soil (unmodified soil), soil containing 1%
magnNPs, soil polluted with Cu and soil polluted with Cu containing 1% magnNPs. Cu-

polluted soils were contaminated with 5.5 M CuSOj, solution (for an input of 480 ppm of Cu
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in the soil) by dispensing the preparation dropwise over a grid pattern. Similarly, magnNPs
solution (12 g L") was added into magnNPs containing soils (whether or not containing

copper) to reach 1% magnNPs in the soil (1.2 g magnNPs per soil).

Table 1: Physico-chemical characteristics of soils sampled from Pleine-Fougeres (ISAE, Analytical
laboratory, Combourg, France).

pH CEC MO C/N Cd Cr Cu Ni Pb Zn
- meg/100g % - ppm ppm ppm ppm ppm Ppm
54 15,6 575 10,1 0,29 84,30 20,26 30,32 21,95 73,62
SiO: Al:0O; Fe.0; MnO Mgo Cao Na,O K-0 TiO- P.0Os
% % % % % % % % % %
64,89 12 4,03 0,03 0,96 0,39 1 1,85 0.7 0,15

Sunflower seeds were placed for germination directly in the soils. A total of 60 seeds
were previously surface sterilized with 1.5% (v/v) sodium hypochlorite (NaOCI) for 3 min
and then rinsed 12 min with distilled water for 5 times. They were eventually soaked in
distilled water for 45 min in a laminar flow hood. 3 seeds per column were sowed, to ensure
enough plants would germinate, but only one seedling per column was maintained. The
columns were placed in a growth chamber which provided cyclic growth conditions, with 16
h light at 22 °C and 8 h in the dark at 18°C, a photosynthetic photon flux density of 160 umol
m~s”, and a relative humidity of 70%.

For plant watering, a modified Hoagland solution (containing only macronutrients
compounds except iron) or a 2 10° M NaCl solution was alternately poured into the soils at
field capacity every 2 days. This steady sprinkling kept the soil moist, while increased
volumes of the nutrient solution were given to allow sampling of the soil solution every 3 and
5 days. For each column, about 25 mL of soil solution were collected and further mixed with
that of another similar column (originating from the same type of soil) using a peristaltic
pump at 1 mL min™. The last column, which was similarly watered, was used for pH and Eh
measurements during sampling.

After 57 days growth, 4 over 5 sunflower plants for each treatment were harvested to
allow biological assays. Pictures and fresh weight measurements were taken after separating
the roots, the aerials parts and the flower of the plants. However, the whole roots were not
precisely and equally recovered from one soil to another, hence the root weights were not
provided in the results. Plant samples were frozen in liquid nitrogen and stored under -40°C.
A fifth plant, for each treatment, was harvested 38 days later to allow sampling for scanning

electron microscopy (SEM) analyses and magnetic measurements and study the translocation
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efficiency by estimating the distance along which magnNPs were transported inside the plant.
Regards to the height of the plant from ground to above, aerial parts of the plants were cut
into 3 sections: lower mid-height (“AP1”), upper mid-height (“AP2”) and sunflower head
(“AP3”). For roots (R) and soils (S), three equal sections were made in the 13-cm-height soil

and also numbered from 1 to 3 with increasing depth.
IV.2.3. Biological assays

All the following experiments were conducted on dry plant material obtained after
lyophilization (Christ ALPHA 1-2LDplus). Each frozen sample of plants was placed into the
chamber of the freeze dryer for a primary long drying (0.09 Pa for 72 h), followed by a
secondary drying stage for about 24 h (0.001 Pa). The dry samples were immediately sealed
and preserved in a cold room. Before each analyze, the material was gently ground with a

mortar and a pestle hence providing fine powders of dry plants.
IV.2.3.1. Chlorophyll content

For chlorophyll determination, 5 mg DW (dry weight) of sunflower leaves were
incubated in 500 pL acetone (80 %) at 4°C, for at least 12 h until complete bleaching.
Centrifugation at 12000 g was realized to recover the clean supernatant in new tubes. 30 pL
of each supernatant was diluted in 270 pL of acetone (80 %) in a microplate well. Chlorophyll
content was determined spectrophotometrically, by reading the absorbance at 470, 645 and
663nm (spectrophotometer SAFAS FLX-Xenius - PLAY analytical platform of University of
Rennes 1).

Pigments contents were eventually calculated (ug mg™ DW) according to the equations

of Lichtenthaler and Wellburn (1983):

Ca=12.21 * DOgs3 — 2.81 * DOgss, Chlorophyll a

Cb =20.13 * DOgas — 5.03 * DOgs3, Chlorophyll b

C = Ca + Cb, Chlorophylls (total)

K= (1000 * DO4790 — 3.27 * Ca— 104 * Cb) / 229, Carotenoids (xanthophylls + carotenes)
IV.2.3.2. Determination of lipid peroxidation

The measurement of lipid peroxidation products was achieved bymeasuring the amount

of TBARS (thiobarbituric acid reactant species) produced by the thiobarbituric acid (TBA)
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reaction, according to the corrected TBA method as described by Hodges et al. (1999) and
expressed in terms of malondialdehyde equivalents (MDAeq). For each sample, 1 mL ethanol
(80%) was added to 15 mg dry shoot to react for 25 min at room temperature in a rotating
wheel. After centrifugation at 10 000 g for 10 min, the supernatant was collected in a new
tube. Two aliquots of 200 pL. were mixed with TBA+ (20.0% trichloraceticacid (p / v), 0.65%
(p/v) TBA et 0.01% (w/v) butyl-hydroxytoluene) and two other with TBA-(20.0%
trichloracetic acid (p/v) et 0.01% (w/v) butyl-hydroxytoluene). The samples were eventually
heated to 95°C for 25 min, rapidly cooled down to room temperature and immediately
centrifuged at 10 000 g for 10 min. The supernatants were recovered in new tubes and 300 pL
were sampled and placed in a microplate. The absorbance of the supernatants was recorded at
440, 532 and 600 nm spectrophotometrically using a microplate reader (SAFAS FLX-
Xenius).

Results are finally expressed in MDAeq per gram of DW following the equations of
Hodges et al. (1999):

1) [(Abs 5321pa+) - (Abs 6007pA+) - (Abs 5321pa- - Abs600718A-)] = A
2) [(Abs 4401ga+ - Abs 6007pa+) 0.0571] =B
3) MDA equivalents (nmol ml™) = (A-B/157 000) 10°

IV.2.3.3. Soluble protein extraction and quantification

Plant homogenates were prepared in 50 mM phosphate buffer (pH 7.5) containing 1
mM EDTA, 1 g PVP, and 0.1 % (w/v) Triton X-100. About 50 mg of plant shoot (DW)
reacted with 1.5 mL of the buffer for 1 h in a rotative wheel at 4°C. The samples were
centrifuged twice for 12 min at 12000 g and the supernatant was collected in new tubes.
Several aliquots were prepared and plunged in liquid nitrogen to perform activity assays of
guaiacol peroxidase (POD) and superoxide dismutase (SOD) antioxidant enzymes.

Soluble protein spectrophotometric quantification was performed according to the
Bradford’s method (1976). For each sample, 10 pL of soluble protein extract was deposited in
a microplate, in duplicates, and 250 uL of Bradford reactant were added. The reaction was run
for 15 min and the absorbance was read at 595 nm. Calculation of the protein content was

determined based on bovine serumalbumin (BSA) calibration solutions (0.1 to 1.4 mg L™).
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IV.2.3.4. Analysis of POD activity

Guaiacol peroxidase (POD) activity was assayed according to the method of Putter
(1974) and Cakmak and Marschner (1992) with some slight modifications. For each sample,
the reaction mixture (300 pL) was prepared in microplates by adding the following reactants:
190 pL deionized ultrapure water, 30 uL. phosphate buffer (1 M, with pH adjusted to pH =
6.5), 30 uL guaiacol (150.06 mM) and 20 pL of soluble protein extract. The reaction was
initiated by adding 30 uL H,O, (161.8 mM). The enzymatic activity was determined from the
maximum rate of tetraguaiacol formation by monitoring the increase in absorbance at470 nm
(ETetragaiacol = 26.6 mM™ c¢m™) during 6 min (1 measure every 40 sec). One unit (U) of POD is

the amount of enzyme that reduced 1 pmol of HO, min™ under the assayed conditions.
IV.2.3.5. Analysis of SOD activity

Superoxide dismutase (SOD) activity was assayed by measuring its capacity of
inhibiting the photochemical reduction of nitro blue tetrazolium (NBT), following the method
of Giannopolis and Ries (1977) with few modifications. For each analysis, the reaction
mixture was prepared by adding the following reactants: 180 uL deionized ultrapure water, 30
pL phosphate buffer (500 mM, pH = 7.8), 30 uL methionine (130 mM), 30 uL NBT (750uM)
and 10 pL of soluble protein extract. 30 pL riboflavine (20 uM) were eventually added to
initiate the reaction. The analyses were performed on 2 parallel microplates - with duplicates
on each - one exposed to light and the other hidden in the dark. A pre-read absorbance at 560
nm was realized for each plate before launching the reaction. Riboflavine was then added (30
pL) and the samples were exposed, to light (first plate) and then to obscurity (second plate), 8
min each. Immediately after, the absorbance was read at 560 nm. For calculations, pre-read
was first subtracted to the final absorbance measurement. SOD activity was expressed as U
mg” protein, U (a unit) being the amount ofenzyme causing 50 % inhibition of the NBT

reduction to blue Formazan observed in the absence of enzyme.
IV.2.4. Geochemical analyses

Major- and trace-element concentrations were determined by ICP-MS (Agilent 7700x),
using rhenium and rhodium as internal standard. The international geostandard SLRS-5 was
used to check the validity and reproducibility of the results (Yéghicheyan et al., 2013).
Samples were prepared in clean room in pre-washed (24h in nitric acid (1.5MHNO3) at 45°C,

24h in deionized distilled water at 45°C - repeated twice) digestion vessels (Savillex), and
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further diluted in pre-washed (24h in nitric acid (1.5M HNOs) at 45°C, 24h in deionized
distilled water at 45°C) 50-mL tubes. For magnNPs and soil solutions, samples were first
digested with sub-boiled nitric acid (14.6 M HNO3) for 16 h at 95°C and subsequently heated
until complete evaporation of the solvent. The samples were eventually re-solubilized in 0.37
M HNO; with appropriate dilution(s) regards to ICP-MS quantifications limits. For plant
tissues samples (shoots and roots), lyophilized material (50mg) was digested 5 times in sub-
boiled nitric acid (14.6 M HNO3), with or without hydrogen peroxide (H,O>) (10 drops for the
two first digestions), with about 8 hours evaporation (95°C) each time. Root samples were
digested for longer periods and 2 more digestion-evaporation steps were carried out because
of insoluble organic matter and minerals. Final solids obtained after the last evaporation were
re-solubilized in 0.37 M HNO; with appropriate dilution(s) regards to ICP-MS quantifications

limits.

IV.2.5. SEM analyses

SEM and EDS analyses were conducted at the CMEBA (University of Rennes) on a
JEOL JSM 7100 F EDS EBSD Oxford. Segments (1 cm length) were taken from the roots of
beans (hydroponic culture, long term experience) and sunflowers (soil column experiment)
exposed to magnNPs to visualize the magnNPs in plant tissues. Fresh samples were prefixed
in 2.5% glutaraldhehyde (diluted with 0.1 M phosphate buffer at pH = 7.2) at 4°C for 48 h,
washed in 0.1 M phosphate buffer (3 baths of 10 min) and eventually dehydrated in
successive bath of ethanol (60%, 70%, 80%, 90%, 95% and 100%), 10 min each.

IV.2.6. Magnetic susceptibility measurements

Magnetic susceptibility was used to trace the occurrence of magnNPs in soils and
estimate the magnNPs uptake in plant tissues. The method has already been used to evidence
magnetite occurrence in various environments (Maxbauer et al., 2017).

The measurements were performed with a susceptibilimeter (AGICO KLY3). For
sample preparation, the different parts of the plants (aerial parts, roots and stems) harvested
from hydroponics (bean) and soil column experiment (sunflower) were stored in plastic
containers and lyophilized. Plant and soil sections collected from soil columns experiments
(95-days old sunflowers), were dried in an oven and stored in the same plastic containers.
Analyses were performed directly on the containers (same for all the samples). Blank

(containers without plants) measurements were acquired at the beginning of the experiment

148



and also every three measurements, to account for the possible deviation occurring along with
the analyses. Blanks and sample analyses were repeated 10 times to ensure the validity of the
measurements. Analyses provided volume susceptibilities to which blank correction were
applied. Mass susceptibilities (m® kg™) were then obtained by considering the actual weight of
the sample (without container) and the density of the material. Estimation of magnNPs
content in the samples was made using the blank-corrected susceptibility of a dry sample of
magnNPs (known concentration and weight) and correcting the sample from the contribution

of the magnNPs uncontaminated matrix (control plants or control soils).

IV.2.7. Statistical analysis
All data presented are the mean values of at least two independent set of experiments.
Each value was presented as means + standard errors means (SEM), with a minimum of two
replicates. Statistical analyses were carried out by one-way ANOVA using the Tukey test to

evaluate the significance of the means, taking p <0.05 as significant.

IV.3. Results and discussion

IV.3.1. Highlighting the role of the growth medium in driving

magnNPs/plant interactions

IV.3.1.1. Characterization of magnNPs

TEM analyses, potentiometric titration and BET analyses were conducted on magnNPs
in aqueous solution. The main properties are summarized in Table 2. It is worth noting that
magnNPs are not stable objects and their behavior is strongly influenced by the environmental
conditions in which they evolve. MagnNPs have previously been characterized regarding their
colloidal and chemical stabilities (Demangeat et al., 2018), which highlighted that pH played
a key role in driving their aggregation state and dissolution rate. Magnetite is also prone to
oxidation and transformation into maghemite, a more stable iron oxide with only Fe’* in its
structure (Cornell and Schwertman et al., 2003). In this study, Fe(Il)/Fe(IlI) measurements
evidenced that oxidation occurred. After being introduced in the aqueous mediums, the
IONPs displayed a Fe(Il)/Fe(Ill) of 0.35 £+ 0.02. Furthermore, surface coating with either
humic acid or phospholipids (natural constituents found in soil and surface waters) was
investigated (Demangeat et al., 2018) and it was evidenced that HA was particularly efficient

in enhancing magnNPs colloidal stability and could protect against dissolution at acidic pH
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(Vindedahl et al., 2016). Thus magnNPs transformation is expected to play a key role towards
magnNPs uptake and toxicity (Amde et al., 2017).

Table 2: Main properties of magnNPs from TEM, BET and potentiometric titration. Data are the mean
+ standard error of the mean (SEM) of two independent experiments.

size (nm) surface area (m?/g) pHzpc
magnNPs 72 115+04 6.2

IV.3.1.2. Fate, uptake and translocation of magnNPs under hydroponic

culture of bean plants

SEM analyses evidenced the deposits of magnNPs aggregates (see Supporting
Information: S.I - D.) onto the surface of roots. EDS analyses (S.I - D., Figures S4, S5 and
S6) evidenced strong peaks of iron and oxygen (iron oxide composition) on the observed
particles as compared to EDS analyses in unoccupied areas (volumes analyzed by EDS -
targeted EDS points - consisting in cubes of lum x lpm x Ium). These deposits probably
also include organic matter (as evidenced by the carbon peaks in the EDS spectrums — S.I D.)
likely resulting from the roots activity. At the root level, magnNPs high reactivity and specific
surface area would play an important role, which allowed the adsorption of magnNPs onto the
physical interface. Electrostatic adsorption, mechanical adhesion or hydrophobic affinity can
allow the accumulation of magnNPs in epidermis or their adherence onto the surficial tissues
as single particles and/or aggregates (Anjum et al., 2016). Nevertheless, the adsorption of
magnNPs on the root surface cannot be regarded as their actual uptake as some ions and
surfactants, usually in the soil solution, can compete with magnNPs or modulate their
behavior thereby favoring magnNPs desorption from the roots (Solanki et al, 2015).
Moreover, the presence of a mixture of mucilage and roots exudates (composed of a number
of organic acids and amino acids) released by plant roots could induce NPs dissolution (Peng

et al., 2015; Liu et al., 2016; Perrault et al., 2013).
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Figure 1: SEM images showing deposits of magnNPs aggregates at a root surface (bean root, after 63 days
in hydroponic culture with 2500 mg L™ NPs). Microscope images have been taken at x 110 (A), x 400 (B)

and x 5 500 (C) magnifications.

Geochemical results did not evidence a significant Fe release from magnNPs dissolution
in the Fe-deficient Hoagland solutions at the end of the experiment (soluble Fe contentsarein
the range of quantification limits therefore, results arenot presented). In consistence with our
previous study performed in NaCl 510 M during 48h (Demangeat et al., 2018), magnNPs
dissolution was not observed. Indeed, we previously demonstrated that Fe dissolution
decreased to less than 0.01% at pH 5 and 6; which correspond to the pH condition observed in
the present experience (pH 5.5). Furthermore, in that past experiment, MagnNPs dissolution
only occurred at pH 3 and 4 leading to a 1.5 and 0.4% Fe release, respectively (Demangeat et
al., 2018). In addition, magnNPs coating with organic materials such as humic acids (HA) and
phospholipids prevented the dissolution of magnNPs, and HA considerably improved
magnNPs colloidal stability. Thus, it is expected that only few Fe could be dissolved within

the conditions of the current experiment, despite the possible implication of roots activity (for
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instance, the absence of dissolved iron could results from increased plant uptake or, from
magnNPs aggregation, inducing decreased root activity).

MagnNPs detection in the plant tissues (using magnetic susceptibility) evidenced that
plants are able to absorb magnNPs through the roots before being translocated in the aerial
parts of the plants. Magnetic measurements conducted on 63-days-old bean plants further
evidenced that magnNPs occurrence increased with increasing magnNPs concentration
(Table 3). MagnNPs were still detected in the plants exposed to 5 mg L™ magnNPs, although
the magnetic susceptibilities were about 10 times lower than that obtained in the plants
exposed to 1000 mg L' NPs. In both cases, however, the distribution of magnNPs highlighted
the prime accumulation of magnNPs in(/on) the roots and their progressive distribution into
stems and, possibly, into the leaves of bean plants. The transfer and accumulation of
magnetite NPs from roots to shoots has been evidenced in several works (Iannone et al.,
2016). The most accepted explanation for NPs translocation suggests that NPs can move
intra- and/or extra-cellularly through tissues until they reach the xylem. Previous studies
conducted on magnetic nanoparticles showed an easy penetration of the root, through entering
into the vascular cylinder and access to the aerial parts of the plants via moving the xylem
vessels using the transpiration stream (CiFuentes et al., 2010). Several hypotheses are still
under considerations but, it is accepted that magnNPs transportation could occur via three
main routes that include the cell wall pores (vide supra), the apoplastic pathway (transport on
the surface between the cell wall and the plasma membrane), or the symplastic pathway
through plasmodesmata (channels of approximately 40-nm-diameter connecting adjacent

cells).

Table 3: Magnetic susceptibilities (m? kg™") measured in the different parts of bean plants (stems, leaves,
roots) and estimated concentrations of magnNPs in the tissues (mg g DW). Bean plants were exposed for
63 days to different concentrations of magnNPs (5 and 1000 mg L-1) in hydroponic culture. Data
represent mean * standard error of the mean (n=2 to 4). Magnetic susceptibilities were calculated based
on raw magnetic susceptibilities (volumic) and regards to the mass of the samples (+ 0.7g).

Stem Leaves Roots

MagSuscept NPs (mgg™) MagSuscept NPs (mgg™) MagSuscept NPs (mgg™)

Control -1,0E-09 u.a.b. 2,2E-08 u.a.b. 1,3E-07 u.a.b.
50 Fe 7,2E-09 0,01 + 0,009 3,2E-08 0,02 0,02 5,9E-06 9,9+3,5
1000 o Fe 5,8E-08 0,1+0,05 4,5E-08 0,04 0,02 7,0E-05 121,2+ 43,2

*u.a.b.: used as blank to remove the diamagnetic component induced by the plant itself.
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IV.3.1.3. Mobility and bioavailability of magnNPs and trace metals in Cu-
polluted soils

Magnetic susceptibility measurements evidenced that magnNPs primary accumulated

both into the roots of the plants, and in the soils (Table 4). In both cases, the measurements
are more than two orders of magnitude higher than control plants and soils, meaning that
magnNPs occurred in significant amounts in those mediums. On another hand, the
aggregation of NPs also usually decreases NPs bioavailability by preventing NPs to penetrate
the cells (Amde et al., 2017). At the root cellular level, magnNPs have to interact with plant
cell wall before their penetration into cell and subsequent intracellular transportation (Anjun
et al., 2016). Cell wall consists in a network of cellulose microfibrils cross-linked with
hemicellulose and lignin, and further impregnated by pectin that offers a range of distinct
active sites and also represents a semipermeable barrier that allows the passage of small
molecules (Navarro et al., 2008). Cell wall contains pores with diameter that ranges from 5 to
20 nm. Thus, the entry of aggregated magnNPs is expected to be restricted to the pores size.
Nevertheless, the interaction between NPs and cells could result in the formation of wounds
or new pores, which might be bigger than the common pores and thus favor the passage of
magnNPs through the cell wall (Iannone et al., 2016; Navarro et al., 2008). Furthermore, the
interaction of nanoparticles with carrier proteins, aquaporins, ion channels, and organic
chemicals has been proposed to allow the entry of NPs into the plant cells (Anjun et al., 2016;
Hu et al., 2018). In that case, cell penetration would occur under the symplastic route, known
as an important and highly regulated pathway for the nanoparticle-transportation into major
crops (Rico et al., 2011). Endocytosis pathway has also been considered as a significant
alternative to allow the internalization of magnNPs (Miralles et al., 2012). In the aerial parts,
however, magnetic susceptibilities indicated that magnNPs were not translocated in the two
upper levels of the plants (magnetic susceptibilities are negative and close to that of controls)
although in the first, close-to-ground section, the positive signals might be correlated with the

occurrence of very few magnNPs.
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Table 4: Magnetic susceptibilities (m? kg™) measured in the different parts of the plants (aerial parts -
fragments including stems and leaves -, roots) and in the soils (initially 1% magnNPs) with estimated
concentrations of magnNPs detected. Sunflower plants were exposed for 57 days to 1% magnNPs and / or
Cu (500ppm) in soil columns. Data represent mean +* standard error of the mean (n= 4). Magnetic
susceptibilities were calculated based on raw magnetic susceptibilities (volumic) and regards to the mass
of the samples (+ 0.7g). In each column, three sections (samples) were made regards to the height of the
aerial parts (increasing height from AP1 to AP3) and depth (increasing depth from 1 to 3) for roots and

soils.
Control NPs Cu NPs-Cu
NPs NPs
MagSuscept MagSuscept  (mgg’) MagSuscept MagSuscept  (mgg™)
A.P. AP3 -1.0E-08 -2.8E-08 n.d. -5.8E-09 -3.3E-08 n.d.
AP2 -7.1E-09 -1.2E-08 n.d. -4.5E-09 -5.7E-09 n.d.
AP1 -1.1E-08 1.4E-08 0.04 £ 0,025 -2.4E-09 -1.5E-09 n.d.
Roots R1 -1.7E-09 9.3E-07 23104 6.1E-10 1.7E-07 1.6+0.7
R2 1.9E-09 6.3E-07 28+0.6 1.9E-09 1.4E-07 1.1+0.6
R3 5.2E-09 3.8E-07 25105 4.2E-09 5.8E-07 0.7+0.6
Soils S1 7.1E-08 5.9E-06 10.1+£0.2 6.8E-08 7.3E-06 11.5+£0.2
S2 6.8E-08 5.5E-06 94+04 6.8E-08 6.7E-06 10.7 £ 0.3
S3 6.8E-08 5.8E-06 10.0+£0.2 6.9E-08 6.4E-06 10.1+£0.2

*n.d.: not detected

According to ICP-MS measurements (Figure 2), higher iron content was measured in
the aerial parts (AP1+AP2+AP3) of magn NPs and magnNPs-Cu plants (as compared with
control and Cu plants, respectively), suggesting that magnNPs were able to reach the aerial
parts of the plants. In particular, roots’ exudates (organic acids, amino acids, fatty acids,
proteins, and sugars) may induce transformations of magnNPs into more bioavailable forms
(e.g. phytosiderophores), by increasing magnNPs solubility and/or mobility (Uren, 1984).
Furthermore, ICP-MS measurements of dissolved trace elements (< 0.2pm) in the solution
after 57 days leaching (Figure 2) evidenced a significant Fe release from the soils (especially
magnNPs - containing soils), which was likely associated with Fe reduction occurring in the
first days of the experiment. Indeed, under anoxic conditions, Fe(IlI) is readily reduced either,
by inorganic chemical reactions (driven by Eh and pH conditions) or, by microbial processes
(Colombo et al., 2014). This process was quickly reversed and aerobic conditions prevailed in
the following days of the experiment along with iron oxidation (Figure 3). On another hand,
the total iron content measured in the shoots of magnNPs and magnNPs-Cu plants was
significantly different than those treatments (Figure 2); therefore, Cu might play an important
role in regulating Fe uptake. Furthermore, in Cu contaminated soils, the amount of Fe released

was almost similar between magnNPs-Cu and Cu soils and they were lower than the amounts
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of Fe released from control soils. Thus, although magnNPs-Cu soil was likely enriched in
magnNPs (consistently with magnetic susceptibility measurements), access to magnNPs

bioavailable pool of Fe might have been decreased because of Cu contamination.

Fe concentration in the aerial parts of Cu concentration in the aerial parts of
sunflower sunflower
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Figure 2: ICP-MS concentrations (mg Kg'1 DW) of Fe and Cu measured in the plant issues (aerial parts,
roots) of sunflowers from soil column experiment. Data represent mean * standard error of the mean
(n=3 or 4). Different letters above bars indicate statistical significance (p< 0.05) at each condition.
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Figure 3: Evolution of the redox potential (left graph) and the content of reduced iron (Fe*") (right graph)
as a function of time in the different columns: control (black), magnNPs (yellow), magnNPsCu (blue) and
Cu (green).

As expected from the initial Cu inputs, Cu concentrations were much higher in plants
grown in Cu contaminated soils than in control plants and NPs soils (Figure 3). The
introduction of magnNPs into Cu contaminated soil yet decreased the accumulation of Cu in
both the roots and aerial parts of the plants. Moreover, plants exposed to magnNPs alone,
without Cu contamination (500 ppm), displayed a lower Cu content in both the roots and the
aerial parts as compared to the control plants. Thus, magnNPs may scavenge Cu and decrease
Cu bioavailability. In addition, lower amounts of Cu were measured in the final leaching
solution from magnNPs-Cu soils as compared to Cu amount measured in the solution from Cu
contaminated soils without magnNPs. Thus, the magnNPs occurrence likely decreased the
amount of Cu leached by retaining Cu onto magnNPs surface and into the soil. On another
hand, the increased natural organic matter (NOM) release occurred in soils containing either
magnNPs, magnNPs and Cu, or Cu alone, as evidenced by the distribution of the dissolved
organic carbon (DOC) amounts displayed in Figure 4. As Cu and NOM display high affinity
and easily form chelates (Li et al., 2016), stabilization of magnNPs by NOM (which can lead
to increased NPs mobility (Baalhousa et al., 2013)) might also have been lowered in the
magnNPs-Cu soil, thereby favoring the retention of magnNPs and adsorbed Cu in the
columns. Most magnNPs were probably bound to clays and NOM in the soil because of their
high affinity to each other (Theng and Yuan, 2008). For most fine texture soil, leaching of
trace elements and nanoparticulate compounds is limited because of the strong binding of
these elements with soil colloids and especially clays, which display high surface areas (Reith
and Cornelis, 2017; Sagee et al., 2012). In addition, the contributions of smaller pore sizes

and larger surface area in soil columns likely increased both electrostatic interactions and
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physical straining, and thus reduced the mobility of magnNPs in the mediums. Eventually,
since Cu was not transferred to plant roots and aerial parts in the same extent than it did in Cu
plants, it is concluded that magnNPs also reduced the bioavailability of Cu to the plants. In
terms of phytoremediation, the concentration of Cu was probably too high for magnNPs to

absorb enough Cu to prevent any Cu accumulation into the plant tissues.
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Figure 4: Total DOC amounts (mg) in the soil solution released from each soil column: control (black),

magnNPs (yellow), Cu (green) and magnNPsCu (blue). Data represent means + standard error of the mean
(n=4). Different letters above bars indicate statistical significance (p< 0.05) at each condition.

DOC content (mg)

IV.3.2. Responses of plants to magnNPs in the context of Fe deficiency

IV.3.2.1. Impacts of magnNPs on growth

Germination (short-term) and hydroponic culture (mid-term) experiments highlighted that
sunflower fresh weights increased with magnNPs concentrations in Fe-deficient cultures
(Figure 5). The responses to Fe deficiency usually include decreased plant weight, changes in
root morphology, and up-regulation of genes involved in Fe uptake (Morissey et al., 2009;
Salama et al., 2009). In both germination and hydroponic culture, Fe deficiency in the absence
of magnNPs was characterized by lower weights of plants as compared to plants without Fe-
deficiency. The occurrence of magnNPs in Fe-deficient cultures prevented any Fe-deficiency
symptoms, particularly in hydroponic experiments, by raising the weights of the plants at least
as high as that of non-Fe-deficient control plants. In Fe-deficient hydroponic cultures, the
small (5 mg L) and the high (1000 mg L™) concentrations of magnNPs were effective on
both the roots and the shoots as compared to Fe-deficient control plants. Thus, magnNPs were
able to complement the need of Fe to Fe-deficient cultures. On another hand, the effect of

magnNPs on the growth of plants from Fe-bearing cultures did not show any significant
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Figure 5: Fresh weights of plants measured after 7 day germination (left side) and 18 days in hydroponic
culture (right side) (with n=5 or 4). The analyses were made on six treatments investigated in germination
(Fe-deficient (p¢) Hoagland (0.5x) control; Fe-deficient (g¢) Hoagland (0.5x) with 5mg L'lmagnNPs; Fe-
deficient (@) Hoagland (0.5x) with 5000 mg Lt Hoagland (0.5x) control; Hoagland (0.5x M) with 5mg Lt
magnNPs; magnNPs; Hoagland (0.5x) with 5000 mg L™* magnNPs) and hydroponic cultures (Fe-deficient ()
Hoagland (0.5x) control; Fe-deficient (@) Hoagland (0.5x) with 5mg L'lmagnNPs; Fe-deficient (@) Hoagland
(0.5x) with 1000 mg L'magnNPs; Hoagland (0.5x) control; Hoagland (0.5x M) with 5mg L™ magnNPs;
Hoagland (0.5x) with 1000 mg Lt magnNPs). Data represent means + standard error of the mean.
Different letters above bars indicate statistical significance (p< 0.05) at each condition.

growth improvement or decreased root growth. It was observed that 25 mg L' and, 50 and

100 mg L™ iron oxide F»O3; NPs induced noticeable root growth decrease of Arabidopsis
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thaliana (Bombin et al., 2015) and Zea mays respectively (Li et al, 2016). However, in both
germination and hydroponic experiences of the present studyneither, the low nor, the
highconcentration of magnNPs decreasedthe growth of sunflower roots. These results were
also observed for bean, maize and wheat (S.I. - A., Figure S1) in the germination experiences.
For a longer exposure time (18 days), Fe-deficiency was more pronounced against which
small magnNPs content (5 mg L") was more effective than on the 7-day germination
plantlets. Thus, the amount of magnNPs translocated may be important regards to the impacts

on the growth of the aerial parts

IV.3.2.2. Pigment contents

The contents of chlorophyll a, chlorophyll » and carotenoid (xanthophylls and
carotenes) pigments were determined in sunflower leaves of plants grown in hydroponic
conditions (Figure 6). As for all vascular plants, the pigment composition of sunflower
includes chlorophyll a and chlorophyll b, which are light collectors, and carotenoids, which
have multiple functions in light capture and photoreception and in many other processes
(participation in (i) the dissipation of oxidative stress from excess light, (ii) the synthesis of
abscisic acid, (iii)) the mechanism of stomatal closure and (iv) the regulation of gene
expression through their oxidation products) (Esteban et al., 2015). The responses of the
photosynthetic pigment composition thus, likely reflect changes in environmental conditions
(Yudina et al., 2017). Different reports notably, evidenced that the nanoparticles influence the
photosynthetic pigment concentration and its activity in plants (Qian et al., 2013; Perrault et
al., 2013; Tripathi et al., 2017).

In our study, pigment contents in sunflower leaves were the lowest in plants grown without
iron (Fe-deficient Hoagland), thus highlighting that iron deficiency has a notable impact on
the pigment composition (Figure 6). In plants, iron is involved in the synthesis of
chlorophyll, and it is essential for the maintenance of chloroplast structure and function (Rout
et al., 2015). Fe deficiency primary affects structure and function of the chloroplasts, which
generally results in the decrease of leaf Fe content and a marked reduction of chlorophyll
level (Briat et al., 2007; Salama et al., 2009). On another hand, it was observed, from this
study, that magnNPs increase goes hand in hand with an increase in pigment contents. In
particular, in the case of Fe-deficiency, both small and (chiefly) high concentration of
magnNPs raised the pigment contents close to that of Fe-bearing cultures. Chlorophyll a /b
ratio were the highest for plants with available Fe and/or plants exposed to magnNPs. Thus,

magnNPs contributed to maintain the plant photosynthetic machinery under Fe deficiency and
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they likely provided iron to Fe-deficient plants to raise their pigment contents in amounts
comparable to that of non-deficient Fe controls. Last, sunflowers exposed to both iron and
1000 mg L™ magnNPs displayed the highest pigment contents (Ca, Ch, C+K), which were

increased as compared to Fe-control and plants exposed to low magnNPs concentrations.
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Figure 6: Pigment contents (ug mg'1 DW) measured in sunflower leaves: a.) Chlorophylls a; b.)
Chlorophylls b; c.) Chlorophylls a + b, d.) carotenoids and e.) Chlorophylls a / b. Data represent mean +
standard error of the mean. Different letters above bars indicate statistical significance (p < 0.05) at
each condition.
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IV.3.2.3. Oxidative stress and antioxidant response

The main cellular components of plants susceptible to be damaged by free radicals are
lipids, proteins, carbohydrates and nucleic acids (Blokhina et al., 2003). Lipid peroxidation
stems from the production of extra free radicals. When ROS levels exceed the capacity of the
plant to scavenge them, lipid peroxidation increases in biological membranes, impacting the
physiological processes of the cell. Thiobarbituric acid reactant species (TBARS), including
malondialdehyde (MDA), which is one of the main ending products of oxidative modification
of lipids, are commonly used as indicators of lipid peroxidation. MDA is further responsible
for cell membrane damage resulting from the decomposition of lipid peroxides, which are
highly reactive and unstable. Cell membrane damages include changes in the intrinsic
properties of the membrane such as, membrane fluidity, ion transport, loss of enzyme activity
and protein cross-linking (Labudda, 2013). These changes are critical as they could ultimately
cause cell death (Sharma et al., 2012). In the present study, highest TBARS were measured in
the controls compared to NPs-Fe exposed plants (Figure 7a). Moreover, decreased MDA
with increasing magnNPs concentrations were observed and the availability of iron in the
Hoagland solution did not affect the dose dependent-trend (Figure 7a). The positive effect of
iron oxide nanoparticles on lipid peroxydation was recently highlighted by several authors on
other plant species (lannone et al., 2016; Palmquist et al., 2017; Praveen et al., 2018).
According Praveen et al. (2017), iron oxide NPs could act as nanozymes, improving growth
and ROS tolerance. Antioxidant response obtained from guaiacol peroxidase (POD) brought
further clues regards to the previous hypothesis. In Fe-deficient plants (leaves), POD activity
was decreased with increasing magnNPs concentrations and in non-deficient cultures, POD
was decreased in the same extent at 5 and 1000 mg L™ magnNPs (Figure 7b). The guaiacol
peroxidases are widely recognized as stress enzymes and their activation has been reported
under many stressful conditions, including trace metal exposure (Gzyl and Gwoézdz, 2009);
therefore, in the present study, POD increases would rather be related to iron deficiency than
magnNPs exposure. On the other hand, SOD activity was also decreased with magnNPs
exposure. Previous studies evidence the simultaneous induction and decline of SOD with
certain enzymatic activities, likely resulting from their co-regulation (Shigeoka et al., 2002).
Thus, additional work is required to determine if the observed decrease in POD and SOD
activities with increasing magnNPs concentrations might be caused by magnNPs induced-

modified cell functioning (Figure 7¢).
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Figure 7: (a.) MDA content (nmol g DW), (b.) POD activity (U. mg™ proteins) (c.) SOD activity (U. mg'1
proteins) measured in the leaves of sunflowers grown in hydroponic cultures under the six treatments
(Fe-deficient (g¢) Hoagland (0.5x) control; Fe-deficient (¢) Hoagland (0.5x) with 5mg L? magnNPs; Fe-
deficient (¢) Hoagland (0.5x) with 5000 mg L™ magnNPs; Hoagland (0.5x) control; Hoagland (0.5x M) with
5mg L™ magnNPs; Hoagland (0.5x) with 5000 mg L™ magnNPs). Different letters above bars indicate
statistical significance (p< 0.05) at each condition.

IV.3.3. Effects of magnNPs on plants in a Cu contaminated-soil

IV.3.3.1. Impacts of magnNPs and Cu on the growth parameters

According to fresh weight measurements, magnNPs had few effects on sunflower
growth in the soil medium, respective to the fresh weights measured for control plants on
aerial parts and total plants (Figure 8), although the fresh weight of flowers was decreased.
Sunflower grown on Cu polluted soils displayed significant size reduction of the aerial parts
and flowers as compared both to control and magnNPs plants. The fresh weights
measurements of the flowers alone might highlight growth retardation. On the other hand, the
impact of copper on sunflowers aerial parts growth was significant, as sunflower are very
sensitive to Cu concentration (Lin et al., 2003). Cu toxicity has already been reported to
reduce the growth of different plants species in addition to inducing chlorosis and necrosis of
the leaves (Adrees et al., 2015). These symptoms were also observed in this study, on plants

grown on Cu contaminated soils (S.1.). In conclusion, magnNPs are expected to have only a
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very little impact on sunflower growth, whereas copper pollution, either alone or with

magnNPs, considerably reduce the plant growth.
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Figure 8: Fresh weights measured on the aerial parts (stems and leaves) and flowers of sunflowers,
separately, and fresh weights calculated from the sum of the different parts of the plants (aerial parts and
flower). Data were measured after 57 days growth on 4 different soils (control soil, soil with 1%wgt
magnNPs, soil with copper (500 ppm) and soil with both copper and magnNPs). Data represent means +
standard error of the mean (n=4). Different letters above bars indicate statistical significance (p< 0.05) at
each condition.

IV.3.3.2. Pigment contents

Pigment contents measured in the different plants highlighted that plants from control
soil columns displayed the higher amount of pigments, whereas the three other treatments
studied affected the pigment composition relative to the control plants (Figure 9). Treatment
with magnNPs alone decreased the pigment content (especially the carotenoid content)
although not in the extent that Cu and magnNPs-Cu did. A lower content of chlorophyll,
inactivation of enzymes and proteins linked to photosynthesis process and, modificationof
thylakoid membranes have been reported in several studies resulting from Cu toxicity (Dey et
al., 2014, Ouzoudinou, 1994). In most of the plants Cu is found associated with plastocyanin,
an important component of the electron transport chain between cvt bf6 and PSI in the
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chloroplast. According to Baszynski et al. (1988), copper deficiency reduces PSI electron
transport due to a decreased formation of plastocyanin. Binding of metals to the various
sensitive sites of the photosynthetic apparatus can also directly affect the photosynthetic
machinery. Furthermore, the excess of Cu has been demonstrated to strongly affect the
chloroplast structure with degradation of grana stacks and stroma lamellae (Baszynski et al.,

1988). Cu excess usually induces chlorosis and necrosis of leaves, which was observed in our
study, resulting from the inhibition of pigment accumulation and the decrease in the
chlorophyll integration into photosystems (Dey et al., 2014). Thus, Cu toxicity not only,
induced decreased pigments contents but also, decreased the photosynthetic activity (Table
5). On the other hand, Cu and NPs-Cu pigment contents, were not significantly different.
Therefore, it is thus suggested that although it is capable of reducing Cu contamination (ICP-
MS measurements evidenced lower Cu content in plant tissues (section 2.1.)), magnNPs did

not prevent any Cu toxicity.
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Figure 9: Pigments contents (ug mg'1 DW) measured in the leaves of control plants, magnNPs, magnNPsCu
and Cu-treated plants from soil columns experiments on sunflowers: a.) Chlorophyll a; b.) Chlorophyll b;
c.) Chlorophyll a + b; d.) carotenoids (xanthophylls + carotenes). Data represent means * standard error of
the mean (n=4). Different letters above bars indicate statistical significance (p < 0.05) at each condition.
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Table 5: Quantum efficiencies (QY) measured on the leaves of sunflowers (Control, magnNPs,
magnNPsCu, Cu columns) after 18 days growth.

Control magnNPs magnNPsCu Cu
Qy 0.83 0.83 0.80 0.76

IV.3.3.3. Oxidative stress and antioxidant response

From lipid peroxidation measurements, it was observed that the presence of magnNPs
decreased the MDA content relative to the other treatments (Figure 10). As compared to
magnNPs alone, when both Cu and magnNPs were present in the soil, the MDA content
increased. Eventually, Cu alone induced higher oxidative damage than the previous
treatments, meaning that Cu has a higher negative impact on lipid peroxidation than Cu with
magnNPs does. Oxidative stress is generally due to enhanced accumulation of ROS,
particularly O, and HO in chloroplasts, mitochondria, and peroxisomes (Abedi and
Pakniyat, 2010). In the presence of transmission metals such as Fe*" and Cu®*", H,O, can
breakdown to OH' in the succession of reactions called Haber-Weiss and Fenton reactions
(Birben et al., 2012). Generation of reactive radicals can cause cellular damage via depletion
of enzyme activities through lipid peroxidation and reaction with nuclear proteins and DNA.
Oxidative stress can also cause the impairment of macromolecules, which leads to the
enhancement of the protection mechanism against ROS (Praveen et al., 2018). Amongst the
antioxidant enzymes, superoxide dismutase is an important enzyme in protecting cells against
oxidative stress (Alscher et al., 2002). H,O,', which also results from the action of SOD, is
toxic to cells and can be considered as a key agent in decomposing H,O,". In the present
study, results indicate that SOD was decreased with Cu contamination as Cu toxicity likely
increased the activity of H,O,-scavenging enzymes (Figure 10). Furthermore, based on the
analyses of antioxidant enzymes activities POD, it was observed that magnNPs, magnNPs-Cu
and Cu treatments increased POD activity and MDA in a consistent way. Higher POD activity
was induced in response to increased oxidative damage. In fact, peroxidase is deeply involved
in all physiological events related to reduced growth in plants (such as lignification, cross-
connection of cell wall polysaccharides), oxidation of indole-3-acetic acid (IAA), cell
elongation, and phenol oxidation (Li et al., 2013). Therefore, changes in peroxidase activity
are likely indicative of a change in metabolic activity of physiological events (respiration,
photosynthesis, transpiration, gas exchange). POD activity from control plants was not

increased as no such metabolic changes occurred.
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Figure 10: (a.) MDA content (nmol g'1 DW), (b.) POD activity (U mg'1 proteins) and (c.) SOD activity (U
mg'1 proteins) measured in the leaves of sunflowers from soil column experiment (57 days growth) under
the four treatments (control soil, soil with 1%wgt magnNPs, soil with copper (500 ppm) and soil with both
copper (500 ppm) and magnNPs (1% wgt)).Data represent means + standard error of the mean (n=4).
Different letters above bars indicate statistical significance (p < 0.05) at each condition.

IV.4. Conclusions

The characteristics of magnNPs, together with those of the growth medium, are critical
parameters to understand the fate and behavior of magnNPs with plants. In particular, it was
evidenced that magnNPs uptake was improved in hydroponic cultures, from its aggregation at
roots surfaces to its entering and accumulation in the stems and, less significantly, in the plant
leaves. MagnNPs translocations in plants was highly decreased in plants grown in magnNPs-
contaminated soils, not to occur in the aerial parts of the plants. In addition to soil matrix
influence, compounds interacting with magnNPs, such as copper, also turned out to be critical
in determining the fate and behavior of magnNPs within sunflower plants. In particular, Cu
contamination decreased both magnNPs uptake by plants and its mobility in the medium. In

turn, magnNPs also decreased Cu uptake and accumulation in the plants.
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According to growth parameters and lipid peroxidation responses, magnNPs were not
harmful to sunflower, even at high concentrations (1000 and 5000 mg L™) in hydroponics.
MagnNPs were also able to provide Fe so that neither, growth retardation nor, decrease in
chlorophyll content (Fe deficiency symptoms) was observed in Fe-deficient plants. MagnNPs
further reduced the oxidative damage and triggered a higher antioxidant response than
controls in both hydroponic cultures and soil column experiment. In Cu-contaminated soils,
magnNPs tended to decrease Cu toxicity and it is thus, expected that magnNPs could help in
phytoremediation, although Cu contamination was likely too high in this study for allowing

magnNPs to scavenge enough Cu and prevent Cu toxicity.
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Supporting Information

A. Germination experiments

Germination experiments have also been conducted on maize, bean and wheat following
the same treatments than in the study for sunflower: Fe-deficient (o) Hoagland (0.5x) control;
Fe-deficient (o) Hoagland (0.5x) with 5mg L™ magnNPs; Fe-deficient (¢) Hoagland (0.5x)
with 5000 mg L™'; Hoagland (0.5x) control; Hoagland (0.5x M) with 5 mg L™ magnNPs;
magnNPs; Hoagland (0.5x) with 5000 mg L™ magnNPs).

Fresh weight measurements (g) are here after displayed:
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Figure S1: Fresh weights of plants measured after 7 day germination testing. Bean, maize and wheat
seeds were exposed to six different treatments: Control ¢ (Fe-deficient Hoagland (0.5x)); NPs 5 ¢ (Fe-
deficient Hoagland (0.5x) with 5 mg L™ magnNPs); NPs 5000 ¢ (Fe-deficient Hoagland (0.5x) with 5000 mg
L™ magNPs); Control Fe (Hoagland (0.5x)); NPs 5 Fe (Hoagland (0.5x) with 5 mg L™ magnNPs); NPs 5000 Fe
(Hoagland (0.5x) with 5000 mg L™ magnNPs). Data represent mean + standard error of the mean of three
independent experiments (n=6).
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B. Hydroponic experiments

Hydroponic experiments have also been conducted on maize and bean following the
same treatments than in the sunflower study: Fe-deficient (o) Hoagland (0.5x) control; Fe-
deficient (@) Hoagland (0.5x) with 5mg L'magnNPs; Fe-deficient (¢) Hoagland (0.5x) with
1000 mg L' magnNPs; Hoagland (0.5x) control; Hoagland (0.5x M) with 5mg L' magnNPs;
Hoagland (0.5x) with 1000 mg L™ magnNPs

e Fresh weight measurements (g) are displayed here after:
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Figure S2: Fresh weights of plants measured after 18 days in hydroponic culture. Seven-days-old seedlings
were exposed to six different treatments: Control ¢ (Fe-deficient Hoagland (0.5x)); NPs 5 ¢ (Fe-deficient
Hoagland (0.5x) with 5 mg L* magnNPs); NPs 1000 ¢ (Fe-deficient Hoagland (0.5x) with 1000 mg Lt
magNPs); Control Fe (Hoagland (0.5x)); NPs 5 Fe (Hoagland (0.5x) with 5 mg L™ magnNPs); NPs 1000 Fe
(Hoagland (0.5x) with 1000 mg L magnNPs). Data represent mean + standard error of the mean of two
independent experiments.
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C. Soil columns: experimental set up
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Figure S3: Soil column experiments. (A) Soil column design, before introducing sunflower seeds; (B)
After 5 days growth, sunflowers with magnNPs-Cu treatment.
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D. SEM and EDS analyses

EDS analyses were acquiredalong with SEM pictures, at the surface of root fragments.

e SEM image with mineralized depositsare supposed to be aggregated magnNPs
(the photo shows another spot — (but from the same sample) than the one displayed in the
study). At point 43, the EDS spectrum is marked by high iron (Fe) and oxygen (O)
peaks.These elementary peaks only slightly decreased farther from point 43 (point 45) but,
still evidenced magnNPs occurrence close to that point (still high Fe concentration).
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Figure S4: EDS spectrums (from SEM analysis) ofthe deposits observed at the surface of a plant root
fragment exposed to high concentration (2500 mg L™*) of magnNPs.

® SEM image at higher distance from magnNPs. EDS analyses exhibit lower iron
(Fe) and oxygen (O) preaks as magnNPs are further (e.g.EDS spectrum of point 49).
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Figure S5: EDS spectrums from SEM analysis on the root surface, showing only few iron in the tissue.

¢ EDS spectrum obtained for magnNPs alone (TEM, Au grid). EDS displays
high iron (Fe) and oxygen (O).
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Figure S6: EDS spectra obtained from TEM analysis of magnNPs alone (without any previous contact with
plants).

183






185






La forte utilisation des NPs-Fe dans de multiples domaines, toujours plus diversifiés,
est a Dlorigine de leur libération et diffusion dans les différents compartiments de
I’environnement sans que les conséquences environnementales ne soient encore réellement
connues. Mais, avant qu’elles n’entrent en contact avec les organismes vivants, les NPs-Fe
arborent une réactivit¢ de surface considérable. Celle-ci est responsable d’une part, des
interactions mutuelles NPs-Fe/NPs-Fe, qui définissent leur comportement en solution (1%
volet de la theése), et d’autre part, des interactions avec les multiples composants organiques et
inorganiques du sol et des eaux naturelles, susceptibles de modifier leurs propriétés
intrinseques (propriétés chimiques et propriétés structurales) et d’affecter la dynamique des
¢léments traces (ETs) (deuxiéme volet de la thése). Enfin, les conséquences de ces
transformations étant susceptibles d’affecter d’une part, le comportement des NPs-Fe et la
composition élémentaire des solutions de sol, et d’autre part, la biodisponibilité et toxicité des
NPs-Fe pour les plantes, ’étude des interactions entre les NPs-Fe et les plantes constitue

I’objet du troisiéme volet de cette thése.

V.1. Comportement, interactions et devenir des NPs-Fe dans

I’environnement

V.1.1. Comment évoluent les propriétés des NPs-Fe avec leur milieu ?

D’un coté, les conditions du milieu (pH, Eh, température, O,) affectent leurs propriétés
intrinseéques, telle que la cristallochimie des NPs-Fe. Nous avons notamment mis en évidence
dans cette étude, la transformation progressive et rapide (5 jours) de la magnétite en
maghémite par oxydation (cf. Chap.2). Celle-ci se caractérise par une diminution du rapport
Fe(IT)/Fe(Ill) et s’opére généralement de la surface vers le ceeur de I'oxyde (Frison et al.,
2013 ; Lohr et al., 2017), formant au fil du temps, une couche oxydée de plus en plus épaisse
(sans changer la taille de la particule) vers le centre de la nanoparticule de
magnétite/maghémite. Cette transformation minéralogique est fondamentale car en modifiant
rapidement ses propriétés de surface, la magnétite se comportera plutét comme une
maghémite avec les constituants interagissant a sa surface. Les NPs de maghémite ont une
surface spécifique généralement plus élevée que les NPs de magnétite de méme taille (dans
cette étude, augmentation de 115 & 130 m? g™ aprés oxydation) et un point de charge nul

(pHzpc), également supérieur a celui de la magnétite (6.3 pour la magnétite contre environ 7
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pour une maghémite de méme taille). Par ailleurs, ’oxydation de Fe*" en Fe’* génére des
lacunes au sein de la structure cristalline de la maghémite ce qui a des conséquences majeures

sur la réactivité chimique de la maghémite.

D’un autre coté, les bactéries, les substances organiques et inorganique du sol et de la
solution de sol (macromolécules organiques, débris cellulaires...) sont autant d’agents
capables de former un revétement autour des NPs ou des’adsorber a leur surface en patchs,
mono- ou multi-couche(s) (selon leur quantité et selon les propriétés du milieu). En enrobant
les NPs d’acides humiques (AH) et de phospholipides (PC), molécules fréquemment
rencontrées dans la plupart des milieux naturels (issues de la dégradation d’organismes
vivants), nous avons ainsi observé l’ancrage de groupements fonctionnels spécifiques -
principalement, les groupements carboxyliques pour les acides humiques, et les groupements

phosphates pour les phospholipides - a la surface des NPs de magnétite.

Ces modifications sont cruciales car elles sont fortement impliquées dans les réactions
de surfaceavec d’autres constituants (comme les métaux) de I’environnement et dans les
interactions mutuelles entre NPs. En termes de stabilité colloidale, nous avons ainsi observé
que les NPs de maghémite formaient des agrégats de plus grandes tailles (> 400 nm),
notamment a pH acides (pH de 3 a 5), comparés a ceux générés par les NPs de magnétite
(80% <100 nm). L’oxydation de la magnétite en maghémite, qui est attendue dans la plupart
des eaux naturelles de surface et les sols sains, affecte donc considérablement I’ état
d’agrégation des NPs de magnétite. L’oxydation de la magnétite, qui se produit spontanément
de maniere abiotique en condition aérobie (milieu dans lequel ’oxygéne fonctionne comme
un accepteur d’électrons), peut également étre catalysée dans des conditions hypoxiques par
I’action des bactéries, qui, en oxydant le Fe*" en Fe, contribuent aussi a la corrosion des
particules (biodégradation) (Lei et al., 2017). Lorsque les NPs sont enrobées de molécules
organiques, leur comportement colloidal est également modifié. Les acides humiques
favorisent la stabilité colloidale des NPs par lasuspension de petits agrégats et NPs
individuelles (<100 nm) avec une tres faible dispersion de tailles sur une large gamme de
pH.Les interactions a la surface des NPs-Fe enrobées ne sont plus seulement électrostatiques,
elles sont dites « €lectro-stériques », car les molécules adsorbées forment une couchephysique
a la surface des NPs-Fe. Les phospholipides, méme s’ils mettent en jeu le méme type
d’interactions que celles qui se produisent en surface des NPs-Fe enrobées d’AH, modifient
peu la distribution de taille des NPs de magnétite. L’état d’agrégation des NPs-Fe (qui résulte
de la somme des forces attractives et répulsives), est une caractéristique déterminante quant a
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leur devenir dans les sols. Selon plusieurs études, la formation d’agrégats affecte la mobilité
des NPs dans les sols (transfert atravers les pores du sol, efficacité¢ de collage avec les autres
particules du sol) ainsi que le transport (mouvement brownien, mécanique, sédimentation
différentielle...) et le taux de sédimentation des NPs présentes en suspension dans les eaux de
surface (Ollivier et Labille, 2016 ; Bhatt et Tripathi, 2011). L’état d’agrégation est également
important vis-a-vis de la biodégradation des NPs dans ’environnement. Les NPs agrégées,
qui forment des suspensions de plus grosses particules, ont une énergie de surface plus faible
et une surface réduite en contact avec la solution et les bactéries, ce qui les rend moins
solubles (Mudunkotuwa et Grassian, 2011). En termes de solubilité¢, nous avons observé que
les NPs de magnétite enrobées d’acides humiques et celles enrobées de phospholipides
diminuaient la quantité de fer dissous issu des NPs. Cette constatation suppose 1’implication
de plusieurs mécanismes. D’un coté, le fer solubilisé pourrait s’adsorber a la surface des
oxydes enrobés de molécules organiques. D’un autre coté, les deux enrobages induisent
chacun une « protection » contre la dissolution des NPs-Fe (cf. Chap.2). La « barriere »
formée en surface des NPs enrobées d’acides humiques ou de phospholipides n’impacte donc
pas seulement la stabilité colloidale des NPs (interactions stériques), elle empéche également
la dissolution des NPs-Fe et pourrait, selon certaines études (Hao et al., 2006), protéger de
I’oxydation. Bien que ces transformations, essentiellement surfaciques, aient un impact
crucial sur les phénomeénes (agrégation, dissolution) qui régissent leur devenir dans
I’environnement (Figure 1), il est toutefois important de remarquer que les molécules
adsorbées en surface des NPs ont une « durée de vie » contrainte par les conditions du milieu.
Lors d’un changement de pH, ou par adsorption compétitive avec d’autres ions ou molécules,
les matériaux peuvent se désorber de la surface a laquelle ils étaient attachés. Ils peuvent aussi
étre dégradés par oxydation sous I’action de 1’0zone ou de la lumiére (Katsumata et al., 2008)

ou, biodégradés par les (micro-)organismes présents dans le milieu.
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Figure 1 : Principales transformations des NPs-Fe dans I’environnement (modifié d’apres Lei et al., 2017).

V.1.2. Quels sont les impacts de ces transformations sur la réactivité des NPs-Fe

avec les éléments traces ?

L’interface a laquelle se produisent ces changements est aussi le siege de réactions avec
d’autres constituants organiques et inorganiques dont le devenir dans les eaux et les sols
représente un enjeu majeur pour les écosystémes. A cet égard, les NPs de magnétite et de
maghémite constituent d’importants piégeurs de métaux dans les drainages acides miniers
(DAM) et dans certains environnements contaminés (par exemple, dans les zones humides
polluées en arsenic) (Mukherjee et al., 2006). Au-dela de leur grande réactivité avec les ETs,
les NPs de magnétite et de maghémite ont des propriétés magnétiques, qui leur permettent
d’étre facilement séparées et récupérées du milieu dans lequel elles avaient été introduites
(Lingamdinne et al., 2017). A la surface des NPs-Fe, les métaux sont piégés par différents
processus (complexation, co-précipitation...) qui dépendent de la concentration en métal, de
leur spéciation, des propriétés physico-chimiques de la solution (pH, Eh, force ionique,
température), de la concentration en NPs et de leurs propriétés intrinséques (taille, surface
spécifique, pHzpc) ainsi que des modifications surfaciques pouvant étre induites par le milieu.
Dans nos travaux, nous nous sommes intéressés a la réactivité des NPs-Fe, avec un élément
trace métallique modele (le cuivre) d’abord en milieu aqueux puis dans un sol en présence de
tournesol. Afin de tenir compte des possibles modifications induites par le milieu sur les NPs-
Fe, I’adsorption du Cu a également été étudiée sur des NPs de magnétite transformées-

oxydées (maghémite), enrobées d’AH ou de PC (cf. Chap. 3).
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Les résultats indiquent que 1’adsorption du Cu a la surface des NPs est initialement
contrdlée par le pH. En effet, au-dela du pHzpc des NPs-Fe, leur surface devient négativement
chargée ce qui favorise la complexation de Cu®" avec les surfaces des NPs-Fe hydroxylées.
Ainsi, la proportion de Cu adsorbée aux NPs de magnétite augmente considérablement a
partir de pH 6 pour atteindre 100% a pHS8. Au contraire, lorsqu’elles sont enrobées d’AH, les
NPs-Fe adsorbent le Cu dés pH 4, car les groupements fonctionnels acides ancrés a la surface
des NPs-Fe (principalement des groupements carboxyliques et phénoliques) abaissent le point
de charge nul des NPs-Fe a une valeur proche de pH 3 (Liu et al., 2008). En plus d’abaisser le
pHzpc des NPs-Fe (favorisant en conséquence 1’adsorption du Cu sur une large gamme de
pH), les groupements fonctionnels des AH procurent de nouveaux de sites d’adsorption pour
le cuivre. Nous avons d’une part, observé qu’en augmentant les concentrations de cuivre en
solution, la proportion de cuivre adsorbée atteignait environ 100% aux pH favorables (pH >
4). Ces résultats indiquent que la saturation des sites de surface observée pour les NPs-Fe non
enrobées d’AH n’avait plus lieu apres cette modification surfacique. De plus, en calculant les
isothermes d’adsorption de Freundlich, nous avons également montré que 1’adsorption du
cuivre a la surface des NPs enrobées d’AH repose sur la formation de complexes hétérogenes,
probablement « multi-sites » (diversité des groupements fonctionnels) et/ou multi-dendates
(ct. Chap. 3). Les parametres d’adsorption « n » et « K » associés a I’isotherme de Freundlich,
indiquent en effet un processus de sorption hétérogéne (nous avons observé, en tragant
I’isotherme, que le parameétre « n» était fortement dévié de n=1). L’enrobage des NPs-Fe
avec des AH favorise donc considérablement 1’adsorption du Cu, en plus de favoriser leur
stabilité¢ colloidale aux pH > 4. Ces effets ne sont toutefois pas toujours observés dans la
mesure ou ils dépendent des conditions environnementales. Par exemple, la concentration en
acides humiques dans le milieu joue un rdle majeur sur la réactivité des NPs-Fe car elle
conditionne la quantit¢ d’AH potentiellement adsorbée a la surface des NPs-Fe et donc a la
fois, la charge globale de surface et la conformation des AH en surface. D’apres Hadju et al.
(2009), les AH présents en « patchs » a la surface des NPs favorisent 1’agrégation des NPs
aux pH acides car les NPs montrent alors des charges opposées (charges négatives li¢es
auxacides humiques et charges positives propres aux NPs) et s’attirent. La présence de Ca®"
en solution est aussi susceptible de favoriser 1’agrégation des NPs en formant des ponts
cationiques entre NPs (Joo et Zhao, 2017). En outre, si les conditions du milieu influencent
les propriétés d’agrégation des NPs-Fe, nous n’avons pas observé dans cette étude (adsorption
du Cu aux NPs-Fe a différents pH), d’effets qui prouvent une relation entre 1’état d’agrégation

des NPs-Fe et leur capacité d’adsorption. Cette observation pourrait néanmoins permettre de
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préciser que le processus d’agrégation observé initialement avec le pH est un phénomeéne

réversible qui repose sur la cohésion non fusionnelle du matériel agrégé (Gilbert et al., 2009).

Les caractéristiques de stabilité colloidale et de celles de réactivité avec les constituants
de I’environnement sont toutes deux fondamentales a I’étude des interactions NPs-Fe/plantes.
Ces caractéristiques sont impliquées dans des processus de biodégradabilité, d’agrégation et
de transport d’éléments ou molécules réactives qui s’averent cruciales vis-a-vis des

problématiques de biodisponibilité et toxicité induites dans les interactions NPs-Fe-plantes.

V.2. Etude des interactions NPs-Fe/plantes : enjeux agronomiques

et impacts environnementaux

Plusieurs études ont été récemment conduites au regard de possibles nouvelles
utilisations des NPs-Fe en agriculture (Kah et al., 2013; Khot et al., 2012 ; Solanki et al.,
2015). Leur réactivité avec les ETs et certaines molécules organiques (pesticides), leurs
biodégradabilité et devenir dans I’environnement, leurs biodisponibilité et biocompatibilité
sont parmi les principales thématiques de recherche étudiées pour utiliser les NPs de fer a des
fins agronomiques. Plusieurs questions importantes nécessitent en effet encore des réponses

pour permettre une utilisation suffisamment raisonnée des NPs-Fe sur les plantes.
Ces questions se posent d’abord concernant :

¢ le devenir des NPs dans I’environnement : quel est 'impact des plantes sur les NPs-
Fe ? Celui des NPs-Fe sur leur milieu ? Comment répondent, en retour, les NPs-Fe aux

modifications physico-chimiques du milieu (rétroactions) ?

¢ la valorisation des NPs-Fe par les plantes : les plantes peuvent-elles utiliser le fer

des NPs ou des ¢léments qu’elles pourraient transporter?

e la biocompatibilit¢é NPs/plantes : comment les NPs-Fe interférent-elles avec les
plantes vasculaires et quels sont les impacts physiologiques sur les plantes? Existe-t-il
un seuil de tolérance (concentration appliquée) des plantes aux NPs-Fe et ce seuil est-
il fonction de la plante (espece, stade de développement) auquel sont appliquées les

NPs-Fe? Quel est le role du milieu vis-a-vis de ces interactions?

Dans cette étude, nous avons tenté d’apporter des éléments de réponse a plusieurs de

ces questions.
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V.2.1. Valorisation des NPs de magnétite par les plantes

Le fer est un élément essentiel pour les plantes. C’est un élément redox sensible
constitutif de nombreuses métallo-enzymes, faisant partie des cofacteurs transporteurs
d’¢électrons, et jouant en role majeur dans la biosynthése de chlorophylles.Les conséquences
d’une carence en fer sur le végétal vont de la chlorose a la nécrose des tissus de la plante
(Briat et al., 2007). Si le fer est rarement insuffisant dans les sols, les conditions du milieu
rendent la solubilisation des oxydes et hydroxydes de fer parfois difficile ou le fer moins
biodisponible en raison de la présence d’¢léments compétiteurs (Vose, 1982). De ce point de
vue, l'utilisation des NPs comme nano-nutriments (Fe) serait une pratique envisageable.
Aucun effet négatif en lien avec la présence de NPs-Fe n’a en effet été observé sur la
biomasse végétale dans les expériences de germination, apres 7 jours d’exposition. De plus,
en introduisant des concentrations précises de NPs-Fe a différentes espéces végétales
(tournesol, mais, haricot) en hydroponie, nous avons montré que les NPs-Fe permettaient aux
plantes d’obtenir du fer et qu’elles empéchaient les effets induits lors d’une carence en fer
(observés sur les plantes témoins ayant été cultivées sans fer disponible) (Salama, 2009).
Nous avons également constaté que la concentration des NPs-Fe dans le milieu nécessitait
d’étre prise en compte comme cela a été¢ démontré précédemment (Li et al., 2016). En cas de
carence en fer, une faible concentration en NPs-Fe (5 mg L") suffit a réduire notablement les
principaux symptomes de carence induits par ’absence de fer dissous dans le milieu. En
outre, une augmentation de la concentration en NPs-Fe (d’un facteur 200) permet non
seulement, a la plante de parer a la carence en fer mais aussi, d’augmenter la biomasse
végétale par rapport aux plantes témoins disposants de fer dissout (non exposées aux NPs).
Par ailleurs, lorsque le fer dissout est présent dans le milieu hydroponique, aucune
amélioration notable li¢e a la présence de NPs n’est constatée sur la croissance des plantes.
Enfin, si cette étude met en évidence I'utilisation des NPs-Fe par les plantes, la question de
leur biodisponibilité dans un milieu sol pour les plantes ne s’est toutefois pas encore posée.
Les sols sont en effet des milieux complexes qui tendent a retenir les NPs en particulier, s’ils
contiennent une proportion importante d’argiles (Theng et Yuan, 2007). Si de faibles
concentrations en NPs-Fe suffisent & compenser une carence en fer en milieu hydroponique,
elles pourraient s’avérer insuffisantes pour parer a une telle carence dans un milieu solide
(non étudié ici). Enfin, la biodisponibilité des NPs-Fe dans les sols est fonction de nombreux
parametres qui incluent les propriétés du sol (composition minérale, texture, CEC, pH, teneur

en matiere organique, ETs), leur mode d’introduction dans le milieu (concentration introduite,
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formulation) et I’action de la biomasse (enrobages, biodégradation) qui ensemble affectent : a)
la stabilité (colloidale et chimique) des NPs-Fe dans le milieu, b) leur réactivité avec les

constituants en présence, et c.) leur mobilité dans le milieu.

V.2.2. Impacts des NPs-Fe sur la physiologie des plantes

L’analyse des impacts des NPs sur les plantes nécessite de prendre en compte le role
joué par de nombreux parametres. Dans cette étude les effets des NPs-Fe ont été étudiés en
fonction de la durée d’exposition, du stade de développement de la plante, de I’espéce étudié,
de la concentration en NPs appliquées et des propriétés du milieu (composition) (Tableau 1).
Les impacts des NPs-Fe sur les plantes ont été étudiés au regard des parametres de croissance,
de la production de chlorophylles, de la performance photosynthétique, de la peroxidation
lipidique, et des réponses enzymatiques des plantes. Les analyses biologiques ont été
conduites sur les plantes cultivées : a) en hydroponie (carencées et non carencées en fer - avec
deux concentrations d’exposition aux NPs-Fe) et b) sur sol (colonnes de sol, contaminées ou
non-contaminées en cuivre et NPs-Fe). En hydroponie, I’exposition des plantes aux NPs-Fe
n’a pas montré d’impact négatif sur la croissance des plantes et a permis d’augmenter la
biomasseavec 1’augmentation des concentrations de NPs-Fe en cas de carence en fer. Les
plantes peuvent donc utiliser les NPs-Fe pour obtenir fer favorablement a leur croissance,
mais, aucune augmentation supplémentaire de la biomasse n’est constatée lorsque le fer
dissous est présent dans le milieu. Les plantes sont donc capables de réguler 1’absorption du
fer des NPs-Fe relativement a leur croissance. Les teneurs en chlorophylles a, b et en
caroténoides ont aussi été¢ augmentées en hydroponie en lien avec I’exposition de NPs-Fe, et
cet effet a été observé a la fois, dans les plantes carencées (exposées a une faible et a une forte
concentration de NPs-Fe (5 mg L™ et 1000 mg L) et dans les plantes non carencées en fer
exposées a une forte concentration de NPs-Fe (1000 mg L™). Ces résultats ont déja été
observés en hydroponie sur le mais (Racuciu et Creanga, 2007) et le soja (Ghafariyan et al.,
2013) avec des NPs de magnétite. Il a toutefois aussi été observé que 1’application d’une forte
concentration de maghémite ne diminuait pas la production de chlorophylles du mais
(utilisant 50 et 100 mg L") (Li et al., 2016). D’un autre coté, la présence des NPs-Fe, et
I’augmentation des concentrations, ont diminué la peroxidation lipidique (a la fois par rapport
aux plantes témoins carencées et aux plantes témoins non carencées en fer). Les NPs-Fe n’ont
donc pas d’impact négatif sur la peroxidation lipidique et pourraient méme peut-Etre
permettre d’apporter une certaine protection aux plantes contre les agents oxydants impliqués

dans cette altération ; ce qui a déja été observé auparavant (lanonne et al., 2016). Nous avons
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de plus observé (via des observations au microscope électronique a balayage) que les NPs
s’agrégeaient en formant parfois des dépots tres étendus sur les surfaces racinaires en milieu
hydroponique. Cette répartition pourrait altérer les mécanismes d’échanges au niveau des
racines et pourrait provoquer des blessures aux tissus (Martinez-Fernandez et al., 2016). Dans
I’expérience de culture sur sol, la présence de NPs n’a pas impacté la croissance des plantes,
suggérant une diminution de I’interaction des NPs-Fe avec les plantes, en lien avec le milieu
(rétention des NPs-Fe dans le sol). Cette décroissance de la biodisponibilité résulte
probablement de la présence de minéraux a forte surface d’adsorption et de maticres
organiques capables de former des complexes stables. D’un autre coté, la présence de cuivre
dans le milieu a fortement diminué¢ la croissance des plantes. La toxicit¢ du cuivre a
également été observée au niveau de la production de pigments avec une diminution
significative des teneurs en chlorophylles et caroténoides dans les plantes exposées au cuivre
(avec ou sans NPs-Fe). Ces plantes ont aussi montré les symptomes d’une chlorose qui
pourrait résulter de la réduction de I’absorption du fer induite par celle du cuivre (le cuivre
ayant un comportement antagoniste avec le fer lors de leur absorption (Vose, 1982)). En
termes de peroxydation lipidique et de réponse antioxydante, la présence des NPs-Fe dans le
milieu diminue la peroxydation lipidique comparée a celle mesurée pour lesplantes témoins
alors qu’elle tend a augmenter I’activit¢ POD. En activant ce mécanisme de protection, les
NPs-Fe favorisent donc d’elles-mémes la réponse a un possible stress oxydatif, permettant
notamment de contrer la peroxydation lipidique. Nous avons par ailleurs, constaté que les
NPs-Fe n’empéchaient pas la toxicité du cuivre envers les plantes mais, pourraient en réduire
les effets. Ainsi, nous pouvons supposer que si les concentrations en cuivre dans un milieu
pollué sont légérement inférieures a 500 mg kg™ (comme c’est le cas dans certains sols
agricoles encore fortement contaminés - de 100 a 300 mg kg™), les NPs-Fe pourraient réduire
drastiquement leur absorption par les plantes (Martinez-Fernandez et al., 2015). Il est a noter
que les conditions du milieu, et notamment les propriétés du sol (composition, texture ou
présence de pesticides) seraient sans doute un facteur crucial a prendre en compte dans une
telle hypothése en impactant la mobilité des NPs-Fe (Theng et Yuan, 2007) et celle du cuivre

et/ou des autres éléments associés.
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Tableau 1 : Principaux résultats obtenus durant les différentes expériences de culture avec les NPs-Fe.

Concentrations

Espece vegetale

Culture

Duree

Effets

Nanoparticules

8 nm Fe;0,

5 et 5000 mg L™

Helianthus annuus,
Zea mays, Phaseolus
vulgaris, Triticum
gestivum

germination

7 jours

Pas d'effets significatifs

8 nm Fe;0,

5 et 1000 mg L*

Helianthus annuus,
Zea mays, Phaseolus
vulgaris

croissance en
hydroponie

18 jours

- Augmentent la biomasseen cas de carence en fer
- Augmentent la production de chlorophylles

- Augmentent la réponse antioxydante et diminuent la
peroxidation lipidique

8 nm Fe;0,

(ajout CuSQO,)

1,2gkg™
(500 mg kg?)

Helianthus annuus

colonnede sol

57 jours

- Pas d'effets significatifsdes NPs-Fe (seules) sur les plantes
- Diminuentl’absorption du cuivre parles plantes

- Augmentent la réponse antioxydante et diminuent la
peroxidation lipidique




V.2.3. Mobilité, translocation et devenir des NPs-Fe et des éléments

traces associés

Du fait de leurs propriétés magnétiques, les NPs-Fe - en particulier, les NPs de magnétite -
peuvent étre identifiées par le signal magnétique caractéristique qu’elles générent par mesure de
I’aimantation rémanente et/ou de la susceptibilité magnétique de 1’échantillon dans lequel elles sont
présentes. A travers cette méthode (dans notre cas, la mesure de susceptibilité magnétique), nous
avons mis en évidence non seulement, la translocation des NPs-Fe dans les plantes mais aussi,
I’impact de la composition du milieu sur la mobilité¢ des NPs-Fe dans un systéme sol - plante (soit,
non-contaminé soit, contaminé en cuivre). En regard des mesures effectuées, nous avons d’abord
constaté que la translocation des NPs-Fe était favorisée en culture hydroponique : les mesures de
susceptibilité magnétiques sont en effet, plus élevées dans les différents tissus - en particulier dans les
parties aériennes - des plantes cultivées en milieu hydroponique que dans ceux des plantes cultivées
sur sol pour des durées d’exposition et concentrations en NPs-Fe comparables. Par ailleurs, les
mesures de susceptibilité magnétiques ont mis en évidence une relation existant entre la concentration
d’exposition de NPs-Fe aux plantes et la concentration finale transloquée dans la plante. En effet, une
faible concentration de NPs exposée induit une plus faible quantit¢ de NPs-Fe transloquées dans la
plante qu’avec une exposition de concentration plus élevée. Cette dernicre observation montre aussi
que la plante n’a pas de systéme régulateur capable de limiter I’entrée des NPs-Fe, comme c’est le cas
pour certaines substancesa partir d’une certaine concentration d’exposition. Les mesures de
susceptibilité magnétique effectuées sur les différents tissus de la plante ont de plus montré que les
NPs-Fe s’introduisaient progressivement des racines vers les parties aériennes les plus extrémes de la
plante avec des quantités de NPs-Fe transloquées de plus en plus faibles. Il est donc suggéré que les
NPs-Fe parviennent a traverser les parois cellulaires au niveau des racines et a emprunter le systeme
vasculaire (phloéme) qui permet aux substances nutritives d’étre distribuées dans les différents
organes des plantes, des parties les plus basses vers les plus hautes. Dans le méme milieu contaminé
en cuivre, la transolocation des NPs est restreinte par la présence de cuivre. En termes nutritifs, le
cuivre est un ¢lément antagoniste du fer et sa présence a pu impacter ’absorption des NPs-Fe. En
outre, les analyses ICP-MS des tissus végétaux montrent que la concentration en cuivre dans ces tissus
est, elle, aussi réduite. Les NPs-Fe, ont donc pu contribuer a séquestrer une partie du cuivre a leur
surface dans le sol. Les NPs-Fe ont donc un impact sur le transfert et la mobilité des autres éléments
du sol et elles affectent leur biodisponibilité. Enfin, dans le sol, les mesures magnétiques ont confirmé
la présence des NPs-Fe selon une répartition homogeéne (comme lors de leur introduction) qui montre
que les NPs-Fe sont relativement immobiles dans le milieu (colonne de sol), en dépit des lessivages du

sol.
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Le premier volet de cette thése, centré sur I’étude des propriétés intrinseéques des NPs-
Fe, nous a permis d’apporter des réponses concernant les stabilités colloidale et chimique et la
réactivit¢ des NPs-Fe avec leur milieu. Plus précisément, nous avons pu identifier les
parametres physico-chimiques impliqués dans les interactions NPs-Fe / NPs-Fe et dans les
interactions NPs-Fe / cuivre (Cu). Celles-ci sont essentiecllement dépendantes des propriétés
extrinseéques (notamment le pH) et des propriétés intrinséques des NPs (pHzpc, surface
spécifique), mettant en évidence le comportement dynamique des NPs-Fe avec les conditions
du milieu. Dans nos expérimentations, les propriétés des NPs-Fe (taille, forme, composition,
cristallinité) et celles de la solution (force ionique, température, salinité, composition) ont été
contrdlées afin de mieux comprendre la nature des interactions impliquées dans ces systémes.
De plus, les environnements naturels qui sont des milieux dynamiques, chimiquement riches
et complexes, sont susceptibles d’évoluer dans le temps, modifiant le comportement des NPs-
Fe dans le milieu et leurs interactions (entre elles et avec le milieu). L’oxydation de la
magnétite est une modification commune qui se produit spontanément en milieu aérobie.
Nous avons observé qu’en plus de suivre une cinétique rapide, la maghémite présente un
comportement colloidal bien distinct des NPs de magnétite. L’enrobage des NPs-Fe par
diverses matieres organiques est un phénomene attendu en conditions naturelles que nous
avons aussi envisagé en enrobant les NPs-Fe d’acides humiques ou de phospholipides. Les
impacts de ces modifications surfaciques sont conséquents, en particulier avec les acides
humiques, qui améliorent la stabilit¢ colloidale des NPs de magnétite et augmentent
considérablement leur réactivité chimique (adsorption du cuivre). Afin de préciser les impacts
du milieu sur le comportement des NPs-Fe, I’introduction de NPs dans des milieux abritant la
vie végétale a été effectuée. D’un coté, les expériences en milieu hydroponique ont mis en
¢vidence leur oxydation, leur agrégation a la surface des racines et leur absorption par les
plantes (translocation). D’un autre c6té, des expériences en colonne, montrent que le sol
affecte considérablement la mobilité des NPs-Fe dans le milieu et leur disponibilité aux
plantes. Les interactions avec certains constituants du sol (matiére organique, argiles)
pourraient diminuer la mise en contact des NPs-Fe avec les plantes. Au-dela de I'impact du
milieu sur les NPs-Fe, nous avons étudié¢ 1’impact des NPs-Fe elles-mémes sur leur milieu. En
termes de dynamique géochimique du milieu, I'impact des NPs-Fe a été étudi¢ dans un sol

pollué en cuivre. Nous avons observé qu’a forte concentration dans le milieu (500 mg.kg™),
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les NPs-Fe absorbaient une partie de ce cuivre a leur surface, ce qui diminuait sa
biodisponibilité pour les plantes (rétention dans le sol). A une telle concentration de cuivre,
les NPs-Fe (1% en masse du sol) n’ont pas empéché les symptdmes induits par la toxicité du
cuivre. Par ailleurs, en termes de toxicité des NPs-Fe sensu stricto, aucun symptome n’a été
observé ; ni sur les plantes exposées aux NPs-Fe dans le sol, ni sur les plantes exposées aux
NPs-Fe dans les milieux de culture hydroponiques (quelles que soient les concentrations
d’exposition et les stades de croissance des plantes). En outre, les NPs-Fe ont permis de
compléter les apports en fer des plantes en empéchant les symptomes de carence observés
dans les conditions de carence en fer étudiées. La présence des NPs-Fe a induit une
augmentation de la biomasse végétale et des teneurs en chlorophylles avec I’augmentation de
concentration d’exposition des NPs-Fe. Les plantes (tournesol) exposées aux NPs-Fe
présentent également une moindre peroxydation lipidique et une activité antioxydante plus
importante que les plantes témoins (non exposées) ; ce qui suppose un effet bénéfique des
NPs-Fe (protection contre [’activité antioxydante) mais, qui suggere ¢galement une
modification de I’activité cellulaire, qui pourrait résulter d’un déréglement physiologique li¢ a

I’internalisation des NPs-Fe.

Outre les contraintes évoquées précédemment et mises en évidence via notre démarche
expérimentale sur la caractérisation (a) des NPs-Fe et de leurs modifications, (b) les
interactions NPs-Fe/Cu et (c) les interactions NPs-Fe/plantes/Cu, ces travaux nous suggerent

de nombreuses perspectives d’étude.

Concernant I’étude de la stabilité colloidale des NPs-Fe, si I’étude des distributions de
tailles des NPs-Fe a été déterminée par granulométrie laser, la détermination du diametre
hydrodynamique des NPs-Fe via DLS apporterait sans doute une information cruciale a
I’égard de leur comportement avec le vivant (processus d’internalisation). Bien que cette
analyse soit rendue difficile, justement par I’agrégation des NPs-Fe, un enrobage (de type
surfactant) pourrait étre employé pour approfondir cette problématique de caractérisation
(résolution plus fine de la fraction < 100 nm). Il apparaitrait de plus nécessaire de préciser le

role de la concentration en NPs-Fe et de la force ionique de la solution sur leur état
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d’agrégation, car chacun d’entre eux joue un rdle sur la stabilité colloidale des NPs-Fe en

milieu aqueux qu’il est possible de contrdler.

En ce qui concerne les modifications de surface induites aux NPs, les informations
quantitatives et qualitatives associées aux enrobages de surface nécessiteraient d’étre
précisées. Il s’agirait en particulier de déterminer a la fois la quantité de matériel (dans notre
cas ; acides humiques et phospholipides) présente autour des NPs (une expérience de
désorption pourrait par exemple, étre envisagée) ainsi que la caractérisation de leur
conformation. Cette derniére problématique nous permettrait par exemple de préciser si
plusieurs NPs sont enrobées dans une matrice organique complexe, ou, si un enrobage continu
est présent autour de chaque nanoparticule, ou encore, si un enrobage discontinu enrobe plus

globalement les NPs.

En termes de réactivité chimique, nous avons étudié¢ I’adsorption du cuivre sur des NPs-
Fe nues et enrobées d’acides humiques et de phospholipides et avons observé une
augmentation des proportions de cuivre adsorbé en lien avec ces enrobages (notamment, les
NPs-Fe enrobées d’acides humiques). Afin d’évaluer I’'impact des NPs-Fe sur leur milieu, il
serait probablement nécessaire d’étudier les interactions cuivre / molécules organiques seules
(non enrobées aux NPs-Fe). Par ailleurs, si nous avons mis en évidence la faible solubilisation
des NPs-Fe enrobées, nous n’avons pas pu écarter complétement I’hypothése de la ré-
adsorption du fer dissous aux NPs-Fe enrobées d’acides humiques et de phospholipides. Il
serait donc intéressant d’évaluer si le fer non solubilisé est effectivement présent a la surface

des NPs-Fe enrobées (des analyses FTIR pourraient étre envisagées).

Enfin, concernant les interactions NPs-Fe/plantes, plusieurs perspectives de travaux
pourraient étre explorées. Ayant constaté le fort impact du sol sur la mobilité¢ des NPs, il serait
intéressant d’approfondir cette observation en étudiant leur capacité de transfert dans
différents types de sols (en modifiant la composition et donc la texture du sol - par exemple,
moins argileux et plus sableux - ainsi que la proportion de matiére organique), afin de mieux
comprendre les parametres controlant leur mobilité dans ces milieux. De plus, si les NPs
retiennent une partie du cuivre ajoutée dans le sol, elles pourraient aussi modifier son
transport et sa biodisponibilité/toxicité. L’impact des NPs-Fe sur la dynamique géochimique
du sol pourrait donc étre précisé aussi bien par rapport a la composition et texture du sol que

par rapport a la charge métallique (et en NPs-Fe) présente. Enfin, si la valorisation des NPs-
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Fe a été démontrée dans les cultures hydroponiques (en permettant de parer a une éventuelle
carence en fer), il serait sans doute nécessaire de vérifier si I’impact est le méme dans une
culture sur sol. En outre, des analyses protéomiques pourraient aussi nous permettre de

discerner des effets physiologiques ou moléculaires non visibles avec les indicateurs étudiés.

Dans un stade ultime de réflexion, on pourrait sans doute imaginer, en travaillant en
collaboration avec des modélisateurs du transport des NPs en milieu poreux (et plus
spécifiquement du transport réactif), étre capable de prédire quel pourrait étre I’impact de
I’adjonction intentionnelle ou non de NPs-Fe sur la dynamique chimique d’un sol ou sur la
croissance d’éventuelles plantes associées. Ceci suppose comme préalable d’étudier a
I’échelle moléculaire les processus physico-chimiques susceptibles de contrdler le devenir et
le transport des NPs-Fe afin d’étre en mesure de paramétrer, calibrer et valider ces modeles
(avec des données expérimentales ou de terrain). L’inclusion graduelle dans ces modeles de
I’ensemble des processus de transformation possibles de ces NPs-Fe au cours du temps
pourrait aboutir a des modeles certes complexes mais, qui seraient seuls garants de la réalité

de la complexité des trajectoires environnementales.
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1. Introduction

Arsenic (As) is a strong contaminant of water and soil world-
wide (Word Health organization), mainly as arsenite - As(IIl) -
or arsenate — As(V) - depending on the redox conditions [1]. Iron
(Fe) speciation exerts a strong control on the As fate in the environ-
ment, as oxidized Fe species are known for their capacity to bind
high concentrations of As(Ill, V) [2,3]. Organic matter (OM) seems
to be an important direct and indirect controlling factor, especially
in floodplains and wetlands where As concentrations can be high
[4-6]. Organic matter act (i) as a source of C for bacterial metabolic
activity, especially Fe(Ill) and As(V) reducing-bacteria, (ii) as a sor-
bent of Fe(lll, II)/Fe(Ill)-oxyhydroxides [7-11], and as an As(lIl, V)
competitor for its binding to Fe(Ill)-oxyhydroxides [12-16]. More
recently, several studies demonstrated that OM may directly bind
As(III, V). Different mechanisms were put forward to describe As-
OM binding, including As(Ill, V) complexation with OM carboxylic
and phenolic groups [17,18], or As(Ill) binding with OM thiol
groups [19-21]. However, most of the As bound to OM generally
occurs as As-Fe-OM ternary complexes in several systems, such
as peatland, riparian wetlands, streams, groundwaters [13,22-
27]. The high affinity of As for Fe(Ill)-oxyhydroxides and of Fe
(IIN)/Fe(Ill)-oxyhydroxides for OM explains this behavior
[14,23,25,28-31]. These studies were predominantly performed
under oxidizing conditions and therefore concerned As(V). The sit-
uation is much less clear regarding the possible predominance of
As(Ill)-Fe-OM ternary complexes. Using SEC-ICP-MS coupling
and ultrafiltration, some authors provided evidence that As(III)
could also form ternary complexes with OM via Fe(Ill) bridges,
even though they failed to identify the nature of the Fe(III) bridges:
Fe(III) ions or Fe(Ill)-oxyhydroxides [31]. Hoffmann et al. [26] who
studied the As(IIl) binding to natural peat via ionic Fe(Ill) showed
an increasing binding with increasing Fe(lll) concentrations. Using
EXAFS records, they suggested that As(Ill) binding could occur
either through mononuclear bidentate or binuclear monodentate
complexes with Fe(Ill). They argued that the stability constants
for ternary complexes were probably lower than those for the
direct As(III) binding to peat thiol groups. However, the high exper-
imental concentrations required for the XAS measurements were
quite far off from those generally expected in the environment,
especially ionic Fe(Ill) concentrations which generally precipitate
in such conditions. Finally, no study were interested in potential
As(IlI) binding to OM via Fe(Il), although these bridges are
expected to be dominant in anoxic conditions, notably in wetlands
and floodplains where OM, Fe and As concentrations are high [32].

The aim of this study was to evaluate the potentiality to form As
(II1)-Fe-OM ternary complexes via ionic Fe(Il) and Fe(III) bridges at
concentrations prevailing in natural waters. As a result, we devel-
oped a combined experimental and modeling approach to (i) dis-
criminate between the controlling binding mechanisms involved
in the formation of As(Ill)-Fe-OM ternary complexes and (ii) pro-
vide stability constants to quantify which of these mechanisms are
likely to be dominant in natural waters. The major advantage of the
modeling approach is to test mechanisms at lower Fe amounts
than those required by spectroscopic methodologies.

2. Experimental section
2.1. Experimental setup

All of the aqueous solutions were prepared with analytical
grade Milli-Q water. The As(Ill), Fe(Il) and Fe(Ill) stock solutions
were prepared with sodium arsenite (NaAsO,), iron chloride
tetrahydrate (FeCl,-4H,0) and iron nitrate nonahydrate (Fe(NOs)s-
-9H,0), respectively. The used humic acid (HA) was the standard

HA Leonardite from the International Humic Substance Society. It
was purified by removing the HA molecules <10 kDa using a Lab-
scale TFF system equipped with a Pellicon XL membrane. The com-
position of the purified HA could be probably slightly modified by
this purification as compared to the initial HA. All binding experi-
ments (except Fe(Ill), see below) were conducted in a Jacomex iso-
lator glove box (<5 ppm of O,) to prevent the oxidation of As(III)
and Fe(Il). The ionic strength was fixed at 0.05 M with NaCl for
all experiments.

2.1.1. As(1ll)-Fe(11)-HA experiments

Three adsorption isotherm experiments were carried out at
50 mg L~! DOC (dissolved organic carbon). The first adsorption iso-
therm was performed at pH 6 with 50 pg L~ of As(Ill) and 0.8-
12 mg L~! of Fe(Il). The second and third isotherms were carried
out at pH 6 and 5, respectively, with 5-50 ug L~ of As(Ill) and
5-6 mg L' of Fe(Il). Arsenic and Fe(II) solutions were added simul-
taneously to humic acid solution, and were then stirred for 48 h to
reach equilibrium.

2.1.2. As(1ll)-Fe(1ll)-HA experiments

Three standard batch equilibrium experiments were carried out
with DOC and Fe3* concentrations of 50 and 0.5 mg L™, respec-
tively. The Fe(Ill) stock solution was prepared at pH 1.5 and the
Fe3* concentration used was adjusted to prevent oxyhydroxide
precipitation. Using PHREEQC-Model VI and the minteq.v4 data-
base modified with respect to Fe(Ill)-HA binding [9,33], the model
showed that precipitation was only expected to occur for Fe(III)
concentrations >1.2 mg L~!. The pH was fixed at 4, 5 and 6 with
sub boiling HCl and NaOH for the three isotherms, respectively.
Experimental solutions were stirred for 24 h to reach equilibrium
between Fe* and HA. Arsenic(Ill) was added at concentrations
ranging from 5 to 50 pg L' in a glove box to prevent oxidation.
Experimental solutions were then stirred for 48 h to reach
equilibrium.

2.1.3. Sampling

For all experiments, 15 mL of solution was sampled and ultrafil-
trated at 5 kDa (Vivaspin VS15RH12, Sartorius) under N, atmo-
sphere. Ultracentrifugation cells were previously washed with
Milli-Q water until DOC concentration in the ultrafiltrate was
<1 mg L. All experiments were conducted in duplicate.

2.2. Chemical analyses

All measurements were performed at Géosciences Rennes,
France. DOC concentrations were measured using an organic car-
bon analyzer (Shimadzu TOC-V CSH). Arsenic and Fe concentra-
tions were determined using an ICP-MS. Instrumental and data
acquisition parameters can be found in Supporting Information 1
(SI). To ensure that no oxidation occurred during the experiments,
the concentrations of As(Ill) and As(V) were monitored using a
HPLC-Agilent 1260 Infinity coupled to an Agilent G3154-65001
and Fepor was compared to the Fe(Il) measured in the ultrafiltrate
(Fe(Il)yg) using the 1.10-phenanthroline colorimetric method
(AFNOR, 1982). Because the absorbance of Leonardite at 50 mg L™!
is high, the Fe(Il) concentration in the Fe(II)-HA solution was not
checked. Arsenic(Ill) and Fe in the ultrafiltrates were assumed to
be inorganic whereas As(Ill) and Fe bound to HA were considered
to be in the fraction >5 kDa.

2.3. Modeling
2.3.1. Model description

Because As(IIl) can bind to OM thiol groups, the modeling calcu-
lations were performed using a modified version of the PHREEQC/
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Model VI allowing this particular binding to be taken into account
[21]. In the modified PHREEQC-Model VI, the ions complexation
occurs through 12 discrete sites: four carboxylic groups (sites A),
four phenolic groups (sites B) and four thiol groups (sites S). The
abundances, intrinsic acidity constant for A, B and S sites and their
distribution term are denoted as na, ng, ns, pKa, pKg, pKs, ApKa,
ApKg and ApKs, respectively. Only monodentate complexes of As
(1) with thiols are defined [21]. The fraction of proton sites that
can form bidentate and tridentate complexes are named f; and fr,
respectively [34]. All values of the parameters used for modeling
calculations are given in supporting information Table S7. The
strength of the interaction between one site and one ion is defined
by the complexation constant log K. Considering the 12 sites that
can generate bidentates and tridentates, 84 equations are needed
to describe the interaction between one ion and the 84 HA sites
(further information is given in Section 2.2 of supporting informa-
tion). The specific complexation parameters for the carboxylic,
phenolic and thiol groups are logKya, logKys and log Kys, respec-
tively. The CCM model was used to model the electrostatic interac-
tions. lon accumulation in the vicinity of HA is calculated with the
Donnan model. Further information can be found elsewhere [21].

2.3.2. Binding parameters and modeling strategy

2.3.2.1. Binary complexes. The binding parameters describing As(III)
complexation by HA were previously determined using modified
PHREEQC/Model VI including As(Ill)-thiol complexes [21]. The
binding parameters used for the Fe(II)-HA binary complexes were
determined using an earlier PHREEQC/Model VI version without
thiol groups implementation [7]. These parameters therefore had
to be re-evaluated using the present dataset and the new model
version. To keep same proportions of monodentates, bidentates
and tridentates the ALK> value used and the relationship between
logKya and logKys were the same as those previously used [7],
ALK, =3.90 and log Kya = 0.49 x log Ky;. All binding parameters
calculated here are presented in supporting information Table S8.
All equations describing Fe(Il) binding with each OM site were
described in a previous study [7].

HO O
+ -
Ha— a—Fe + Nas—OH = Ha— a—Fe< >As—OH + 2
HO o
HO. Ha— a—Fe— 0O
+ +
Ha— a—Fe + Ha— b—Fe + Npe—on = As— OH
HO Ha— b—Fe — O
HO o
a a
Ha | Nre As—OH = Ha \Fe< >As—0H7' + 2H
T HO b o
a
>Fe—0
HO
a ¢ b \ .
Ha| NFo 4 Ha Nk o+ As—OH = Ha As—OH~ +
v o HO c /
\ o
Fe —
>

d

2.3.2.2. Ternary complexes. The experimental data were fitted
using the PHREEPLOT program coupled with the modified ver-
sion of PHREEQC/Model VI [7]. The 84 sites, their acidity con-
stants and the binding parameters for Fe(Il) and As(Ill) were
added into the “minteq.v4” database. No previous study exists
on the binding of As(Ill) to Fe(Il)-HA complexes. The nature of
the complexes formed had to be deduced from our experimental

2H"

dataset and/or literature data. Only one study was dedicated to
the characterization of the binding mechanisms of As(Ill) to Fe
(Ill) as ion bound to peat [26]. Using EXAFS records, this study
showed that for low Fe(Ill) concentrations, As(Ill) bound with
Fe(Ill) as mononuclear bidentate complexes, whereas for high
Fe(Ill) concentrations, As(Ill) bound with Fe(Ill) either as
mononuclear bidentate complexes or as binuclear monodentate
complexes. Jonsson and Sherman [35] suggested the formation
of binuclear monodentate complexes for As(Ill) binding to green
rust, fougerite and magnetite. However, Ona-Nguema et al. [36]
rejected this hypothesis and proposed the formation of As(III)
polymers. Thoral et al. [37] suggested that As(Ill) might form
binuclear monodentate complexes with Fe(OH), oxides under
anoxic conditions. With respect to Fe(Il), the modeling calcula-
tions performed earlier showed that Fe(Il) bound with OM
mainly through bidentate complexes [7], confirming this spectro-
scopic data [26].

Based on these proposed mechanisms, the modified PHREEQC/
Model VI was first tested without Fe ternary complexes. They were
implemented only when the model failed to reproduce the exper-
imental datasets. From the spectroscopic data, six O atoms are
bound to both Fe(Il) and Fe(Ill) as FeOg octahedra [36,38]. Further-
more, the distance between As(Ill) and Fe(IIl) when As(III) is bound
to Fe(IIl) oxides as corner-sharing bidentate complexes is between
dAs(III)—Fe(III) =3.4-3.58 A and dAs(III)—Fe(II) =3.51 A for Fe(OH)z
[36,38]. All the complex conformations for As(IIlI)-Fe(Il) were thus
deduced from the As(III)-Fe(Ill) spectroscopic datasets. The com-
plexation of As(Ill) to monodentate Fe(Il)-OM complexes was
described either as mononuclear bidentate complexes (Eq. (1)) or
as binuclear bidentate complexes (Eq. (2)). With regards to the
As(III) binding to bidentate Fe(Il)-OM complexes, As(Ill) complex-
ation was described either as mononuclear bidentate complexes
(Eq. (3)) or as binuclear bidentate complexes (Eq. (4)). Although
Fe(IlI)-OM tridentate complexes were calculated in Model VI, the
possibility to form complexes with As(IlI) was low considering
their negative charge.

All of these equations were first tested separately, then by pairs
(i.e. Egs. (1) +(2), or Egs. (3) +(4)), and last all together. All runs
were finally compared to each other using their RMSE (Root Mean

Square Deviation) calculated as \/mean((log,u(exp) — logu(cal))?,
with logu(exp) and logu(cal) representing the logarithm of the
measured and modeled As(IIl) bound concentrations, respectively.
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Fig. 1. (a) As(Ill)-Fe(Il)-HA binding experiments and modeled data using only the thiol binding parameters according to the [Fe(II)] concentration, (b) at pH 6, (c) pH 5, (d) As
(III)-Fe(1l1)-HA binding experiments and modeled data using only the thiol binding parameters at pH 4, (e) pH 5, and (f) pH 6.

3. Results
3.1. As(1ll)-Fe(1l)-HA experimental and modeling data

No Fe(Il) and As(Ill) oxidation occurred in the experiments. The
binding parameters logKya (2.34) and logKyg (4.78) for Fe(ll)
binding to HA, determined by fitting the experimental datasets
using the modified PHREEQC/Model VI, were close to the logKya
(2.19) and logKyp (4.46) determined without the thiol sites imple-
mentation [7]. Since the relationship between log Ky, log Kys and
ALK, was kept, the same proportions of monodentate, bidentate
and tridentate complexes were calculated than previously [7].
Bidentates were the most abundant complexes formed between
Fe(Il) and HA. The experimental and modeled adsorption isotherm
of Fe(Il) binding to HA are presented in supporting information
Fig. S1.

Table 1

Binding parameters and RMSE for the different tested mechanisms.
Mechanism Log k RMSE
Eq. (1) 4.15 0.38
Eq. (2) 433 0.58
Eq. (3) 3.39 0.18
Eq. (4) 227 0.19
Eq. (1) +Eq. (2) 4.15 -1.33 0.38
Eq. (3) +Eq. (4) 3.39 -1.94 0.18
Eq. (1)+Eq. (2)+Eq. (3)+Eq. (4) -156 -132 339 -2.09 0.18

The adsorption isotherms of As(IIl) by Fe(Il)-HA (log[As(III)-
HA] relative to log[As(Ill)yg]) are displayed in Fig. 1a-c. Fig. 1a
showed that, for the same As(Ill) concentrations but increasing
Fe(Il) concentrations, the amount of bound As(Ill) increased. For
adsorption isotherms at pH 5 and 6, no plateau was reached, i.e.
no saturation was obtained (Fig. 1b and c). The model that did
not take ternary complexes into account (e.g. As(Ill)-S-HA com-
plexes) could not reproduce the experimental datasets
(RMSE = 0.87). Therefore, the presence of Fe(Il) modified the bind-
ing behavior of As(III) to HA and had to be taken into account in the
model hypothesis. No Fe(Il) oxides precipitated as evidenced by
the saturation index calculated using PHREEQC/Model VI. There-
fore, As(Ill) speciation was mainly controlled by direct As(IIl)-S-
HA and indirect As(Ill)-Fe(Il)-HA complexes.

Model fits obtained using one or more of the four equations
described in Section 2.3.2 are displayed in supporting information
Figs. S9-13. When only one equation was used, Egs. (3) and (4)
were the most reliable as shown by the low RMSE (RMSE = 0.18
and 0.19 respectively, Table 1 and Figs. S5, 6). When a pair of equa-
tions were used (Eq. (1) + Eq. (2) or Eq. (3) + Eq. (4)), the equation
that yielded the smallest RMSE obtained in the single model (i.e.
one equation) dominated the binding mechanism (Table 1). This
result can be explained by the fact that the fitting program works
based on the smallest statistical parameters. When Fe(Il) binding
to HA was considered to occur via monodentate complexes, Eq.
(1) dominated over Eq. (2), leading to a comparatively much higher
logK: logK = 4.15 for Eq. (3) versus —1.33 for Eq. (2). Note that the
logK obtained for Eq. (1) was similar to the one obtained with



C. Catrouillet et al./Journal of Colloid and Interface Science 470 (2016) 153-161 157

Eq. (1) only (Table 1). For the models that used both Eqs (3) and (4)
(RMSE=0.18, Table 1) and all equations together (supporting
information Fig. S8), the dominant equation was Eq. (3) (mononu-
clear bidentate complexation of As(Ill) with bidentate Fe(Il)-HA
complexes), with RMSE = 0.18.

3.2. As(1ll)-Fe(1ll)-HA experimental data

The adsorption isotherms of As(Ill) to Fe(Ill)-HA (log[As(III)-
HA] relative to log[As(III)yg]) are displayed in Fig. 1d-f. No plateau
was reached at pH 5 and 6 (Fig. 1e and f), by contrast with pH 4
(Fig. 1d). The proportion of bound As(Ill) at the different pH was
similar, suggesting a minor role of pH in As(Ill) binding. The model
that only considered the binding of As(III) to thiol groups correctly
reproduced the experimental data (Fig. 1d-f and total
RMSE = 0.52). The high RMSE was due to the dispersion of the
experimental points. In our experimental conditions, Fe(Ill) did
not seem to influence the binding of As(IIl) to HA.

4. Discussion

4.1. Monodentate or bidentate Fe(1l)-HA sites: which ones complex As
(Ill) most efficiently?

As shown by their lowest RMSE, Eqgs. (3) and (4) better fit the
experimental dataset (RMSE =0.18 and 0.19, Table 1). However
in PHREEQC/Model VI, the fraction of sites that can make bidentate
Fe(Il)-OM complexes was determined from the geometry of the
OM molecules. The minimal distance between two sites was fixed
at 0.3 nm for a sphere with a radius of 0.8 nm. If the distance
between two sites ranged between 0.3 and 0.45 nm, the sites were
defined as bidentate sites [39]. In our simulations, Eq. (4) repre-
sents the binding of As(III) to two Fe atoms, each forming bidentate
complexes with OM. The distance between each Fe atom was dg._
Fe~ (0.3-0.45)%2=0.6-09nm=6-9 A (Fig. 2a). Spectroscopic
data demonstrated that the distance between As and the neighbor
O (das_o) varied from 1.70 to 1.79 A [26,36,37,40]. The distance
between Fe(lll) and O atoms (dre_o) varied from 1.94 to 1.99 A
[26,40] and from 1.99 to 2.14 A for Fe(I1)-0 and Fe(II)-As(1II) sys-
tems [36,37,41]. The maximal distance between As and Fe bound
via an O (das_o_re) Was therefore equal to das_o_remax = das_omax
+dpe_omax =179 +2.14=3.93 A which was <6-9A (dpe_re for

(a) —o0
________________ = Fe,— O
_____ S _O/
23-45A 3-4.5Aj Ha 6-9A As — OH
il — O
e N _____ —~ Fe'— O /
— O
(b)
----------- —O—Fe—0O
Monodentates: > 4.5 A A
Bidentates:3-45A | Ha s — OH

------- --+—0—Fe—0 o

Fig. 2. Complexes formed with (a) Eq. (6) and (b) Eq. (4). Fe-O and As-O distances
(in orange) were determined from the Fe(OH), oxides and As(OH)s;, respectively
[36]. The distances in blue are defined in PHREEQC-Model VI [34]. (For interpre-
tation of the references to colour in this figure legend, the reader is referred to the
web version of this article.)

two bidentate sites). Thus, the binding of As to Fe through O with
distances of 6-9 A between two Fe atoms seemed impossible
(Fig. 2a). Therefore, although PHREEQC/Model VI allowed the bind-
ing of As(IIl) to HA through Fe(II) bidentate sites, for geometrical
reasons, in experimental and natural conditions, this possibility
was expected only when Fe dimer and trimer appeared
[25,26,42,43].

Eq. (2), which assumed the As(Ill) binding to two Fe(II)-MO
monodentates, poorly reproduced the experimental datasets
(RMSE = 0.58, Table 1). The fit was poor (RMSE = 0.71, supporting
information Fig. S3) for the isotherm at pH 5. According to
PHREEQC-Model VI, the abundance of the Fe(II)-OM monodentate
complexes would be quite low, ranging between 0.02 and 18% ver-
sus 74 and 83% for the Fe(II)-OM monodentate and bidentate com-
plexes, respectively. This low abundance of the Fe(Il)-OM
monodentate complexes likely explained why Eq. (2) failed to sat-
isfactorily reproduce the experimental data. A critical point was
that in PHREEQC-Model VI, monodentate sites were assumed to
be separated from each other by more than 4.5 A whereas in the
Fe(OH), oxides, when As(Ill) was bound to Fe, dg._re was smaller
at 3.26 A (Fig. 2b). Therefore, Eq. (2) was impossible with the com-
mon hypothesis used in PHREEQC/Model VI. Hoffmann et al. [26]
showed that As(Ill) could form binuclear monodentates with Fe
(III) complexed to HA. As discussed above, the complexation of
As(IIT) by bidentate Fe(II)-OM complexes was not reliable for geo-
metrical reasons and as a result, only Fe(Il)-OM monodentate
could bind As(Ill). These observations suggested that a part of the
bidentate sites, defined in the model as spaced apart by 3-4.5 A,
possibly bound Fe(Il) in a monodentate mode (e.g. Ha-ab(Fe), ver-
sus Ha-abFe).

Hoffmann et al. [26] showed that As(Ill) was bound as binuclear
monodentate complexed to Fe(Ill)-OM. Using PHREEQC/Model VI
and their experimental conditions, we calculated that Fe(IIl) was
able to recover between 0.75% and 5.95% of the HA sites. The cou-
pling of the spectroscopic [26] and modeled datasets demonstrated
that As(III) binuclear monodentate complexes were formed from a
recovery of 5.95%. In our experiments, the surface recovery by Fe
(II) ranged between 5% and 38% which support our hypothesis that
As(III) binding to HA mainly occurred through binuclear monoden-
tate Fe(II)-HA complexes.

Although Eq. (1) better reproduced the experimental datasets
than Eq. (2), the calculated RMSE was higher than for Egs. (3)
and (4) (Table 1). Considering only the atomic distances, the bind-
ing of As(III) to only one Fe(II)-HA complex is thought to be plau-
sible, but in addition, for example, to Eq. (3).

As seen previously, when several equations were used together,
the model chose the equation that provided the smallest RMSE and
attributed a negative log K to the other equations. With regards to
the Fe(Il) recovery on HA, and the spectroscopic data in the litera-
ture, mononuclear bidentate and binuclear monodentate com-
plexes seemed to be the most reliable mechanisms involved in
As(Ill) binding by Fe(Il)-HA. Used together Egs. (1) and (2)
described the As(III) binding to Fe(Il)-HA monodentate complexes.
Regarding the low density of Fe(II)-HA monodentates, the model
should be able to determine the log K for both equations. When
Egs. (3) and (4) were used together, enough Fe(Il) bidentate com-
plexes were formed. However, none of these coupled equations
reasonably fit the experimental datasets. In fact, the model was
not able to assess the respective weight of each equation. Some
constraints had to be implemented in PHREEQC/Model VI to
improve the quantification of each equation relative to the other
ones. PHREEQC/Model VI was able to accurately discriminate the
binding of one ion to the carboxylic and phenolic sites and to
determine the corresponding binding parameters. In this case,
the constraints were imposed by the acidity constants which
control the density of each site relative to the pH and by the
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imposed linear relationship between the log Kya and log Kyg values
(logI<MB =339 % IOgKMA) [34]

4.2. Instructions to better model As(Ill)-Fe(II)-HA interactions

To improve the modeling of the data using Eq. (2) - the
most probable equation with regards to the spectroscopic data
[26] - we modified PHREEQC/Model VI by identifying the
proportion of bidentate sites that can potentially bind two
Fe (2-monodentate mode). In Model VI, the bidentate Fe(lIl) sites
are distributed between weak, strong, and very strong bidentate
sites. The differences between each site are defined by the site
abundance and the ion binding parameters (logKya, logKyg and
ALK3). The strong and very strong bidentate sites are 10.01 and
100.11 times less abundant, respectively, than the weak bidentate
site. The logK value for the strong bidentate sites is equal to that of
the weak bidentate sites plus ALK, the distribution term that
modified the strength of the bidentate and tridentate sites. LogK
for the very strong bidentate sites are equal to those for weak
bidentate sites plus 2 x ALK,. In a bidentate complex, two sites
bind one Fe, whereas in the 2-monodentate mode, for each
monodentate site, one site binds Fe. In the 2-monodentate mode,
logK will be lower than the bidentate logK. Therefore, the
2-monodentate could only be developed from the weak bidentate
group, as strong and very strong bidentate sites have higher
binding constants. In PHREEQC/Model VI, the binding constant
for the weak bidentate group was defined as the sum of two
monodentate sites; however, the mechanism had to be modified
to correspond to the required 2-monodentate mode. Eq. (5)
corresponds to the classical equation and Eq. (6) to the equation
for the 2-monodentate mode.

Ha_ab*™ + Fe** = Ha.abFe log k = log k(a) + log k(b) (5)

Ha_ab*™ + 2Fe’* = Ha_abFe;> log k = log k(a) + log k(b) ~ (6)

With regards to the abundance of the sites, it cannot be
assumed that all of the weak bidentate sites are involved in the
2-monodentate mode. It was also difficult to quantify the exact
proportion of weak bidentate sites that could bind Fe(Il) in the 2-
monodentate mode. Consequently, tests were performed with a
proportion of these weak bidentate sites varying from 5% to 90%.
When the proportion was 5%, 5% of the weak bidentate sites bound
Fe following Eq. (2) and 95% following Eq. (3) when fitting the
experimental data (supporting information Table S13). This proce-
dure was applied to Egs. (2) and (3) simultaneously, which corre-
sponded to a new modeling configuration. The model was not
able to determine the logK for the proportions ranging from 5%
to 80%. However, for 90% of the bidentate sites that used Eq. (3),
the fitted logK were equal to 2.86 and 3.95, respectively. Because
As(III) was only bound to one Fe following this equation versus
two Fe in Eq. (2), the logK for Eq. (2) should be lower than for
Eq. (3); 90% of the bidentate sites that used the 2-monodentate
mode were therefore too large. Thus, it is necessary to experimen-
tally/analytically determine the proportions of Fe(ll) among the
bidentate sites that could possibly be involved in the 2-
monodentate mode (e.g. using spectroscopy). Then, logK between
As(IlI) and the Fe(Il)-HA complexes should be determined using
both binding mechanisms.

4.3. Interpretation of the As(lll)-Fe(Ill)-HA data

The model using thiol groups only reproduced our experimental
datasets reasonably well. The presence of Fe(Ill) did not seem to
influence the binding of As(III) to the thiol groups, suggesting that
(i) no competition for thiol groups occurred and (ii) no or negligible
ternary complexes were formed. However, for their experimental

conditions, Hoffmann et al. [26] clearly observed this type of tern-
ary associations between As(Ill), Fe(Ill) and peat. The reason was
that the concentrations used were much higher (in [26] 13 gL,
20-200 mg L~ and 22.5 mg L~! of DOC, Fe(lll) and As(IIl), respec-
tively versus here, 50 mg L™!, 0.6 mg L' and 5-50 pg L' of DOC,
Fe(Ill) and As(IIl), respectively), and the pH was different (pH 7,
8.4 and 8.8 [26] versus 4, 5 and 6 here). At pH 8.4 and 8.8, As(III)
occurred as H,AsOs implying the formation of new complex. The
negative charge caused by the higher pH increased the binding of
As(IIl) as ternary complexes via Fe(Ill) bridges as shown by the
comparison of the isotherms performed for similar Fe(Ill) and As
(III) concentrations but different pH in Hoffmann et al. (Fig. 2A in
[26]). Although the DOC/Fe ratios were equivalent (65-650 for
[26] and 83 here), the As/Fe ratios were different (1.1-0.11 for
[26] versus 0.0083-0.001 here). Moreover, the Fe(Ill) concentra-
tions used here were chosen to avoid any Fe(Ill) precipitation.
The S content of the peat used by Hoffmann et al. [26] was also
very low and did not allow the binding of As(III) to peat through
thiol sites, by contrast, with the here used HA as previously shown
[21]. Thus, the thiol sites were able to compete with the Fe(Ill)-HA
complexes, in low amounts, for As(Ill) binding. At circumneutral
pH and intermediate As/C ratio, Hoffmann et al. [26] observed that
the logKd (distribution coefficient of As(IIl) on organic carbon) was
higher for As(III) bound to peat thiol sites than for As(IIl) bound to
Fe(Ill)-peat complexes. In our experiments, As(Ill) bound to Fe(III)-
HA was probably not present in high enough amounts to be
detected, particularly in comparison with As(Ill) bound to S-HA.
However, higher concentrations of Fe(IllI) should induce precipita-
tion and the mechanism would be then performed with particulate
or colloidal Fe(Ill) oxyhydroxides, which was not the purpose of
the present study. It is important to note that the experimental
conditions used by Hoffmann et al. [26] were developed to specif-
ically promote the formation of ternary complexes via ionic Fe(III)
and to allow the detection of As(Ill) and Fe(Ill) using the XAS
technique.

4.4. Environmental implications

In floodplains and wetlands, the speciation of the elements
depends strongly on the redox conditions. In such environments,
when the soils are flooded and become water saturated, O, is con-
sumed by bacteria, creating anoxic conditions, whereas when the
soils are not saturated, oxic conditions prevailed. Under reducing
conditions, As is mainly as As(Ill) and Fe as Fe(Il), while under
moderately reducing conditions As(III), As(V), Fe(Il) and Fe(III) spe-
cies can coexist. The speciation of Fe(Ill) depends on the amount of
Fe(Ill) and on the physico-chemical conditions (pH, Eh, OM, com-
petitors, etc.). For high Fe(Ill) concentrations, Fe occurs mostly as
particulate or colloidal oxyhydroxides (lepidocrocite, ferrihydrite,
goethite, etc.) generally bound to OM in organic-rich environments
[44]. Iron(III) oxyhydroxides are the main sorbent of As(Ill) and As
(V) in the environment. These systems are well documented and
log K estimates can be found (Hfo_sOH + H3AsO3 = Hfo_sH,AsOs3 + -
H,0, logk =5.41, 5.74 or 4.02 [2,3,45]). In organic-rich environ-
ments, As(IIl) is expected to either compete with OM molecules
for its binding to Fe(IIl) oxyhydroxydes, which could strongly limit
its complexation [13], or to be complexed by Fe(Ill) oxyhydroxides
which are themselves bound to OM (Fig. 3) [13,23,30,31]. For low
Fe(Ill) concentrations, no precipitation occurred and Fe occurs as
Fe?*, Fe(OH)?" and Fe(OH)3, depending on the pH. In organic-rich
environments, Fe(Ill) as ion can be bound by the carboxylic and
phenolic groups of OM [8-10,43], mostly as bidentate complexes.
Hoffmann et al. [26] showed that at high concentrations of Fe
(1I1), As(Ill) and OM, ternary complexes can be produced via ionic
Fe(Ill) (Fig. 3). However, these results were strongly dependent
on their experimental conditions performed to specifically
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Fig. 3. Schematic model describing the complexes that may form between As(III) Fe(I) and/or Fe(IIlI) and dissolved organic matter (DOM), with regards to the redox status of
Fe, and Fe and the DOM concentrations. This scheme may apply to what happens in floodplain and wetland waters [21,25,26].

promote this binding mechanism. In environmental conditions, for
high amounts of Fe(Ill) such as those used by Hoffmann et al. [26],
Fe(Ill) precipitated as Fe(Ill) oxyhydroxides and thus sorbed As(III)
(high logK). In this case, we can consider that the ternary complex
occurred through Fe(Ill) oxides or nano-oxides. In our studies, for
higher OM thiol amounts and low Fe(Ill) concentrations, As(III)-F
e(Il1)-OM ternary complexes via ionic Fe(Ill) were not detected.
Therefore, for an environmental level of Fe(Ill), ternary complexes
via ionic Fe(Ill) does not seem possible even in organic-rich waters
[44,46-48], notably when there is a sufficient number of thiol sites
on OM to bind As(IIl) [19,21]. If the S% in OM does not totally cor-
respond to thiol, much of the dissolved OM should contain a suffi-
ciently high number of thiol groups to efficiently outcompete As
(III) complexation by ternary Fe(Ill)-HA complexes. The competi-
tion between thiol binding and ternary complexes via ionic Fe
(1IT) probably always occurs in natural OM-mediated interactions.

In waterlogged floodplains and wetlands, ferric-reducing bacte-
ria reductively dissolved Fe(Ill) oxyhydroxides, thereby releasing
Fe(II) into the solution. In such environments, high OM concentra-
tions are produced. Catrouillet et al. [7] demonstrated that OM can
strongly bind Fe?* and Fe(OH)", especially at neutral and basic pH.
Here, we showed that As(Ill) might be indirectly bound as ternary
complexes to OM via ionic Fe(Il) (Fig. 3) and directly bound
through OM thiol sites. The dynamics of the As(Ill) bound to OM
is therefore controlled by the own OM dynamic. However, in the
present work, we estimated that As(Ill) bound to OM by direct
and indirect mechanisms could vary from 5% to 26% of the total
As(II). We performed speciation calculations to test the studied
mechanism in reduced water produced by the anoxic incubation

of an organic-rich wetland soil (unpublished data). Arsenic(III), Fe
(I1) and DOC concentrations were measured in the colloidal frac-
tion which corresponded to the concentrations measured by ultra-
filtration in the >3 kDa fraction, and the truly dissolved
concentrations which corresponded to the concentrations mea-
sured by HPLC-ICP-MS in the <3 kDa fraction. In these calculations,
we considered that the As(Ill) measured by HPLC-ICP-MS occurred
as free species. This experimental dataset was used to test the pre-
sent model using the following assumptions: DOC was only com-
posed of HA (for which the proportion of reactive and non-
reactive DOM was not known), the thiol groups concentration
was equal to that of the Leonardite (0.13 mmol g~!) and the bind-
ing of As(IIl) to Fe(Il)-HA complexes was calculated using only Eq.
(2), with logK = 3.39. We calculated that 1.2% of As(Ill) was bound
to S-OM and 22.7% to Fe(II)-OM. These calculations were close to
the proportion determined from the analytical techniques, i.e. 32%
of As(Ill) bound to OM. The experimental proportions corre-
sponded to the difference between Asror (determined by ICP-MS)
and free As(Ill) concentrations (determined by HPLC-ICP-MS).
Therefore, the binding of As(Ill) with OM as ternary complexes
via ionic Fe(Il) seemed to be potentially important in anoxic envi-
ronments such as floodplains and wetlands, even if the mecha-
nisms and binding constants used for this calculation had to be
improved. As long as reducing conditions prevail, a large propor-
tion (this study >24-32%) of As(Ill) was in the solution as labile
species, possibly transferred to the underlying aquifers.

Note that all of these complex conformations investigated in
this study were described for the As(OH); species. However, for
pH > 8, As(IIl) is expected to occur as a negatively charged species,
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namely As(OH)30. Hoffmann et al. showed that with increasing pH,
As(III) speciation change should result in a higher proportion of As
(Il) bound to OM through ternary complexes [26]. However,
although the binding of ternary complexes seems to be favored
for As(OH),0~, few natural waters have pH > 8 and high enough
OM and Fe concentrations. This is why these mechanisms were
not presented in Fig. 3.

5. Conclusion and perspectives

We provided experimental datasets for As(Ill) binding to HA as
ionic Fe(Il) and Fe(Ill) occurred. Arsenic(Ill) was bound to HA as
ternary complexes via ionic Fe(Il) and through HA thiol sites (4-
26% of total As(IIl)). No ternary complexes seem to be formed with
Fe(Ill) in our experimental conditions chosen to mimic natural
waters Fe(Ill) and DOM concentrations. However, Hoffmann et al.
[26], demonstrated the formation of such a complex. As assessed
by EXAFS record, they showed that As(Ill) formed mononuclear
bidentate and binuclear monodentate complexes, Fe(Ill) being
itself bound to peat. The differences outlined in between both
studies is explained by the lower Fe(Ill) concentrations and the
higher amount of HA thiol groups in our experimental conditions.
It appeared that Fe(Ill)-HA complex was not enough competitive
regards to thiol functional group to succeed in As(Ill) binding at
low Fe(Ill) concentrations. Various complex conformations were
indeed tested with PHREEPLOT-PHREEQC/Model VI: (i) mononu-
clear bidentate of As(Ill) bound to monodentate of Fe(Il) with
OM, (ii) binuclear monodentate of As(Ill) bound to monodentate
of Fe(Il) with OM, (iii) mononuclear bidentate of As(Ill) bound to
bidentate of Fe(Il) to OM (iv) monodentate binuclear of As(IIl) to
bidentate of Fe(II) to OM. The complex conformation involving bin-
uclear monodentate of As(Ill) bound to bidentate of Fe(Il) with OM
was not possible regards to the atomic distances, deduced from the
spectroscopic data available in literature and to their abundances.
The complex conformation involving mononuclear bidentate of As
(III) bound to bidentate of Fe(Il) with OM was possible and fitted
well the experimental datasets. The binding conformation based
on binuclear monodentate of As(Ill) bound to monodentate of Fe
(II) with OM was impossible in its current form with PHREEQC/
Model VI. The atomic distances required a new binding mode for
the bidentate sites described by Tipping [34], namely the forma-
tion of Fe(Il) 2-monodentate complexes in the group of weak
bidentates sites. PHREEQC/Model VI was not able actually to cor-
rectly model ternary complexes. Finally, the binding conformation
involving mononuclear bidentate of As(IIl) bound to monodentate
of Fe(Il) with OM was possible but, unfortunately did not correctly
fit the experimental data. Even if ternary complexes were possible
using ionic Fe(lll, 1I), the percentage of As(Ill) bound to OM
remained low. Most part of As(Ill) stayed labile and therefore is
easily transferable to environment. The amount of As(Ill) bound
to OM is however less mobile and its ability to be transferred in
environment will depend on which in between particulate or col-
loidal OM this species is bound to. These results raise now the cru-
cial question of the fate of this As(IIl) either labile or bound to OM
when the conditions become oxidizing?
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Abstract

Although the behavior of Arsenic (As) under reducing conditions in periods of high water levels in wetlands is well under-
stood and documented, there is a lack of information under oxidizing conditions when the water level decreases. In this study,
we were interested in the first stage of the oxidizing period, when oxidation products are still in suspension. A soil sample from
the Naizin Kervidy wetland (France) was incubated in the laboratory to produce a reduced soil solution. The reduced solution
was subsequently oxidized, filtered and ultrafiltered using decreasing pore size membranes (5 pm, 3 pm, 0.2 pm, 30 kDa and
5 kDa). The distribution of As and Fe was investigated in each size fraction of the oxidized solution and their speciations were
studied using XAS, HPLC and SEC-ICP-MS. Organic matter was characterized using thermally assisted hydrolysis and
methylation gas chromatography-mass spectrometry (THM-GC-MS) and fluorescence spectroscopy. The majority of the
As was present as As(V) but a small amount of As(III) still remained despite the advanced oxidized conditions. In the
>(.2 um fractions, the XAS analyses showed that As was associated, in the second shell, with Fe (As—Fe = 3.35 A) as biden-
tate binuclear complexes and C (As—-C = 2.90 Aﬁ), suggesting the integration of As in biological objects. In the <30 kDa frac-
tion, As was directly bound to C (As—C = 1.96 A) in the first shell indicating the presence of organic As species. In the second
shell, an As-Fe distance of 3.35 A was found showing that part of the As was still complexed with Fe. The 0.2 um-30 kDa
fraction was a transitional fraction in terms of the Fe species and OM composition. In this fraction, organic matter exhibited a
more humic character (aromatic molecules) inducing an increasing cation binding capacity. As a consequence, in this fraction
and in the smallest one, As, Fe and OM seemed to form ternary complexes in which the Fe or nano-oxides in the >30 kDa
fraction and as monomer, or cluster in <30 kDa fraction acted as a bridge. In all of the fractions, a proportion of As(V) was
present as organic methylated species. These organic species might be produced by several organisms (animal or plant) via a
detoxification process. They seemed to be bound to the particulate and colloidal Fe/OM phases as well as integrated in the
remains of the organisms. Mass calculations provided evidence that 90% of the As was contained in the >5 um particulate
fraction and thus was hardly mobile. This study showed that although wetlands have been identified as a potential source
of As, a number of biological and geochemical trapping mechanisms also favor As stabilization in wetlands.
© 2017 Elsevier Ltd. All rights reserved.
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1. INTRODUCTION

Arsenic is a toxic element, and groundwater has been
identified as the source of contamination (Smedley and
Kinniburgh, 2001). Several mechanisms have been pro-
posed to explain the As contamination of aquifers. Among
them, riparian wetlands and floodplains appeared to play a
potential role in the As solubilization process (Kocar et al.,
2008; Fendorf, 2010). Arsenic enrichment has been identi-
fied in many wetland soils (e.g. Anawar et al., 2003; Du
Laing et al., 2009). Riparian wetlands and floodplains are
organic matter (OM)-enriched zones, adjacent to streams
or rivers and are characterized by seasonal flooding. They
receive water from three different sources: (i) groundwater
discharge, (ii) subsurface flow and (iii) flow from an adja-
cent surface-water body (Lewis, 1995). During high water
levels subsequent to flooding, anaerobic conditions are
established and favor the reductive dissolution of wetland
soil Fe(Ill)-oxyhydroxides and associated elements such
as As and OM (Olivié-Lauquet et al., 2001; Grybos et al.,
2007, 2009; Davranche et al., 2011; Dia et al., 2015).
Following its solubilization, As(V) is reduced to As(III),
generally by autochthonous bacteria through detoxification
or metabolism processes (Dia et al., 2015). When the water
table decreases, the soil solution is reoxidized and newly
formed Fe(Ill)-oxyhydroxides are associated with OM
precipitate as colloidal aggregates that are able to trap As
(Astrom and Corin, 2000; Bauer and Blodau, 2009;
Sharma et al., 2011; ThomasArrigo et al., 2014). In these
aggregates, colloidal or ionic Fe was shown to act as a
bridge between As and OM, thus forming ternary com-
plexes (Ritter et al., 2006; Mikutta and Kretzschmar,
2011). These colloidal aggregates represent a first step in
the agglomeration process. The formed solids are expected
to settle in the soil porosity following the increase of evap-
otranspiration and the decrease of the water level. Al-Sid-
Cheikh et al. (2015) and Guénet et al. (2016) studied similar
agglomerates that were collected directly in a wetland soil
matrix (Naizin Kervidy, France). They demonstrated that
As was heterogeneously distributed in both Fe-enriched
zones and OM-enriched/Fe depleted zones. Al-Sid-Cheikh
et al. (2015) used NanoSIMS observations to suggest that
As in an OM-enriched/Fe-depleted zone could be associ-
ated with OM via thiol (SH) binding sites. However, they
showed using X-ray absorption spectroscopy that As was
mainly bound to OM via Fe(IlI)-oxyhydroxides, Fe mono-
mers or small clusters occurring as bridges in the ternary
system. As a result, the speciation of As in OM-enriched/
Fe-depleted zones is still unknown. However, in order to
identify the control exerted by wetlands on As solubiliza-
tion and dynamics, it is essential to understand and explain
all of the processes that are able to solubilize or trap As in
this type of environment.

Natural oxidized solids, collected in the wetland soil
porosity, result from the agglomeration of colloidal aggre-
gates. Therefore, the objective of the present study was to
determine the As speciation in these entities. To make it
easier to take samples and quantify the analysis, colloidal
aggregates were produced in the laboratory subsequent to
anoxic incubations of wetland soil. After the soil solution

was sampled and oxidized, the formed aggregates were
size-fractionated using filtration and ultra-filtration. A
study of the distribution of As, Fe and OM in each size
fraction of the oxidized solution was combined with the
investigation of As and Fe speciation and OM characteriza-
tion using multiple techniques. The OM was characterized
using THM-GC-MS and fluorescence spectroscopy in each
size fraction where the As and Fe speciation was deter-
mined by K-edge X-ray absorption spectroscopy (XAS)
analysis. The smallest size fractions were investigated using
size exclusion chromatography (SEC) combined with an
inductive coupled plasma mass spectrometer (ICP-MS)
and high-performance liquid chromatography (HPLC)
combined with an ICP-MS.

2. MATERIALS AND METHODS
2.1. Site description and soil sampling

Soil was taken from the Mercy riparian wetland in the
Kervidy-Naizin sub-catchment located in Brittany in west-
ern France. This sub-catchment has been monitored since
1991 to investigate the effects of intensive agriculture (corn
cultures and livestock) on water quality. The hydrological,
pedological and geochemical contexts are therefore well
documented (Bourrié et al., 1999; Dia et al., 2000; Olivié-
Lauquet et al., 2001; Gruau et al., 2004). The sampled
uppermost soil horizon was defined as the organo-mineral
horizon (Ah) of a planosol (according to the WRB interna-
tional classification) which contained (wt%; anhydrous
basis) OM (15%), clay (42%), quartz (30%) and Fe(III)-
oxyhydroxides (3.5%) (Grybos et al., 2007). The dissolved
OM (DOM), Fe(Il) and trace metal concentrations in the
soil solution were found to increase during flooding
periods, from 0.83 to 2.5mmol L~! (DOM), from 0 to
0.21 mmol L™! (Fe(II)) and from 0.01 to 0.025 pmol L™
(As), respectively (Dia et al., 2000; Grybos et al., 2007).

Approximately 5 kg of soil was collected in March 2015
from the surface layer, sieved at 2 mm and stored in the
dark at 4 °C to minimize latent biological activity.

2.2. Production of colloidal aggregates

To reproduce the reducing conditions observed in
wetland soils, a soil suspension was prepared under anoxic
conditions in a Jacomex anaerobic chamber. The soil
suspension was prepared in triplicate following the protocol
given in Grybos et al. (2007). Approximately 130 g of the
sieved soil was mixed with 1.8 L of a synthetic solution
containing 0.48 mmol L™' of NaNO; and NaCl, and
0.l mmolL™! of Na,SO,. The synthetic solution was
adjusted to mimic the anionic composition of the soil solu-
tion during autumn (the time period when the water table
rises) in the Mercy wetland system. The solution was con-
tinuously stirred throughout the duration of the anaerobic
experiment. The experiments were performed in triplicate
with an anhydrous soil/solution ratio of 1/20 (soil
moisture = 44 wt%). The extended reduction was followed
by monitoring the increase in the pH, Eh and Fe’' and
trace element concentration subsequent to the reductive
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dissolution of the Fe-oxyhydroxides in the soil. After one
month under anoxic conditions, the pH, Eh and Fe?" val-
ues reached 7.2, —130 mV and 20 mg L™! respectively (see
Supplementary information Figs. S1 and S2). The soil sus-
pensions were then filtered using 5 um cellulose nitrate fil-
ters (Sartorius). The three soil solutions were removed
from the anaerobic chambers and allowed to oxidize at
ambient air in the dark at room temperature and under
air extraction during two weeks. Previous kinetic experi-
ments (see Supplementary information Figure S3) revealed
that an equilibrium in the elemental size distribution was
reached after two weeks of oxidation. The triplicates were
then size-fractionated using a series of filtration units at 5,
3 and 0.2 um and ultrafiltrations at 30 and 5 kDa. First,
two sequential filtrations using cellulose nitrate membrane
filters at 3 um and 0.2 um (from Sartorius) were performed
and samples were recovered on filters. Then, the 0.2 um-
filtered solutions were ultrafiltered at 30 kDa and then
5kDa using a Labscale TFF system equipped with two
Pellicon XL membranes (PXC030C50 and PXC05C50).
An aliquot of each liquid fraction was stored in the dark
at 4 °C and the remaining suspensions were freeze-dried.

2.3. As, Fe and OC concentration measurements

The organic carbon (OC) concentrations in the soil solu-
tions were measured using an organic carbon analyzer
(Shimmadzu TOC-V CSH). The accuracy of the dissolved
organic carbon (DOC) measurements was estimated to be
+5% by using a standard solution of potassium hydrogen
phthalate. The organic carbon (OC) content in the freeze-
dried samples was determined at the INRA SAS laboratory
in Rennes, France, using a dry combustion method with a
CN Analyzer (Flash EA-1112). The concentration of the
Fe(II) from aliquots collected during the reduction of the
soil solution were determined with the 1.10-phenantroline
colorimetric method (AFNOR, 1982) at 510 nm using a
UV-visible spectrometer (UV/VIS Spectrometer ‘“Lambda
25” from Perkin Elmer). The Fe and As concentrations were
determined by ICP-MS using an Agilent technologies 7700 x
at the University of Rennes 1. The samples were pre-digested
twice with 14.6 N HNO; at 90 °C, evaporated to complete
dryness and then resolubilized with HNO; at 0.37 mol L™
to avoid any interference with the DOC during the analysis.
A flux of He was injected into a collision cell to remove inter-
ference from *°Ar*>Cl/”>As and *°Ar!°0/*°Fe. Quantitative
analyses were performed using a conventional external cali-
bration procedure (seven external standard multi-element
solutions, Inorganic Venture, USA). Rhodium-Rhenium
was added online as an internal standard at a concentration
level of 300 mg L™ to correct for instrumental drift and pos-
sible matrix effects. Calibration curves were calculated from
the intensity ratios of the internal standard and analyzed ele-
ments. The international geostandard SLRS-4 was used to
control the accuracy and reproducibility of the measurement
procedure. The instrumental error on the As and Fe analysis
was below 3%. Given that the chemical As and Fe blanks
were below the detection limits (respectively 0.003 and
0.07 pg LY, no correction was needed.

2.4. Transmission electron microscopy (TEM) observations

A drop of each size fraction of the oxidized solution (i.e.
3-0.2 um, <0.2 pm, <30 kDa, <5 kDa) was deposited onto
a 300 mesh copper grid coated with a lacey carbon film
(Oxford Instruments, S166-3) and dried at room tempera-
ture. High-Resolution Electron Microscopy (HREM)
investigations were performed on a TEM with a JEOL
100CXII instrument (voltage 100 kV) (THEMIS Analytical
Facility at the University of Rennes 1). The elemental com-
position of the different structures was determined with a
JEOL 2100F (voltage 200 kV) equipped with an X-ray
energy dispersive spectroscopy (XEDS) detector (Kevex
detector with an ultrathin window).

2.5. Organic matter characterization

2.5.1. THM-Gas chromatography-mass spectrometry
(THM-GC-MS)

Approximately 2 mg of each freeze-dried sample was
introduced into an 80 uL. aluminum reactor with an excess
of solid tetramethylammonium hydroxide (TMAH - ca.
10 mg). The thermally assisted hydrolysis and methylation
(THM) reaction was performed inline using a vertical
micro-furnace pyrolyser PZ-2020D (Frontier Laboratories,
Japan) operating at 400 °C for 1 min. The products of this
reaction were injected into a gas chromatograph (GC) GC-
2010 (Shimadzu, Japan) equipped with a SLB 5MS capil-
lary column in split mode (60 m x 0.25 mm ID, 0.25 pm
film thickness). The split ratio was adapted according to
the sample and ranged from 15 to 30. The temperature of
the transfer line was 321 °C and the temperature of the
injection port was 310 °C. The oven was programmed to
maintain an initial temperature of 50 °C for 2 min, then rise
to 150 °C at 15°Cmin~' and then rise to 310 °C at 3°
C min~!, where it stayed for 14 min. Helium was used as
the carrier gas, with a flow rate of 1.0 mL min~!. Com-
pounds were detected using a QP2010+ mass spectrometer
(MS) (Shimadzu, Japan) operating in the full-scan mode.
The temperature of the transfer line was set at 280 °C, the
ionization source at 200 °C and the molecules were ionized
by electron impact using an energy of 70 eV. Compounds
were identified on the basis of their full-scan mass spectra
by comparison with the NIST library and with published
data (Nierop and Verstraten, 2004; Nierop et al., 2005).
They were classified into three categories: lignin and tannin
markers, carbohydrates and fatty acids. The peak area of
the selected m/z for each compound was integrated and cor-
rected by a mass spectra factor calculated as the reciprocal
of the proportion of the fragment used for the integration
and the entire fragmentogram provided by the NIST
library. The proportion of each compound class was
calculated by dividing the sum of the areas of the
compounds in this class by the sum of the peak areas of
all of the analyzed compounds expressed as a percentage.
The presented data are an average of the triplicates. We
also investigated the presence of organic As species using
the arsenobetaine reference compound (CsH;;AsO, (AB)
from Sigma Aldrich).
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2.5.2. Fluorescence spectral analysis

At each fractionation step, we collected filtrate suspen-
sions. The fractions below 5 um, 3 pm, 30 kDa and 5 kDa
and between 0.2 um and 30 kDa were analyzed using a
spectrofluorometer Perkin—Elmer LS 45 in a 10 mm quartz
cuvette (at the Ecole de Chimie de Rennes, France). The
three dimensional excitation-emission fluorescence spectra
were acquired by collecting individual emission spectra
(290-600 nm) over a range of excitation ranging from 240
to 550 nm, with an increment of 5 nm, at a scan speed of
1500 nm/min. The slits were set to 5 nm for both the excita-
tion and emission monochromators. The spectra obtained
using this technique were treated PROGMEEF software
in Matlab language (Luciani et al., 2008). Since Fe can
potentially affect DOM absorbance in the UV region
(Poulin et al., 2014; Weishaar et al., 2003), the raw absor-
bance of the sample at 254 nm was corrected by taking into
account the molar absorptivities of Fe(IIl) (Poulin et al.,
2014). We calculated three indices to characterize the
OM. The fluorescence index (FI) (McKnight et al., 2001)
is the ratio between the emission intensity at g, 450 nm
and Ag, 500 nm using a fixed excitation of Ag, 370 nm.
The Biological index (BIX) (Huguet et al., 2009) is calcu-
lated from the ratio between the emission intensities at
Agm 380 nm and Ag, 430 nm using a fixed excitation of
Agx 310 nm. Finally, the Fluorescence Humification index
(HIX) (Zsolnay et al., 1999) is calculated as the ratio of
Agm 435480 nm divided by Ag,, 300-345 nm at 254 nm at
a fixed excitation of 254 nm.

2.6. XAS analysis

2.6.1. Data collection

All size fractions of the oxidized solution were freeze-
dried. The obtained powders were pressed into 6 mm pellets
and fixed to the support using double-sided adhesive tape.
The Arsenic K-edge spectra were collected on the DiffAbs
beamline and the Fe K-edge spectra on the LUCIA beam-
line (Flank et al., 2006) of the SOLEIL Synchrotron
(SOLEIL, St Aubin, France). On both beamlines, the
monochromators were Si(111) double crystals. The 2nd
crystal was bendable on DiffAbs for sagittal focusing. The
beam size used for the As K-edge on the sample was
286 x 228 um. The beam size for the Fe K-edge was
2 x 2mm. Spectra were collected in fluorescence mode
using a 4-element silicon drift diode detector. To prevent
beam-induced redox changes, the samples were maintained
under vacuum at 70 K using a liquid nitrogen cryostat.
Spectra were calibrated using sodium arsenate dibasic hep-
tahydrate (Sigma Aldrich).

2.6.2. XAS data analysis

Arsenic and iron XAS spectra were extracted using the
Athena software (Ravel and Newville, 2005) including the
Autbk algorithm (Rbkb =1, k-weight = 3). Normalized
spectra were obtained by fitting the pre-edge region with
a linear function and the post-edge region with a quadratic
polynomial function. The Fourier transform of the
k3-weighted EXAFS spectra was calculated over a range
of 2-10.5A" using a Hanning apodization window

(window parameter = 1). Back Fourier filters were
extracted over the 1-3.5A R-range, using the same
apodization window shape.

The EXAFS data were analyzed by shell fitting using the
software code Artemis (Ravel and Newville, 2005). Theo-
retical back scattering paths for the fits were calculated
from the various crystal structures using FEFF6. Scorodite
(Kitahama et al., 1975), tooeleite (Morin et al., 2007) and
4-Hydroxy-3-nitrobenzenearsonic  acid (Nuttall and
Hunter, 1995) structures were used to extract paths from
the backscatters of the As(V), As(IIl) and organic As spe-
cies, respectively. Goethite (Hazemann et al., 1991) and
Fe-carboxylate (Horcajada et al., 2007) structures were
used to obtain the backscattering paths for Fe. Shell-fit
analyses were performed within the 1-3.5 A R-range for
As and 1.1-3.5 A for Fe. The best fit was chosen by mini-
mizing the reduced 3> which depends on the number of
independent parameters, the number of fitted parameters
and the uncertainty of the data points. For As, the addition
of multiple scattering tends to improve the quality of the fit
(Morin et al., 2002; Voegelin et al., 2007). In the 5-3 um
and 3-0.2 ym fractions, the triangular As-O-O (MSI,
degeneracy = 12), collinear As-O-As-O (MS2 degener-
acy =4) and non-collinear As-O-As-O (MS3, degener-
acy =12) paths were added for the fit of the
AsV)O,-tetraedron. The MS1 path was constrained by an
interatomic distance set to (1 +(2/3)“/2)) x Ras.0 and a
Debye-Waller parameter of ois.o. The MS2 path was
constrained by an interatomic distance of 2R 4.0 and its
Debye-Waller parameter was calculated as o3 =
4 x 63, . The interatomic distance of MS3 was defined
as 2x Raso and its Debye-Waller parameter as
2 x 03, o (Voegelin et al., 2007).

2.7. Arsenic in the <30 kDa and <5 kDa fractions

2.7.1. SEC-ICP-MS

The distribution of Fe, OM and As in the fractions
below 30 kDa and 5 kDa was investigated using a separa-
tion method via the SEC-ICP-MS technique. The separa-
tion was achieved using two online SEC NUCLEOSIL®
50 columns (250 mm x 4.6 mm) composed of unmodified
spherical silica (SOA pore size) from Macherey—Nagel,
attached to an Agilent 1260 Infinity HPLC system (Agilent
Technologies France) fitted with an autosampler. The
columns were equipped with a prefilter/guard column
(UltraShield UHPLC Trident Direct) with a cutoff of
0.45 um (Restek Corporation). The mobile phase consisted
of a sodium dodecyl sulfate (SDS, purity >98.5%), sodium
nitrate (NaNQOsj, purity >99.5%), and sodium citrate
tribasic dehydrate (SC, purity >98%), with a pH of 6.5.
The three products were purchased from Sigma-Aldrich.
Stock solutions of 0.1 mol L™! SDS, 0.1 mol L™' NaNO;
and 0.1molL™! SC were prepared in ultrapure water
(Milli-Q-water, Millipore system) and filtered at 0.2 um
(with cellulose acetate filters from Sartorius, Germany).
The mobile phase composition was obtained by mixing
5% SDS, 10% NaNOj; and 5% SC using an Agilent quater-
nary pumping system. The injection volume was 50 pL. The
mobile phase flow rate was 0.9 mL min~", and the pressure
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was constant at around 235 bars. The SEC columns were
followed by an Agilent UV detector from a 1260 Infinity
system (excitation A= 254 nm, emission A =410 nm) for
organic molecules and an Agilent 7700 ICP-MS (Agilent
Technologies, France) for the other elements. A similar vol-
ume of 100 pL was injected for all of the samples. Before
entering the ICP-MS, the effluent passed through an inter-
face in which tellurium was mixed in as an internal stan-
dard. This set-up allows the elemental composition to be
determined as a function of particle size.

In order to investigate the potentially present dissolved
As species, the relevant As(II1) and As(V) standards were
used. They included (i) two inorganic As species: sodium
arsenite (Fluka Analytical) at 37 pg L™! and sodium arsen-
ate dibasic heptahydrate (Inorganic Ventures) at 28 pg L™",
and (ii) three organic methylated species at approximately
18 pg L1 disodium methylarsenate hexahydrate, CHj-
AsNa,O3 (MMA), dimethylarsenate, C,H;AsO, (DMA)
and trimethylarsonio acetate or arsenobetaine, CsH;;AsO,
(AB) from Sigma Aldrich.

2.7.2. HPLC-ICP-MS

High-performance liquid chromatography (HPLC)
paired with inductively coupled plasma mass spectrometry
(ICP-MS) has previously been used to characterize As com-
pounds in <30 kDa and <5 kDa fractions (Geiszinger et al.,
2002; Dobran and Zagury, 2006; Ronkart et al., 2007;
Huang and Matzner, 2007). The mobile phase consisted
of NaH,PO, (PBS, 2mmol L), NaNO; (3 mmol L™}),
CH;COONa (10 mmol L"), EDTA-2Na (0.2 mmol L™1)
and CH;O0H (1%) (Sigma-Aldrich) at pH 11 and filtered
at 0.2 pm (using cellulose acetate filters from Sartorius,
Germany). The injection volume was 50 pL with a mobile
phase flow rate of 0.9mLmin~!. An anionic column
G3154A from Agilent Technologies 1100 Series (Tokyo,
Japon) equipped with a guard column was used. The sam-
ple was injected with an autosampler (Agilent Technologies
1100 Series), using a 100 pL aliquot. In order to interpret
the chromatograms, the same relevant reference materials
previously used for the SEC-ICP-MS experiment were ana-
lyzed with an injection volume of 30 pL.
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3. RESULTS
3.1. Chemical composition of the soil solution

The Fe, As and OC concentrations in the different size
fractions are plotted in Fig. 1. In all of the fractions, OC
was the most abundant varying between 102 and
129 mg g~! in the first three fractions and increasing to
320mgg ' and 340mgg ' in the 0.2 ym-30kDa and
<30 kDa fractions, respectively. In the <5kDa fraction,
the OC concentration decreased to 132mgg~'. The Fe
distribution varied compared to the OC. The Fe
concentrations increased from 23 mg g~ ! in the >5 pm frac-
tion to 69mgg~! in the 0.2 pm-30 kDa fraction. The
0.2 pm-30 kDa fraction was the richest Fe and OM frac-
tion. In the <30 kDa and <5 kDa fractions, the Fe concen-
tration dropped significantly to 13mgg~' and 1 mgg™!
respectively. Therefore, most of the Fe was present as par-
ticles (>0.2 pum) and large size colloids (between 0.2 pm and
30 kDa) where the Fe/OC ratio was the highest. The smal-
ler fractions (<30 kDa) were Fe-depleted and OC-enriched
and the Fe/OC ratio was the lowest.

Above the 30 kDa fraction, the As distribution followed
that of Fe. The As concentration increased from 5 pg g~' in
the <5 pum fraction, to 30 pug g~ ' in the 0.2 pm-30 kDa frac-
tion, via a plateau at 15 mg g~ ! in the 5-3 pm and 3-0.2 pm
fractions. Approximately 20% of the As was in the <30 kDa
fraction. Below this threshold, As decreased less drastically
than Fe and their concentrations were weakly correlated,
indicating that small-size Fe species might not affect As par-
titioning. No apparent correlation was observed between
the distributions of As and OC.

The concentrations of As, Fe and OC were calculated
relative to the total dry mass recovered for each fraction.
The results are given in% in Fig. 2. The calculations showed
that 88% of the total As, 94% of the total Fe and 92% of the
total OC were present in the >5 pm fraction since this frac-
tion was the largest in terms of mass. The second fraction in
terms of mass for the three elements was the 0.2 pm-30 kDa
fraction which was composed of 6% of the total As and 4%
of the total Fe and OC.

400

350
mAs

u MO 300

Corg (mg.g-1)

< 5kDa

Fig. 1. Concentrations of Fe, As and organic carbon (C org) in each size fraction of the oxidized solutions.
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Fig. 2. Repartition of As, Fe and OC in the size fractions of the oxidized solution considering the total dry mass recovered for each fraction.

3.2. High resolution TEM observations of the different largest fraction (Fig. 3A). Micrometric organic compounds
fractions such as diatoms and silicate plant (e.g. horsetail) remains
were observed (supplementary information Figure S9).

Representative transmission electron micrographs are The Fe phases were detected through their higher electron
presented for each fraction in Fig. 3. The overall sample density and composition using EDS (Energy dispersive
was heterogeneous as revealed by the micrographs of the spectrometry) analysis. Goethite-like macro crystals

Fig. 3. Representative TEM micrographs of different size fractions. (A) Large view of 3-0.2 um fraction. (B) Close-up on a Fe aggregate
corresponding to the red square from micrograph (A), (C) high resolution micrograph of Fe nanoparticles from the red square of micrograph
(B), (D) micrograph of 0.2 um-30 kDa fraction and (E) micrograph of <30 kDa fraction. (For interpretation of the references to colour in this
figure legend, the reader is referred to the web version of this article.)
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(supplementary information Figure S5) and Fe(IIl)-
oxyhydroxides aggregates (red squares in Figs. 3A and B)
were observed. Fig. 3B shows a close-up of the Fe(Ill)-
oxyhydroxide aggregates comprised of numerous spheroid
nanoparticles, the apparent size of which, close to 4 nm,
was visible at high resolution (Fig. 3C). With the increasing
size fractionation, the large compounds were removed and
only the dispersed Fe nanoparticles were observed for the
0.2 pm-30 kDa fraction (Fig. 3D). The analysis of the
<30 kDa fraction revealed the presence of very scarce small
aggregates without any crystal lattice visible (Fig. 3E). No
aggregates were observed in the <5 kDa fraction.

3.3. Organic matter characterization

The organic molecular composition of each size fraction
was investigated using THM-GC-MS. The different
organic compounds, classified into fatty acids, lignin and
tannin markers and carbohydrates, are presented in
Fig. 4. Among the size fractions, two groups with similar
compositions could be distinguished according to their size:
larger or smaller than 0.2 um. The larger size fractions were
composed of more fatty acids than the smaller fractions
(mean values of 61.1 vs. 11.5%) and contained fewer lignin
and tannin markers (mean values of 27.4 vs. 81.7%). The
increases in the lignin and tannin markers were concomi-
tant with the increase in the OC concentration. The propor-
tion of carbohydrates (or sugars) decreased between the
first (mean value of 11.5%) and second group (mean value
of 6.9%). Lignin and tannin markers were characteristic of
OM derived from plant sources (Hedges and Parker, 1976),
whereas carbohydrates and fatty acids were provided both
by plant and microbial activities (Cranwell, 1974; Rumpel
and Dignac, 2006). Low molecular weight (LMW) fatty
acids are used as microbial indicators (Cranwell, 1974)
while high molecular weight (HMW) fatty acids are used
as plant indicators. The proportion of microbial fatty acids
was calculated as the percentage of low molecular weight
(LMW) fatty acids (<C19) by excluding C16:0 and C18:0,
which can be either derived from plant or microbial input.
In our samples, the proportion of high molecular weight

100 +

(HMW) fatty acids in the >0.2 pm fractions was higher
(from 55 to 58%) than the proportions of LMW fatty acids
(from 42 to 45%), whereas the HMW fatty acids in the
<0.2 um fraction decreased and disappeared in the
<30 kDa and <5 kDa fractions. A transition at the 0.2 pm
threshold between a plant-derived fraction and a
microbial-derived one clearly appeared in our samples.

The fragmentograms for all the size fractions displayed
the presence of As methylated species. The distinction
between AB and DMA was not possible as the THM-
GC-MS analysis transformed the AB molecule into
DMA. We calculated the distribution of these species in
each size fraction as a percentage of the total methylated
As detected using the THM-GC-MS technique (red full line
in Fig. 4).

Indices deduced from the fluorescence analysis are dis-
played in Fig. 5. A mean value of 1.30 for the fluorescence
index (FI) was calculated for the >5 kDa fractions, indicat-
ing a terrestrial origin for the OM. In contrast, the <5 kDa
fraction showed a more microbial derived OM with a FI
close to 1.49. The Humification index (HIX) increased from
6.25 for the largest fraction to 22 and 30.11 for the 0.2 um—
30 kDa and <30 kDa fractions, respectively. The HIX evo-
lution showed that OM was more humified in the 0.2 um-
30 kDa and <30 kDa fractions, which also corresponded
to the most OC-enriched fractions. The BIX index was con-
stant with an average value of 0.4 indicating that the OM
was not freshly produced.

In summary, the characterization of the OM suggested
the fractions >0.2 pm were comprised of HMW organic
molecules that primarily originated from plant residue. In
contrast, the fractions <0.2 um were composed of soil
humic molecules (such as humic acids). The organic com-
pounds in the <5 kDa fraction were smaller and were most
probably produced by bacterial activities.

3.4. Characterization of the Fe phases using XAS
The Fe K-edge XANES analyses performed on each size

fraction were fairly similar. The edge position at 7125 eV
associated with a tiny pre-edge at 7114.2 eV and a broad
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Fig. 4. Histogram of the recalculate proportions of fatty acids, monosaccharides and the markers for the lignin and the tannin in each fraction
considering a sum of 100%. The superimposed dotted line represents the percentage of LMW of fatty acids and the full red line represents the
repartition in% of the methylated arsenic species detected through GC analyses.



H. Guénet et al./ Geochimica et Cosmochimica Acta 203 (2017) 284-302 291
1.8 - r 35
1.6
14 { 2 *
' @ ¢ § - 25
1.2 # ¢ QFl
x 1 & [ 20 x 0BX
z 08 | 15= A HIX
il } 10
04| B = =
& L s
0.2
0 0
& & Q& N NG G
X X N
R T
N -
N

Fig. 5. Evolution of the three characterization indices. FI: fluorescence index; BIX: Biological index and HIX: Fluorescence humification

index.

shoulder at 7148 eV reflected octahedral coordinated Fe
(III) species in a poorly crystalline phase (see Supplemen-
tary information Figure S4). The EXAFS spectra and cor-
responding Fourier transforms (magnitude and imaginary
part) of each size fraction as well as ferrihydrite (Fh) as a
reference are reported in Fig. 6. The EXAFS spectra of
the size fractions were fairly similar with three peaks at
4.1A, 63A and approximately 8.4 A. A small peak close
to 7.5A was observed in the 5-3 um, 3-0.2um and
0.2 pm-30 kDa fractions and reference Fh, but not in the
<30 kDa and <5 kDa fractions. Two peaks dominated the
Fourier transform. The first peak, located at approximately
1.5 A (R + AR), corresponded to the first shell of the neigh-
boring atoms within the FeOg octahedra. The second peak
at approximately 2.6 AR+ AR) arose from the scattering
of the Fe neighbors from the second coordination shell.
Shell fits were performed within the 1.1-3.5 A range of
the Fourier transformed k>-weighted spectra over a
k-range of 2-10.5 A and are displayed in Fig. 6. The result-
ing EXAFS parameters of the fits are reported in Table 2.

3.4.1. First coordination shell

The first O shell was fitted with approximately six O at a
mean distance of 2.00 A, respectively. These distances cor-
responded to the Fe-O distances for the octahedra in the
Fe(III)-oxyhydroxides (Waychunas et al., 1993). The num-
ber of O was later fixed to six to reduce parameter
correlations.

3.4.2. Second coordination shell

The second peak at approximately 2.6 A in the Fourier
transforms (Fig. 6B) has a major contribution from the
Fe neighbors. The spectra for the 5-3 pm, 3-0.2 pm and
0.2 um-30 kDa fractions displayed a Fe-Fe; distance of
3.03-3.09 A, which is characteristic of edge-sharing FeOgq
octahedra (Manceau and Combes, 1988; Manceau and
Drits, 1993). A second Fe-Fe, distance of 3.38-3.49 A
was determined in all of the fractions, specific to double
corner-sharing (Manceau and Combes, 1988; Combes

et al., 1989; Waychunas et al., 1993; Bottero et al., 1994).
In order to accurately model the spectra of the three small-
est fractions, a Fe-C distance was added in the fit with
3.8 C at 2.95A for the 0.2 um-30 kDa fraction, 2.4 C at
291 A for the <30kDa fraction and 3.3 C at 2.86 A for
the <5kDa fraction. The highest OC/Fe concentration
ratio was obtained for these three fractions, explaining
why it was possible to observe the Fe-C distance.
Karlsson and Persson (2010) obtained a similar Fe-C path
in Fe bound to peat humic acid. They interpreted this result
as the formation of small polynuclear Fe(IlI)-OM com-
plexes. The 0.2 um-30 kDa fraction could be considered
as an intermediate fraction containing the two Fe-Fe dis-
tances (Fe-Fel and Fe-Fe2) and the Fe-C distance, while
the first Fe-Fel distance disappeared in the <30 kDa and
<5kDa fractions. In agreement with Hoffmann et al.
(2013), these distances provided evidence of the presence
of small Fe clusters and/or Fe(IlI)-oxyhydroxide nanopar-
ticles in the 0.2 um-30 kDa fraction although only small
clusters such as dimers or trimers were formed in the
<30 kDa and <5 kDa fractions.

3.5. Speciation of arsenic by X-ray absorption spectroscopy

3.5.1. As K-edge XANES

The speciation of As in the different size fractions was
determined by comparing the XANES sample with known
references. The spectra for the fractions and inorganic As
(IIT) and As(V) references are reported in Fig. 7. The white
line energies observed for arsenite (11872.4 eV) and arsen-
ate (11875.5eV) corresponded to the literature (Smith
et al., 2005). The white line peak positions were obtained
from the point where the first derivative of the spectrum
crossed zero. The fractions exhibited a peak maximum at
11875.6 ¢V for the 5-3 um fraction, 11875.2 ¢V for the 3—
0.2 um fraction and 11874.8 eV for the 0.2 pm-30 kDa frac-
tion, close to the white line value of arsenate. They exhib-
ited a shoulder at lower energy (close to 11872.3 ¢V), the
intensity for which increased with the size fractionation.
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Fig. 6. (A) Iron K-edge EXAFS spectra of the different size fractions and ferrihydrite (Fh) and (B) magnitude and imaginary part of the
associated Fourier transform (uncorrected for the phase shift). Solid lines are experimental data and dotted lines are the fit results.

The shoulder and white line positions corresponded to a
mixture of inorganic As(III) and As(V) (Guénet et al.,
2016). The spectra for the <30 kDa and <5 kDa fractions
exhibited a single peak at 11874.0 and 11874.2 eV, respec-
tively. These values did not correspond to inorganic species.
Prior studies investigating the white line positions for mul-
tiple As compounds revealed that As(V) organic com-
pounds such as AB, DMA and MMA have an
intermediate white line position due to the difference in
the electronegativities of O and C (Arcon et al., 2005;
Smith et al., 2005; Lombi et al., 2009). The core electrons
of the As atoms in an As—C bond are more easily photoion-
ized than the 1s electrons of As in an As—O bond. The white
line position observed for the <30 kDa and 5 kDa fractions
could thus be attributed to As(V)-methylated compounds
such as AB, DMA or MMA. The distinction between each
species is prevented by the inability of XANES to discrim-
inate between two aliphatic substituents on the C backbone
(George and Pickering, 2007).

3.5.2. As K-edge EXAFS

The As K-edge EXAFS data and corresponding
Fourier-Transform of each size fraction are reported in
Fig. 8. Due to a lower concentration in As, the quality of
the data for the <30kDa and <5kDa fractions had a
poorer signal/noise ratio compared to the larger size frac-
tions. However, the quality was good enough to extract
information. From the 5-3 pym fraction to the 0.2 pm-
30 kDa fraction, the EXAFS spectra exhibited a shoulder
at 5.05 A~'. The second oscillation was characterized by a
slight double-hump feature at approximately 6.55 and
7.55A°". The amplitude of the second hump decreased at
the expense of the first one with the decreasing size fraction.
The third oscillation was not well-defined for the <30 kDa
and <5 kDa fractions but was composed of one peak at
9.05 A~! for the 0.2 um-30 kDa fraction, which exhibited
an increasing shoulder with the increasing size fraction.
The main peak in the Fourier transform was located at
R + AR ~1.3 A and corresponded to the first neighboring



Table 1

Fe K-edge EXAFS fits for the different fractions and the ferrihydrite reference.

Sample Fe-O Fe-C Fe-Fe, Fe-Fe,

N R" (A) o N R (A) & N R (A) o N R (A) G AE, ¢ R factor ©
Fh 2.7 (1) 1.93 (1) 0.003 1.8 (10) 3.03 (2) 0.010 2.7 (11 3.49 (2) 0.010 0.9 (1) 0.004

1.6 (2) 2.09 (1) 0.003
5-3 um 6 2.01 (1) 0.009 2.4 (4) 3.07 (4) 0.013 0.9 (2) 3.38 (4) 0.005 2.2(9) 0.016
3-0.2 pm 6 1.99 (1) 0.008 1.8 (3) 3.03 (2) 0.009 1.2 (3) 3.42(2) 0.005 2.2(5) 0.010
0.2 pum-30 kDa 6 2.02 (1) 0.009 3.8 (4) 2.95(2) 0.005 0.7 (1) 3.09 (8) 0.004 1.1 (1) 3.49 (2) 0.005 2.1 (14) 0.003
<30 kDa 6 1.99 (1) 0.007 2.4 (9) 2.91 (6) 0.005 1.6 (6) 3.43 (3) 0.005 1.9 (8) 0.022
<5kDa 6 1.99 (2) 0.008 3.3 (19) 2.86 (9) 0.005 0.7 (9) 3.39 (2) 0.005 2.2(23) 0.050

# N, path degeneracy (coordination number).

b R(A), interatomic distance.

¢ 6%A), Debye-Waller factor.

4 Energy-shift parameter.

¢ R-factor = Zi(datai-fiti)>/idata. The amplitude reduction factor, S3, was set to 0.75 from Fh fit. The reported errors were determined by the fitting procedure. The Debye-Waller of Fe-Fe,
and Fe-C distances were determined from the <30 kDa fraction and then fixed to these values in all fractions. Parameter uncertainties are presented for the last significant figure and determined by

the fitting.
Table 2
Shell-Fit parameters determined from the As K-edge EXAFS spectra of the size fractions.

As-O As-C As—(0)-C As-Fe; As-Fe,
Sample N* RY(A) o* N R (A) c? N R (A) c? N R(A) o N R (A) o’ AE, ¢ R factor ©
5-3 um 43(4) 1.72(1) 0.003 1.7(5 2.85(3) 0.003 1.2(2) 335(1) 0.010 6.93 0.006
3-0.2 pm 37(5 1.73(1) 0.007 2.1(6) 2.86(2) 0.004 1.0(4) 3.33(3) 0.009 8.62 0.013
0.2-30KDa  3.6(8) 1.77(2)  0.003 1.2(7) 28(2) 0.004 0.8(5 340(4) 0.004 104 0.013
<30 KDa 09(1) 1.74(6) 0.004 32(4) 197(4) 0.008 1.2(2) 333(4) 0.009 128 0.010
<5KDa 08(2) 1.66(9) 0.003 442 192(6) 0.006 0.5(1) 33433 0005 107 0.015

The amplitude reduction factor, S2, was set to 1.

b

& N, path degeneracy (coordination number).
R(A), interatomic distance.

¢ The Debye-Weller parameters were homogenized around a mean value.

4 Energy-shift parameter

R-factor = i(data;-fit;)?/Zidata. The Debye-Weller for the Fe-Fe paths are covaried with 6>As—Fe; = 6*As—Fe,. The reported errors are determined by the fitting procedure.

T0E—+8T (L107) €0T ©I0Y BOIUIYOOWSO)) 13 BIIWUIYO0ID) /[2 13 19U9ND “H

£6C



294 H. Guénet et al./ Geochimica et Cosmochimica Acta 203 (2017) 284-302

Arsenate

5-3um

3-0.2pum

0.2-30kDa

Intensity (a.u.)

<30kDa

<5kDa

1
1
1
:
: Arsenite
1
1
1
1
1

11860 11870 11880 11890 11900
Energy (eV)

Fig. 7. As K-edge X-ray absorption near-edge structure (XANES)
spectra of different fractions of the oxidized soil solution along with
inorganic As(III) and As(V) references.

shell. With the decreasing size fraction, the width of the first
peak increased until it formed two separate peaks in the
<30 kDa and <5 kDa fractions at 1.07 and 1.56 A, respec-
tively. The 0.2 pm-30 kDa, <30 kDa and <5 kDa fractions
exhibited two additional small peaks at R + AR ~2.4 A
and ~3.2 A, accounted by for the second coordination shell
neighbors, whereas the 5-3 pm and 3-0.2 um fractions
exhipited non-distinct peaks at R + AR ~2.2 A, 2.5A and
3.0 A. In order to explore the local As coordination, fits
were performed within the 1-3.5 A R-range (Fig. 8). The
fitted parameters and constraints for the references and
each size fraction are reported in Table 1.

3.5.3. First shell

The samples can be divided into two groups according
to their first shell shape and fit. In the first group, made
up of the largest fractions (i.e. 5-3 pm, 3-0.2 um and
0.2 um-30 kDa), between 3.6 and 4.3 O were needed to
accurately fit the first shell at a distance of 1.72-1.73 A
for both the 5-3 ym and 3-0.2 ym fractions and 1.77 A
for the 0.2 um-30 kDa fraction. In the second group, com-
prising the smallest fractions, the two peaks were success-
fully fitted using two paths. The first one was As-O with
0.9 O at 1.74 A and 0.8 O at 1.66 A for the <30 kDa and
<5 kDa fractions, respectively. The second one was As-C
with 4.4 C at 1.92 A and 3.2 C at 1.97 A for the <30 kDa
and <5kDa fractions, respectively. The values for the
As—C distances were in agreement with Miot et al. (2008),
who obtained an As—C distance of 1.91 A, in the AB
compound.

These EXAFS results refined the XANES observations
by showing that the methylated As species were dominant
in the <30 kDa and <5 kDa fractions but that inorganic
As persisted.

3.5.4. Second coordination shell

An As—Fe distance was used to fit the second coordina-
tion shell for all of the fractions. These distances varied
between 3.33 and 3.40 A. They were in agreement with
the distances reported for As(II) and As(V) monodentate
binuclear corner-sharing complexes (°C) where As(III)
and/or As(V) were bound to the apical O atoms of two
edge-sharing FeOg octahedra (Waychunas et al., 1993;
Manceau, 1995; Ona-Nguema et al., 2005). For the
5-3 um and 3-0.2 uym fractions, the residual between the
fit and the spectra was high, suggesting the contribution
of an additional neighbor in the second coordination shell.
A path with an interatomic As-Fe distance of 2.89 A,
corresponding to As(III) edge-sharing complexes (E?)
(Ona-Nguema et al., 2005) was tested. However, the
Debye-Weller value for the fit was negative thereby exclud-
ing this bonding. A second As-C path (via O binding) was
tested. A better fit was obtained with a distance of 2.85 A
for the 5-3 um fraction and 2.86 A for the 3-0.2 um frac-
tion. The presence of other light atoms was also considered
but finally ruled out because they would result in longer
interatomic distances for Ca and Al (Arai et al., 2001;
Bardelli et al., 2011) or a shorter interatomic distance for
S (Hoffmann et al., 2014). For the 0.2-30kDa size-
fraction, the As-Fe distance at 2.89 A, corresponding to
As(III) in E? complexes (Ona-Nguema et al., 2005) was
used to fit the data.

3.6. Arsenic speciation using SEC-ICP-MS and HPLC-ICP-
MS

The size separation of the As reference materials is
shown in Fig. 9A. The retention times for the As references
were 4.8 min for dissolved As(V), 5.3min for MMA,
7.1 min for DMA and 9.8 min for dissolved As(III). The
retention times of OM, Fe and As in the <30 kDa and
<5 kDa fractions are given in Fig. 9B and C. The Fe signal
derived from the SEC-ICP-MS analysis was parallel to the
UV signal corresponding to organic molecules. They were
both comprised of a peak at 4.35 min and a shoulder at
4.80 min. This coelution indicated that Fe and OM are
associated in two close sizes. No signals for the dissolved
As(IIT), MMA or DMA were detected in either fraction.
The As signal followed the Fe-OM association signal. For
the <5 kDa fraction, a small peak matched the main peak
of the Fe-OM signal but a higher peak matched the Fe-
OM signal shoulder. For the <30 kDa fraction, two peaks
that are quite similar in intensity were observed. The second
peak at 4.8 min observed for As also matched that of the As
(V) reference in the solution (Fig. 9A). Two hypotheses can
be considered: (i) all of the As species were associated with
Fe-OM aggregates, the size of which corresponded to the
4.8-min retention time or (ii) a portion of As(V) remained
in the solution.
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Fig. 8. As K-edge EXAFS spectra, magnitude and imaginary part of the Fourier transform (uncorrected from phase shift) of the different
fractions (A) and (B) respectively. The fit results, given as dotted lines, are superimposed onto the data in solid grey lines.

Results from the HPLC-ICP-MS analysis are shown
in Fig. 9D. The chromatograms revealed that As was
mainly present as As(V) with a retention time of
7.6 min. Three other peaks were observed at 2.3, 2.9
and 3.3 min and were attributed to AB, DMA and As
(IIT) dissolved in solution, respectively. The amount of
As(IIT) was much lower in the <5kDa fraction than in
the <30kDa fraction. Both of the organic As species
were methylated As(V). A systematic shift of approxi-
mately 0.15 min was observed between the samples and
each standard. This can be explained by the difference
in the injected volume, which was 30 pL for the standard
versus 100 pL for both fractions. Neubauer et al. (2013a,
b) demonstrated that the retention time increases with the
sample load. As the peaks were distant from each other,
it was not possible to misidentify them; therefore the time
shift was not corrected. The determination of the concen-

tration of each As species was performed by injecting ref-
erence compounds at various concentrations. Recovery of
each species was estimated by directly injecting the sam-
ple in the ICP-MS and comparing both concentrations.
The total recovery of the injected standard solutions
was close to 90%. However, the total recovery was only
65% for the <5kDa fraction and 32% for the <30 kDa
fraction, suggesting that a sample matrix effect through
the column could have occurred.

It is important to note here that the HPLC-ICP-MS
technique can only be used to detect dissolved species.
However, the SEC-ICP-MS analysis showed that the As
species was co-eluted with Fe/OM associations, i.e. As
was bound to the Fe/OM associations. The detection of
As species by HPLC-ICP-MS could result in a release of
As species subsequent to a solubilization of Fe/OM favored
by the presence of EDTA, which is a strong Fe complexing
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Fig. 9. (A) SEC-UV-ICP-MS chromatogram of reference As species, (B) and (C) chromatograms of OM (corresponding to the UV signal), Fe
and As for <30 kDa and <5 kDa size fractions of the oxidized solution. Vertical dotted lines highlight the main features of the signals. (D)
HPLC-ICP-MS chromatograms of As reference species used for peak identification (grey lines) and <30 kDa and <5 kDa size fractions (black

lines) of the oxidized soil solution.

agent, in the mobile phase of the HPLC column. This
hypothesis was confirmed by the detection of Fe in the col-
umn solution outlet via ICP-MS measurements. The EDTA
seemed to impact the release of inorganic and organic As
species differently. Therefore in our study, HPLC only pro-
vided information on the presence/absence and relative
proportion between each detected As species in the
<30 kDa and 5 kDa fractions.

4. DISCUSSION
4.1. As speciation as a function of the size fraction

Our results showed that the speciation and distribution
of Fe and As, as well as the composition of the OM, varied
according to the molecular size fractions in the oxidized soil
solution.
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4.1.1. 5-3 ym and 3-0.2 um fractions

As revealed by the TEM images, the fractions were
heterogeneous. Above 0.2 um, a major mass fraction was
composed of silicate, the remains of plant stems and dia-
toms. The OM in both the 5-3 um and 3-0.2 um fractions
was composed of small degraded organic compounds that
originated from plants (i.e. leaves and root remains) with
a high proportion of fatty acids. Iron was present as
aggregates of nanoparticles embedded in the OM (Table 2).
The low degree of polymerization (i.e. crystal growth), evi-
denced by the TEM and XAS analyses, could be explained
by the high amount of OM which impairs the crystal
growth of the Fe(Ill)-oxyhydroxides (Cornell and
Schwertmann, 2003; Pédrot et al., 2011). Scarce well-
formed Fe crystals were assumed to have been inherited
from the soil and therefore preserved from the reductive
dissolution. Arsenic occurred mainly as As(V). A strong
correlation existed between the As and Fe concentrations
(Fig. 1A), indicating that most of the As was associated
with Fe particles and aggregates. The specific surface of
the nanoparticle aggregates was expected to be higher
than the well crystallized Fe(Ill)-oxyhydroxides
(Hiemstra and van Riemsdijk, 2007). Arsenic was there-
fore more likely to be bound as a bidentate complex to
Fe nanoparticles aggregates (Ona-Nguema et al., 2009).
The As K-edge EXAFS revealed the presence of an inter-
atomic As—C distance of 2.85 A suggesting the presence of
As as organic compounds, probably inherited by the bio-
logical activities or matter. Several studies have hypothe-
sized the binding of As to OM carboxylic or phenolic
sites (Redman et al., 2002; Buschmann et al., 2006).
Buschmann et al. (2006) suggested the formation of an
As(V)-HA complex due to an additional chelation and
stabilization effect. Dembitsky and Rezanka (2003) sug-
gested that the inorganic As was complexed to carboxylic
groups during the uptake by plants or fungi. The GC-MS
analysis also revealed the presence of a small amount of
arsenobetaine (AB); however the concentration for AB
was so low that it could not be evidenced by XAS (no
As-C distance observed at 1.98 A), which is an averaging
tool. The significant binding of As with the Fe phase
meant that it was not possible to detect the As—C distance
of 1.98 A, which was masked by the presence of a large
amount of stronger backscattering Fe neighbors in the
EXAFS spectra (Table 2). Arsenobetaine was primarily
found in marine environments but has also been shown
to occur in terrestrial organisms such as mushrooms,
earthworms, plants and soils (Huang and Matzner,
2007). Its formation was considered to be a detoxification
mechanism used by organisms (Tamaki and
Frankenberger, 1992). Arsenobetaine was probably
adsorbed to Fe(IIl)-oxyhydroxides, as previously observed
for other As methylated species (Bowell, 1994; Cox and
Ghosh, 1994). Methylated As can also be taken up by
plants which translocate the As from the soil to their tis-
sues (Hiltbold, 1975; Geiszinger et al., 2002). Since, in the
5-3 um and 3-0.2 um fractions, the OM appeared to orig-
inate from plants, As methylated compounds could also
be included in the plant remains.

4.1.2. 0.2 um-30 kDa fraction

This size fraction represented the most concentrated
fraction in the Fe and OM. These distributions were consis-
tent with the ultrafiltration analysis of the shallow ground-
water from the wetland in which the present soil was
sampled (Pourret et al., 2007). Pourret et al. (2007) noticed
that most of the Fe occurred as Fe-OM colloids, the size of
which ranged from 0.2 pm to 30 kDa. Here, the Fe was
identified as occurring as nanoparticles aggregated or dis-
persed in the OM matrix (Fig. 3). Compared to the high
molecular size fractions, where carboxylic groups (within
fatty acids) were dominant, the GC-MS analysis showed
that the OM in this fraction was mainly composed of lignin
and tannin markers which are more enriched in phenol
groups. The complexation capacity of the phenolic groups
is stronger than the carboxylic groups which implies a
higher reactivity of this fraction toward metallic ions such
as Fe (Tipping, 1998). Arsenic was present as a mixture
of As(IIT) and As(V). Guénet et al. (2016) provided evi-
dence that, in natural Fe-OM colloidal agglomerates, the
OM prevents total As(IIl) oxidation by controlling the Fe
species as Fe monomer/small clusters and weakly polymer-
ized Fe(III) oxyhydroxides. The formation of these Fe spe-
cies leads to the decrease of active adsorption sites for As
oxidation. Arsenic reached its highest concentration and
was strongly correlated with Fe in this fraction, indicating
that the As was adsorbed by the Fe(III) phases (Fig. 1).
These results were supported by the EXAFS measurements
where As appeared as highly bound to Fe. However, the
THM-GC-MS analysis also detected the presence of AB.

4.1.3. <30 kDa and <5 kDa fractions

Unlike the OC, the Fe concentration strongly decreased
in these fractions. Fe was almost completely removed after
this ultrafiltration step. The Fe formed small clusters as evi-
denced by the absence of an Fe-Fe distance at 3.03 A and
the fitting of the Fe-Fe distance at 3.44 A, which corre-
sponds to corner-sharing Fe(O,0H)s octahedra. The
absence of a Fe(Ill)-oxyhydroxide phase was consistent
with the TEM images where no Fe-nanoparticles were
observed. The clusters were embedded in an OM matrix
as revealed by the interatomic Fe-C distance of 2.9 A.
Organic matter is able to strongly bind Fe(II, III) through
its carboxylic or phenolic groups (Liang et al., 1993;
Tipping et al., 2002; Catrouillet et al., 2014). The stability
constant of the Fe(III)-phenol complex, log K, is equal to
8.40 versus 4.01 for the Fe-acetate complex at an ionic
strength of 0 (Sommer and Pliska, 1961; Desai and
Milburn, 1969). Because the LMW OM was expected to
contain more phenolic compounds, these fractions were
highly reactive towards Fe.

A weak correlation between As and Fe was calculated
for this LMW fraction which suggested that As was less
associated with the Fe phases. The HPLC-ICP-MS and
XAS analysis revealed the presence of As organic species
where the oxidized As(V) was methylated as AB, MMA
and DMA. In our experiment, the analysis of the soil solu-
tion before oxidation did not show any AB or DMA, which
are therefore produced during the oxidation of the soil
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solution. Sohrin et al. (1997) observed, in a eutrophic lake,
a seasonal variation in the concentration of the methylated
As species produced under an oxidative condition and
which decomposed to inorganic As under an anoxic condi-
tion. The presence of close to 30% of the methylated species
combined with the presence of AsO4 explained the weak
As/Fe correlation. However, the As K-edge EXAFS spec-
tra showed that part of the As was bound to Fe as mon-
odentate binuclear corner-sharing complexes (*C) on the
small Fe clusters. Considering the Fe-C distance of 2.8 A
as well as the As—Fe distance of 3.43 A, ternary complexes
were possibly formed in the LMW fractions (Mikutta and
Kretzschmar, 2011; Sharma et al., 2011; Hoffmann et al.,
2013), which was confirmed by the coelution of Fe, As
and OM in the SEC-ICP-MS analysis.

4.2. Implications for As dynamics in wetlands

In previous studies, Al-Sid-Cheikh et al. (2015) and
Guénet et al. (2016), using a NanoSIMS analysis of
agglomerate solids produced during the oxidizing period
in our studied wetland, showed that the As distribution
was highly heterogeneous with (i) As associated with Fe-
enriched zones and (ii) As associated with OM-enriched/
Fe-depleted hotspots. To explain this observed colocaliza-
tion of As and OM, Al-Sid-Cheikh et al. (2015) suggested
the binding of part of the As as As(III) to the OM thiol
(SH-) functional groups. Unfortunately, the present results
did not support this assumption; no As—S distances were
detected in the EXAFS spectra for any size of the fractions,
even in the lowest fraction. Therefore, the association
between As and OM must be explained by a new mecha-
nism. The present results demonstrated the presence of a
significant amount of As as As(V) organic species, notably
in the large size fractions (between 5 and 0.2 pm) (Fig. 2).
These As(V) organic species, which came from plants and
organisms, did not directly depend on the prevailing redox
conditions. The detoxification processes for the organisms,
activated by the production of dissolved As, was the mech-
anism that most probably controlled the production of
these organic As(V) species (Dembitsky and Rezanka,
2003; Foster and Kim, 2014). A proportion of this organic
As(V) species was scavenged in plants and organisms
although a second part was probably excreted and subse-
quently adsorbed to the Fe phases. The organic As(V) spe-
cies in the residue from the organisms might explain the
colocalization of As and OM observed by the NanoSIMS
in the OM-enriched/Fe-depleted hotspots (Al-Sid-Cheikh
et al., 2015; Guénet et al., 2016).

Considering the wet mass of each size fraction, close to
92% of the As (inorganic and organic) was found in the
>0.2 um fractions, i.e. in the particulate fractions. With
regards to these large sizes, these particles were not mobile
since they could settle rapidly and easily. Larger particles
can be regarded as the own particles of the soil that have
been suspended in solution by the experimental design.
Thus, the present results demonstrated that a large propor-
tion of the As was i) involved in a biological mechanism and
integrated in the particulate biological materials and ii)
bound to non-mobile Fe particles (>0.2 um particulate frac-

tions). Both mechanisms favored the trapping of As in the
wetland soil. The 0.2 um-30 kDa fraction was the most
Fe-enriched phase. In this size fraction, the As speciation
was mainly controlled by its binding to poorly ordered Fe
(IIT)-oxyhydroxides. Being in the colloidal size, this fraction
might be considered as mobile and able to transport As up
to rivers or aquifers along with the water movement. Close
to 6% of the As was in this size-fraction, which was small
with regards to the larger size fraction. Finally, below
30 kDa, the fractions were mainly comprised of organic col-
loids and/or molecules. In this smaller size fraction, As was
present as inorganic species (arsenite and/or arsenate) and
as organic As(V) species. Both seemed to be bound to the
colloidal phases either via a direct interaction or via Fe
monomers or small clusters, in a ternary system, with
organic colloids. Stolpe and Hassellov (2007) demonstrated
that, in aquatic systems, organic-rich colloids are more
mobile than Fe-rich colloids, which are subject to aggrega-
tion and sedimentation. For both the 0.2 um-30 kDa and
<30 kDa fractions, the mobility of As will be controlled
by the ability of the colloids to be maintained in solution rel-
ative to their affinity with the soil components and water flux
in the soil porosity where they were produced. However, it
should be noted that the potential (bio)degradation of
organic As(V) species as inorganic As(V) (Ritchie, 2004)
should be considered although their binding to colloids
should decrease their (bio)degradation.

These results shed new light on the control of the As
dynamics by wetlands. Wetlands are often regarded as
sources of As for groundwater and/or rivers (Kocar et al.,
2008; Polizzotto et al., 2008; Fendorf, 2010; Neubauer
et al., 2013a,b). However, these studies were mainly inter-
ested in the <0.2 um fraction in the water sample. They
demonstrated that the As was released in the solution as
labile inorganic species or bound to Fe/OM colloids. The
present work showed that the most removable As was the
As that was bound, not only as inorganic species but also
as organic species, to colloids with a size <0.2 um. The pro-
portion (8%) of this As was low with regards to the As con-
tained in the higher size fractions, in which the As
speciation seemed to be controlled by the biological activity
and binding to particulate Fe-oxyhydroxides. Therefore, if
riparian wetlands are able to produce labile As(III) under
the reducing period (Takahashi et al., 2004; Fendorf,
2010), several mechanisms could interfere in its transfer to
rivers and aquifers and therefore limit As mobility. The
most studied As is the As bound to soil particulates or col-
loidal Fe(IlI)-oxyhydroxides; the latter, as shown here and
elsewhere, is closely associated with OM (Pokrovsky and
Schott, 2002; Stolpe and Hassellov, 2007; Neubauer et al.,
2013b). A second mechanism concerns the biological
uptake of As (e.g. for the detoxification process), resulting
in the production of organic As(V) species that can be scav-
enged by plants and organisms or bound to Fe(III) oxyhy-
droxides. This decrease in As mobility, subsequent to the
establishment of oxidizing conditions, was previously dis-
cussed by Frohne et al. (2014) and Shaheen et al. (2016).
The proposed mechanism was the precipitation of Fe(III)-
oxyhydroxides and subsequent As binding. However, the
present results provided evidence that this process was
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not the only one and is not be the most important in ripar-
ian wetlands.

5. CONCLUSION

In this study we provided new insight in the control of
As behavior during the oxidation of a reduced wetland soil
solution. We highlighted the large variation in As specia-
tion in the various size compartments of a suspension pro-
vided by the reoxidation of a riparian wetland soil solution.
In the oxidized solution, As is mostly bound to Fe and to
OM via C. Three main products were evidenced: (i) partic-
ulate biological material inherited from soil biological
activities, (ii) Fe-OM-rich colloids with a size ranging from
0.2 um to 30 kDa and (iii) OM-rich colloids below 30 kDa
in which Fe was present as monomers or small clusters. The
characterization of the OM revealed that the fractions
above 0.2 um were mainly composed of fatty acids (with
carboxyl groups) whereas the <0.2 pm fractions, lignin
and tannin markers (with phenolic groups) were in the
majority. The 0.2 pm-30 kDa fraction corresponded to a
transition phase in terms of degradation and the composi-
tion of the main functional group. Fractions <30 kDa were
enriched in phenolic groups suggesting a higher affinity for
Fe as confirmed by the EXAFS records where Fe-C was
detected in the <30 kDa fraction. Despite oxidizing condi-
tions, a small amount of reduced inorganic As was still pre-
sent in the sample. Arsenic occurred as As(III) or As(V)
bound to Fe(I1l) as particulates, colloids or small clusters.
Most surprisingly, methylated As(V) species were formed
during the oxidation period and detected in all of the size
fractions. These organic As(V) species are usually biologi-
cally produced and could be bound to Fe(IIl) as particu-
lates, colloids or clusters, to colloidal OM or could
remain integrated in the biological residual material found
in the soil.

We provided evidence that As was primarily distributed
in the high size fraction (>0.2 um), ie. in the non-
transferable fractions of the suspension. Only 8% of the
As was present in the smaller fractions that was expected
to be removable.
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Impact of reducing and oxidizing alter-
nation on the REE speciation and pat-
terns was investigated.

Significant change occurred in the REEs- Anoxic
bearing fractions. i —
Iron and organic matter play both a
major role in the REEs scavenging.

In wetland, Fe oxides are still present
under reducing period and partially
control REE speciation. .
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The evolution of rare earth element (REE) speciation between reducing and oxidizing conditions in a riparian wetland
soil was studied relative to the size fractionation of the solution. In all size fractions obtained from the reduced and ox-
idized soil solutions, the following analyses were carried out: organic matter (OM) characterization, transmission elec-
tron microscopy (TEM) observations as well as major and trace element analyses. Significant REE redistribution and
speciation evolution between the various size fractions were observed. Under reducing conditions, the REEs were
bound to colloidal and dissolved OM (<2 pm size fractions). By contrast, under oxidizing conditions, they were distrib-
uted in particulate (>2 um size fraction), colloidal (<2 pm size fraction), organic and Fe-enriched fractions. In the partic-
ulate size fraction, the REEs were bound to humic and bacterial OM embedding Fe nano-oxides. The resulting REE pattern
showed a strong enrichment in heavy REEs (HREEs) in response to REE binding to specific bacterial OM functional
groups. In the largest colloidal size fraction (0.2 um-30 kDa), the REEs were bound to humic substances (HS). The lowest
colloidal size fraction (<30 kDa) is poorly concentrated in the REEs and the REE pattern showed an increase in the middle
REEs (MREEs) and heavy REEs (HREEs) corresponding to a low REE loading on HS. A comparison of the REE patterns in
the present experimental and field measurements demonstrated that, in riparian wetlands, under a high-water level, re-
ducing conditions are insufficient to allow for the dissolution of the entire Fe nano-oxide pool formed during the oxida-
tive period. Therefore, even under reducing conditions, Fe(Ill) seems to remain a potential scavenger of REEs.
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1. Introduction

A large number of processes and factors have been shown to control
the behavior of rare earth elements (REEs) in solution. As an example,
REE behavior is known to be strongly, directly or indirectly, controlled
by pH, redox conditions and aqueous and surface complexation reac-
tions (Koeppenkastrop and De Carlo, 1993; Tang and Johannesson,
2003; Quinn et al., 2004; Pourret et al., 2007; Marsac et al., 2010).
REEs are commonly divided into three groups and will be referred in
the following study as light REEs (LREE), middle REEs (MREE) and
heavy REEs (HREE). LREE corresponds to those elements between lan-
thanum and samarium, HREE between holmium and lutetium and
MREE are the lanthanides in between. Mineral and organic surfaces,
such as clays, Fe and Mn oxyhydroxides or humic substances, can de-
velop specific REE patterns in response to sorption processes and bind-
ing site heterogeneity (Koeppenkastrop and De Carlo, 1992; Coppin et
al.,, 2002; Tang and Johannesson, 2003; Pourret et al., 2007; Marsac et
al,, 2013). In groundwater, many studies have shown a selective “oxida-
tive scavenging” of cerium (Ce) by Fe and Mn oxyhydroxides resulting
in Ce depletion in REE solution patterns (Koeppenkastrop and De
Carlo, 1992; Bau, 1999; Ohta and Kawabe, 2001; Davranche et al.,
2004, 2005; Pédrot et al., 2015). Furthermore, some bacteria are able
to preferentially adsorb HREE, defined as holmium (Ho) through lute-
tium (Lu), which has an impact on the resulting REE pattern
(Takahashi et al., 2005; Takahashi et al., 2010). In riparian wetland
soils, seasonal flooding leads to variations in the redox conditions dur-
ing which REEs are solubilized and mobilized. Several studies have re-
ported the relationship between REEs and the organic colloidal pool
from the soil solution (Viers et al., 1997; Tang and Johannesson, 2003;
Dia et al., 2000; Pourret et al., 2007; Grybos et al., 2007; Davranche et
al.,, 2011). Grybos et al. (2007) demonstrated that REEs are mostly
bound to OM during the oxidative period and then released during
the reducing period with dissolved organic matter (DOM) desorption,
making OM the controlling phase of REE mobility in wetlands. Using ul-
trafiltration devices, Dia et al. (2000) did not find any variation between
the REE patterns from the oxidized (low water level) and reduced (high
water level) periods.

For the same riparian wetland soil, Pédrot et al. (2008) used leaching
experiments under oxidizing conditions and Grybos et al. (2007) used
anoxic incubations to obtain quite similar REE patterns exhibiting the
specific OM binding feature, i.e. a MREE downward concavity specific
to the binding of MREE to the OM carboxylic site (Pourret et al., 2007;
Marsac et al., 2013) confirming that REE binding to OM dominates
their speciation. However, some understated differences can be ob-
served between the REE patterns obtained under experimental (oxic
or anoxic) conditions and during field campaigns, such as a slight
HREE enrichment and the presence of a slight Ce anomaly under field
conditions (e.g. Dia et al., 2000; Pourret et al., 2010). With regards to
the high sensitivity of the REE patterns to physico-chemical conditions
and biogeochemical processes, these differences suggest that the previ-
ous conclusion establishing that OM has total control over REE specia-
tion may be incorrect. The major discrepancy between field and
experimental conditions is that REEs are submitted to redox alterna-
tions in the field; however, the anoxic experimental conditions were
completely separate from the oxidizing leaching conditions under the
experimental conditions. Therefore, no experimental studies were
focus on the impact of the redox alternations on the evolution of the
REE speciation and patterns, notably with regards to the impact of the
reoxidation of Fe which is known to be a strong REE scavenger (Bau,
1999; Quinn et al.,, 2006). The question is now to explain why the differ-
ence observed experimentally is not observed in the field. Is OM the sole
factor able to controlled REE speciation under reducing and oxidizing
conditions? Or is there a significant REE speciation variation between
reducing and oxidizing as suggested by the experiment?

In this study, we focused on the evolution of the REE patterns be-
tween reduced and oxidized soil solutions from a wetland soil. To

overcome difficulties during field sampling, the soil solutions were ob-
tained experimentally from the anoxic incubation of a wetland soil re-
covered from the Kervidy-Naizin catchment (Brittany, France). The
reduced soil solution was then recovered and oxidized at ambient air.
We chose to separate the solution from soil matrix to be able to evaluate
the REE distribution between the various size fractions of the re-oxida-
tion products (particle to solution). Reduced and oxidized solutions
were filtered and ultrafiltered at different cut sizes. The different size
fractions were studied using TEM and were chemically analyzed for
major and trace elements; the organic matter (OM) composition was
characterized using thermochemiolysis coupled to gas chromatography
and mass spectrometry (THM-GC-MS) and fluorescence spectroscopy.

2. Material and methods
2.1. Site description and soil sampling

An organic-rich soil horizon was sampled in the Kervidy-Naizin sub-
catchment of the Mercy riparian wetland located in Brittany (France).
This wetland seasonally undergoes drying (in the summer) and
flooding periods (in the winter) and has been monitored since 1991
to investigate the effects of intensive agriculture (cultures and live-
stock) on water quality. Thus, the hydrological, pedological and geo-
chemical contexts are well documented (Bourrié et al., 1999; Dia et al,,
2000; Olivié-Lauquet et al., 2001). The sampled uppermost soil horizon
was defined as the organo-mineral horizon (Ah) of a planosol (accord-
ing to the WRB international classification) which contained (wt%; an-
hydrous basis) OM (15%), clay (42%), quartz (30%) and Fe-
oxyhydroxides (3.5%) (Grybos et al., 2007). Approximately 5 kg of soil
was collected in March 2015 from the surface layer, sieved at 2 mm
and stored in the dark at 4 °C to minimize the latent biological activity
during soil incubation.

2.2. Experimental simulation of the redox cycle

This method has been described in Guénet et al. (2017). To repro-
duce the reducing conditions observed in wetland soils, a soil suspen-
sion was prepared under anoxic conditions in a Jacomex anaerobic
chamber. Approximately 130 g of the sieved soil was mixed with 1.8 L
of a synthetic solution containing 0.48 mmol L~' of NaNO5 and NacCl,
and 0.1 mmol L™! of Na,SO, which corresponded to an anhydrous
soil/solution ratio of 1/20 (soil moisture = 44 wt%). The synthetic solu-
tion was adjusted to mimic the anionic composition of the soil solution
during autumn (the time period when the water table rises) in the
Mercy wetland system. The solution was continuously stirred through-
out the duration of the anaerobic experiment. The experiments were
performed in triplicate. The extended reduction was followed by moni-
toring the increase in the pH, Eh and Fe?™ concentration subsequent to
the reductive dissolution of the soil Fe-oxyhydroxides.

2.3. Filtration procedure of the reduced and oxidized soil solutions

Note that to be able to study the oxidation by-product of the wetland
soil (to avoid the mixing trapping of such product in the soil matrix).
The reduced soil solutions, obtained subsequently to the soil incubation,
were first separated from the soil solid phase using 5 pm cellulose ni-
trate filters from Sartorius. In a second strep, the soil solution was re-
moved from the anaerobic chamber and allowed to oxidize at ambient
air in the dark at room temperature.

An aliquot of this reduced solution was then filtered at 0.2 um and
sequentially ultrafiltered at 30 kDa and 3 kDa using ultrafiltration cells
(Sartorius). The obtained size fractions (i.e. 5-0.2 um, 0.2 pum-30 kDa,
<30 kDa and <5 kDa) were analyzed for major and trace elements. The
remaining 5 um soil solutions of the triplicate were then removed
from the anaerobic chambers and oxidized at ambient air in the dark
at room temperature for two weeks. Triplicates were size-fractionated
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using a series of filtration units at 5 and 0.2 um and ultrafiltration at 30
and 5 kDa. First, two sequential filtrations using cellulose nitrate mem-
brane filters at 3 um and 0.2 pm (from Sartorius) were performed and
the samples were recovered on the filters. Then, the 0.2 pm filtered so-
lutions were ultrafiltered at 30 kDa and then 5 kDa using a Labscale tan-
gential flow filter system equipped with two Pellicon XL membranes
(PXC030C50 and PXC05C50).

24. Chemical analysis

The organic carbon (OC) concentrations in the soil solutions were
measured using an organic carbon analyzer (Shimmadzu TOC-V CSH).
The accuracy of the dissolved organic carbon (DOC) measurements
was estimated to be £5% in the suspension filtered at 0.2 pm by using
a standard solution of potassium hydrogen phthalate. Since this tech-
nique cannot be used to analyze particulate organic carbon, the samples
larger than 0.2 um in the oxidized soil solution were freeze-dried and
the OC content was determined at the INRA SAS laboratory in Rennes,
France using a dry combustion method with a CN Analyzer (Flash EA-
1112). Unfortunately, with regards to the analytical limits, the amount
of OC in the 5-0.2 um size fraction in the reduced soil solution could
not be determined. The concentration of the Fe(Il) from aliquots col-
lected during the reduction of the soil solution was determined with
the 1.10-phenantroline colorimetric method (AFNOR, 1982) at
510 nm using a UV-visible spectrometer (UV/VIS Spectrometer
“Lambda 25” from Perkin Elmer). The major and trace elements, includ-
ing REE, were determined by Quadruple ICP-MS using an Agilent Tech-
nologies 7700x. All REEs with a mass greater than Sm were routinely
corrected for isobaric interferences because Ba and light REEs are
prone to form isobaric oxides during the analysis. The concentrations
were determined using a conventional external calibration procedure
with seven external standard multi-element solutions (from Inorganic
Venture, USA). A mixed solution of Rhodium-Rhenium was used as an
internal standard to correct the instrumental drift and potential matrix
effects. The detection limit for the whole group of REEs is typically
<0.25 ng L. A SLRS-5 water certified reference material was used to
check the accuracy of the measurement procedure, and the instrumen-
tal error on the REE analysis is <5%. The REE chemical blanks were below
the detection limit and are thus negligible.

2.5. Transmission electron microscopy (TEM) observations

A drop of each size fraction of the oxidized solution for the 5-0.2 um
size fraction was deposited onto a 300 mesh copper grid coated with a
lacey carbon film (Oxford Instruments, S166-3) and dried at room tem-
perature. High-Resolution Electron Microscopy (HREM) investigations
were performed on a TEM with a JEOL 100CXII instrument (voltage
100 kV) (THEMIS Analytical Facility at the University of Rennes 1).
The elemental composition of the different structures was determined
with a JEOL 2100F (voltage 200 kV) equipped with an X-ray energy dis-
persive spectroscopy (XEDS) detector (Kevex detector with an ultrathin
window).

2.6. Organic matter molecular characterization

2.6.1. Fluorescence spectral analysis

The fluorescence measurements were done with a Perkin-Elmer LS
45 spectrofluometer using 10 mm quartz cells. The three-dimensional
excitation-emission fluorescence spectra were acquired by collecting
individual emission spectra (Em 290-600 nm) over a range of excitation
Ex ranging from 240 to 550 nm, with an increment of 5 nm, at a scan
speed of 1500 nm min . The slits were set to 5 nm for both the excita-
tion and emission monochromators. The spectra obtained using this
technique were treated using the PROGMEEF software in Matlab lan-
guage (Luciani et al., 2008). Since Fe can potentially affect DOM absor-
bance in the UV region (Weishaar et al., 2003; Poulin et al., 2014), the

raw absorbance of the sample at 254 nm was corrected by taking
the molar absorptivity of Fe(Ill) into account (Poulin et al., 2014).
Each kind of organic substance has different excitation-emission
wavelengths. Excitation-emission matrix (EEM) maps can be di-
vided into five regions but only three of them are more likely to be
represented in our sample and thus only the following three regions
were considered: region I (Ex 200-250 nm, Em 380-500 nm) was
related to fulvic acid-like organics, region II (Ex 250-280 nm, Em
200-380 nm) was related to soluble microbial by-product-like ma-
terials and region Il (Ex 250-400 nm, Em 380-500 nm) was related
to humic-like organics (Chen et al., 2003). The humification index
(HIX), indicating the complexity and condensation (H/C ratios) of
OM, was calculated as the ratio of the integrated fluorescence emis-
sion peak at longer wavelengths (435-480 nm) over shorter wave-
lengths (300-345 nm) at an excitation wavelength of 254 nm
(Zsolnay et al., 1999). The fluorescence index (FI), calculated as
the ratio of emission intensity at 450 and 500 nm at a fixed excita-
tion wavelength of 370 nm (McKnight et al., 2001), is correlated
with the structural conjugation and aromaticity and was used to dif-
ferentiate the source of the DOM. The biological/freshness index
(BIX), an indicator of the relative contribution of recently
microbialproduced DOM, was calculated as the ratio of emission in-
tensity at 380 and 430 nm for an excitation wavelength of 310 nm
(Huguet et al., 2009).

2.6.2. THM-GC-MS

Approximately 2 mg of each freeze-dried sample was introduced
into an 80 pL aluminum reactor with an excess of solid
tetramethylammonium hydroxide (TMAH - ca. 10 mg). The thermally
assisted hydrolysis and methylation (THM) reaction was performed
inline using a vertical micro-furnace pyrolyser PZ-2020D (Frontier Lab-
oratories, Japan) operating at 400 °C for 1 min. The products of this re-
action were injected into a gas chromatograph (GC) GC-2010
(Shimadzu, Japan) equipped with a SLB 5MS capillary column in split
mode (60 m x 0.25 mm ID, 0.25 um film thickness). The split ratio
was adapted according to the sample and ranged from 15 to 30. The
temperature of the transfer line was 321 °C and the temperature of
the injection port was 310 °C. The oven was programmed to maintain
an initial temperature of 50 °C for 2 min, then rise to 150 °C at 15
°C min~! and then rise to 310 °C at 3 °C min~!, where it stayed for
14 min. Helium was used as the carrier gas, with a flow rate of
1.0 mL min~!. Compounds were detected using a QP2010-+ mass spec-
trometer (MS) (Shimadzu, Japan) operating in the full-scan mode. The
temperature of the transfer line was set at 280 °C, the ionization source
at 200 °C and the molecules were ionized by electron impact using an
energy of 70 eV. Compounds were identified on the basis of their full-
scan mass spectra by comparison with the NIST library and with pub-
lished data (Nierop and Verstraten, 2004; Nierop et al., 2005; Denis et
al,, 2017). They were classified into three categories: lignin and tannin
markers, carbohydrates and fatty acids. The peak area of the selected
m/z for each compound was integrated and corrected by a mass spectra
factor calculated as the reciprocal of the proportion of the fragment used
for the integration and the entire fragmentogram provided by the NIST
library. In this study, we present the compounds that are useful to inter-
pret the REE patterns. The presented data are an average of the
triplicates.

3. Results

After one month under anoxic conditions, the pH, Eh and Fe(II)
values reached 7.2, —130 mV and 20 mg L™}, respectively. Note that
the TEM observation, EEM, and THM-GS-MS analyses were only per-
formed on the oxidized solution, which is the condition of interest for
this study.
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3.1. Size distribution of the OM, Fe and REEs

The organic carbon (OC), total Fe and sum of the REE (2REE) concen-
trations in each size fraction of the reduced soil solution are presented in
Fig. 2A. The amount of Fe was almost identical between the two largest
size fractions, close to 0.9 umol g™, and then increased to 6.3 umol g~ !
in the <5 kDa size fraction, following the trend observed for the OC con-
centration which rose to 2.1 x 107 mol g~ . The highest Fe/OC ratio
was calculated for the <30 kDa and <5 kDa size fractions and indicated
that Fe was mainly present as ion bound to organic molecules
(Davranche et al., 2013; Catrouillet et al., 2014). From the 0.2 pm-
30 kDa to <30 kDa size fractions, SREE decreased from 1.3 x 1072 to
2.7 x 1072 umol g~ . In the <5 kDa size fraction, SREE decreases to
reach the lowest SREE concentration at 2.7 x 10~> pmol g~ *. These re-
sults provide evidence that SREE are mainly concentrated in the 5-0.2
pum, which are rich in OC and Fe.

As the oxidation experiment took place in ambient atmosphere,
significant evaporation occurred leading to an increase in the bulk
concentration between the reduced and oxidized conditions. The OC,
Fe and 3REE concentrations in each size fraction are presented in
Fig. 1B. In all size fractions, OC was the most abundant, varying be-
tween 2 x 1072 mol g~ ! in the first size fraction and increasing to
2.7x1072mol g7" and 2.7 x 1072 mol g~ ! in the 0.2 um-30 kDa
and <30 kDa size fractions, respectively. In the <5 kDa size fraction,
the OC decreased to 1.1 x 102 mol g~ . The iron distribution varied
compared to the OC distribution. The Fe concentration decreased from
1.1 x 1072 mol g~ in the 5-0.2 um size fraction to 8.8 10> mol g !
in the 0.2 pm-30 kDa size fraction. In the <30 kDa and <5 kDa size frac-
tions, the Fe concentration dropped significantly to 1.9 x 10~> mol g~
and 9.2 x 107° mol g~ !, respectively. Therefore, most of the Fe was
present as particles (>0.2 um) and large size colloids (between 0.2 pm
and 30 kDa) where the Fe/OC ratio was the highest. The smaller size
fractions (<30 kDa) were Fe-depleted and OC-enriched, and had the
lowest Fe/OC ratio.

The REE concentration was higher in the largest size fraction, 5-0.2
pm (1 umol g~ ). With decreasing pore size, the SREE seem to follow
the trend of Fe, decreasing from 0,69 umol g~ in the 0.2-30 kDa size
fraction to 1 x 107* umol g~' and 1.2 x 107> pmol g~ ! in the
<30 kDa and <5 kDa size fractions. No correlation was observed be-
tween the OC and 3REE concentrations. This distribution suggested
that the REEs were mainly bound to the particulate and colloidal frac-
tion of the oxidized solution.

3.2. High resolution TEM observations

Representative transmission electron micrographs of the 5-0.2 pm
size fraction are presented in Fig. 2. The largest view (i.e. Fig. 2A)
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showed that the natural sample was heterogeneous. Micrometric
organic compounds such as diatoms and silicate plant (e.g. horsetail) re-
mains were observed. The Fe phases were detected through their higher
electron density and composition using EDS (Energy dispersive spec-
trometry) analysis. Fig. 2B shows a close-up of the Fe-oxyhydroxides ag-
gregates comprising numerous spheroid nanoparticles. The organic and
Fe particles are embedded in an organic matrix, probably a microbial
biofilm, as observed in Fig. 2B and in the bottom right of Fig. 2A.

3.3. Organic matter characterization

3.3.1. Spectroscopic properties of the organic matter

Three-dimensional excitation-emission matrix (EEM) fluorescence
spectroscopy gives information about the origin of the organic sub-
stances. Among the three distinct excitation-emission regions consid-
ered in the present study, the humic region (i.e. region III) was the
most pronounced in all the samples (Fig. 3) and was correlated with
the non-biodegradable compounds (Jimenez et al., 2014). No micro-
bial-by-product-like substances were detected in the EEM of the oxi-
dized solution. The fluorescence intensity in region IIl increased by
27% with decreasing size fractions. The fluorescence intensity decreased
in region IL.

A fluorescence index (FI) of 1.4 or less indicates OC of terrestrial or-
igin, and values of 1.9 or higher correspond to microbial derived mate-
rial (Birdwell and Engel, 2010). The calculated FI were 1.30 in the <5
um size fraction and 1.49 in the <5 kDa size fraction. These results sug-
gest that the OM in the largest size fraction had a terrestrial origin
whereas the smallest size fraction had both terrestrial and microbial or-
igins. The humification index (HIX) is an indicator of the OC bioavail-
ability and is used to investigate the degree of humification. Highly
humified organic material is expected to be less labile in comparison
to lower humified organic substances (Zsolnay et al., 1999; Ohno,
2002; Singh et al., 2014). The here calculated HIX increased from 6.25
for the largest size fraction to 22 and 30.11 for the 0.2 um-30 kDa and
<30 kDa size fractions, respectively. The OM was more humified in the
0.2 um-30 kDa and <30 kDa size fractions, which also corresponded to
the most OC-enriched size fractions (Fig. 1B). The freshness index
(BIX) was calculated constant with an average value of 0.4 indicating
that the OC was not freshly produced.

3.3.2. Molecular composition of the organic matter in each size fraction
Low molecular weight (LMW) fatty acids are used as microbial indi-
cators whereas high molecular weight (HMW) fatty acids are used as
plant indicators (Cranwell, 1974; Denis et al., 2017). The proportion of
microbial versus plant-derived fatty acids was calculated with the per-
centage of LMW fatty acids (<C19) by excluding C16:0 and C18:0,
which can be derived from either plant or microbial input (Frostegard
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Fig. 1. Concentration of organic carbon (OC), Fe and REE (mol g~ !) in each size fraction of the A) reduced soil solution and B) oxidized soil solution. The error bars correspond to the

standard deviation of the triplicates.
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Fig. 2. Representative TEM micrographs of the 3-0.2 um size fraction. A: magnified view of the sample. B: close-up on a Fe aggregate embedded in an organic matrix.

et al., 1993; Zelles, 1999), and the percentage of HMW fatty acids
(>C19). The comparison of the fatty acids is shown in Fig. 4. In our sam-
ples, the proportion of HMW fatty acids in the >0.2 um size fractions was
higher (from 55 to 58%) than the proportions of LMW fatty acids (from
42 to 45%). On the contrary, the HMW fatty acids in the <0.2 pm size
fractions decreased and disappeared in the <30 kDa and <5 kDa size
fractions. A transition at the 0.2 um threshold between a mixed plant
and microbial-derived size fraction and a microbial-derived one clearly
appeared in the oxidized soil solution. Among the fatty acids, branched-
chain fatty acids such as iso or anteiso-C15 and iso or anteiso-C17 could
be considered as tracers of living bacteria in the soil (Zelles, 1999).
These fatty acids occur in many bacteria as major constituents of mem-
brane lipids (Kaneda, 1991). As they are rapidly degraded upon cell
death, these fatty acids can be considered as representative of the viable
soil microbial community (Bardgett et al., 1999). In the >0.2 um size
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fractions, approximately 25% of the LMW fatty acids were iso and
anteiso C15 and C17. These results suggest that the largest size fractions
included a living bacterial community.

Using THM-GC-MS, we detected phosphoric acid in all size fractions
except for the <5 kDa size fraction. The value decreased from 1.1% +
0.2% of the total detected compounds in the 5-0.2 pm size fraction, to
0.35% + 0.04% in the 0.2-30 kDa size fraction increasing to 0.66% +
0.10% in the <30 kDa size fraction.

3.4. Variability in the REE patterns

The rare earth element patterns normalized to the upper continental
crust (UCC) (Taylor and McLennan, 1985) for each size fraction are
displayed in Fig. 5A and B for the reduced and oxidized soil solutions, re-
spectively. At the end of the reduction, the patterns exhibited a middle
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Fig. 3. The EEM spectra of DOM in the different size-fractions. The region Il and III represent the microbial-by products-like materials and the humic-rich region, respectively.
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REE (MREE) downward concavity for each size fraction. The 5-0.2 pm
pattern was nearly flat whereas the smaller size fractions exhibited a
slight depletion in LREEs which increased with the size fractionation.
This LREE depletion was traduced by a lower La/Yb ratio for the smaller
size fraction (La/Yb = 0.93 and 1.02 for the 5-0.2 um and 0.2 pm-30 kDa
fractions, against 0.72 and 0.75 for the <30 kDa and the <3 kDa fraction,
respectively). The <30 kDa and the <3 kDa patterns were broadly
similar.

The REE patterns of the size fractionated oxidized soil solution were
significantly different from those of the reduced period. Because the ox-
idation period took place in ambient atmosphere, evaporation occurred,
leading to an increase in the REE bulk concentration between the re-
duced and oxidized solutions. The REE pattern of the <5 kDa size frac-
tion is not shown as the low REE concentrations resulted in an
unrealistic normalized pattern. The size fractions over 0.2 um were
HREE-enriched compared to the 0.2-30 kDa and <30 kDa size fractions
which were slightly depleted. The same MREE downward concavity as
in the reduced fractions was observed in all the size fractions. A slight
negative Ce anomaly seemed to have developed. The amplitude of this
anomaly was calculated by the ratio Ce/Ce* = 2 *Ceycc / (Laycc
+ Prycc) (Taylor and McLennan, 1985). Values higher than 1 indicate
a positive Ce anomaly and values smaller than 1 indicate a negative Ce
anomaly. The amplitude of the anomaly slightly increased from the larg-
est size fraction to the smallest (i.e. from 0.87 to 0.75). However, this
variation was very slight and, considering the logarithmic standard de-
viation (LSD) and amplitude, could be considered as nearly constant.
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4. Discussion
4.1. Effect of oxidation on the REE size distribution and patterns

The REE data reported for the soil solution from the studied wetland
changed between the reducing and oxidizing periods. While broadly
similar in the reduced experiment, the REE patterns showed a signifi-
cant REE fractionation between the different size fractions in the oxi-
dized solution. Hereafter, the discussion focuses on the mechanisms
and carrier phases responsible for REE fractionation during both
periods.

During the establishment of reducing conditions, OM is solubilized
with its REE loading (Grybos et al., 2007; Pédrot et al., 2008, 2015).
Moreover, preexisting Fe-oxyhydroxides are biologically reduced dur-
ing this period, leading to the increase of Fe(II) in the solution. Iron
oxyhydroxides are able to strongly bind REE (Bau, 1999; Quinn et al.,
2006; Schijf and Marshall, 2011). However, in an organic-rich environ-
ment such as wetland soil, Fe is mainly present as amorphous Fe(III)
nanoparticles embedded in the OM and thus, are supposed to slightly
sorb REEs (Grybos et al., 2007). Grybos et al. (2007) demonstrated
that, under reducing conditions, REEs are mainly bound to dissolved
OM released in the solution through its desorption from soil minerals
subsequently to i) an increase in pH in response to H™ consumption
caused by the reducing reaction or ii) the reductive dissolution of Fe-
oxyhydroxides. Thereby, the REEs are bound here to particulate and col-
loidal OM, as confirmed by the MREE downward concavity developed
on the REE pattern for all the size fractions. This specific feature has
been previously observed in OC-rich waters where organic-REE com-
plexes dominate (Dia et al., 2000; Johannesson et al., 2004; Davranche
et al,, 2011; Pédrot et al., 2015). As seen in Fig. 6A, the normalization
of REEycc by the La concentrations in each size fraction highlighted
the slight enrichment in HREE in the small size fractions (i.e. <30 kDa
and <5 kDa). The decrease in the REE/OC ratio or “metal-loading”,
which is able to fractionate MREEs and HREEs (Yamamoto et al., 2010;
Marsac et al,, 2010), could explain this slight HREE enrichment
(Fig. 1). Under low metal loading, the HREEs are preferentially bound
to strong, but less abundant, binding sites, i.e. phenolic and/or
multidentate sites. At high metal loading, the MREEs are preferentially
bound to weak but more abundant carboxylic sites (Marsac et al., 2010).

During the reoxidation of the soil solution, the REEs were mainly
concentrated in the 5-0.2 um and 0.2-30 kDa size fractions, i.e. they
were bound to the particulate and colloidal phase as observed in several
studies for a similar environment (Dia et al., 2000; Tang and
Johannesson, 2003; Pourret et al., 2007; Pédrot et al., 2008; Guénet et
al., 2017). In the same wetland, Dia et al. (2000) used ultrafiltration to
show that a major part of the REEs were distributed in the colloidal frac-
tion of the soil solution. This fraction, which is considered mobile, is
likely to be the major REE carriers as observed in our study. Leaching
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Fig. 5. UCC-normalized rare earth element (REE) patterns for the different size fractions of the A) reduced soil solution and the B) oxidized soil solution. The first vertical axis corresponds to
the normalized concentrations for the 5-0.2 um size fraction whereas the secondary vertical axis corresponds to the 0.2-30 kDa, <30 kDa and <5 kDa size fractions. The error bars

correspond to the standard deviation of the triplicates.
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Fig. 6. Relative variations in the REE patterns in the A) reduced and B) oxidized soil solution fractions normalized by the La concentration.

experiments performed on soil sampled in the same site demonstrated
that REE speciation is dominated by their binding with organic colloids
under oxidizing as well as reducing conditions, as similar REE patterns
were observed in both the reduced and oxidized <0.2 um size fraction
(Grybos et al., 2007; Pédrot et al., 2008). In our study, the oxidized
REE patterns showed different degrees of HREE enrichments according
to the size fraction. The correlation between the Fe and REE distribution
in the 5-0.2 pm and 0.2 um-30 kDa size fractions suggests that Fe might
influence the REE distribution and patterns. The unique control of OM in
REE speciation in wetland soils should thus be revised.

There could be several explanations for the HREE enrichment in the
>0.2 um size fractions (Fig. 6B). Firstly, the origin of the organic com-
pounds might play an important role. Several authors have demon-
strated the ability of the surface of the bacterial cells to bind REEs
(Takahashi et al., 2005; Ngwenya et al., 2009; Ngwenya et al., 2010;
Takahashi et al., 2010). The resulting pattern is a prominent enrichment
in HREEs. Takahashi et al. (2010) used EXAFS measurements to demon-
strate that carboxy-phosphate sites are responsible for REE binding and
the specific pattern observed. The THM-GC-MS results showed that al-
most 50% of the fatty acids present in the large size fractions (i.e. >0.2
um) were of low molecular weight, a sign of a bacterial origin. Moreover,
living bacteria were present in these size fractions as demonstrated by
the C15 and C17 anteiso and iso fatty acids. THM-GC-MS provided evi-
dence that the organic compounds of these size fractions are phos-
phate-enriched. A significant amount of phosphate binding sites is
generally found in fresh organic matter and bacteria cells but not in
humic substances (Davis et al., 1999). Bacterial biofilms were also ob-
served in the 3-0.2 pm size fraction on the MET micrographs (Fig. 2).
The HREE enrichment observed in the REE pattern could therefore be at-
tributed to the bacterial origin of the organic matter in the >0.2 pm size
fractions. However, it is not clear why such an HREE enrichment was not
observed in the >0.2 um size fraction in the reducing experiment where
reduction is bacterially driven. Two hypotheses exist. The bacteria lyse
under alternating reducing and oxidizing conditions, which could lead
to the release of the REE in solution and its readsorption to humic col-
loids. However, the more evident hypothesis is the high competition
exerted by the high concentration of Fe(Il) (and other cations) released
under reducing conditions as compared to the REE low concentration,
for the binding to the carboxy-phosphate sites of the organic matter.

The REE patterns of the small size fractions (<0.2 um) are typical of
REE-HS complexes, which are consistent with the fluorescence results
showing an increase in the humification index with decreasing size frac-
tions. Quinn et al. (2006) observed that the REE pattern for Fe
oxyhydroxides exhibited a HREE enrichment. In our oxidized soil solu-
tion, the largest size fractions (>0.2 um) exhibited a higher Fe/OC ratio
compared with the smallest (<0.2 um) size fraction, which is in line
with the slight increase in the HREEs observed in Fig. 6B. The REE pat-
terns in the largest size fraction could be the combination of the REE

complexed to bacteria cells and the preferential re-adsorption of the
HREESs to Fe(III) oxyhydroxides. Several authors have shown that partic-
ulate Fe oxyhydroxides are able to scavenge and oxidize Ce(III) into Ces
(IV), leading to its removal from the soil solution (Byrne and Sholkovitz,
1996; Bau, 1999). A positive Ce anomaly is subsequently expected to de-
velop on the REE pattern corresponding to the Fe-oxyhydroxides frac-
tion (>0.2 um size fractions) whereas a negative anomaly should
appear in the solution (i.e. the <0.2 um size fractions). Here, no positive
Ce anomaly was observed. By contrast, the development of a slight neg-
ative Ce anomaly was observed on all the REE patterns. In the largest
size fraction (i.e. 5-0.2 pm), the positive Ce anomaly that may have de-
veloped within the Fe compartment is assumed to be hidden in the
broadly flat pattern. The negative Ce anomaly was so small in the solu-
tion that the positive anomaly developed on the Fe compartment
should have been small as well. Guénet et al. (2016) demonstrated
that the Fe oxyhydroxides that formed during the oxidation
corresponded to amorphous Fe(Ill) nano-oxides, the size and reactivity
of which are controlled by a high OM concentration. The presence of OM
may have limited the oxidation of Ce(IIl) to Ce(IV) as Guénet et al.
(2016) observed for As(Ill) and As(V). These authors showed that the
nano-size limited the formation of As binding sites able to oxidize As
(1I1). However, this point is only a hypothesis for Ce(IIl, IV) and must
be confirmed by further studies.

4.2. Implication for the behavior and speciation of the REEs under alternat-
ing redox conditions in wetland soil

In the previous section, we questioned the statements made by
Grybos et al. (2007) and Pédrot et al. (2008) concerning the dominance
of OM in REE partitioning. To go further in the understanding of REE be-
havior during redox alternation in wetland soils, we compared our lab
results with field results obtained from 2010 to 2017 (Davranche et
al,, 2013; Pédrot et al., 2015). The field datasets correspond to soil solu-
tion sampling using water traps situated in the soil organo-mineral ho-
rizon of the Mercy Wetland (Naizin, Brittany). The datasets correspond
to a campaign carried out between November and May of each year dur-
ing the field campaign, when the water level in the soil was high enough
to allow water samples to be taken. Fig. 7 illustrates the variation range
for the Eh and Fe(II) concentrations over the various campaigns. The
highest Fe(Il) measured concentrations corresponded to the intermedi-
ate Eh concentration in concordance with the alternation of the reduc-
ing/oxidizing conditions.

The REE patterns obtained in the <0.2 um size fractions collected
within the wetland soil were compared with the <0.2 um size fractions
obtained in both the soil reduction and subsequent soil solution oxida-
tion experiments (Fig. 8). The REE field patterns exhibited a MREE
downward concavity indicating that the soil solutions are MREE
enriched. They were also depleted in HREE. A small and variable Ce
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Fig. 7. Fe(Il) and Eh concentration range for the field campaign. The Eh values were
corrected relative to the hydrogen standard electrode (HSE).

anomaly developed, the value of which varied from 0.6 to 0.8. The field
REE patterns are therefore quite similar to the REE patterns obtained for
the oxidation experiment on the reduced soil solution where the Fe
cluster and the nano-oxides dominate in solution as demonstrated by
(Guénet et al., 2016; Guénet et al., 2017).

Fig. 9 reports the La/Sm and Gd/Yb ratios for the REE patterns ob-
tained experimentally and recovered from the natural soil solution.
The ratios calculated from the natural datasets (grey lines) are distrib-
uted between the ones of the reducing and oxidizing experiments
(red and black lines). The results are interesting because while they con-
firm that the majority of the REE patterns corresponds to the oxidizing
experiment patterns, they also demonstrate that they varied between
a REE pattern close to a “reducing shape” and a REE pattern exhibiting
an “oxidizing shape”. This result highlights that Fe is a controlling factor
of REE speciation in wetland soil irrespective of the redox conditions. In
the field, even under reducing period, the presence of a Ce anomaly sug-
gests the scavenging of Ce(IV) by Fe oxyhydroxides as previously
discussed. Part of the Fe embedded in the organic matrix is not reduc-
tively dissolved under the reducing period and still complexes REEs.
This REE pool partly dictates the REE pattern exhibited by the dissolved
(<0.2 um) fraction.

5. Conclusions

The oxidation experiment carried out subsequently to the wetland
soil reduction highlights the significant redistribution and modification
of the speciation in the REE pool during alternating redox conditions.
Under reducing conditions, the REEs are bound to colloidal and dis-
solved OM. The oxidation of the soil solution involves then their redistri-
bution in various ranges of particulate and colloidal organic and
inorganic fractions. In the particulate fraction, the REEs seemed to be
bound to humic and bacterial OM embedding Fe nano-oxides. The
resulting REE pattern exhibited a strong enrichment of the last five
HREEs in response to REE binding with the carboxy-phosphate site
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Fig. 8. Comparison of the REE pattern (normalized to La for comparison) obtained in the
<0.2 size fractions recovered in the field (in grey), obtained for the reducing experiment
(in red) and for the re-oxidation experiment (in black).
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Fig. 9. Evolution of the La/Sm and Gd/YDb ratio for the REE pattern obtained from the field
campaign and reducing and oxidizing experiments.

from the OM from a bacterial origin. This particulate fraction repre-
sented 34% of the total REEs. Rare earth elements were also largely
redistributed in the highest colloidal fraction (0.2 pm-30 kDa) bound
to humic substances and Fe nano-oxides. This size fraction represents
23% of the total REEs. In the lowest size fraction (<5 kDa), the REE con-
centrations were extremely low. The REE pattern exhibited an increase
in MREEs and HREEs as compared to the 0.2 um-30 kDa size fraction,
probably in response to the decrease in the REE loading from OM. This
REE redistribution between the particle and colloid fractions provided
evidence that in wetlands, the decrease in the water level from the
soil involves the scavenging and subsequent immobilization of a large
amount of REEs.

The comparison of the experimental REE patterns with the REE pat-
terns of natural wetland soil solutions collected for the field campaign
demonstrated that the reducing conditions in the riparian wetland
were never sufficiently strong enough to involve the total dissolution
of the Fe nano-oxides. Natural REE patterns are quite similar to the pat-
tern obtained for the oxidizing experiment. However, the examination
of the La/Sm and Gd/Yb ratio showed that the natural patterns varied
between both of the REE patterns obtained for the reducing and oxidiz-
ing experiments. This evolution suggests that natural REE patterns de-
pend on the amount and availability of the Fe nano-oxide binding
sites as well as the REE loading of the organic compartment of the col-
loid fraction. These results provide a new insight into the control of
REE speciation by Fe(lll), even under reducing conditions in riparian
wetlands.
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Résumé : Les nanoparticules de fer manufacturées
(NPs-Fe) sont des matériaux de taille nanométrique
dont ['utilisation s’est, depuis peu, étendue a des
domaines environnementaux. Leur dispersion dans
les milieux aqueux et solides, et leurs interactions
avec le vivant soulévent toutefois encore de
nombreuses questions. Dans la premiere partie de
cette étude, nous conduisons un travail approfondi de
caractérisation des NPs-Fe et précisons comment ces
propriétés sont impliquées dans les processus
contrblant la stabilité colloidale puis la réactivité
chimique (capacité d’adsorption du cuivre) des NPs-
Fe en solution aqueuse. Des modifications a la fois
surfaciques et cristallochimiques sont appliquées afin
de mettre en évidence le rble clés de la chimie de
surface des NPs-Fe. Dans cette étude, il est montré
que les acides humiques limitent 'agrégation des

NPs-Fe et procurent des sites d’adsorption pour les
métaux. Les conditions physico-chimiques du milieu
s’averent également jouer un réle crucial. Le pH
modifie notamment la charge de surface des NPs-Fe
et les forces d’interactions électrostatiques qui en
résultent. Dans un deuxieme temps, nous étudions
les interactions entre les NPs-Fe et les végétaux, en
solution puis dans un sol. Aprés 63 et 57 jours, les
mesures de susceptibilité magnétique montrent que
les NPs-Fe s’accumulent au niveau des racines
avant d’étre détectées, en moindre quantité, dans les
parties aériennes des plantes. L'exposition des
plantes aux NPs-Fe se traduit par une augmentation
de la biomasse végétale et des teneurs en
chlorophylles et une diminution de la peroxydation
lipidique.

Keywords : iron oxide nanopatrticles, oxidation, agregation, adsorption, element trace metals, plants

Abstract Engineered Iron Oxide Nanoparticles
(IONPs) are specific nanoscale materials that have
recently been used into wide environmental
applications. The dispersion of IONPs into soils and
waters, as well as their interactions with living
organisms, raise many scientific issues. The first part
of this work is intended to provide a thorough
characterization of IONPs in aqueous solution, from
their intrinsic physico-chemical properties to their
colloidal behavior and chemical reactivity. Surface
modifications are applied to evidence the key role of
surface chemistry towards most interactions IONPs
encounter. In particular, humic acid reduce NPs-Fe
agregation and display a high adsorption capacity for
trace metals, especially copper (Cu).On the other
hand, the pH of the solution play a critical role
towards NPs-Fe interactions.

Depending on the pH, the surface charge of the
particles are modified and hence pH is involved in
the electrostatic forces that drive the particles
agregation state and contribute to metal adsorption.
The second part of the study is focused on the
interactions occurring with IONPs in presence of
plants. Several experiments are conducted in
aqueous solution and in soil columns to precise the
impacts of IONPs on the growth medium and to
assess the effects of IONPs on plants. Results
(magnetic susceptibility) show that IONPs manage to
penetrate the roots of beans and sunflower plants
(57 and 63 days-old) and that they are translocated
to the aerial parts in very few amounts. Plants
response to IONPs exposure results in increasing
the plant biomass and the chlorophyll contents and
by decreasing the lipid peroxidation.



