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Extended abstract 

Human activity through industry, urbanization and agriculture, has led to the production and 

release of a large amounts of chemical compounds (including pesticides and pharmaceuticals) 

into the biosphere. One of the problematic related to the xenobiotic compounds fate is their 

transfer to aquatic ecosystems and the alteration of diversity and activity of microbial 

communities. Microbial communities associated with immersed leaf-litter can be impacted by 

these compounds, and in turn, alter global processes such as the carbon and nutrient cycling in 

the stream ecosystem. Accordingly, this thesis work aims to assess the effects of realistic 

chemical contamination on microbial leaf-litter decomposition process in streams. 

The first chapter of this thesis was focused on the comparison of microbial decomposition 

activity in alder leaves in six watersheds presenting different land uses (agricultural, urbanized, 

forested) over four seasons (spring, summer, autumn, winter). The effect of the gradient of 

contamination on microbial organic matter processing from upstream to downstream sections 

in each watershed was also assessed. Monitoring revealed that microbial decomposition of 

leaves was slightly higher in contaminated watersheds (agricultural and urbanized) in 

comparison with control ones (forested), probably because of the compensation effect by 

nutrients over xenobiotics. However, this compensation mechanism was partial since fungal 

biomass accumulated in leaves was greatly reduced in contaminated watersheds. Overall, this 

highlights microbial communities being more efficient for leaf decomposition in polluted 

watersheds than in the less contaminated ones, which is probably explained by changes in 

microbial community structure. 

The second chapter of this thesis aimed to evaluate in vitro the specific interactions between 

nutrients (nitrogen and phosphorus) and pesticides (herbicide and fungicide, alone or in 

mixture) exposure on microbial communities during leaf-litter decomposition. High nutrient 

concentrations (eutrophic conditions) tended to exacerbate the effects of pesticides on leaf 

decomposition rates suggesting that the compensatory mechanism of nutrients over pesticides 

observed in the previous part is probably concentration dependent and does not always apply 

to aquatic microbial communities. Moreover, a stimulation in laccase activity was observed 

when microbial communities were exposed to the fungicide, suggesting a role of this enzyme 

in detoxification mechanisms. However, the fact that such stimulation was not observed when 

exposed to the mixture of both pesticides (herbicide and fungicide) suggest that the interaction 

between these two molecules impaired the ability of microbial communities to display proper 



stress response. These results constitute the first evidence of the potential interaction between 

an herbicide and a fungicide on leaf-associated microbial communities functioning.  

In the third chapter of this thesis, the resistance and resilience abilities of fungal communities 

associated with submerged leaf-litter were evaluated in vitro using a translocation experiment 

between an upstream (less contaminated) and downstream (more contaminated) sites of an 

agricultural stream. As observed in the previous chapters, leaf-associated fungal communities 

appeared sensitive to variations in water chemical contamination, and especially in terms of 

extracellular laccase activity and fungal community structure. Interestingly, removing water 

contamination stress through the translocation of microbial communities from the more 

contaminated to the less contaminated channels resulted in a full recovery in terms of laccase 

activity and fungal community structure that can be explained by species transfer from the less 

contaminated to the more contaminated communities. These results highlight the importance of 

headwater stream fungal communities in supporting diversity for fungal communities in the 

more downstream sections.  

In the last chapter of this thesis, we aimed to further understand the effects of nutrients and 

pesticides on the regulation of microbial extracellular laccase activity. Here, the response of 

such activity on microbial communities associated with leaf-litter and exposed to growing 

concentrations of both nitrogen (N-NO3) and a fungicide (tebuconazole) was assessed in vitro 

(dose-response tests). We observed that extremely high nitrogen concentrations stimulated 

extracellular laccase activity whereas the fungicide had no effects on this activity. These activity 

results showed opposite trends to what has been observed in previous chapters of this thesis, 

where laccase activity tended to be negatively affected by nitrates concentration especially in 

the less contaminated stream sections. However, we suspect different mechanisms to be 

involved between these different studies. In the dose-response tests, the observed stimulation 

in laccase activity can be explained by a stress response probably caused by an osmotic stress 

to microbes due to extremely high nitrogen concentrations. In contrast and given the 

involvement of extracellular laccase in nitrogen uptake, inhibition of such activity in the field 

can reflect a repression by the substrate, probably because microbial communities already met 

their nutritional demands on nitrogen. 

In conclusion, the results of this thesis work showed that xenobiotics (including pesticides and 

pharmaceuticals) at environmentally relevant concentrations only have a limited effect on 

microbial decomposition of leaf-litter in stream ecosystems. Such low effect of the xenobiotics 

can be explained by the high plasticity and resilience capacity of microbial communities, 



coupled with their potential to produce extracellular enzymes that can be deployed for stress 

defense purposes. 

 

Keywords:  

Chemical contamination, nutrients, xenobiotics, microbial communities, leaf-litter, organic 

matter decomposition, laccase activity. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



Résumé étendu 

L’activité humaine, au travers de l’industrie, l’urbanisation ou encore l’agriculture, a conduit à 

la production et au relargage d’une grande quantité de produits chimiques (dont les 

xénobiotiques) dans la biosphère. Une des problématiques liée aux composés xénobiotiques est 

leur transfert vers les écosystèmes aquatiques et l’altération de la diversité et des activités 

microbiennes. Ces communautés peuvent être impactées par ces composés, potentiellement 

affectant en retour les grands processus écosystémiques tels que le cycle du carbone. Ce travail 

de thèse vise donc à évaluer les effets d'une contamination chimique réaliste sur les processus 

de décomposition microbiens de la matière organique dans les écosystèmes lotiques via 

l’utilisation de la litière de feuilles comme descripteur. 

Une première partie de ces travaux de thèse a été consacrée à décrire et à comparer la 

décomposition microbienne (bactéries et champignons) de la litière de feuilles au travers de la 

structure des communautés microbiennes (structure génétique et biomasse) et les activités 

associées (activités enzymatiques extracellulaires) dans six bassins versants présentant des 

occupations des sols différentes (urbanisés, agricoles et forestier) et au cours de quatre saisons 

(printemps, été, automne et hiver). L'effet du gradient de contamination depuis l'amont vers 

aval sur ce processus a également été évalué. La décomposition microbienne s'est avérée 

légèrement plus élevée pour les bassins versants agricoles et urbanisés par rapport aux bassins 

versants forestier (contrôle), probablement en raison de l'effet de la compensation des 

nutriments sur les xénobiotiques. Cependant, cette compensation ne s’est avérée que partielle, 

la biomasse fongique ayant été considérablement réduite dans les bassins versants contaminés. 

Ces résultats mettent en évidence une meilleure efficacité des communautés microbiennes pour 

la décomposition des feuilles dans les bassins versants présentant une contamination chimique, 

probablement par l’intermédiaire de changements au niveau de la structure des communautés 

microbiennes. 

La deuxième partie de ces travaux de thèse consistait à évaluer in vitro les interactions entre 

l’eutrophisation des cours d’eau et des concentrations réalistes en pesticides (herbicides et 

fongicides, seuls ou en mélange) sur l’activité microbienne de décomposition de la litière de 

feuilles. Les fortes concentrations en nutriments (condition eutrophe) ont eu tendance à 

exacerber les effets des pesticides sur les taux de décomposition microbiens, suggérant que 

l'effet compensatoire des nutriments sur les pesticides observé dans la partie précédente dépend 

de la concentration et ne s'applique pas toujours aux communautés microbiennes aquatiques. 



De plus, une stimulation de l’activité laccase a été observée chez les communautés 

microbiennes exposées au fongicide, ce qui suggèrent l’utilisation de cette enzyme en tant que 

mécanisme de détoxification. Cependant, le fait que cette stimulation n’ait pas été observée en 

présence du mélange de pesticides (herbicide et fongicide) suggère que l’interaction entre ces 

deux composés peut altérer la capacité des communautés microbiennes à se défende contre le 

stress. Ces résultats constituent la première description de l'interaction potentielle entre un 

herbicide et un fongicide sur les communautés microbiennes associées à la litière de feuilles. 

Par la suite, les capacités de résistance et de résilience des communautés fongiques associées à 

la litière ont été évaluées in vitro par une expérience de translocation, utilisant de l'eau 

provenant à la fois des sites amont (contrôles) et aval (contaminés) d'un cours d'eau. Comme 

observé dans le chapitre précédent, les communautés fongiques associées aux feuilles ont 

montré une certaine sensibilité aux variations de la contamination chimique, notamment sur 

l’activité laccase extracellulaire et la structure de la communauté. La suppression du stress 

engendré par la translocation des communautés microbiennes depuis les canaux contaminés 

vers les canaux contrôles a permis un rétablissement complet de l’activité laccase et de la 

structure de la communauté, qui peut notamment s’expliquer par des transferts d’espèces. 

Globalement, ces résultats appuient l’importance des cours d’eau de tête de bassin versant dans 

le maintien des processus de décomposition de la diversité au sein des écosystèmes lotiques. 

Dans le dernier chapitre de cette thèse, nous avons voulu approfondir les connaissances sur la 

régulation de l’activité laccase par les nutriments et les pesticides. La réponse de cette activité 

chez les communautés microbiennes associées à la litière de feuilles et exposées à des 

concentrations croissantes en azote (N-NO3) et en fongicide (tébuconazole) a été évaluée in 

vitro (tests doses-réponses). Ces résultats montrent que des concentrations extrêmes en azote 

provoquent une stimulation de l'activité laccase extracellulaire, tandis qu’aucune variation de 

cette activité n’a été observé en présence du fongicide. Ces résultats d’activité montrent une 

tendance opposée aux observations de nos études précédentes, qui montrent une activité laccase 

extracellulaire qui tend à être négativement affectée par l’azote (nitrates), et en particulier dans 

les sections préservées des cours d’eau. Cependant, différents mécanismes semblent être 

impliqués entre ces différentes études. La stimulation de l’activité laccase observée lors des 

tests dose-réponse peut être expliquée par une réponse au stress probablement causée par le 

stress osmotique résultant des concentrations extrêmes en azote. A l’inverse, et sachant que 

l’activité laccase extracellulaire est impliquée dans l’acquisition d’azote, l’inhibition de cette 



activité sur le terrain peut refléter une répression par le substrat, probablement dû au fait que 

les communautés microbiennes répondaient déjà à leurs besoins nutritionnels en azote. 

En conclusion, les résultats de cette thèse ont montré que les xénobiotiques (incluant les 

pesticides et les produits pharmaceutiques) à des concentrations réalistes n’ont qu'un effet limité 

sur la décomposition microbienne de la litière de feuilles dans les écosystèmes des cours d'eau. 

Ce faible effet des xénobiotiques peut s'expliquer par la grande plasticité et la capacité de 

résilience des communautés microbiennes, associé à leur potentiel de production d'enzymes 

extracellulaires pouvant être utilisées à des fins de défense contre le stress. 

 

 

Mots clés:  

Contamination chimique, nutriments, xénobiotiques, communautés microbiennes, litière de 

feuilles, décomposition de matière organique, activité laccase.  
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Earth is mainly covered with water. While most of this water constitutes the oceans (>96% of 

total water in earth), a much smaller portion (ca. 3%) is in the form of freshwater. Freshwaters 

include glaciers, groundwater, atmospheric water, lakes and rivers. Despite freshwater 

ecosystems represent no more than 0.01% of global water resources (Shiklomanov, 1993a), 

they support at least 100 000 species (corresponding to 6% of described species in the 

biosphere) and thus represent invaluable ecological value (Dudgeon et al., 2006). In addition to 

their ecological importance, freshwater ecosystems also hold substantial socioeconomic values. 

Human health and well-being deeply rely on freshwater resources to satisfy body water 

requirements. Humans also need water for society functioning. This includes water demand for 

agriculture, industry, energy, navigation, fishing or recreation. However, this massive water 

demand is not without environmental consequences. Freshwaters pollution resulting from 

human activities has become a widespread phenomenon over the last decades. Overexploitation 

of water resources for industrial and domestic purposes coupled with agriculture intensification 

have led to the mass input of both nutrients (including nitrogen and phosphorus) and toxicants 

(including pesticides which are generally spread in the form of cocktails of molecules) 

threatening functions and services of many freshwater ecosystems (Trewavas, 2002; 

Vörösmarty et al., 2010). In addition to this, human population is expected to reach more than 

8 billion individuals by 2025. Given the increase in human population and resource use (Brown 

& Kane, 1995; Brown, 2000; Roy et al., 2012), demands on water will intensify (Postel, Daily 

& Ehrlich, 1996), and forecasts predict an additional increase of water withdrawals by almost 

20% by 2025. In this context, protecting biodiversity and functions of stream ecosystems has 

become essential and will certainly permit to better protect and manage water resources for 

human consumption.  

Within freshwater ecosystems, rivers and streams account for the most impacted ecosystems on 

the planet. This is especially the case of headwater streams, whose small size in comparison 

with the amount of pollution received, makes them especially sensitive to disruption. Although 

they represent a tiny proportion of available freshwater stocks on earth, these ecosystems offer 

an enormous array of habitats for microbial, plant and animal life (Meyer et al., 2007), thus 

representing a huge reservoir of biological species. Several authors have suggested that 

headwater streams are pivotal for maintaining functions (i. e. organic matter decomposition) 

and ‘health’ of river networks (Meyer & Wallace, 2001; Gomi, Sidle & Richardson, 2002; 

Bernhardt et al., 2005; Lowe & Likens, 2005; Wipfli, Richardson & Naiman, 2007) and that 

they are important areas for maintaining biodiversity (Meyer & Wallace, 2001; Gomi et al., 
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2002; Heino, 2005; Lowe & Likens, 2005; Meyer et al., 2007; Richardson & Danehy, 2007). 

Besides, headwater streams provide a huge array of ecosytem services. This includes, 

provisioning services (provide goods such as drinking water), regulation services (control 

various processes such as floods or erosion), supporting services (water and nutrient fluxes, 

biodiversity conservation) and cultural services (provide spiritual, moral and aesthetic benefits) 

among the most important ones (Limburg, 2009). 

Forested headwater streams in temperate regions are characterized by small forested catchments 

whose riparian forest provides shadow upon surface water, greatly limiting autotrophic 

production. Biological communities in these ecosystems largely rely on allochtonous organic 

matter inputs such as plant litter. The decomposition of plant leaf-litter is a pivotal mechanism 

in headwater streams since it permits to i) better link terrestrial organic matter production to 

aquatic ecosystems production and ii) allows the transfer of matter and energy through the 

aquatic food web and contribute to many biogeochemical cycles (N, C, P, …) (Cummins, 1974; 

Gessner & Chauvet, 1994; Webster & Meyer, 1997). The decomposition of leaf litter in streams 

involves abiotic factors, such as leaching, followed by the joint action of microorganisms and 

macroinvertebrates (Mann, 1975a; Gessner, Chauvet & Dobson, 1999; Gaudes et al., 2009). 

While macroinvertebrates are responsible of most of the leaf mass loss, microorganisms, and 

especially aquatic fungi, (Suberkropp & Klug 1976, Mann 1975; Gessner, Chauvet & Dobson 

1999; Gaudes et al. 2009) can contribute up to 25-45% of leaf mass loss (Bärlocher & Kendrick, 

1975; Hieber & Gessner, 2002; Baldy et al., 2007a). They play also an indirect role by 

conditioning leaf-litter in streams, subsequently enhancing its palatability for macroinvertebrate 

feeders. 

In the context of streams’ contamination by human activities, the influence of water chemical 

pollution on stream ecosystem functions (i. e. organic matter decomposition) has become a 

central research issue. A better understanding of the effect of chemical contamination on 

heterotrophic microbial communities’ biodiversity and activity would provide valuable 

informations for stream managers and societies in their challenge for stream ecosystems 

preservation. 

This thesis work provides original research on the effect of stream water chemical 

contamination, including xenobiotics and nutrients, on the resistance and resilience of microbial 

communities’ structure and decomposition activity. To answer this main objective, both field 

and microcosm experiments were combined in order to assess i) the sensitivity of microbial 
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communities to realistic stream water chemical contamination gradients in the field, ii) the 

potential interaction between nutrients (phosphorus and nitrate) and pesticides (herbicide and 

fungicide) on microbial communities, iii) the resilience of these communities when removing 

chemical contamination is removed and iv) the potential use of microbial enzymatic response 

as  biomarker of chemical contamination exposure in streams. 
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 Temperate forested streams 

Streams originate from overland flow and from soil saturated zones according to the watershed 

geology, topography, and vegetation, as well as to the precipitation types (Bravard & Petit, 

2009). One characteristic of fluvial systems is the directed motion of water masses 

(Sukhodolov, Kozerski & Rhoads, 2009), which begins with upstream sources to the 

downstream large rivers, to finally reach seas and oceans. From this particular layout, Strahler 

(1957) developed the widely accepted classification of streams, known as the ‘stream order’ 

concept. According to this classification, streams can roughly be grouped into 3 categories: 

headwaters streams (Strahler order 1 to 3), medium-sized streams (Strahler 4 to 6) and large 

rivers (Strahler > 6) (Vannote et al., 1980). While each of these categories vary from each other 

in terms of physical and chemical properties, they remain interconnected and thus influence 

each other. This notion, known as the river continuum concept was first proposed by Vannote 

et al. in 1980. The river continuum concept proposes that understanding the biological strategies 

and dynamics of river systems requires consideration of the longitudinal gradient of physical 

and chemical factors from upstream to downstream as well as the surroundings of the 

watershed. From the upstream part of the stream to its downstream extent, the physical variables 

within a stream system present a continuous gradient of physical and chemical conditions 

inherent to the stream, including width, depth, velocity, flow, temperature, and entropy gain. 

Due to exceptions to the model, particularly in arid lands and grasslands, where streams are 

dammed, the river continuum concept has suffered several criticisms over the last decades 

(Montgomery, 1999; Benda et al., 2004; Fisher & Sponseller, 2009). Particularly, this model 

fails in integrating parameters such as temporal variability, natural disconnection of the streams, 

and physical disturbances (storms, fires, floods) that can modify the linear perspective inherent 

to the river continuum concept (Reeves et al., 1995; Poff, 1997; Rice, Greenwood & Joyce, 

2001). This led to the emergence of new theories such as the river discontinuum, the network 

dynamic hypothesis (NDH) or the process domain concept (PDC) that try to integrate the 

patchiness, the stochastic disturbances and the landscape-scale pattern of streams 

(Montgomery, 1999; Poole, 2002; Benda et al., 2004). Nonetheless, the fact that river 

ecosystems exhibit continuous change in a downstream direction is still largely accepted. 

Headwater streams are generally long and thin and have a high surface to volume ratio (Fisher 

& Sponseller, 2009) as shown in Figure 1. As a consequence, they are highly influenced by 

exchanges from the adjacent terrestrial systems and especially from the surrounding riparian 

vegetation, providing shadow upon the water surface but also allowing for inputs of a large 
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amount of allochtonous detritus during the fall (Vannote et al., 1980). As stream depth and 

width increase, the contribution of allochthonous organic matter decreases and the opening of 

the canopy cover permits light to reach surface water. Following that succession pattern, stream 

ecosystems functioning evolve from a more heterotrophic (upstream) to a more autotrophic 

(downstream) gradient. The zone through which the stream shifts from a heterotrophic-

dominated to an autotrophic-dominated metabolism, depend on the degree of shading and is 

commonly fixed at order 3, although this seems highly stream-dependent (Minshall, 1978). 

Given the fact that headwater streams represent the vast majority of the hydrographic network 

in terms of linear (reaching up to 60% to 75% of world stream length Fig.1), (Hansen, 2001; 

Benda et al., 2005; Leopold, Wolman & Miller, 2012) and that litter decomposition can prevail 

up to tens of kilometers from headwaters (Webster, 2007), allochtonous organic matter inputs 

from the riparian forest are of central importance in the functioning and integrity of stream 

ecosystems.  

 

 

Figure 1: Fraction of World River and stream area and length related to stream order (Strahler). 

(Figure from Downing et al. (2012)). 
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 Forested streams functioning 

i. Origin and type of organic matter inputs 

 

As mentioned above, headwater forested streams are highly influenced by organic matter inputs 

from terrestrial origin, which represent the largest part of organic matter sources for in-stream 

organisms. For example, up to 99% of the energy input can be imported from the terrestrial 

surroundings in the tiny first order streams, with only 1% derived from stream photosynthesis 

by mosses and algae (Fisher & Likens, 1973; Cummins, 1974). Organic matter comes from 

vertical inputs (directly from the threes) or lateral inputs (from the surrounding river bank) 

(Elosegi & Pozo, 2005), though these inputs may vary considerably from one stream to another 

due to differences in riparian species vegetation and/or stream order. Reported plant litter inputs 

(including vertical and lateral inputs) in 33 north American streams ranging from order 1 to 9 

with different cover types (mixed deciduous forest, coniferous forest, shrub cover) showed 

values ranging 0 in a clear-cut stream to 4363 g m-2 yr-1 in a mixed deciduous forest (Benfield, 

1997). Besides, the study of Conners & Naiman (1984) showed that annual litter inputs per unit 

of stream surface area decreased exponentially with increasing stream order (from 307-534 g 

m-2 yr-1 in first order stream (81-95% of organic carbon supply) to 15-13 g m-2 yr-1 in sixth-

order stream (5-15% of organic carbon supply)) while autochtonous organic matter production 

showed the opposite trend (20-34 g m-2 yr-1 production in first order (5-19% of organic carbon 

supply) to 96-168 g m-2 yr-1 in sixth-order stream (85-95% of organic carbon supply)). 

Similarly, direct annual litter inputs in European deciduous forested streams and rivers, are 

estimated to range from 42 to 719 g m-2, depending on stream order (Weigelhofer & Waringer, 

1994; Abelho & Graça, 1998a). Other sources of variation in litter inputs include climate, 

vegetation, type of soils, age of trees, and geomorphological characteristics of streams (Abelho, 

2001a). For instance, most of the litter inputs occurs in autumn in temperate deciduous forests 

representing up to 79% to the annual inputs (Abelho & Graça, 1998a), whereas most of the 

inputs in Australian eucalyptus forest (31-75%) occurs in spring or summer (Abelho & Graça, 

1996a; Grigg & Mulligan, 1999a). Another parameter influcencing organic matter disponibility 

is leaf retention, which mostly rely on stream geomorphology. The retention of leaves in a 

stream channel can vary considerably depending on both hydrology and substrate-related 

features (Abelho, 2001a). For example, retentiveness in first order streams is estimated to the 

first 3-5 meters aginst 17 meters in third-order streams (Webster et al., 1994; Larrañaga et al., 

2003). 
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Alloctonous organic matter inputs are various and include leaves, logs, branches, floral parts, 

nuts, fruits, spores, among others (Abelho, 2001a). However, leaves often represent the major 

part of total alloctonous inputs, ranging from 41 to 98% of it. Main alloctonous organic matter 

inputs occurs in autumn in temperate streams and materials can remain stored from some weeks 

to some months in the benthos thus providing food and energy to the trophic web. After reaching 

the stream, leaves are progressively degraded and transformed into particulate, fine and/or 

dissolved organic matter to be finally transformed into carbon dioxide and nutrients (Cummins, 

1974). Hence, leaf litter decomposition is an important component in stream nutrient cycling 

and is achieved by the action of both biotic and abiotic factors. Leaf chemical composition is 

one of the most important factors controlling the decomposition process. 

 

ii. Chemical composition of leaves 

 

Leaves are among the most important organs in vascular plants. There is a huge variety of leaves 

displaying different shape, structure and chemical composition from one species to another. 

These variations depend on many factors such as plants adaptation to climate, light and nutrient 

availability, herbivory or competition with other plants (Evert, 2006). However, leaves are 

typically broad flat and thin, and hold a major role in plant photosynthesis as well as in water 

and chemical energy storage. Leaves are composed of several types of complex polymers (e. g. 

cellulose, hemicellulose, pectin and lignin) embedding a large quantity of nutrients (e. g. 

nitrogen; Fig. 2). Current knowledge suggest that common features exist in plant cell walls 

composition and structure among different groups of the Plantae Kingdom (Fig.3) (Sarkar, 

Bosneaga & Auer, 2009). Plant cell walls are overall composed of cellulose microfibrils that 

form the mechanical framework of the wall, and a matrix that forms cross-links among 

microfibrils and fills the space between fibrillar frameworks (McCann, 1991; Carpita & 

Gibeaut, 1993; O’Neill & York, 2003; Somerville et al., 2004). In the secondary walls of plant 

cells, hemicellulose form covalent links with lignin. The tight association between cellulose, 

hemicellulose and lignin confers thus high resistance to the tissue and renders its breakdown 

difficult (Sarkar et al., 2009). In non-grass angiosperms (Fig.3 A), a high amount of 

hemicelluloses (fucoside xyloglucan (XG), xylans and some mannans) and structural proteins 

can be found. The primary walls have high amounts of pectins (homogalacturonans (HG), 

rhamnogalacturonan (RG) I and II) while the secondary walls have high amounts of lignins 

with guaicyl (G) and syringyl (S) units. 
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Figure 2: Chemical strucuture of the predominant building blocks of plant cell walls. Left 

panel: monomers. Right panel: subunit of the respective polymers (Figure from Sarkar, 

Bosneaga & Auer, 2009). 
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Cellulose and hemicellulose are the main constituents of leaves, although variations in the 

content between these two compounds have been observed among species. For instance, 

cellulose content may range from 13.8 % of leaf Dry Mass (DM) for Alnus glutinosa leaves to 

32.2% of leaf DM in the case of Fagus sylvatica (Gessner, 2005). Both cellulose and 

hemicellulose are polysaccharides consisting in the assemblage of several hundred to many 

thousands sugar monomers. In the case of cellulose ((C6H10O5)n), the only monomer is the D-

glucose whose association forms a linear chain, whereas xylose, galactose, arabinose, mannose, 

and fucose can also be found in hemicellulose (Fig. 2, Klemm et al., 2005; Scheller & Ulvskov, 

2010). Lignin content in leaves is generally lower than that of cellulose or hemicellulose, 

although this may vary with species, ranging from 6.8 % of leaf DM (Fraxinus excelsior) to 

30.9 % of leaf DM (Platanus hybrida). In the case of Alnus glutinosa, reported lignin content 

ranges between 8 to 12 % of leaf DM (Chauvet, 1987; Gessner, 2005). In contrast with cellulose 

and hemicellulose, generally considered as labile, lignin is much more recalcitrant. Lignin is a 

complex aromatic heteropolymer formed by the association of three main monolignols 

precursors: p-coumaryl, coniferyl and sinapyl alcohols, differing within each other by their 

degree of methoxylation (Río Andrade et al., 2017). Schematically, the lignin molecule can be 

viewed as a three dimensional amorphous polymer whose precursors association produces two 

differently linked guaiacyl (G) and syringyl (S) lignin units, generating a huge variety of 

structures within the polymer (Fig. 2). Hence, unlike other biopolymers, lignin contains no 

readily hydrolysable bond recurring at periodic intervals along a linear backbone, providing 

high resistance to degradation (Singh nee’ Nigam & Pandey, 2009). 

Aquatic ecologists often consider the chemical content of the leaves as the amount of nutrients 

available to feed decomposer and/or consumer organisms. Since decomposer microorganisms 

recover leaf nutrients for their growth, C N and P content in leaves are very important 

descriptors of  
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Figure 3: Simplified 2D representation of general cell wall composition in the different groups 

of Kingdom Plantae, including non-grass angiosperms (A), grasses (B), gymnosperms (C), 

leptosporangiates (D), eusporangiates, bryophytes (E) and charophytes (F). All groups have 

cellulose microfibrils. Note: Spatial distribution, orientation, size and proportion of polymers 

in this diagram are not per scale. (Figure from Sarkar et al. (2009)). 
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their chemical quality and consequently good proxies to estimate microbial decomposition rates 

(Enríquez, Duarte & Sand-Jensen, 1993; Graça, Bärlocher & Gessner, 2005). Slight variations 

in nutrient content within leaves from the same species or from the same sampling sites have 

been reported. Dawson & Funk (1981) observed variations in the nitrogen content from alder 

leaves directly collected from the trees ranging between 1.5 to 3% of the total dry mass 

according to the season. Such differences appears to be driven by environmental factors, such 

as temperature, rainfall levels, light availability or soils nutrients (Wright, Reich & Westoby, 

2001). Apart from these slight differences within the same species, huge variations in nutrient 

content are often observed between species. Generally, leaves nutritional quality are expressed 

as nutrient molar ratios (i. e. C:N, N:P and C:P). For example, oak leaves show high C:N ratio 

(ranging 46.3 - 93.6) but moderate C:P ratio (ranging 167-596), whereas alder leaves show low 

C:N ratio (19.27) but moderate C:P ratio (673). Accordingly, the rate at which the litter is 

decomposed generally depends on litter intrinsic characteristics (Ferreira et al., 2016). In a 

general way, leaves displaying low C:N and C:P ratios are decomposed faster than leaves 

displaying higher C:N and C:P ratios. Similarly, leaves toughness is an important descriptor to 

assess leaf-litter decomposition, and rates tend to be inversely proportional to the initial lignin 

concentration of the leaf. 

Forests surrounding rivers and streams usually include several riparian species. Accordingly, 

the influence of species diversity in mixed species litter decomposition has been investigated. 

In soil ecosystems, the presence of certain labile leaf species such as alder tends to accelerate 

the overall breakdown of mixed species litter (Briones & Ineson, 1996). However, most of the 

studies in stream ecosystems failed to find a general relationship between leaf species richness 

and breakdown rate (Swan & Palmer, 2004). Overall, mixing different leaf species leads to non-

additive effects on breakdown rates, with no differences observed between the single species 

conditions and the mixed ones (Kominoski et al., 2009; Kominoski, Marczak & Richardson, 

2011; Ferreira, Encalada & Graça, 2012). 
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iii. Leaf litter decomposition processes 

1) Abiotic factors 

 

The very first step in leaf litter decomposition in streams is purely abiotic: leaching. According 

to the literature, leaching occurs within 24h after immersion of leaves in stream water and may 

contribute up to 33% of the leaf mass loss (Petersen & Cummins, 1974; Benfield, 1996; Gessner 

et al., 1999). Although this mechanism is not completely understood, it is generally assumed 

that simple organic compounds such as reducing sugars, amino acids and phenolic substances 

as well as nutrients (i. e. phosphorus and potassium) are simply leached out from the leaf surface 

to end up in the stream water (Jensen, 1974; Suberkropp et al., 1976; Gessner and Schwoerbel, 

1989). Leaching can vary depending on the way that leaves reach the stream water (i.e. vertical 

or lateral inputs), which may further affect abiotic and/or biotic decomposition processes. For 

example, leaves from vertical inputs (falling directly into the stream water) will lose P gradually 

over more than two weeks, whereas leaves from lateral inputs (coming from the surrounding 

riverbanks) lose the same amount of P within a couple of days. This is because tissues in natural 

air-dried leaves are already heavily dammaged  (Gessner, 1991). Moreover, air-drying of leaves 

amplify leaf mass loss during the leaching phase. In the study of Gessner and Schwoerbel, 

(1989), pre-dried Alnus leaves lost ca. 20% of their total mass within 24 hours whereas non pre-

dried leaves did not experience significant mass loss over a period of 6.5 days. Accordingly, 

this could be attributed to retention mechanisms present in the plant to retain soluble cell 

components such as proteins and pigments. Cuticule and epicular waxes serves as an efficient 

barrier to water-soluble cell compounds by directly impeding permeation. The chemical 

constitution of the waxes and the morphological structure of the leaf surface have thus great 

importance in the leaf surface wettability (Tukey Jr, 1970; Jeffree, 1986). Pre-drying of leaves 

irreversibly damages the cuticular cover, enhancing permeation, and resulting in the observed 

differential mass losses between fresh and air-dried leaves. Since most of studies in litter 

decomposition use pre-dried leaves enclosed in mesh bags, leaching is perhaps less widespread 

in the environment than commonly assumed. However, to which extent these practices 

influence the estimation of actual in-stream leaf decomposition is currently unknown. 

Physical fragmentation is the other main abiotic parameter involved in leaf litter decomposition. 

It results from abrasion exerted by the flowing water and frictions against rocks and transported 

sediments and contributes to the release of fine particulate organic matter into stream water 

(Witkamp & Frank, 1969; Hodkinson, 1975; Ferreira et al., 2006). Non-disturbed headwater 
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streams are generally constituted by a succession of geomorphic units provoking an alternance 

of water velocities and depths within the stream section (Malavoi & Souchon, 2002). The nature 

and succession pattern of these geomorphic units is inherent to the stream and depend on many 

factors such as stream order, elevation, water flow and velocity or the nature of the bed 

substrata. This heterogeneity within the stream channel associated with the hydromorphological 

characteristics in the reach have ben shown to highly influence leaf-litter decomposition 

(Bastias Álamo, 2018). In their work, the authors recorded a 3 fold variation in terms of 

decomposition rates (ranging from 0.0076-1 to 0.0222 day-1) between study reaches, mostly 

explained by differences in terms of water velocity. Overall, this indicates that streambed 

hydromorphological heterogeneity may highly influence leaf-litter processing in streams, and 

that this parameter should be considered to avoid bias in decomposition rates estimation. 

 

 

2) Biotic decomposition 

 

Within the next hours after leaves fall into the stream, they will be colonized by 

microorganisms. These microorganisms are mostly heterotrophic and form communities 

attached to the leaves embedded in a complex matrix of extracellular polymeric substances 

called biofilms (Carrias & Sime-Ngando, 2009). Microbial decomposition of leaf-litter involves 

the combined action of a wide range of microorganisms (Slater & Lovatt, 1984). While it is 

widely accepted that bacteria and fungi are the main contributors due to their extracellular 

enzyme capabilities, other microorganisms may act indirectly, such as protists and 

photosynthetic algae, that will be discussed later on in this manuscript. The contribution of 

microbes to leaf litter decomposition is highly variable but remains non-negligible, generally 

ranging between 25% and 45% of the total leaf mass loss (Bärlocher & Kendrick, 1975; Hieber 

& Gessner, 2002; Baldy et al., 2007a). However, microbial decomposition has already been 

shown to greatlty exceed that of macroinvertebrate shredders. This is especially the case in 

disturbed streams where high concentrations of pesticides and nutrients and/or stream 

hydromorphogical modifications (i.e. resulting in a loss of habitats) may alter the diversity and 

richness of aquatic invertebrates. In the study of Pascoal et al. (2005a), reported that microbial 

decay rates in a polluted river (obtained from fine mesh bags) represented more than 75% of 

the total decomposition rates (obtained from coarse mesh bags) mostly because of the poor 
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representativeness of macroinvertebrates along the stretches of their study sites. Besides, 

microbial communities play also an indirect role by conditioning the leaf substrate for 

macroinvertebrate consumers. Leaves maceration by microbial enzymatic activities combined 

with the accumulation of microbial biomass of high nutritional value has been described to 

enhance leaf decomposition by macroinvertebrates. Thus, microbial degradation is considered 

as a key mechanism determining leaf breakdown rates in streams.  

 

Fungi 

Fungi are the dominant group colonizing decaying leaves and wood substrates in streams. 

Estimation of fungal biomass using ergosterol (a lipid specific to cell membranes of higher 

fungi) concentration as proxy, revealed that fungi account for 95–99% of the total microbial 

biomass in decaying leaves (Gessner & Chauvet, 1994; Hieber & Gessner, 2002; Pascoal & 

Cássio, 2004; Duarte et al., 2010). Up to now, about 2000 freshwater fungal species have been 

described in the literature, including representatives of all major fungal taxonomic groups 

(Chytridiomycota, Zygomycota, Basidiomycota and Ascomycota, (Gulis, Kuehn & 

Suberkropp, 2009a)). However, the most commonly found on decaying leaves in streams are 

hyphomycetes. These fungi, also known as Ingoldian fungi, comprise over 300 species, most 

of them belonging to the Ascomycota phylum (Webster, 1992; Shearer et al., 2007; Gulis, 

Kuehn & Suberkropp, 2009b). Aquatic hyphomycetes are anamorphic microscopic fungi with 

mycelial growth and hyphae developing on or within the leaf substrate (Gulis et al., 2009b). 

Their specificity lies in their adaptation to stream environments through the production of 

conidia (asexual spore of fungi), allowing them to easily colonize new substrates after their 

dispersion in water (Fig.4). However, their whole life cycle in streams is still poorly understood. 

Moreover, there is no evidence yet on the exact phylogenetic origin of aquatic hyphomycetes. 

A recent publication using molecular phylogeny approaches highlighted the great affinity of 

aquatic hyphomycetes with soil fungi, and especially the Leotiomycetes class of Ascomyceta 

phylum (Baschien et al., 2013). Besides, certain studies have shown that aquatic hyphomycetes 

may reach leaves before they enter the stream (Bandoni, 1972), highlighting the amphibian 

behavior of certain species. These results reinforce the hypothesis that aquatic hyphomycetes 

are natural descendants of terrestrial fungi who evolved to adapt to aquatic environments. 

Aquatic fungi, including hyphomycetes, also dominate leaf-associated microbial communities 

in terms of activity. Specifically, their contribution to the overall leaf carbon loss ranges 
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between  15 and 38% (Hieber & Gessner, 2002; Pascoal & Cássio, 2004).  Fungi are very active 

at the early stage of leaves decomposition, whereas their biomass and activity tend to decline 

during later stages due to grazing by macroinvertebrates. At these later stages, fungi become 

more active in spore production and release them into the water column to colonize new 

substrates (Gulis et al., 2009b). Fungi are mostly associated with the decomposition of coarse 

particulate organic matter (1-100 mm) in streams. They decompose organic matter using a large 

panel of extracellular enzymes, hydrolyzing and/or oxidizing the main constituents of the leaves 

(previously described in section 2). These enzymes include proteolytic, phospholytic, 

cellulolytic (cellulases, hemicellulases) and ligninolytic enzymes (laccase, phenol oxidase, 

peroxidase), which transform high molecular weight polymeric compounds such as cellulose, 

hemicellulose, and lignin into smaller molecular weight compounds that can be easily 

assimilated by the fungal cell (Abdullah et al., 1989; Chandrashekar & Kaveriappa, 1991; 

Abdel-Raheem & Shearer, 2002; Romaní, Artigas & Ylla, 2012). Overall, fungi are recognized 

as the main producers of extracellular ligninolytic enzymes and thus act as key players in the 

decomposition of lignified recalcitrant compounds. According to the model of Berg (1986), 

litter decomposition begin with the degradation of easily assimilable non-lignified compounds 

whereas later stages involve the degradation of the most recalcitrant fraction, comcomitant with 

the higher ligninolytic activity (Artigas, Romaní & Sabater, 2004a). Following that pattern, 

Nikolcheva, Bourque & Bärlocher (2005) observed a decrease in fungal diversity in the later 

stages of leaf-litter decomposition, indicating that some fungal strains are more efficient in the 

decomposition of lignified compounds. 
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Figure 4: Examples of conidia produced by aquatic fungi. (Figure from Descals, (2005)). 
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Microbial extracellular enzymatic activities 

As stated above, one essential function of heterotrophic microbial communities is the 

processing and recovery of key nutrients from the leaves (Caldwell, 2005). Such activity 

requires the utilization of extracellular enzymes to degrade the lignin barrier and to process 

complex organic compounds into assimilable subunits (such as sugars, amino acids). Hence, 

the enzymatic degradation of biopolymers requires the synergistic action of several classes of 

enzymes, and each of these classes can be linked with the production of assimilable P, C or N 

sources for microorganisms. Accordingly, microbial demand can be associated with the 

elemental stoichiometry of microbial biomass in relation to the environmental nutrient 

availability (Sinsabaugh, Hill & Shah, 2009). Hence, an equilibrium between C:N:P activity 

ratios of 1:1:1 is indicative of  an equilibrium between the elemental composition of available 

organic matter, microbial biomass and nutrient assimilation (Romaní et al., 2013). Following 

that basis, the theory of “ecoenzymatic stoichiometry” developed by Sinsabaugh, Hill & Shah 

(2009), suggests that microbial nutrient demand can also be reflected on the extracellular 

enzymatic activities, whose regulation is highly dependent on the available substrate present on 

the leaf or in stream water. 

There are several classes of enzymes, each of which is involved in a specific nutrient cycle. The 

most abundant compounds that are generally associated with the carbon cycle are cellulose, 

hemicellulose and lignin. The main enzymes involved in the decomposition of cellulose and 

hemicellulose of submerged leaves are cellulases (López-Mondéjar et al., 2016). Most of them 

(EC 3.2.1.4) possess an hydrolytic activity which consists in the cleavage of the β-1,4 bond in 

the polysaccharide chain. Cellulases are classified according to their mode of action as 

endocellulases (cleaving internal bonds of the cellulose chain), exocellulases or 

cellobiohydrolases (acting on the reducing or non-reducing ends of cellulose chains) and β -

glucosidases (converting cellobiose into glucose monomers) (Baldrian & Valášková, 2008a; 

Horn et al., 2012a). Production of cellulases and hemicellulases have been reported in fungi, 

however, it is generally assumed that bacteria are the main contributor to polysaccharide 

decomposition (Romaní et al., 2006a). The complete enzymatic decomposition of lignin 

requires several oxidative enzymes that occur more or less simultaneously. Most of these 

ligninolytic enzymes belong to the class of polyphenol oxidases and include lignin peroxidases 

(EC 1.11.1.14) and laccases (EC 1.10.3.2). Laccase are perhaps the largest class of enzymes 

within the polyphenol oxidases family belonging to the multi copper enzymes. These are 

proteins containing four copper active sites that catalyzes each one-electron oxidation of four 
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reducing substrate molecules concomitant with the four-electron reduction of molecular oxygen 

to water (Piontek, Antorini & Choinowski, 2002; Wong, 2009, Fig.5). In addition to lignin, 

laccase can oxidize many other phenolic compounds (Baldrian, 2006).  

The main compounds that are generally associated with the nitrogen cycle are proteins and 

peptides and the enzymes involved in the degradation of such compounds are proteases (EC 

3.4). Proteases constitute a huge group of enzymes that break down protein molecules through 

peptide bond hydrolysis to produce amino acids (Eskin & Shahidi, 2012). Proteases include 

endo and exopeptidases depending on their site of action which in turn include aminopeptidases 

(EC 3.4.14) which act at a free N terminus of the polypeptide chain and liberate a single amino 

acid residue, a dipeptide, or a tripeptide (Souza et al., 2015).  

Enzymes involved in the phosphorus cycle are phosphatases. Organisms can only assimilate 

dissolved phosphate and therefore phosphatase activity plays a fundamental role in the 

transformation of P into available forms (Margalef et al., 2017). There is a huge variety of 

distinct phosphatases which differ from each other by their substrate specificity and sequence 

homology in catalytic domains. However, all phosphatases catalyze the same general hydrolysis 

reaction that uses water to cleave a phosphoric acid monoester into a phosphate ion and an 

alcohol (Dighton, 1983). 
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Figure 5: Catalytic cycle of laccase. (Figure from (Wong, 2009)) 

 

 

Bacteria 

The second microbial group present in decomposing submerged leaves is bacteria. Despite they 

represent less than 5% of the microbial biomass in leaves, bacteria can be as active as fungi 

when regarding literature reports (Hieber & Gessner, 2002). In contrast with fungi, who can 

penetrate the leaves tissues thanks to their hyphae, most of bacteria are restricted to colonize 

leaf surfaces, and eventually the surface of the fungal hyphae (Gulis & Suberkropp, 2003). 

There is a huge diversity of bacteria inhabiting streams. Reported bacterial species richness on 

leaves often exceed those of fungi by a factor 2 to 5, generally reaching 30 to 40 different 

species, altough similar richnesses have already been reported (Das, Royer & Leff, 2007; 

Mykrä, Tolkkinen & Heino, 2017). However, still little is known about the real bacterial 

diversity in streams. Based on the amplification of the 16S rRNA genes, Methé, Hiorns & Zehr 

(1998) reported that Proteobacteria (mostly α and β) constitues the major phylum in freshwater 

habitats, usually representing more than 50% of the total number of sequences. Other main 

phyla include Bacteroidetes, Actinobacteria and Acidobacteria (Heino et al., 2014). 

Interestingly, new generation sequencing technics (such as direct sequencing of the 16S rRNA 
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gene) allowed to highlight distinct microbial assemblages between freshwater and soil 

ecosystems suggesting that the vast majority of bacterial species are exclusive to freshwaters 

(Logue, Bürgmann & Robinson, 2008). On the other hand, many of the freshwater clades appear 

to have widespread geographic distributions (Yannarell & Kent, 2009). 

Although bacteria have faster growth and turnover rates comparing to fungi, they are considered 

as less important for plant litter decomposition, especially because they lack the enzymatic 

machinery that breaks down the plant fibers  (Romaní et al., 2006a). Contribution of bacteria 

to overall leaf carbon loss rarely exceeds 15% (Pascoal & Cássio, 2004). As for fungi, bacteria 

are capable to synthetize a large array of extracellular enzymes. However, bacteria are mostly 

associated with the decomposition of simple polymeric compounds resulting from fungal 

primo-degradation (Allison & Vitousek, 2005). The above statement remains confusing since 

ligninolytic activity has also been described for bacteria (Kumar & Chandra, 2018). Then, 

bacteria are supposed to play a key role in the decomposition of fine particulate and dissolved 

organic matter, explaining their higher contribution in later stages of leaves decomposition in 

streams (Baldy, Gessner & Chauvet, 1995).  

 

Benthic microalgae and protists 

Although we observed that autotrophic production in forested streams was globally minor 

compared to the heterotrophic one, this does not necessarily means that primary producers are 

unimportant for heterotrophic microbial communities functioning (Danger et al., 2013). 

Primary producers can colonize the surface of leaf substrates and have been shown to participate 

indirectly to the decomposition of leaves. Resulting from their photosynthetic activity, algae 

can release substantial amounts of labile carbon exudates permitting to accelerate leaves 

decomposition by heterotrophs. The stimulation of the decomposition of recalcitrant 

compounds by high-quality organic matter resources is called the “priming effect”. The priming 

effect has been widely studied in soils (Kuzyakov, 2010) but less frequently in aquatic 

ecosystems (Guenet et al., 2010; Kuehn et al., 2014). These labile algal-based exudates could 

facilitate the coexistence between fungi and bacteria and among fungal species by contributing 

to create new ecological niches (Danger et al., 2013). This is especially the case for bacteria 

that lack the enzymatic machinery to degrade leaves’ complex polymers (e.g. lignin) and thus 

are highly dependent on fungi. Unfortunately, most studies addressing the priming effect in 



 

23 
 

heterotrophic microbial communities are laboratory microcosm approaches which complicate 

the extrapolation of this phenomenon to the field. 

Heterotrophic protists are also associated to decaying leaves in streams (Gaudes et al., 

2009). This group of unicellular eukaryotes includes ciliates, amoeba and heterotrophic 

flagellates, (Sanders, 2009). The way how protists affect leaf decomposition has been poorly 

investigated. However, heterotrophic protists, which are the smallest consumers of microbes 

and especially bacteria, may act as top-down controls of bacterial abundance and carbon flow 

(Stuart, Lucas & Newell, 1981; Fenchel, 1986; Berninger, Finlay & Kuuppo-Leinikki, 1991; 

Finlay & Esteban, 1998). Protist grazing on bacteria would enhance leaf decomposition rates 

because of higher bacterial turnover in response to grazing pressure by consumers, stimulating 

overall microbial decomposition (Sherr & Sherr, 1994; Ribblett, Palmer & Wayne Coats, 2005).  

 

Macroinvertebrates 

Stream macroinvertebrate communities include aquatic insects belonging to the 

Ephemeroptera, Plecoptera, Odonata, Diptera and Trichoptera orders (Tachet, Bournaud & 

Richoux, 1991), as well as other invertebrates taxa such as crustaceans (Gammarid amphipods) 

and mollusks (Wallace & Eggert, 2009). The main functional feeding groups involved in the 

fragmentation of submerged leaves in streams (i.e. release of particulate and fine organic matter 

from leaves) are shredders and grazers-scrappers. Typical shredder organisms are Gammarid 

amphipods, many Plecoptera, Trichoptera and some Tipulid dipterans that feed mostly on 

coarse particulate organic matter (leaves). Conversely, typical grazer organisms are 

Ephemeroptera (mayflies) that feed almost exclusively on the periphyton, plant roots, and to a 

lesser extent on leaf litter (Graça, 2001a; Winkelmann et al., 2007).  

Macroinvertebrates are considered as the main contributors to leaf mass loss in streams (i. e. 

64% and 51 % for alder and willow leaves in temperate streams, respectively, (Hieber & 

Gessner, 2002)). Their contribution to leaf decomposition is tightly dependent on population 

densities, leading to some cases in which no differences between microbial and 

macroinvertebrate decomposition are observed (Graça, 2001a). In addition, macroinvertebrate 

shredders show feeding preferences depending on the leaf species (Canhoto & Graça, 1995; 

Schulze & Walker, 1997). For example, shredders tend to preferentially feed on alder leaves 

(mean consumption of 0.044 mg mg DW-1 day-1) rather than eucalyptus leaves (mean 

consumption of 0.01 mg mg DW-1 day-1, (Webster & Benfield, 1986; Canhoto & Graça, 1995, 
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1996)). Such differences appear to be driven by leaf chemical composition (including leaf 

toughness, nutrient content, and the presence of indigestible/defensive chemical compounds). 

Indeed, freshwater macroinvertebrates typically lack the enzymatic machinery to digest 

cellulose and lignin (Bärlocher, 1985; Suberkropp & Wallace, 1992; Graça, Maltby & Calow, 

1993; Rong, Sridhar & Bärlocher, 1995). This highlights the high dependence of 

macroinvertebrates to the microbial conditioning of leaves, the latter providing micronutrients 

not present in leaf tissues to the former (Cargill et al., 1985). Consequently, microbial 

colonization of leaves influences macroinvertebrate shredders feeding behavior since they 

preferentially feed on conditioned leaves (Kiran, 1996). As an illustration, shredders 

assimilation efficiencies are considerably higher when ingesting microorganisms (50-92%) 

than when just ingesting plant detritus (6-35%) (Graça, 2001b). However, it seems not to be the 

case for all fungal species. For example, Alatospora acumunata, Clavariopsis aquatica, or 

Flagellospora curvula were reported as species preferred by Gammarus fossarum whereas 

Tetracladium marchalianum, appeared rejected by the later (Bundschuh et al., 2011a). 

Although the basis of such selection is not clear, several authors advanced that such differences 

may come from the production of distasteful compounds by some fungal species (Arsuffi & 

Suberkropp, 1989). Indeed, fungi can produce a variety of secondary metabolites involved in 

microbe-microbe interactions for defensive purpose, which may repel macroinvertebrates at the 

same time. 

 

 

 River ecosystems and human activity 

 

Anthropogenic activity, through agriculture, urbanization, industrial activities or transports, 

poses a great threat to water resources quality and quantity. This contamination is especially 

controversial when affecting headwater stream ecosystems that are considered as reservoirs of 

biodiversity and responsible of pivotal functions for river downstream sections. The mass inputs 

of a large amount of chemical compounds, including xenobiotics, stream eutrophication by 

nutrients from fertilizers uses and bed hydrophormological modifications to facilitate human 

activities provoke massive damages on stream biodiversity and the ecosystem services they 

provide (Harding et al., 1998; Sala et al., 2000). Sadly, freshwater ecosystems are among the 

most endanged ecosystems in the world and it is generally agreed that the intensity and rate of 
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recent perturbations have no precedent since the beginning of the Holocene, 11500  years ago 

(Mann, Bradley & Hughes, 1998; Barnett, Pierce & Schnur, 2001; Barnett et al., 2004). Europe 

makes no exception to this finding. Most of European rivers and streams are highly impacted 

by eutrophication, and this has been recognized of significant environmental concern since the 

late 1980s up to nowadays (European Environment Agency, 2010, Leaf, 2017). Moreover, more 

than a half of the monitored rivers in Europe are contaminated by at least one pesticide 

compound (WISE WFD Database, Malaj et al. (2014)), excluding pharmaceuticals.  

 

 

 

Table 1: Suggested trophic boundaries for rivers and streams (from Dodds et al. 1998). Note: 

these were based on current nutrient distributions in the United States at the time, not 

corrected for anthropogenic influence (an unknown proportion of the sites used to create these 

distributions were true reference sites). (Data from Dodds & Smith (2016)) 
 

 

iv. Effects of eutrophication 

 

Eutrophication, from the Greek eutrophos, literally “well-nourished”, can be defined as the 

increase in the rate of supply of organic carbon to an ecosystem, stimulated by inputs of mineral 

nutrients such as nitrogen and/or phosphorus (Richardson & Jørgensen, 1996). This concept 

was first introduced for lake ecosystems by Naumann in1931 (as cited in Hutchinson, 1967) to 

describe the increase in autotrophic production due to nutrients by phytoplankton (Dodds & 

Cole, 2007). This concept has been adapted to headwater streams, where eutrophication levels 

must take into account mineral nutrient concentrations and authochthonous organic matter 

production (Dodds, 2007). Dodds & Smith, (2016) suggested a new classification system for 

rivers and streams trophic boundaries that we will further use in this thesis manuscript as basis 

for stream classification (Table 1). 

https://www.sciencedirect.com/science/article/pii/S004896971733187X#bb0065
https://www.sciencedirect.com/science/article/pii/S004896971733187X#bb0155
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Eutrophication is a natural phenomenon, and each stream has its own trophic baseline, which 

depends on the region, climate, riparian vegetation, and benthic substrata composition. 

However, human activities have greatly accelerated this phenomenon by large nutrient inputs 

in streams over the last decades. We can distinguish direct and indirect causes for stream 

eutrophication derived from human activities. Direct causes are characterized by point-source 

and chronic source inputs of nutrients (nitrogen and phosphorous) and dissolved organic carbon 

in stream water. These pollution sources are derived from agriculture, waste water treatment 

plants, domestic waste, among others. Indirect causes include modifications of stream 

hydromorphology such as channelization and afforestation. Channelization decreases water 

residence time and afforestation increases nutrient inputs. Interestingly, seasonal patterns in 

nutrient concentrations (especially nitrates) in temperate streams subjected to agricultural 

pressure revealed that nitrate concentration is maximal in winter and minimal in summer. These 

inter seasonal variations in nitrate concentrations can be explained by i) a higher nitrate leaching 

due to the lower nutrient retention by the riparian vegetation in winter (Arheimer, Andersson 

& Lepistö, 1996; Holloway & Dahlgren, 2001; Ocampo, Sivapalan & Oldham, 2006; Molénat 

et al., 2008) and ii) higher in-stream nitrogen uptake and denitrification rates in summer 

comparing to winter (Peterson et al., 2001; Mulholland et al., 2008, 2009).  

Europe is particularly concerned by nutrient contamination in streams and rivers, recording 

decreasing but high nitrate concentrations between 1992 and 2012. Average nitrate 

concentrations in 2012 in European rivers were about 2 mg L-1, (Fig.6A). In France, a similar 

pattern can be observed (Fig 6B), with half of the regions (mostly in northern France) exhibiting 

average nitrate concentrations of 10 mg L-1. Nutrient data available since 1992 confirm that 

nitrate concentrations in French rivers remained stable and that this is the main parameter 

responsible for their eutrophication. In contrast to nitrate, phosphate concentrations in European 

streams and rivers show a progressive decrease over the last 20 years (Fig.7A). In 2012, average 

phosphorus concentrations display values ranging 50-75 µg L-1. Phosphate concentrations in 

French rivers have also decreased over the last 20 years, recording concentrations of 48 µg L-1 

in 2012 (Fig.7A). This observed pattern of nutrient concentrations variations in streams and 

rivers can mostly be explained by fertilizer sales (Fig.8). While nitrogen fertilizer uses remains 

stable over time, phosphorus fertilizers uses have greatly decreased in the last 20 years. Despite 

the efforts of the European Water Framework Directive to improve surface water quality in 

terms of nutrient concentrations, most of rivers in France (idem for Europe) are still considered 

as eutrophic regarding Dodds & Smith, (2016) classification (Table 1). 
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A 

 

B 

 

Figure 6: A Average nitrate concentrations in rivers and stream in Europe between 1992 and 

2012. Values are means. B  Average nitrate concentrations in rivers and stream in France 

between 1992 and 2012. (Source:  Waterbase - Rivers provided by European Environment 

Agency (EEA)). 
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(Vitousek et al., 1997a b; Nijboer et al., 2004). Although there is considerable controversy 

regarding which nutrient (nitrogen or phosphorus) influences the most litter decomposition, it 

is overall accepted that nutrient enrichment accelerates leaf mass loss, stimulates microbial 

activity and enhances fungal biomass accumulation (Artigas, Romaní & Sabater, 2004b; Hagen, 

Webster & Benfield, 2006; Magbanua et al., 2010). (Ferreira et al., 2015) conducted a meta-

analysis study including 840 case studies and showed that overall nutrient enrichement by both 

nitrate and phosphate stimulated leaf-litter decomposition rates by approximately 50%. 

Interestingly, this study also revealed that stimulation was lower when nitrate or phosphate were 

added separately. Nutrient addition has also been reported to modify C:N and C:P molar ratios 

of the immersed leaves. In most cases, this can be explained by a modification of the nutrient 

molar ratios of the attached microbial communities. However, Kominoski et al. (2015) also 

observed a reduction of leaf C:N and C:P molar ratios associated to a higher carbon uptake by 

microorganisms to compensate dissolved nitrogen and phosphorus addition.  

Besides microbial stimulation, various studies observed a negative effect of nutrients on litter 

decomposition which depends on the concentration and nature of amendments (Baldy et al., 

2002; Duarte et al., 2009). Indeed, inhibition of leaf decomposition rates may occur when 

dissolved nutrient concentrations reach toxic levels (Lecerf et al., 2006; Ferreira & Chauvet, 

2011). For instance, high nitrite (NO2
-), ammonium (NH4

+) and ammonia (NH3) concentrations 

(above 103, 1800 and 15.6 µg L-1, respectively) in eutrophic streams have been shown to 

decrease fungal diversity and biomass, as well as their potential for decomposing leaf litter 

(Baldy et al., 2002; Duarte et al., 2009). Nitrogen concentration increases have been shown to 

decrease certain fungal extracellular enzyme activites (Sinsabaugh, 2010). This seems 

particularly the case of the ligninolytic activities, mostly because of their involvement in 

nutrients uptake by aquatic fungi (Osono, 2007; Baldrian & Valášková, 2008a; Horn et al., 

2012a; Walker & White, 2017a). When nutrient amendments stimulate litter decomposition, 

eutrophication might narrow the window of opportunity for allocthonous organic matter 

decomposition leading to changes in stream ecosystem functioning (i. e. increasing autotrophy, 

Sabater et al., 2011). Moreover, another important issue that needs to be taken into account 

when investigating contaminated streams functioning today, is the presence of micropollutants, 

possibly interacting (positively and/or negatively) with nutrients.  
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A 

 

B 

 

Figure 7: A Average phosphorus concentrations in rivers and stream in Europe between 1992 

and 2012. Values are means. B  Average phosphorus concentrations in rivers and stream in 

France between 1992 and 2012. (Source:  Waterbase - Rivers provided by European 

Environment Agency (EEA)). 
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Figure 8: Evolution of nitrogen (green) and phosphorus (red) fertilizers delivered per hectar 

(ha) of fertilizable area between 1972 and 2014 in France. (Sources: Unifa, enquête sur les 

livraisons d’engrais; Maaf/SSP). 

 

 

v. Effects of micropollutants  

 

Micropollutants constitute a large family of organic, mineral and/or biological substances of 

anthropic origin, present at low concentrations (from ng/L to µg/L) in the environment, and 

being able to display severe ecotoxicological effects on living organisms and/or ecosystems 

integrity. Micropollutants include pharmaceuticals, pesticides, personal care products, steroid 

hormones, industrial chemicals, and many other emerging compounds such as nanoparticules. 

In this manuscript, we will focus on pharmaceutical and pesticide molecules effects on 

microbial litter decomposition in streams.  
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Pharmaceuticals 

Pharmaceuticals contamination in streams recieved growing interest from societies, stream 

managers and scientists over the last decades. There are approximately 4000 pharmaceutical 

molecules on the market belonging to many different families, including antibiotics, beta-

blockers, anxiolytics, anti-hypertensors, anti-inflammatory, analgesics, and stimulators, among 

others (Monteiro & Boxall, 2010). These compounds have been essentially developed for 

human or veterinary uses, though a large number are also used in agriculture to fight against 

plant diseases (Rosi-Marshall & Royer, 2012). Water chemical analyses have revealed growing 

concentrations of pharmaceuticals in many stream ecosystems across the world over the last 

decades (Kolpin et al., 2002). Main pollution sources include livestock farming and hospital 

effluents. Drugs supplied to humans and animals can be only partially metabolized and end up 

in the environment (Bundschuh et al., 2009). Due to an incomplete elimination of these 

compounds by actual wastewater-treatment plants, residues of many pharmaceutical products 

can reach surface waters. Antibiotic compounds such as trimethoprim, ciprofloxacin or 

sulfamethoxazole are the most frequently detected, with concentrations ranging from 10 to 2000 

ng/L (Nikolaou, Meric & Fatta, 2007). However, occurrence of antibiotics in stream waters is 

highly variable among countries, regions and/or seasons.  

Up to now, few studies have focused on the effects of antibiotics on leaf-litter decomposition 

in streams, investigating for effects on microbial communities and macroinvertebrates. Because 

of their intrinsic mode of action, antibiotics (bactericides and fungicides) are expected to cause 

adverse effects to aquatic biological communities, especially microbes (bacteria and fungi) 

(Haritash & Kaushik, 2009; Minguez et al., 2016). However, reported effects on these 

communities appears almost insignificant at environmentally relevant concentrations 

(Bundschuh et al., 2009, 2017; Jonsson et al., 2015). Only very high concentrations of the 

antibiotic ciprofloxacin (above 100 µg/L) were reported to induce changes in aquatic microbial 

community structure, but not on macroinvertebrate community structure (Maul et al., 2006). 

Very little literature is available on the effect pharmaceutical compounds on leaf litter 

decomposition, other than antibiotics. To our knowledge, only Hughes, Kay & Brown (2016) 

tested the effect of beta-blockers (propranolol), anti-inflammatory (diclofenac, ibuprofen, 

mefenamic acide) alone or in mixture with an antibiotic (erythromycin) on leaf-litter 

decomposition. Results revealed that exposure to these pharmaceuticals in mixture at either 7.2 

µg L-1 or 7.2 mg L-1 did not influence litter breakdown by microbes and/or macroinvertebrates, 

or leaf colonization by macroinvertebrates. Hughes et al. (2016) concluded that release of 
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sewage effluents do not represent a risk to leaf-litter breakdown in streams, though this 

statement must be taken with great caution. However, streams and rivers are often contaminated 

by complex mixtures of xenobiotic compounds (including pharmaceuticals and pesticides). To 

which extent these various compounds may interact with each other and impact aquatic 

organisms remains unknown. 

 

Pesticides 

Pesticides constitute another class of contaminants present in stream ecosystems at 

concentrations often higher than those of pharmaceuticals. Pesticide compounds include 

herbicides, fungicides, insecticides, nematicides, plant growth regulators, among others. While 

they can be used in a wide range of applications including pathogen and weed control, they 

mostly originate from agricultural practices. Changes in agricultural practices to increase 

agricultural yields (i.e. use of cocktail of pesticide molecules instead of high doses of a unique 

molecule) have led to use mixtures of different pesticide compounds. In 2015, pesticide 

consumption worldwide was estimated to 250,000 tons of active ingredients, and this 

consumption does not seem to significantly decrease since 2010 (Fig.9) (Food and Agriculture 

Organization of the United Nation, FAOSTAT). Among this huge quantity of pesticides used, 

half of the detected compounds in surface waters are herbicides followed by fungicides and 

insecticides in similar proportions (Fig.10). Pesticide spreading often occurs during spring and 

summer, depending on the type of crops, and is often used in several applications. While a small 

part of pesticides applied is intercepted by the vegetal cover, most of them reach soils. The 

major pathway of pesticides input in streams consists in runoff from soils during rainfall events 

(Leu et al., 2004; Rabiet et al., 2010; Bereswill et al., 2012). Other pesticide transport pathways 

exist including i) wind drift during spreading ii) percolation from soils to groundwater and iii) 

exchange between groundwater and stream water (Barbash et al., 2001; Kolpin, Thurman & 

Linhart, 2001; Schulz, 2004). Although contamination of surface waters by pesticide 

compounds is expected to be transitory, and mostly during spreading periods, many parameters 

influence their inputs in streams. Briefly, soil physical and chemical properties, as well as the 

intrinsic physical and chemical characteristics of the  pesticide molecules, and/or the presence 

of adjuvants may affect its transport to streams (Krogh et al., 2003). For instance, several 

pesticide compounds (including the herbicides atrazine and diuron) are considered as very 

recalcitrant, adsorbing to surface sediments where they can remain for several years. In surface 

waters, the high frequency of detection and high concentrations of pesticides are expected to 
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strongly affect litter decomposition processes (Beketov et al., 2013). In France, more than 50% 

of rivers and streams are contaminated by at least one pesticide compound at concentrations 

above the threshold for drinking water (0.5 µg L-1), and only 48% are in good chemical status 

regarding pesticide contamination (Fig.11). Among pesticides, herbicides are the most detected 

compounds in French streams, with a detection frequency in water samples above 80%, far 

from insecticides (57%) and fungicides (51%) detection frequencies. 

 

 

Figure 9: Global pesticides consumption in Europe between 2010 and 2015. Values are 

expressed as tonnes of active ingredients. (Source: Food and Agriculture Organization of the 

United Nation, FAOSTAT). 
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Figure 10: Detection frequency of the main family of pesticides compounds in French rivers 

and streams in 2012. 

 

The effects of pesticides on leaf-litter decomposition in streams have been extensively studied 

over the last decades. Most of these studies have been focused on fungicides impact given their 

potential direct effects on aquatic fungal communities contributing to litter decomposition. 

Fungicides include many compound families each with a specific mode of action (i. e. inhibiting 

of amino acids synthesis, cell division or sterol biosynthesis (Van den Brink et al., 2007; 

Maltby, Brock & van den Brink, 2009). In most cases, exposure to fungicides lead to a decrease 

in microbial decomposition rates of leaves explained by i) a decrease in fungal biomass, ii) 

changes in microbial community structure, and iii) eventual decrease in enzymatic activities 

(Zubrod et al., 2011a, 2015b a; Bundschuh et al., 2011a; Artigas et al., 2012). Indirect effects 

of fungicides (i. e. tebuconazole) have been shown to affect macroinvertebrates due to decreases 

in leaf nutritional quality (i.e. decrease in fungal biomass and/or changes in fungal community 

structure) suggesting a potential influence of the fungicide on the entire stream food web 

(Zubrod et al., 2011a; Bundschuh et al., 2011a). Very little literature is available on herbicides’ 

and insecticides’ effects on leaf-associated microbial communities, probably because their 

effects are supposed to be negligible. Insecticides have been shown to strongly impact 

macroinvertebrate decomposers, provoking mortality or changes in their feeding behavior 

(Schäfer et al., 2007). Whether microbial communities exposed to insecticides could propagate 

its toxicity to macroinvertebrates remain and open question. Conerning herbicides’ impact, they 

have been shown to directly impact autotrophic organisms in the periphyton, reducing their 
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diversity and chlorophyll content (Villeneuve, Larroudé & Humbert, 2011a; Pesce, Bouchez & 

Montuelle, 2012a). Since microalgae increase leaf-litter decomposition through the priming 

effect, herbicides in streams could indirectly impair leaf microbial decomposition. This is, 

however, just a hypothesis and remains to be tested. 

 

 

 

Figure 11: Average concentrations of pesticides in French streams in 2012. (Sources: Agences 

et offices de l’eau, 2015 (SOeS, 2015a)) 
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vi. Water framework directive and ecological status of streams 

 

Pressure on freshwater resources is intensifying rapidly with climate change, population 

growth, continuing economic development and the expansion of biofuel crops, raising the 

concern of both governmental and non-governmental organizations. Thus on 23 October 2000, 

the Directive 2000/60/EC of the European Parliament and of the Council establishing a 

framework for the Community action in the field of water policy was adopted by all European 

countries under the name of Water Framework Directive (WFD) with one goal: “Getting 

Europe's waters cleaner”. This include general protection of the aquatic ecosystems, specific 

protection of unique and valuable habitats, protection of drinking water resources, and 

protection of water for recreative activities. To reach these objectives, a general requirement 

for ecological protection (good ecological status), and a general minimum chemical standard 

(good chemical status) were introduced with a classification system (High, good, moderate, 

poor and bad). Good chemical status refers to the compliance of stream waters with all the 

quality standards established for chemical substances at European level. This includes 

information on thresholds for many substances (including nutrients, heavy metals and 

xenobiotics) and a list a 45 priority substances presenting a significant risk to aquatic 

environments. Good ecological status is defined as the state of the ecosystem in the absence of 

disturbance, and mainly refers to the quality of the biological communities or their deviation 

from what would be expected in a system without perturbations (reference system). This 

assessment relies on the integrity of the trophic chain, from primary producers (microalgae, 

particularly Diatoms) to macroinvertebrates and fishes. In addition, to achieve the sustainable 

use of pesticides across Europe, a framework for Community action was established (Directive 

2009/128/EC). For example, in France, the WFD was accompanied with the Ecophyto 

management plan I (Agence BIO). Initiated in 2008, this management plan had as objective to 

decrease by 50% the use of phytosanitary compounds in France by 2018. Now in 2018, the 

objectives of the Ecophyto plan I have not been reached and a second management plan has 

been launched (Ecophyto II) postponing Ecophyto I objectives to 2025 (Agence BIO). 

Although the quality of surface waters was greatly improved over the last 50 years, the WFD 

has still not delivered its main objectives of non-deterioration of water status and the 

achievement of good status for all EU waters, originally planned for 2015. The European 

Environmental Agency reveals that 57% of European rivers still present a moderate, poor or 

bad ecological status regarding chemical contamination (wise WFD database, 2017). In 
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addition, fertilizer (including N and K2O) and pesticide consumption across Europe tends to 

increase or at least, remain stable (FAOSTAT). Moreover, there is a serious lack of knowledge 

on the number and nature of chemical compounds present in streams and rivers accross the 

world. Advances in environmental chemistry have highlighted the presence of numerous 

xenobiotic compounds present in surface waters. This complex contamination complicates 

ecotoxicological studies since researchers have to deal not only with parent compounds’ effects 

but also with their metabolites issued from abiotic (phototransformation) or biotic 

(microroganisms) transformation. In some cases, the toxicity of metabolites can be greater than 

that of parent compounds (Carles, 2016). 

In front of this evidence, it has become obvious that indicators utilized by the WFD are 

insufficient. Current indices of the biological quality of surface waters are based on the 

presence/absence of diatom, macroinvertebrate and fish sensitive species as well as their 

densities, and they neglected functional ecosystem descriptors. Moreover, current indices do 

not assess heterotrophic microbial communities, which are at the basis of the stream food webs 

supporting allocthonous and/or authochthonous organic matter recycling. This thesis will 

therefore assess whether microbial leaf-litter decomposition is a good descriptor to assess 

stream functional integrity (Gessner & Chauvet, 2002; Young, Matthaei & Townsend, 2008) in 

the context of complex chemical contamination.  
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Structure and Objectives of the thesis 
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As current knowledge assessing chemical contamination effects in leaf-litter decomposition in 

streams is increasing, several research questions still remain unanswered. The following 

research gaps derived from published studies in aquatic ecoxotxicology have inspired this thesis 

work: 

1. Many studies have assessed the effects of xenobiotic compounds and nutrients on leaf 

decomposition, but most of them were conducted in the laboratory using toxicant 

concentrations far above environmentally relevant ones (Zubrod et al., 2011b). 

Although laboratory experiments in microcosms confer a large array of advantages 

(various physico-chemical parameters can be controlled, easy to set-up, fast response, 

and cheap) they seriously lack ecological representability since they are simplified 

systems. Then, to which extent results obtained using microcosm approaches can be 

extrapolated to what is happening at the stream ecosystem level?  

2. In contaminated streams, xenobiotics are often present in complex mixtures and tend to 

co-occur with high nutrient concentrations. However, most studies tested the effect of 

nutrients and pesticides separately on leaf-associated microbial communities (Gulis & 

Suberkropp, 2003; Dimitrov et al., 2014). The environmental representativity of these 

studies can be questionable given the proved interaction between nutrients and 

xenobiotics on microbes. Few studies have tried to test such interaction, and only 

between nutrients and a fungicide or between a fungicide and an insecticide (Flores et 

al., 2014; Dawoud et al., 2017). Since stream waters in Europe are essentially 

contaminated by herbicides (in terms of both detection frequency and concentration 

level), it would be interesting to investigate the specific interaction between herbicides, 

fungicides, and nutrients on leaf-associated microbial communities. 

3. Several studies have assessed the impact of a stress by water chemical contamination 

on microbial leaf-litter decomposition in streams (Rasmussen et al., 2012), but studies 

are missing on the resilience capacity of these communities after this stress is removed. 

This is particularly relevant in the context of the WFD and the French Ecophyto 

programm. Can contaminated stream ecosystems recover from chronic exposure to 

chemical contamination of anthropogenic origin?  

4. Extracellular enzymes are necessary for microbes to transform and/or mineralize 

organic matter for their self-consumption. Yet, assessing the extracellular enzymatic 

potential of aquatic microbial communities in situ is complex due to the water chemical 

contamination. Indeed, enzymatic activities have been considered as weakly specific 
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physiological descriptors of stream water contamination (Sabater et al., 2006), mainly 

because of their multiple roles in fungal physiology. However, recent findings suggest 

that laccase enzymatic activity might be involved in the detoxification mechanisms 

employed by aquatic fungi against pesticide exposure. Can laccase activity be used as 

bioassassement tool to assess pesticide exposure in streams? 

 

Thus, the objectives of this thesis are: 

 i) to compare natural microbial communities structure and activity during leaf-litter 

decomposition in less contaminated (upstream sites) and more contaminated (downstream sites) 

stream sections within different watershed types (agricultural, urbanized, and forested). And, 

to assess which of environmental parameters (nutrients, conductivity, oxygen, pH, among 

others) and/or xenobiotics (pharmaceuticals and pesticides) influence the most litter 

decomposition process (chapter 1) 

We hypothesized that watersheds exposed to high agricultural and urban pressures (greater 

input of pesticides and pharmaceuticals) would be negatively affected in terms of microbial 

decomposition activity compared to forested watersheds, though this effect could be 

compensated by the co-occurrence with high nutrient concentrations. 

 ii) to assess the effect of an interaction between stream eutrophication and pesticide 

contamination on leaf-associated microbial decomposer communities. Two different nutrient 

conditions were selected (mesotrophic and eutrophic) and combined with three pesticide 

treatments (fungicide alone, herbicide alone and the mixture of both) to seek for interactive 

effects on microbial communities using a microcosm approach. In addition, multi-

contamination effect on leaf palatability for macroinvertebrate consumers was also assessed in 

this experiment (chapter 2) 

We hypothesized that fungicide exposure (alone or in mixture with the herbicide) would 

significantly affect fungal communities associated with alder leaves, while the effects of the 

herbicide alone would be expected to be very limited due to its specific mode of action. Besides, 

we expected that nutrient increase in the eutrophic condition would to minimize the effects of 

pesticides on microbial communities’ biomass and activity and further mask pesticide effects 

on leaf palatability for the macroinvertebrate Gammarus fossarum. 
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 iii) to determine the resistance and recovery abilities of leaf-associated microbial 

communities regarding water chemical contamination using a translocation experiment (chapter 

3) 

We hypothesized that microbial communities would be impaired by chemical exposure due to 

the translocation from upstream to downstream, suggesting a low resistance potential. On the 

other hand, the recovery potential of leaf-associated fungal communities suggests that such 

communities could recover after stress removal caused by the translocation from downstream 

to upstream, probably because of species immigration processes from the preserved sites. 

 iv) to investigate the response of microbial laccase activity to stream water chemical 

contamination. Laccase activity data obtained from chapters 1, 2, and 3 were combined with 

dose-response experiments performed in the laboratory in the aim to determine whether laccase 

activity is a good biomarker of stream water chemical contamination (chapter 4) 

We hypothesized that exposure to fungicides would increase microbial laccase activity by 

triggering detoxification mechanisms, while high nitrate availability is expected to balance this 

effect and reduce laccase activity.  
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Chapter 1: Stimulation or inhibition: 

Leaf microbial decomposition in streams 

subjected to complex chemical 

contamination 
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The very first step of this thesis work was to understand microbial decomposition of leaf-litter 

by comparing a range of streams subjected to different types of chemical contaminations. One 

of the advantages of the Puy-de-Dôme region (Centre France) is the availability of a high 

diversity of streams and rivers, including highly preserved upstream sections at moderate 

altitudes (≈ 800m) and contaminated downstream sections at lower altitudes (≈ 400m). The 

selection of the study sites was performed in agreement with “Eaux et Produits Phytosanitaires 

en Auvergne-Rhône-Alpes” ex Phyt’Eauvergne (http://www.eauetphyto-aura.fr), a group in 

charge of the pesticide monitoring in surface and groundwaters from the Auvergne-Rhône 

Alpes region in France. Based on previous data from Phyt’eauvergne (obtained over a 5 year-

period) and the prevailing land use, we selected a total of 6 watersheds (right column): 

 

 

 

 

 

 

The classification of the surveyed streams was performed according to the study of (Rasmussen et al., 

2012). Each stream fell into one of these categories (i.e. forested, urbanized and agricultural) according 

to its prevailing land use. 

All the catchment areas of these streams belong to the Allier basin, the Allier belongs to the upstream 

part of the large Loire basin which flows to the Atlantic Ocean. For each of the six streams, a downstream 

contaminated site (close to the confluence with the Allier river) and an upstream pristine site (close to 

the stream source) were selected (Fig.12). While the choice of different watershed types allowed us to 

compare the effect of land use contamination on microbial decomposition of leaves, the use of the two 

sites (i.e. upstream and downstream) allowed us to have insights on the gradient of contamination within 

each watershed. All these six watersheds and associated upstream/downstream sections (n = 12) were 

monitored seasonally to assess the variations in chemical contamination (spring, summer, autumn, 

winter) between June 2016 and march 2017 as well as the spatial and temporal variability in microbial 

leaf-litter decomposition. 
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 Figure 12: Pictures of the 12 study sites used in the field experiment 
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Main conclusions of the study 

 

Water chemical contamination in urbanized and agricultural watersheds coincided with slightly higher 

leaf decay rates, but lower fungal biomass accumulation, in comparison with that of forested watersheds.  

The potential toxicity of the pesticide compounds found in stream water was among the main factor 

influencing leaf decay rates, partially explaining the observed differences between watershed types. 

Thus we hypothesized that microbial communities were more efficient in leaf-litter decomposition at 

pesticide-contaminated waters probably because of the compensatory effect of nutrients over pesticides. 

Overall, leaf-associated microbial communities can adapt themselves to a moderate stress by xenobiotics 

and maintain pivotal ecosystem functions such as the organic matter decomposition.  

Based on the results of this study, the association between high microbial decomposition but lower 

fungal biomass colonizing leaves in agricultural and urbanized watersheds suggest that chemical 

contamination of stream waters may decrease leaf nutritional value for higher trophic level invertebrate 

feeders. 
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Chapter 2: Interactive effects of 

pesticides and nutrients on microbial 

communities responsible of litter 

decomposition in streams 
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As shown in the previous chapter, water chemical contamination from urbanized and 

agricultural watersheds tended to slightly stimulate microbial decomposition of alder leaves, 

and we associated this effect to the compensation by nutrients. However, regarding the positive 

effect of pesticide toxicity (TUs) and nitrate concentrations on leaf decomposition in our 

statistical PLSR analysis, it remains hard to discriminate which of them had the most significant 

effect on the activity of microbial communities. Obtaining clear biological trends from field 

studies always remains a challenge due to i) the confounding effects of many environmental 

variables, ii) the variability within streams sites and iii) the temporal scale, making the 

interpretation rather difficult (Liess and Ohe, 2005). In order to clearly distinguish the effect of 

nutrient from the effect of xenobiotics, we decided to simplify the model by performing a 

microcosm experiment. For this study, we collaborated with the MAEP research team (Milieux 

Aquatiques, Ecologie et Pollutions) from the IRSTEA (Institut national de Recherche en 

Sciences et Technologies pour l’Environnement et l’Agriculture) of Lyon, who shared with us 

their artificial stream channels platform (Fig.13).  

Based on the field experiment and on the classification of (Dodds & Smith, 2016) (Table 1), 

two different nutrient concentrations were selected: i) mesotrophic (0.8 mg L-1 N-NO3 and 0.05 

mg L-1 P-PO4) similar to that found in the Couze stream, and ii) eutrophic (8 mg L-1 N-NO3 and 

0.5 mg L-1 P-PO4) about half the concentrations observed in the Charlet stream. For this 

experiment, we selected two pesticide compounds: the fungicide tebuconazole (TBZ) and the 

herbicide S-metolachlor (S-met). The choice of these compounds was mostly based on their 

occurrence in surface waters as well as their mode of action. 

Metolachlor is an herbicide that belongs to the chloroacetanilide family. It inhibits the fatty acid 

elongation (FAE1) synthase, a key enzyme involved in the elongation of very-long fatty acids 

in plants, impairing cell division and development in susceptible plants (Götz & Böger, 2004; 

Paul et al., 2006). S-metolachlor (2-chloro-N-(2-ethyl-6-methylphenyl)-N-[(1S)-2-methoxy-1-

methyethyl] acetamide) is enriched with the S-isomeric form of metolachlor (up to 80%), 

conferring the compound an increase in its herbicidal activity (Fig.14). This enrichment resulted 

in a substantial reduction of application doses (up to 40%) for similar activity and physical and 

chemical properties comparing to metolachlor. Despite that, S-metolachlor is frequently 

detected in french surface waters, with a detection frequency of 56.5% in 2015. According to 

the water agency, S-metolachlor it is the 5th pesticide compound the most frequently detected 

in French surface waters, behind AMPA (α-amino-3-hydroxy-5-methyl-4-isoxazolepropionic 

acid), glyphosate, atrazine and metolachlor (Fig.15). However, given the fact that metolachlor 
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was banned in France since 2003, metolachlor concentrations reported in Fig.15 probably partly 

refers to S-metolachlor whose distinction with the former has not been performed. Besides, 

metolachlor is a racemic mixture of both S and R forms. Hence, S-metolachlor concentrations 

in French streams and rivers are certainly underestimated and S-metolachlor could thus be the 

most detected herbicide in streams in France. 

Tebuconazole ((RS)-1-p-chlorophenyl)-4,4-dimethyl-3-(1H-1,2,4-triazol-1-ylmethyl)pentan-

3-ol) is a fungicide that belongs to the triazole family (Fig.16). It inhibits the sterol C-14 α-

demethylation of 24-methylenedihydrolanosterol (which is a precursor of ergosterol, a key 

component of the fungal cell membrane) thus limiting the development of fungal biomass 

(Copping & Hewitt, 2007). This compound is frequently detected in French surface waters, 

reaching 11% detection frequency in French rivers (NAIADES database, EauFrance, 2010-

2015) and especially in vineyard areas where tebuconazole is the 7th most used compound 

(Table 2). 

 

 

 

Figure 13: Artificial stream channels used in the chapter 2. 
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The toxicity of S-metolachlor toward aquatic organisms is still poorly described in the literature, 

most studies being performed in soil ecosystems. However, current knowledge indicates that 

environmentally relevant concentrations of S-metolachlor present low to moderate potential 

threat to non-target algae (including cyanobacteria and macrohpytes) (Peterson et al., 1994). 

Only a few studies revealed significant effects, such as changes in the structure of diatom 

communities accompanied with frustule deformation at concentrations ≥ 5µg L-1 (Roubeix et 

al., 2011) and inhibition of cell reproduction in Scenedesmus vacuolatus by 50% after a 6h 

exposure to very high concentrations (598 µg L-1). Effects of S-metolchlor were also reported 

on microbial activity from freshwater sediments, characterized by stimulation of phosphorus 

fluxes but inhibition of nitrogen ones. No effects of this compound have been reported on 

heterotrophic microbial communities associated with leaf-litter in streams. 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 14: Isomeric forms (S- and R-) of the metolachlor. (Figure from Carles, (2016))  
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Figure 15: Detection frequency of the main herbicide compounds found in French rivers and 

streams between 2009 and 2013. (Source: agencies de l’eau; ineris, BNVD. Traitements : 

SOeS, 2015) 

 

 

In contrast to S-metolachlor, the effects of tebuconazole on aquatic fungi are well documented. 

Dijksterhuis et al., (2011), reported that NOEC (no observed effect concentration) of 

tebuconazole on seven non target aquatic fungi for growth were lower than the previously 

reported HC5 (hazardous concentration), and ranged between 0.008 mg L-1 and 0.5 mg L-1, 

indicating significant effect of this fungicide. In addition, tebuconazole has been shown to 

decrease fungal biomass associated with submerged leaf litter, decreasing at the same time 

microbial leaf decomposition (Bundschuh et al., 2011; Zubrod et al., 2011, 2015a; Artigas et 

al., 2012). This impairment in leaf fungal biomass was also shown to negatively affect 

macroinvertebrate feeding activity, probably because of a decrease in leaf nutritional quality 

(Zubrod et al., 2011a; Bundschuh et al., 2011a). 
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Figure 16: Molcular structure of the tebuconazole. 

 

 

 

Table 2: Principal active substances used in vineyards in 2006 (expressed in % of treated 

areas). (Source: Agreste) 

 

Active substances Action % of treated area 

Glyphosate (isopropylamine salt) Herbicide 70 

Flopet Fungicide 68 

Micronized sulfur Fungicide 56 

Aluminium fosetyl Fungicide 53 

Mancozeb Fungicide 51 

Cymoxanil Fungicide 43 

Tebuconazole Fungicide 37 

Zinc metiram Fungicide 36 

Copper(II) sulfate Fungicide 35 

Chlorpyrifos Insecticide, acaricide 27 

Copper(II) hydroxide Fungicide 27 

Dinocap Fungicide 26 

Dimethomorph Fungicide 25 

Flufenoxuron Insecticide, acaricide 25 

Myclobutanil Fungicide 24 

Spiroxamine Fungicide 23 

Copper oxychloride Fungicide 22 

Diuron Herbicide 21 

Quinoxyfen Fungicide 20 

Aminotriazole Herbicide 20 
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 Chapter 2: Supplementary Material 

 

Figure 1 SI: Fungal biomass expressed in mg of carbon per g of leaf DM in experimental 

stream channels exposed to fungicide (TBZ), herbicide (S-Met), both fungicide + herbicide 

(MIX) or non-exposed (Ctrl), in either mesotrophic (grey) or eutrophic (black) nutrient 

condition. Lines represents fitting to a logistic growth model whose parameter can be found in 

table 4. Values are mean + standard error of the mean (n = 3) and lines represents fitting to a 

logistic growth model (see material and methods). Asterisk represent differences between 

nutrient conditions (Tukey, P < 0.05). 
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Figure 2 SI: Bacterial biomass expressed in mg of carbon per g of leaf DM in experimental 

stream channels exposed to fungicide (TBZ), herbicide (S-Met), both fungicide + herbicide 

(MIX) or non-exposed (Ctrl), in either mesotrophic (grey) or eutrophic (black) nutrient 

condition. Values are mean + standard error of the mean (n = 3). Asterisk represent 

differences between nutrient conditions (Tukey, P < 0.05). 
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Figure 3 SI: Non metric dimensional scaling (NMDS) performed on all samples including all 

sampling times and representing fungal (A) and bacterial (B) community structure with 

ellipses representing standard deviation of samples for the time. Samples from eutrophic 

channels are represented in bold, whereas samples from mesotrophic ones are represented in 

italic. 
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Figure 4 SI: ARISA (Automated Ribosomal Intergenic Spacer Analysis) profiles obtained for 

fungal (A) and bacterial (B) communities at T40. 
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Table 1 SI: Average remaining dry mass of Alnus leaves (in %) used for the fitting procedure 

and measured in experimental stream channels exposed to fungicide (TBZ), herbicide (S-

Met), both fungicide + herbicide (MIX) or non-exposed (Ctrl), in either mesotrophic or 

eutrophic nutrient condition.  

 

 Mesotrophic Eutrophic 
Time 
(days) 

Ctrl TBZ S-Met MIX Ctrl TBZ S-Met MIX 
0 100 100 100 100 100 100 100 100 
4 84.00905 83.76125 85.58392 86.48583 87.36658 85.9886 87.17876 90.27008 

11 78.97287 78.93959 83.40579 82.04049 84.66865 84.31554 82.53983 83.81644 
18 75.55303 80.46878 78.44845 81.58783 80.3215 77.85278 77.74488 80.33156 
25 76.16988 74.35288 77.15282 77.68286 71.80628 70.02546 67.56479 75.76603 
32 73.54492 69.12353 76.57678 74.70157 66.59252 67.92357 68.66945 74.26985 
40 64.02093 67.80269 69.42975 70.97451 52.35511 61.94293 62.05282 60.02563 

 

 

 

Table 2 SI: Average fungal biomass colonizing Alnus leaves (in mg of fungal C per gDM) 

used for the fitting procedure and measured in experimental stream channels exposed to 

fungicide (TBZ), herbicide (S-Met), both fungicide + herbicide (MIX) or non-exposed (Ctrl), 

in either mesotrophic or eutrophic nutrient condition.  

 

 Mesotrophic Eutrophic 
Time 
(days) 

Ctrl TBZ S-Met MIX Ctrl TBZ S-Met MIX 
0 7.28184 7.28184 7.28184 7.28184 7.28184 7.28184 7.28184 7.28184 
4 16.44622 16.38867 18.44028 15.58348 15.93228 16.7107 17.72412 15.97419 

11 18.97615 18.59193 14.85667 18.46485 20.47482 22.69966 21.29056 21.59514 
18 19.71642 20.15524 19.1345 18.51965 25.43287 28.09981 27.07358 25.487 
25 18.82591 20.42543 18.95344 21.95523 27.47612 33.96279 39.15522 33.64912 
32 18.70557 22.45179 19.40803 21.64307 32.46375 28.73702 33.89941 29.80131 
40 18.03808 18.35064 20.87283 21.19883 35.04788 35.6956 31.10662 28.94499 
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Main conclusions of the study 

 

In contrast with our first hypothesis, results showed that nutrients exacerbated the effects of pesticides 

on leaf decay rates. We thus suggest that the compensatory effect of nutrients on pesticide toxicity is 

probably concentration dependent and does not always apply on aquatic microbial communities. 

Our results highlight antagonism between the S-metolachlor and the teboconazole on laccase activity in 

eutrophic conditions. Given the potential involvement of this activity in xenobiotic stress defense, this 

might suggest that the interaction between different pesticide compounds may impair the ability of 

microbial communities to display proper stress response. 

However, no effect on macroinvertebrate feeding activity was observed suggesting that environmentally 

realistic pesticide concentrations have negligible effects on leaf palatability for macroinvertebrates. 
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Chapter 3: Structural and functional 

responses of leaf-associated fungal 

communities to chemical pollution in 

streams 
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After 18 years of the launch of the Water Framework Directive, all the European countries 

adhered to reach the good ecological and chemical status of their surface and ground water 

bodies in 2015. Although the deadline has been delayed to 2027 and although this objective 

appears far from being achieved, one could imagine that stream and river contamination will 

progressively decrease in the next decades. As observed in the previous studies (Chapters 1 and 

2), pesticide contamination does not necessarily affect microbial decomposition activity, at least 

in a detectable manner, but impair biomass and structure of these communities. One question 

that remains unanswered is whether these communties will be able to recover from chronic 

xenobiotic exposure or not. 

The different mechanisms induced by disturbances on the structure of microbial communities 

are perfectly illustrated by (Allison & Martiny, 2008) (Figure 17). According to this figure, 

resistance is when community structure remains unchanged (or almost) after stress exposure. 

Factors that contribute to the resistance of microbes include biofilm permeability, species 

plasticity, detoxification mechanisms, dormance… (Evans & Hofmann, 2012; Lear, 2016). If a 

community contains sensitive species, these species are likely to be affected by the stress 

eventually leading to community structure alterations such as the loss or the reduction in the 

abundance of some species. Resilience is defined as the ability of the community to return to 

its original structure. Factors influencing resilience includes the fast growth rate of microbes, 

allowing them to quickly recover, physiological flexibility or evolution through mutations and 

migration (Tobor-Kap\lon et al., 2005). However, the ability of microbial communities to 

recover from a stress appears highly dependent on the intensity and frequency of the disturbance 

(Tlili et al., 2016). In this chapter we thus aim to assess the resistance and recovery of leaf-

associated fungal communities exposed to a realistic chemical contamination from the Auzon 

River (central France) using laboratory microcosms. 
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Figure 17: A schematic of how disturbance can change microbial composition and thereby 

affect ecosystem processes versus when disturbance would not have this effect (when the 

microbial community is resistant, resilient, or functionally redundant). (Figure from Allison & 

Martiny, (2008) 
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 Chapter 3: Supplementary Material 
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Main conclusions of the study 

We showed that fungal communities associated with alder leaves were sensitive to chemical 

contamination. Specifically, laccase activity was higher in microbial communities exposed to low 

chemical stress than in those exposed to high chemical stress. Such differences in the activity response 

might be explained by differences in the structure of fungal communitites. 

Leaf-associated microbial communities were capable to recover after stress was removed; both in terms 

of community function (laccase activity) and structure (fungal community). 

The functional descriptor laccase activity showed a strong negative relationship with nitrate 

concentrations in stream water. 
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Chapter 4: Regulation of microbial 

extracellular laccase activity subjected 

to chemical contamination 
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Results obtained in our field experiment (Chapter 1) revealed no clear trend in laccase activity 

regulation in natural communities, although this activity appeared slightly lower in urbanized 

and agricultural streams as well as in the downstream sections. In the translocation experiment 

(Chapter 3), laccase activity was lower in microbial communities from downstream comparing 

to upstream, which confirms the results observed in Chapter 1. Moreover, laccase activity 

studied in the translocation experiment (Chaper 3) was clearly inhibited by nitrates while 

stimulated in presence of the fungicide tebuconazole in the artificial channel experiment 

(Chapter 2). However, in a laboratory experiment (dose-response tests) Artigas et al, (2017b) 

observed no variations of laccase activity in communities exposed to increasing tebuconazole 

concentrations and concluded that such activity was a poor indicator of fungicide 

contamination, at least for the tebuconazole exposure assessment in microbial communities 

(Annex 1). Despite the lack of consensus between experiments, microbial laccase activity 

regulation seems to be tightly linked to shifts in water chemical contamination.  

Given the observed results in both field and microcosm experiments in this thesis work, we 

wanted to go further in the understanding of the regulation of laccase activity in leaf-associated 

microbial communities. This chapter investigated the specific interaction between nutrients and 

pesticides on microbial laccase activity regulation. 
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Abstract 

The decomposition of leaf litter by microorganisms is mediated by the action of several 

extracellular ligninolytic enzymes, including laccase. Though it is generally accepted that 

laccase activity varies according to lignin content in leaves, the effects of stream water 

chemistry on such enzymatic activity is still unclear. This study aims to improve knowledge on 

the specific effect of nitrates and a fungicide (tebuconazole, TBZ) on laccase activity from 

microbial communities associated with Alnus glutinosa leaf litter. Here, we performed a dose-

response experiment using microbial communities from a natural well preserved stream 

exposed to increasing concentrations of nitrate and TBZ. Results showed that laccase activity 

was not sensitive to TBZ concentration increase regardless of nitrate concentrations. However, 

a clear activity stimulation was observed when increasing nitrate concentrations. The Effective 

Concentration inducing a variation of 50% in laccase activity (EC50) for nitrates was comprised 

between 18.61 ± 4.55 mg L-1 of N-NO3 for the highest TBZ concentration (20 mg L-1 of TBZ) 

and 36.45 ± 6.34 mg L-1 of N-NO3 for the control (without TBZ). The observed response of 

laccase activity was probably associated with the osmotic stress generated by high nitrate 

concentrations, and this stress was still greater for the treatment with the highest TBZ 

concentration. This can be explained by a specific stress response of the microbial community 

to extremely high nitrate and TBZ concentrations resulting from the acute exposure conditions 

(36h). However, laccase was not sensitive to lower nitrate concentrations variations (ranging 

between 0 to 1 mg N-NO3/L) in this experiment which contrasts with observations from field 

and microcosm experiments. In the field, laccase activity in microbial communities from well 

preserved streams was more sensitive to low nitrate variations, wherease this activity appeared 

less sensitive in more contaminated sites. Here such laccase activity regulation can be explained 

by N repression, as laccase activity is involved in N acquisition by fungi. Moreover, the present 

study highlights the gap between standard excotoxicological laboratory tests and field 

observations when assessing microbial laccase activity regulation in leaf-associated microbial 

communities. 
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Introduction 

The functioning of headwater forested streams is largely based on heterotrophic processes and 

thus deeply rely on allochtonous organic matter inputs from the riparian forest (Minshall, 1967). 

In these ecosystems, leaves usually represent the major part of these inputs, ranging from 41 to 

98% of the total organic matter in terms of biomass (Minshall, 1967; Abelho, 2001b). The 

chemical composition of leaves involves several types of complex polymers including 

cellulose, hemicellulose, pectin and lignin, embedding a large quantity of nutrients (Sarkar et 

al., 2009). While the first three compounds are generally considered as labile, lignin, a highly 

branched aromatic polymer conferring rigidity and resistance to plant tissues, is much more 

recalcitrant (Vanholme et al., 2010). In order to release the nutrients imprisoned in leaves (i. e. 

nitrogen, phosphorus and other essential micro-nutrients such as potassium, manganese …), 

microorganisms must breakdown lignin. The degradation of lignin involves the action of a large 

panel of ligninolytic enzymes, including phenol oxidases, peroxidases and laccases (Abdullah 

& others, 1989; Chandrashekar & Kaveriappa, 1991; Abdel-Raheem & Ali, 2004). Among 

them, laccase enzymes have drawn considerable attention over the last century (Durán et al., 

2002). Belonging to the group of blue oxidases, laccases (EC 1.10.3.2) are copper-containing 

oxidase enzymes that catalyze the oxidation of many phenolic compounds as well as some 

inorganic ions, accompanied by the reduction of molecular oxygen to water (Wong, 2009). Due 

to its low substrate specificity, this enzyme has been also shown to transform many phenol-like 

pollutants and thus make a very good candidate in many waste treatment applications (Durán 

& Esposito, 2000). In stream ecosystems, several organisms are able to synthetize laccase 

enzymes synthesis, including higher plants and some bacteria, but the main producers of 

extracellular laccases in leaf-associated microbial communities are aquatic fungi (mostly 

ascomycetes, (Baldrian, 2006)). In the context of the global contamination of streams and given 

the involvement of fungal laccase enzymes in carbon cycling, using this enzymatic activity as 

descriptor could give valuable information on the effects of water chemical contamination on 

leaf-litter decomposition processes in streams. 

Rivers and streams are often subjected to chemical contamination, including nutrient inputs. 

Among the pollution sources, agriculture remains the main contributor of nitrogen and 

phosphorus discharge into the environment. While contaminations by phosphorus have greatly 

decreased over the last two decades (-42% in phosphate concentration in European streams 

between 1992 and 2012), nitrogen inputs from agriculture (mostly issued from fertilizer 

spreading) remain constant and a major driver of stream eutrophication (WISE WFD database). 
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Based on annual averages, more than 35% of European surface waters show nitrate 

concentrations above 10 mg L-1, with huge variations among countries. For example, in France, 

nitrate concentrations above 25 mg L-1 are detected in more than 50% of the monitored surface 

waters. Currently, the effects of nitrogen on leaf-associated microbial communities and their 

extracellular laccase activity remains unanswered. Generally, nitrogen enrichment is associated 

with increases in fungal biomass and diversity which often leads to an increase in enzymatic 

activity, including laccases (Artigas, Romaní & Sabater, 2004c; Hagen et al., 2006; Magbanua 

et al., 2010). However, high nitrate and ammonium concentrations in eutrophic streams have 

also been shown to decrease fungal diversity and biomass, as well as their potential for 

decomposing leaf litter (Baldy et al., 2002; Duarte et al., 2009). In soil ecosystems, where 

laccases are the most abundant enzymes, ligninolytic activities were found to be highly sensitive 

to nitrogen inputs (Baldrian, 2006). In most cases, a sharp decrease in ligninolytic activity was 

observed after a nitrogen amendment, probably explained by the concomitant decrease in fungal 

biomass (Litvintseva & Henson, 2002; Matocha, Haszler & Grove, 2004; Zeglin et al., 2007). 

However, based on the abundance and diversity of laccase genes, several authors also observed 

a decrease in laccase activity explained by a reduced gene expression with no variation in terms 

of microbial community structure and abundance (Blackwood et al., 2007; Hofmockel, Zak & 

Blackwood, 2007; Hassett et al., 2009; Sinsabaugh, 2010). This suggests a link between laccase 

activity regulation and the availability of nitrogen. In contrast with studies in soils, very few 

studies reported nitrogen effects on laccase activity in streams. Rossi, Artigas & Mallet, (2017) 

showed a negative relationship between laccase activity and nitrate concentration, and laccase 

variations were not explained by shifts in the amount of fungal biomass. Studies working on 

single fungal strain showed that the response of laccase activity appears tightly linked to the 

type of nitrogen source. For example, in glucose-containing culture media, (Mikiashvili et al., 

2006) showed that nitrogen inorganic forms tended to inhibit laccase activity in Pleurotus 

ostreatus, while organic forms tended to stimulate it. However, (Elisashvili et al., 2006) also 

showed that nitrogen addition in both organic or inorganic forms had no effect on laccase 

activity from Pleurotus dryinus IBB 903 strain when lignocellulosic substrates were already 

present (mandarin peels and tree leaves). These results suggest that the effects of nitrogen on 

laccase activity also depend on the considered strain as well as the nature and amount of the 

carbon substrate supplied. 

In addition to nutrients, rivers and streams in urbanized and agricultural areas are often 

subjected to pesticide loads. Pesticides constitute the other major threat posed to stream 
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ecosystem functioning, possibly also affecting aquatic microbial communities and their 

extracellular enzymatic potential. Pesticides include herbicides, fungicides, insecticides, 

nematicides, plant growth regulators, among other molecules. Among fungicides, tebuconazole 

(TBZ) is one of the most studied molecules and is frequently detected in surface waters from 

Europe (e.g. 11% of French rivers, NAIADES database, EauFrance, 2010-2015). TBZ 

(C16H22ClN3O) is a triazole fungicide that inhibits the sterol C-14 α-demethylation of 24-

methylenedihydrolanosterol (which is a precursor of ergosterol, a key component of the fungal 

cell membrane) thus limiting the development of fungal biomass (Copping & Hewitt, 2007). 

To our knowledge, only Artigas et al. (2017b) have attempted to assess the acute exposure 

effect of tebuconazole on extracellular laccase activity from leaf-associated microbial 

communities. In their study, increasing concentrations of TBZ enhanced laccase activity at the 

fungal population level (Alatospora acuminata species) but decreased ergosterol concentration 

as well as the amount of 18S RNA gene copies. The authors suggested that the enhanced 

extracellular laccase activity was probably linked to a detoxification mechanism used by the 

fungus to reduce TBZ toxicity. A recent laboratory experiment, showed also a stimulation of 

microbial laccase activity by chronic inputs of TBZ (Rossi et al., 2018). Such results seem to 

support the potential involvement of laccase activity in microbial stress responses.  

Since both stressors (nutrients and pesticides) are likely to co-occur in contaminated streams 

(Pesce et al., 2008), it appears essential to assess their interaction on the regulation of 

extracellular laccase activity produced by leaf-associated microbial communities. If nitrates 

modify laccase regulation in response to TBZ, the former could potentially impair the ability 

of leaf-associated microbial communities to display proper stress response. Hence, the present 

study aim to assess the acute exposure effects of the interaction between nitrates and the 

fungicide TBZ on extracellular laccase activity from alder leaves-associated microbial 

communities. Acute toxicity tests were performed at increasing concentrations of both TBZ (0, 

0.01, 0.1, 1, 10, 20 mg/L of TBZ) and nitrogen (0, 0.1, 0.5, 1, 5, 10, 50 and 100 mg/L of N-

NO3) for a duration of 36h. We hypothesized that increasing TBZ concentrations would 

increase laccase activity by triggering detoxification mechanisms, but that high nitrate 

concentrations would impair the stress response of microbial communities by inhibiting laccase 

activity. To which extent dose-response toxicity tests results can be transposable to microcosms 

and/or field observations will be further discussed, using data from microcosm (chapter 3 (Rossi 

et al., 2017) and field experiments (chapter 1(Rossi et al., 2019) derived from this thesis. 
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Material and methods  

 

Microbial inoculum 

Natural microbial communities associated with Alnus glutinosa (L.) Gaertn leaves were 

obtained from the upstream of the Artière River, a well preserved mesotrophic third-order 

forested stream section in the Puy-de-Dôme region (Centre France). Freshly fallen Alnus leaves 

were harvested in October 2017, transported to the laboratory and dried at room temperature 

for 72h. Dried leaves were placed into 9 litter bags (10-12 leaves per bag) of 0.5 mm mesh size 

(l x w = 15 x 15 cm) and immersed in the same stream section (described above) to allow 

microbial colonization. After 2 weeks of colonization in stream, litter bags were retrieved and 

leaves were cleaned with filtered stream water (0.2 µm) and cut into small circles (0.8 cm in 

diameter) that were used for the subsequent toxicity tests.  

 

Toxicity tests 

Acute toxicity tests were used to assess the effects of nitrates and TBZ separately, as well as 

their interaction on microbial laccase activity. Six concentrations of TBZ were set up (0, 0.01, 

0.1, 1, 10, 20 mg/L of TBZ) and for each TBZ concentration, a dose-response curve with 

increasing nitrogen concentrations was performed (0, 0.1, 0.5, 1, 5, 10, 50 and 100 mg/L of N-

NO3). Nine replicates were performed per treatment (6 TBZ x 8 N x 9 replicates = 432 samples) 

to better assess enzymatic activity variability. For each sample preparation, TBZ and nitrogen 

solutions (issued from stock solutions at 30 mg/L for TBZ and 300 mg/L for N-NO3) were 

dissolved into Ringer’s solution (800 µL final volume) transferred into 2 mL Eppendorf tubes 

containing two colonized leaf disks. Laccase activity was then measured after 36 hours of 

incubation in the corresponding treatment (TBZ, N-NO3 or both) in a thermo-regulated 

chamber (20°C) under agitation (80 rpm) in the dark. 

 

Laccase activity measurements 

Potential laccase activity of microbial communities associated with Alnus leaves was measured 

according to the protocol described in Johannes & Majcherczyk (2000). In each Eppendorf tube, 

800 µl of 2,2′-Azino-bis(3-ethylbenzthiazoline-6-sulfonic) acid (ABTS, 3 mM final 
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concentration) in acetate buffer (pH 4.65, Sigma-Aldrich, St. Louis, Missouri, USA) were 

added (1600 µl final volume). After 2 hours of incubation, laccase activity was measured 

spectrophotometrically (415 nm) using an Ultrospec 2000 (Pharmacia Biotech, Trowbridge, 

UK). All laccase activity measurements were conducted under saturating conditions of substrate 

(Artigas et al., 2017). The enzymatic activity was expressed as 1 U = 1 μmol ABTS oxidized 

per g of leaf Dry Mass−1 h−1 (ε420 =36 M−1 cm−1, Johannes and Majcherczyk, 2000). 

 

Comparison with microcosms and field experiments 

Data from two published studies (Rossi et al., 2017, 2019a) were used to assess the sensitivity 

of laccase activity to nitrates and pesticides (including the TBZ) in situations of greater 

ecological relevance. The dataset from Rossi et al. (2017) consisted in an artificial stream 

channels experiment surveying microbial laccase activity during Alnus leaves decomposition 

using water and microbial communities from the upstream (less contaminated) and downstream 

(more contaminated) sections of the Auzon stream (Centre France). This dataset contains 24 

observations (2 sites x 4 weeks x 3 replicates). For each of these observations, laccase activity 

and biomass from microbial communities as well as nitrate concentrations and pesticides 

concentrations in water were measured. The dataset from Rossi et al. (2019) consisted in the 

monitoring of Alnus leaves decomposition and its related laccase activity in 6 streams (each 

including one upstream and one downstream section) from the Puy-de-Dôme region (Centre 

France) over 4 seasons (spring, summer, winter, autumn). Each stream belongs to a different 

watershed. According to their land use, watersheds were grouped into 3 categories: forested, 

urbanized and agricultural (see Rossi et al. (2019b)). The dataset contains 144 observations (6 

streams x 2 sections x 4 seasons x 3 replicates). As described above, laccase activity, microbial 

biomass, fungal diversity, nitrate and pesticide concentrations were measured. 
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Statistical analyses 

Laccase activity data obtained from the dose-response curve were fitted to a four-parameter 

logistic curve model to assess the sensitivity to nitrogen at different TBZ concentrations using 

the following equation: 

𝑦 = 𝑚𝑖𝑛 +  
𝑚𝑎𝑥 − 𝑚𝑖𝑛

1 + 10(𝑐𝑒𝑛𝑡𝑒𝑟−𝑥)
 

Where y is the value of the measured laccase activity, x is the concentration of nitrogen from 

the dose response, min is the minimum laccase activity value (or baseline), max is the 

maximum laccase activity value (plateau of the curve) and center is the point of inflection of 

the curve. The Effective Concentration inhibiting 50% of laccase activity (EC50) after exposure 

to nitrogen and TBZ was obtained using the following calculation: 10center. Fittings were 

performed using the dosResp non-linear curve fit from the Origin 2016 software. Differences 

between EC50 and max values among treatments were assessed by permutation test (999 

permutations) followed by pairwise comparison tests using Tukey contrast (P < 0.05).  

Concerning microcosm and field experiments data, relationship between laccase activity and 

nitrogen concentrations using all dataset (n = 165) was assessed by exponential regression using 

the following equation: y = y0 + A𝑒𝑅0𝑥. Another set of regressions was performed to assess the 

relationship between laccase activity and nitrogen concentrations for each section (upstream or 

downstream) of each type of watershed. Either exponential or linear fitting were used regarding 

the best fitting based on R². Given the Auzon watershed land use (i.e. mostly forests, less than 

17% of agriculture in terms of surface area), data from the microcosm experiment were grouped 

with the forested watersheds in the field experiment. 
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Results 

 

 

 

Figure 1: Response of laccase activity to increasing nitrogen (N-NO3, log scale) 

concentrations for the different TBZ concentrations (T0 = 0, T1 = 0.01, T2 = 0.1, T3 = 1, T4 

= 10 and T5 = 20 mg L-1). 
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Table 1: Parameters estimated from the four-parameter logistic curve fitting regarding the 

response of laccase activity to increasing nitrogen concentrations at different TBZ 

concentrations (T0 = 0, T1 = 0.01, T2 = 0.1, T3 = 1, T4 = 10 and T5 = 20 mg L-1). Asterisks 

represent significant difference with the control (P < 0.05, permutation test, 999 

permutations) 

[TBZ] max slope EC50 R² 

T0 13.72 ± 1.56 25.21 ± 4.68 36.45 ± 6.34 0.99 

T1 10.78 ± 1.48 20.87 ± 8.79 22.06 ± 4.42 0.92 

T2 11.62 ± 1.15 28.58 ± 10.70 36.53 ± 5.91 0.97 

T3 10.48 ± 1.37 14.09 ± 4.89 25.21 ± 4.84 0.95 

T4 11.17 ± 1.03 23.27 ± 8.73 37.07 ± 6.05 0.94 

T5 10.32 ± 1.46 25.20 ± 7.42 18.61 ± 4.55 * 0.86 

 

 

Interaction between TBZ and Nitrogen on laccase activity: toxicity test approach 

Laccase activity appeared very sensitive to nitrogen concentration increase (> 0.5 mg N-NO3 

L-1) in our study, but not to the increase in TBZ concentrations (Fig.1). On average, laccase 

activity was 818 times higher at the highest nitrogen concentration (100 mg N-NO3 L-1) 

compared to the control (0 mg N-NO3 L-1 of nitrate). When plotting laccase activity as a 

function of TBZ concentration, non-significant activity variations were observed (data not 

shown). At the highest nitrogen concentrations, no differences were observed in terms of 

maximal laccase activity between TBZ treatments, although maximal activity value for the 

control treatment (absence of TBZ) appeared higher than for the TBZ contaminated ones 

(ANOVA P = 0.51, Table 1). 

Nitrogen concentration EC50 coefficients (concentration increasing 50% of laccase activity) 

were different between TBZ treatments (ANOVA P < 0.05). While nitrogen EC50 

concentrations for most of treatments ranged between 22 and 37 mg N-NO3L-1, the EC50 at 

TBZ treatment (20 mg L-1) was significantly lower comparing to the control TBZ (36.45 and 

18.61 mg NO3/L respectively, Tukey test P < 0.05).  
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Figure 2: A  Relationship between laccase activity and N-NO3 concentrations, B   relationship 

between specific laccase activity (corrected by fungal biomass) and increasing N-NO3 

concentrations. Dataset include data observed from both field and microcosm experiment (n = 

165). Red solid line represent fiting to an exponential model (see material and methods) with 

its associated p value and R². 

 

 

 

Relationships between laccase activity, N-NO3 and xenobiotics: field and microcosm 

approaches 

Nitrate concentrations (in N-NO3) observed from both field and microcosm experiments ranged 

between 0.24 mg L-1 at the least contaminated stream (Couze upstream) to 25.27 mg L-1 at the 

most contaminated one (Charlet upstream). Significant negative correlation between laccase 

activity and nitrogen concentrations were obtained (P < 0.001, R² = 0.38, Fig.2 A). Here, 

laccase activity decreased exponentially when increasing nitrogen concentration. A similar 

trend was observed in specific laccase activity (corrected by fungal biomass) but with a weaker 

fitting (P < 0.001, R² = 0.11, Fig.2 B). 

When regression analyses between laccase and N-NO3 were performed separately for each 
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agricultural), different trends were observed (Fig. 3). Overall, laccase activity in upstream 

sections in all type of watersheds appeared sensitive to N-NO3 increase, although different 

relationships were observed. For instance, laccase activity in the upstream sections of the 

forested watersheds clearly decreased exponentially with N-NO3 concentration increase (P < 

0.001, R² = 0.65). Similarly, laccase activity in the upstream sections of the agricultural 

watersheds decreased exponentially with N-NO3 increase, although the fitting of the data to the 

exponential model appeared much weaker (P < 0.001, R² = 0.06, Fig.2 B). In contrast, laccase 

activity in the upstream section of the urbanized watershed showed a positive exponential 

relationship with N-NO3. (P < 0.001, R² = 0.93). However, amplitudes for laccase activity in 

the upstream sections of both agricultural and urbanized watersheds were rather small (1.36 

µmol ABTS-1 gDW-1 and 0.83 µmol ABTS-1 gDW-1 respectively) compared to the upstream 

sections of the forested watersheds (3.91 µmol ABTS-1 gDW-1). Concerning the downstream 

sections of all watershed types, no significant correlation between laccase activity and N-NO3 

were observed. Similar trends were observed in the relationship between specific laccase 

activity and N-NO3, regardless of the watershed type or the section. 
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Figure 3: Relationship between laccase activity and N-NO3 concentrations for each type of 

watersheds (forested, urbanized and agricultural) at each section (upstream or downstream) 
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obtained from both field and microcosm experiment. Solid line represent fitting to either an 

exponential or linear model with its associated p value and R². 

 

Discussion 

In the present study, we investigated the regulation of extracellular laccase activity from 

microbial communities associated to decomposing Alnus leaves exposed to increasing nutrient 

and fungicide concentrations. Our results confirm those of Artigas et al. (2017a) in which 

laccase activity proved a poor indicator for TBZ acute toxicity assessment of leaf-associated 

microbial communities. A first explanation for this lack of response to the fungicide could be 

related to the complexity and interactions within the microbial assemblage colonizing leaves. 

While Artigas et al. (2017a) observed no effect of the TBZ at the community level (including 

bacteria and fungi) they observed a stimulation in laccase activity in the single fungal strain 

treatment. They associated this difference to a number of biotic (ex. species diversity and 

interactions) and abiotic factors (community architecture, molecule exchanges, biofilm 

structure), limiting the effects of the fungicide at the community level (Lagadic, Caquet & 

Ramade, 1994; Forbes, Palmqvist & Bach, 2006; Moons, Michiels & Aertsen, 2009; Lear, 

2016). A second explanation for the lack of response could be the delay between the exposure 

to the fungicide and the microbial response (Walker & White, 2017b). Perhaps a 36 hours 

exposure of communities to the fungicide was not enough to observe a response in terms of 

extracellular laccase activity in our experiment. A third explanation could be linked to the 

diversity of microbial enzymatic detoxification mechanisms employed by the analyzed 

microbial community. Microbial oxidative enzymes other than laccase, such as phenol 

oxidases, may have been used by the analyzed microbial community to reduce TBZ toxicity. 

There is evidence in the literature about the ability of certain phenol oxidases to degrade 

phenolic-like pollutants such as the TBZ (Fragoeiro & Magan, 2005; Mukherjee & Roy, 2013; 

Mukherjee et al., 2013; Sharma, Dangi & Shukla, 2018a). Further measurements of TBZ 

metabolites during microbial communities’ exposure could permit us to draw conclusions on 

this question.  

The main result of this study revealed a strong response of microbial laccase activity to the 

increase in nitrogen concentrations, and this response was regardless of the presence of the 

fungicide. This result is contradictory to what has been suggested in the literature (Saiya-Cork, 

Sinsabaugh & Zak, 2002; Sinsabaugh, 2010; Rossi et al., 2017), and thus contradicts our initial 
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hypothesis of laccase activity inhibition by nitrogen. From our results, nitrogen EC50 values 

were high, ranging between 18 to 36 mg N-NO3 L
-1. Given the ability of fungi to utilize nitrate 

for their growth (Walker & White, 2017b), and considering that they were oversupplied in 

nitrogen in our study, the drastic stimulation of laccase activity probably reflects an osmotic 

stress suffered by leaf-associated fungal communities. Although we did not measure 

conductivity in our experiment, conductivity can be expected to be much higher in high N-NO3 

treatments in comparison with controls. Besides, fungi are capable of living in high osmotic 

media by increasing their internal osmotic potential through the synthesis of molecules such as 

glycerol, trehalose, arabitol, and mannitol, (Walker & White, 2017b). Hence the increase in 

laccase activity could reflect an increase in decomposition activity in order to compensate the 

energy costs set up by fungi to cope with the unfavorable conditions. The presence of TBZ in 

the media also contributes to increase osmotic stress, which might explain the nitrogen EC50 

decrease at the highest TBZ concentration treatment (20 mg L-1) comparing to the control 

(without TBZ).  

Contrary to the dose-response experiment, the relationship between laccase activity and 

nitrogen concentrations in stream water (using data from microbial communities in field and 

microcosms experiment) was negative and this despite the high nitrate concentrations values 

recorded (i. e. 25.27 mg N-NO3 L
-1 in the Charlet stream) which were close to the EC50 values 

obtained in the dose-response experiment. However, we suspect different mechanisms to be 

involved in such differences. In the field and microcosms, relationships between laccase and 

nitrogen appeared mostly watershed and section-specific. Specifically, extracellular laccase 

activity in microbial communities from well preserved forested streams was more sensitive to 

low nitrate variations, whereas this activity appeared less sensitive in the more contaminated 

sites. Given the involvement of laccase in nitrogen uptake for fungi (Sinsabaugh, 2010), the 

regulation of such activity in microbial communities in the field can be explained by nitrogen 

substrate availability in water. The low nitrogen availability in water at the upstream-well 

preserved sections of the forested watersheds forced the fungi to produce extracellular laccase 

in order to get nitrogen from the leaves. However, a slight increase in nitrogen concentration in 

these sections (above 1 mg L-1 of N-NO3 in water) was sufficient to greatly repressed laccase 

activity. In contrast, the low sensitivity in laccase activity at the more contaminated downstream 

sections suggest that other parameters are involved in laccase regulation when nitrogen 

availability is sufficient. Besides, previous studies have shown that fungal community structure 

was rather different between watershed types and upstream and downstream sections of the 
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streams (Rossi et al., 2019b). Considering that laccase activity has been shown to vary 

considerably from one specie to another for the same substrate (Elisashvili et al., 2006; 

Mikiashvili et al., 2006; Elisashvili & Kachlishvili, 2009), the observed differences in 

extracellular laccase sensitivity to nitrogen availability could  be mediated by changes in fungal 

community structure due to the presence of N-sensitive species. However, it has to be noted 

that physical and chemical parameters as well as laccase activity measurements performed in 

the field experiment are only punctual samplings. Physical and chemical analyzes of stream 

water were performed twice per season and per site (at the laying of bags and at their recovery) 

whereas laccase activity measurements were only performed once (at the recovery of bags). 

Hence, nitrogen values reported from the field may not be representative of exposure history 

during the residence time of the bags containing alder leaves and there might be a delay between 

nitrogen variation and the associated microbial enzymatic response. This is especially the case 

in the downstream sections were nitrogen inputs can be highly variable due to increased 

anthropogenic activity in comparison to the upstream ones. The potential gap between the actual 

nitrogen exposure and pre-exposure history to nitrogen in microbial communities coupled with 

the different temporal scales (i.e. punctual nitrogen samplings and more integrative potential 

laccase activity) may probably explain the low R² obtained between laccase activity and nitrate 

in field data, and especially for the downstream contaminated sections. 

Given the differences observed between toxicity tests in the laboratory and field and 

microcosms experiments on extracellular laccase activity regulation by nutrients and 

fungicides, this study highlights some of the limits of relevance of the toxicological tests in 

aquatic ecotoxicology (Carpenter, 1996; Gerhardt, 2007). Acute toxicity tests are simple tests 

that can be useful to determine the potential toxicity of a compound in living organisms and 

their short term response, but they do not consider the environmental complexity, and hence, 

their representability to actual stream ecosystems is questionable. Another important issue 

involves the short term exposure at very high toxicant concentrations provoking an additional 

osmotic stress to microbes that is rarely observed in the field (Gerhardt, 2007). Although 

alternatives exist, such as the pollution-induced concept (PICT) which has proven itself  quite 

efficient in many ecotoxicological risk assessment situations (Blanck et al., 1988; Tlili et al., 

2016), the reliability of ecotoxicology tests in assessing contamination effects in microbial 

enzymatic activities can be questionable. 

In conclusion, laccase activity from leaf-associated microbial communities appeared rather 

sensitive to nitrate variations but not to TBZ, and especially in communities issued from stream 
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sections displaying low anthropogenic pressure. These results further underline the sensitivity 

of headwater streams to nutrient chemical contamination regarding microbial recycling 

activities. In addition, we observed a clear gap between the results obtained from the 

toxicological tests and the in situ/microcosm observations, mostly because of the lack of 

environmental complexity and the short term exposure at very high concentrations generally 

used in the toxicological tests. Overall, these findings highlight that great caution should be 

taken when extrapolating results from toxicological tests to actual stream ecology, and 

especially regarding microbial communities. Indeed, while such tests might be useful for 

screening purposes, they need to be combined with ecological or ecotoxicological approaches.  
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Main conclusions of the study 

We showed that extremely high nitrogen concentrations stimulated microbial laccase activity, 

and this was probably explained by microbial stress response mechanisms to cope with high 

osmotic pressure provoked by high nitrate concentration. Conversely, the fungicide 

tebuconazole did not affect laccase activity. 

Relationships between nitrogen and laccase activity followed different trends between 

laboratory and field and microcosm experiments. In the laboratory, nitrogen stimulated laccase 

activity while in the field we observed a negative correlation between laccase and nitrates. We 

found that laccase activity in microbial communities from well preserved stream sections was 

more sensitive to nitrogen than in communities from contaminated stream sections. 

Our study highlight the gap between standard excotoxicological tests and field observations 

when trying to perform environmental risk assessment. 
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 Conclusions and general discussion 

 

Industry, urbanization and agriculture are the main factors contributing to the massive inputs of 

chemical compounds into the biosphere over the last century, and streams are among the most 

exposed ecosystems. From this context raises the question about the effects of multi-chemical 

contamination stress on stream ecosystem services and functions. In this thesis we assessed the 

effects of multi-chemical contamination, including that of pesticides, pharmaceuticals and 

nutrients, on the decomposition activity of heterotrophic microbial communities associated with 

submerged leaf-litter. Multi-chemical contamination effects were assessed on the structure, 

biomass and enzymatic activities of microbial communities degrading alnus glutinosa’s leaves 

which is considered a reference species in the majority of leaf-litter decomposition studies. Due 

to the pivotal role of microbial decomposition on stream carbon cycling, results from this thesis 

give new insights on the consequences of the global change process potentially affecting whole 

stream functioning. 

 

Effects of multi-chemical contamination on the decomposition activity of heterotrophic 

micro and macroorganisms associated with submerged leaf-litter 

One of the main results from this thesis revealed that chemical contamination as observed in 

urbanized and agricultural watersheds (especially by nitrates and pesticides) slightly enhanced 

microbial decomposition of alder leaves in the field. There are several explanations to such 

differences in microbial decomposition rates between more and less contaminated watersheds 

in Chapter 1. One explanation is that high dissolved nutrient availability observed in both 

urbanized and agricultural watersheds probably masked the negative effects of xenobiotics and 

even enhanced the microbial decomposition activity. This result agrees with the stimulatory 

effect of nutrients (both nitrogen and phosphorus) on fungal biomass and thus on microbial 

litter decomposition (Artigas et al., 2004b; Hagen et al., 2006; Magbanua et al., 2010). Besides, 

the observed compensatory mechanism between nutrients and xenobiotics has already been 

described in literature (Fernández et al., 2016; Gardeström et al., 2016). However, in our field 

experiment (Chapter 1), the slightly higher decay rates of alder leaves in urbanized and 

agricultural watersheds was accompanied by a lower fungal biomass accumulation in 

comparison with forested watersheds. In the artificial channel experiment (Chapter 2), pesticide 

effects (by the herbicide S-metolachlor and the fungicide tebuconazole, alone or in mixture) on 
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alder decay rates were observed in eutrophic channels but not in mesotrophic channels. These 

two examples show that high nutrient availability does not always compensate the toxicity of 

xenobiotics, and that this probably depends on the exposure history of microbial communities 

to stream water chemical contamination (Feckler et al., 2017). For instance, microbial 

communities never or less exposed to xenobiotics and/or high nutrient concentrations (i.e. the 

inoculum used in Chapter 2) were expected to display a greater sensitivity to water 

contamination than communities long adapted to nutrients and xenobiotics contamination (i.e. 

communities from urbanized and agricultural watersheds in the field experiment, Chapter 1), 

mostly because of pollution-induced community tolerance (Blanck, Wängberg & Molander, 

1988; Tlili et al., 2016). To some extent, the chronic exposure to xenobiotics and/or high 

nutrients levels in stream waters from polluted sites can open new ecological niches for 

microorganisms (Lewis, 2009). Overall, leaf-associated microbial communities have been 

shown to adapt to stream’s water chemical contamination and maintain pivotal ecosystem 

functions. 

In contrast with the microbial decomposition rates in leaves, fungal biomass appeared very 

sensitive to water chemical contamination in the field experiment (Chapter 1). Here, fungal 

biomass in leaves showed the lowest values in agricultural and urbanized watersheds and the 

highest values in those from the forested watersheds. These results joins those from the 

literature in which fungal biomass is commonly reduced in the presence of xenobiotics (Artigas 

et al., 2012; Dimitrov et al., 2014; Fernández et al., 2015). The fact that microbial communities 

from the contaminated watersheds exhibited the lowest fungal biomass but the highest 

microbial decomposition rates is surprising. This might suggest a higher efficiency in microbial 

communities subjected to a stress for leaf-litter decomposition, probably explained by fungal 

community adaptation (Pascoal, Cássio & Marvanová, 2005b; Feckler et al., 2017) and a more 

efficient resource partitioning (Gessner et al., 2010; Lawrence & Barraclough, 2016) between 

microbial species. However, the interpretation and representativeness of biomass response to 

contamination and its link with decomposition rates can be questionable. While leaf 

decomposition rates measurements are highly integrative of the whole microbial decomposition 

process, fungal biomass accumulation during leaf decomposition can vary considerably. 

Unfortunately, we performed just one fungal biomass measurement per season (at the recovery 

of bags) which complicate the integration of the biomass responsible of the leaf mass loss 

between the deployment and recovery of bags. To overcome this limitation, an alternative could 

be to integrate the total amount of fungal biomass accumulated in leaves during the 
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decomposition experiment. However, this alternative approach would become expensive and 

highly time consuming. 

Indirect effects of stream water chemical contamination on the macroinvertebrate Gammarus 

fossarum feeding activity was not observed in Chapter 2. Since aquatic invertebrates are highly 

dependent on leaf conditioning by microbes, increasing leaf palatability and nutritional quality, 

this lack of response can mostly be explained by the similar fungal biomass accumulation in 

leaves between treatments (i.e. control or treated by pesticides). However, the exposed 

gammarids ingested slightly less fungal carbon in the mixture of pesticides treatment 

(tebuconazole + S-metolachlor). This response was not explained by a lower fungal biomass 

accumulation on leaves, but perhaps by a shift the fungal community structure, that could 

influence gammarids feeding activity.  

Although aquatic invertebrate feeding activity was not assessed in the field experiment (Chapter 

1), the lower fungal biomass accumulation in leaves observed in agricultural and urbanized 

watersheds raises the question of the indirect effects of water contamination on higher trophic 

level organisms within the stream. Extrapolating the indirect effects of chemical contamination 

on leaf palatability for macroinvertebrates at the stream ecosystem scale remains a challenge. 

By combining the results of this thesis and those from the literature, two main hypotheses can 

be emitted. 

i) The lower fungal biomass observed in agricultural and urbanized watersheds 

coupled with the presence of complex mixture of pesticides and pharmaceuticals in 

these sites drastically decreases the nutritional quality of leaves for 

macroinvertebrates. According to the concept of compensatory feeding (Bärlocher, 

1985), we might thus expect macroinvertebrates to consume more leaf material, 

greatly accelerating the processes of organic matter decomposition in streams. 

 

ii) The presence of pesticides (TBZ and S-Met, alone or in mixture) deeply affected 

the structure of microbial communities associated with leaf-litter. As observed by 

Bundschuh et al. (2011), unpalatable fungal species for aquatic invertebrates tend 

to dominate on leaves exposed to contamination. Hence, an alternative hypothesis 

could be that be the presence of fungal species with poor attractiveness for 

macroinvertebrates might deter the latters to feed on leaves, decreasing organic 

matter decomposition rates in streams.  
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Extracellular laccase activity regulation in contaminated streams 

Fungi and bacteria use extracellular enzymatic activities to convert polymeric compounds such 

as cellulose, hemicellulose, and lignin into smaller molecules that can be easily assimilated 

(Chróst, 1991; Romaní et al., 2006b). The degradation of these compounds involves a multi-

enzyme system allowing the simultaneous transformation of lignin and carbohydrates into 

carbonates (Leonowicz et al., 2001). Hence, these enzymes directly participate in leaf mass 

loss, and various examples in the literature showed a good correlation between these enzymatic 

activities and leaf litter decomposition (Artigas et al., 2004b; Sinsabaugh, 2010). However, 

extracellular enzymatic activities measured in the field experiment (Chapter 1) revealed quite 

hard to interpret. Both cellulolytic and ligninolytic enzyme activities showed high variability. 

This is an issue that has also been frequently reported in literature (Sinsabaugh, Carreiro & 

Repert, 2002; Artigas et al., 2004b; Rossi et al., 2017). Hence, enzymatic activities were 

integrated among the whole sampling times in the artificial channel experiment (Chapter 2). 

Although this assumes to draw enzymatic kinetics (and thus to multiply the sampling effort), 

this might provide a more relevant picture of microbial cumulative activity during leaf 

decomposition. Specifically, this activity calculation allowed us to compare the influence of the 

TBZ and S-Met treatments to control for laccase activity in Chapter 2.  

In the different experiments of this thesis, the microbial extracellular laccase activity has shown 

sensitivity to water chemical contamination including nutrients, fungicide and herbicide. 

Interestingly, we were able to highlight a positive relationship between such activity and high 

nitrogen concentrations rather than pesticide toxicity, especially in stream contaminated 

sections (Chapters 1 and 3). However, stimulations of extracellular laccase activity in presence 

of tebuconazole was also observed in eutrophic conditions (Chapter 2) or with increasing nitrate 

concentrations (dose-response experiment, Chapter 4). These results agrees with those of 

Artigas et al. (2017a) who suggested that this activity could be involved in detoxification or 

stress response mechanisms. Based on our results and those from the literature, we can better 

define the role and regulation of extracellular laccases in leaf-associated microbial communities 

in streams:  

 Lignin decomposition and mass loss: the main goal of extracellular laccases is to 

degrade lignin from leaves. Although their relative contribution to the overall leaf mass 

loss remains unknown, laccases are known to be involved in nutrient uptake (especially 

Nitrogen). By degrading recalcitrant lignin from the outer plant cell walls, they allow 

the fungi to access the inner part of the cells, thus releasing nutrients and especially 
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nitrogen in the media (Osono, 2007; Baldrian & Valášková, 2008b; Horn et al., 2012b; 

Walker & White, 2017b). This may partially explain the negative relationship between 

stream water nitrate and microbial laccase activity in leaves observed in Chapters 1 and 

3. More globally, lignin degradation by extracellular laccases participates to carbon 

catabolism and carbon cycling in streams (Walker & White, 2017b). Although we did 

not observe any correlation between laccase activity and decomposition rates in our 

experiment, many studies already showed that laccase activity is often correlated with 

leaf mass loss (Fioretto et al., 2000).  

 Detoxification/stress defense mechanism: microbial laccase activity can modify the 

structure of certain phenolic compounds (including pesticides such as the tebuconazole) 

and reduce their toxicity. This mechanism was suggested in the study of (Artigas et al. 

(2017a) and could therefore explain the stimulation of both laccase and phenol oxidase 

activities exposed to the fungicide tebuconazole in Chapter 2. However, laccase could 

also be involved directly or indirectly in osmotic stress response as shown by the 

stimulation under high nitrate concentrations in Chapter 4. However, we must note that 

exposure times to xenobiotics were different between studies. The fact that laccase and 

phenol oxidase stimulation occurred only 32 days after exposure to the fungicide in 

Chapter 2 against 36h and 96h, respectively in Chapter 4 and in the study of Artigas et 

al. (2017a) might highlight the time needed for the compound to display toxicity toward 

fungal cells when fungicide concentrations are low. Alternatively, this might also 

suggest that the stress response mechanism occurs rapidly after stress exposure but that 

such rapid response was not observed in Chapter 2 because of the sampling scheme 

(samplings occurred every weeks).  

 

In addition, the stimulation observed for the extracellular laccase activity in presence of the 

fungicide was not observed in presence of the mixture of both the fungicide and the herbicide. 

We hypothesized that such difference might come from an antagonistic-type interaction 

between the fungicide and the herbicide on this enzymatic activity. We thus concluded that a 

mixture of pesticide compounds, even at low concentrations and even if they present low threat 

to the considered organisms, may potentially impair the ability of microbial communities to 

display proper stress response (Dawoud et al., 2017). However, studying the literature dealing 

with the effects of xenobiotics on leaf-litter decomposition, only few studies tested the 
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interaction between eutrophication and different pesticides compounds, and to our knowledge, 

none of them tested the effect of an herbicide (Flores et al., 2014; Dawoud et al., 2017). Overall, 

these results highlight the need to include herbicides when assessing pesticide mixtures effects. 

This would be particularly relevant considering that herbicides currently represent the most 

frequently detected compounds in rivers and streams worldwide, and that their effect on 

microbial decomposers might be largely underestimated. 

 

Strengths and weaknesses of experimental approaches: 

During this thesis, I studied leaf-litter decomposition processes using different scales analysis: 

in vitro dose-response tests, microcosm experiments and field study. A fundamental question 

that can be asked in aquatic ecotoxicology is how in vitro toxicological tests and microcosms 

approaches can be ecologically relevant and extrapolated to the field? Dose-responses and 

microcosm experiments exhibit a large array of advantages: control of many parameters, easy 

to set-up, less expansive and generally gives fast and easily interpretable results (Carpenter, 

1996). Although in some cases simplified models give results similar to what has been observed 

in field experiments (Larsen et al., 1986), laboratory experiments are generally hard to 

extrapolate to the field. This is typically what we observed in Chapter 4 when trying to compare 

results from the dose-response experiment with those from the field study. Here, we argued that 

such differences were mostly due to the lack of environmental complexity and the conditions 

of exposure (i.e. high concentrations of stressors and short-time exposure).  

Another major issue when trying to simulate stream ecosystems is their upstream to 

downstream continuum, whereas laboratory experiments only simulate a disconnected portion. 

As observed in the translocation experiment (Chapter 3), microbial communities can adapt fast 

to their changing environment (Findlay & Sinsabaugh, 2006; Besemer, 2015). Specifically, we 

identified that the resilience ability of communities in downstream contaminated sites was 

mediated by species immigration from communities of the upstream non-contaminated sites 

(Chapter 3). Such species immigration phenomenon could help to recover microbial 

communities from acute toxicity episodes and therefore mask xenobiotic effects in long-term 

surveys in the field.  

Another major drawback of laboratory experiments concerns the exposure to mixtures of 

xenobiotic molecules. While most studies assess the effects of few compounds and their 

interactions (up to 3 generally), stream water exhibits a much higher number of xenobiotic 
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compounds, most of them at very low concentrations (see Chapter 1 and 3). For example, 

Papadakis et al. (2015) monitored 302 different pesticide compounds in the basin of Lake 

Vistonis (Greece) over a 2 year period. Such a mixture of pesticide compounds can lead to 

complex interactions and therefore complex modelisation of effects on microbial communities. 

Despite limitations intrinsic to laboratory approaches, researchers agreed that simplified models 

give valuable information for supportive or heuristic purposes (Carpenter, 1996).  

However, despite all these drawbacks, scientists must be able to change scales for a good 

understanding of ecological processes. While laboratory experiments may not be relevant for 

the field and hardly extrapolable, they can give information on a potential effect that needs to 

be then checked in the field. 

 

Microbial leaf-litter decomposition as bio-assessment tool for stream waters 

contamination  

Leaf-litter decomposition has been well documented as a bio-assessment tool for detecting 

anthropogenic disturbances in the literature (Webster & Benfield, 1986; Gessner & Chauvet, 

2002; Sandin & Solimini, 2009). Evidence showed that this tool is quite sensitive, integrative 

(several weeks to several months), easy to use and relatively cheap (Gessner & Chauvet, 1994; 

Gessner et al., 1999). However, the use of this tool still undergoes several limitations, such as 

the lack of standardization (i. e. intra- and inter-species effect, amount of leaves, sampling 

frequency, leaf species …) and its relevance in streams and rivers were autotrophic processes 

dominates. Within leaf-litter decomposition studies, several revealed the greater sensitivity of 

macroinvertebrate communities to xenobiotic contamination, while reports on the sensitivity of 

leaf-associated microbial communities to xenobiotics are more contrasted (Piscart et al., 2009). 

Given the results obtained in terms of fungal biomass for the urbanized and agricultural 

watersheds in Chapter 1 (i.e. decrease in comparison to forested watersheds), fungal biomass 

could be a useful complementary metric for bio-assessment purposes, especially in determining 

stream water contamination effects on the microbial compartment (Gessner & Chauvet, 2002). 

However, considering that fungal biomass can be highly variable during the incubation time, 

this suggests to draw kinetics, which implies multiple samplings. 
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Table 3: Framework of the breakdown rate module for assessing functional stream integrity 

by means of litter breakdown assays; this module can be complemented by a variety of 

additional modules. 

 

 

In contrast with our initial hypothesis, microbial decomposition was not repressed by stream 

water chemical contamination (including nutrients, pesticides, and pharmaceuticals), but 

instead appeared slightly enhanced. Gessner & Chauvet, (2002), proposed a framework for 

assessing stream integrity based on leaf breakdown rates variation. The assessment consisted 

in the calculation of kimpacted/kreference ratios arguing that a ratio < 0.5 or > 2 may be indicative of 

severely compromised stream functioning (Table 3). Further, they suggested that 

decomposition rate coefficients varying between 0.75 to 1.25 reveal no clear evidence of impact 

on ecosystem functioning. In our field experiment (Chapter 1), the ratio kimpacted/kreference for the 

urbanized and agricultural watersheds (each corrected by decomposition rates obtained for the 

forested watersheds as Kreference) were 1.06 and 1.20, respectively. According to these results, 

the agricultural and urbanized watersheds in our study did not show any impairment in 

microbial litter decomposition regarding the Gessner and Chauvet (2002) criterion. Yet, results 

of the field experiment (Chapter 1) clearly highlighted a negative effect of the water chemical 

contamination from agricultural and urbanized watersheds on fungal biomass, mostly because 

of pesticides’ toxicity. This suggests that the proposed assessment tool is not adapted for 

assessing microbial decomposition only, and can only be used when assessing overall leaf 

breakdown rates (including both the microbial and macroinvertebrates contribution to leaf mass 

loss). Perhaps, complementary analyses would be necessary to adapt this assessment tool to the 

specific response of microbial decomposer communities. Further, considering that the section 

where the stream shifts from a heterotrophic-dominated to an autotrophic-dominated 

metabolism is commonly fixed at Stralher order 3 (Minshall, 1978). Then, assessing microbial 
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leaf-litter decomposition in streams displaying Stralher order > 3 can be debated, and the 

adjustments of decay rates should be considered.  

 

Table 4: Coefficients of variation in decay rates (K) calculated in the field experiment for each 

type of watershed including upstream and downstream sections. 

  Urbanized Agricultural Forested 

 Upstream Downstream Upstream Downstream Upstream Downstream 

Coefficient of variation (%) 19,8 ± 4.5 13,2 ± 1.8 15,5 ± 3.3 

 

Other weaknesses regarding microbial leaf litter decomposition process as bio-assessment tool 

involve reproducibility. Here, we calculated the coefficients of variation (CV) in microbial 

decomposition rates of leaves using data from our field experiment (Table 4). Results show that 

13 to 20% of leaf decomposition rates variability in this experiment can be found between inter-

replicate variability of the same experimental condition. This is almost the variation reported 

by Gessner & Chauvet (2002) between the seven preserved sites that served as basis for their 

proposed framework (Table 3). These huge differences in terms of leaf-decomposition between 

replicates can be explained by the localization of the bags in the stream reaches coupled with 

heterogeneous microbial colonization. Although leaf bags were disposed close to each other 

and in a very limited space during the field experiment, there might be variations in water 

velocity sufficient enough to provoke differences on leaf decomposition (Bastias Álamo, 2018). 

In addition, leaves placed into the litter bags and subjected to water velocity tend to overlap and 

stack together. Hence, leaves in the middle of the pack may be less colonized than leaves from 

the outside, possibly leading to variation in leaf decomposition, especially if the number and 

the size of leaves varied between litter bags (Joly et al., submitted). Overall, these results 

highlight that further research should be made to provide more standardization to the leaf litter 

decomposition tool, especially when assessing microbial communities associated to leaf litter. 

 

Beyond the above cited aspects, microbial communities also display high resistance and 

resilience capacities to stream water chemical contamination. As observed in Chapter 3, fungal 

communities displayed rather low resistance (one week) but high resilience (two weeks) 
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capacities after translocation between more contaminated and less contaminated sites. Even if 

leaf litter decomposition is a highly integrative tool, small contamination events in streams, 

may be compensated by microbial communities’ plasticity and therefore not detected. In 

conclusion, the results of this thesis show that water chemical contamination (including 

pesticides and pharmaceuticals) only have a limited effect on microbial decomposition of leaf-

litter in stream ecosystems. While overall leaf-litter decomposition (including that of 

macroinvertebrates) has been proved an efficient descriptor of water chemical contamination 

and stream functioning impairment, its use for microbial communities’ assessment can be 

questionable unless other microbial descriptors such as fungal biomass are taken into account. 

 

 

 Perspectives 

In the context of global change, human activity has produced and released a huge quantity of 

chemical compounds into streams and rivers and their effects on microbial communities 

colonizing leaf-litter are still hard to predict. While microcosm experiments could give a good 

understanding on the impact of certain chemical compounds on microbes, to the detriment of 

ecological relevance, testing all the compounds and their potential interactions appears 

impossible (Schäfer & Bundschuh, 2018). Hence in a river bio-assessment purpose, much more 

efforts should be allowed to perform field studies in order to assess the effects of chemical 

contamination, even if it implies more complexity and less understanding. All the data obtained 

from field experiments may be used for modelisation purpose. Conceptual models have already 

been described in literature to predict litter decomposition in streams (Graça et al., 2015) or 

even to predict the effects of climate change and contamination on stream macroinvertebrates  

(Kattwinkel et al., 2016); (Li et al., 2018). Adapting such models to aquatic microbial 

communities would provide a powerful tool for stream managers in the context of the Water 

Framework Directive in environmental risk assessment application.  

One major problem of field approaches is how to evaluate the potential toxicity of complex 

mixtures of xenobiotics to aquatic microorganisms associated with leaves. The first major issue 

concerns the sampling methods. Beyond the purely technical aspects relative to xenobiotics 

identification and detection in stream water, and that can only be fixed by improvement of 

knowledge on xenobiotic compounds and their metabolites coupled with new analytic methods, 
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samplings often lack representativeness. Actual sampling methods mostly consist in monthly 

punctual samplings that often miss peak exposures, and thus, underestimate xenobiotic 

concentrations in streams (Stehle, Knäbel & Schulz, 2013). To overcome this issue, passive 

samplers (i. e. Polar Organic Chemical Integrative Sampler (POCIS) or Semipermeable 

membrane devices (SPMDs) among others) have been developed. However, these passive 

samplers often target specific families of compounds (Vrana et al., 2005) underrepresenting the 

real diversity of chemical molecules. Moreover, these samplers can saturate rapidly, especially 

in heavily contaminated streams. Rasmussen et al. (2012) used event triggered samplers that 

can trap water when stream water level increase during rainfall events and further analyzed 

their content using gas-chromatography mass-spectrometry (GC–MS) or liquid-

chromatography mass-spectrometry (LC–MS). Although this allowed to characterize pesticides 

released in water during the rainfall event, this approach may probably underestimate pesticide 

concentrations in the case of long rainfall events.  

While there are clearly no perfect techniques to evaluate stream contamination by xenobiotics, 

a good alternative would be to combine all the existing technics. For example, punctual 

samplings could give information on the basal contamination of the stream whereas passive 

ones could inform on peak exposures. However, given the cost of chemical analyze and passive 

samplers, assessing as precisely as possible xenobiotic compounds in stream water will still 

probably remain a challenge. Hence, focusing on fewer compounds that are more likely to 

impact the considered organism can remain a good option, even if it implies a loss of 

information.  

The second major concern is to integrate xenobiotic contamination for aquatic microbial 

heterotrophic communities. The default model to assess the potential toxicity of mixtures of 

xenobiotics, and the one we used for the field experiment (Chapter 1), is the concentration 

addition model (CA) using the toxic units concept (TU, i.e. that rely on EC50 for standard test 

organisms). Although this model can suffer from serious limitations, especially when dealing 

with acute effects, it is still recognized as largely protective for the risk assessment of 

xenobiotics mixtures (Schell et al., 2018). Many reports in literature showed that CA model 

was the best model to describe the toxicity of a mixture of xenobiotics, especially in the case of 

very complex ones (Tian et al., 2012; Rodea-Palomares et al., 2015; Schell et al., 2018). Despite 

this, the predictions of the CA model using TU are highly dependent on the considered 

organisms. Yet, standard test organisms for freshwater ecosystems include bacteria (such as 

Vibrio fischeri), various microalgae (such as Scenedemus subspicatus or Scenedesmus 
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quadricauda) and microcrustaceans (such Daphnia magna or Daphnia Pulex) but lack fungal 

representatives. Until now, studies assessing the potential toxicity of contaminated-waters to 

microbial communities colonizing leaf-litter mostly used microalgae as surrogates for TU 

calculations (Rasmussen et al., 2012; Bundschuh, Goedkoop & Kreuger, 2014; Rossi et al., 

2019b) which raises the question of the accuracy of potential toxicity assessment. It becomes 

obvious that more EC50 data should be available concerning the effects of xenobiotic 

compounds on heterotrophic microbes such as aquatic hyphomycetes, which represent the most 

important contributor to leaf decomposition in streams. Hence, and as already proposed by 

(Maltby et al., 2009), we propose that aquatic hyphomycetes should be included as standard 

organisms in the regulatory documentation of the xenobiotic compounds. However, the 

question of the reliability of a model based on EC50 on a single strain and its projection at the 

community scale is still debatable. Hence, an alternative would be to directly assess the EC50 

of each xenobiotic compound on the considered microbial community. Although testing all 

xenobiotics for all the studied communities appears impossible, testing at least the main 

detected compounds might give more accurate toxicity informations than estimating an overall 

toxicity using the TU model.  

In addition to xenobiotics, nutrient contamination (especially nitrogen) appears as another 

major factor affecting microbial decomposition of submerged leaves. While nutrients are 

commonly associated with positive effects on leaf-associated microbial communities, their 

interactions with xenobiotic compounds are still unclear. Many literature reports showed that 

nutrients can compensate xenobiotic’s toxicity though we observed that they also can 

exacerbated their effect. Hence, it would be interesting to assess which nutrients (i.e. inorganic 

or organic forms of nutrients) and their thresholds (i.e. concentrations of both P and N) are able 

to compensate or exacerbate pesticide effects on microbes. According to the study of Fernandes 

et al. (2009) assessing the interaction between a range of zinc (0.03 mg L−1, 0.98 mg L−1, and 

9.8 mg L−1) and phosphate (0.05 mg L−1, 0.2 mg L−1, and 0.5 mg L−1) concentrations, the 

strongest inhibition of Alnus Glutinosa decomposition was observed in leaves exposed to both 

zinc and high phosphate concentrations. The authors suggested that such absence of 

compensation could be explained by the stimulation of some fungal species by nutrients which 

were at the same time the most sensitive to zinc exposure. To validate the hypothesis of the 

microbial structure-related compensation of nutrients over xenobiotics, and based on the 

experiment performed in Chapter 2, we could test the effects of various concentrations of 

nutrients in microbial communities exposed to a fungicide (tebuconazole) at environmentally 
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relevant concentrations. The classical descriptors (microbial biomass and activity) would be 

coupled with next generation sequencing techniquess in order to assess precisely the effects 

nutrient concentrations and the presence of the fungicide on the structure of microbial 

communities. 

The results obtained in Chapter 2 suggest that aquatic fungi associated to leaves might be 

involved in the transformation of pesticide compounds thanks to their ligninolytic activities (i.e. 

laccases and phenol oxidases). Many studies already highlighted the involvement of 

ligninolytic enzymes in phenolic compounds degradation (Fragoeiro & Magan, 2005; 

Mukherjee et al., 2013; Sharma, Dangi & Shukla, 2018b). However, their potential role in 

xenobiotic’s detoxification processes is still unclear. For example, Carles et al. (2017) (Annex 

2), reported that microbial communities colonizing submerged leaf-litter were able to bio-

transform the herbicide nicosulfuron (used in maize crops), but did not surveye the evolution 

of enzymatic activities. The same authors further isolated from these microbial communities an 

ascomycete fungal strain, (Plectosphaerella cucumerina AR1), which was able to co-

metabolize nicosulufuron in the presence of glucose (Carles et al. submitted). In their study, 

laccase activity was reduced in the presence of the herbicide nicosulfuron, which contrasts with 

the detoxification hypothesis presented above. It would thus be interesting to investigate 

whether laccases and/or other types of phenol oxidases can actually be mobilized by fungi for 

detoxification/protection purposes or if the observed stimulation in Chapter 2 was attributable 

to something else. Using the inoculum from chapter 2 experiment (coming from the upstream 

site of the Couze watershed) and in the presence of decaying alder leaves, we could perform 

degradation tests at environmental concentrations of TBZ and S-Met (alone or in mixture). 

Dissipation of both TBZ and S-Met molecules would be assessed over time and accompanied 

by metabolite production monitoring. Several enzymatic activities such as laccase, phenol 

oxidase and peroxidase would be monitored, and accompanied by microbial diversity analyses 

using sequencing technics in order to highlight pesticide resistant/sensitive species. These 

measurements could be complemented by RNA sequencing in order to evaluate the implication 

of specific genes in these detoxification processes and eventually coupled with marked pesticide 

compounds followed by Stable Isotope Probing (SIP) techniques in order to evaluate whether 

the compounds were completely mineralized (used as carbon source) or just degraded. 
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While most of this thesis deals with the effect of chemical contamination on microbial 

communities and their organic matter decomposition activity, indirect effects of contamination 

were also investigated on higher trophic-level organisms within the stream food web (i. e. 

macroinvertebrates). As described in the introduction section, the interface 

microbes/macroinvertebrates is crucial in stream functioning (i.e. organic matter decomposition 

and food web support), and microbes play an important role in macroinvertebrate diet and 

feeding behavior. In Chapter 2, we focused on how different combinations of pesticide 

compounds (a fungicide and herbicide alone or in mixture) may affect leaf palatability for 

macroinvertebrates and concluded that environmentally relevant concentrations of these 

molecules have a negligible impact. However, it has to be noted that studies assessing indirect 

effects on macroinvertebrates (including ours) are generally short-term exposure experiments 

(from 12h to several days). In contrast, the effect of prolonged exposure of macroinvertebrates 

(above 20 days) to food previously contaminated are less studied. Baudy et al. (2017) tested the 

effects of a 56 days exposure of the macroinvertebrate Hyalella Azteca to water containing a 

mixture of fungicides at environmentally realistic concentrations (i.e. 5 and 25 μg L-1). They 

showed that such exposure impaired the organism energy budget and reduced their reproductive 

performance. Considering that many macroinvertebrates have been shown to bio-accumulate 

pesticides (Katagi and Tanaka, 2016; Lazorchak et al., 2015; Ruhí et al., 2016) and that a part 

of these compounds are transferred via the food supply (i.e. compounds accumulated on 

microbial biofilms and leaf material), a longer exposition of macroinvertebrates to 

contaminated food supply appears relevant. To which extent indirect pesticide bioaccumulation 

via the trophic chain impairs higher trophic level organisms (biomass, reproduction and feeding 

activity) and its relative importance compared to direct bioaccumulation (i.e. from water) would 

be interesting to determine. Based on previous results from Baudy et al. (2017), we could test 

the effects of a long-term exposure (56 days) to water containing i) a mixture of pesticides 

(including herbicides and fungicides) with clean leaves previously colonized by 

microorganisms ii) clean water but leaves previously colonized by microorganisms exposed to 

the same mixture of pesticides, and iii) water containing the mixture of pesticides with leaves 

previously colonized by microorganisms exposed to the same mixture of pesticides. 

 

Finally, according to the United Nations, the world human population is expected to reach about 

9.6 billion in 2050 years and 10.9 billion in 2100 (Bradshaw & Brook, 2014) whereas 

urbanization level is expected to grow accordingly and reach more than 80% worldwide 
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(Grimm et al., 2008). To fit such human expansion, global food demand is also expected to 

increase rapidly, and predictions on global crop demand in 2050 have been estimated to 100 to 

110% increase (Tilman et al., 2011), probably accompanied by an augmentation of fertilizers 

and pesticides use despite some willingness to diminish them. Obviously, such human 

expansion will have serious repercussions on freshwater resources, especially considering that 

water used for irrigation accounts for 80% of the total freshwater consumption (Rosegrant, Cai 

& Cline, 2002). Hence, xenobiotic and nutrient concentrations in stream ecosystems can be 

expected to drastically increase within the next 50 years. In addition to these findings, the 

predicted increase in stream water temperature due to climate change is expected to increase by 

1.0–2.2°C by 2100 (van Vliet et al., 2013), whereas the frequency and magnitude of runoff 

events will be reduced, potentially leading to higher occurrence of drought events. Up to now, 

only few studies already tested the interaction between drough event and a fungicide or between 

nutrients and mixtures of fungicides (Pesce et al., 2016; Fernández et al., 2016), but none 

included both nutrients, drought and pesticides. Considering that context, testing the triple 

interaction between nutrient increase, drought events and the presence of pesticides in mixture 

on organic matter decomposition processes in streams appears relevant.  

Besides, temperature variations might also affect the fate and effects of xenobiotics in stream 

ecosystems. Indeed, temperature increase may influence sorption of xenobiotics (Gavrilescu, 

2005) in soils and in streams. Another consequence of water temperature increase involve the 

decrease in dissolved oxygen, in turn leading to a decrease in water pH, further affecting the 

sorption properties and the toxicity of xenobiotic compounds in the water (Delpla et al., 2009). 

To which extent stream water temperature increases might affect the fate and effects of 

xenobiotics in streams, further affecting leaf-associated microbial communities? Addressing 

that question by testing the sorption on stream sediments and leaves of a pesticide compound 

under different temperature scenarios and evaluating the resulting effects toward microbial 

communities as well as their responses could give valuable informations for the future 

ecotoxicological risk assessment in stream ecosystems.  
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La grande majorité de la surface de la Terre (>70%) est recouverte d’eau. Alors qu’une partie 

importante de cette eau se retrouve dans les océans et les mers sous forme d’eau salée (>96%), 

une infime partie seulement (0.01%) se trouve dans les glaciers, les nappes phréatiques, les lacs 

et les rivières à l’état d’eau douce (Shiklomanov, 1993b). Pourtant, ces écosystèmes d’eau 

douce revêtent d’une importance capitale, à la fois en terme de valeur écologique (plus de 

100 000 espèces biologiques retrouvées dans ces écosystèmes, soit 6% des espèces actuellement 

connues) mais aussi en terme de valeur socio-économique (Dudgeon et al., 2006). Le bien être 

des hommes et le fonctionnement des sociétés modernes reposent en grande partie sur les 

apports en eau douce, que ce soit pour satisfaire les demandes en eau potable comme celles 

pour l’agriculture, l’industrie, la production d’énergie, le transport ou encore les activités 

récréatives (pêche, baignade, …). Malheureusement, cette surexploitation de la ressource en 

eau, couplée à la modernisation des techniques d’agriculture (utilisation de pesticides entre 

autre) et leur intensification a conduit à l’introduction massive de nutriments et de 

xénobiotiques dans un grand nombre d’écosystèmes aquatiques. 

A l’heure actuelle, les rivières et les cours d’eau font certainement partie des écosystèmes 

aquatiques les plus impactés de la planète. C’est plus particulièrement le cas des cours d’eau de 

tête de bassin versant, dont la très petite surface du lit de la rivière les rend très sensibles aux 

intrants de composés chimiques. Pourtant, malgré leur petite taille et les faibles débits 

généralement observés dans ce type d’écosystèmes, ils revêtent d’une importance capitale. 

Outre le fait qu’ils représentent la grande majorité des réseaux hydrographiques en termes de 

linéaire (entre 60% et 70% du linéaire total), les cours d’eau de tête de bassins versant 

constituent une réserve importante d’espèces et jouent donc un rôle primordial dans le maintien 

de la diversité et de la fonction des écosystèmes lotiques, notamment dans leur partie aval. 

En l’absence de perturbations anthropiques, les cours d’eau en tête de bassin versant se 

caractérisent généralement par la présence d’une végétation riveraine. Cette dernière a pour 

effet non seulement d’apporter de l’ombre au niveau du lit du cours d’eau mais également de 

fournir ce dernier en matière organique, telle que des litières de feuilles, des branchages ou bien 

encore toute autre forme de matière organique d’origine végétale (fruits, spores, etc…). En 

conséquence, il est admis que le fonctionnement des cours d’eau de tête de bassin versant est 

très largement basé sur l’hétérotrophie. Les processus de décomposition de la matière organique 

ont donc un rôle primordial dans le fonctionnement de ces écosystèmes, permettant non 

seulement de faire le lien avec les écosystèmes terrestre, mais permettant également le transfert 
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d’énergie et de nutriment au travers du réseau trophique au sein de la rivière (Cummins, 1974; 

Gessner & Chauvet, 1994; Webster & Meyer, 1997).  

La matière organique d’origine allochtone (c.-à-d. depuis la ripisylve) arrivant au niveau du lit 

du cours d’eau peut être répartie dans deux catégories : les apports verticaux (directement 

depuis les arbres) et les apports latéraux (depuis les sols avoisinants). Dans les deux cas, la 

grande majorité de ces apports est essentiellement constituée de litière de feuilles. Suivant le 

type d’espèces végétales constituant la ripisylve, l’ordre de Strahler ou encore le degré de 

perturbation anthropique du cours d’eau (végétation riveraine altérée ou non), la contribution 

de la litière de feuilles varie entre 41% et 98% de l’apport en matière organique allochtone 

totale. D’autres facteurs tels que la saison interviennent dans les apports en matières organiques. 

Par exemple, la majorité des apports en litières ont lieu en automne dans les cours d’eau 

forestiers tempérés, tandis que pour les cours d’eau de régions plus arides (p. ex. Australie), 

ceux-ci ont lieu majoritairement au printemps ou en été (Abelho & Graça, 1996b, 1998b; Grigg 

& Mulligan, 1999b). 

Dans les cours d’eau de tête de bassin versant, on distingue deux facteurs majoritairement 

impliqués dans la décomposition des litières de feuilles : les facteurs abiotiques (lessivage et 

fragmentation physique essentiellement, Petersen and Cummins, 1974; Benfield, 1996; Gessner 

et al., 1999) et les facteurs biotiques (intervention d’organismes). Parmi les facteurs biotiques, 

les communautés microbiennes hétérotrophes ont un rôle primordial. Composées 

principalement de champignons aquatiques et de bactéries organisés sous forme de biofilms à 

la surface des feuilles, ces communautés sont capables de coloniser ces dernières quelques 

heures à peine après leur entrée dans le cours d’eau. La contribution des communautés 

microbiennes dans la décomposition des feuilles est estimée variant entre 25 et 45% de la perte 

total de masse (Bärlocher & Kendrick, 1975; Hieber & Gessner, 2002; Baldy et al., 2007b). Les 

champignons, et notamment le groupe des hyphomycètes aquatiques sont souvent considérés 

comme étant les plus fortement impliqués dans ces processus (Duarte et al., 2010; Fischer et 

al., 2006; Pascoal and Cássio, 2004), bien que certains rapports fassent état de contribution 

similaires entre bactéries et champignons aquatiques (Hieber & Gessner, 2002). L’activité de 

décomposition chez les micro-organismes est possible notamment grâce à l’utilisation d’un 

large panel d’enzymes extracellulaires, telles que les enzymes cellulolytiques (qui dégradent la 

cellulose, par exemple les β-glucosidases et les cellobiohydrolases, (Romaní et al., 2006a)) et 

les enzymes lignolytiques (qui dégradent la lignine, par exemple les laccases, les phénols 
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oxydases et les peroxydases, Abdullah et al. 1989; Chandrashekar & Kaveriappa 1991; Abdel-

Raheem & Ali 2004). 

Outre leur contribution directe dans la perte de masse des feuilles, les communautés 

microbiennes hétérotrophes ont également un rôle important dans le conditionnement du 

substrat feuille et son appétence pour des organismes de niveau trophiques supérieurs tels que 

les macro-invertébrés déchiqueteurs (Mann, 1975b; Suberkropp et al., 1976; Gessner et al., 

1999; Gaudes et al., 2009). En effet, bien que la contribution de ces derniers dans la perte de 

masse des feuilles soit très largement supérieure à celles des micro-organismes, la présence de 

micro-organismes à la surface des feuilles fourni aux macro-invertébrés des micronutriments 

généralement présent en faibles quantités dans les tissus végétaux. De plus, le fait que les 

feuilles aient été partiellement dégradées par les micro-organismes les rend plus facilement 

assimilables par les macro-invertébrés. L’activité des communautés microbiennes 

hétérotrophes associées aux litières végétales est donc déterminante dans la décomposition de 

la matière organique, et donc par extension, dans le maintien des réseaux trophiques de cours 

d’eau de tête de bassin versant.  

Cependant, à l’heure du développement des sociétés humaines et de la mondialisation, les 

activités anthropogéniques telles que l’agriculture, l’urbanisation, l’industrialisation ou encore 

les activités de transport ont un effet néfaste sur les écosystèmes de rivière. On peut citer par 

exemple des modifications du lit du cours d’eau pour faciliter le passage des bateaux, la 

suppression des ripisylves en bord d’activité agricole ou encore la contamination chimique des 

cours d’eau par des molécules xénobiotiques (pesticides, pharmaceutiques) ou des nutriments 

(provenant de fertilisants). Toutes ces modifications ont malheureusement des effets importants 

sur la biodiversité des cours d’eau ainsi que sur les services écosystémiques qu’ils assurent 

(Harding et al., 1998; Sala et al., 2000).  

En Europe, et en France notamment, l’une des principales causes de l’altération des 

écosystèmes lotiques est l’eutrophisation. Bien que l’eutrophisation soit un phénomène naturel, 

il est très largement reconnu que l’activité humaine a contribué très fortement à l’apport massif 

de nutriments (phosphore et nitrate notamment) dans les cours d’eau au cours des dernières 

décennies. On peut distinguer des causes directes et indirectes. Les causes directes 

correspondent à l’introduction directe de nutriment dans l’eau (fertiliseurs en agriculture, rejets 

de station d’épuration ou encore rejets domestiques) tandis que les causes indirectes résultent 
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de modifications physiques du cours d’eau et de ses alentours (déforestation), augmentant les 

apports en nutriments par lessivage des sols. 

L’Europe fait partie des régions les plus touchées par l’eutrophisation des cours d’eau 

(European Environment Agency, 2010, Leaf, 2017). Tandis qu’une nette amélioration peut être 

observée en termes de phosphates (diminution d’un facteur de 3 au cours des 20 dernières 

années), les concentrations en nitrates tendent à rester stables, avoisinant les 2 mg L-1 (Water 

Information System for Europe, WISE WFD Database, Malaj et al. (2014)). Ces fortes 

concentrations ne sont pas sans conséquences sur les communautés aquatiques et les fonctions 

écosystémiques qu’elles assurent (Vitousek et al., 1997a b; Nijboer et al., 2004). De manière 

générale, il est admis que l’augmentation des concentrations en nutriments provoque une 

augmentation des processus de décomposition microbiens des litières de feuilles (Ferreira et 

al., 2015). Cette augmentation d’activité s’explique en grande partie par une augmentation de 

la biomasse fongique qui s’accompagne d’une stimulation des activités enzymatiques 

extracellulaires associées (Artigas et al., 2004b; Hagen et al., 2006; Magbanua et al., 2010). 

Bien qu’il soit difficile de prédire les effets de l’eutrophisation à long terme, cette augmentation 

de l’activité microbienne pourrait profondément altérer le fonctionnement des cours d’eau, 

notamment en accélérant les processus de décomposition et de la minéralisation de la matière 

organique de l’écosystème.  

Outre l’eutrophisation, la contamination chimique des cours d’eau par des pesticides constitue 

la seconde majeure source de perturbation. Ces composés xénobiotiques peuvent être classés 

en fonction de leur mode d’action, et comptent notamment les herbicides, les fongicides, les 

insecticides ou encore les nématicides. Leur utilisation concerne un grand nombre de domaines, 

allant de l’agriculture à l’entretien des espaces verts. Cependant, le changement des pratiques 

agricoles dans le but d’augmenter les rendements (c.-à-d. utilisation d’un grand nombre de 

molécules différentes à faible grammage et en mélange pour augmenter leur efficacité) 

constitue la principale cause de contamination globale des cours d’eau. En 2015, on compte une 

consommation globale en pesticides d’environ 250 000 tonnes de molécules actives avec une 

tendance stable depuis 2010. En Europe, plus de la moitié des cours d’eau sous surveillance 

présentent une contamination par au moins une molécule de pesticide (WISE WFD Database, 

Malaj et al. (2014)). Leurs effets sur la décomposition de la litière de feuilles dans les cours 

d'eau ont fait l'objet de nombreuses études au cours de la dernière décennie, et notamment les 

fongicides dont le mode d’action les rend susceptibles d’impacter les champignons aquatiques. 

De manière générale, l'exposition aux fongicides entraîne une diminution des taux de 

https://www.sciencedirect.com/science/article/pii/S004896971733187X#bb0065
https://www.sciencedirect.com/science/article/pii/S004896971733187X#bb0155


 

144 
 

décomposition microbiens qui peut s’expliquer notamment par une diminution de la biomasse 

fongique associée à des modifications de la structure génétique de la communauté (Zubrod et 

al., 2011a, 2015b a; Bundschuh et al., 2011a; Artigas et al., 2012). Cette diminution en termes 

de biomasse a également été démontrée comme pouvant affecter la qualité nutritionnelle de la 

feuille, diminuant alors les taux de décomposition associés aux macro-invertébrés (Zubrod et 

al., 2011a; Bundschuh et al., 2011a). En comparaison, il existe très peu de littérature concernant 

l’effet des herbicides et insecticides sur les communautés microbiennes associées aux feuilles. 

Sachant que les herbicides peuvent avoir un impact direct sur les organismes autotrophes 

(Villeneuve, Larroudé & Humbert, 2011b; Pesce, Bouchez & Montuelle, 2012) et sachant que 

ces derniers ont un effet positif sur la décomposition de la litière de feuilles, il est possible que 

la présence d’herbicide puisse diminuer de manière indirecte la décomposition microbienne. 

Une autre cause de contamination chimique des cours d’eau concerne les composés 

pharmaceutiques, dont la présence dans les cours d’eau a suscité un intérêt relativement récent 

en comparaison des pesticides. Il existe environ 4 000 molécules pharmaceutiques réparties 

dans différentes familles, incluant les antibiotiques, les bêta-bloquants, les anxiolytiques, les 

antihypertenseurs, les anti-inflammatoires, les analgésiques ou encore les stimulants (Monteiro 

& Boxall, 2010). La plupart de ces composés ont été développés pour des utilisations humaines 

ou vétérinaires, mais une partie d’entre eux (notamment les antibiotiques) sont également 

utilisés en agriculture pour lutter contre certaines maladies (Rosi-Marshall & Royer, 2012). 

L’occurrence des produits pharmaceutiques dans les cours d’eau est relativement variable, en 

fonction des régions ou encore des saisons. Cependant, certains antibiotiques tels que le 

triméthoprime, la ciprofloxacine ou encore le sulfaméthoxazole sont fréquemment détectés à 

des concentrations comprises entre 10 et 2000 ng/L. Les quelques études ayant tenté d’évaluer 

les effets de produits pharmaceutiques, tels que les antibiotiques, sur les processus de 

décomposition n’ont montré que des effets négligeables à concentrations environnementales 

(Bundschuh et al., 2009, 2017; Jonsson et al., 2015). Seules de fortes concentrations (>100 

µg/L) semblent avoir des effets significatifs sur les communautés microbiennes (Maul et al., 

2006). Cependant, étant donné la diversité des molécules pharmaceutiques et leur occurrence 

dans les cours d’eau, des effets significatifs de ces composés, dus notamment à des interactions 

entre eux, sur les communautés microbiennes et leur activité de décomposition de la matière 

organique ne peuvent pas totalement être exclus. 

La contamination chimique des cours d’eau en Europe, et dans le monde d’une manière 

générale, est devenue particulièrement préoccupante, d’autant que les effets sur les organismes 
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aquatiques, sur l’intégrité des écosystèmes voir sur la santé humaine, sont encore mal connus. 

Devant ce constat alarmant, le 23 octobre 2000, le parlement européen décide d’adopter la 

Directive Cadre sur l’Eau (DCE) ou Directive 2000/60/EC. Cette directive, adoptée par 

l’ensemble des pays de l’Union Européenne, consiste à établir un plan d’action pour le retour 

au bon état chimique et écologique des cours d’eau en Europe. Le bon état chimique est défini 

comme la conformité des cours d’eau par rapport aux normes de qualités établies au niveau 

européen en termes de substances chimiques. Il est établit sur la base de seuils pour de 

nombreuses substances (y compris les nutriments, les métaux lourds et les xénobiotiques) et 

une liste de 45 substances prioritaires présentant un risque important pour les environnements 

aquatiques. Le bon état écologique est défini comme l'état de l'écosystème en l'absence de 

perturbation et désigne principalement l’intégrité des communautés biologiques ou leur 

déviation par rapport à un système sans perturbations (système de référence). Cette évaluation 

repose sur l'intégrité du réseau trophique, allant des producteurs primaires (micro algues, telles 

que les diatomées) jusqu’aux consommateurs que sont les macro-invertébrés et les poissons. Il 

intègre également des notions telles que l’hydro-morphologie du cours d’eau (c.-à-d. l’absence 

de modification du lit du cours d’eau) et la physico-chimie de l’eau qui sont des paramètres 

importants dans le maintien des espèces dans les écosystèmes lotiques. 

Bien que la qualité des cours d’eau en Europe et en France se soit grandement améliorée au 

cours des cinquante dernières années, les objectifs de la Directive Cadre sur l’Eau n’ont toujours 

pas été atteints. Prévu initialement pour 2015, ces derniers ont par la suite été reportés pour 

2027. Par ailleurs, selon les rapports de l’Agence Européenne pour l’Environnement, plus de 

57% des cours d’eau en Europe présenterait un statut écologique inférieur au statut « bon » de 

référence. De plus, les critères d’évaluations de la qualité chimique et écologique peuvent 

largement être remis en cause. En effet, il subsiste un manque de connaissances probant sur le 

nombre et la nature des composés chimiques (tels que les pesticides ou les pharmaceutiques) 

présents dans les cours d'eau. Les récents progrès en chimie analytique permettent 

régulièrement de mettre en évidence de nouveaux composés xénobiotiques. Il faudrait 

également prendre en compte les métabolites (produits de dégradation), dont la toxicité peut 

largement excéder celle des molécules mère (Carles, 2016). 

Devant ce constat, il devient évident que les indicateurs utilisés par la DCE sont insuffisants. 

Les indices actuels de la qualité biologique des eaux de surface reposent essentiellement sur la 

densité et la présence / l'absence d'espèces sensibles telles que les diatomées, les macro-

invertébrés ou encore les poissons. Cependant, ces indicateurs n’intègrent pas les aspects 
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fonctionnels de l'écosystème. De plus, les communautés microbiennes hétérotrophes, bien que 

à la base du réseau trophique et jouant un rôle important dans le recyclage de la matière 

organique, ne sont pas prises en compte. Dans ce contexte, l’utilisation de la litière de feuilles 

comme outils afin d’évaluer l’intégrité fonctionnelle des écosystèmes lotiques apparait donc 

pertinent (Gessner & Chauvet, 2002; Young et al., 2008). En effet, il s’agit d’un outil sensible 

et intégrateur. Cette thèse a donc pour objectif d’évaluer les effets de contaminations chimiques 

complexes, dans un contexte de changement global résultant de l’activité humaine, sur les 

processus microbiens de décomposition de la matière organique par l’intermédiaire de la litière 

de feuilles comme descripteur. 

 

Structure et objectifs de la thèse : 

A l’heure actuelle, de nombreux travaux scientifiques ont tenté de mesurer les effets de 

composés xénobiotiques et/ou des nutriments sur la décomposition de la litière de feuilles. En 

revanche, la grande majorité de ces travaux sont des expériences de laboratoire, utilisant 

souvent des concentrations en xénobiotiques (pesticides ou autres) bien au-delà de celles 

généralement retrouvées dans l’environnement (Zubrod et al., 2011b). Bien que les expériences 

de laboratoire, telles que les approches en microcosmes, possèdent un grand nombre 

d’avantages (paramètres contrôlables, faciles à mettre en œuvre et peu couteuses) et peuvent 

fournir des réponses rapides à des questions très spécifiques, leur nature simplifiée pose la 

question de leur représentabilité par rapport aux réponses dans les écosystèmes naturels. 

Notamment se pose la question de la difficulté d’extrapoler ces résultats au milieu naturel. Il 

semble donc nécessaire d’effectuer d’avantage de mesures in situ des effets de contaminations 

chimiques sur la décomposition de la litière de feuilles. 

Dans les cours d’eau exposés aux contaminants, les xénobiotiques sont systématiquement 

présents sous forme de mélanges avec d’autres composés, tels que les nutriments. Pourtant, la 

plupart des études n’ont testé l’influence que des nutriments ou des pesticides seuls (Gulis & 

Suberkropp, 2003; Dimitrov et al., 2014). Au regard des interactions potentielles 

nutriments/pesticides ou pesticides/pesticides qui peuvent avoir lieu dans l’environnement, il 

apparait donc nécessaire d’évaluer de telles interactions. Quelques études ont néanmoins étudié 

les interactions entre nutriments et fongicides ou bien entre fongicides et insecticides (Flores et 

al., 2014; Dawoud et al., 2017). Mais les interactions entre pesticides en mélange et nutriments 

n’ont encore jamais été évaluées. Etant donné que les herbicides sont les composés les plus 
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fréquemment détectés dans les cours d'eau, il serait intéressant de voir comment ils influent, 

directement ou via leurs interactions avec les nutriments et/ou un fongicide, sur la 

décomposition de la litière de feuilles.  

Un grand nombre d’étude a déjà mis en évidence des effets de la contamination chimique sur 

la structure des communautés microbiennes et leur activité de décomposition de la litière de 

feuilles (Rasmussen et al., 2012). En revanche, leur capacité à résister ou à récupérer de ce type 

de stress a moins été étudiée. Dans le contexte de la DCE qui vise à supprimer les intrants de 

xénobiotiques et de nutriments dans les cours d’eau, il semble donc pertinent de savoir si les 

communautés microbiennes ayant subies une exposition prolongée à des stress chimiques 

peuvent retourner à un état pré-contamination. 

Bien que la transformation et la minéralisation de la matière organique dans les cours d'eau par 

les activités enzymatiques microbiennes extracellulaires aient bien été étudiées, les effets de 

contaminations chimiques sur ces processus enzymatiques restent mal compris. La littérature 

récente suggère que l’activité laccase, une enzyme lignolytiques extracellulaire, pourrait être 

impliquée dans les mécanismes de réponse au stress et de détoxication chez les champignons 

aquatiques. Cette enzyme pourrait donc être utilisée comme outil de bio-évaluation de 

contamination chimique des cours d’eau. 

Compte tenu de ces lacunes, les objectifs de cette thèse sont donc:  

i) de comparer l'activité de décomposition microbienne de la litière de feuille in situ 

dans des bassins versants présentant différentes utilisations du sol (agriculture, urbanisation, 

forêts) et gradients de contamination (sites en amont peu contaminés et en aval plus contaminés) 

et de discriminer qui des paramètres physico-chimiques (nutriments, conductivité, oxygène, 

pH, entre autres) ou des xénobiotiques (produits pharmaceutiques et pesticides) influencent le 

plus ce processus (chapitre 1). 

 ii) d’évaluer in vitro (approche en microcosmes) les effets des interactions entre 

l'eutrophisation (conditions mésotrophe ou eutrophe) et la contamination par des pesticides 

(fongicide, herbicide et mélange des deux) des cours d'eau sur l’activité de décomposition 

microbienne. Nous considèrerons également les effets de cette contamination multiple sur 

l’appétence  des feuilles pour les macro-invertébrés (chapitre 2). 

iii) d’évaluer, par une expérience de translocation (transfert des communautés d’un site 

pollué vers un site moins pollué et inversement) en conditions contrôlées (microcosmes), la 
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capacité de résistance et de récupération des communautés fongiques et de leur activité de 

décomposition de la litière de feuilles, à une contamination chimique multiple (chapitre 3). 

iv) d’étudier in vitro (tests doses-réponses) la réponse de l'activité laccase extracellulaire 

chez les communautés microbiennes exposée à des concentrations croissantes d’un fongicide 

et de nitrates (chapitre 4). Les résultats de cette étude seront ensuite comparés avec ceux obtenus 

au cours des chapitres 1 et 3 afin de mieux comprendre la régulation de l’activité laccase 

extracellulaire soumise à une contamination chimique. 

 

Chapitre 1: Stimulation ou inhibition : décomposition microbienne des feuilles dans des cours 

d'eau soumis à une contamination chimique complexe 

 

Dans un premier temps, l’objectif était de définir un état des lieux des processus de 

décomposition microbiens dans les cours d’eau soumis à différent types de contaminations (non 

impacté ou forestier, agricole et urbain). Pour ce faire, six cours d’eau appartenant au bassin 

versant de l’Allier ont été sélectionnés dans le département du Puy-de-Dôme (Centre France). 

Le choix de ces bassins versants s’est effectué en collaboration avec le groupe Eaux et Produits 

Phytosanitaires en Auvergne-Rhône-Alpes, ex Phyt’Eauvergne (http://www. eauetphyto-aura.fr), 

chargé de la surveillance de la qualité chimique (pesticides) des cours d’eau en Auvergne, et 

l’Agence de l’Eau Loire-Bretagne, à partir de données de surveillance de pesticides dans l’eau 

sur une période de 5 ans ainsi que des pourcentages d’occupation des sols. Pour chaque cours 

d’eau, un site amont (proche des sources) et un site aval (à la confluence avec l’Allier) ont été 

sélectionnés afin d’évaluer les effets du gradient de contamination sur les processus de 

décomposition microbiens. 

Afin d’évaluer les effets de l’occupation des sols et du gradient de contamination (amont/aval) 

sur l’activité de décomposition microbienne des litières de feuilles, des sacs à mailles fines (0.5 

mm de diamètre) contenant de la litière de feuilles d’aulne (Alnus glutinosa) ont été disposés 

en triplicat sur chaque site (amont et aval de chaque cours d’eau, n = 36). La variabilité 

temporelle a également été étudiée en répétant l’expérience à chaque saison entre juin 2016 et 

mars 2017 (printemps, été, automne et hiver, n = 144 au total). Les taux de décomposition 

microbiens et les activités enzymatiques associées (laccases, phénol oxydase, peroxydase, 

cellobiohydrolase et β-glucosidase) ainsi que la structure et la biomasse des communautés 

http://www.phyteauvergne.fr/
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microbiennes associées aux litières de feuilles (champignons et bactéries) ont été utilisés 

comme descripteurs. Afin de limiter l’effet de la température dans notre étude (notamment due 

aux variations entre saisons), les taux de décomposition obtenus ont été corrigés par la 

température cumulée lors de la durée de l’incubation des feuilles à chaque site. En parallèle, 

des mesures physico-chimiques de l’eau ont été réalisées (phosphate, nitrate, carbone organique 

et inorganique, pH, conductivité, oxygène dissous) et couplées à des analyses de résidus de 

pesticides et de produits pharmaceutiques. 

 

 

Figure 1: 1  Taux de décomposition microbiens en degrés jours pour chaque type 

de bassin versant (moyenne des amonts et avals pour les 4 saisons +/- erreur 

standard, n = 24 pour les bassins versants urbanisés, n = 72 pour les bassins 

versants agricoles et n = 48 pour les bassins versants forestiers). 2  Ratios 

amont/aval pour les taux de décomposition en degrés jours  pour chaque type de 

bassin versant (n = 12 pour les bassins versants urbanisés, n = 36 pour les bassins 

versants agricoles et n = 24 pour les bassins versants forestiers). Les astérisques 

indiquent des différences significatives avec la ligne pointillée, qui représente un 

ratio de 1 (T test, p < 0.05). 

 

Les résultats des analyses physico-chimiques de l’eau ont permis de mettre en évidence des 

concentrations en nutriments et une toxicité potentielle par des pesticides et pharmaceutiques 

(exprimés en unités toxiques, TU) supérieures pour les bassins versant urbanisés et agricoles 

par rapport aux bassins versants forestiers (ou control). De manière surprenante, une tendance 

similaire a été observé sur les taux de décomposition microbiens (corrigés par la température), 

avec des valeurs légèrement plus élevées pour les bassins versants urbanisés et agricoles (Fig. 

1.1) par rapport aux bassins versants forestiers. Cette observation est encore plus flagrante 

lorsque l’on compare l’amont du bassin versant urbanisé par rapport à son aval (Fig. 1.2) .Ces 
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résultats suggèrent donc que l’effet toxique des pesticides et des composés pharmaceutiques a 

probablement été compensé par la présence des nutriments en forte concentrations. En 

revanche, le fait que la biomasse fongique soit réduite d’un facteur de 2 et 1.4 pour les bassins 

versants urbanisés et agricoles respectivement par rapport aux bassins versant forestiers semble 

démontrer que l’effet compensatoire des nutriments n’est que partiel (Fig. 2). De plus, les 

résultats d’une analyse multi-variée ont montré que la diminution de la biomasse fongique 

associée aux litières feuilles au niveau des bassins versants anthropisés (c.-à-d. urbanisés et 

agricoles) peut être majoritairement expliquée par la toxicité des pesticides. Aucune tendance 

nette n’a cependant pu être observée sur les activités enzymatiques généralement associées à la 

décomposition de la litière de feuilles. Ces résultats suggèrent que la régulation des activités 

enzymatiques extracellulaires chez les communautés microbiennes est d’avantage influencée 

par plusieurs facteurs, tels que la composition chimique du substrat, de l’eau ou encore la 

structure de la communauté. 

 

Figure 2: 1  Biomasse fongique pour chaque type de bassin versant (moyenne des 

amonts et avals pour les 4 saisons +/- erreur standard, n = 24 pour les bassins 

versants urbanisés, n = 72 pour les bassins versants agricoles et n = 48 pour les 

bassins versants forestiers). 2  Ratios amont/aval de la biomasse fongique pour 

chaque type de bassins versant (n = 12 pour les bassins versants urbanisés, n = 36 

pour les bassins versants agricoles et n = 24 pour les bassins versants forestiers). 

Les astérisques indiquent des différences significatives avec la ligne pointillée, qui 

représente un ratio de 1 (T test, p < 0.05). 

 

Les résultats de cette étude de terrain montrent donc que la contamination chimique des cours 

d'eau liée à l'agriculture et à l'urbanisation tend à stimuler les processus de décomposition 

microbiens des feuilles d’aulne et que cette stimulation peut s’expliquer par des effets 

Urbanized Agricultural Forested

0

5

10

15

20

25

1

c

a

b

F
u

n
g
a
l 
b
io

m
a

s
s
 (

m
g

 o
f 

C
 g

D
W

-1
)

Urbanized Agricultural Forested

0.0

0.5

1.0

1.5

2.0
*

2

F
u

n
g
a
l 
B

io
m

a
s
s
 U

p
s
/F

u
n
g
a
l 
B

io
m

a
s
s
 D

w
s

Urbanized Agricultural Forested

0.0

0.1

0.2

0.3

0.4

0.5

a

b

a

B
a
c
te

ri
a

l 
B

io
m

a
s
s
 (

m
g

 o
f 

C
 g

D
W

-1
)

Urbanized Agricultural Forested

0.0

0.2

0.4

0.6

0.8

1.0

*

*

*

B
a
c
te

ri
a

l 
B

io
m

a
s
s
 U

p
s
/B

a
c
te

ri
a

l 
B

io
m

a
s
s
 D

w
s



 

151 
 

compensatoires des nutriments (principalement l'azote). Cependant, la diminution de la 

biomasse fongique en présence de contamination chimique souligne tout de même une forte 

sensibilité chez les communautés microbiennes, même à de faibles concentrations en 

xénobiotiques. Globalement, ces résultats tendent à montrer que les communautés 

microbiennes sont plus efficaces en termes de décomposition de la litière de feuilles lorsqu’elles 

sont exposées à la contamination des cours d’eau, ce qui peut s’expliquer par des mécanismes 

d’adaptation accompagnés de modifications de la structure des communautés microbiennes 

associées aux feuilles. L’accroissement de l'urbanisation couplé aux nouvelles pratiques 

agricoles résultant de l’activité humaine suggère que les cours d'eau seront de plus en plus 

pollués par des nutriments et des micropolluants. Un tel mélange, même à de faibles 

concentrations, pourrait ainsi accélérer la décomposition microbienne de la litière de feuilles, 

entraînant un rétrécissement de la fenêtre temporelle de décomposition pour des organismes de 

niveaux trophiques supérieurs (c.-à-d. macro-invertébrés et poissons). Ces résultats soulignent 

donc l’importance de considérer que la biomasse microbienne et l'activité de décomposition 

dans l'évaluation des risques écologiques et écotoxicologiques au niveau des écosystèmes de 

cours d'eau. 

 

 

Chapitre 2: Effets interactifs des pesticides et des nutriments sur les communautés 

microbiennes responsables de la décomposition de la litière dans les cours d'eau 

 

Comme nous avons pu l’observer dans le chapitre précédent, la contamination chimique de 

l’eau peut avoir un effet stimulant sur l’activité de décomposition microbienne. Nous avons 

donc émis l’hypothèse que cette stimulation était essentiellement due à la présence de fortes 

concentrations en nutriments, contrebalançant les fortes toxicités potentielles en pesticides et 

pharmaceutiques observées aux bassins versant contaminés (c.-à-d. urbanisés et agricoles). 

Cependant, il reste difficile de déterminer si cette stimulation peut effectivement être attribuée 

aux nutriments. D’une part parce que nutriments et xénobiotiques co-occurrent généralement 

dans les cours d’eau contaminés et d’autre part parce que les résultats de notre analyse multi-

variée ont révélés une forte corrélation positive entre les taux de décomposition et la toxicité 

des pesticides. D’une manière générale, il est toujours très compliqué d’observer des tendances 
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nettes sur le terrain, premièrement à cause des variables confondantes mais également à cause 

de la forte variabilité entre sites d’études et entre saisons (Liess and Ohe, 2005). 

Dans ce second chapitre,  nous avons donc voulut essayer de déterminer qui des nutriments ou 

des pesticides influencent le plus l’activité de décomposition microbienne ainsi que la structure 

des communautés fongiques. Afin de répondre à cet objectif, nous avons mis en place une étude 

en conditions contrôlées (microcosme de 24 canaux de rivières artificielles). L’expérience s’est 

déroulée sur une durée de 40 jours, en utilisant 2 conditions nutritives différentes (mésotrophe 

et eutrophe) ainsi que 4 traitements (control sans contamination, fongicide et herbicide seuls ou 

en mélange). Les conditions nutritives ont été établies à partir des données obtenues sur le 

terrain (Chapitre 1) et de la littérature (classification de Dodds & Smith, 2016, mésotrophe = 

0.8 mg L-1 N-NO3 et 0.05 mg L-1 P-PO4 ; eutrophe = 8 mg L-1 N-NO3 et 0.5 mg L-1 P-PO4). 

Nous avons choisi comme fongicide le tébuconazole (TBZ) et comme herbicide le S-

métolachlore (S-met). Le premier (TBZ) a été choisi en fonction de son mode d’action, qui 

suppose des effets sur les champignons aquatiques tandis que le second (S-met) a été 

sélectionné pour son occurrence dans les cours d’eau en France (24% des cours d’eau, 

NAIADES, EauFrance, 2010-2015). L’impact de ces différentes conditions a été testé sur des 

communautés microbiennes obtenues à partir d’un inoculum provenant d’un site peu 

contaminée (Couze d’Ardes amont). Afin de simuler des piques d’expositions, les différents 

traitements ont été renouvelés chaque semaine par des changements d’eau. Les taux de 

décomposition microbiens et les activités enzymatiques associées (laccases, phénol oxydase, 

leucine-aminopetidase, phosphatase et β-glucosidase) ainsi que la structure et la biomasse des 

communautés microbiennes associées aux litières de feuilles (champignons et bactéries) ont été 

utilisés comme descripteurs à partir de prélèvements réalisés chaque semaine. Les effets 

indirect de l’exposition aux nutriments et aux pesticides sur l’appétence des feuilles 

précédemment exposées aux différents traitements (pendant 40 jours) pour le macro-

invertébrée Gammarus fossarum ont également été mesurés. 
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Table 1 : Taux de décomposition microbiens des feuilles d’aulnes (K) en jours-1 

dans les canaux exposés au fongicide (TBZ), à l’herbicide (S-Met), aux deux 

pesticides en mélange (MIX) ou non exposés (Ctrl) en condition eutrophe ou 

mésotrophe.  Les valeurs ont été obtenues après ajustement des pertes de masse 

en % à un modèle exponentiel décroissant. La qualité de l’ajustement est 

représentée par le R². Les valeurs en gras indiquent des différences significatives 

par rapport au contrôle, et l’astérisque des différences entre conditions nutritives 

(Test de Kruskal-Wallis, P < 0.05). 

 Ctrl + TBZ + S-Met + MIX 
  

 K R² K R² K R² K R² 
  

Eutrophic 
13.34 x 10-3 

± 1.52 x 10-3 0.94 
11.19 x 10-3 

± 1.23 x 10-3 
0.95 

11.39 x 10-3 

± 1.34 x 10-3 
0.94 

10.48 x 10-3 

± 1.27 x 10-3 
0.93  * 

Mesotrophic 
8.81 x 10-3 

± 1.91 x 10-3 
0.81 

8.69 x 10-3 
± 1.79 x 10-3 

0.83 
7.49 x 10-3 

± 1.52 x 10-3 
0.83 

7.38 x 10-3 
± 1.39 x 10-3 

0.85 
  

 

 

Les résultats de cette étude nous ont permis de mettre en évidence une interaction entre 

nutriments et pesticides sur l’activité microbienne, uniquement en présence de fortes 

concentrations en nutriments (phosphore et azote). Plus spécifiquement, une diminution des 

taux de décomposition microbiens a été observée dans les canaux exposés au TBZ et au S-met 

en comparaison avec les canaux contrôles (sans pesticides) en conditions eutrophes (Table 1). 

Ces résultats suggèrent que les nutriments pourraient exacerber les effets des pesticides sur les 

taux de décomposition microbiens. Ces résultats pourraient aussi majoritairement s’expliquer 

par des différences de structure des communautés (fongiques et bactériennes) entre traitements. 

Aucune interaction n’a cependant été observée entre les deux pesticides (TBZ et S-met) sur les 

taux de décomposition. De plus, une stimulation des  activités lignolytiques (laccase et phénol 

oxydase) a été observée en présence du fongicide (Fig. 3). Ces résultats pourraient suggérer la 

mise en place de mécanismes de détoxification utilisés par les champignons afin de pallier à la 

toxicité du TBZ. Cependant, aucune stimulation de l’activité laccase en présence de TBZ et de 

S-met en mélange n'a pas été observée. Ceci suggère une interaction antagoniste entre ces deux 

pesticides sur l’activité laccase. Concernant  l’impact indirect sur les organismes de niveau 

trophique supérieurs, aucune influence des pesticides n’a été observée sur la palatabilité des 

feuilles pour le macro-invertébré. 
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Figure 3 : Activités spécifiques laccase (A) et phénol oxydase (B) mesurées dans les 

canaux exposés au fongicide (TBZ), à l’herbicide (S-Met), aux deux pesticides en 

mélange (MIX) ou non exposés (Ctrl) en condition eutrophe (gris) ou mésotrophe 

(blanc). Les valeurs ont été obtenues après intégration des activités enzymatiques 

pour chaque condition pour la durée de l’expérience (40 jours). Les différences 

entre conditions nutritives sont indiquées par un astérisque (Kruskal-Wallis, P < 

0.05)  tandis que les différences entre traitements sont indiquées par des lettres 

(a>b). 

 

En conclusion, les résultats de cette étude nous ont permis de mettre en évidence que les 

nutriments constituent le paramètre principal influençant la structure et le fonctionnement des 

communautés microbiennes associées aux litière de feuilles d’aulne. Cependant, nos résultats 

ont également montré que des concentrations réalistes en fongicide (TBZ) et en herbicide (S-

met), seuls ou en mélange, suffisent à induire des changements au niveau de la structure des 

communautés, conduisant à une légère diminution de l’activité microbienne de décomposition 

associée. Cependant, aucun effet indirect de l’exposition aux pesticides n’a été observé sur 

l’appétence des feuilles pour des organismes de niveau tropiques supérieurs (macro-
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invertébrés). De manière surprenante, les effets des pesticides dans cette étude n’ont été 

observés qu’en présence de fortes concentrations en nutriments (condition eutrophe), suggérant 

des interactions de type antagonistes entre les nutriments et les xénobiotiques sur la 

décomposition microbienne. 

 

Chapitre 3: Réponses structurelles et fonctionnelles des communautés fongiques de litières de 

feuilles soumises à une pollution chimique d’un cours d'eau 

 

Comme nous avons pu le constater dans les chapitres 1 et 2, la contamination chimique de l’eau 

peut impacter les communautés microbiennes associées aux litières de feuilles. Alors que les 

effets d’une telle contamination sur la décomposition microbienne son contrastés, la biomasse 

et la structure de ces communautés se révèlent plus sensibles, et apparaissent souvent altérées. 

Dans un contexte réglementaire de préservation des masses d’eau ou la Directive Cadre sur 

l’Eau vise à réduire drastiquement les intrants de nutriments et pesticides dans les cours d’eau, 

une question reste en suspens : les communautés microbiennes ayant été exposées 

chroniquement à une contamination chimique peuvent-elles revenir à un état pré-perturbation 

une fois la contamination éliminée. 

Dans le but de répondre à cette question, nous avons mis en place une expérience en canaux de 

rivières artificiels afin de tester la résistance et la résilience des communautés microbiennes 

associées aux litières de feuilles à une contamination chimique complexe réaliste. Pour ce faire, 

6 canaux ont été mis en place, divisés en deux conditions, contrôle et contaminée, alimentés par 

de l’eau du site amont ou du site aval de la rivière Auzon (Puy-de-Dôme). Les communautés 

microbiennes (champignons et bactéries) ont été obtenues à partir d’inocula provenant de 

l’amont et de l’aval de cette même rivière. Les taux de décomposition microbiens et les activités 

enzymatiques lignolytiques associées (laccases, phénol oxydase, peroxydase) ainsi que la 

structure et la biomasse des communautés fongiques associées aux litières de feuilles ont été 

utilisés comme descripteurs à partir de prélèvements réalisées chaque semaine. Après deux 

semaines de suivi, les capacités de résistance et de résilience des communautés fongiques ont 

été évaluées en effectuant une translocation depuis l’amont vers l’aval (évaluation de la 

résistance des communautés) ou de l’aval vers l’amont (évaluation de la résilience des 

communautés). En parallèle, des mesures physico-chimiques (phosphate, nitrate, carbone 

organique et inorganique, pH, conductivité, oxygène dissous) et des analyses multi-résidus 
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pesticides de l’eau des canaux ont été réalisées afin de caractériser précisément la composition 

physico-chimique de l’eau de chaque condition. 

 

 

 

Figure 4 : Activité laccase mesurée dans les canaux amont et aval au cours de 

l’expérience (moyenne et standard erreur, n = 3). Les différences significatives 

entre conditions sont exprimées par des astérisques et des lettres (a ≠ b, test de 

Tukey’s, P < 0.05). 

 

 

Les résultats des analyses physico-chimiques de l’eau ont permis de mettre en évidence une 

toxicité potentielle liée aux pesticides (TU) et des concentrations en nutriments supérieures 

dans l’eau de l’aval de la rivière Auzon par rapport à l’eau de l’amont. Parallèlement à ces 

résultats, des valeurs d’activité laccase plus faibles ont été obtenues pour les communautés 

exposées à l’eau de l’aval par rapport à celles exposées à l’eau de l’amont (Fig. 4). Ces 

différences peuvent s’expliquer en partie par des différences en termes de structure des 

communautés fongiques (Fig. 5), malgré une richesse d’Unités Taxonomiques Opérationnelles 

(OTUs) fongiques supérieures pour les communautés exposées à l’eau de l’aval. De plus, à la 

suite d’un pique de concentration en nitrate, nous avons pu mettre en évidence une corrélation 

négative entre les nitrates et l’activité laccase, quel que soit le site.  

Les résultats de cette expérience de translocation nous ont permis de montrer une diminution 

rapide (1 semaine) de l’activité laccase accompagnée de changements au niveau de la structure 

des communautés fongiques pour les communautés déplacées depuis les canaux amont vers les 
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canaux aval. Ainsi, les communautés déplacées de l’amont vers l’aval (Ups -> Dws) montrent 

une structure différentes de celles de l’amont (Ups) mais proche de celles l’aval (Dws) à la 

semaine 4 (Fig. 5). Ces résultats suggèrent une faible résistance chez les communautés 

microbiennes associées aux litières de feuilles d’aulnes. De même, une forte capacité de 

récupération (2 semaines) fonctionnelle (activité laccase) et structurale (structure des 

communautés fongiques) ont pu être observées pour les communautés déplacées depuis les 

canaux aval vers les canaux amont. Ici encore, les communautés déplacées de l’aval vers 

l’amont (Dws -> Ups) montrent une structure différentes de celles de l’aval (Dws) mais proche 

de celles l’amont (Ups) à la semaine 4 (Fig. 5). Ces résultats suggèrent donc une forte capacité 

de récupération chez les communautés microbiennes associées aux litières de feuilles. Dans les 

deux cas, résistance ou résilience, les changements observés au niveau de la structure des 

communautés fongiques peuvent s’expliquer par des transferts d’espèces depuis les feuilles 

restées dans les canaux vers celles qui ont été déplacées au moment de l’expérience de 

translocation. 

Les résultats de cette étude ont donc permis de mettre en évidence que l’activité laccase et la 

structure des communautés fongiques associées aux litières de feuilles étaient sensibles et peu 

résistantes aux variations en termes de physico-chimie de l’eau. Ceci souligne donc 

l’importance de préserver ces écosystèmes. Cependant, ces communautés ont montré une forte 

capacité de résilience une fois le stress éliminé. Les cours d’eau de tête de bassin versant 

s’avèrent importants en termes de réservoir d’espèces lors des programmes de restauration des 

cours d’eau. Les résultats de cette étude ont également permis de mettre en évidence l’utilisation 

potentielle de l’activité laccase en tant que bio-marqueur de contamination chimique des cours 

d’eau. 
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Figure 5 : Dendrogramme représentant la structure des communautés fongiques 

associées aux litières de feuilles d’aulnes pour chaque semaine (semaine 1 (W1), 

semaine 2 (W2), semaine 3 (W3) et semaine 4(W4)) dans les canaux amont (Ups), 

aval (Dws), déplacées depuis l’amont vers l’aval (Ups -> Dws) et déplacées depuis 

l’aval vers l’amont (Dws -> Ups). Le dendrogramme a été obtenu en utilisant la 

méthode de Ward (indice de dissimilarité de Ward) à partir d’une matrice 

présence/absence obtenue en DGGE. 
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Chapitre 4: Régulation de l'activité laccase extracellulaire microbienne soumise à une 

contamination chimique 

 

Comme nous avons pu l’observer en chapitre 1, aucune tendance nette n’a été observée 

concernant l’effet d’une contamination chimique sur l’activité laccase, malgré des valeurs 

légèrement plus faible pour les bassins versant exposés à une contamination urbaine et agricole 

ainsi qu’aux sites aval. Lors de l’expérience de translocation du chapitre 3, une activité laccase 

plus faible a été obtenue pour les communautés exposées à de l’eau du site contaminé (riche en 

nutriments et xénobiotiques) par rapport à celles du site moins contaminé. Les résultats de ces 

deux chapitres semblent aller dans le même sens. En revanche, alors que les nitrates ont 

clairement inhibé l’activité laccase en chapitre 3, une stimulation de cette même activité 

enzymatique a été observée en présence de fortes concentrations en nitrate et de tébuconazole 

en chapitre 2. Ces résultats semblent monter que l’activité laccase est sensible à la 

contamination chimique des cours d’eau et que la régulation de cette activité chez les 

communautés microbiennes associées aux litières de feuilles semble fortement dépendante des 

caractéristiques chimiques de l’eau.  

Afin de comprendre plus précisément l’influence des nitrates et des pesticides sur cette activité 

enzymatique, nous avons donc mis en place une expérience de doses-réponses permettant 

d’évaluer les effets de concentrations croissantes en nitrates (0, 0.1, 0.5, 1, 5, 10, 50 et 100 mg/L 

de N-NO3)  et en tébuconazole (0, 0.01, 0.1, 1, 10, 20 mg/L de TBZ) seuls ou en mélange, sur 

l’activité laccase microbienne associée à la litière de feuilles d’aulnes. Dans cette étude, des 

feuilles pré-colonisées pendant une période de deux semaines à l’amont de la rivière Artière 

(site de référence) ont été utilisées, et l’activité laccase a été mesurée après 36 heures 

d’exposition aux nitrates et/ou au TBZ. La concentration effective 50 (EC50), qui évalue la 

concentration en TBZ ou nitrate nécessaire pour provoquer une variation de 50% par rapport à 

la valeur de référence (sans TBZ ni nitrate) sur l’activité laccase, a été utilisée. 
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Figure 6 : Réponse en termes d’activité laccase exposée à des concentrations 

croissantes en azote (N-NO3, échelle logarithmique) pour chaque concentration 

en TBZ (T0 = 0, T1 = 0.01, T2 = 0.1, T3 = 1, T4 = 10 and T5 = 20 mg L-1). 

 

 

Comme précédemment démontré par Artigas et al, (2017b), les résultats de cette étude ont 

montré que l’activité laccase issue de communautés microbiennes complexes était peu sensible 

au TBZ. Cependant, une forte stimulation de cette même activité a été observée en présence de 

concentrations croissantes en nitrates, et ce, quelle que soit la concentration en TBZ (Fig. 6). 

Néanmoins, cette stimulation n’a pu être observée qu’à de très fortes concentrations en nitrates 

(EC50 comprises entre 18.61 ± 4.55 mg L-1 de N-NO3 pour la plus forte concentration en TBZ 

et 36.45 ± 6.34 mg L-1 de N-NO3 en absence de TBZ), très supérieures à celles observées sur le 

terrain à l’exception du Charlet (site agricole, 25.27 mg de N-NO3 L-1). 

Globalement, ces résultats diffèrent de ce qui a précédemment obtenu lors de l’étude de terrain 

(chapitre 1) et de l’expérience de translocation (chapitre 3), où une relation négative entre 

l’activité laccase et les concentrations en azote (nitrate) ont été observés. Sachant que ces 
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stimulations sont observées uniquement à de très fortes concentrations en nitrate, nous avons 

émis l’hypothèse que l’augmentation d’activité pouvait être due à une réponse au stress 

provoqué par un choque osmotique. Par ailleurs, il reste très compliqué de comparer des études 

de terrain avec des tests d’éco-toxicologie, peu représentatifs de l’environnement. Ces résultats 

soulèvent donc la pertinence des tests standards éco-toxicologiques pour l’analyse des effets 

d’un toxique chez les communautés microbiennes. 

En analysant plus en détails les données obtenues lors de l’étude de terrain et de l’expérience 

de translocation  (chapitres 1 et 3), il apparaît que l’activité laccase semble plus sensible à la 

contamination chimique de l’eau chez les communautés issues des sites amont (moins 

contaminés) par rapport à celles issues des sites aval (plus contaminés). Il est donc probable 

que la réponse de communautés microbiennes à une contamination chimique soit fortement liée 

à la structure des communautés. L’absence de réponse d’activité laccase au nitrate chez les 

communautés issues du site plus contaminé peut donc s’expliquer par des mécanismes de 

d’acquisition de tolérance ou de résistance à la pollution, probablement expliqués par 

l’exclusion d’espèces sensibles et maintien des espèces tolérantes à la contamination. 

 

Discussion et conclusions 

L’industrie, l’urbanisation et l’agriculture sont les principaux facteurs ayant largement 

contribué aux apports massifs de composés chimiques dans la biosphère au cours du siècle 

dernier, et les écosystèmes de rivières comptent certainement parmi les plus exposés. De ce 

constat se pose la question des effets d'un tel stress chimique sur les services écosystémiques et 

les fonctions dispensés par les écosystèmes de cours d'eau. Dans cette thèse, nous avons évalué 

les effets d’une contamination chimique complexe, incluant celle des pesticides, des produits 

pharmaceutiques et des nutriments, sur l’activité de décomposition des communautés 

microbiennes associées à la litière de feuilles. Les réponses de ces communautés en termes de 

structure de communauté, de biomasse et d'activités enzymatiques associées ont également été 

évaluées. Ces travaux s'inscrivent dans le contexte de l'évaluation des risques écotoxicologiques 

liés à la contamination chimique des cours d'eau et contribuent à améliorer les connaissances 

sur les conséquences du changement global résultant de l'activité humaine sur le 

fonctionnement des cours d'eau de tête de bassin versant. 

Parmi les principaux résultats de ces travaux de thèse, nous avons pu observer que la 

contamination chimique liée à  une utilisation agricole ou urbaine des sols a provoqué à une 
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stimulation des taux de décomposition observé sur le terrain. Nous avons émis l’hypothèse que 

cette stimulation résultait en grande partie de la présence de fortes concentrations en nutriments 

généralement observées dans les cours d’eau impactés par l’activité humaine. En effet, 

l’augmentation des concentrations en nutriments est généralement associé à une augmentation 

des taux de décomposition microbiens associés à une augmentation de la biomasse microbienne 

(Artigas et al., 2004b; Hagen et al., 2006; Magbanua et al., 2010). Par ailleurs, la compensation 

des nutriments sur les xénobiotiques est un phénomène qui a déjà été décrit dans la littérature 

scientifique (Fernández et al., 2016; Gardeström et al., 2016). Cependant, le fait que la 

biomasse fongique soit fortement impactée pour les bassins versant agricoles et urbanisés 

semble montrer que ces mécanismes ne sont que partiel. Ces observations sont renforcées par 

les résultats obtenus lors du chapitre 2, ou les effets des pesticides n’ont été observés qu’en 

présence de fortes centrations en nutriment simulant un phénomène d’eutrophisation. Dans les 

deux cas, ces modifications en termes d’activité de décomposition peuvent s’expliquer par des 

changements au niveau de la structure des communautés microbiennes (bactéries et 

champignons). Dans l’ensemble, ces résultats montrent que malgré la contamination chimique 

des cours d’eau et son impact potentiel sur les communautés microbiennes, ces dernières sont 

capables de s’adapter afin de maintenir leur fonction de décomposition de la matière organique 

à l’échelle de l’écosystème et que les effets indirects de cette contamination sur les macro-

invertébrés semblent négligeables. 

L’autre résultat marquant de ces travaux de thèse concerne les activités enzymatiques 

extracellulaires associées à la décomposition des litières de feuilles. Parmi ces dernières, les 

enzymes lignolytiques sont bien connues pour leur implication dans la dégradation de 

molécules récalcitrantes de haut poids moléculaire, telle que la lignine, permettant l’accès aux 

compartiments internes des cellules végétales, riches en micronutriments pour les micro-

organismes (Chróst, 1991; Romaní et al., 2006b). Cependant, bien qu’une corrélation entre ces 

enzymes et la décomposition de la litière de feuilles a fréquemment été observée dans la 

littérature (Artigas et al., 2004b; Sinsabaugh, 2010), aucune tendance nette n’a été observée au 

cours de ces travaux de thèse. En revanche, l’activité laccase extracellulaire s’est montrée 

relativement sensible à la contamination chimique. D’une manière générale, nous avons pu 

observer une activité laccase plus faible aux sites les plus contaminés en lien avec la présence 

d’azote. Ces résultats nous ont d’abord conduits à penser que l’activité laccase pourrait servir 

de bio-marqueur de contamination chimique. Cependant une stimulation de cette activité chez 

les communautés microbiennes a également été observée en présence du fongicide 
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tébuconazole dans l’étude d’Artigas et al. (2017a) ainsi que lors de l’expérience en microcosme 

du chapitre 3, très probablement explicable par des mécanismes de détoxification/défense 

contre le stress mis en place par les champignons aquatiques (Baldrian, 2006; Sinsabaugh, 

2010; Karas et al., 2011). De manière surprenante, les résultats obtenus lors des tests doses-

réponses du chapitre 4 ont montré une tendance inverse, caractérisée par une stimulation de 

l’activité laccase en présence de nitrate mais aucun effet du fongicide. Cependant, différents 

mécanismes semblent être impliqués entre ces différentes études. La stimulation de l’activité 

laccase observée lors des tests dose-réponse peut être expliquée par une réponse au stress 

probablement causée par le stress osmotique résultant des concentrations extrêmes en azote. A 

l’inverse, et sachant que l’activité laccase extracellulaire est impliquée dans l’acquisition 

d’azote, l’inhibition de cette activité sur le terrain peut refléter une répression par le substrat, 

probablement dû au fait que les communautés microbiennes répondaient déjà à leurs besoins 

nutritionnels en azote. Des plus, les différences de structure des communautés entre sites 

suggèrent que la composition de la communauté microbienne pourrait également jouer un rôle 

dans le potentiel d'activité de la laccase extracellulaire (Sinsabaugh & Linkins, 1987; 

Songulashvili et al., 2007). Dans l’ensemble, ces résultats tendent à montrer la forte implication 

de la chimie de l’eau dans la régulation de l’activité laccase extracellulaire probablement par 

l’intermédiaire de changements au niveau de la structure des communautés microbiennes.  
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