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Phase-transfer and biodegradation of acetochlor and Smetolachlor in water-sediment systems

Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface
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Résumé en Français

Les pesticides représentent un des groupes de molécules de synthèse parmi les plus utilisés au monde, totalisant une utilisation de plus de 2.6 × 10 6 tonnes par an. 1 Par leur épandage massif et direct dans l'environnement, les pesticides ont contaminé les eaux de surface à l'échelle de la planète, 2, 3 causant de sérieux problèmes en termes de qualité de l'approvisionnement en eau potable et pour l'être humain. 4 La demande accrue d'eau et la diminution en approvisionnement dues aux sécheresses prévues pour ces prochaines années, 5 associées à une probable augmentation d'utilisation de pesticides ; 6 vont probablement accentuer la problématique des pesticides et leurs impacts sur la biodiversité aquatique ces prochaines années. 7 Le fonctionnement du compartiment aquatique en termes de transport et de dégradation des pesticides reste faiblement connu et requiert de sérieuses investigations. 8 En particulier, l'interface eau-sédiment (IES) a été identifiée comme zone majeure de la réactivité associée au compartiment aquatique, mais son fonctionnement demeure peu compris. 9,10 La globalité de ma thèse repose sur l'analyse isotopique composé-spécifique (CSIA) utilisée afin de prouver directement l'existence d'une dégradation sans l'aide de l'identification des produits de transformation ou d'un bilan de masse. 11 Le concept de la CSIA repose sur le fait que chaque cassure ou formation d'une liaison chimique dans une molécule est associée à un changement de composition isotopique. Ce changement s'explique par le fait que les isotopes légers, e.g., 12 C ou 14 N, réagissent à une vitesse différente des isotopes lourds, e.g., 13 C ou 15 N. Par conséquence, un enrichissement en isotopes lourds au cours de la réaction peut être observé, et celui-ci se nomme effet isotopique cinétique (KIE). 12 A l'opposé, les processus non dégradatifs tels que la sorption, la volatilisation, le transport, etc. sont généralement isotopiquement conservés. 13 Le but général de cette thèse est d'augmenter la compréhension de la dégradation des pesticides ainsi que leur persistance dans le compartiment aquatique. Nous avons défini cinq objectifs spécifiques sur la base du manque de connaissances actuelles concernant l'IES :

1. Développer et valider une procédure optimale afin d'extraire des pesticides et de mesurer leur composition isotopique dans les sédiments.

2. Evaluer et interpréter les effets de la photodégradation des pesticides exposés à la lumière naturelle sur la composition isotopique.

3. Elucider les processus de dégradation et de transfert de phases dans un mélange eausédiment dans des conditions aérobiques et anaérobiques.

4. Comprendre l'influence de la vitesse de l'eau sur la dissipation des pesticides à l'interface eau-sédiment.

5.

Evaluer et interpréter la contribution des processus destructifs et non-destructifs ainsi que le transport des pesticides en utilisant l'approche de la CSIA à l'échelle d'un bassin versant.

Nous avons concentré notre étude sur un mélange de pesticides sélectionnés sur la base de nos capacités restreintes pour analyser les composés en chromatographie gazeuse, représentant des composés mondialement utilisés, 1,14 et figurant sur les listes des composés prioritaires de la Directive Cadre Européenne sur l'Eau (DCE) 15 ou/et sur la liste à surveiller. 16 Dans le chapitre 2, nous présentons le développement analytique associé à un protocole modifié 17 d'extraction des pesticides, leur quantification par chromatographie gazeusespectrométrie de masse et leur analyse en isotope stable par chromatographie gazeusespectrométrie de masse à rapport isotopique pour le carbone et l'azote pour des sédiments et sols. Nous présentons les étapes qui ont conduit à accomplir une extraction quantitative (>70% de rendement d'extraction) pour le mélange de pesticides qui nous intéressait, i.e., atrazine, terbutryne, acétochlore, S-métolachlore et métalaxyl. Aucun enrichissement isotopique (|Δ𝛿 13 𝐶|<0.7‰) pour le carbone n'a été observé durant la procédure d'extraction.

Dans le chapitre 3, les changements de composition isotopique du carbone (C) et de l'azote (N) ont été mesuré durant la photodégradation directe et indirecte de l'atrazine et du Smétolachlore dans une eau synthétique reproduisant les conditions d'une rivière impactée par l'agriculture (nitrates = 20 mg L -1 et matière organique dissoute (MOD) = 5.4 mg C L -1 ). L'atrazine et le S-métolachlore ont été rapidement photodégradés par voie directe et indirecte (demi-vie plus petite que 5 et 7 jours, respectivement). La MOD réduit la vitesse de dégradation tandis que les nitrates l'augmentent. Les produits de transformation analysés montrent que l'oxydation induite par les radicaux hydroxyles prédomine durant la photodégradation indirecte. Des expériences effectuées avec une lumière UV (254 nm) ont causé un changement de composition isotopique pour le C et N comme suivi 𝜀 𝐶 = 2.7 ± 0.3 et 0.8 ± 0.1‰ et 𝜀 𝑁 = 2.4 ± 0.3 et -2.6 ± 0.7‰ pour l'atrazine et le S-métolachlore. En comparaison, la photodégradation effectuée avec un simulateur de lumière solaire a montré un changement de composition isotopique négligeable pour le C et très faible pour l'N. Cela corrobore les observations déjà faites sur le diclofénac 18 et le sulfaméthoxazole 19 préconisant que l'évaluation de la photodégradation pour l'étude environnementale soit systématiquement menée avec une lumière la plus proche de la lumière naturelle. Nous démontrons ici que, comme les tendances de changement de composition isotopique du carbone (C) et de l'azote (N) pour la photodégradation de l'atrazine et le S-métolachlore sont différentes de celles de la biodégradation et de l'hydrolyse, l'approche CSIA est capable de différencier la photodégradation des autres processus de dissipation dans les milieux aquatiques.

Dans le chapitre 4, la dégradation de l'acétochlore et du S-métolachlore est évaluée dans un système statique eau-sédiment au laboratoire. L'objectif spécifique était d'évaluer la contribution des processus dégradatifs et non dégradatifs en condition aérobique et anaérobique représentatifs de ce que l'on peut trouver à l'échelle d'une rivière. Nous avons émis l'hypothèse que ces deux conditions devaient présenter des voies et vitesses de dégradation contrastées. 20,21 La CSIA a été utilisée conjointement avec l'identification des produits de transformation pour démontrer la dégradation et les voies réactionnelles possibles. Nous avons aussi utilisé un modèle de transfert de phase 22 pour calculer la dégradation à partir du changement de concentration, tenant compte également de la contribution de la sorption. La demi-vie de biodégradation pour l'acétochlore et le S-métolachlore dans la phase liquide a été plus lente dans le milieu anaérobique (𝐷𝑒𝑔𝑇 50,𝑤 = 59 ± 16 et 199 ± 48 jours) que dans la condition aérobique (𝐷𝑒𝑔𝑇 50,𝑤 = 31 ± 17 et 29 ± 8 jours). L'effet isotopique cinétique apparent pour le carbone (AKIE-C) étant entre 1.018 ± 0.001 et 1.075 ± 0.008, la voie réactionnelle suggérée est une substitution nucléophile. La prédominance de l'acide oxalique comme produit de transformation suggère que la voie réactionnelle est identique dans les deux conditions, à savoir le glutathion S-transférase comme cela avait déjà été postulé pour les chloroacétanilides. 23,24 Dans le chapitre 5, nous avons recherché les effets de la vitesse d'écoulement de l'eau sur le transport et la réactivité de l'IES. Pour cela, nous avons construit un système expérimental de laboratoire reproduisant un tronçon de rivière. La caféine a été utilisée comme molécule modèle de l'activité anthropique comportant des propriétés proches d'un pesticide (log 𝑃 𝑂𝑊 <10, très peu volatile et log 𝐾 𝑂𝐶 proche de deux). En parallèle, sur le même système expérimental, Drouin et al. 25 ont démontré numériquement que la vitesse d'écoulement de l'eau contrôle la vitesse d'incorporation de l'oxygène dans le sédiment. Sur la base de la littérature existante, 8 nous soumettons l'hypothèse que la dégradation se situe principalement au niveau de l'IES et que la couche aérobique du sédiment affecte la proportion dégradée. Nous avons artificiellement construit des expériences pour plusieurs vitesses d'écoulement (1.1, 3.2 and 4.8 cm s -1 ), avec peu de carbone organique dissout et particulaire afin de limiter le plus possible la dégradation dans la colonne d'eau. La contribution du transport et de la dégradation a été évaluée en couplant la CSIA et un modèle de transport réactif des flux (TRF). De plus, une série d'expériences statiques similaires au chapitre 4 a été effectuée dans des conditions aérobiques pour un rapport faible (0.2:5) et haut (1:5) entre le sédiment et l'eau et présentant des constantes de dégradation (𝑘 𝑑𝑒𝑔 ) pour la caféine entre 0.658 ± 0.065 et 1.616 ± 0.248 jour - 1 , respectivement. Ces valeurs sont en accord avec celles précédemment observées. 26,27 Nos résultats sur le système expérimental suggère que 85% de la dégradation se situe dans la colonne d'eau, et pointent une contribution potentielle des microorganismes planctoniques et des enzymes extracellulaires provenant du sédiment. L'enrichissement isotopique, 𝜀 𝐶 = -0.59 ± 0.10‰, suggère une voie de dégradation par N-déméthylation qui correspond avec la voie de dégradation principale identifiée dans la littérature. 28 De plus, la vitesse d'écoulement de l'eau ne corrèle pas à la vitesse de dégradation observée, ce qui suggère que l'échange des flux au sein de zone hyporhéique pour la gamme des débits testés ne contrôle pas la dégradation comme initialement suggéré.

Dans le chapitre 6, nous présentons les résultats d'une campagne d'échantillonnage et de mesures du S-métolachlore à l'échelle du bassin versant de la Souffel (Bas-Rhin, France; 120 km²) entre mars et septembre 2019. Nous avons combiné un bilan de masse et l'approche CSIA pour évaluer la dégradation et la persistance du S-métolachlore en tenant compte des différentes sources à l'échelle d'un bassin versant. Ce chapitre constitue une preuve par concept de l'utilisation des informations accumulées durant les chapitres et les études précédente par notre équipe [29][30][31][32][33][34] afin d'estimer in situ la dégradation en utilisant la CSIA. L'estimation de la persistance du S-métolachlore avec la CSIA correspond à celle établie sur la base du bilan de masse. Le bilan de masse démontre une dégradation du S-métolachlore de 98.9 ± 4.7% (X̅ ± SD) au sein du bassin versant avec une dégradation faible pour la rivière étant estimée à 12.7 ± 3.1%. La participation respective de la photodégradation et de la biodégradation étant de 10 ± 3 et 2.7 ± 2.3%. En comparaison, la CSIA du S-métolachlore à l'échelle du bassin versant indique que 98 ± 20% était dégradé après quatre mois d'application sur les champs. Les stations d'épuration contribuent à 52 ± 18% des apports de S-métolachlore dans la rivière, basés sur la moyenne journalière des volumes d'eau. En comparaison, la contribution des sources reste 
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Chapter 1

General introduction

Context Pesticide sources and surface water contamination

Out of the 140,000 chemicals globally produced by manufactures and used in large amounts, i.e., more than 1 ton per year, 1 1,500 are used for farming purposes, to control pests, e.g., fungi, weed, insects. 2 Compared to any other chemicals, organic pesticide molecules, hereafter called pesticides, have two unique features. Firstly, they are one of the most used group of chemicals in the world, with up to 2.6 × 10 6 tons per year. 3 Secondly, pesticides are intentionally applied on a large scale in the environment, with up to 15.3 × 10 6 km 2 of croplands and gardens, corresponding to 10% of the global land surface. 4 As pesticides are found worldwide in surface waters, e.g., rivers, wetlands or ponds, [5][6][7] which often serve as drinking water resources, serious concerns arise for human health. 8,9 Forecasts predict that water use, frequency, drought severity and water scarcity will increase over the next years, 10,11 thus globally increasing the pressure on human water security and river biodiversity. 12,13 In addition, the use of pesticides is also predicted to increase in the next decades, 14 thereby threatening surface water quality. In addition to pesticides, the number of newly produced chemicals has raised, between 2002 and 2019, from 20 million to 156 million, according to the Chemical Abstract Service (CAS) Registry. 15 This emphasizes the broad diversity of chemicals that may reach surface waters, and the need to improve our understanding of the degradation processes of organic compounds in general, including pesticides, to secure our drinking water resources.

Two types of pesticide sources can be distinguished: diffuse sources (Figure 1.1, a), e.g., from agricultural fields or gardens, and point-sources (Figure 1.1, b), e.g., from wastewater treatment plants (WWTPs) and storm sewers. 16 In the case of diffuse sources, the main road for off-site transports from the field are: spray drift during the application, surface runoff and leaching, with subsequent transport through drainage channels during rainfall events (Figure 1.1, i). Spray drift (Figure 1.1, ii) may account for up to 75% of the total mass of pesticides applied, depending on the meteorological conditions, application methods and pesticide physico-chemical properties. 17 Rainfall events export pesticides by runoff, with a rate depending on both the time between application and rain, and the persistence of the pesticides. 18 From these rainfall events, a fraction of water might not reach surface waters, and directly recharge groundwater by infiltration from the field, with the concomitant transport of dissolved pesticide (Figure 1.1, iv). Off-site export reaching the surface water is estimated to be from 1 to 10% of the total applied mass of pesticides. [19][20][21] Diffuse sources have received main attention and are considered as the major contributors of the presence of pesticides in surface waters. 22 As a result, a broad variety of mitigation strategies have been proposed to minimize pesticide diffuse sources in surface waters. 23 In contrast to diffuse sources, WWTPs and storm sewers act as pesticides' point-sources (Figure 1.1, iii) by collecting pesticides applied on upstream gardens, roads or parks from constructed materials, or resulting from non-appropriate operations at the farmyard during the filling or washing of the pesticide spraying equipment. 24,25 As the design of WWTPs generally does not allow efficient removal of pesticides from wastewater, [26][27][28][29] WWTPs might contribute from 20 up to 80% of the pesticides loaded into the river, and may also lead to the formation of transformation products (TPs). 30 Point-sources have received less attention so far compared to diffuse sources, which have been sometimes neglected or under-evaluated. 16,31 Point sources are directly connected to the river, whereas diffuse sources undergo transport and reactive process, as described in the next sections, with a potentially higher contribution to surface water pollution. Hence, point-sources should be accounted for in ongoing and future research on pesticide degradation in surface waters.

Pesticide transport and interactions from diffuse sources to surface waters

Currently used pesticides in agriculture are typically soluble organic compounds, slightly polar (log 𝑃 𝑜𝑤 <10), non-volatile and with a moderate sorption affinity (log 𝐾 𝑂𝐶 around two). 32 Following application, pesticides may be transported off-site and distributed among the environmental compartments, mainly: soil, sediment and water. 33 How many pesticides are transported and distributed among these compartments mainly depends on soil hydraulic properties (permeability, water flow patterns) as well as the environmental parameters, such as the topography of the catchment, and meteorological conditions which mainly drive the offsite transport from the source to the surface water. 34 Consequently, the off-site pattern of General introduction -25 -pesticides during a growing season is dictated by the rainfall event and characteristics, which may transport pesticides in a soluble or particulate form. 18,35,36 urban point-sources. Pesticide behavior is also governed by transport processes, including: (i) surface runoff through drainage channels during rainfall events; (ii) spray drift during application; (iii) wastewater discharge; (iv) groundwater recharge from the field; (v) river flow transport; and (vi) hyporheic exchange between the river and groundwater. Adapted from 16, 37, 38 .

In contrast, physico-chemical properties of the pesticides, i.e., 𝑃 𝑜𝑤 , 𝐾 𝑂𝐶 , solubility of the pesticides have less impact on transport but explain differences between transport behaviors for different pesticides at the same location or at field scale. 39,40 For instance, sorption properties (𝐾 𝑂𝐶 ) typically increase the pollutant residence time within the soil or sediment, 41,42 thus decreasing availability for microbial degradation. 43 Along the road of the transport of pesticides from the source to the surface water, pesticides might be degraded by biotic and abiotic processes occurring in all compartments including soil, sediment, surface water and groundwater, which are described in the up-coming section. As this thesis focuses on surface waters, the following section describes the pesticide degradation processes in surface waters, including the water column and the sediment-water interface, although degradation occurs also in the soil.

Atrazine and S-metolachlor as examples of surface water contaminants

One good example to witness the persistence and transport of pesticides from agricultural fields to surface waters is the atrazine. Atrazine was banned in Europe in 2004, and it remains one of the most-used herbicides in the U.S., Australia, Brazil, and India. 2,3,44 In Europe, atrazine and desethylatrazine (DEA), one of its main TPs, were detected in 68% and 48%, respectively, in the 122 European rivers investigated. 45 Occurrences of atrazine TPs prove atrazine degradation in the environment. Atrazine and DEA were detected in 56% and 55%, respectively on 164 groundwater bodies in a EU-survey with a concentration up to 253 ng L -1 and 487 ng L -1 , respectively. 46 Contamination is even higher in very intensive farming areas such as in Alsace, France, where atrazine and DEA were detected in more than 70% of the 274 wells. 47 In comparison, in the US, the National Water-Quality Assessment (NAWQA) by the United States Geological Survey (USGS), detected atrazine in 95% of 178 US rivers 48 , where about 45% were above 0.1 μg L -1 . Atrazine was previously identified as degradable under oxic and anoxic conditions, 49 although biodegradation tends to slow down when atrazine concentrations are below 1 g L -1 . 50 At those concentrations, mass transfer across the membrane may become rate-limiting for degradation, 51 which may explain the persistence of atrazine in groundwater, and exemplifies the current challenge for the bioremediation at low concentrations. 52 Another example of pesticide transport from the fields to the surface water is Smetolachlor, a chloroacetanilide herbicide, widely used all over the world (eighth rank of mass sold) 3 and frequently found in surface waters during the application period. 53,54 S-metolachlor degradation in the field is faster than that of atrazine over the growing season (up to 93%). 20 Degradation of S-metolachlor could be proved by the presence of the TPs, which are usually detected in groundwater in higher concentrations than S-metolachlor. 45,55 The two major TPs are the S-metolachlor oxalinic acid (MET-OXA) and the metolachlor ethanosulfonic acid (MET-ESA), which are more persistent but less toxic than their parent compounds. 33 The Smetolachlor degradation in SWI likely occurs through the glutathione-S-transferase (Figure 1.2) and seems to produce less MET-ESA than MET-OXA. 56,57 Other chloroacetanilide pesticides, e.g., acetochlor, follow the same degradation pathway, i.e., the overall sequence of reactions from substrate to product(s), and fate in surface water. 58 Despite lower production, the MET-ESA is more soluble, i.e., mobile, and, as a consequence, can be found in the environment to a larger extent than any other S-metolachlor TPs. 53 However, the biochemical and environmental conditions leading to the dominant production of MET-OXA over the MET-ESA have not been elucidated, although it is a crucial to anticipate the TPs contamination in surface waters regarding to the larger mobility of MET-ESA.
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. Proposed chloroacetanilide degradation pathway by the glutathione-S-transferase

as described elsewhere. 56,57,59 The cysteine S-conjugate -lyase is an intermediate with three reactions (1,2 & 3) ended to 1. the sulfinylacetic acid, 2. oxanilic and 3. ethanosulfonic acid TPs. Road 1 is considered as minor (<10%) compared to the pathways 2 & 3. In brackets, intermediate compounds have been suggested but never observed. Road leading to sulfinylacetic acid ( 1) is not elucidated.

Pesticide abiotic degradation pathways in the water column

Abiotic degradation processes include hydrolysis and photolysis (Figure 1.3), which are occurring mostly in the water column, and to a lesser extent in other compartments, e.g., the soil. Hydrolysis occurs only in the presence of water, which limits the hydrolysis in dry soil. However, hydrolysis depends on 𝑝𝐻 and mainly concerns ionizable pesticides in the environment. 60 In contrast, photolysis mainly occurs in the water column due to a large penetration of the solar spectrum into water, from one to several meters deep, depending on the amount of turbidity of the water, 61,62 whereas photolysis typically acts in less than one mm in soil. 63 Photolysis occurs under direct photolysis and indirect photolysis (Figure 1.3a). 64 General introduction -29 -Direct photolysis is relevant for a few pesticides, absorbing the natural light spectrum and can be predicted from their molecular structure. 64,65 In contrast, indirect photolysis involves short-life reactive intermediates (RIs), such as singlet oxygen ( 1 O2), hydroxyl radical (HO•) or dissolved organic matter (DOM) excited triplet states ( 3 DOM * ), depending on the water chemistry rather than the physico-chemical properties of the organic compound. 62,66 The RIs production and their relative contribution to the degradation of specific pesticides could be estimated based on the photon flux, i.e., the number of photon per second per unit area, and the composition of dissolved species in water. [67][68][69] RIs can be produced by dissolved oxygen, DOM and nitrate. DOM is composed of a myriad of compounds, including photoreactive structure, such as aromatic ketones and aldehydes, quinones and phenolic compounds. [70][71][72] In opposite to RIs production, phenolic compounds that constitute DOM tend to inhibit the formation of 3 DOM * and by consequence the indirect photolysis. 73,[START_REF] Leresche | Probing the photosensitizing and inhibitory effects of dissolved organic matter by using N,N-dimethyl-4-cyanoaniline (DMABN)[END_REF] Altogether, knowledge of the origin of RIs-DOM and predictions from the optical properties, i.e., absorbance and fluorescence remains limited. Moreover, direct and indirect photolysis are conjointly occurring at surface waters with biodegradation process. Despite these limitations, the photodegradation should be evaluated, considered and predicted for a given pesticide and water composition as it might constitute an important degradation pathway in surface waters. 66,[START_REF] Zeng | Pesticide photolysis in prairie potholes: Probing photosensitized processes[END_REF][START_REF] Burrows | Reaction pathways and mechanisms of photodegradation of pesticides[END_REF] The sediment-water interface as a reactive interface in the surface water In surface waters, the sediment-water interface (SWI) is identified as the reactive interface where sediments provide a large surface supporting microbial development (Figure 1.3b) [START_REF] Battin | The ecology and biogeochemistry of stream biofilms[END_REF] and where nutrients settling provide favorable conditions for microbial activities. 43 This interface occurs between two compartments in surface waters: the water column, including total suspended solid (TSS), and the sediment bed, with the pore water. Due to the low abundance of freely microorganisms in water phase and the low activity of free-enzyme, the sediment bed is considered as a main compartment for biodegradation. [START_REF] Kunkel | Biodegradation of acidic pharmaceuticals in bed sediments: Insight from a laboratory experiment[END_REF][START_REF] Zumstein | Biotransformation of antibiotics: Exploring the activity of extracellular and intracellular enzymes derived from wastewater microbial communities[END_REF] The reactive zone of the river, where surface water and groundwater meet, is the hyporheic zone (HZ; Figure 1.1, vi). [START_REF] Boano | Hyporheic flow and transport processes: Mechanisms, models, and biogeochemical implications[END_REF] The HZ plays a critical role in self-purification of rivers, as the interplay of complex physical, chemical and biological processes, creating ideal conditions for organic matter decomposition, oxygen transfer and biodegradation of contaminants, [START_REF] Schaper | Fate of trace organic compounds in the hyporheic zone: Influence of retardation, the benthic biolayer, and organic carbon[END_REF][START_REF] Schaper | Hyporheic exchange controls fate of trace organic compounds in an urban stream[END_REF] which could contribute to various biotic and abiotic degradation pathways across gradients of redox conditions. [START_REF] Lewandowski | Is the hyporheic zone relevant beyond the scientific community?[END_REF] At the HZ, common degradative enzymatic pathways involving the superoxide production [START_REF] Diaz | Widespread production of extracellular superoxide by heterotrophic bacteria[END_REF] or the glutathione [START_REF] Allocati | Glutathione transferases in bacteria[END_REF] seem ubiquitous in microorganisms' world, which attest the capabilities of several microbial taxa to efficiency degrade pesticides. In addition, microorganisms can produce new nonspecific enzymes capable to degrade newly introduced organic compounds and facilitate their degradation. [START_REF] Copley | Evolution of efficient pathways for degradation of anthropogenic chemicals[END_REF] In contrast to processes in the water column, abiotic pesticide degradation in the SWI remains limited. Abiotic oxidative/reductive degradation processes at the SWI (Figure 1.3b) constitute the boundary between abiotic and biotic degradation because they are often microorganism mediated processes. [START_REF] Hennebel | Biogenic metals in advanced water treatment[END_REF][START_REF] Borch | Biogeochemical redox processes and their impact on contaminant dynamics[END_REF] For instance with the production of iron or manganese oxide by some bacteria which could rapidly degrade pesticides. 89,90 Finally, few complete abiotic reductive degradation pathways are reported in literature. 37 The nucleophile substitution by bisulfide (HS -) and polysulfides (Sn 2-) seems to be the most reported pathways, although suitable conditions for this degradation pathway seems to be only present in hypoxic marine waters [91][92][93] or rich sulfidic peat bog environment. 94 Current methodologies to evaluate the dissipation efficiency at SWI are generally assessed in laboratory systems called water-sediment systems, where observed dissipation processes include biodegradation and phase-transfer (i.e., adsorption-desorption). 95 However, the combination of both processes is rarely estimated, which constitutes a current gap of knowledge for predicting pesticide behavior at the SWI. 96

Pesticide exchange and degradation at the hyporheic zone (HZ)

Pesticide dissipation along a river from upstream to downstream depends on the contribution of degradative and non-degradative processes described in the previous sections. The water discharge driving dissolved and particulate pesticides transport (Figure 1.1, v) from upstream to downstream and across the HZ. 97,98 The mass exchanges of dissolved organic compounds and oxygen across the HZ, called hyporheic exchange flows (HEFs), strongly depend on water discharge, sediment morphology and texture, i.e., sand, silt and clay composition, leading to significant variations of organic compounds over sediment depth. 80, 99- 101 Hence, the relative contribution of degradation and transport processes depends on the hydraulic forcing, and drastically varies from quasi-static, e.g., base flow, to turbulent regimes, e.g., floods. 100 Under low discharge (Figure 1.4a), dissolved organic compound and oxygen transport is solely driven by the molecular diffusion coefficient whereas transport for dispersive and turbulent regimes is controlled both by diffusion and advection (Figure 1.4b & c). Under dynamic conditions, dissolved organic compounds and oxygen exchanges across the HZ are both molecular diffusion and advection depending on water flow regime. 97 Relationships describing the normalized effective diffusivity of a dissolved organic compound and oxygen trough the SWI in the function of the water flow regime have been reported. 97, 102-107 However, despite identifying the role of sediment in the degradation of organic compounds [108][109][110][111] and the degradation pathway occurring at the oxic HZ, [START_REF] Schaper | Fate of trace organic compounds in the hyporheic zone: Influence of retardation, the benthic biolayer, and organic carbon[END_REF][START_REF] Schaper | Hyporheic exchange controls fate of trace organic compounds in an urban stream[END_REF][112][113][114][115] to our knowledge, the relationship between water discharge and the HZ biodegradation activity have not been addressed for pesticides yet. In addition to dissolved species, suspended particles may transport a significant amount of hydrophobic, solid-bound organic compounds during flood events (similar as shown in Figure 1.3b). The particulate transport includes off-site from the field by erosion 20,116 and remobilization from the riverbed sediment in the water column. [117][118][119] Transport of dissolved and solid-bound organic compound is controlled by sorption-desorption processes occurring in soil and sediment. The partitioning coefficient (𝐾 𝑑 ) is used to predict the extent of these partitioning processes along the transport in the river. 40,120 Reversible sorption processes within the riverbed sediment of dissolved pesticides on organic matter could decrease pesticide degradation along with the HZ and acting as a source of organic compound leading to an overestimation of the in situ reactivity. [121][122][123] Despite the importance of the HZ in biodegradation, the interest has been focused to understand the transport of organic compound rather than the association between transport and reactivity. As a consequence, the hypothesis that water discharge controls the reactivity of the HZ through the incorporation of dissolved oxygen and pesticides and HEFs has been broadly raised but never addressed experimentally.

Tracking pesticide degradation in rivers

Although large pesticide contamination on surface waters has been widely reported over decades of environmental monitoring, 124 knowledge about the fate and transport of pesticide and TPs in surface waters and the SWI remains poorly understood. 125 One major difficulty is to track the occurrence of degradation and predict the time, i.e., "hot-moment", and the location, i.e., "hotspot", of pesticide degradation or persistence within a river stretch. 96,126 Studies about pesticide dissipation in rivers mainly rely on concentrations of parent pesticides and their TPs, to estimate impacts on ecosystems and on the drinkability of surface waters. Indeed, ecotoxicological impacts and drinkability are assessed, based on concentration threshold. However, concentration measurement alone cannot differentiate degradative and non-degradative processes and can hardly provide estimates for the extent of degradation along a river stretch. In addition, traditional methods use in laboratory to directly identify pesticide degradation with mass balance might required significant monitoring efforts to quantify both discharge and associated pesticide concentrations with continuous or flow proportional sampling. 127 Discharge monitoring and concentration sampling strategies may produce large uncertainties on the calculated masses flow, 128 larger than the extent of degradation along a river. As a consequence, in most of the cases, traditional mass balance approaches are only applicable for significant pesticide degradation extents, i.e., for pesticides with low persistence and/or concerning a sufficiently long river section.

On the other hand, the identification of TPs, used to prove the evidence of a degradation, only do so assuming that the TPs are known, which is not always the case. Moreover, TPs quantification to estimate the extent of degradation faces two major problems. Firstly, only a proportionbetween 10 to 70%of the total number of TPs can generally be identified. 124,129 Secondly, only a few detected TPs have available standards to allow quantification. Recent development in liquid chromatography coupled with high-resolution mass spectrometry (HR-MS/MS) has partially addressed these two limitations. While most TPs can now be predicted from a parent pesticide structure, 15 machine learning helps in estimating the concentration without available standards for a calibration. 130 However, prediction of TPs structures and the use of machine learning are built on knowledge from analogue pesticides, thereby limiting the development for new classes of pesticides.

Finally, twenty-five percent of pesticides are chiral, 131 i.e., pesticides presenting one or more carbon bonds with four different substituents, resulting in a number of enantiomers equaling twice the number of chiral carbon. 62 Enantiomers are molecules non-superimposable mirror images of each other, they may react at different rates depending on the environment. 132 Thus, some degradation pathways can be enantio-selective, i.e., degrading selectively or quicker one enantiomer compared to the others. As a consequence, an enantiomeric enrichment can be observed and used to derive degradation extents. 116,133,134 Following the same approach, the change of stable isotope ratios of pesticide can be used as an alternative to mass balance approaches along a river.

Compound-Specific Isotope Analysis (CSIA) to track in situ degradation

To improve interpretation of pesticide degradation in river systems, compound-specific isotope analysis (CSIA) has the advantage to provide evidence of the in-situ degradation without knowledge about TPs and without complete mass balance. CSIA has already proved the long-time scale monitoring studies on degradation of organic contaminant in groundwater and the ability to track source apportionment. 135 For each element, different stable isotopes exist with different natural isotope abundance, e.g., the ratio of 13 C/ 12 C and 15 N/ 14 N are equal to 1.123 and 0.366%, respectively (Table 1.1). The concept of CSIA relies on isotope fractionation, i.e., the isotope ratio change, caused by the cleavage or formation of a chemical bond of an organic compound. Light, e.g., 12 C or 14 N and heavy, e.g., 13 C or 15 N isotopes are degraded at slightly different rates and enrichment in the heavier isotopes of the non-degraded organic compound fraction in environmental samples may be observed. 136 This effect, called kinetic isotope effect (KIE), reflects the rate-limiting step of the involved mechanism. In contrast to degradation, non-degradative processes, such as phase transfer (e.g., sorption, volatilization), dilution by water or transport processes (diffusion) are generally conservative in terms of isotope ratios. 137 In the context of pesticide polluted rivers, change of stable isotope ratios of a pesticide along a river (Figure 1.5) can provide information of ongoing pesticide degradation. With some laboratory experiments about the hypothesis and calculation described below, CSIA may allow quantifying degradation extent along a river. The yellow to red ratio on the pie chart corresponds to the isotope ratio 13 C/ 12 C of the targeted pesticide. (a) Pesticide source, i.e., the sprayer tank or top-soil concentration after application: isotope signatures of pesticides differ if they are manufactured from different raw materials or by different synthesis processes, (b) Case 1: Lower pesticide concentrations and corresponding enrichment in 13 C of the pesticide molecule close to the area of pesticide application indicates the occurrence of degradation in the river, (c) Case 2: Lower pesticide concentrations without change of isotope ratios along the river indicates non-degradative processes, e.g., dilution and/or sorption, (d) Case 3: Lower pesticide concentration due to dilution (pristine water coming from C2 catchment) without degradation is characterized by similar isotope ratios.

Isotope ratio measurements are reported as delta notation per element (𝛿 ℎ 𝐸), in parts per thousand (‰) relative to a standard measurement specific for the element (Table 1.1), where 𝛿 ℎ 𝐸 is the isotope signature of the respective element (𝐸) and 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) is the isotope ratio of heavy (ℎ) to light (𝑙) isotopes in a sample and standard ((Table 1.1). In laboratory, under closed system and pseudo first-order kinetics, bulk isotopic enrichment factor (𝜀 𝑏𝑢𝑙𝑘,𝐸 ), i.e., a change in overall 13 C/ 12 C or 15 N/ 14 N, associated with a specific degradation pathway, generally follows the Rayleigh equation: 138

𝛿 ℎ 𝐸 = 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) 𝑠𝑎𝑚𝑝𝑙𝑒 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) 𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑 -1 (1.1) General introduction -35 -
where 𝛿 ℎ 𝐸 0 and 𝛿 ℎ 𝐸(𝑡) represent the isotope signatures of an element 𝐸 at time zero and 𝑡 of the degradation respectively, while 𝑃(𝑡) 𝑃 ⁄ 0 is the fraction of the remaining pesticide at time

𝑡.

Once a specific 𝜀 𝑏𝑢𝑙𝑘,𝐸 has been obtained under specific conditions from laboratory experiment, it can be used on the environment to evaluate the extent of degradation (𝐵) without any information on TPs and concentration, However, CSIA is a relatively new tool used in surface waters and research on pesticide degradation, which currently faces some challenges. 126 A major challenge is the low concentration of pesticides present in the surface water in comparison with the typical current sensitivity of the GC-IRMS (Table 1.1). Second, the analytical uncertainty associated with the observed fractionation limits our capability to detect a biodegradation extent when the 𝜀 𝑏𝑢𝑙𝑘 is small. For instance, for the 𝛿 13 𝐶, with a typical uncertainty of ± 0.5‰ and considering a methyl group oxidation (𝜀 𝐶 = -3.0‰) or a ring oxidation (𝜀 𝐶 = -0.4‰) on toluene, the biodegradation extent could be precisely estimated only if 15% and 70% have been degraded respectively. 139 Third, accurate GC-IRMS measurement is very sensitive to the background signal measurement effect caused by the sample matrix, e.g., natural organic matter compounds containing carbon and nitrogen, which are generally abundant in environmental samples, compared to experimental samples. This limit accurate measurements of pesticides' isotope ratio in samples with a large amount of elementary carbon or nitrogen. Finally, highly polar pesticides cannot be detected directly on GC-IRMS without derivatization prior to GC separation. 140,141 However, derivatization induces an additional isotope signal accounted for the derivation product, which should be corrected. Hence, preparation methods to reduce sample matrix and to analyze more polar compounds are some current challenges that need to be tackled to develop pesticide CSIA in surface waters. Currently used pesticides are organic compounds, very often containing heteroatoms, i.e., other than carbon or hydrogen, which may express higher isotope fractionation than C during degradation 126 , and as a consequence provide a very sensitive indicator of degradation. 156 However, commercially available gas chromatography-isotope ratio mass spectrometry (GC-IRMS) allows precise and accurate measurement of major isotope ratios, e.g., 2 H/ 1 H, 13 C/ 12 C, 15 N/ 14 N and 18 O/ 16 O (Table 1.1). Current analytical methods and approaches to expand measurements to promising heteroatom isotope ratio, e.g., 34 S/ 32 S, 35 Cl/ 37 Cl and [START_REF] Schaper | Fate of trace organic compounds in the hyporheic zone: Influence of retardation, the benthic biolayer, and organic carbon[END_REF] Br/ [START_REF] Zumstein | Biotransformation of antibiotics: Exploring the activity of extracellular and intracellular enzymes derived from wastewater microbial communities[END_REF] Br, are summarized in Table 1.1. However, all methods currently face unresolved drawbacks from both instrumental and methodological aspects: i) commercial devices exist, but are not currently available in most laboratories, ii) suitable sustainable reference material with inter-laboratory validations are still lacking, and iii) specific methods should be developed for accurate measurements. As demonstrated below and in chapter 4 & 6 of this thesis, dual isotopes element studies became necessary to retrieve a degradation pathway and increase the accuracy of estimates of the degradation's extent in the surface water. By consequence, the future of the micropollutant CSIA also depends on future progresses to address the analytical challenges posed by heteroatoms' measurement. General introduction -37 -

𝑙𝑛 ( 𝛿 ℎ 𝐸(𝑡) + 1 𝛿 ℎ 𝐸 0 + 1 ) = 𝜀 𝑏𝑢𝑙𝑘,𝐸 × 𝑙𝑛 ( 𝑃(𝑡) 𝑃 0 ) (1. 2) 𝐵 = ( 𝛿 ℎ 𝐸(𝑡) + 1 𝛿 ℎ 𝐸 0 + 1 ) 1 𝜀 𝑏𝑢𝑙𝑘,𝐸 ⁄ (1.3) General introduction -36 -
The 𝜀 𝑏𝑢𝑙𝑘,𝐸 value is often specific to one degradation pathway and can be evaluated for each degradation pathway under closed systems. 136 However, in surface waters, a targeted pesticide might be degraded by different degradation pathways, e.g., elimination, substitution, dealkylation, and depends on different processes, e.g., biodegradation and photolysis. As a consequence, the 𝜀 𝑏𝑢𝑙𝑘,𝐸 observed may reflect distinct degradation pathways. When multiple pathways exist, the degradation pathway might be elucidated by multi-element isotope signature, e.g., carbon and nitrogen and degradation pathway identification by plot representing 𝛿 15 𝑁 against 𝛿 13 𝐶 values using dual element isotope plots (Figure 1.6). Slope of the dual element isotope (𝛬) are good approximation of the ratios of 𝜀 values, e.g., 𝜀 𝑁 /𝜀 𝐶 which indicate the isotopic enrichment factor for the corresponding degradation pathway. Thus, degradation pathway could be elucidated from 𝜀 𝑁 /𝜀 𝐶 obtained under laboratory conditions and found in literature. 157,158 Another advantage of dual or multiple element CSIA is the potential to combine quantification of source apportionment and degradation of organic pollutants. 159,160 The concept of source apportionment is relatively simple and relies on mixing different contaminant pools for which the mixture is conservative, i.e., the isotope signature of the mixture is intermediate between the compositions of the endmembers. 161 However, this estimation is only possible when the source exhibits a larger isotope signature difference than the analytical
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-38 -uncertainties associated with the measurements. To our knowledge, the mathematical framework to use combined source apportionment and degradation quantification of organic pollutants has been established and validated with a simulation scenario 159,162 but never used in the environment. A remaining challenge that must be addressed to fill the gap between model validation and environmental application is to simultaneously manage the follow-up of multiple degradation processes and high analytical uncertainties from soil, sediment or surface water sample.

Previous sections of this introduction have underline the difficulties to interpret pesticide degradation in the water-sediment system such as rivers using CSIA, and accounting for low pollutant concentrations (ng L -1 to g L -1 ) and matrix effects. Despite recent efforts to apply CSIA on pesticides in low concentration from an analytical point of view 163 and in the environment, for surface waters 20,141,164 and soils, [165][166][167] the feasibility of pesticide CSIA, as a complementary line of evidence for understanding and quantifying pesticide degradation in rivers, should be demonstrated.

Research priorities and implications

As demonstrated in the previous sections, pesticides may threat drinking water supplies and river biodiversity. 12,13 Despite decades of research, we are still limited in our capacities to understand, demonstrate and predict the conditions leading to pesticide degradation from the bench-scale up to the environmental scales, e.g., catchment scale. The challenge is thus to correctly measure pesticide degradation, while only few methods have the potential to identify and estimate the extent of pesticide degradation from in situ measurements. Compoundspecific isotope analysis (CSIA) is one of these methods, that may provide evidence of in situ pesticide degradation, without prior knowledge of TPs, and allow quantification of degradation without cumbersome mass balance methods. 126 CSIA can also provide information on source apportionment. 160 However, research questions still need to be addressed with respect to priority bench-scale and in situ experiments to develop future applications of pesticide CSIA in rivers.

Four research gaps and associated questions are identified in this thesis to develop and apply CSIA as a tool to improve the evaluation of degradation and persistence of pesticides in rivers:

-Evaluating the potential of CSIA to resolve direct and indirect photodegradation pathways in surface water

Photodegradation may significantly contribute to pesticide degradation in the water column through direct or indirect photolysis. 168 Consequently, the presence of different electronic states (singlet, triplet), a as well as non-radiative transition and a large number of RIs with a different energy from one excitation might lead to many possible photodegradation pathways and KIE. 169 Despite our ability to predict photodegradation rates, 69,170 it remains difficult to predict photodegradation pathways and their contribution from the organic compound structures. Hence, a complementary strategy is necessary to estimate in situ photodegradation in the environment. Despite a growing number of organic compound photodegradation studies using CSIA, 169, 171-176 few have focused on sunlight degradation. 177,178 The ability of CSIA to evaluate the contribution of pesticide photodegradation among other degradation pathways under sunlight conditions is currently lacking.

A remaining question is: How can isotope signatures reflect ongoing direct and indirect photolysis processes? associated with pesticide dissipation in the water-sediment systems

The water-sediment system was identified as a hotspot of pesticide biodegradation in surface waters. It involves non-degradative phase-transfer between the sediment and the water phase with biodegradation. In addition, the water-sediment system includes contrasted environmental conditions, i.e., oxic-anoxic, which may lead to different pesticide biodegradation pathways. However, pesticide dissipation accounting for degradative and nondegradative processes has not been well elucidated in model systems yet. This constitutes a critical gap to interpret the combination of dissipation processes in environmental relevant systems, including the effect of photolysis and reactive transport across the SWI reactivity. In this context, the use of CSIA can provide an additional line of evidence for in situ degradation in water-sediment system to decipher the degradative from the non-degradative process. Several analytical challenges currently limit the use of pesticide CSIA in water-sediment systems by consequence isotopic enrichment factors have yet to be evaluated from elementary degradation experiments in the laboratory.

A remaining question is: What is the extent of biodegradation in the water-sediment system?

-Interpreting the relationship between water flow velocity and biodegradation at the hyporheic zone (HZ)

The HZ has been hypothesized to control biodegradation at river scale by enhancing pollutant mixing and biogeochemical activity in the sediment bed. [START_REF] Boano | Hyporheic flow and transport processes: Mechanisms, models, and biogeochemical implications[END_REF] Despite decades of intense research on HZ, the dynamics of HZ interplaying hydraulic forcing, pollutant partitioning and the efficiency of the biodegradation has not been established, which limits our understanding of the fate of organic pollutants in surface waters. 38 This remaining gap should necessarily be filled in, to identify the dominant factors controlling interactions between pollutants and river sediment beds at river scale.

A remaining question is: How does water flow velocity influence pesticide dissipation and the contribution of non-degradative and degradative processes in the water column and in the hyporheic zone (HZ)?

To our knowledge, the evaluation and the quantitative contribution of degradative versus non-degradative processes and transport via multiple sources at catchment scale has not been resolved. If it is well accepted that HZ constitutes the hotspot of the degradation process because contact between pesticides and microorganisms potentially involved in the degradation pathways is facilitated in surface waters, [START_REF] Schaper | Hyporheic exchange controls fate of trace organic compounds in an urban stream[END_REF][112][113][114][115] conditions of preferential degradation (hotspot and hot-moment) or persistence remain elusive. CSIA framework has been recently developed to evaluate the degradation extent at the scale of a headwater catchment 20 and numerical case study with a subsurface-surface reactive transport model (HydroGeoSphere) has validated the potential of CSIA to evaluate pesticide degradation from hillslope to river stretch scales 179 although the concept has never been demonstrated in surface waters.

A remaining question is: What are the potential and limits of CSIA to evaluate pesticide degradation and persistence in rivers under environmental conditions during a growing season?

Thesis Goal and Objectives

The overall goal of this Ph.D. is to improve the interpretation of pesticides' degradation and persistence in surface waters, including knowledge of their kinetics and pathways. Based on the identified gaps in current knowledge, and the four abovementioned research questions, five specific objectives are addressed in this thesis:

1.

Developing and validating a sensitive and accurate procedure for pesticides' extraction, concentration, quantification and CSIA for soils and sediments without isotope (C and N) fractionation.

2.

Evaluating and interpreting the effect of sunlight photodegradation on pesticide isotope fractionation.

3.

Elucidating the degradation pathways accounting for non-degradative processes in a two water-sediment phases system, under oxic and anoxic conditions. 4.

Interpreting the impact of water flow velocity on pesticide dissipation at the sedimentwater interface in bench-scale channel experiments.

5.

Evaluating and interpreting the contribution of degradative versus non-degradative processes and transport via multiple sources using CSIA in an agricultural catchmentriver system (Souffel river, Bas-Rhin, France, 120 km²).

Thesis Outline

The thesis is structured with an introduction (Chap. 1), describing the context of the study, highlighting the main gaps in current knowledge and presenting the research questions, goals and objectives. Followed by a methodological section (Chap. 2), describing the development of the extraction of pesticides from water, soil and sediments. Then, a result section (Chap. 3 to 6) presents designs and results of experiments associated to the specific objectives 2 to 5, respectively. Finally, a general discussion and implication section (Chap. 7 and 8) provides the overall conclusion of the project, the main implications of the research for surface waters, and future perspectives for using CSIA to investigate pesticide degradation in rivers, and more broadly in water-sediment systems. The Figure 1.7 provides an overview of the approach and how chapters interact to answer the five objectives in this thesis.

To achieve the above-described objectives, a pesticides' mixture was selected (atrazine, terbutryn, acetochlor, S-metolachlor and metalaxyl) as being representative of the currently used pesticides, following the next criteria: high worldwide applications, 2, 3 being on the priority list of the European (EU) water framework directive 180 and/or being on the EU watch list. 181 Chapter 2 presents the development and validation of a protocol for pesticide extraction, quantification by gas chromatography-mass spectrometry (GC-MS) and stable isotope analysis of carbon (C) and nitrogen (N) by gas chromatography-isotope ratio mass spectrometry (GC-IRMS) from sediments and agricultural soils. My specific objective was to quantitatively extract a mixture of pesticides (atrazine, terbutryn, acetochlor, S-metolachlor and metalaxyl) without any isotope fractionation (𝛿 13 𝐶 and 𝛿 15 𝑁) from different sediments and soils' matrix. The methods developed in this chapter constitute an essential basis for further experiments developed in this thesis. The work conducted in Chap. 2 addresses objective (1).

Chapter 3 investigates sunlight photodegradation of atrazine and S-metolachlor and associated effects on stable isotope fractionation. In this chapter, I focused on atrazine and Smetolachlor as the main used of two families of pesticides: triazine and chloroacetanilides. These two pesticides were irradiated with a simulated sunlight under hydro-chemical compositions, representative of agriculturally impacted surface waters, i.e., containing nitrate and DOM. The main objective of this study was to evaluate the capability of CSIA to followup pesticide photodegradation in surface waters. For that, C and N enrichment factors were derived for direct and indirect photodegradation with the presence of nitrates and/or DOM. In addition, complementary experiments were conducted with ultraviolet (UV) light at 254 nm to evaluate the effect of light spectrum on C and N isotope fractionation during pesticide photodegradation. The work presented in chapter 3 addresses part of the objective (2).

Chapter 4 presents a microcosm study on a water-sediment system to simulate the dissipation of pesticides in the surface water. In this chapter, I focused on acetochlor and Smetolachlor which are the most used chloroacetanilide pesticides sold on the market, rank 3 and 7 of the total worldwide pesticides sold. They were selected because they had degraded in a reasonable time scale (half-life <300 days), inducing a significant isotope fractionation allowing us to apply the CSIA. The objective of this study was to evaluate the contribution of degradation and phase-transfer, responsible for acetochlor and S-metolachlor dissipation for two contrasted oxic and anoxic conditions. Those two conditions are realistic of environmental conditions in the river SWI. The oxic conditions predominate in a water column with sediment particulate content in re-suspension. In contrast, anoxic conditions predominate in the riverbed sediment with pore water nearby the sediment phase. I hypothesized that biodegradation pathways and kinetics may differ between those two conditions. CSIA was used to provide, based on change of stable isotope signature, an evidence of pesticide degradation. In addition, HR-MS/MS was used to elucidate the degradation pathway of pesticides in the water-sediment system. Phase specific degradation rates constant and bulk isotopic enrichment factors, which could be used in models to improve prediction of biodegradation and assessing the extent of biodegradation in the environment, are discussed. To this end, I used a two-phase conceptual model validated for laboratory conditions, 95 and evaluated the current limitations of this approach for further laboratory-based experiments using CSIA. The work conducted in chapter 4 addresses the objective (3).

Chapter 5 investigates the effect of water flow velocity on pesticides' transport and degradation at the sediment-water interface. A recirculated bench scale laboratory flume (15 cm long) was constructed to mimic the behavior of a small river. Caffeine was used as an anthropogenic surrogate compound with physico-chemical properties close to current agriculturally used pesticides (log 𝑃 𝑂𝑊 <10, not volatile and log 𝐾 𝑂𝐶 around two). In a parallel study on the same flume, Drouin et al. 182 numerically demonstrated that water flow velocity controls the incorporation rate of dissolved oxygen and pesticides within the sediment-water interface. I hypothesized that caffeine degradation mostly occurs at the sediment-water interface and in the oxic layer of the sediment whose thickness may be affected by water flow velocity. To test my hypothesis, experiments with three representative water flow regimes of a small river were conducted (1.1, 3.2 and 4.8 cm s -1 ). The objective was to evaluate whether the isotope signature of caffeine (𝛿 13 𝐶 and 𝛿 15 𝑁) measured in water can be related to a specific extent of degradation for each of the three water flow velocity conditions. The contribution of pesticides' transport and degradation to the overall pesticide dissipation was evaluated with a methodology coupling pesticide concentration measurements, compound-specific isotopes analysis (CSIA) and flow-reactive-transport (FRT) modelling developed in the PhD project of G. Drouin. The work presented in chapter 5 addresses the objective (4).

Chapter 6 presents the results of a sampling campaign conducted from March to September 2019 in the Souffel catchment (Bas-Rhin, France; 120 km²). My objective was to demonstrate the feasibility and limits of CSIA to evaluate degradation and/or multiple sources of pesticides at the river and catchment scale. More specifically, this campaign was designed to identify hotspots and hot-moments affecting the degradation of the herbicide S-metolachlor. I focused on the S-metolachlor which is currently widely applied in the Souffel catchement. This chapter constitues a proof of the concept for using laboratory-based knowledge from the previous chapter 3-5 and previous studies in the research group 20,35,116,164,179,183 to estimate in situ degradation in surface waters using CSIA. The work presented in this chapter addresses the objective (5).

Chapter 7 presents the main conclusions from chapter 2-6 including the general approach of (i) sample preparation and (ii) the necessity of laboratory scale experiment to support field scale pesticide CSIA.

Chapter 8 identifies and demonstrates the actual remaining steps to continue improving the accuracy and sensitivity of CSIA for in situ degradation measurement in surface waters. Additionally, I provide ideas for future research, to improve the interpretation of pesticide degradation in surface waters. 

Chapter 2

Pesticide extraction from soil and sediments for compound-specific isotope analysis (CSIA)

Abstract

Due to the limitation in sensitivity of gas chromatography used in combination with isotope-ratio mass spectrometry (GC-IRMS), applications of compound-specific isotope analysis (CSIA) need to extract and concentrate pesticides accurately for their determination. One challenge was to extract and concentrate the pesticides without the spurious effect of organic matter from the sample matrix, which could compromise the GC-IRMS measurement. Here, we adapted and validated a protocol to increase the sensitivity of pesticide quantification by gas chromatographymass spectrometry (GC-MS), and stable isotope analysis of Carbon by gas chromatographyisotope ratio mass spectrometry (GC-IRMS), from soils and sediments. The method was simple, robust, quick, and inexpensive, while achieving an extraction yield larger than 70% for sediment with all pesticides of interest, i.e., atrazine, terbutryn, acetochlor, Smetolachlor and metalaxyl. However, with yield of extraction lower than 60%, the method seemed to be not applicable for soil samples, likely due to a more complex matrix. Finally, the extraction method caused no significant isotope fractionation for C (|∆𝛿 13 𝐶 𝑒𝑥𝑡 | <0.7‰) for natural sediment samples.

Introduction

Compound-specific isotope analysis (CSIA) has become a widely used method to identify the source of organic pollution and identify their degradation pathways. 1 However, due to the limitation in sensitivity of gas chromatography used in combination with isotoperatio mass spectrometry (GC-IRMS), 2 applications of CSIA were originally restricted to pollutants found in aqueous concentrations in the μg L -1 to mg L -1 range, which could be easily extracted from environmental matrices. Applications were originally dedicated to legacy contaminants, such as chlorinated solvents, BTEX and MTBE found in groundwater, for which pre-concentration and purification could be performed easily due to their high volatility. 3,4 Recently, method developments were made on less hydrophobic, more soluble compounds like pesticides [5][6][7] with the common objective to use CSIA of trace concentrations (ng L -1 to μg L -1 range) in surface water systems. However, efficient extraction protocols for solid matrices, such as soil and sediment, that could be combined with CSIA, were only available for a limited number of compounds including: hexachlorocyclohexanes (HCHs), p,p_dichlorodiphenyltrichloroethane (DDT) and their environmental metabolites (chlorinatedbenzenes, dichlorodiphenyldichloroethylene (DDE) and dichlorodiphenyldichloroethane (DDD)), 8,9 for polycyclic aromatichydrocarbons (PAH), 10 for the fatty acid (FA), 11 for the alpha-cypermethrin, 12 and for nitroaromatic compounds such as 2,4,6-trinitrotoluene (TNT) and two dinitrotoluene isomers (2,4-DNT and 2,6-DNT). 13 We herein adapted an efficient solid-liquid extraction method developed by Ivdra et al. 8 for HCH, DDT and DDD to investigate a pesticide mixture in sediment and soil samples. This protocol was selected because HCH, DDT and DDD physicochemical properties (log 𝑃 𝑜𝑤 between 2.4 to 6.5 and log 𝐾 𝑜𝑐 between 1.7 and 5.2) were in the same range as our pesticides of interest (Table 2.1). Our goal was thus to validate a protocol for sensitive pesticide quantification by gas chromatography coupled to mass spectrometry (GC-MS) and stable isotope analysis of C and N by GC-IRMS from sediments and agricultural soils. The method (i) should be able to extract pesticides in low concentrations (<g g -1 ) with a decent yield of extraction (>70%), (ii) be reproducible on diverse soils and sediments types, (iii) generate no isotope fractionation (C and N), and (iv) result in low matrix effects, e.g., generating low soil C matrix extraction, for accurate GC-IRMS measurement.

The method developed in this chapter constitutes an essential basis for further experiments developed in this thesis. We also tested the protocol on some sterile samples, which could be further used as experimental abiotic control. A pesticide mixture (atrazine, terbutryn, acetochlor, S-metolachlor and metalaxyl; Table 2.1) were selected due to their suitability for gas chromatography to ensure accurate GC-IRMS measurement, and the following criteria: high worldwide applications, 14 be on the priority list of the European (EU) water framework directive 15 and/or be on the EU watch list. 16 

Materials and methods

All chemicals were of analytical grade purity (>99%) (detailed in Appendix B). All aqueous solutions were prepared with ultrapure water (>18 MΩ cm). A pesticide mixture (atrazine, terbutryn, acetochlor, S-metolachlor and metalaxyl) in a stock solution (5g L -1 per pesticide in acetonitrile, ACN) was prepared and stored at -20°C prior to experiment.

Sampling location

Five sampling locations (Table 2.2) were selected to have very contrasted soil or sediment physico-chemical properties, i.e., low and neutral 𝑝𝐻, low to high organic carbon content and carbonates to generalize as much as possible our methodological development. The locations correspond to different study sites with intensives ongoing projects. The Rouffach catchment (43 ha), the Alteckendorf catchment (47 ha), and the Strengbach catchment (80 ha) are located in Alsace, France. The Rouffach is a vineyard catchment where 68% of the land is farmed with conventional and organic farming as part of the agricultural and viticultural college of Rouffach. 23 The prevalent soil type of the catchment is calcareous clay loam with medium permeability capacity. The catchment is equipped at the outlet with a 1,500 m 3 stormwater wetland. 24,25 Alteckendorf is an agricultural catchment, mainly sugar beet (70%) and corn (18%; 2016 landuse). 7,26 The main soil type of the catchment is Cambisol. Sediment samples were collected in a small stream at the outlet of the catchment. The Strengbach catchment is covered at 85% with forest and is one of the French critical zone observatories (https://www.ozcar-ri.org). 27 The bedrock is a Ca-poor (less than 1%) Hercynian leucogranite. The soil types were sandy and stony and vary from entic Podzol to Cambisol. 28 The bioretention cell is located at the Kortright center for conservation in Vaughan, Ontario, Canada. It is an engineered structure dedicated to treat the water coming from a small parking lot. The bioretention cell is covered with 7.5 cm of hardwood mulch followed by a mix of sand and some soil rich in organic matter content. 29 

Sediment collection and characterization

Soils and sediments were collected at five different locations (Table 2.2) from the top ten cm. A total of five to ten randomly selected sub-samples, each between 2 and 10 kg per location were collected with a shovel, successively cleaned with distilled water, acetone and dried with a towel. The sub-samples were pooled together, and thoroughly mixed. Samples were wet-sieved at 2 mm and stored at 4°C prior to further manipulation. Characterizations were made by in-house or NF/ISO methods (detailed in Appendix B). Soil and sediment samples dried at 40°C were used to validate our tests. 

Selection of the extractant

The extractant was constituted by a solvent or solvent mixture with the requirement that extraction of the targeted pesticides with a decent extraction yield (>70%) could be obtained, be compatible with gas chromatography and exhibit a matrix effect allowing CSIA. We tested several solvent mixtures with a polarity close to the range of the targeted pesticides, including: i) ethyl acetate alone, ii) & iii) pentane:ethyl acetate 1:1 & 3:1 (v:v), and iv) & v) pentane:dichloromethane (DCM) 3:1 & 3:2 (v:v), respectively. For all preliminary tests, the extraction procedure was carried out as described below after spiking with a 50 mg g -1 pesticide mixture. The selection of the extractant was based on the extraction yield and used in a following step for CSIA.

Sample preparation for method validation

Five grams of dried soil or sediment were added to 15 mL centrifuge tubes and either adjusted at the original residual humidity (𝑅𝐻; Table 2.2) or to 50% 𝑅𝐻 with ultrapure water, respectively. A series of soil or sediment samples was spiked with the pesticide mixture from a diluted stock solution (1g L -1 in acetonitrile) at 0, 0.5, 5, 10, 20, 30, 40, 50 75, 100, 125 and 150 g g -1 . An additional sample was prepared with a 3 g g -1 concentration and tested for the soil series. The tubes were manually shaken, then vortexed for 30 min to ensure homogenization. Each series of samples were performed in duplicate. Additionally, blank controls without soil or sediment were processed in parallel to test whether pesticide sorption occurred during the extraction procedure. Sterile controls with soil and sediment autoclaved two times within a 24 h interval at 125 °C and 103 kPa for 20 min were conducted to quantify potential abiotic degradation. The sample series, blanks and sterile controls were stored for 7 days in the dark at 4°C prior to extraction to ensure equilibrium between the solid and liquid phase.

Optimized extraction procedure

Pesticides from soil or sediment (5 g dry mass) previously transferred into a centrifuge tube were extracted with 3 mL of solvent added directly to the centrifuge tube. The highest extraction yield was obtained with pentane:DCM (3:1, v:v). The centrifuge tube was then vortexed for 5 s, placed for 5 min into an ultrasonic bath (Branson 5510, 40 kHz), vortexed again for 1 min, and centrifuged at 2400 RCF for 20 min. this amount of centrifugation was found to be the optimum to ensure the settling of fine clay particles. The supernatant was then transferred into an amber glass vial. The whole extraction procedure was repeated an additional two times. The three supernatants were then pooled together, dried under gentle nitrogen stream at room temperature, re-suspended into ACN up to 1 mL, and vortexed to collect residues on the glassware. The clean-up phase and elimination of residual water were performed by adding in each vial about 75 mg of anhydrous MgSO4 and 13 mg of Primary-secondary amine (PSA). 30 The vial was then vortexed for 30 s, centrifuged at 2400 RCF 5 min and the supernatant was eventually transferred into a clean amber glass vials for further pesticide quantification and CSIA.

Pesticide quantification and compound-specific isotope analysis (CSIA)

Pesticides were quantified using an established procedure for GC-MS (detailed in Appendix B) in the quantification range between 40 to 800 µg L -1 . C and N CSIA were conducted using established procedure for GC-IRMS (detailed in Appendix B). 5

Results and discussion

Selection of the extractant

From pre-tests of different extractants, only the two mixtures with pentane:DCM resulted in fair extraction yields (>70%; Table 2.3). The less polar mixture with 3:1 pentane:DCM was thus selected for further soil and sediment extraction because the average extraction yield of the 3:1 pentane:DCM (X̅ ± SD = 92.7 ± 5.3%) was higher than that of the 3:2 mixture (76.7 ± 9.5%).

Table 2.3. Yield of the extraction pre-tests.

a preliminary data from Charline Wiegert, n.m.: not measured.

Extraction method validation

Extraction yield

An extraction yield of 98 ± 20% from blank samples indicated no sorption on the polyethylene centrifuge tube or any material used in our experiment. This suggests no measurement bias for extraction from spiked soil and sediment. Quantitative extraction yields (>70%; Table 2.4) were obtained from the wetland and river sediments and the bioretention cell, for both non-autoclaved and autoclaved conditions. This indicates that autoclaved sediments could be used as sterile controls in further experiments. Like previous studies, 8,13 the type of sediment and autoclaving did not significantly influence the extraction yield (Tukey test, p <0.01). Nevertheless, the extraction yield was generally higher for non-autoclaved (average extraction yield: 87 to 102%) than for autoclaved samples (average extraction yield: 67 to 89%). Extraction yields for soil sample were lower than those for sediments. While larger amounts of organic carbon content in soil may partly explain this result, the soil matrix may have a larger affinity (i.e., stronger bounds) for pesticides than sediment. Some parallels could be made with the non-extractable residues, i.e., "bound residues representing compounds in soil which persist in the matrix in the form of the parent substance or its metabolites after extraction". 31 For instances, higher atrazine non-extractable residues were observed when fresh amendment of compost material or humified material were added to the soil. 32 An alternative hypothesis might be that the inorganic material also participates to the sorption process, since Pesticide extraction from soil and sediments for compound-specific isotope analysis (CSIA) -70 -soils offer more micropores, i.e., pore smaller than 50 nm, than sediments. Slow kinetics of sorption-desorption were due to diffusion into and out of the micropores. 33 Additionally, since the activation energy of the sorption equilibrium depends strongly on pore sizes, 34 the smaller the pore size, the stronger the sorption to the mineral phase. 

Effect on the stable isotope signature

Pesticide extraction from non-autoclaved sediments did not cause any carbon isotope fractionation (|∆𝛿 13 𝐶 𝑒𝑥𝑡 | <0.7‰). However, a small isotope fractionation (|∆𝛿 13 𝐶 𝑒𝑥𝑡 | <2.4‰) was observed for non-autoclaved soil and autoclaved soil or sediment samples, suggesting a background effect on carbon isotope fractionation. Dissolved organic carbon generated by autoclaving (10 mg L -1 in non-autoclaved samples vs between 50 and 100 ppm in autoclaved samples) might be the source of such an interference. The isotope signature of pesticides did not significantly change between the two types sediments (Rouffach and Alteckendorf) and the autoclaved/no-autoclaved conditions (Tukey test, p <0.5). Co-elution between matrix and atrazine was frequently observed 35 and has tendency to reduce the accuracy of measurement.

No measurements were possible from the bioretention cell samples because the extract was associated with a large amount of organic matter resulting in a large GC-IRMS background signal, which overlapped the peak of targeted pesticides. Nitrogen isotope fractionation |∆𝛿 15 𝑁 𝑒𝑥𝑡 | >1‰) was observed and considered as inacceptable in all series. From a back envelope calculation, we could estimate that the lowest measurable C isotope signature corresponding to a pesticide to DOC ratio of 5 and a C/N ratio of 7, may generate with our extraction method a N signal background, corresponding at 100 to 200mV, enough to generate a matrix effect and alter the measurements.

Further improvements

The method adapted here did not seem to be universal for sediment and soil matrices, even for the five targeted pesticides. Further improvements could be made to increase the extraction yield or decrease the background effect for accurate CSIA determination of pesticides in soils/sediments. Adding salts, such as NaCl or CaCl2, into the liquid phase is a generally accepted approach to increase the yield of extraction. 30,36 This is because organic matter in soils and sediments is negatively charged, and thus has more affinity to sorb cations than organic compounds. As a result, cations just replace organic compounds by affinity. Second, we recommend to adopt the florisil® cleaning step 8,37 to reduce the matrix effect in the case of highly organic matrix, such as those from the bioretention cell. 29,38,39 Third, to extract selectively the compound of interest molecularly imprinted polymers (MIPs) could be synthetized and used a the secondary separation step after the regular spe extraction. 40 MIPs has became commercially available for triazine pesticides by Sigma-Aldrich (SupelMIP). 41 Finally, the extraction procedure carried out at room temperature and the repeated centrifugation generate elevated heat within the sample, which could degrade sensitive compounds, such as chloropyrifos. Care must be therefore taken to reduce the extraction and centrifugation temperature for such compounds.

Environmental implications

The procedure did not cause any C isotope fractionation (|∆𝛿 13 𝐶 𝑒𝑥𝑡 | <0.7‰) for pesticides from sediment samples, whereas N isotope signature of pesticide was significantly affected. The extraction capacity of the solid-liquid extraction method was about 0.5 g g -1 of soil which corresponds to a 0.5 mg L -1 extract at the end of the extraction. By consequence, the isotopic ratio measurement will be limited by the sensitivity of the GC-IRMS (between 16 to 200 mg L -1 ; Appendix B, Table B5) rather than the extraction method. N-CSIA results for 

Preface to Chapter 3 & 4

Elementary batch photolysis (Chap. 3) and biodegradation (Chap. 4) experiments were conducted to derive degradation rates and associated C and N isotopic enrichment factors associated to each process. This elementary experiment step constitutes a prerequisite to support degradation interpretation of bench-scale river channel experiment (Chap. 5) and at the catchment scale (Chap. 6).

Chapter 3 investigates direct and indirect photodegradation under UV light and simulated sunlight in synthetic water mimicking agriculturally impacted surface waters with nitrates and dissolved organic matter. Photodegradation was hypothesized as the main degradation pathways in the photic layer (several meter) of the surface waters.

Chapter 4 presents a microcosm study on a water-sediment system to simulate the dissipation of pesticides in the surface water. The contribution of degradation and phasetransfer is addressed together. Biodegradation is hypothesized as the main degradation pathways at the water-sediment interface. ). Atrazine and S-metolachlor were quickly photodegraded by direct and indirect pathways (half-lives <5 and <7 days, respectively). DOM slowed down photodegradation while nitrates increased degradation rates. Transformation products analysis showed that oxidation mediated by hydroxyl radicals (HO•) predominate during indirect photodegradation. UV light (254 nm) caused significant C and N isotope fractionation, yielding enrichment factors 𝜀 𝐶 = 2.7 ± 0.3 and 0.8 ± 0.1‰ and 𝜀 𝑁 = 2.4 ± 0.3 and -2.6 ± 0.7‰ for atrazine and S-metolachlor respectively. In contrast, photodegradation under simulated sunlight led to negligible C and slight N isotope fractionation. As the radiation wavelength influenced the direct photodegradation-induced isotope fractionation, the use of simulated sunlight is recommended to evaluate photodegradation pathways in the environment. Since C and N isotope fractionation patterns for atrazine and S-metolachlor photodegradation differed from those reported for biodegradation and hydrolysis, CSIA offers new opportunities to distinguish between photodegradation and other dissipation pathways in surface waters.

Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation

Introduction

The ever-increasing use of pesticides, mainly for agricultural purposes, has led to ubiquitous contamination of surface waters, 1 which may affect environmental biodiversity and human health. 2 Understanding pesticide transformation in surface waters is thus crucial for predicting their persistence, the formation of transformation products (TPs) and mitigating detrimental effects of further pollution. While biodegradation is an important process of pesticide degradation in the environment, photodegradation also plays a prominent role in surface waters. 3 Pesticide photodegradation is compound-and condition-specific, which often limits the interpretation of photodegradation kinetics and pathways in various types of surface water. 4,5 In particular, the influence of the hydrochemical composition, the nature of dissolved organic matter (DOM) as well as the light spectrum on pesticide photodegradation remains poorly understood. 6 Pesticides undergo photodegradation by direct and indirect pathways. During direct photodegradation, pesticide molecules absorb light resulting in bond cleavage. Indirect photodegradation involves reactions with short-lived reactive intermediates, such as hydroxyl radical (HO•) or DOM excited triplet states ( 3 DOM * ). 7 Nitrate photolysis produces HO• that can react with pesticides in surface waters, even at nitrate concentrations as low as 0.02 mg L - 1 . 5 DOM has both inhibitory and/or photosensitizing effects, depending on its concentration and composition. 8 On the one hand, DOM absorbs light, reducing direct photodegradation of pesticides and HO• generation from nitrate photolysis. On the other hand, upon absorbing light, DOM generates 3 DOM * that is the precursor of 1 O2 in surface waters. Both 3 DOM * and 1 O2 can react with pesticides. DOM is also a major sink of HO• in surface waters, reducing HO• reactions with pesticides. DOM can also reduce pesticide oxidation intermediates back to the parent compounds, and limit pesticide photodegradation. 9 The effects of DOM on pesticide photodegradation are, however, compound-specific and involve mostly unknown mechanisms. 10 While the combined effect of nitrates and DOM on pesticide photodegradation is relevant for surface waters in agricultural areas, few studies on the subject have been carried out to date. 4,11 The ability of compound-specific isotope analysis (CSIA) to specifically evaluate micropollutant degradation, including pesticides and pharmaceuticals, has already been exploited in diverse environmental compartments. 12 Pollutant molecules displaying different ratios of light over heavy isotopes are degraded at slightly different rates, resulting in a kinetic isotope effect (KIE) quantifiable by CSIA. 13 However, dilution processes, such as transport or sorption, generally do not alter stable isotope ratios (e.g., 2 H/ 1 H, 13 C/ 12 C, and 15 N/ 14 N) within pollutant molecules. 14 As the KIE reflects the rate-limiting step of the involved pathway, each degradation pathway displays a specific isotope fractionation patterns, which may allow to differentiate co-occurring degradation processes in the environment. For example, CSIA was used to distinguish the contribution of direct photodegradation from other processes, including Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -81 -biodegradation, abiotic oxidation and dilution, affecting the dissipation of the pharmaceutical diclofenac in riverine systems. 15 Although CSIA has been recently applied to characterize pesticide degradation in the environment, 16 little is known about stable isotope fractionation of pesticides during direct and indirect photodegradation in surface waters.

To the best of our knowledge, only Hartenbach et al. 17 have evaluated isotope fractionation for direct and indirect photodegradation of atrazine under specific conditions of irradiation and water chemistry. However, isotope fractionation may depend on the irradiation source and the DOM nature. Negligible fractionation in 13 C of the antibiotic sulfamethoxazole was observed in experiments with UV-C light, while significant isotopic enrichment factor (𝜀 𝐶 = -4.8 ± 0.1‰) was observed when UV-B and UV-A prevailed. 18 Slight C isotopic enrichment factor (𝜀 𝐶 = -0.7 ± 0.2‰) has also been observed during direct photodegradation of diclofenac under sunlight. 15 Differences in 13 C vs 15 N fractionation trends suggest distinct pathways associated with photodegradation of the nitrile herbicide bromoxynil when irradiated either with a UV lamp or exposed to sunlight under environmental conditions. 19 Isotopic enrichment factor may also depend on the nature of DOM and its propensity to favor HO• and 3 DOM * short-lived reactive intermediates oxidation, as observed for methyl tert-butyl ether and ethyl tert-butyl ether. 20 Although these results emphasize the potential of CSIA to evaluate photodegradation in laboratory and in natural systems, isotopic enrichment factor to characterize pesticide photodegradation in agriculturally impacted surface waters are currently missing.

In this context, the purpose of this study was to examine typical patterns of photodegradation and associated isotopic enrichment factor for atrazine and S-metolachlor in agriculturally impacted surface waters. We irradiated atrazine and S-metolachlor with a simulated sunlight (𝜆 from 270 to 720 nm) under hydrochemical conditions representative of agriculturally impacted surface waters (DOM = 5.4 mg C L -1 ; NO3 -= 20 mg L -1 ). We hypothesized that the hydrochemical composition of surface waters differently affect pesticide photodegradation and associated isotopic fractionation through direct and indirect pathways. In particular irradiation of nitrates and DOM may lead to the formation of short-lived reactive intermediates controlling underlying photodegradation pathways. Direct and indirect photodegradation of pesticides were thus tested, separately and concomitantly, in the presence of nitrates and DOM. C and N isotopic enrichment factor were derived for direct and indirect photodegradation of atrazine and S-metolachlor. Complementary experiments were conducted with an ultraviolet (UV) light (𝜆 = 254 nm) to evaluate the influence of irradiation wavelength on C and N isotopic fractionation during pesticide photodegradation.

Materials and methods

Chemicals and preparation of solutions

All chemicals were at least HPLC grade (>97%) (detailed in Appendix A (AA)). Atrazine and S-metolachlor (Pestanal, >99.9%) stock solutions were individually prepared at 5 g L -1 in dichloromethane (DCM) and aliquots were stored at -20°C in brown glass vials. Before irradiation, pesticide stock solutions were spiked and stirred for one hour, until complete DCM volatilization. Suwannee River Fulvic Acid (SRFA -2S101F) was obtained from the International Humic Substances Society (IHSS) and selected as a source of DOM representative of headwater rivers. 20 Stock solutions of SRFA were prepared at a concentration of 50 mg L -1 by dissolving 10 mg of SRFA in 100 mL of ultrapure water (UW; Resistivity >15MΩ, dissolved organic matter (DOM; <0.2 mg C L -1 ), followed by 15 min sonication (Branson 5510, 40 kHz). The solutions were filtered through sterile 0.22 m pore diameter cellulose acetate membranes and stored at 4°C in brown glass vials. The synthetic surface water was prepared to target the ionic composition of typical soft surface waters. 21 

Experimental section

Atrazine and S-metolachlor were selected as representatives of widely used and ubiquitously detected triazine and chloroacetanilide pesticides, 1 and based on existing degradation rates (Table 2.1). Direct photolysis experiments were carried out independently for atrazine and S-metolachlor in UW with a 50 mM phosphate buffer (KH2PO4/Na2HPO4) at 𝑝𝐻 = 7.9 ± 0.2, as it has no significant effects on photodegradation rates and isotope fractionation. 22 The effect of nitrates on pesticide photodegradation was investigated in buffered synthetic water by adding 331 ± 2 M of sodium nitrate salts (NO3 -= 20 mg L -1 ), considered as representative of agriculturally impacted surface waters in Europe. 23 The effect of DOM was studied by adding 5.4 ± 0.2 mg C L -1 of SRFA considered as a representative concentration of rivers worldwide. 24 The concomitant effect of nitrates and DOM was investigated in synthetic water, spiked with sodium nitrates, SRFA and atrazine(5 M) or Smetolachlor (3 M) (AA, Table A1). DIR254 refers to direct photodegradation experiments conducted with a low-pressure mercury lamp (LP Hg; Philips, TUV 6W G6T5 - = 254 nm). DIR, NIT, SRFA, and TOT stand for irradiation conditions under simulated sunlight to test direct photodegradation (DIR), the effect of nitrates (NIT), dissolved organic matter (SRFA), and the combined effect of nitrates and dissolved organic matter (TOT), respectively.
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-83 -Experiments were conducted in a 500 mL quartz tube (5 cm diam.) beyond 90% degradation of atrazine and S-metolachlor, with an irradiation duration from 7 to 600 hours. Aliquots from 15 to 200 mL were sequentially collected during the experiments. No significant degradation (<5%) in sterile and dark controls for all experimental conditions indicated insignificant hydrolysis and biodegradation during the photodegradation experiments. Photobleaching of DOM by HO• only slightly decreased the initial DOM content (<18%) after more than 310 h of irradiation (AA, Figure A1). Irradiation conditions in experiments with DOM were thus assumed constant.

Direct and indirect irradiations were carried out under simulated sunlight with a standalone lighting system (Sutter Instrument® -Lambda LS) fitted with a 300 W xenon (Xe) arc lamp (Cermax® -PE300BUV). A liquid optic fibre transmitted the light to a quartz tube covered with an aluminium foil, with a cut-off of ultra-violet (UV) radiations below 𝜆 = 270nm. The light spectrum obtained through the quartz tube, characterized with a calibrated spectroradiometer ILT 900C (International Light®), was in the range 270 to 720 nm. The mean photon fluence rate was estimated to be 7 E m -2 s -1 in the 290 to 400 nm range using a pnitroanisole (PNA; 30 M)/pyridine (10 mM) actinometer system prepared as previously described. 25 Up to date values of quantum yields independent from wavelength for PNA, 𝛩 𝑃𝑁𝐴 = 3.19×10 -3 mol E -1 were used (detailed in AA). 26 Due to long irradiation times, fluctuations of light intensity were monitored for the ranges UVA (320<<400 nm), UVB (280<<320 nm) and visible light (VIS, 360<<830 nm) using a calibrated SOLAR® light PMA2200 radiometer. Xe arc lamps were systematically replaced when the total light intensity dropped or whenever shift in the UVA/UVB/VIS ratios exceeded 5% of the original value (AA, Table A2).

The effect of the irradiation wavelength on direct photodegradation of pesticides was examined using a light-proof box with black material equipped with the LP Hg lamp providing a monochromatic light source (𝜆 = 254 nm). Open beakers in borosilicate type 3.3 were filled with 50 mL of buffered solution and spiked either with atrazine (90 M) or S-metolachlor (70 M). Beakers were placed into the light-proof box, irradiated on the top, and sequentially removed to determine pesticide degradation rates. Light intensity within the box was homogeneous (83<Iaverage<121%; AA, Figure A2). Control experiments without pesticides showed no cross-contamination. In this case photon fluence rate was not determined since these experiments were solely designed to evaluate the effect of the irradiation wavelength on atrazine and S-metolachlor isotope fractionation induced by photodegradation and not to derive degradation rates.
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Analytical section

Pesticide extraction. Solid phase extraction (SPE) of pesticides was carried out using SolEx C18 cartridges (1 g, Dionex®, CA, USA) and an AutroTrace 280 SPE system (Dionex®, CA, USA) as described elsewhere. 27 This procedure led to quantitative extraction (  100%) and did not result in significant C and N stable isotope fractionation for atrazine and Smetolachlor (|Δ𝛿 13 𝐶| = |𝛿 13 𝐶 𝐸𝐴-𝐼𝑅𝑀𝑆 -𝛿 13 𝐶 𝐺𝐶-𝐼𝑅𝑀𝑆 | = 0.6 ± 0.2‰ and |Δ𝛿 15 𝑁| = 0.3 ± 0.2‰. 27 Chemical analysis and pesticide quantification. The ionic composition of irradiated solutions was determined by ion-chromatography (Dionex ICS-51000) for main anions and cations and by TOC analyzer (Shimadzu TOC-V CPH) for the carbon content in DOM. 𝑝𝐻 was measured using a 350i WTW 𝑝𝐻-meter and a SenTix® electrode. Absorption spectra of pesticides, NIT and DOM solutions were measured using a UV-VIS Schimadzu UV 1700 spectrophotometer over the range 200 to 500 nm with a 1 nm resolution or taken from the literature whenever available (AA, Figure A3).

Atrazine and S-metolachlor were quantified in selected-ion-monitoring (SIM) mode by gas-chromatography (GC, Trace 1300, Thermo Fisher Scientific) coupled with a massspectrometer (MS, ISQ™, Thermo Fisher Scientific), as previously described elsewhere 27 and detailed in Appendix B. Atrazine and S-metolachlor TPs were identified by target screening using a liquid-chromatography coupled with a quadrupole time of flight high resolution mass spectrometer (LC/Q-TOF) following the methodology described elsewhere. 28 A suspected list of molecules used for screening of TPs was generated using a pathway prediction system and by reviewing the literature (AB, Table B6). When available, suspected molecules were confirmed by matching residence times using analytical standards. Otherwise, tentative candidates were assigned using a mass deviation criteria (m/z) of 3 ppm. 13 𝐶 and 𝛿 15 𝑁) of atrazine and S-metolachlor were measured using a GC-C-IRMS system consisting of a gas chromatograph (TRACE TM Ultra, ThermoFisher Scientific, Germany) coupled via a GC IsoLink/Conflow IV interface with an isotope ratio mass spectrometer (DeltaV Plus, ThermoFisher Scientific, Germany), and configured as described elsewhere and detailed in the AB. 27 𝛿 13 𝐶 and 𝛿 15 𝑁 values were normalized by the Vienna Pee Dee Belemnite (VPDB) standard for carbon and by air for nitrogen as follows:

Analysis of C and N stable isotope composition of pesticides. C and N stable isotope ratios (𝛿

𝛿 ℎ 𝑋 = 1000 × ( 𝑅 𝑠𝑎𝑚𝑝𝑙𝑒 𝑅 𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑 -1) (3.1)
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where 𝛿 ℎ 𝑋 is expressed in per thousand (‰) and 𝑅 refers to the ratio of heavy (ℎ) to light (𝑙) isotopes of the element 𝑋 ( ℎ 𝑋 𝑙 𝑋 ) in the analyzed samples and the international standards. Samples were injected in triplicate and 𝛿 13 𝐶 and 𝛿 15 𝑁 values are reported as the associated arithmetic mean. Each measurement was checked to remain within the linearity ranges for C and N. A set of in-house BTEX (for C), caffeine (AIEA 600, for N) and pesticide (for C and N) standards with known isotopic composition (determined by EA-IRMS) was measured at least every ten injections to control the measurement quality. Reference 𝛿 13 𝐶 and 𝛿 15 𝑁 compositions of BTEX and pesticide standards were determined at our isotope facility using an elemental analyzer-isotopic ratio mass spectrometer (Flash EA IsoLink TM CN IRMS, Thermo Fisher Scientific, Bremen, Germany). An analytical uncertainty of 1 𝜎 𝛿 13 𝐶 ≤0.5‰ (n = 43) and 1 𝜎 𝛿 15 𝑁 <0.6‰ (n = 72) was attributed to each measurement, corresponding to the long term accuracy and reproducibility of pesticide standards measured across the analytical sessions.

Data Analysis

Pesticide degradation followed the linearized pseudo-first order equation (𝑅 2 >0.82, p<0.05, n>5). Degradation rates (𝑘 𝑑𝑒𝑔 ) were normalized by the mean irradiation intensity (AA, Table A2) according to eq. 3.2, allowing comparison among experiments. Degradation rates presented below refer to the normalized value, 𝑘 eff :

𝑘 𝑒𝑓𝑓 = 𝐼 𝑒𝑥𝑝 𝐼 𝑚𝑎𝑥 × 𝑘 𝑑𝑒𝑔 (3.2)
where 𝐼 𝑒𝑥𝑝 and 𝐼 𝑚𝑎𝑥 stand for the light intensities measured during each experiment and the maximal inter-experiment value used as the reference for normalization.

The Rayleigh equation eq. 3.3 was used to relate pesticide degradation to changes in stable isotope ratios of the non-degraded fraction of atrazine and S-metolachlor. Bulk isotopic enrichment factors (𝜀 𝑏𝑢𝑙𝑘 ) for C and N (𝜀 𝐶 and 𝜀 𝑁 ) were derived from the linearized Rayleigh equation and was not forced through the origin. 29 Isotopic enrichment factors were only reported when the regression with the linearized Rayleigh equation was significant (p<0.05).

𝛿 ℎ 𝑋 𝑡 + 1000 𝛿 ℎ 𝑋 0 + 1000 = 𝑋 𝑡 𝑋 0  𝑏𝑢𝑙𝑘 1000 (3.3)
𝛿 ℎ 𝑋 0 and 𝛿 ℎ 𝑋 𝑡 are expressed in ‰ and refer to the initial and current isotope composition of atrazine or S-metolachlor (eq. 3.2), and

𝑋 𝑡 𝑋 0
to the non-degraded fraction.

Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -86 -Correction of 𝜀 𝑏𝑢𝑙𝑘 values accounting for repetitive sampling in batch experiments was deemed irrelevant here as it systematically fell within the regression confidence interval. 30 In addition to 𝜀 𝑏𝑢𝑙𝑘 values, dual element isotope plots of 𝛿 15 𝑁 against 𝛿 13 𝐶 values (𝛬 𝑁/𝐶 , eq. 3.4) were established to relate possible specific transformation pathways in the laboratory to photodegradation pathways in the environment. 12,31 𝛬 𝑁/𝐶 = 𝑙𝑛 ( 𝛿 15 𝑁 + 1 𝛿 15 𝑁 0 + 1 ) 𝑙𝑛 ( 𝛿 13 𝐶 + 1 𝛿 13 

𝐶 0 + 1 ) ≈ 𝜀 𝑁 𝜀 𝐶 (3.4)
All statistical analysis and regressions were performed in R version 3.6.3. 32 Data from linear regression (i.e., 𝑘 𝑒𝑓𝑓 , 𝜀 𝐶 and 𝜀 𝑁 ) are reported with their confidence interval at level 95%

Results and discussion

Effects of the hydrochemistry on the photodegradation rates under simulated sunlight

Nitrates and DOM under simulated sunlight affected atrazine and S-metolachlor photodegradation rates. Direct observed photodegradation in UW (DIR) exhibited the quickest degradation rates for both pesticides with 𝑘 𝐴𝑇𝑍, 𝐷𝐼𝑅 = (6.6 ± 0.4) × 10 -6 s -1 (𝐷𝑇 50 = 29.0 ± 1.7 h) and 𝑘 𝑆𝑀𝐸𝑇, 𝐷𝐼𝑅 = (3.3 ± 0.2) × 10 -6 s -1 (𝐷𝑇 50 = 58.8 ± 3.2 h). Although atrazine was slightly more sensitive to direct photodegradation than S-metolachlor, degradation rates were in the same order of magnitude as those previously reported. 5,11 The strong light absorption of atrazine and S-metolachlor in the near UV range overlaps the Xe lamp radiation spectrum(<320 nm; AA, Figure A3) and explains their high reactivity. The simulated sunlight spectrum is provided in the AA, Figure A4.

In contrast, the addition of 5.4 mg C L -1 of DOM, with or without 20 mg L -1 of nitrates, decreased by 4.1 and 3.0 times the photodegradation rates of atrazine and S-metolachlor, respectively, compared to the UW experiments. This supports the idea that SRFA decreases atrazine and S-metolachlor photodegradation in surface waters with typical DOM contents. However, photodegradation rates in experiments with nitrates only were similar to rates in direct photodegradation experiments ( explained by absorption spectra of atrazine and S-metolachlor in the near UV range, and similar one-electron oxidation potentials (𝐸1 𝑆-𝑚𝑒𝑡𝑜𝑙𝑎𝑐ℎ𝑙𝑜𝑟 = -2.40 V vs NHE and 𝐸1 𝑎𝑡𝑟𝑎𝑧𝑖𝑛𝑒 . = -2.41 V vs NHE). One-electron oxidation potentials are often used as a reliable indicator of the potential of organic contaminants to react with3 DOM * and HO•. 8,10,33 The contributions of direct and indirect pathways to photodegradation were inferred from photochemical predictions using eq. 3.5 (Figure 3.1). This equation decomposes observed degradation rates as the sum of contributions of direct and indirect photodegradation pathways (i.e., HO• and 3 DOM * mediated). 5,34,35 Carbonate radicals (CO3• -) were not included as potential relevant photosensitizers because oxidation of atrazine and anilines with CO3• -under simulated sunlight remains limited, even in carbonate-rich surface waters ([HCO3 -] and ([CO3 2-] ≈ 10 times higher than in our conditions). 36 Carbonates were, however, considered as potential quenchers of HO•. 5 The calculation procedure and required parameters from the literature are summarized in AA, Table A3:

𝑑𝐶 𝑑𝑡 = -𝑘 𝑜𝑏𝑠 × 𝐶 = -(𝑘 𝑑𝑖𝑟 + 𝑘 𝑂• × [𝐻𝑂 •] 𝑆𝑆 + 𝑘 𝐷𝑂𝑀 * 3 × [ 𝐷𝑂𝑀 * 1 × [ 𝑂 2 1 ]) × 𝐶 (3.5)
𝐶 stands for pesticide concentration, and 𝑘 𝑜𝑏𝑠 the observed degradation rate (s -1 ), which can be expressed as the sum of direct (𝑘 𝑑𝑖𝑟 ) and selected indirect processes (𝑘 HO• , 𝑘 𝐷𝑂𝑀 * Observed and predicted degradation rates were consistent, suggesting that dominant photodegradation pathways could be identified in all experiments (Figure 3.1; Table A4). Nitrate-mediated photodegradation contributed to 60% of atrazine and 90% of S-metolachlor photodegradation in TOT conditions and is thus expected to dominate in agriculturally impacted surface waters. Although competing for UV light and limiting direct photodegradation, SRFA favored indirect photodegradation with 3 DOM * and HO•. Accordingly, atrazine was slightly more sensitive than S-metolachlor to oxidation by 3 DOM * , whereas HO• mostly affected S-metolachlor. Nitrate mediated photodegradation was, however, partly hampered in the TOT experiment as compared with the NIT experiment. Indeed, DOM at 5.4 mg C L -1 not only competes for light irradiance with nitrates but also quenches HO•, reducing the photosensitizing effect of nitrates as observed in the NIT condition. 8,37 Direct photodegradation contributed less in SRFA than in DIR experiments because UV light absorption by DOM limited direct photodegradation. Consequently, direct photodegradation rates were 10 to 30 times slower in SRFA than in DIR experiments for atrazine and Smetolachlor. Finally, 1 O2 stemming from reactions between dissolved oxygen and 3 DOM * contributed to less than 2% for atrazine and 4% for S-metolachlor of observed degradation Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -88 -rates. In aqueous solution, water immediately scavenges most of the produced 1 O2, limiting its reaction with pesticides. 35 While direct and nitrate mediated photodegradation have strong potentials to transform atrazine and S-metolachlor in agriculturally impacted surface waters, DOM greatly reduces their potential by competing for UV light with pesticides and nitrates. By consequence, pesticides with the strongest light absorption spectrum in the near UV, such as atrazine, are less impacted. However, nitrates with concentrations about 20 mg L -1 would partly compensate for UV light competition caused by DOM by promoting HO• oxidation. As discussed below, specific patterns of TPs formation and stable isotope fractionation further confirmed the predominance of nitrate-and DOM-mediated indirect pathways in NIT, SRFA and TOT experiments.

Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -89 -

Formation of phototransformation products

TPs were analyzed in samples displaying similar extent of degradation (80%). Atrazine irradiation led to desethylatrazine (DEA) and desisopropylatrazine (DIA) in all experiments, whereas 2-hydroxyatrazine (A-OH) was specific to direct photodegradation (Figure 1.3a) 38 or produced by biotic hydrolysis. 39 Indirect photolysis may proceed through atrazine oxidation at the N-ethyl and N-isopropyl group by 3 DOM * and HO•. 38 Non-selective attacks of HO• on the N-ethyl and N-isopropyl groups might thermodynamically favor the formation of DEA since weaker N-C bond dissociation energy is associated to the N-ethyl group. 40 A steric effect is also expected to favor the formation of DEA as the isopropyl group is less reactive than the ethyl group. 41 On the other hand, the intermediate formed during the hydrogen abstraction by HO• would electronically favor DIA formation due to the weaker C-H bond, and weaker intermediate stabilization by the isopropyl group than by the ethyl group. 42 Four TPs of S-metolachlor were identified (Figure 3.2b). Hydroxymetolachlor was observed in neither DIR254 nor DIR, although it was reported in previous studies 11,44,45 as the major TP formed during direct photodegradation of (S-)metolachlor. We postulate that after 80% degradation of S-metolachlor, hydroxymetolachlor was further degraded into secondary TPs. In the SRFA and DIR experiments, only metolachlor oxalinic acid (OXA) was observed, whereas in NIT and TOT experiments, no TPs were detected. This suggests that S-metolachlor was easily oxidized by 3 DOM * and HO• into S-metolachlor OXA, its acidic form. In the presence of nitrates, the large and constant generation of nonselective HO• may favor fast Smetolachlor OXA degradation, 11 explaining the absence of detected TPs in NIT and TOT experiments. The absence of TPs in the NIT and TOT experiments also supports the idea that nitrates mainly contribute to S-metolachlor photodegradation, even with 5.4 mg C L -1 of DOM.

It is also worth noting that the number of detected TPs was maximum for both compounds during irradiations at 𝜆 = 254 nm in DIR254 experiments (Figure 3.2b). In the case of S-metolachlor, metolachlor CGA 37735, metolachlor CGA 50267 and MET-G 43 were specific suspected TPs in DIR254 experiments, although only Metolachlor CGA 37735 could be confirmed with analytical standards (Appendix B, Table B6). This suggests that the spectrum of degradation pathways associated with monochromatic UV light is wider than that with simulated sunlight, and/or that the specific TPs result from further degradation of the first generation of TPs.

Altogether, patterns of TPs formation slightly differed between direct and indirect photodegradation. While the dechlorinated compound A-OH feature direct photodegradation for atrazine, oxidized compounds (e.g., atrazine DEA and DIA and S-metolachlor OXA) are likely to predominate in agriculturally impacted surface waters. TPs are likely transient and rapidly degraded into secondary and unidentified TPs, as shown during S-metolachlor photodegradation. Nonetheless, TPs patterns were identical for atrazine in NIT and SRFA experiments, although 3 DOM * oxidation was predicted to prevail over HO•. Similarly, indirect photodegradation of S-metolachlor did not generate specific patterns of TPs. Interestingly, Smetolachlor ESA was not detected. Since S-metolachlor ESA is frequently measured in the environment and is neither a transformation product associated with hydrolysis 27 nor photodegradation, its detection might indicate S-metolachlor biodegradation.
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C and N isotope fractionation to trace atrazine and S-metolachlor photodegradation

Direct photolysis of atrazine in the DIR254 experiment with a low-pressure mercury lamp caused inverse isotope fractionation for both C and N (Λ 𝑁/𝐶 = 0.9 ± 0.1; Table 3.1), in agreement with previous results from Hartenbach et al. 17 An inverse C fractionation in the DIR254 with atrazine was explained by the generation of a singlet state radical stabilized by the ring delocalization. Then the singlet undergo through singlet to triplet state and hydrolyze to form the A-OH. As the likelihood to recombine back to their original state is higher for the light carbon isotope in the C-Cl bond, inverse C fractionation is observed. 17,19 The observation of the inverse N isotope fractionation has been suggested to follow the same mechanism. However, for S-metolachlor the reactive site is too far from the ring and is a priori inconsistent with a nucleophilic substitution of the chlorine atom by a hydroxyl group at the C-Cl bond expected for the formation of the TPs MET-OH. In contrast, the inverse C fractionation cannot be explained by the cleavage of the C-N bond at the N-ethyl or N-isopropyl group. Indeed, a cleavage at the N-ethyl or N-isopropyl group leading to DEA and DIA should reflect a normal primary isotopic effect. 13 In addition, two non-exclusive hypotheses may explain the isotopic patterns obtained in DIR254 experiments. First, successive steps of intersystem crossing before atrazine dechlorination can lead to inverse fractionation during direct photolysis of atrazine. 17 Second, a magnetic mass-independent isotope effect (MIE) involving spin carrying nuclei and unpaired electrons may cause an inverse isotope fractionation. 22,46 In contrast, direct photodegradation under simulated sunlight (DIR experiment) was characterized by non-significant C and N isotope fractionation for both pesticides (Table 3.1). Together with preliminary evidence from diclofenac photolysis, 15 our results suggest that C isotope fractionation associated with direct photodegradation under simulated sunlight of organic micropollutants remains limited.

Most importantly, our results indicate that photo-induced C and N isotope fractionation depends on the irradiation wavelength. Similar results have been reported by Willach et al. 18 for the antibiotic sulfamethoxazole under broad and cut off light spectrums. Instead of generating a single-band UV light as with the Hg lamp (𝜆 = 254 nm), the Xe lamp emits light over a broad and continuous range of wavelengths and energies from the near UV(𝜆>270 nm) to the near infrared (𝜆 <600 nm). Xe lamp emission may thus generate a miscellaneous population of excited triplet states, which affected photolytic dechlorination of 4-Cl-aniline and led to varying C and N isotope fractionation caused by a spin selective isotope effect. 47 Hence, the average isotope value of the residual fraction of atrazine and S-metolachlor may Table 3.1. C and N isotope fractionation for atrazine and S-metolachlor (𝛥𝛿 13 𝐶 and 𝛥𝛿 15 

𝑁).

 values stand for the difference between initial and final stable isotope ratios. Isotopic enrichment factors () are reported with their uncertainties corresponding to the 95% confidence interval from the regression analysis. n.s.: not significant (p>0.05). n.c.: not computed. Rayleigh plots are presented in AA, Figure A5 

 13 C (‰)  15 N (‰)  C (‰)  N (‰)
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 𝑁 𝑆𝑅𝐹𝐴
 𝑁 𝑁𝐼𝑇 = 0.9 ± 0.5.The inverse N fractionation observed also agrees with oxidation by 3 DOM * at the N-ethyl or N-isopropyl side chain leading to either DEA or DIA proceeding through single electron transfer. 20,48 Accordingly, inverse C fractionation should also have been observed, which was not the case. The large collection of chromophores occurring in natural DOM (i.e., SRFA) can be promoted to their singlet or triplet states under simulated sunlight, thereby providing a wide range of excited state reduction potentials, enabling oxidation at bonds involving irrespectively heavy and light isotopes. 9 This could be confirmed experimentally using Cs + as a quencher of excited singlet states to enhance the contribution of excited triplet states and by evaluating the corresponding decrease of 𝜀 𝐶 and 𝜀 𝑁 values, as previously shown for 2-Cl-anilines. 47 

Environmental Implications

Depending on hydrochemistry and the targeted pesticides, photodegradation can contribute to pesticide degradation to a similar or greater extent than biodegradation 3 in static surface waters (e.g., ponds, lakes, etc.) and rivers with long transit time. 49 Direct photodegradation of atrazine and S-metolachlor was particularly fast, and was slowed down due to UV light absorption caused by DOM. However, nitrate concentrations higher than 20 mg L -1 can significantly enhance oxidation with HO• and level off the photodegradation inhibition caused by DOM in surface waters. Under simulated sunlight and environmentallyrelevant hydrochemistry (𝑝𝐻 = 8; 20 mg L -1 of nitrates and 5.4 mg C L -1 of DOM), half-lives of atrazine and S-metolachlor were as short as a few days (1<𝐷𝑇 50 <10 days). However, strong variations of solar irradiance in the UV region due to gaseous light absorption by ozone, altitude or geographic location or rapid absorption of UV lights in water, restrict our findings to shallow surface waters (i.e., <50 cm deep). 50 Altogether, this advocates for a more systematic account of local irradiation spectrum and hydrochemistry to estimate the contribution and half-lives of pesticide photodegradation. 51 While CSIA offers a new opportunity to evaluate pesticide degradation in surface waters, identifying photodegradation pathways of micropollutants in the field remains challenging, as also confirmed by recent studies. 15,18 Under simulated sunlight irradiation, C isotope composition of atrazine and S-metolachlor are likely not affected by photodegradation, although photodegradation can significantly contribute to the pesticide degradation. Accordingly, changes in C stable isotope ratios may almost exclusively reflect atrazine or Smetolachlor biodegradation. Indeed, biodegradation is typically characterized by significant isotope fractionation (e.g., biotic oxidative dealkylation of atrazine, 𝛬 𝑁/𝐶 =0.35) 52 in contaminated surface waters with high nitrate and DOM concentrations, as illustrated by the N/C dual plot comparing isotopic enrichment factors determined in this study with others from Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -94 -the literature (AA, Figure A7). However, an opposite and similar absolute 𝜀 𝑁 value for atrazine photodegradation and biodegradation would hamper a specific evaluation of photodegradation relying solely on changes of N isotope ratios. Since photodegradation pathways of atrazine and S-metolachlor mostly involve C-H and C-Cl bonds, 15,17 multi-element isotope analysis (e.g., H, C, N and Cl) of pesticides by CSIA from environmental samples may help in the future to tease apart photodegradation pathways and evaluate their contribution among degradative processes. In contrast, abiotic hydrolysis is a slow process at 𝑝𝐻 of most surface waters (e.g., half-life value for alkaline abiotic hydrolysis of atrazine at 𝑝𝐻 = 9 and 20°C higher than 200 days), 27 and is thus unlikely to significantly contribute to pesticide degradation in surface waters.

Most importantly, the irradiation source strongly influences C and N fractionation patterns. Our results advocate for a more systematic use of simulated sunlight when characterizing photodegradation pathways using CSIA in laboratory experiments. In addition, the nature of DOM under different environmental contexts can affect the production of HO•, and thus alter changes of the stable isotope composition of pesticides. 20,45 Although SRFA serves as a model DOM representative of headwater rivers, 8 site-specific studies should be deployed to address the specific role of DOM during pesticide photodegradation. Altogether, this study highlights the relevance of pesticide photodegradation in agriculturally impacted surface waters with nitrates and DOM.

Introduction

Up to 2.6 × 10 6 tons of pesticides are applied yearly on about 10% of the global land surface. 1 Off-site export of pesticides from agricultural or urbanized areas and potential persistence in surface waters are frequently observed. 2 Pesticides raise considerable toxicological concerns as they may impact surface waters and reduce the quality of drinking water supply. 3,4 Pesticide biodegradation in surface waters is a prevailing degradative dissipation process at the water-sediment system. 5 Pesticide biodegradation in surface water occurs in the oxic water column and the anoxic sediment bed. Contrasted biogeochemical conditions in these two environments may favor distinct biodegradation pathways and kinetics. 6,7 Pesticide biodegradation studies have focused mainly on oxic conditions and associated pathways, 8 whereas only few studies have examined biodegradation pathways under anoxic conditions in the water-sediment system. 9 Pesticide dissipation processes in water-sediment systems include biodegradation, phase-transfer (i.e., adsorption-desorption) and transport (i.e., diffusion, advection). Pesticide biodegradation rates derived from laboratory experiments usually serve to predict the pesticide behavior in the environment. 10 However, concerns have been recently raised about the representativeness of study conditions, claiming that derived pesticide biodegradation rates may be biased when co-occurring dissipation processes are not considered. 11,12 Recently, conceptual model to evaluate processes contributing to pesticide dissipation has been validated for a broad spectrum of compounds and study conditions. 7,13 The model considers phasetransfer between the water phase with freely dissolved species, and the sediment phase including species sorbed on particles or dissolved organic carbon (DOC). However, knowledge of the contribution of pesticide biodegradation and phase-transfer to the overall pesticide dissipation in surface waters remains scarce, although this information is crucial for both sediment and water management.

As a direct evidence of degradation, high resolution tandem mass spectrometry (HR-MS/MS) allows identifying known and unknown transformation product (TPs) in watersediment system to elucidate degradation pathways. 14 Complementarily, compound-specific isotope analysis (CSIA) may help teasing apart pesticide biodegradation from other dissipation processes and identifying degradation pathways. The degradation rate of pesticide molecules with light isotopes is slightly faster than that of pesticides with heavy isotopes at the reactive site, resulting in a kinetic isotope effect (KIE). 15 Within KIE, primary isotope effect results in larger isotope fractionation as it corresponds to degradative processes involving bond cleavage atoms. In addition, pesticide biodegradation pathway generally modifies their stable isotope signature in a systematic way, while the extent of isotope fractionation may indicate the underlying biodegradation pathway. In contrast, pesticide sorption is likely associated with minor isotope fractionation, even after successive sorption-desorption steps in water-sediment Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -101 -systems. 16 The applicability of CSIA to evaluate pesticide dissipation in water-sediment systems, accounting for phase-transfer and biodegradation, still needs to be demonstrated.

Here, we examined pesticide dissipation in surface waters using laboratory watersediment batch experiments. The widely used chloroacetanilide herbicides acetochlor and Smetolachlor, ranking twelve and eight among the top twenty worldwide sold pesticides, 17 were selected as representative pesticides in surface waters. 18 The purpose of this study was to examine degradation of acetochlor and S-metolachlor and associated pathways under contrasted oxic and anoxic conditions in relation to phase-transfer in water-sediment systems. CSIA, transformation product identification, and a simplified version of a phase-transfer model 19 were combined to improve interpretation of pesticide degradation in water-sediment systems.

Materials and methods

The list of chemicals including suppliers and purities is provided in the Appendix B (AB). Five widely used or legacy pesticides (acetochlor, S-metolachlor, atrazine, terbutryn, and metalaxyl) were initially selected for the study (details on the mixture in AB). Results and discussion were, however, restricted to acetochlor and S-metolachlor since low concentrations or limited degradation in the water phase hampered CSIA measurements of atrazine, terbutryn, and metalaxyl. The pesticide mixture was prepared in a 5 g L -1 stock solution in acetonitrile (ACN) and stored at -20°C. Experiments were carried out using a soft (<10 mg L -1 of inorganic carbon) synthetic water 20 corresponding to an average surface waters content of DOC = 1.6 ± 0.2 mg L -1 . 21 Synthetic water preparation and hydrochemical characteristics are provided in AB.

Sediment sampling and characteristics

Sediment was collected (detailed in AB) in an experimental stormwater wetland located at the outlet of a vineyard catchment (Rouffach, France, 47°57'43'' N, 7°17'26'' E), 22 wet-sieved at 2 mm and stored wet at 4°C before the experiment and analysis. The sediment physicochemical parameters were measured following standard analytical procedure (NF/ISO; detailed in AB). The sediment characteristics were as follows: 𝑝𝐻 𝑂 = 7.5 ± 0.5 (X̅ ± SD; n = 3), cation exchange capacities (𝐶𝐸𝐶) 14.3 ± 2.8 cmol kg -1 , residual humidity (𝑅𝐻, w/w) 37 ± 3%, clay (<2 µm) 21.2 ± 2.5%, silt (2 to 50 µm) 67.4 ± 2.5%, sand (50 to 2000 µm) 11.4 ± 4.3%, organic carbon (𝑓 𝑜𝑐 ) 2.3 ± 2.1% and mineral carbon (𝐶 𝑚𝑖𝑛 ) 3.9 ± 0.5%. Sediment partitioning coefficients (𝐾 𝑑 ) were determined under batch sorption experiments: 23 𝐾 𝑑,𝑎𝑐𝑒𝑡𝑜𝑐ℎ𝑙𝑜𝑟 = 5.8 ± 2.3

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -102 -L kg -1 and 𝐾 𝑑,𝑆-𝑚𝑒𝑡𝑜𝑙𝑎𝑐ℎ𝑙𝑜𝑟 = 6.6 ± 1.7 L kg -1 . Abiotic degradation associated with reactive solid phases 24 and/or with bisulfide 25 was assumed insignificant, since redox-reactive elements remained low in the sediment and the synthetic water (i.e., iron and manganese remained below 1 mg g -1 in both the water and the sediment phase; AB, Table B1).

Experimental set-up

Two series of biodegradation batch experiments were set-up in duplicate under oxic and anoxic conditions to evaluate pesticide dissipation in the water-sediment system. The biodegradation experiment preparation followed the original 26 and the modified OECD 309 test 7 to ensure homogeneous redox conditions and an optimal balance between pesticide degradation and phase partitioning (𝐾 𝑑 <2000 L kg -1 ). The sediment-water ratio was representing conditions in settled ponds or river bed systems. 13 Shaking was preferred over stirring to limit the impact of grain size change over time (AB, Table B1). 7 Biodegradation batch experiments were prepared with 5 g equivalent dried mass of wet sediment in a 50 mL head-space glass vials. A filter-sterilized (0.2 m cellulose acetate, CA) synthetic water was spiked with the pesticide mixture (5 g L -1 ) stock solution in ACN to reach a final concentration of 25 mg L -1 of each pesticide. The solution was undersaturated with respect to the pesticide mixture, as calculated on phreeqc-v3.0 (USGS) 27 with stability constants from the MINQEL+ v4.6 28 thermodynamic database and solubility correction of each pesticide for ionic strength. The solution was stirred until complete ACN evaporation. The sediment was then mixed with the pesticide solution to reach a sediment-water ratio (w/w) of 1:6. All batch experiments were crimped with butyl/PTFE caps. Under oxic conditions, i.e., dissolved oxygen concentration between 6 to 9 mg L -1 O2, a 0.2 µm PTFE syringe filter was mounted on a needle inserted through the vial cap to allow gas exchange in the vials while limiting water loss and avoiding microbial contamination. 29 Anoxic batch experiments were flushed with N2 (5.0) and vortexed three times to maintain a dissolved oxygen concentration below 0.02 mg L -1 O2.

The oxic and anoxic batch experiments were incubated in the dark at 20 ± 5 °C on an overhead shaker (80 rpm; reax-2, Heidolph). Kinetics of the degradation was investigated under a pseudo first-order kinetic condition. Batch experiments were sacrificed on days 2, 5, 15, 50, 80, 100, 150, 200, 250 and 300. At each sampling time, dissolved oxygen was measured with a fiber optic oxygen meter (SP-PSt3-YAU with a Fibox3, PreSens). 𝑝𝐻 was recorded with an electrode (𝑝𝐻/𝑐𝑜𝑛𝑑 multi 350i, WTW) and remained constant across the experiments (7.6 ± 0.4). Cation-anion concentrations were analyzed from a water aliquot (detailed in AB). Water and sediment phases were collected for pesticide analysis.

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems

-103 -Parallel duplicate batch experiments were sacrificed on days 0, 150 and 300 to measure dissolved organic/inorganic carbon (DOC/DIC), chemical oxygen demand (COD) and UV-Visible light absorbance (AB, Table B2). These experiments were prepared as the biodegradation batch experiments, but the water was filtered through a 0.45 m CA syringe filter only prior to the analysis.

Control experiments

Abiotic controls were prepared and incubated as the biodegradation batch experiments but using sediment previously autoclaved twice at 24 h intervals (steam under 103 kPa at 125 °C for 20 min) to evaluate abiotic pesticide degradation during the experiment. Hydrolysis experiments were conducted in autoclaved synthetic water amended with a 50 mM phosphate buffer (KH2PO4/Na2HPO4) at 𝑝𝐻 equal to 8. Blank experiments without pesticide spiking allowed to evaluate the initial background concentration of pesticides. Control and blank experiments were sacrificed on days 15, 50, 200 and 300. Abiotic controls confirmed insignificant pesticide dissipation at the end of the experiment (<10%; AB, Table B3). Insignificant pesticide dissipation in abiotic controls was associated with insignificant carbon isotope fractionation in water (|∆𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 |<|∆𝛿 13 𝐶 𝑚𝑖𝑛,𝑤 |, with |∆𝛿 13 𝐶 𝑚𝑖𝑛,𝑤 | the minimal change of isotope signature in water above which isotope fractionation can be attributed degradation (see below and AB, Table B5). The initial background concentration of pesticides in the sediment phase in blank controls was below the limit of detection (<0.1 g L -1 ). Biodegradation and sorption batch experiments for individual pesticides confirmed the absence of inhibitory or synergistic effects on pesticide degradation rate constants and partitioning coefficients (AB, Table B4). 30 

Pesticide extraction and quantification

Water and sediment phases were separated by centrifugation at 2400 RCF during 20 min. Water samples were successively filtered through 0.45 m and 0.2 m CA syringe filter to limit clogging during solid phase extraction (SPE). Pesticides were extracted from water using SPE with SolEx C18 cartridges (1 g phase, Dionex-Thermo Fischer) following an inhouse method previously described. 31 Pesticides in sediment were extracted using a modified solid-liquid extraction protocol. 32 Details on both extraction methods are provided in AB. Methods used for extraction from water and sediment samples yielded extraction recoveries higher than 81%. Pesticides were quantified using established procedure for gas chromatography-mass spectrometry (GC-MS method detailed in AB). 33 Instrumental quantification limits were 33 and 30 µg L -1 for acetochlor and S-metolachlor, respectively.
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-104 -Instrumental detection limits, instrumental reproducibility and uncertainties are provided in AB, Table B5.

Compound-specific isotope analysis (CSIA)

Carbon and nitrogen compound-specific isotope analyses (CSIA) of acetochlor and Smetolachlor in water and sediment samples were carried out following established procedures for gas chromatography-isotope ratio mass spectrometry (GC-IRMS method detailed in AB). 33 Briefly, 13 C/ 12 C and 15 N/ 14 N isotope ratios values were measured in triplicate for each batch experiment with a typical uncertainty of ± 0.5‰ and ± 1.0‰ for C and N, respectively. Average triplicate values were reported in delta notation per element (𝛿 ℎ 𝐸) with the uncertainty corresponding to the 95% confidence interval, in parts per thousand (‰) relative to Vienna PeeDee Belemnite (V-PDB) and air standards, respectively:

𝛿 ℎ 𝐸 = 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) 𝑠𝑎𝑚𝑝𝑙𝑒 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) 𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑 -1 (4.1)
where 𝛿 ℎ 𝐸 is the isotope signature of the respective element (𝐸) and 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) are the isotope ratios of heavy (ℎ) divided by light (𝑙) isotopes in the sample or the standard.

The 𝛿 ℎ 𝐸 linearity range of the measurement was defined as the range of injected mass of C and N to which the 𝛿 13 𝐶 and 𝛿 15 𝑁 values of the pesticide stay within a ± 0.5‰ and ± 1‰ interval, respectively. 34 The 𝛿 ℎ 𝐸 linearity ranges of the measurement were established as 6 to 300 ng and 40 to 300 ng, for C and N, respectively. Extraction procedures from water and sediment samples did not cause significant carbon isotope fractionation (water: |∆𝛿 13 𝐶 𝑒𝑥𝑡,𝑤 |<0.5‰, sediment: |∆𝛿 13 𝐶 𝑒𝑥𝑡,𝑠 |<0.6‰; AB, Table B5). Although extraction procedures from water samples did not cause significant nitrogen isotope fractionation (|∆𝛿 15 𝑁 𝑒𝑥𝑡,𝑤 |<0.9‰), extraction from sediment samples was associated with significant nitrogen isotope fractionation (|∆𝛿 15 𝑁 𝑒𝑥𝑡,𝑠 |<1.6‰; AB, Table B5). Therefore, 𝛿 15 𝑁 data were interpreted with caution.

The minimal change of isotope signature (∆𝛿 ℎ 𝐸 𝑚𝑖𝑛 ) above which isotope fractionation was attributed to degradation was determined as the propagation of uncertainty associated with sample preparation and measurements (eq. B7). 29 ∆𝛿 13 𝐶 𝑚𝑖𝑛 for water (w) and sediment (s) were, respectively, 0.94 and 0.91‰ for acetochlor, and 0.95‰ and 1.77‰ for S-metolachlor (AB, Table B5). ∆𝛿 15 𝑁 𝑚𝑖𝑛,𝑤 was 1.70‰ and 1.99‰ for acetochlor and S-metolachlor, respectively.

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -105 -Bulk isotopic enrichment factors (𝜀 𝑏𝑢𝑙𝑘,𝐸 ), that relate a change in 13 C/ 12 C or 15 N/ 14 N isotope ratios to the extent of degradation, were determined under representative conditions in the closed batch experiments and derived from the Rayleigh equation, eq. 4.2, without forcing the regression through the origin: 35 

𝑙𝑛 (

𝛿 ℎ 𝐸(𝑡) + 1

𝛿 ℎ 𝐸 0 + 1 ) = 𝜀 𝑏𝑢𝑙𝑘,𝐸 × 𝑙𝑛 ( 𝑃(𝑡) 𝑃 0 ) (4.2)
where 𝛿 ℎ 𝐸 0 and 𝛿 ℎ 𝐸(𝑡) represented the isotope signatures of an element 𝐸 at time zero and 𝑡 of the degradation respectively, while 𝑃(𝑡) 𝑃 ⁄ 0 is the fraction of remaining pesticides at time 𝑡.

To interpret and compare 𝜀 𝑏𝑢𝑙𝑘,𝐸 values in terms of underlying degradation pathways, apparent kinetic isotope effects (AKIEE) were calculated for each element to correct 𝜀 𝑏𝑢𝑙𝑘,𝐸 for isotope dilution, number of reactive sites and intramolecular isotopic competition in eq. 4.3:

𝐴𝐾𝐼𝐸 𝐸 ≈ 1 1 + 𝑧 × ( 𝑛 𝑥 ) × 𝜀 𝑏𝑢𝑙𝑘,𝐸 1000 (4.3)
where 𝑛 is the total number of atoms of the element, 𝑥 the number of atoms in reactive positions and 𝑧 the number of atoms which are in intramolecular isotopic competition. 36

Suspect screenings of transformation products

Selected water and sediment samples on days 50, 150, 200 and 250 were screened for TPs identification from oxic and anoxic experiments, and blank samples on days 0 and 200 to evaluate background of pesticides and TPs. The method and mass spectra analysis followed Villette et al. 37 Levels (L) of identification confidence were assigned according to Schymanski et al. 38 Briefly, samples were analyzed using a Dionex Ultimate 3000 (Thermo-Fischer Scientific, USA) liquid chromatography (LC) coupled to an Impact-II (Bruker, Germany) quadrupole time of flight (Q-TOF) to perform high resolution mass spectrometry (HR-MS/MS). Mass spectra of each sample were acquired in positive and negative ion modes on a mass range from 30 to 1,000 Da at a resolution of 54,000 at m/z 400. In parallel, a list of suspected TPs and corresponding pathways were generated from the aerobic microbial metabolites pathway prediction system (UM-PPS), 39 Metabolite Predict 2.0 (Bruker, Germany), META Ultra 1.2, Meta PC 1.8.1 (MultiCASE, Beachwood, OH, US), and extracted from selected literature (AB, Table B6). The list of suspected TPs was converted in an exact mass list used as an analyte list for annotation in Metaboscape 4.0. All adduct forms containing the exact m/z (L5) were pooled in a bucket using an intensity MS signal threshold of 1,000.
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-106 -Tentative candidate annotations were assigned using a criteria of mass deviation (𝛥𝑚/𝑧) below 3 ppm and mSigma value below 30 (L3). The confirmed pesticide structures and some TPs were eventually assigned by matching exact masses and retention times (𝑅𝑇 <0.2 min; L1).

Phase-transfer and biodegradation modelling

Pesticide concentrations and associated isotope fractionation were interpreted using an adapted version of the phase-transfer model developed previously. 19 The model concepts and assumptions are detailed in AB. Data treatment and model-assisted interpretation including CSIA data are discussed below.

Results and discussion

Partitioning coefficients and hydrochemistry indicated steady-state conditions over time in the batch experiments. Partitioning coefficients of pesticides between the sediment phase (𝑃 𝑠 ) and the water phase (𝑃 𝑤 ) during the experiments were similar as sediment partitioning coefficients (average log |𝑃 𝑠 𝑃 𝑤 ⁄ -𝐾 𝑑 | = 0.5 ± 0.2; AB, Table B4). 𝑃 𝑠 𝑃 𝑤 ⁄ ratios indicated that phase partitioning equilibrium was reached within two days and maintained over time. Hydrochemistry (Ca 2+ , Mg 2+ , NO3 -, SO4 2-, Cl -, 𝑝𝐻) (AB, Figure B1) did not vary much in all experiments, indicating constant conditions for biodegradation over time, although sulfate concentrations slightly increased over time under oxic conditions (SO4 2-t=0 to 300 days = 0.20 ± 0.05 mmol L -1 ). Under anoxic conditions, depletion of NO3 -and SO4 2-in the aqueous phase within two days indicated reducing conditions. DOC content and properties, i.e., ultraviolet absorbance and oxidation state, did not change over time (AB, Table B2).

Dissipation kinetics and isotope fractionation

Pesticide dissipation followed pseudo first-order kinetics in both oxic and anoxic batch experiments. Dissipation half-lives in water and sediment for acetochlor and S-metolachlor under oxic and anoxic conditions (𝐷𝑇 50 ;Table 4.1) were in the range reported in the literature. 40,41 Worthy of note, 𝐷𝑇 50 values in water were higher under anoxic than under oxic conditions. Higher 𝐷𝑇 50 values under anoxic conditions supports the assumption that oxic degradation of pesticides is more energetically favorable than anoxic degradation using weaker electron acceptors, e.g., Mn, NO3 -, Fe, SO4 2-, than oxygen. 8 Acetochlor dissipation was faster than S-metolachlor dissipation, which is consistent with previous studies. 41 The comparatively Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -107 -large S-metolachlor headgroup may sterically reduce the enzyme access to the C-Cl bound, thereby reducing S-metolachlor degradation rates. 40 Isotope fractionation for acetochlor and S-metolachlor in the water phase confirmed that biodegradation contributed to dissipation (Figure 4.1a & b). 𝜀 𝑏𝑢𝑙𝑘,𝐶 under oxic and anoxic conditions ranged, respectively, from -4.97 ± 1.62‰ and -3.62 ± 0.70‰ for acetochlor to -1.20 ± 0.35‰ and -1.87 ± 0.58‰ for S-metolachlor (Table 4.1). Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -108 -Similar 𝐷𝑇 50 values (t-test; p<0.05) for acetochlor and S-metolachlor in the water and the sediment phases suggest similar degradation rates in both phases (Table 4.1; AB, Figure B2). However, insignificant isotope fractionation was observed in the sediment (0.9‰ < |∆𝛿 13 𝐶 𝑚𝑖𝑛,𝑠 |, Figure 4.1; AB, Table B5). Hence, CSIA data indicated prevailing degradation in water and low or insignificant degradation in sediment since CSIA is limited in our case to detect low extent of biodegradation (eq. B9). Assuming a similar degradation pathway, it is estimated that at least 16% of acetochlor and 40% of S-metolachlor should be degraded to detect with CSIA biodegradation in sediment. We thus hypothesized that pesticides did not degrade significantly in sediment, but rather desorbed from the sediment to the water to fulfill the phase-transfer equilibrium during pesticide degradation in water. As the result, pesticide dissipation rate constants in the sediment phase were close to the dissipation rate constants in the water phase (𝑘 𝑜𝑏𝑠,𝑤 ) reflected both pesticide dissipation during biodegradation and phasetransfer from sediment to water. Overall, our results emphasize that phase-transfer should be accounted for when quantifying pesticide degradation rate constants (𝑘 𝑑𝑒𝑔 ) in water-sediment systems.

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -109 - . Goodness of the linear fit (𝑙𝑛(𝑃(𝑡)/𝑃 0 ) = -𝑘 𝑜𝑏𝑠 × 𝑡) were 𝑅 2 >0.7 for dissipation and 𝑅 2 >0.8 for degradation. b 𝜀 derived from the Rayleigh plot (eq. 4.2) without any significant difference using all data or 𝑃(𝑡)/𝑃 0 >0.2. Goodness of the linear fit were 𝑅 2 >0.7. c Calculated using the system of eq. B22 to B28. d Calculated with eq. 4.3 where 𝑛 = 14 and 15 for acetochlor and S-metolachlor, respectively, and 𝑧 = 𝑥 = 1. e corresponding to 𝑃(𝑡)/𝑃 0 = 0.66, see Figure 4.1. Uncertainties correspond to 95% confidence intervals.

Water-sediment phase-transfer and implications for interpreting degradation kinetics

The biodegradation rate constants (𝑘 𝑑𝑒𝑔 ) for each phase were estimated from the observed pesticide dissipation using the conceptual model developed and validated by Honti et al. 19 In this model (detailed in AB), pesticides are either freely dissolved in the water phase (𝑃 𝑤, ), or sorbed to the organic fraction of the sediment (𝑃 𝑠, ) consisting in dissolved and particulate organic carbon (Figure 4.2). The original conceptual model presented in Figure 4.2a has been developed according to OECD protocols, and validated for a wide range of experimental conditions (TOC between 10 -3 to 300 mg C L -1 and sediment-water ratio 1:3 to 1:1000) and molecules (log 𝐾 𝑜𝑐, from 1 to 5). 7,13,19 Here, the model was simplified to focus on parent pesticides and the first generation of (Figure 4.2b).

The simplified model arises from the assumption that biodegradation exclusively occurs in water whereas sediment-bound pesticides are not available to biodegradation. 42 This assumption has been used since decades in regulatory testing 43 and simple pollutant fate modeling for various molecules and conditions. 44 In the present study, it is comforted by the absence of significant carbon isotope fractionation in the sediment, as described above. However, degrading microorganisms can be attached on the sediment surface and pesticide degradation may occur at the interface between sediment and water. 45 In addition, TPs sorption was neglected because acetochlor and S-metolachlor TPs were not detected in the sediment phase, in agreement with TPs physico-chemical properties (octanol-water partition coefficient, 𝑃 𝑜𝑤,𝑝 > 𝑃 𝑜𝑤,𝑇𝑃𝑠 and 𝐾 𝑜𝑐,𝑝 > 𝐾 𝑜𝑐,𝑇𝑃𝑠 ). 41 Finally, the simplified model focuses on parent pesticides and the first generation of TPs to specifically derive phase-specific degradation rates and isotopic enrichment factors of parent pesticides. Comparatively, the OECD protocol also aims at identifying and quantifying TPs persistence, pesticide mineralization and formation of NERs, justifying a specific account for additional phases and processes. 19 13 (b) Simplified model adopted in the present study. Species are Ps: pesticides sorbed on the sediment phase, including the dissolved and the particulate organic carbon, Pw: freely dissolved pesticides in the water phase, Ts: sum of transformation products sorbed on total organic carbon, Tw: sum of T freely dissolved in water phase, NER: non-extractable residues and CO2: carbon dioxide. Arrows with the same color denote the same processes. Min.: mineralization.

The pesticide mass balance under closed system and steady-state conditions was established here from the simplified conceptual model (Figure 4.2b), and detailed in AB with eq. B10 to B18. The mass balance equation was rearranged to express the pseudo first-order degradation rate constants (𝑘 𝑑𝑒𝑔,𝑤 ) as a function of the observed dissipation rate constants (𝑘 𝑜𝑏𝑠,𝑤 ):

𝑘 𝑑𝑒𝑔,𝑤 = 𝑘 𝑜𝑏𝑠,𝑤 × [1 + 𝐾 𝑜𝑐 × (𝑓 𝑜𝑐 × 𝑇𝑆𝑆 + 𝐷𝑂𝐶)] (4.4) 
where 𝐾 𝑜𝑐 is the organic carbon-water partitioning coefficient of the sediment. Since 𝐷𝑂𝐶 << 𝑃𝑂𝐶 = 𝑓 𝑜𝑐 × 𝑇𝑆𝑆 (𝐷𝑂𝐶 𝑃𝑂𝐶 ⁄ = 0.3%) in our system, eq. 4.4 was simplified to eq. 4.5:

𝑘 𝑑𝑒𝑔,𝑤 = 𝑘 𝑜𝑏𝑠,𝑤 × [1 + 𝐾 𝑜𝑐 × 𝑓 𝑜𝑐 × 𝑇𝑆𝑆] (4.5)
This assumption is valid for water-sediment systems with DOC concentrations lower than the threshold value defined in eq. 4.6:

𝐷𝑂𝐶 ≤ 𝐶𝐼 × (1 + 𝐾 𝑜𝑐 × 𝑓 𝑜𝑐 × 𝑇𝑆𝑆) 𝐾 𝑜𝑐 (4.6)
where 𝐶𝐼 is the 95% confidence interval associated to 𝑘 𝑜𝑏𝑠,𝑤 . In our case, this simplification is valid for DOC concentrations lower than 70 mg L -1 , which is 10 to 70 times higher than the typical average river concentrations. 21 For higher DOC concentrations, eq. 4.4 remains valid

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -112 -but measured pesticide concentrations in water should be corrected to account for partitioning between the freely dissolved fraction, feeding 𝑃 𝑤 , and the fraction sorbed on DOC, feeding 𝑃 𝑠 .

Corrections of 𝐷𝑇 50,𝑤 (= ln (2) 𝑘) ⁄ to infer 𝐷𝑒𝑔𝑇 50,𝑤 in our system are provided in Table 4.1. 𝑘 𝑑𝑒𝑔,𝑤 are higher than 𝑘 𝑜𝑏𝑠,𝑤 because 1 + 𝐾 𝑜𝑐 × 𝑓 𝑜𝑐 × 𝑇𝑆𝑆 > 1 (eq. 4.5), and depends on the TSS and/or the partitioning coefficient of pesticides. 19 Without considering the phase-transfer, biodegradation rate constants (𝑘 𝑑𝑒𝑔,𝑤 ) would be underestimated by a factor ( 𝑘 𝑑𝑒𝑔,𝑤 / 𝑘 𝑜𝑏𝑠,𝑤 ) of 1.2 ± 0.2 and 1.5 ± 0.5 for acetochlor, and of 1.3 ± 0.2 and 2.1 ± 0.1 for Smetolachlor under oxic and anoxic conditions, respectively. This emphasizes the need to account for phase-transfer when estimating 𝑘 𝑑𝑒𝑔,𝑤 of pesticides in water-sediment systems, especially under anoxic conditions.

Water-Sediment Phase-Transfer and Implications for Interpreting Isotope Signatures.

The observed isotope signatures of pesticides in water (𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 ) may also be affected by phase-transfer. A sorption-based isotope effects may occur when the non-degraded pesticide fraction sorbed on the sediment progressively desorbs and mixes in water, while partitioning equilibrium is not achieved over degradation. This would decrease 𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 during degradation and require a correction of 𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 . To evaluate the potential effect of desorption on 𝜀 𝑏𝑢𝑙𝑘 values, we corrected acetochlor and S-metolachlor concentration and CSIA data accounting for the effect of phase-transfer (Table 4.1; AB, eq. B19 to B28).

In our case, the corrected isotopic enrichment factors (𝜀 𝑏𝑢𝑙𝑘,𝑐𝑜𝑟𝑟 ) and 𝜀 𝑏𝑢𝑙𝑘 values did not significantly change (<0.3‰, Table 4.1). A negligible effect of pesticide desorption from sediment on 𝜀 𝑏𝑢𝑙𝑘 supports the notion that partitioning equilibrium is quasi-instantaneously achieved over degradation and isotope fractionation is limited through equilibrium 16 for ratios of degradation to desorption rate constant (𝑘 𝑑𝑒𝑔 𝑘 𝑑𝑒𝑠 ⁄ ) lower than 0.02 (𝑘 𝑑𝑒𝑠 < 2 d -1 ). 46 We anticipate that the model remains valid under a ratio of 𝑘 𝑑𝑒𝑔 𝑘 𝑑𝑒𝑠 ⁄ lower than 0.1. 47 Beyond this domain, sorption-desorption kinetics should be considered in the model. To evaluate the impact of various types of sediment on the 𝜀 𝑏𝑢𝑙𝑘,𝑐𝑜𝑟𝑟 , a sensitivity analysis was carried out across a wide range of conditions (𝜀 𝑏𝑢𝑙𝑘 between -0.5 to -40‰, log 𝐾 𝑜𝑐 between 1 to 6 and TOC between 0.5 to 500 mg L -1 ). 41 The analysis showed insignificant effect of pesticide phasetransfer between the sediment and the water on isotope fractionation (𝜀 𝑏𝑢𝑙𝑘,𝑐𝑜𝑟𝑟 -𝜀 𝑏𝑢𝑙𝑘 <0.5‰). This supports the idea that phase-transfer is associated with negligible isotope fractionation in water-sediment systems, and a correction of 𝜀 𝑏𝑢𝑙𝑘 is thus not needed under environmental conditions.

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems -113 -However, a correction of 𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 may be necessary to follow the model terminology 𝑃 𝑤 and 𝑃 𝑠 (see above) when DOC concentrations are high and significantly contribute to the isotope mass balance. The threshold limit for a correction that account for DOC concentrations can be determined with an isotope mass balance as follows:

𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 = 𝑥 𝑝,𝐷𝑂𝐶 × 𝛿 13 𝐶 𝐷𝑂𝐶 + (1 -𝑥 𝑝,𝐷𝑂𝐶 ) × 𝛿 13 𝐶 𝑤 (4.7) where 𝑥 𝑝,𝐷𝑂𝐶 is the mass fraction and 𝛿 13 𝐶 𝐷𝑂𝐶 (= 𝛿 13 𝐶 0 ) the isotope signature of DOC-bound pesticides. Under the model assumption, the validity limit of the model to avoid accounting for the isotope signature of DOC-bound pesticides can be expressed using the partitioning equations (eq. B5 & B6) and eq. 4.7:

𝐷𝑂𝐶 ≤ ∆ (𝛿 13 𝐶 𝐷𝑂𝐶 -∆) × 𝐾 𝑜𝑐 × 𝑓 𝑜𝑐 (4.8)
where ∆ is the maximum isotope fractionation (∆ =0.5‰) above which the isotope signature of DOC-bound pesticides (𝛿 13 𝐶 𝐷𝑂𝐶 ) may significantly contribute to the pesticide isotope signature in water (𝛿 13 𝐶 𝑜𝑏𝑠,𝑤 ). From eq. 4.8 a correction of the DOC term is not required to interpret CSIA data for pesticides with log 𝐾 𝑜𝑐 between 1 and 6, 41 and realistic DOC surface waters concentration between 5 and 20 mg L -1 . 21 However, a correction of the DOC term is needed for the same range of log 𝐾 𝑜𝑐 and DOC concentrations higher than 300 mg L -1 , which can be reached in active sludge of the wastewater treatment plants. 48 

Pesticide degradation pathways

The carbon apparent kinetic isotope effects (AKIEC; eq. 4.3; Table 4.1) of acetochlor and S-metolachlor were calculated to compare isotope fractionation of different compounds and to interpret degradation pathways using 𝜀 𝑏𝑢𝑙𝑘 values. Similar AKIEC values and TPs patterns under oxic and anoxic conditions suggest an identical prevailing degradation pathway of acetochlor and S-metolachlor. AKIEc values of acetochlor (oxic: 1.075 ± 0.008 and anoxic: 1.053 ± 0.003) and S-metolachlor (oxic: 1.018 ± 0.001 and anoxic: 1.029 ± 0.001) are in the range of experimentally derived AKIEc for nucleophilic substitution degradations. 36 This is also in agreement with the predominance of acetochlor and S-metolachlor oxalinic acids as the major TPs (Figure 4.3). Nucleophile substitution pathway of acetochlor and S-metolachlor, primarily leading to the formation of oxalinic acids (Figure 4.3), has been previously elucidated via the Glutathione-S-transferase followed by an oxidation. 49 Ethanosulfonic acids, also produced via the Glutathione-S-transferase, were identified as secondary TPs produced under different environmental conditions. 40,49,50 Similar AKIEc values observed in a wetland column experiment (AKIEC, acetochlor = 1.051 ± 0.007), 31 and soil batch experiments (AKIEC, Smetolachlor = 1.023 ± 0.001), 29 suggest a similar degradation pathway or similar co-occurring pathways under distinct environmental conditions. In addition, the N isotope signature of acetochlor and S-metolachlor in the water phase did not significantly change under oxic and anoxic conditions (1.2‰ <|∆𝛿 15 𝑁 𝑚𝑖𝑛,𝑤 |; AB, Table B5), supporting the proposed pathway. Indeed, N in acetochlor and S-metolachlor is positioned three atoms away from the reactive site, and only secondary isotope effect might be expected. The contribution of acetochlor and S-metolachlor ethanosulfonic acids was low (rpa between 10 -2 to 10 -5 ) compared to previous studies showing that ethanosulfonic acid was only two to five time less produced than oxalinic acid. 40,49 The semi-quantitative analysis of HR-MS/MS data also showed that TPs patterns under oxic and anoxic conditions slightly differed (Figure 4.3). Interestingly, acetochlor and S-metolachlor ethanosulfonic acids were not detected under anoxic conditions, although their formation also involves a S-cysteine conjugate intermediate, as for acetochlor and S-metolachlor oxalinic acids. 49 We hypothesize that some microorganisms use acetochlor and S-metolachlor ethanosulfonic acid as an alternative source of sulfur to growth under sulfate limiting conditions, such as those occuring in our anoxic batch experiments (AB, Figure B1). 51,52 This idea is also supported by the confirmed formation of hydroxy acetochlor and the suggested formation of N-ethyl-N-(2-ethyl-6-methylphenyl)-2hydroxyacetamide (L3; m/z [M-H] -= 221.1415). These TPs may be formed as secondary hydroxy-TPs during microorganism sulfur assimilation, as observed previously with ethanesulfonate metazachlor, a TP of the chloroacetanilide herbicide metazachlor. 53 However, previous experiments with S-metolachlor under oxic nutrient-limiting conditions suggest (L3) the formation of the N-ethyl-N-(2-ethyl-6-methylphenyl)-2-hydroxyacetamide without any detection of the ethanosulfonic acid. 54 Altogether, the specific conditions of microbial consumption of ethanesulfonate as a sulfur source remain unclear, although environmental implications are important because ethanosulfonic acids are more mobile than their parent pesticides and other TPs. 55 

Environmental implications for water-sediment studies

Here we examined the dissipation of the two widely used chloroacetanilide herbicides acetochlor and S-metolachlor in water-sediment batch experiments under contrasted oxic and anoxic conditions. CSIA data and TPs identification complementarily allowed to identify possible degradation pathways and associated mechanisms. In water-sediment systems with two main phases, the dissipation of pesticides reflects the contribution of both biodegradation and phase-transfer. A simplified version of a conceptual model validated over a wide range of conditions and molecules facilitated the estimation and the interpretation of degradation rate constants and bulk isotopic enrichment factors (𝜀 𝑏𝑢𝑙𝑘 ) associated with each phase. The simplified model is valid in closed steady-state laboratory systems when pesticides have a similar sorption affinity on the dissolved (DOC) and the particulate (POC) forms of organic carbon (detailed in AB). Steady-state conditions are fulfilled and the model remains valid when sorption kinetics are faster than biodegradation (𝑘 𝑑𝑒𝑔 𝑘 𝑑𝑒𝑠 ⁄ <0.1). The 𝑘 𝑑𝑒𝑔 𝑘 𝑑𝑒𝑠 ⁄ ratio should carefully be estimated from experimental data before using the simplified model. However, a 𝑘 𝑑𝑒𝑔 𝑘 𝑑𝑒𝑠 ⁄ ratio lower than 0.1 is satisfied in 82% of experiments derived from pesticide degradation in the enviPath (n = 4716) database, 11 considering cases when 𝑘 𝑑𝑒𝑠 is lower than 2 d -1 . 46 Most importantly, we anticipate that phase-transfer does not cause significant carbon isotope fractionation (∆𝛿 13 𝐶 <0.5‰) for a wide spectrum of environmental conditions and molecules. This is crucial since insignificant isotope fractionation during phase-transfer is a preliminary requirement to evaluate with CSIA the in situ pesticide degradation in watersediment systems, including ponds, wetlands, rivers or wastewater treatment plants. The isotopic enrichment factors (𝜀 𝑏𝑢𝑙𝑘 ) determined under representative conditions in laboratory experiments can be used to estimate biodegradation half-lifes (𝐷𝑒𝑔𝑇 50,𝑤 ) in different environmental systems, and thus can facilitate pesticide dissipation studies in surface waters. Since pesticide degradation can be evaluated with CSIA with limited or without information on pesticide concentrations or TPs, pesticide CSIA data may prove useful for quantifying and predicting pesticide degradation with reactive-transport modeling of the water-sediment system.

Phase-transfer and biodegradation of acetochlor and S-metolachlor in water-sediment systems

-116 -From a methodological point of view, we anticipate that sample preparation to limit the matrix effect, e.g., the dissolved or particulate carbon or nitrogen, before GC-IRMS measurements is necessary to apply CSIA in water-sediment systems. Bakkour et al. 56 evaluate that GC-IRMS injected sample containing larger DOC-pesticide ratio (mol/mol) higher than 80 might create a too large background signal for accurate isotope ratios measurements. However, this limitation can be overcome in the future with additional cleaning steps, including molecularly imprinted polymers, 56 or preparative high-pressure liquid chromatography 57,58 to selectively extract the compound of interest. Altogether, we anticipate that CSIA can help in the future to elucidate pesticide degradation in specific phases of the water-sediment system, under both laboratory and field conditions, to eventually improve the prediction of pesticide behavior in surface waters.

Preface to Chapter 5

Chapter 4 underscores higher biodegradation rate at the water-sediment interface under oxic conditions than under anoxic conditions. As oxygen gradient into the river bed sediment is flow dependant, 1 we explore in Chapter 5 the effect of water flow velocity on reactive transport of pesticides in a recirculated bench-scale river channel (15 cm long).

At this bench-scale river channel, the investigation strategy combines pesticide concentration measurements, compound-specific isotopes analysis (CSIA) and flow-reactivetransport (FRT) might be further used to investigate dynamic system with larger complexity (molecules, DOC/POC, etc.).

Organic pollutant biodegradation at the sediment-water interface in a bench-scale river channel: insights of compound specific isotopes analysis (CSIA) -123 -

Chapter 5

Organic pollutant biodegradation at the sediment-water interface in a bench-scale river channel: insights of compound specific isotopes analysis (CSIA)

Abstract

Hyporheic exchange flows (HEFs) has been identified as the main process influencing the biodegradation of organic pollutant in surface waters. However, knowledge about the interplay between HEFs, phase transfer and biodegradation at the sediment-water interface (SWI) remains scarce. Predictive modelling studies on horizontal and vertical flows driving pollutant fluxes exist, but they are rarely coupled with the reactivity, known to play a key role in the exchange processes.

Here, we designed a bench-scale river channel to investigate the effects of flow velocity on the transport of organic pollutants. We used caffeine as an organic model compound of human activity with chemical properties close to current agriculturally used pesticides (log 𝑃 𝑜𝑤 <1, very low volatility and log 𝐾 𝑂𝐶 around two). We artificially designed an experiment with a very low dissolved (DOC) and particulate organic carbon (POC) to limit biodegradation in the water column. We examined the sorption and the biodegradation of caffeine in the hyporheic zone (HZ) with respect to HEFs under laminar flow with the help of compound specific isotopes analysis (CSIA). We conducted experimental studies combined with a flow-reactive-transport (FRT) modelling, to provide a better understanding on the physical processes.

Organic pollutant biodegradation at the sediment-water interface in a bench-scale river channel: insights of compound specific isotopes analysis (CSIA) -124 -Batch experiments showed a pseudo first-order kinetic rate constant of caffeine degradation (𝑘 𝑑𝑒𝑔 ) for the low (0.2:5) and high (1:5) sediment-water ratio between 0.658 ± 0.065 and 1.616 ± 0.248 day -1 respectively. These kinetic values agreed with previous reported values for the sediment. Our results in the bench-scale river channel suggest that biodegradation prevailed in the water column, accounting for 85% of the initial mass, potentially coming from planktonic cells or soluble extracellular enzymes released by the sediment. Carbon isotope enrichment ( 𝐶 = -0.59 ± 0.10‰) suggests a N-demethylation pathway which is consistent with the principal degradation pathway of the caffeine. Moreover, for low, medium and high laminar flows, we observed a flow-independence of the biodegradation rates of the caffeine which does not support the hypothesis that HEFs mainly drives the pollutant biodegradation activity.

We anticipate that our experimental design will provide a benchmark on the application of CSIA to interpret the transport and reactivity of organic pollutant at the SWI and to support future investigations of organic pollutant degradation in rivers.

Introduction

Organic pollutants, such as pesticides, personal care products, pharmaceuticals and hormones enter in surface waters as point sources from wastewater treatment plants discharge and/or as non-point sources following pesticide applications on agricultural and urban areas. The export of organic pollutants threat aquatic ecosystems and drinking water resources.1 In surface waters, e.g., rivers, lakes or wetlands, biodegradation, i.e., associated to microorganisms, was identified as the main degradation pathway of organic pollutants. 2 Among the different compartments and interfaces presents in surface waters, the sedimentwater interface (SWI) in the sediment bed, called hyporheic zone (HZ), has been identified as the main reactive surface [3][4][5] where the microbial biofilm dominates the organic pollutant biodegradation. 6 In the water column, suspended solids also offer a specific surface allowing the development of microbial biofilms. 7 Finally, soluble extracellular or intracellular activity can also directly enhance biodegradation in the water column. 8 However, the water column may contain a lower abundance of planktonic microorganisms and a low amount of suspended solids. Therefore, the HZ dominates the degradation. 9 Despite this importance, key processes controlling the HZ organic pollutant biodegradation remained unresolved and were addressed only a in few laboratory studies under dynamic conditions. [9][10][11][12][13] Hyporheic exchange flows (HEFs), i.e., in-and outflow from the HZ, are hypothesized to affect the organic pollutant transfer time across the HZ, and thus the organic pollutant biodegradation in surface waters. 4,14,15 The magnitude of the HEFs is controlled by sediment properties such as hydraulic conductivity and porosity, 16 as well as by hydrological conditions in rivers, including water flow velocity, 17 the succession of base flow and floods, 18 vertical surface-groundwater exchanges, 19 geomorphological variations of river bedforms 12,20 and also the microbial diversity. 13 These vertical fluxes can sustain a redox gradient over the depth of the HZ, allowing a wide spectrum of possible transformation processes. 21 In addition, the propensity of an organic pollutant to sorb affects its availability to biodegradation in the HZ. 22 Sorption typically increases the organic pollutant residence time within the sediment bed, 23,24 whereas it reduces the biodegradation availability. 25 Altogether, the complex interplay between hydraulic forcing, organic pollutant partitioning and degradative process currently limits our understanding of the fate of organic pollutants in surface waters.

A complementary approach to investigate the biodegradation process of organic pollutants is the use of compound-specific isotope analysis (CSIA). The CSIA is based on the change in the naturally occurring isotope ratio of an organic pollutant during the course of the degradation, called fractionation. It originates from the fact that light isotopes react slightly faster than the heavy ones at the reactive site. 26 It is generally assumed that no degradative process, i.e., involving no bond breaking or formation of new bonds, like transport and sorption, do not affect the isotope fractionation. 27 In addition, the organic pollutant biodegradation pathway generally modifies the stable isotope signature in a systematic way, and the extent of isotope fractionation may indicate the underlying biodegradation pathway. 28 The use of CSIA to evaluate organic pollutant degradation has become an established tool in contaminated sites [29][30][31] and static meso-scale experiments such as a wetland and aquifer plume, [32][33][34][35] but was never used in water-sediment systems accounting for phase-transfer and biodegradation, in a dynamic environment such as a river.

Experimental bench-scale river model is particularly well-suited to investigate organic pollutant dissipation under dynamic conditions in water-sediment systems, accounting for phase-transfer and biodegradation, and characterizing the associated processes governing the pollutant transport at the SWI. However, direct observations do not allow us to decipher dissipation due to the transport processes, i.e., diffusion, dispersion, and the reactive processes, i.e., biodegradation, sorption. In this context, physically based flow-reactive-transport (FRT) models can couple three operators representing flow, pollutant transport and reactive processes across the SWI. 17,36 In a companion paper, 37 we present a FRT model which parametrized the transport and the partitioning of tracers (NaCl and Foron Blue 291) during a lab-scale experiment. We observed that the exchange rates were quasi-proportional to the water column velocity. The model helps with capturing complex interactions between transport and pollutant partitioning to the sediment, whereas incorporation of the chemical reactivity to estimate the biodegradation still needs to be addressed.

In this study, we designed a bench-scale river channel to investigate the effect of flow velocity on organic pollutant transport and biodegradation at the SWI. Caffeine was used as an organic model compound of human activity 38,39 with chemical properties close to current agriculturally used pesticides (log 𝑃 𝑜𝑤 <1, very low volatility and log 𝐾 𝑂𝐶 around two). We artificially designed an experiment with a very low dissolved (DOC) and particulate organic carbon (POC) to limit biodegradation in the water column. We hypothesized that biodegradation mostly occurs at SWI in the pore water, across the oxic layer of the sediment. To test our hypothesis, we conducted experiments with representative water flow regimes of a small river (Strahler number <2). The respective contribution of organic pollutant transport and biodegradation to the overall organic pollutant dissipation was evaluated by coupling organic pollutant concentration measurements, CSIA and FRT modelling.

Materials and methods

A list of all chemicals including suppliers and purities is provided in the Appendix C (AC). All solutions were made with ultrapure water (>18 MΩ cm). Experiments were carried out with a low alkalinity (<10 mg L -1 of inorganic carbon) synthetic water 40 mimicking an agriculturally impacted surface water under low water flow velocity with low DOC (DOC = 0.8 ± 0.3 mg L -1 , NO3 -= 21 ± 1.5 mg L -1 ). 41 Synthetic water was prepared one day before the experiment to ensure overnight carbonate dissolution equilibrium. Details on synthetic water preparation and hydrochemistry is provided in AC.

Sediment characterizations

River bed sediment was collected with a shovel from the top 10 cm in the Avenheimerbach river (France, 48°40'08"N, 7°33'50"E), wet-sieved at 2 mm and stored wet at 4°C prior to the experiment. Effect of storage on soil microbial diversity was assumed to be negligible at this temperature. 42 A 95:5 ratio mixture between sediment and a pure sand (SiO2 >98.7%) from the Kaltenhouse (K30, Quartz d'Alsace S.A, France) was used for the channel experiments. The blend enabled a microbial activity representative of real riverine systems in the sediment bed and ensured sufficient water conductivity to sustain oxygen gradient over the first top centimeters of the sediment. The physico-chemical composition of the blend was measured on the blend by NF/ISO method (details in AC) as follows: Clay 0.73% silt 3.1%, sand 96.2% and organic carbon (𝑓 𝑜𝑐 ) 0.095%, with a constant porosity between experiment (Θ = 0.16 ± 0.02) and saturated conductivity (𝐾 𝑠 ) of (4.4 ± 2.2) × 10 -4 m s -1 . Further sediment and blend properties are provided in the AC, Table C1.

Batch sorption and biodegradation experiments

Batch experiments of sorption and biodegradation were conducted to determine the caffeine partitioning coefficient (𝐾 𝑑 ) and oxic biodegradation kinetics rate and parametrize the FRT model described below. Batch sorptions were conducted following OECD 106 procedure 43 with the blend sediment and derived from a linear isotherm. Batch biodegradation experiments were conducted under oxic conditions at constant room temperature (20 ± 5°C) as previously described (detail on Chap. 4). Two sets of experiments were conducted with two different sediment-water ratios (w/w) and two sediment compositions. A low sediment-water ratio (LSW; 0.2:5) was performed with the Avenheimerbach river sediment only to reflect the caffeine biodegradation rate of the water column containing low total suspended solid (TSS) under medium flow in a river system. 44 A high sediment-water ratio (HSW; 1:5) was performed with the 95:5 blend sediment, as for the channel experiment, to determine the biodegradation rate of caffeine within the river bed sediment. Experiments were carried out in the dark and at natural constant 𝑝𝐻 (7.3 ± 0.2) to limit photolysis and hydrolysis, respectively. 30 mL of a caffeine aqueous solution (20 mg L -1 ) were mixed in a 50 mL batch reactor (head space vial crimped with butyl/PTFE caps) with the corresponding amount of the blend sediment to reach the HSW and LSW ratios. The concentration of 20 mg L -1 was also used in the channel to allow a minimum caffeine mass for both quantification and CSIA. Comparatively, concentrations in wwtp effluents and rivers are 3 to 5 orders of magnitude lower. 39,45 First, samples were collected after 1 day to ensure a steady state equilibrium of caffeine between water and sediment phase. At each sampling point (days 1, 2, 3, 4, 5, 6, 8, 11, 15 and 18), 𝑝𝐻 was recorded with an electrode (𝑝𝐻/𝑐𝑜𝑛𝑑 multi 350i, WTW). The control hydrolysis experiment was made with synthetic water amended with a 50 mM phosphate buffer (KH2PO4/Na2HPO4; 𝑝𝐻 = 8). Degradation attributed to caffeine hydrolysis was up to 10% only after 100 days of incubation. The biodegradation rate was retrieved from a first-order dissipation rate considering the contribution of both biodegradation and phase-transfer between the sediment and the water phases, as previously described (detail on Chap. 4 and Appendix B). The model assumes that biodegradation exclusively occurs in the water, in closed steadystate laboratory systems, while the organic pollutant has the similar sorption affinity on dissolved (DOC) and particulate (POC) forms of organic carbon.

Bench-scale river channel

The experiments were conducted in a continuous flow system with recirculated synthetic water (Figure 5.1).The system was consisted of a glass river channel and a 5 L mixing beaker connected together by viton tubing (Iso-versinic®, ∅int.: 10 mm). The water flow and height were maintained at 20 mm during the experiment with a magnetic centrifuge pump (MD-15R, Iwaki). Channel size was 50 width × 380 long × 150 mm high. In the middle of the channel, there was a sediment bed (SB) defining the SWI (150 long × 100 mm high) and filled with the blended sediment (Figure 5.1). The 𝑝𝐻, conductivity and temperature were continuously monitored with a multimeter (350i WTW), controlled by a self-made code in R 46 inside the mixing beaker. Dissolved oxygen (𝐷𝑂) concentration along the water column and the SB was mapped along two vertical profiles (positions depicted in Figure 5.1) using 10 mm width foil sensors (SF-RPSu4, PreSens®), and continuously recorded (VisiSens TD, PreSens®). 

Dynamic biodegradation experiment

Three experiments were carried out at room temperature (20 ± 5°C), with low, medium and high flows (Table 5.1), from 1.12 to 4.79 cm s -1 , observed in laminar conditions in small rivers, i.e., with Strahler order ≤ 2. The column's water height in the channel was maintained at 20 mm ± 5 mm. Targeted flow velocities ensured laminar flow in the channel. Fume hood light was covered with aluminum stripe to limit exposition to light and avoid photolysis, although the half-life for caffeine degradation ≈ 170 h, and indirect photodegradation in our study was unlikely (𝑘 𝑁𝑂 3 - 3 ,𝑐𝑎𝑓. = 8.46 × 10 -3 M -1 s-1 ; half-life ≈ 67 h for NO3 -= 21 mg L -1 ). 47 Before each new experiment the channel was filled with a new amount of the sediment blend (1.3 ± 0.1 kg) and synthetic water (≈ 5 L). The flow and water height were then adjusted, followed by two to three days of pre-incubation to achieve a stable oxygen gradient in the SB. After reaching the equilibrium, a caffeine aqueous solution (6 mL; 10 g L -1 ) was added to the mixing beaker to obtain an initial concentration of 20 mg L -1 in the channel. Water was sampled with a syringe every one or two days at the outlet of the channel, and freezed (-20 °C) prior to its extraction within 2-3 days. Sample volumes were adjusted over time to obtain the necessary amount for CSIA.

Table 5.1. Bench-scale river channel experimental conditions.

a Calculated from the relationship between conductivity and the change of cation-anion in water phase. b uncertainty estimated by continuous flow recording. c Estimate detection limit of TSS estimation on the linear relationship TSS = f(NTU) in AC, Figure C2.

Turbidity, as a proxy of TSS, and hydrochemistry, were recorded during the experiment to quantify potential mass exchanges between the sediment and the water column due to settling or riverbed sediment erosion. Nephelometric turbidity units (NTU) were then daily recorded with a turbidity meter (HI 88713, HANNA). Prior to the experiments, a significant linearity between NTU and TSS was established for the Avenheimerbach sediment (AC, Figure C2). Hydrochemistry, i.e., cation-anion contents, and DOC were measured in the mixing beaker for the three flow conditions, just before the caffeine injection, in the middle and at the end of the experiment. The sample was filtered at 0.45 m with a CA filter. Cation-anion contents were measured by ionic chromatography (ICS-5000, Dionex/Thermo Fischer, US EPA 300.0). Dissolved organic/inorganic carbon (DOC/DIC) were analyzed by TOC analyzer (TOC-V-CPH Shimadzu, NF EN 1484). The evaporation rate of the system was periodically evaluated by weighting a beaker full of water similar to the mixing beaker. The mass balance of the system was corrected, to take in account the evaporation rate and the cumulative sample removals. 

Caffeine extraction and quantification

Water phase was filtered through 0.45 m on cellulose acetate (CA) filter. Caffeine on water phase was extracted by SPE using SolEx C18 cartridges (1 g phase, Dionex-Thermo Fischer) following in-house method (detail on Appendix B). 48 The extraction yield was 110 ± 10% on six 100 mL samples containing between 1 to 1500 g L -1 of caffeine. Caffeine in the bench-scale river channel was quantified by gas chromatography-mass spectrometry up to 1 µg L -1 (environmental quantification limit (EQL), equal to the analytical quantification limit divided by the extracted sample volume). Analytical reproducibility was determined by injecting a 500 g L -1 caffeine standard in each independent GC run. Relative reproducibility between measurements and standard concentrations was 3.5 ± 15.9%.

Compound-specific isotope analysis (CSIA)

Carbon and nitrogen isotope analysis were conducted according to established procedures for gas chromatography-isotope ratio mass spectrometry (GC-IRMS; detail on AC). Briefly, 13 C/ 12 C and 15 N/ 14 N isotope ratio values were measured in triplicate with a typical precision of ± 0.5‰ and ± 1.0‰ for C and N, respectively. Values were reported in delta notation per element (𝛿 ℎ 𝐸), in parts per thousand (‰) relative to Vienna PeeDee Belemnite (V-PDB) and air standard, respectively.

where 𝛿 ℎ 𝐸 is the isotope signature of the respective element (𝐸), and 𝑅( 𝐸 ℎ 𝐸 𝑙 ⁄ ) are the isotope ratios of heavy (ℎ) divided by light (𝑙) isotopes, in the sample or the standard. The 𝛿 ℎ 𝐸 linearity range of the caffeine measurement was defined as the range of injected mass of C and N respectively to which the 𝛿 13 𝐶 and 𝛿 15 𝑁 values of the compound stay within a ± 0.5‰ and ± 1‰ interval respectively 49 , and were established as 8 to 300 ng and 40 to 300 ng (150 to 4500 mV ), for C and N, respectively. Initial caffeine isotope signature was evaluated by the GC-IRMS as follows: 𝛿 13 𝐶 𝐺𝐶-𝐼𝑅𝑀𝑆,0 = -30.3 ± 0.2‰ and 𝛿 15 𝑁 𝐺𝐶-𝐼𝑅𝑀𝑆,0 = -2.5 ± 0.2‰, respectively. Trueness (∆𝛿) of the 𝛿 ℎ 𝐸 measurement was reported for the extraction procedure as 𝛥𝛿 ℎ 𝐸 (𝛥𝛿 ℎ 𝐸 = 𝛿 ℎ 𝐸 𝑒𝑥𝑡 -𝛿 ℎ 𝐸 𝐺𝐶-𝐼𝑅𝑀𝑆,0 ) where 𝛿 ℎ 𝐸 𝑒𝑥𝑡 was the isotope signature after extraction. Water extraction tests have shown insignificant carbon and nitrogen isotope fractionation (|∆𝛿 13 Bulk isotopic enrichment factors (𝜀 𝑏𝑢𝑙𝑘,𝐸 ), that relate a change in 13 C/ 12 C or 15 N/ 14 N isotope ratios to the extent of degradation, were determined under representative conditions in the closed batch experiments and derived from the Rayleigh equation, eq. 5.2, without forcing the regression through the origin: 50 where 𝛿 ℎ 𝐸 0 and 𝛿 ℎ 𝐸(𝑡) represent the isotope signatures of an element 𝐸 at time zero and 𝑡 of the degradation respectively, while 𝐶(𝑡) 𝐶 0 ⁄ is the fraction of the remaining caffeine at time 𝑡.

To interpret and compare 𝜀 𝑏𝑢𝑙𝑘,𝐸 values in terms of underlying degradation pathways, apparent kinetic isotope effects (AKIEE) were calculated for each element to correct 𝜀 𝑏𝑢𝑙𝑘,𝐸 for isotope dilution, number of reactive sites and intramolecular isotopic competition in eq. 5.3:

where 𝑛 is the total number of atoms of the element, 𝑥 the number of atoms in reactive positions and 𝑧 the number of atoms which are in intramolecular isotopic competition. 28 

Flow reactive transport modelling

General modelling approach -Physically-based transport modelling is a promising complementary approach to CSIA to provide a mechanistic understanding of the processes governing reactivity at the SWI. 51 Here, we used a 2D flow-reactive-transport (FRT) model to account for transport (eq. 5.4) and linear kinetic sorption (eq. 5.5) described elsewhere 37 coupled with the first-order degradations as described by eq. 5.6:

where Θ is the sediment porosity, 𝐶 𝑖 [M/L 3 ] represents the dissolved concentration of species 𝑖, 𝑆 𝑖 [M 0 ] is its sorbed concentration controlled by 𝐾 𝑑,𝑖 , the phase partitioning coefficient of 𝑙𝑛 ( 𝛿 ℎ 𝐸(𝑡) + 1 𝛿 ℎ 𝐸 0 + 1 ) = 𝜀 𝑏𝑢𝑙𝑘,𝐸 × 𝑙𝑛 (𝐶(𝑡) 𝐶 0 ⁄ ) (5.2) Isotope fractionation modelling -Normal kinetic isotope effect, usually observed over contaminant degradation, reflects the slightly faster degradation rates of molecules containing the lightest isotopes ( 𝐸 𝑙 ), as compared with the ones featuring the most abundant fraction of heavy isotopes ( 𝐸 ℎ ). The kinetic isotope fractionation factor (𝛼 𝐶 ), retrieved from laboratory degradation experiments expresses these kinetic differences. It relates the disappearance rates of heavy to light molecules, namely isotopologues, according to eq. 5.8: 30 Thus, numerical modelling of isotope fractionation is abled through separate computation of both isotopologues undergoing distinct degradation rates as in eq. 5.9 (𝑘 𝐸 𝑙 or 𝑘 𝐸 ℎ ): 52,53 The total concentration of caffeine can be described as the sum of heavy and light isotopologues (𝐸 𝑡𝑜𝑡 = 𝐸 𝑙 + 𝐸 ℎ ). 𝑘 𝐸 𝑙 is assumed equal to the experimentally determined degradation rates as the natural abundance of 𝐸 𝑙 over 𝐸 ℎ is about 99:1 for C and 99.6:0.4 for N.

𝐴𝐾𝐼𝐸
Oxygen consumption within the sediment -The oxygen consumption rate in the sediment (𝑘 𝑂 ) was monitored at 80 mm beneath the interface immediately after filling the channel with fresh sediment. Oxygen consumption in the sediment bed was attributed to diagenesis of organic matter and nutrient consumption (e.g., ammonium, nitrates, …) in the blend sediment and the synthetic water. 54 Oxygen consumption within the sediment was modelled by a single first-order reaction term: 17 Oxygen controlled degradation -The preferential degradation of caffeine under oxic conditions was implemented via a hyperbolic formulation (e.g., Michaelis-Menten type), with a half-saturation constant for oxygen, 𝐾 𝑀 [M L -3 ] according to eq. 5.11. Since 𝐾 𝑀 was not available for caffeine oxic degradation, 𝐾 𝑀 equal to 1 mol L -1 was used as a default value,

α C = 1 + 𝜀 𝐶 = 𝑟 𝐸 ℎ 𝑟 𝐸 𝑙 (5.8) 
𝑘 𝐸 ℎ = (1 + 𝜀 𝐶 ) × 𝑘 𝐸 𝑙 (5.9)

𝑑[𝑂 2 ] 𝑑𝑡 = 𝑘 𝑂 × [𝑂 2 ]
(5.10)

often used in sediment diagenesis models for nitrification. 55 Considering the results presented below, simulations were not sensitive to this value. In this case, a simple first-order caffeine degradation without oxygen dependency would have led to equivalent results: 56 where 𝑘 𝑚𝑎𝑥,𝑜𝑥𝑖𝑐 [T -1 ] refers to the experimentally determined oxic degradation rate (i.e., 100% oxygen saturation = 2.4 ×10 -4 M), [𝑂 2 ] [M L -3 ] to the dissolved oxygen concentration. Then, a first-order reaction term was used to calculate caffeine concentration

[𝐶𝑎𝑓]:

For the degradation in the anoxic layers, we considered a constant rate of zero (infinite halflife), following the REACH guidelines, 57 and taking into account that the microbial catabolism pathway of caffeine is an oxidation pathway. 58 In the water column, 100% of oxygen saturation was reached, supporting prevailing oxic degradation of caffeine. Parameters used in the model are summarized in the AC, Table C2.

Results and discussion

Caffeine sorption and degradation batch experiments

The sediment partitioning coefficient (𝐾 𝑑 ) derived from a linear isotherm was equal to 1.21 ± 0.08 L kg -1 for caffeine, or normalized to sediment organic carbon-water partitioning coefficient: 𝐾 𝑂𝐶 equal to 12.8 ± 0.8 L kg -1 C. Caffeine dissipation and degradation followed pseudo first-order kinetics in LSW and HSW batch experiments (Table 5.2). 𝑘 𝑑𝑖𝑠 for LSW and HSW were 0.641 ± 0.064 and 1.614 ± 0.248 day -1 , respectively suggesting faster dissipation rate with higher sediment-water ratios (Table 5.2). 𝑘 𝑑𝑒𝑔 for LSW and HSW were 0.658 ± 0.065 and 1.616 ± 0.248 day -1 , respectively, emphasizing a negligible contribution of sorption to the dissipation process with 𝑘 𝑑𝑖𝑠𝑠 ≈ 𝑘 𝑑𝑒𝑔 . The 𝑘 𝑑𝑒𝑔 values in our experiment ranged of previously estimated values made in the field for the sediments which were between 0.05 and 3.14 day - 1 . 59,60 However, to the best of our knowledge, caffeine biodegradation rates had never been reported in mesocosms with water and sediment, as performed in the OECD 308 procedure. 61 Differences between kinetic rates for LSW and HSW infirm our hypothesis that the contributive microorganisms to biodegradation are proportional to the content of the total organic carbon (TOC = dissolved + particulate organic carbon). 44 (5.12)
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-135 -(𝑘 𝑏𝑖𝑜, 𝑆𝑊 ′ of 0.85). The dispersion of particles may increase the available amount of reactive sites associated to microorganism, resulting in a higher rate, constant in LSW.

Table 5.2. Biodegradation batches' condition, dissipation and degradation kinetics and C-N isotope fractionation, and bulk enrichment factors at low (LSW) and high (HSW) sediment-water ratios.

a Calculated from the blend sediment-water ratio from the characterization in the AC, Table C1, b not significant, c coefficient of determination (𝑅 2 >0.9).

Carbon isotope enrichment factor ( 𝐶 ) for caffeine in the water phase did not differ significantly under both conditions (Table 5.2; AC, Figure C3). 𝐴𝐾𝐼𝐸 𝐶 values between 1.005 ± 0.001 and 1.004 ± 0.001 for LSW and HSW, respectively, were in the range of previous values for N-demethylation pathway, with an 𝐴𝐾𝐼𝐸 𝐶 of 1.002 ± 0.002, 62,63 which is the main biodegradation pathway identified for caffeine (AC, Figure C1). 58 In contrast, the N fractionation was not significant (∆𝛿 15 𝑁 <0.7%).

Influence of water flow on the depth of the oxic layer in sediment

Simulated oxygen gradients fitted well with the observed gradients under both low, medium and high flow conditions (Figure 5.2, model parameter detailed in the AC, Table C2). This confirms the ability of the FRT model to reproduce the complex interplay between caffeine transport and biodegradation at the SWI. As hypothesized, the oxygen reached deeper sediment layers with increasing water flow. Under low flow conditions, the oxic layer extended by up to 10 mm below the SWI (Figure 5.2a). Under medium and high flow conditions, oxygen diffused up to 20 to 30 mm below the sediment surface (Figure 5.2b). Medium flow conditions displayed an intermediate oxygen penetration. Interestingly, under high flow conditions, the expansion of the oxic layer was not parallel to the sediment surface. Oxygen penetration was enhanced when entering the sediment bed. This is due to the flow regime in the bench-scale river channel, typical of rivers with bedforms (i.e., pumping flow). 

𝑓 𝑜𝑐

Organic pollutant biodegradation at the sediment-water interface in a bench-scale river channel: insights of compound specific isotopes analysis (CSIA) -136 -While the bedforms generally strengthen mass exchange at the SWI, 37 13 they can also locally favour deeper oxic sediment layers. 17 This effect may enhance caffeine biodegradation in rivers featuring instream structures by creating successive and multiple zones of increased oxygen penetration. 64 

Figure 5.2. Observed (O2 foil sensors) and simulated (whole domain mapping) oxygen gradients in the sediment bed under low (a) and high (b) flow.

Influence of water flow on caffeine biodegradation at the SWI

The water column hydrochemistry (Na + , K + , Mg 2+ , Ca 2+ , Cl -, NO3 -, SO4 2-, DOC) remained constant during the experiment under all flow conditions, although a low dissolution of carbonate occurred (Table 5.1; AC, Figure C4). Carbonate dissolution could be estimated with the increase of conductivity but represented only 0.04 % of the initial sediment mass. This suggests a fairly stable system with minor changes in redox conditions within the sediment bed. Oxygen gradient within the sediment bed lightly fluctuated (approx. ± 2 mm) over the course of the experiments. TSS concentrations in the mixing beaker were systematically below the detection limit (<4.4 mg L -1 ) in the water column.

Caffeine dissipation patterns were similar under all tested flow conditions (Figure 5.3). Time series could be decomposed into two main phases, as depicted by the shaded areas and the associated segments in Figure 5.3. For 1.5 days (phase 1) in each experiment, caffeine concentrations decreased slowly while carbon isotope signature remained fairly stable (≈ C0 = 20 mg L -1 , and  13 C -30.2 ± 0.7‰). Then, caffeine concentrations decreased up to 0 mg L -1 (EQL = 1 µg L -1 ) while 𝛿 13 𝐶 increased from the initial isotope signature up to -25.8 ± 1.1‰ within 1 to 2 days (phase 2). This was consistent with the change in concentrations and 𝛿 13 𝐶 of the caffeine measured during the batch experiment. C-CSIA confirms that biodegradation was a major process of caffeine dissipation in the bench-scale river channel. However, a detailed analysis of caffeine degradation in the bench-scale river channel was limited by the low temporal sampling resolution used during these experiments (about 1 day on average). Indeed, the rapid decrease of caffeine concentrations in phase 2 was only captured by one sampling point. In addition, the FRT model, as currently implemented, could not reproduce the two successive phases of the experimentally observed caffeine dissipation with a single set of parameters. Nonetheless, using different model parameterizations for phase 1 (transport only, no degradation) and phase 2 (transport and degradation), the FRT model allowed us to reproduce the observed caffeine degradation and isotope signature timeseries. As the two different 𝑘 𝑑𝑒𝑔 values for phases 1 and 2 reflected different degradation rates, this analysis helped understanding and identifying the variables driving caffeine dissipation at the SWI.

Phase 1 suggests a lag-phase of microbial activity at the beginning of the experiments. The slow concentration decreases during phase 1 emphasise caffeine penetration within the sediment and sorption with limited degradation. Indeed, it fitted with the numerical simulations, considering that caffeine did not undergo significant degradation during phase 1 (represented in the box 'phase 1' of Figure 5.3, with black lines). The absence of significant isotope fractionation also supports the fact that caffeine degradation was limited during phase 1. Microorganisms in contact with the new organic pollutants (caffeine was not quantified in the Avenheimerbach sediment and no waste-water water flow velocity existed upstream the Organic pollutant biodegradation at the sediment-water interface in a bench-scale river channel: insights of compound specific isotopes analysis (CSIA) -138 -sampling points) may not immediately adapt, and need time to develop the ability to degrade new organic pollutants. 65 As reported previously for atrazine degradation in soil columns, transient pollution (<1 day) punctually occurring, are likely not or only slightly biodegraded in the river sediment. 66 The same work also suggests that organic pollutant fate modelling under transient conditions should use a Monod kinetic accounting to target microbial population growth/decay rather than a first-order kinetics rate. and isotope signatures (𝛿 13 𝐶, red) for the low, medium and high flow conditions. Simulation results, provided here for the medium flow conditions, did not change much among the tested conditions.

In contrast, the rapid decrease of caffeine concentrations during phase 2, emphasized that biodegradation predominated in the water column rather than in the oxic layer of the sediment as originally hypothesized. According to the simulation results, a complete degradation of caffeine in 1 to 2 days in the water column, irrespective of the flow conditions, can only be explained assuming biodegradation occurs in the water column (see the line featured in the box phase 2 of Figure 5.3). Indeed, the shallow oxic layer sediment may not allow sufficient contact of caffeine with the reactive zone to explain a complete degradation within 1 to 2 days. It is predicted that only 15% of the initial mass of caffeine will be degraded after 2 days when considering that biodegradation exclusively occurs in the oxic part of the sediment. Interestingly, the best simulation fit with the experimental results was obtained with a degradation rate in the water column corresponding to that which derived from the batch experiment with the smallest sediment-water ratio. This sediment-water ratio was the closest to the TSS concentrations in the bench-scale river channel.

Caffeine degradation in phase 2 was also confirmed by the observed and the simulated change of carbon isotope signatures of caffeine, reflecting a degradation extent larger than 97 ± 1% (𝜀 𝐶 = -0.69 ± 0.07‰) at the end of each experiment, as reproduced by the FRT model. Biodegradation of caffeine may either be supported by the formation of extracellular polymeric substance (EPS)-bound enzyme at the sediment surface or directly by biodegradation in the water column by soluble extracellular or intracellular enzymes. On the one hand, EPS-bound enzymes developing at the SWI may amplify biodegradation by retaining and concentrating highly diluted organic pollutants from the water column. 6 While EPS-bound enzymes can also develop around suspended particles or DOC, 7 our experiments contained an undetectable concentration of POC/DOC in any flow conditions which presume limited effect of EPS-bound enzymes to POC/DOC. On the other hand, planktonic microorganisms, i.e., not attached, or soluble extracellular enzyme activity may also directly promote biodegradation in the water column. 8 However, in such conditions, soluble extracellular biodegradation activity seems negligible, and EPS-bound enzymes represented only 20% of degradation by the intracellular activity for six tested antibiotics (amoxicillin, ampicillin, clindamycin, daptomycin, linezolid, and vancomycin) in the wastewater sludge. 67 Altogether, these observations support the initial assumption that higher water flows increase an/the oxic sediment layer, thereby enhancing caffeine biodegradation. They also highlight the need to numerically account for EPS-bound enzymes on suspended and soluble particles' transport within the water column and for further investigations about the relationships between soluble extracellular enzymes, TSS concentrations and organic pollutant degradation rates.

Environmental implications and perspectives

Here, we present an investigation on the effect of flow velocity on organic pollutant transport and biodegradation at the SWI, using caffeine as an organic compound model of human activity. This preliminary analysis of experimental and numerical data emphasized that biodegradation patterns under low and high flow conditions did not significantly differ, although the oxygen gradients expanded as a function of the water flow velocity. The bench-scale river channel coupled with the FRT model proved suited to identify compartments of preferential degradation at the SWI, and caffeine biodegradation prevailed in the water column. As biofilm attached (EPS plus intracellular enzyme) to suspended or bed sediment seems to dominate the biodegradation activity, 6 we had ratherexpected limited degradation in the water column in the experiment's conditions, i.e., very low POC/DOC (less than 0.8 mg L -1 ). 12 This observation only concerns the laminar conditions and advocates for testing the effect of different flows, DOC, POC, and for evaluating the microbial diversity, distribution and activity within the water column, to understand the variables driving organic pollutant degradation at the SWI. Altogether, this suggests that caffeine degradation, and hypothetically other organic compounds with similar sorption and biodegradation rates in rivers may be flow independent.

The FRT model proved suited to reproduce the oxic gradient at the SWI. As oxygen is a major control of organic matter, cycling at the SWI, 54 this model may be further used in different studies such as sediment diagenesis in water systems. 68 Analysis with the FRT model of the first phase 1, characterized by sorption and transport only, and of the second phase, with sorption, transport and biodegradation, emphasized the main processes controlling caffeine biodegradation in the bench-scale river channel. However, the FRT model could not reproduce the caffeine dissipation during both phases with only one 𝑘 𝑑𝑒𝑔 value, suggesting that microbial equilibrium in the bench-scale river channel was not achieved when caffeine was spiked. Incorporating growth/decay of microbial populations, associated with degradation in the FRT model, might improve the prediction of biodegradation for these transient phases.

Our results highlighted the prevailing of caffeine biodegradation in the water column during phase 2, which could be attributed to EPS-bound enzymes on suspended or soluble particles stuck to the glass into the water, microbial development on the surface of the sediment and pipe of the experimental system, or a not yet understood abiotic degradation pathway. To our knowledge, water column biodegradation, hypothetically associated with soluble extra or intracellular enzyme activity has been already observed 5,9 but never demonstrated. Bioassay measuring enzymatic degradation activity over the course of the experiment 67,69 might help us with elucidating the location of the biodegradation activity, i.e., EPS-bound enzyme, soluble extracellular or intracellular activity at different locations, i.e., water column, porewater and sediment phase. This understanding will allow us to develop microbial activity modelling that would help with understanding processes occurring in the bench-scale river channel. Predictions of caffeine behavior with the FRT model may only be possible with a specific account of the dynamics of microbial degradation activities.

We observed two limitations in our experimental setup. Firstly, the low temporal sampling resolution of caffeine concentration measurements did not allow us to determine the kinetics and to delineate the two phases, thus hampering the interpretation of caffeine biodegradation process. A continuous online measurement of the organic pollutant concentration, for instance using fluorescence measurement, may overcome this problem in future experiments. Secondly, the low 𝜀 value for the demethylation of caffeine severely limited the detection of low extent of caffeine biodegradation (Appendix B, eq. B9). At least 72% of the caffeine should be biodegraded to reliably detect biodegradation with CSIA. To overcome this problem, another organic pollutant model, such as ibuprofen, 34 with a higher biodegradation rate (> 0.2 d -1 ) would allow an optimal study in a laboratory time scale.

Overall, this study opens the door for more systematic investigations of environmental variables driving the organic pollutant dissipation in rivers because it relies on controlled and realistic experiment mimicking a river while combining caffeine concentration measurements, CSIA and FRT modelling. Although the microbial activity was not followed, the proposed experimental setup allows for more systematic investigations of organic pollutant transport and biodegradation at the SWI under more environmentally relevant conditions than the usual batch water-sediment systems (i.e., OECD 308).

Chapter 6

Persistence of S-metolachlor in rivers: Insights from compound-specific isotope analysis (CSIA)

Abstract

Persistence of pesticides in surface water can threat the quality of drinking water resources. A major challenge for water resource management is to quantify pesticide export, biodegradation and persistence at the catchment scale. Compound specific isotope analysis (CSIA) can provide quantitative estimates of pesticide biodegradation in soil and water as it is generally not affected by non-degradative processes, such as dilution, sorption, and volatilization. In this study, we combined a mass balance approach with pesticide CSIA to determine the source apportionment of S-metolachlor, a widely used chloroacetanilide herbicide, at the catchment scale during a growing season (March to October) and to evaluate its persistence along a river reach. Estimates of Smetolachlor persistence using CSIA agreed with the mass balance approach. The mass balance, accounting for the different compartments, showed that 98.9 ± 4.7% (X̅ ± SD) of S-metolachlor was degraded in total, mainly in the field, with only 12.3 ± 3.1% degraded in the river. In comparison, CSIA of S-metolachlor at the catchment outlet indicated that 98 ± 20% of the applied pesticide was degraded over the four months. The wastewater treatment plants (WWTPs) contributed 52 ± 18% of the input mass based on daily discharges, although identification of pesticide source origin remained difficult since isotope signatures of Smetolachlor for field and WWTP sources were similar. Altogether, our results show that pesticide CSIA allows to delineate sources and to estimate pesticide dissipation across a whole catchment. We anticipate that CSIA may help surface water management by supporting regulatory and monitoring strategies to prevent off-site transport from agricultural fields through evaluation of the contribution of river reaches to the overall pesticide dissipation at the catchment scale.

Introduction

Up to 2.6 × 10 6 tons of pesticides per year are used worldwide in conventional agricultural schemes. 1 Pesticides are ubiquitous in surface water and are commonly found in the ng to g range, which may affect environmental health and the drinking water resources. 2 Pesticides may degrade or persist over decades in various environmental compartments such as topsoil, the water column and sediments. 3,4 While biodegradation has been identified as the major degradation process, 5 where, when, and how pesticide biodegradation occurs in agriculturally-impacted catchments remain fundamental, largely unresolved issues.

Overall, it remains difficult to track pesticide degradation under field conditions. Biodegradation studies are mostly conducted under laboratory conditions, while pesticide degradation is generally evidenced indirectly based on the identification of transformation products (TPs). The hyporheic zone (HZ) of rivers has been hypothesized as the most reactive zone for pollutant biodegradation, although direct evidence is currently lacking. 6,7 The HZ is characterized by a large spectrum of redox conditions 8 where pesticides in the aqueous phase can be degraded by freely dissolved or sediment-bound microorganisms. [9][10][11] However, despite efforts to understand dissipation processes at work in the HZ based on parent and TP measurements, [9][10][11][12][13][14][15] direct evidence of biodegradation in river systems, including conditions and locations of biodegradation, remains scarce.

In this context, compound-specific isotope analysis (CSIA) allows us to detect and possibly estimate the extent of biodegradation in the environment. 16 Pesticide molecules with lighter isotopes (e.g., 12 C) are generally degraded at faster rates during a chemical transformation relative to their heavier counterparts (e.g., 13 C), resulting a kinetic isotope effect. Consequently, the non-degraded, remaining fraction of pesticide is enriched in the heavier isotopologues. Hence, measuring the changes of the isotope signature (e.g., 𝛿 13 𝐶) over time allows us to evaluate the occurrence of degradation and, in some cases and if conditionspecific isotopic enrichment factors have been determined, to quantify the extent of transformation. CSIA has been successfully used for two decades to evaluate the biodegradation of legacy industrial contaminants in groundwater. 17 More recently, pesticide CSIA has been used to evaluate degradation of the herbicide S-metolachlor in an agricultural setting. 18 In addition, isotope mixing models between sources using CSIA data can help to delineate source apportionment at the catchment scale. 19 However, pesticide CSIA has not been applied yet to elucidate the conditions and locations associated with pesticide biodegradation in river systems. 20 The purpose of this study was to evaluate over a growing season the contribution of degradative and non-degradative processes leading to S-metolachlor dissipation at the river (total of 79 km length) and catchment scales (120 km 2 ), while accounting for the contribution of multiple sources, i.e., agricultural applications and wastewater treatment plants (WWTP), and the influence of successive hydrological events. S-metolachlor is a widely used herbicide, ranked eighth in pesticides sold worldwide, 21 which has been applied homogenously across agricultural parcels in the study catchment. We focused on the interpretation of factors controlling the dynamics of S-metolachlor off-site export from the fields into the river, and Smetolachlor dissipation processes in the river reaches. Mass balance, transit time analysis and S-metolachlor CSIA were combined to examine the contribution of biodegradation and source apportionment in the catchment.

Materials and methods

Catchment description

The outlet of the Souffel catchment (120 km 2 ) is located 3 km northwest of Strasbourg (Bas-Rhin, France; 48° 38' 20" N, 7° 44' 35" E; Figure 6.1). The catchment is flat (average slope 2.4 ± 2.2%) with a total of 79 km of rivers composed of reaches varying from 1 to 3 Strahler orders (BD topo 2017, http://www.ign.fr/). The average annual rainfall from 1975 to 2018 at the Entzheim weather station (MeteoFrance, 48°32'24" N, 7°37'48" E) was 648 ± 91 mm, and 579 mm in 2019 (study year). The crop type of this catchment are homogeneously distributed and constituted 84.5% of the total area (Corine Land Cover 2012; v18.5.1; http://land.copernicus.eu). Corn and sugar beets were the main crops from 2015 to 2018, covering 51.2 ± 1.7% and 12.0 ± 0.5% of the agricultural area, respectively (National agricultural plot database -RPG, Registre Parcelaire Graphique, www.ign.fr) Both corn and sugar beets under conventional schemes receive applications of S-metolachlor-containing herbicide products (https://ephy.anses.fr, Mai 2019; Appendix D (AD), Table D1).

S-metolachlor applications

A survey of pesticide application practices was conducted in 2019 for the 60 farmers who owned fields in a sub-catchment of the Souffel river (3.6 km 2 containing 94% of farmland; Figure 6.1). This sub-catchment is considered by local farming authorities as representative of the Souffel land use and farming practices. The survey covered 57% of the fields, with 43% potentially receiving S-metolachlor applications. Two successive doses of S-metolachlor, each ranging from 576 to 672 g ha -1 , was applied on sugar beet fields on April 18 (± 1 days) and April 29 (± 2 days). A single dose of S-metolachlor, ranging from 160 to 1000 g ha -1 , was applied on corn fields between May 14 and June 3 (median on May 20). Theses application doses and amounts are typical for climatic conditions and vegetation stages prevailing in 2019 in the Souffel catchment, as confirmed by local farmer advisers and pesticides sellers. Smetolachlor application amounts were thus extrapolated to the entire catchment (detailed in AD). Since the land use at the field scale was not yet available in 2019 for the entire catchment, a likelihood map was built from the three years of crop rotation from 2015 to 2018 (detailed in AD). The likelihood map was validated based on the surveyed sub-catchment (<2% of variation between predicted and observed corn and sugar beet land uses). Modifications of crop rotations were identified in 2019 for the 120 km² catchment with the help of local farmer advisers. Different scenarios of S-metolachlor dose applications were considered using national regulations, local farmer recommendations and survey results (AD, Table D1).

Sampling locations

Grab samples of river water, sediment and topsoil of sugar beet and corn fields were collected from March to October 2019 (March 13, April 2, Mai 15, June 12, July 17, August 21 and October 1) to cover the period of the S-metolachlor applications and the growing seasons of sugar beets and corn. Topsoil of sugar beet and corn fields were collected up to a distance of 100 m from the river at two locations in the surveyed sub-catchment (Figure 6.1; G10 and G11). At each location, four sub-samples were collected and thoroughly mixed to quantify dissipation of S-metolachlor over the season in the agricultural topsoil. Potential accidental releases of S-metolachlor from farms connected to the sewage network were screened by sampling outlets of the three WWTPs of the catchment (Figure 6.1, W1 to W3). Eleven sampling locations of water and river bed sediment were selected across the Souffel river (Figure 6.1, G1 to G11). G1 was close to the main Souffel spring, composed of 32% forest and 68% cropland. Locations G2 to G11 were selected via stratified random sampling 22 to obtain upstream agricultural land cover ranging from 84 to 94%. These 11 locations were used to estimate the dissipation and biodegradation of S-metolachlor from upstream to downstream.

Continuous sampling

Finally, the outlet of the Souffel catchment (Figure 6.1, location A) was sampled between March 1 and October 1 (215 days) using a refrigerated sampler (ISCO 6712) connected to a flow proportional bubbler (module ISCO 730) to calculate the S-metolachlor loads at the catchment scale of 120 km². Samples were then collected for defined discharge volumes, adapted weekly from 1500 m 3 to 960 m 3 to account for the progressive decrease of base-flow over the season. Discharge at the outlet was continuously measured with a radar flow meter (Vegapuls WL S 61, Vega), with an average precision of 15%. The sub-weekly water samples were collected weekly and merged into composite samples based on the hydrograph characteristics, i.e., base-flow and events merged separately. 𝑝𝐻, conductivity and water temperature were recorded continuously at the same location with a multiparameter electrode (HI 9829, Hanna). 

. The Souffel catchment (b) located in France (a) with the sampling locations (in green, red and white) and the associated land use. Likelihood of S-metolachlor applications was estimated by averaging three years (2015 to 2017) of crop rotations and based on crops with reported S-metolachlor authorization (https://ephy.anses.fr/; corns, beets). Zero denotes an absence of S-metolachlor applications, while one stands for three potential applications within the three successive years.

Grab sampling

Grab river water and wastewater samples were collected into 2 L HPDE bottles for Smetolachlor quantification and CSIA. Additional samples (150 mL) were collected in HPDE bottles and filtered on-site using 0.45 µm cellulose acetate (CA) filters for further hydrochemical characterization (AD, Table D2). 𝑝𝐻, conductivity and water temperature were recorded in the river (𝑝𝐻/cond multi 350i, WTW). River locations G1 to G11 were gauged using a handheld electromagnetic water flow meter (Nautilus C2000 / Sensa Z300, OTT) and the flow subsequently calculated using the velocity-area method. River velocities () were converted to water discharge (Q) using BAREME v8.2 (DREAL Auvergne-Rhone-Alpes). Due to low velocities during grab samples (from 0.01 m s -1 to 1.36 m s -1 ) and the small river sections, an uncertainty of 16 ± 8% was calculated from the gauged data. River bed sediment samples (locations G2 to G11) were collected from the top five centimeters of the river bed using a clean scraper and transferred into plastic bags. A gravel river bed at G2 hampered sediment sampling at this location. Water, sediment and topsoil samples were stored in a dark, sealed container at 4 °C until S-metolachlor extraction, which was completed within two days following sample collection. Hourly rainfall data were collected in eight rain gauges (MétéoFrance, Strasbourg City and citizen data, www.wunderground.com/weatherstation) covering the Souffel catchment area (R1 to R8 in Figure 6.1). Rainfall events were analyzed on R-v.3.5.0 23 ) using hydromad v.0.9-26. 24

S-metolachlor extraction and quantification

The water samples from continuous and grab sampling were pre-filtered through qualitative filters (Grade 1, Whatman), and then filtered a second time through glass filters (GF/5, 0.4 m average pore size, Macherey-Nagel), both using a bottle-top vacuum filtration unit. The filtrate was extracted and concentrated by solid-phase extraction (SPE -C18 cartridge) as previously described in Appendix B and elsewhere. 25 Filters were collected, dried at room temperature in a desiccator to determine the total suspended solid (TSS; AD, Table D2) and frozen prior to S-metolachlor extraction. 34% of filters (n = 93) were selected to quantify solid-bound S-metolachlor based on the corresponding highest concentrations present in the aqueous phase and the mass of TSS on the filter in order to maximize possible quantification. S-metolachlor was extracted from the selected filters by solid liquid extraction as described in Appendix B. Topsoil and wet river bed sediment were homogenized and sieved through a 2 mm mesh, and then centrifuged at 2400 RCF for 20 min to remove excess water. Aliquots of topsoil and wet river bed sediment were collected for further characterization (AD, Table D2), and 20 g equivalent dried mass of wet sediment or topsoil samples were extracted by solid liquid extraction, following the same procedure as for TSS. S-metolachlor concentrations were quantified with an established procedure for gas chromatography-mass spectrometry (GC-MS, detailed in Appendix B), with envQL (envQL, analytical detection limit of S-metolachlor divided by the concentration factor of the sample) ranging from 0.01 to 0.03 g L -1 for water and 0.4 to 2.5 g kg -1 for river bed sediment or topsoil, with an analytical reproducibility of 4.3%.

S-metolachlor loads and mass balance

The S-metolachlor loads were calculated at the catchment outlet by multiplying the average S-metolachlor concentration by the integrated discharge for the sampling period range. Daily loads were calculated for each grab sampling event at both the river and WWTPs locations by multiplying the instantaneous concentrations by the discharge, which was measured with the handheld electromagnetic water flow meter and reported by the WWTPs managers, respectively. For the three reaches that receive WWTPs discharge (upstream locations G4, G7 and G3), mass mixing (eq. 6.1) was applied to the daily load of the WWTPs (𝐿 𝑤𝑤𝑡𝑝 ) and the upstream river (𝐿 𝑟𝑖𝑣𝑒𝑟 ) to estimate the source apportionment of the WWTP (𝑥 𝑤𝑤𝑡𝑝 ):

Mass conservation was assumed to estimate the source apportionment at the outlet considering a dilution by all river branch discharge.

A seasonal mass balance integrating the 214 days of the study was also attempted and compared with CSIA data, accounting for relevant processes identified in the catchment:

where 𝑚 𝑎𝑝𝑝 is the pesticide mass applied to the entire catchment following the application scenarios (detailed in AD, Table D1), and 𝑚 𝑠𝑡𝑜𝑐𝑘 𝑦-1 is the residual pesticide stock from 2018 estimated for the 10 cm of topsoil before the first S-metolachlor application of 2019. 𝑚 𝑤𝑤𝑡𝑝 is the effluent coming from WWTPs. 𝑚 𝑒𝑥𝑝 is the exported load at the outlet of the catchment, estimated as previously described. 𝑚 𝑣𝑜𝑙 and 𝑚 𝑝ℎ𝑜𝑡𝑜 are the mass dissipated by the volatilization and the mass photodegraded, respectively (detailed in AD, Table D6). 𝑚 ℎ𝑦𝑑𝑟𝑜 is the mass degraded by hydrolysis and is considered to be negligeable for S-metolachlor under field and river conditions. 25 𝑚 𝑤𝑎𝑡,𝑏𝑖𝑜 and 𝑚 𝑠𝑜𝑖𝑙,𝑏𝑖𝑜 are the pesticide mass biodegraded at the river and at the field scales, following a first-order degradation rate as calculated in chapter 4 (Table 4.1) and elsewhere. 18 𝑚 𝑟𝑒𝑠 is the residual S-metolachlor measured in soil after the 214 days.

S-metolachlor compound-specific isotope analysis (CSIA)

Carbon S-metolachlor-specific isotope (C-CSIA) analyses were conducted according to established procedures for gas chromatography-isotope ratio mass spectrometry (GC-IRMS; detailed in Appendix B). Briefly, 13 C/ 12 C isotope ratio values were measured in triplicate with a typical precision of ±0.5‰ and reported as delta values (𝛿 13 𝐶) relative to the Vienna PeeDee Belemnite (V-PDB):

where 𝛿 13 𝐶 is the isotope signature of the carbon and 𝑅( 𝐶 13 / 𝐶) 13 𝐶 𝑚𝑖𝑛 ) in water above which isotope fractionation can be attributed to degradation was determined as the propagation of uncertainty associated with measurements and sample preparation (eq. B7). ∆𝛿 13 𝐶 𝑚𝑖𝑛 for water (w) and sediment (s) were, respectively, 0.95‰ and 1.77‰ for S-metolachlor.

With a calculated 𝜀 𝑏𝑢𝑙𝑘,𝐶 = -1.2 ± 0.4‰ for water derived from laboratory experiments (Table 4.1), the extent of biodegradation (𝐵) was calculated from the isotope signatures of water samples, as follow: S-metolachlor 𝛿 13 𝐶 values were not measured in topsoil during our field investigation due to a strong matrix hampering reliable 𝛿 13 𝐶 values. Consquently, the 𝛿 13 𝐶 values were estimated from concentrations previously used in a model developed for similar agricultural clayey soils, accounting for the soil temperature and moisture (detailed in AD). 18 Point and non-point source apportionment was also estimated whenever an isotope signature on the basis of the ∆𝛿 13 𝐶 𝑚𝑖𝑛 , considering a 95% confidence interval, could be identified in the source. The applicable stable isotope mixing approach as follows:

where 𝛿 13 𝐶 𝑜𝑢𝑡𝑙𝑒𝑡 , 𝛿 13 𝐶 𝑤𝑤𝑡𝑝 , 𝛿 13 𝐶 𝑝𝑟𝑒𝑑,𝑟𝑖𝑣𝑒𝑟 are the isotope signatures measured at the outlet, at the WWTPs and the predicted signature from the agricultural input (Figure 6.5), respectively, and 𝑥 𝑤𝑤𝑡𝑝 is the proportion of daily S-metolachlor load at the outlet coming from WWTPs. 𝑥 𝑤𝑤𝑡𝑝 can be approximated with stable isotope mixing (eq. 6.6) as an alternative to mass mixing (eq. 6.1): 13 𝐶(𝑡) + 1 𝛿 13 𝐶 0 + 1 )

𝐵 = 1 -( 𝛿
1 𝜀 𝑏𝑢𝑙𝑘,𝐶 ⁄ (6.4)

𝛿 13 𝐶 𝑜𝑢𝑡𝑙𝑒𝑡 = 𝑥 𝑤𝑤𝑡𝑝 × 𝛿 13 𝐶 𝑤𝑤𝑡𝑝 + (1 -𝑥 𝑤𝑤𝑡𝑝 ) × 𝛿 13 𝐶 𝑝𝑟𝑒𝑑,𝑟𝑖𝑣𝑒𝑟 (6.5)

𝑥 𝑤𝑤𝑡𝑝 = 𝛿 13 𝐶 𝑜𝑢𝑡𝑙𝑒𝑡 -𝛿 13 𝐶 𝑝𝑟𝑒𝑑,𝑟𝑖𝑣𝑒𝑟 𝛿 13 𝐶 𝑤𝑤𝑡𝑝 -𝛿 13 𝐶 𝑝𝑟𝑒𝑑,𝑟𝑖𝑣𝑒𝑟

Results and discussion

Catchment hydrological response

The 2019 growing season, from March 1 to October 1, 2019, was characterized by 17 rainfalls events (Figure 6.2a), defined as the cumulative volume of rainfall (>2 mm) separated by at least 24h of no rainfall. The rainfall events accumulated 358 ± 50 mm (X̅ ± SD between station R1 to R9) over the 215 days of the study. The period before the first reported applications of S-metolachlor was relatively dry (27.8 mm in 44 days). The discharge at the outlet was 0.115 ± 0.137 m 3 s -1 (X̅ ± SD; Figure 6.2b) between March and October 2019 or 0.83 ± 0.98 m 3 day -1 ha -1 when applied over the catchment area. This specific average discharge is one order of magnitude below that of the neighboring rivers to the north and the south of the study area for the same period (3.85 m 3 day -1 ha -1 for the Zorn river and 6.55 m 3 day -1 ha -1 for the Bruche river, http://www.hydro.eaufrance.fr). Similar trends were observed for yearly average discharge (1980-2000) and can be explained by the location of the Souffel catchment in the Alsatian plain, which is relatively flat and without mountainous upstream terrain. This emphasize the limited capacity of the Souffel catchment to dilute pesticide loads compared to neighboring rivers. During each rainfall event the conductivity at the outlet dropped from the base flow conductivity of 852 ± 97 down to 133 mS cm -1 . An inverse correlation was observed between the discharge and the conductivity (𝑅 2 = 0.53; p <0.01) at the outlet, suggesting that rain water ( <0.03 ± 0.01 mS cm -1 ) that entered the river had a limited contact time with the topsoil, suggesting preferential flow paths in the subsurface. 27 The response time characterized by the time between the peak of a rainfall event (Figure 6.2a) and the peak of the associated discharge (Figure 6.2b) at the outlet was between 1.2 and 12 hours, which suggests fast runoff and/or sub-surface contributions to the river. 28 Hortonian runoff can occur when rainfall exceeds infiltration capacity. Runoff over the contributing area might be estimated by computing the topographic wetness index (TWI) of the catchment. 29,30 The catchment has a very low TWI (6.5 ± 1.4 X̅ ± SD) with only 7.5% of the river bank associated with a TWI higher than 8.5, which suggests that only a limited area likely contributed to overland runoff (AD, Figure D1). 31 From March 1 to October 1, only rainfall events 9 and 15 were classified as heavy (>7.5 mm per hour), 32 while the 15 others were lighter (n = 14; <2.5 mm per hour) or moderate (n = 1; between 2.5 mm and 7.6 mm per hour). The intensity of rainfall patterns and the limited extent of contributing areas of overland flow suggest that sub-surface flow was the main contributor to the outlet discharge. Although, Hortonian runoff might contribute during rainfall events 9 and 15 (in June and August). Moreover, the non-correlation between TSS concentration at the outlet with the rainfall, and reported a mean of 578 ± 938 mg L -1 (X̅ ± SD) with a maximum of 5,967 mg L -1 (Figure 6.2b) supported the sub-surface flow contribution.

Off-site transport of S-metolachlor

.2. Dissolved S-metolachlor concentrations and loads at the outlet of the Souffel catchment in 2019 (location A in Figure 6.1) with (a) rainfall at location R1, (b) discharge (blue line), total suspended solids (green dots) and timing of the 7 grab sampling campaigns (dashed vertical line), (c) S-metolachlor concentrations in dissolved phase (n = 176; red dots) with reported S-metolachlor application dates (in grey), and (d) cumulative load in dissolved phase.

Dissolved concentrations of S-metolachlor were quantified in 98% of the composite samples (n= 61; Figure 6.2c) at the outlet, ranging from 0.03 to 54.6 µg L -1 over the course of the season with an average (± SD) of 2.3 ± 7.3 µg L -1 . S-metolachlor in the particulate phase were below the limit of detection (1.2 µg kg -1 TSS; n = 35). This suggests that Hortonian runoff and associated off-site transport of S-metolachlor by erosion had only a limited contribution to the total loads monitored from March to October 2019. This indicates that subsurface transport of dissolved S-metolachlor dominated during the study period.

Total S-metolachlor load exported from the Souffel catchment during the study period was 4.87 ± 1.00 kg, while between 4,909 ± 116 to 9,224 ± 217 kg of S-metolachlor was applied, depending on the application scenario (AD, Table D3). Hence, it is estimated that from 0.04 to 0.12% of the applied S-metolachlor was exported from March 1 to October 1, which is similar to previous S-metolachlor export estimations made for a smaller catchment. 33,34 As previously observed in a small catchment, 35 pesticide load export did not correlate with rainfall intensity, but was controlled by the interplay between dose and timing of pesticide applications, pesticide dissipation in topsoil and hydro-climatic characteristics.

More than 9% of the seasonal load was exported (Events 1 and 2; Table 6.1) before the first reported applications of S-metolachlor. This pre-application export could not be attributed to only the residual topsoil S-metolachlor from the previous year, which was estimated in the mass balance (AD, Table D3) to contribute only between 0.8 and 1.5% of the total seasonal export load. In addition, the background concentration of S-metolachlor in the river from the previous year was very low (<0.4 g L -1 ). 36 This suggests a point or non-point source of Smetolachlor within the catchment in addition to the field applications. As underlined by the survey, three main S-metolachlor applications were performed by farmers, two on sugar beets and one later on corn fields (Figure 6.2c), which correspond to the relative surface area receiving S-metolachlor for a given application. Consequently, the combined rainfall events 3 and 4, and rainfall event 5 were responsible for 21 and 47%, respectively, of the total export, which corresponds to 19 and 81% of the surface that potentially received S-metolachlor. Worthy of note, the largest observed export occurred during rainfall event 5, a low intensity event (1.6 ± 0.2 mm h -1 ). Altogether, the S-metolachlor load dynamics suggests a transportlimited source dynamic (rainfall events 1 to 7) 37 until June 15, contributing to 91% of the seasonal load, followed by a mass-limited source dynamic 38,39 with only 9% of the seasonal load (rainfall events 7 to 17) from June 15 to October 1.

Table 6.1. S-metolachlor concentrations and load dynamics at the outlet of the Souffel catchment for the main rainfall events (export of 91% of the seasonal load).

a considers rainfall gages R1, R2 and R9 only, b rainfall event detected only in R1, c, d, e consider application dates of April 18, April 29 and May 20, 2019, respectively, according to the survey of sub-catchment G11 (detailed in AD). f accounts for the realistic scenario (Table D1), percent of the total mass applied in parenthesis, g loads corresponding to the rainfall event, percent of the total load in parentheses. p.a. pre-application. Average flow discharge is 0.115 m 3 s -1 .

S-metolachlor dissipation along the river during the season

The grab sampling scheme was designed to investigate S-metolachlor dissipation in the river. Except for July, base-flow conditions were targeted for monthly sampling to avoid highly dynamic discharge conditions, which would hamper comparison of load discharges among the sampling locations. Similar monthly hydrological responses for the sampling locations were thus observed when comparing the normalized discharge, i.e., the discharge divided by the upstream area (AD, Figure D2). 40 No significant difference of the river hydrochemistry was observed between locations and sampling times (AD, Table D4; Tukey's test; p >0.05). However, significant differences were observed between river and WWTP outlet samples, with higher chloride, sodium and potassium concentrations observed in the WWTP outlets (Tukey's test; p <0.01). Conversely, nitrate concentrations in the river (X̅ ± SD = 41.2 ± 18.4 mg L -1 ; n = 84) were higher than those at the WWTP outlets (p <0.01; X̅ ± SD =16.2 ± 18.0 mg L -1 ; n = 21). This indicates that a significantly larger proportion of nitrate comes from non-point sources versus WWTP effluent.

Dissolved concentrations of S-metolachlor were quantified in 73% and 100% of the river water grab (n = 78) and wastewater (n = 21) samples, respectively, ranging from 0.01 to 21.5 g L -1 and from 0.01 to 50.2 g L -1 during the season. S-metolachlor concentrations in the particulate phase were below the quantifiable limit in all samples (1.2 µg kg -1 TSS; n = 18). Finally, S-metolachlor was quantified in 11% of the sediment samples (n = 76) ranging from 1.7 to 11.9 g kg -1 . The sub-catchment associated with sampling location G1 was comprised of 32% and 68% forest and farmland, respectively, and consequently was less impacted by Smetolachlor than any other sub-catchment, which were comprised of between 84 and 94% farmland. As expected, significantly lower dissolved S-metolachlor concentrations were measured at G1, headwaters (Figure 6.1), than in any other locations (G2 to G11 = 1.15 ± 5.70 g L -1 vs G1 = 0.10 ± 0.22g L -1 , X̅ ± SD; t-test; p <0.01) during the season.

S-metolachlor concentrations comparison between upstream and downstream were analyzed monthly over six months for the 11 river reaches defined by the sampling locations (G1 to G11) and the outlet A. Three distinct patterns were obtained (Figure 6.4a). For 90% of cases (n = 59) the upstream-downstream concentrations did not vary, as underlined by the 1:1 slope (Figure 6.4a). This can be interpreted as a homogeneous release of S-metolachlor from each sub-catchment to the corresponding reach, 41 or by a balance between S-metolachlor lateral inputs to the reach and dissipation processes in the river. Significant increase from upstream to downstream, considering the 95% confidence interval for concentrations, was observed for only a few reaches and sampling dates (n = 5). Concentrations significantly increased in two dissimilar cases. First, increased S-metolachlor concentrations between the spring (G1) and its downstream location (G2) resulted from S-metolachlor applications to fields in April. Secondly, the point source contribution of effluent from the three WWTPs into the connected reaches was observed, but only on April 2 (Figure 6.4a). Observations of a significant Smetolachlor contribution from WWTPs on April 2 can be attributed to the low background concentrations in the river before the main pesticide applications, and by subsequent accidental loads released during pesticide sprayer washing in farms connected to the sewage network. The final observed trend (n = 2) was a significant decrease of S-metolachlor concentrations in the reaches between G2 and G3 on April 2 and G9 and the outlet in June. Overall, S-metolachlor dynamics of point and non-point sources over the course of the season can help to interpret Smetolachlor export in the catchment.

Point versus non-point sources apportionment

The daily discharges from WWTPs contributed to 52 ± 18% (X̅ ± SD) of the corresponding reach outlet discharge (Figure 6.3a). However, the WWTPs' contribution varied seasonally from 13% of the total reach discharge in spring and early fall up to 80% in summer. The total contribution of the three WWTP effluents at the outlet of the catchment corresponded to 49 ± 6% of the total discharge during the high-flow period (March to June) and up to 100% during the low-flow period (July to September). The source apportionment of S-metolachlor loads, i.e., from WWTP effluents (𝑥 𝑤𝑤𝑡𝑝 ; eq. 6.1 and from upstream non-point agricultural sources (1-𝑥 𝑤𝑤𝑡𝑝 ), was estimated using daily WWTP and outlet discharges and S-metolachlor concentrations. 𝑥 𝑤𝑤𝑡𝑝 varied over the season and represented from 0 to 100% (53% on average) of the observed mass load at the outlet of the catchment. These estimations were in agreement with a previous investigation at WWTP W1, which estimated a 𝑥 𝑤𝑤𝑡𝑝 of 53 ± 24%, with a mass contribution on certain days of up to 100% during the 2015-2016 period. 36 We estimated that about 9% of the total offsite export of S-metolachlor observed during the rainfall events 1 and 2 in April (Table 6.1) originated from the WWTPs following early sprayer washing operations.

The monthly effluent sampling results from the WWTPs (Figure 6.3b) follows the catchment outlet load dynamic (Figure 6.2d), where exported mass was mainly observed from March to June. This suggests that the S-metolachlor load from the WWTPs was linked to releases during pesticide preparation or handling near farmhouses prior to field applications. Since dilution and biodegradation processes in river and source apportionment, i.e., non-point and point sources, cannot be teased apart based on upstream and downstream concentrations only, we applied S-metolachlor C-CSIA in parallel.

S-metolachlor isotope signature along the river

𝛿 13 𝐶 allowed us to estimate the S-metolachlor biodegradation in river and confirm Smetolachlor point and non-point source apportionment along the river and over the course of the season. 𝛿 13 𝐶 was obtained for 25% (n = 25), 48% (n = 32) and 43% (n = 9) of the grab, outlet and WWTP samples respectively, corresponding to the minimal mass of carbon required for accurate GC-IRMS analysis, i.e., higher than 20 ng. Upstream-downstream 𝛿 13 𝐶, including only nine reaches monitored in April and/or June (Figure 6.4b), suggested export of nondegraded S-metolachlor into the river in early April, since 𝛿 13 𝐶 was similar to that of the Smetolachlor applied during the 2019 growing season (Figure 6.4b; 𝛿 13 𝐶 0 = -31.8 ± 0.3‰, AD, Table D5). The 𝛿 13 𝐶 of dissolved S-metolachlor in June suggested biodegradation (estimated to be about 60%, eq. 6.4 in reaches with or without wwtps effluents (Figure 6.4b). From April to October, the isotope signature collected at the wwtps remained constant (𝛿 13 𝐶 𝑤𝑤𝑡𝑝 = -29.76 ± 0.97; n = 9), which was 2‰ heavier than the original signature. Hence, change of 𝛿 13 𝐶 greater than 2‰ (∆𝛿 13 𝐶 riv = 𝛿 13 𝐶 downstream -𝛿 13 𝐶 upstream ) in June for the river reaches G6 → A, G5 → A and G9 → A (Figure 6.4b) could not be totally attributed to the wwtps. It suggests either that biodegradation occurred between the downstream and upstream part of the Souffel, or that a downstream point source of degraded S-metolachlor contributed more significantly than those in the upstream sub-catchments. 

Degradation of S-metolachlor in the river reach

Extent of S-metolachlor degradation in a river can be calculated when the isotope signatures in the river are significantly higher (>∆𝛿 13 𝐶 min ) than the source isotope signature from the topsoil on the field. Isotope signatures from the topsoil were found to follow a trend line over the course of the season after S-metolachlor application (Figure 6.5). Eighty five percent of the 𝛿 13 𝐶 measurements in the river during the season were within the 95% confidence interval of the predicted uncertainty of the 𝛿 13 𝐶 predicted for topsoil at locations G10 and G11. In addition, the average transit time to reach the outlet, which can be estimated using the water velocity, supports the interpretation of the S-metolachlor reactive transport in the water column and at the sediment-water interface (SWI). Transit times ranged from 2.4 hours to 8 days (for G2 in July), depending on the discharge and location, but were on average 28 ± 31 hours (X̅ ± SD), which is far lower than the biodegradation half-life in the water column (𝐷𝑒𝑔𝑇 50,𝑜𝑥𝑖𝑐 = 29 ± 8 days; Table 4.1) Altogether, these data advocate for a limited contribution of biodegradation in the river.

In addition to transit time, the horizontal and vertical hyporheic exchange flows (HEFs) may control the biodegradation at the river scale by facilitating mixing between nutrients necessary for bacterial activities, S-metolachlor in the water column and microbial degraders in the river bed sediment. 10,11 The quantification of the HEFs along the 79 km of river reaches was not accessible in our study. However, multiple pieces of evidence support the idea that pesticide and water HEFs would be limited in the study river system. First, the river bed sediment was characterized as a silt loam sediment 42 (clay (<2 m) = 14.6 ± 3.5% (X̅ ± SD), silt (from 2 to 50 m) = 65.5 ± 11.5%, sand (from 50 to 2000 m) = 19.9 ± 13.7%; n = 22) with a low organic carbon content (𝐶 𝑜𝑟𝑔 = 2.6 ± 1.3%), suggesting very low permeability (𝐾 𝑠 <10 -6 cm s -1 ), 43 limiting HEFs. 11,44 HEFs were considered to be not measurable under our experimental setup, but their contribution became evident during the low-discharge period (July to October) where the water mass balance between two river branches and their confluence was far from equal, and where the sum of the upstream wwtps' daily discharge was higher than the outlet discharge. For these low-flow periods in the downstream part of the catchment, a back-of-the-envelope calculation suggests an estimate of 10 ± 10% volume infiltration. This estimation is in agreement with the high resolution comparison between area normalized daily discharges between locations G10 and G11 for the same period 45 , and comparable to similar river settings. 11 However, during this period low S-metolachlor concentrations were measured, therefore it is difficult to conclude whether the surface watergroundwater exchange was responsible for the removal of a significant mass of pesticides.

HEF dynamics can be related to the water table level of the Alsatian aquifer connected to the lower third of Souffel catchment. Moreover, S-metolachlor was detected in only 10% of river bed sediment samples at low concentrations (<12 g kg -1 ) during the season. This suggests that Souffel river bed sediment is probably not a main source or sink of S-metolachlor for the water column. Regular observations during grab sampling suggest that the sediment became rapidly anoxic with depth, reducing by a factor of seven the rate of biodegradation (Chap. 4). Finally, the low turbulence during base flow, the absence of tortuosity, waterfall and dams, as well as the low discharge of the Souffel river limit HEFs. 46,47 Because of the low HEFs, the associated potential of S-metolachlor biodegradation is likewise limited. Altogether, CSIA and river reaches properties advocate for very limited biodegradation in the river, which could not be quantified with CSIA only. 13 𝐶 = 𝛿 13 𝐶(𝑡) -𝛿 13 𝐶 0 ) over the growing season compared to the predicted topsoil 𝛿 13 𝐶 (detailed in AD, Figure D3). 18 Colored dashed lines represent the predicted uncertainty of the topsoil 𝛿 13 𝐶 estimate as the minimum ± 0.5‰. The black dashed horizontal line represents the minimal change of isotope signature (∆𝛿 13 𝐶 𝑚𝑖𝑛 , eq. B7) in water above which isotope fractionation can be attributed to degradation, i.e., the limit to detect biodegradation. The grey zone represents the approximate date of S-metolachlor application (AD, Table D5) defined from the farmer survey of the subcatchment G11. Error bars account for the propagation of uncertainty associated with ∆𝛿 13 𝐶.

Figure 6.5. S-metolachlor carbon isotope fractionation (∆𝛿

Potential of the CSIA approach

A mass balance of S-metolachlor at the catchment scale for the entire season, i.e., from the date of applications to October, can be established based on previous laboratory studies, as well as field and river observations (eq. 6.3; AD, Table D3). At the field scale, the Smetolachlor volatilization in similar soil, climate and crop types was modeled (detailed in AD, Table D6) and accounts for from 2.2 to 5.5% of the applied product the day following application. The extent of off-site transport from the agricultural topsoil to surface and groundwaters was unknown at the catchment scale but was monitored and estimated to be less than 1% in an upstream reach (G10-G11), 45 and overall could be roughly estimated to be less than 0.1% of applied S-metolachlor in 2019. Consequently, transit time suggests limited biodegradation potential in the water column of the river, which is estimated to be 2.7 ± 2.3% (X̅ ± SD). The extent of anoxic biodegradation in the SWI and photolysis in the water column of point and non-point sources were estimated to be 0.3 and 10%, respectively, according to the transit time and first-order kinetics. The S-metolachlor load at the outlet was estimated to be between 0.05 to 0.1% of the S-metolachlor application. The mass balance was almost closed (<2%) and indicated that 98.9 ± 4.7% (X̅ ± SD) of the applied S-metolachlor was degraded over the season, accounting for scenarios of uncertainty for S-metolachlor application. This mass balance using monthly concentrations in topsoil, the river, and WWTPs, as well as continuous monitoring of S-metolachlor loads at the outlet, can be compared with the monthly data provided by CSIA at the catchment outlet. CSIA was able to capture biodegradation only since photolysis under simulated sunlight likely does not cause any isotope fractionation for S-metolachlor (Chap. 3). The extent of biodegradation measured using CSIA was similar in October with 98 ± 20% (X̅ ± SD). The higher uncertainty reflects that of CSIA measurements. However, the uncertainty was largely compensated for by the limited amount of information needed to predict the extent of the biodegradation compared that necessary to establish a mass balance, which required not only more information but also several assumptions.

Environmental significance

This study demonstrates the advantages of using CSIA to evaluate S-metolachlor biodegradation at an agricultural catchment scale using point and non-point source apportionment and outlet information only. We demonstrated that field topsoils act as the main reactive compartment, for which biodegradation explained more than 98.9% of the applied Smetolachlor mass reduction. With the 2019 climatic characteristics, S-metolachlor was mobilized under transport-limited dynamics until July, and then mass-limited transport corresponding to a large dissipation in topsoil. S-metolachlor degradation in the river, 12.7 ± 3.1%, comprised mainly of photo-and bio-degradation, was limited, mainly due to a fast transit time and low hyporheic exchange flows (HEFs). Moreover, our results suggest that transport and dissipation of non-point source S-metolachlor at the catchment scale is mainly controlled by biodegradation in field topsoil. Hence, preventing pesticides from entering rivers is key to limiting pesticide contamination of water resources.

We also showed that S-metolachlor point sources linked to WWTP effluents can contribute from 50% up to more than 80% of the load at the outlet of the catchment over the course of the season. As S-metolachlor is approved and applied for only crop treatment purposes in Europe, 48 the presence of the S-metolachlor in the e WWTP effluents indicates occurrence of non-appropriate operations at the farm yards during filling or washing of sprayers and equipment. 49 From a regulatory point of view in France, 50 farms should be equipped with either filling-washing stations with separate systems to treat pesticides, or stand-alone pesticide collection stations. The contribution of this point source of S-metolachlor can be reduced, i.e., in term of concentration and detection frequency, mainly by using appropriate filling-washing infrastructure. The contribution of this point source was recently evaluated to be higher than recorded S-metolachlor concentrations in the effluents of 47% of the WWTPs in the US. 51 While CSIA in rivers can provide an estimate of the extent of S-metolachlor biodegradation in the upstream catchment, several limitations should be addressed. Current limitations are mainly due to the low carbon enrichment factors associated with the biodegradation of S-metolachlor (𝜀 𝐶 = -1.20 ± 0.35‰). The factors correspond to the minimal change of isotope signature in the water above which isotope fractionation can be attributed to degradation (∆𝛿 13 𝐶 𝑚𝑖𝑛 = 0.95‰; eq. B7; Table B5), which corresponds to 50% of biodegradation. Hence, minor degradation extents could not be detected. We anticipate that recent developments made in chlorine isotope analysis and its high enrichment factor (𝜀 𝐶𝑙 = -9.70 ± 2.9‰) 52 and development using MIPS 53,54 on S-metolachlor will overcome those limitations and might allow us to detect an extent of biodegradation lower than 10% in the future.

From a river restoration point of view, the HEFs and transit times might be artificially enhanced or created to increase the extent of pesticide biodegradation at the river scale. 55 River restoration will also restore other key ecohydrological ecosystem functioning, such as habitat diversity and flood control. 7,56 To increase biodegradation efficiency at the river scale, restoration should target re-meandering to restore tortuosity, which will not only enhance the transit time, but also create rugged bedform surfaces in time. Rugged bedform surfaces will produce high-pressure on the upstream side of the bedform, increasing both HEFs 57 and contact time between pesticides and microorganisms in the sediment bed. 58 In addition, restoration should also promote obstacles such as wood debris and small dams to increasing to increase HEFs by similar processes as the bedforms. [59][60][61] Finally, riparian restoration should be promote riverbank vegetation strip to create a buffer zone, thereby enhancing dissipation of pesticide loads from agricultural fields. To enhance the efficiency of the riverbank, natural or artificial amendments of organic matter (e.g., compost, biochar) should be promoted to create a reactive zone with significant microbial activity within the vadose zone. 62 Finally, CSIA applied at the outlet can provide an estimate of the biodegradation extent in the catchment over the course of the agricultural season, and can be used to assess pesticide persistence, and eventually help water managers to address regulatory and monitoring strategies.

A compartment system

In this thesis, pesticide degradation pathways at the SWI were investigated to tease apart pesticide biodegradation from other dissipation processes while identifying degradation pathways. A series of experiments was set up to scaleup from batch experiments to an investigation at the catchment scale, with an intermediate scale consisting of a bench scale river channel (Figure 7.1 & Figure 1.7). With a corresponding increase in complexity of the investigated processes and the associated environmental representativeness to increasing investigated scales, insights could be gained regarding pesticide dissipation in both rivers and at the catchment scale (Figure 7.1). The lab-scale experiments developed in this thesis, presented in Chap. 2 through 5, examined the effects of elementary processes before addressing a combination of different processes under controlled conditions. These elementary experiments provided a set of degradation kinetic rates and associated isotope signatures, which are required to disentangle the contribution of each degradation process and the overall dissipation at the SWI at larger scales. Chap. 2 described the development and improvement of N and C-CSIA methods for a panel of targeted pesticides and key environmental compartments: water, sediment and soil. For the targeted pesticides (atrazine, terbutryn, acetochlor, S-metolachlor and metalaxyl) the extraction methods were improved by increasing the extraction yield to larger than 70%, with no significant isotope fractionation for C (| 13 C| <0.7‰) for sediment and soil samples. Including previous analytical development of the research group, 1,2 this methodological development was adopted to extract, quantify and derive C and N isotope signatures of pesticides for the different scales and chapters of this thesis.

Chap. 3 targeted the question 1. How can isotope signatures reflect ongoing direct and indirect photolysis processes?

To address this question, the carbon and nitrogen isotope fractionations during direct and indirect UV and simulated sunlight photodegradation of the herbicides atrazine and S-metolachlor batch experiments were investigated. The significance of this study notably relies on the use of synthetic water mimicking agriculturally impacted surface waters (NO3 ->20 mg L -1 and DOM = 5 mg C L -1 ). In Chap. 4, the question 2. What is the extent of biodegradation in the water-sediment system? was targeted. To address the issue, the complexity of the experimental design was increased to examine two simultaneous processes: biodegradation and phase transfer, i.e., sorption and desorption. The contribution of these two processes to acetochlor and S-metolachlor dissipation in water-sediment systems under both oxic and anoxic conditions was examined. Indeed, both degradation and phasetransfer contributed to an apparent decrease of pesticide concentration in the closed system of batch experiments. An original combination of C-CSIA, transformation products (TPs) identification by high resolution tandem mass spectrometry (HR-MS/MS) and a phase-transfer model was used to tease apart degradative and non-degradative processes in these closed systems.

Chap. 5 deals with question 3. How does water flow velocity impact pesticide dissipation and the contribution of non-degradative and degradative processes in the water column and in the HZ? A bench-scale river channel was designed to investigate the effect of flow velocity on the reactive transport of caffeine, an organic compound associated with anthropogenic activity. At the SWI, I examined both sorption and biodegradation of caffeine in the hyporheic zone (HZ) with respect to horizontal hyporheic exchanges flows (HEFs) under laminar flow conditions with the help of CSIA and flow-reactive-transport (FRT) modelling. Finally, in Chap. 6, question 4. What are the potential and limits of CSIA to evaluate pesticide degradation and persistence in rivers under environmental conditions during a growing season? was investigated. Knowledge of the main dissipation processes, associated rates and isotope fractionation derived from lab-scale experiments under controlled conditions (Chap. 2 to 5) were used to evaluate S-metolachlor persistence along a river (Souffel, Bas-Rhin) during a growing season (March to October 2019) (Chap. 6).

Key findings for the sediment-water interface

Isotope signatures of direct and indirect photolysis processes. The core of this PhD revolved around evaluating the benefit and limits of the CSIA approach to estimate the extent of degradation and to identify the degradation pathway at the SWI using elementary experiments in the laboratory. The absence of carbon isotope fractionation for both direct and indirect photolysis under simulated sunlight of atrazine and S-metolachlor (Chap. 3) compared to the significant C fractionation for biodegradation of these compounds (Chap. 4) underlined the potential of CSIA to disentangle these two destructive processes simultaneously occurring in surface water. Most importantly, our results indicate that photo-induced C and N isotope fractionation and degradation depends on the irradiation wavelength, i.e., with UV or simulated sunlight lamps, as suggested elsewhere. 3 From an experimental point of view, this difference advocates for a more systematic use of simulated sunlight lamps to derive more environmentally representative isotope fractionation and degradation rates to extrapolate pesticide photolysis extent in surface waters at an environmental scale, i.e., river scale. Similar conclusions were already made for diclofenac 4 and sulfamethoxazole 3 . Moreover, pesticide photodegradation is limited to the photic zone where the light penetration is inversely proportional to the amount of dissolved or particulate matter present in water and can be calculated. 5 This limits the photodegradation of pesticides to the upper centimeter, especially during high particulate loading associated with flood events. 6 In addition, large dissolved organic matter content (>5 mg L -1 ), depending on its optical properties, can slow down the extent of photodegradation 7 , whereas nitrate might increase the extent of photodegradation. 8 One unique aspect of our investigation was a set of photolysis experiments carried out under realistic conditions of agriculturally impacted water, i.e., with high nitrate concentrations (>20 mg L -1 ) and moderate dissolved organic carbon (~5 mg C L -1 ), which was not often available in literature 9 . and improved the environmental representativeness and potential for scale-up from laboratory to river scale.

Biodegradation at the water-sediment system. In literature, changes of isotope signature by non-destructive processes such as rate-limiting mass transfer 10 and repetitive sorption 11 have been reported. The results obtained in Chap. 4 showed that carbon isotope fractionation of the targeted pesticides is not significantly affected by phase transfer, i.e., sorption/desorption in the water-sediment system. A sensitivity analysis underlined that this statement can be generalized for a wide spectrum of representative SWI conditions and molecules. These results demonstrated that isotope signatures of pesticides at the SWI were only altered when destructive processes occurred, as initially postulated. This constitutes a major consideration when scaling up investigations to include more complex processes at the SWI and in predicting degradation at the environmental river-scale with the help of CSIA.

The water-sediment system conditions (oxic-anoxic, pH, temperature, etc.) may favor different transformation pathways, limit degradation to one specific process, e.g., enzymatic activity, and/or influence the rate of degradation. 12,13 In particular, the gradient between oxic and anoxic conditions present at the SWI can separate the aerobic and anaerobic microbial activities, which may in turn impact the biodegradation rate. 14 However our results from the two contrasting conditions, i.e., oxic vs anoxic, advocates for the ubiquitous potential of biodegradation via the glutathione transferase pathway. This pathway has been previously identified for chloroacetanilide biodegradation 15 regarding to the ubiquity presence of the glutathione transferase in the bacteria domain. 16 Interestingly, carbon isotopic enrichment factors ( 𝐶 ) were similar to those obtained from agricultural soil 17 and lab-scale wetland column experiments 2 which suggests that chloroacetanilides have similar biodegradation pathways occurring across different environmental compartments and conditions.

Consequently, the  𝐶 derived from the elementary laboratory experiments could be applied to estimate the extent of biodegradation at the environmental scale. In contrast, prediction of the extent of degradation based on the rate of degradation derived from laboratory experiments should be always corrected accounting for the environmental variables. For instance, oxic degradation is generally faster than anoxic degradation, which uses weaker electron acceptors, e.g. Mn, NO3 -, Fe, SO4 2-, than oxygen. 18 In soil, it has been shown that the biodegradation rate follows the Arhenius law as a function of temperature and soil moisture 19,20 . Deviation from the Arhenius law has been observed for temperatures lower than 20°C due to the composition and activity of microbial communities. 21 Altogether, our results advocate for the use of CSIA, which seems more robust in an up-scaling approach, i.e., with similar  𝐶 , to predict the extent of degradation than the use of lab-scale degradation rates, which is the "traditional method" to evaluate pesticide degradation in surface water.

Water flow velocity impacts pesticide dissipation at the SWI. In Chap. 5, a benchscale river channel was used to increase the complexity of the system and to be more representative of the river dynamics than static batch experiments. This design allowed us to consider the reactive transport of pesticides across different compartments, i.e., the watercolumn, the SWI and the riverbed sediment layer constituting the HZ, with different extents of pesticide degradation. Indeed, faster degradation of organic compounds was generally observed in the oxic top layer of the HZ. 22 We observed that the water column could also play a significant role as it accounted for 85% of the total caffeine biodegradation of the system. The significant contribution of the water column compared to the sediment suggests a microbial equilibrium established under and above the SWI, which was favored in our experiment by the thin water layer characterizing our experimental setup. This also raises new questions about the role of the microbial compartments in pesticide biodegradation in a river. This observation will require further experimental investigations to understand current gaps of knowledge regarding the reactivity of the water column. New experiments are proposed in the next Chapter (Chap. 8) to address this gap. Although these results may not be directly extrapolated to Smetolachlor, which is less soluble and more persistent than caffeine, these experiments underlined that the water layers close to the SWI, i.e., riverbed and river banks, can also be hot-spots of biodegradation. Consequently, according to our results, the water column reactivity may be underestimated when using lab-derived DT50 for water for scaled-up predictions of the extent of degradation in surface water at a river scale.

Pesticide degradation and persistence under environmental conditions in rivers during a growing season. Using the CSIA developments (Chap. 2), the lab-scale knowledge about degradation processes, i.e., degradation rate and associated isotope fractionation (Chap. 3 to 5), and previous investigations at the field scale, 23,24 the dissipation and persistence of Smetolachlor in a 120-km² catchment (Chap. 6) were evaluated. Under environmental conditions, i.e., dynamic discharge and turbidity in a river, we could tease apart, with the help of C-CSIA, the contribution of the photo-and bio-degradation processes in the river from upstream to downstream. Photo-and bio-degradation processes were oberved in the river to be 2.7 ± 2.3% and 10 ± 3%, respectively, of the applied S-metolachlor. Degradation of Smetolachlor mainly occurred in field soils, which accounted for 98.9 ± 4.7% of the applied Smetolachlor before it entered the river network. These results, obtained with C-CSIA data from both sediment and river water, emphasize that the contribution of the river to degradation was minor compared to that of field soils. The results advocate for preventive actions to reduce pesticide runoff from the fields or to enhance hyporheic exchange and reactivity during river restauration, e.g., by promoting obstacles such as wood debris and small dams. 25 

Implications

Improve representativeness during elementary degradation experiments. Our results in Chap. 3 advocate for using simulated sunlight more regularly instead of UV lamps when characterizing photodegradation to produce more robust rates, thereby enhancing upscaling to river systems. Indeed, our results confirmed that the degradation pathways are light wavelength specific, 3,4,26 and the rate of degradation, the transformation product or the isotopic enrichment factor calculated from inappropriate settings may lead to misinterpretation of prevailing processes in water-sediment systems. 27 For instance, the use of UV lamps instead of simulated sunlight may overestimate the role of direct and indirect photodegradation pathways in water containing DOM. 28 As pesticide photodegradation might be a significant degradation process in the top layer of rivers, photolysis rates must be derived under realistic conditions (sunlight, DOM and nitrate) to support in situ dissipation evaluation. 29 Similarly, in Chap. 4 & 5, we increased the complexity of investigated processes and showed that the phase transfer, transport and degradation under dynamic conditions should be systematically accounted for via more representative setups, i.e., closer to environmental river conditions. Consequently, degradation rate constants derived from these dynamic lab-scale setups are more generally applicable across scales to predict degradation of pesticides. 27,30 Finally, the dependency of degradation rates on environmental variables, such as temperature, pH, and oxic conditions, demand that the experimental setups reasonably cover the ranges of theses variables to enhance scaling-up from laboratory to environmental scales.

Complementary tools to investigate degradation.

As the complexity increases throughout the chapters, the need for modelling and additional tools increases to support the interpretation of the dataset generated. Indeed, the simultaneous occurrence of processes involved in the reactive transport of pesticides, i.e., sorption and degradation in closed systems (Chap. 4) and sorption, degradation and transport in dynamic systems (Chap. 5), required modelling tools to confirm or exclude the contribution of a process or a compartment to the observed dissipation. In the case of simultaneous sorptiondegradation occurrence, these two processes can be modeled and solved analytically, whereas in dynamic systems at larger scales, reactive transport that incorporates CSIA should be processed through an FRT model with adapted numerical schemes to reduce equifinality and computational time. 31 Transformation product identification provided complementary evidence for the interpretation of degradation pathways, (Chap. 3 & 4) as previously shown. 32 However, comparison of transformation products from photodegradation and biodegradation also showed that transformation products are not necessarily associated with a specific degradation pathway. As an example, oxalinic acids were the main transformation products of S-metolachlor found in almost all investigated conditions in Chap. 3 and 4. Conversely, C stable isotope fractionation may reflect almost exclusively S-metolachlor biodegradation in the water-sediment system and may more specifically underpin occurring pathways for surface water investigations.

Finally, at environmental scales, single-element CSIA data are often not sufficient to elucidate the complexity of the system and might be coupled with a mass balance approach. Consequently, preliminary knowledge of the elementary degradation pathways, i.e., hydrolysis, photolysis, biodegradation and their associated kinetic rate constants, is needed to establish a mass balance calculation.

Advocating for multi-element CSIA. Advantages of the multi or at least dual element isotope plots to identify photodegradation pathways were illustrated in Chap. 3. However, the choice of the elements targeted for CSIA should be specific to the pesticide based on knowledge of the degradation reactions. For instance, as observed throughout the chapters of this thesis, the primary degradation pathway for chloroacetanilide (hydrolyse, photolyse, biodegradation) involved systematic bond breaking of the C-Cl bond. Consequently, future developments should combine C and Cl CSIA. In addition, to better interpret the degradation pathway during lab scale experiments, dual element CSIA presents some advantages for the environmental scale. For instance, the selection of an appropriate isotopic enrichment factor (𝜀) retrieved from the laboratory experiment to calculate the extent of degradation at river scale should be made on expert knowledge. In contrast, dual isotope plots allow direct pathway identification from the data gathered from environmental samples as the slope of the dual plots indicate 𝜀 𝐸 1 /𝜀 𝐸 , where 𝐸 1 and 𝐸 2 are the two elements measured. In addition, to resolve the extent of degradation and source apportionment at the same time without using mass balances, at least two elements should be measured to be able to resolve the system of equations. 33,34 Chapter 8

Perspectives and implications

General consideration

According to the state of the art addressed at the beginning of this thesis, the understanding of pesticide degradation is currently limited due to the unresolved complexity of the interplay between water flow velocity and microbial dynamics, and the physico-chemical properties of pesticides. In particular, the impact of drivers of water flow dynamics (e.g., water flow velocity and sediment bedforms) on the hyporheic exchange flows (HEFs) and on the capacity of pesticide dissipation at the sediment-water interface (SWI) remained unclear. 1,2 Altogether, the results of this, PhD including the development of the bench-scale river channel, serve as an opportunity to investigate dynamic processes involving pollutant biodegradation at the SWI. It raises three specific questions that can be addressed in future studies, as described in a set of experiments presented in the following sections:

1. Is pesticide biodegradation river flow-dependent? 2. What is the effect of dissolved and particulate organic carbon (DOC/POC) on pesticide biodegradation under hydrological and sediment transport dynamics in a river? 3. Which microbial compartments (soluble extracellular enzyme, extracellular polymeric substance (EPS)-bound enzyme, planktonic cell) are mainly involved in pesticide biodegradation in a river?

Compound-specific stable isotope analysis (CSIA) of organic micropollutants in the SWI applied across different scales as well as the complexity of the investigation emphasized some potential applications and limitations in its ability to evaluate the contribution of pesticide dissipation processes in water-sediment systems. The potential applications and limitations were addressed at different scales of investigation, which include laboratory batch experiments (Chap. 3 & 4), bench-scale river channel models (Chap. 5) and catchment scale environmental investigations (Chap. 7). Throughout this thesis project, I have been faced with the current limitations of the sensitivity associated with CSIA measurements. To overcome this limitation, the general strategy was to concentrate the sample during the preparation, which also coconcentrated the environmental matrix, e.g., natural organic compounds. As observed (Chap. 2, 3, 4 & 6) during this Ph.D., this environmental matrix in samples greatly hampered C-CSIA measurements, and even more so N-CSIA measurements. This reduced the accuracy and precision of the estimated biodegradation and source apportionment at the river scale within the current analytical framework. I discuss below some conceptual and analytical aspects to circumvent this limitation in the future.

In the two sections below, I present a potential future experimental investigation of pesticide dissipation at the SWI under water flow velocity conditions to elucidate the unresolved complexity of the interplay between water flow and microbial dynamics by addressing the three questions above. Then, in a second section, I provide a roadmap to address pesticide-CSIA limitations and strategies to overcome the environmental matrix observed in our thesis project with emphasis on future research questions about organic compound fate at the SWI.

Towards future investigation of pesticide dissipation at the SWI

The interplay between surface and groundwater flows, pesticide partitioning between dissolved and sorbed phases, biogeochemical conditions, and microbial compartments involved in the degradative processes at the SWI remain poorly understood. Despite recent investigations [1][2][3] , this represents a current gap to understand and predict pesticide dissipation at the river scale. Teasing apart the contribution of each of these components at the SWI reactivity might be possible under controlled and replicable experiments at the laboratory scale.

Examining how flow affects biodegradation. HEFs, i.e., in-and outflow from the hyporheic zone (HZ), are hypothesized to be the major drivers of the reactivity of pesticide biodegradation in surface water. [4][5][6] Although frequently studied, the impact of water flow dynamic drivers (e.g., water flow velocity and sediment bedforms) on HEFs and on the capacity of pesticide dissipation at the SWI remains difficult to investigate. In this Ph.D. thesis, tracer experiments and numerical evidence 2 underlined that river flows can significantly affect organic compound exchanges across the SWI and the depth of the oxic layer in the sediment. However, the estimated biodegradation of caffeine at the SWI obtained in Chap. 5 appeared to be flow-independent, i.e., no difference in the biodegradation rates for the three laminar water flow velocities tested. In addition, I observed a significant contribution of biodegradation in the water column compared to that in the sediment, even though the concentration of DOC/POC was observed to be low in the water phase. As DOC/POC was hypothesized has carry on the biodegradation activity in water column. 7 These results suggested that for laminar flow in rivers, biodegradation of non-persistent and soluble micropollutants might be flow independent, having limited interactions with riverbed sediments or suspended particles. However, I hypothesized that for higher flow regimes pesticide transport by river flow might be favored over pesticide incorporation into the HZ, thereby decreasing reactivity due to a lower contact time.

Emphasizing the role of DOC/POC and microorganisms at the SWI. The experiment in Chap. 5 underscored the need for fundamental understanding of the microbial dynamics and associated biodegradation at the river scale, i.e., in the water column and in the HZ. Based on our current understanding, water column biodegradation was hypothesized to be mainly related to DOC and POC-sorbed microorganisms 7 or associated with dissolved enzymes or planktonic microorganisms in water. 6,8 However, to the best of our knowledge, no explanation about the water column reactivity has been validated. A current challenge to quantifying the contribution of soluble enzymes or planktonic microorganisms in river is related to the limited amount of soluble extracellular enzyme material in surface water. 9 In comparison, EPS-bound enzymes attached to suspended or sediment bed material might constitute 65 to 80% of the microbial mass in rivers. 10 In WWTP sludge, EPS-bound enzymes have been shown to play the major role in organic pollutant biodegradation, i.e., up to 90%, compared to soluble extracellular enzymes. 11 To the best of our knowledge, the only clear demonstration of soluble extracellular enzymes in the environment is in the case of hydrocarbon plumes in seawater where microorganism blooms release soluble extracellular enzymes. 12 Indeed, current knowledge cannot fully explain the biodegradation observed in water columns without significant DOC or POC concentrations. Consequently, this lack of knowledge on the microbial dynamic hampers the parametrization of the biodegradation rate in the water column in flow-reactive-transport (FRT) models. Thus, I proposed to design a future experiment to examine how the microbial dynamics across the SWI and associated biodegradation activity are affected by water flow velocities. I anticipate that the answer will have a huge impact across different fields (ecology, environmental chemistry, hydrology) 13 and will serve to improve interpretation of organic pollutant biodegradation reactivity in surface water.

Our working hypotheses are that biodegradation activity is dominated by the intracellular or EPS-bound enzyme on suspended and dissolved organic material, 14 and that organic matter can act as a substrate for microbial growth. 15 A positive relationship may be drawn between DOC or POC and biodegradation activity, as showed in static experiments. 16 The goal of such a study would be to establish a quantitative relationship between the water flow velocity and the biodegradation rates over a broad spectrum of experimental conditions. I propose to test different DOC, POC and DOC/POC conditions under several water flow velocities in the bench-scale river channel presented in Chap. 5. The set-up could be slightly modified to measure continuously the concentration of the tested organic pollutant in the water column, using continuous flow-through fluorimetry. In addition, bacteria dynamics could also be measured in-situ by online flow cytometry. 17 This would allow us to obtain a higher time resolution that could be adjusted to the biodegradation rate of the targeted pollutant and microbial activity. A mixture of micropollutants with small half-live values e.g., caffeine, diclofenac, ibuprofen, parathion, benzotriazole, etc. would reduce experiment duration. This would allow for many replicate experiments since experimental reproducibility is crucial here. The FRT developed and presented in Chap. 5 could be adapted to account for the transport of dissolved and particulate organic matter, as well as bacterial growth, to incorporate possible lag phases, as observed in Chap. 5. 2 To generalize our findings, soluble extracellular, extracellular polymeric substance (EPS)-bound and intracellular enzymes could be separated to assess the protease and peptidase activities of the resulting enzyme pools using established protocols. [10][11][12] Such a dataset may help to understand the microbial dynamics of the different phases of the SWI across diverse hydro-sedimentary conditions. In addition, the development of a module including predictive tools for microbial dynamics can improve the design of adapted river restoration scenarios to enhance biodegradation of anthropogenic pollution.

Compound-specific stable isotope analysis (CSIA) of organic micropollutants in the sediment-water interface (SWI): potential application, limits and implications

The use of CSIA in the field has the advantage of being able to identify degradation without needing to complete a mass balance or identify transformation products. The principal concept of CSIA is fairly simple and has been used to demonstrate biodegradation in aquifers 18- 20 and laboratory studies for decades. 21 Each degradation pathway exhibits a specific isotopic enrichment factor (𝜀), allowing us to evaluate the degradation extent and pathways from isotopic data (Chap. 3 to 5). In addition, source appointment may be quantified to some extent. In the presented case study (Chap. 6), the quantification of the extent of degradation was limited by the low carbon 𝜀 associated with degradation of S-metolachlor (𝜀 𝐶 = -1.20 ± 0.35‰), and the minimal change of isotopic ratios (∆𝛿 13 𝐶 𝑚𝑖𝑛 = 0.95‰) above which isotope fractionation could be considered as degradation (eq. B7). Hence the biodegradation extent (eq. 6.4) could only be detected after 50% biodegradation, and minor degradation amounts could not be detected.

Thirdly, during this thesis project, I have faced several limits to measure C-CSIA and N-CSIA (Chap. 2 & 4) from field and experimental samples containing a high level of dissolved organic matter (DOM). This matrix effect resulted from sample preparation to concentrate pesticides for CSIA measurement, which simultaneously co-concentrated the DOM matrix. Gas chromatography-isotope ratio mass spectrometry (GC-IRMS) measurements were in some cases hampered by the large amount of organic matter, resulting in a large GC-IRMS background signal and overlapping peaks of targeted pesticides.

As DOM contained a lot of C, N, P, and S, I anticipate that chlorine might be a key element to examine micropollutant degradation pathways at the SWI since i) chlorine is a common constitutive element of a variety of micropollutants, such as pesticide, plastics, solvents, or pharmaceuticals, ii) bond cleavage resulting from the biodegradation often involves C-Cl bonds, resulting in a primary isotope effect on chlorine, 22 iii) this element is rarely abundant in the DOM matrix and measurements will be less affected by a matrix effect, 23 iv) it has a naturally large isotopic ratio which facilitates its measurement ( 37 Cl/ 35 Cl is about 32%), 24 and v) the limit to detect biodegradation with CSIA is anticipated to be lower than with C. For instance, for S-metolachlor, recent developments in chlorine isotope analysis and its high enrichment factor (𝜀 = -9.70 ± 2.9‰) 25 can overcome the limitations in detecting biodegradation and might allow future pesticide degradation detection lower than 10%. However, chlorine isotope analysis currently suffers from unresolved bottlenecks, discussed in recent reviews, 22,26 and presented as a practical point of view in the section below.

In summary, before attempting in-situ analysis of pesticide degradation in surface water, analytic development capabilities for dual element CSIA with limited matrix interference should be consolidated. Dual-element CSIA will improve quantification and pathway evaluation of pesticide degradation presented in Chap. 1. Major improvements regarding measurement sensitivity or/and sample preparation to reduce DOM-matrix effect should be made to address micropollutant degradation at the SWI by CSIA. This aspect is addressed in the following section.

Toward the chlorine isotope measurement

Today, on-line carbon isotope measurement has become available in many laboratories and has been widely used for assessing pesticide degradation in the field. In contrast, chlorine isotope measurement is rarely available and suffers from unresolved challenges. Diverse methods are available to measure stable chlorine isotopes, including GC-high-temperature conversion (HTC)-IRMS, 27 GC-inductively coupled plasma (ICP)-high resolution mass spectrometer (HRMS) 28 and GC-quadrupole mass spectrometer (qMS). 25 GC-HTC-IRMS requires a dedicated GC-IRMS device due to the production of the analyte gas HCl, which could degrade the device and hamper proper measurements of other elements, which is extremely costly for routine analysis. However, analysis with GC-HTC-IRMS allows for direct data comparison and validation with other techniques. 27,29 GC-ICP-HRMS is able to resolve the Cl-isotopologue 37 Cl + (m/z = 36.9659) from the mass interference of argon plasma 1 H 36 Ar + (m/z = 36.9754). However, ICP ionization was originally designed for heavy elements (> 40 amu) which have lower ionization potential than Cl. 30,31 Consequently, the yield of ionization of Cl is lower than for heavy elements which reduces the signal intensity, can increase the difficulty for the GC-ICP-HRMS obtain accurate and precise results, and makes the sensitivity comparable to GC-qMS for chlorine isotope application. Finally, a practical limitation is that ICP-HRMS was not traditionally built for GC coupling, and software for data acquisition might not always allow transient signals to calculate the isotope ratio. 32,33 These two practical limitations might be overcome by trigger synchronization between GC and ICP-HRMS and external analysis workflow, which would require intense development in the laboratory.

In comparison, GC-qMS is the most financial and versatile tool available for routine analysis all laboratories. The tool also has the advantage of having a generally integrated workflow, which enables isotopic ratio estimation and processing of a routinely large number of samples. Good laboratory practice concerning chlorine isotope analysis has already been addressed and includes multiple injections (n = 8 to 10) of the sample, extensive bracketing by a molecularly identical isotopic reference material with known 𝛿 37 𝐶𝑙 and intensive optimization of peak integration parameters. 34 sophisticated sample post-cleaning to remove DOM-matrix interference, and (ii) an improvement of the sensitivity of the device to allow lower accurate measurements.

Improving sample preparation to remove matrix interference

DOM from surface water contains a large amount of dissolved carbon and nitrogen, up to 10 and 0.5 ppm respectively. 40,41 . They are partially removed during the extraction procedure using SPE cartridges (Chap. 3) but the residual dissolved C and N allow for accurate CSIA measurement. Briefly, DOM could co-elute with the pesticides and create background during chromatography. As they are combusted together, i.e., DOM and pesticides, to allow IRMS measurement, the observed 𝛿 value will reflect the 𝛿 value of the pesticide together with that of the DOM matrix. Several strategies to eliminate the DOM matrix have been discussed in the literature, such as preparative high-performance liquid chromatography (HPLC), 42 size exclusion chromatography (SEC), 43 two-dimensional gas chromatography-isotope ratio (2D-GC) 44,45 and molecularly imprinted polymers (MIPs). 46,47 However, I anticipate that preparative HPLC would remove background around the peak but not necessarily that attached to the peak itself during chromatographic separation. SEC has never been tested for CSIA applications but should work in the case of the DOM matrix from river water, which has a minimum molecular mass difference of 2 kDa from the extracted compounds. Consequently, the method will be probably not suitable for WWTP samples, which could contain a large DOC content (up to 30 ppm), 48 but also a large amount of compounds that have a similar order of molecular mass (100-1000 Da). 49 2D-GC has been evaluated for CSIA application including benzene, toluene, ethylbenzene, and xylenes (BTEX) in environmental samples with high matrix loads (level not reported), 45 steroid analysis in urine 50 and C4 and C5 saturated compounds in smoke samples. 51 These three examples demonstrate the feasibility of 2D-GC-IRMS to remove matrix interference with the same typical uncertainty and sensitivity as the regular GC-IRMS. One criticism concerning 2D-GC-IRMS is an increase of GC run time by a at least a factor two. However, the issues remain regarding the feasibility of surface water samples with DOC loads of about 10 ppm or complex mixtures of DOC in WWTP effluent.

MIPs have gained a large interest over the past several years 47 and constitute the most promising way to remove the DOM matrix and enable pesticide analysis 52,53 , with successful measurement of samples originally associated with a large matrix. To our knowledge, MIPs have never been used for pesticide CSIA applications, but a proof of concept has been demonstrated for 1H-benzotriazole (from dishwashing detergent). Bakkour et al. 54 report a high efficiency of selective extraction of 1H-benzotriazole from WWTP effluent with DOC loads up to 28 ppm. The authors reported an average fractionation of C and N from its original value (Δ𝛿 13 𝐶 and Δ𝛿 15 𝑁) of 0.6 ± 0.4‰ and -1.4 ± 1.3‰ which matches the analytical uncertainty of typical measurements by GC-IRMS for C, although is fairly high for N. However, attainment of some reproducible and accurate values, although they may be less precise, for N could be still an advantage compared to no attainable values when using dual-element CSIA.

To sum up, 2D-GC and MIPs constitute the most promising cleaning methods for further pesticide CSIA studies to remove DOM matrices and produce more accurate and reproducible GC-IRMS measurements. In both cases, extract cleaning should be added as an additional step in the developed extraction method (Chap. 2) to decrease the matrix effect. The drawback of this strategy will be an increase in the overall sample analysis workflow time, and thus a decrease in overall sample processing within the same timeframe. Finally, the strategy to improve DOM matrix cleaning has been discussed for water extract to compare feasibility of different practices and to give examples from the literature. However, the same strategy could also be applied to soil/sediment extract to remove the DOM matrix. 53 

Custom-made devices for higher sensitivity of accurate isotopic measurement

It is also important to mention that the low instrumental sensitivity, typically 0.1 to 5 nmol and 1 to 10 nmol for carbon and nitrogen, respectively, is one of the major limitations for CSIA environmental application. 55 Increasing instrumental sensitivity will open new avenues for applications constrained by sampling volumes, while reducing interference in GC-IRMS from the sample matrix. Consequently, increasing the instrument sensitivity without diminishing, or even increasing, the high analytical precision should be a priority for further development. To our knowledge, the focus of recent studies has largely concerned applications of CSIA, sample preparation and sampling strategy rather than analytical measurement improvement. Common GC-IRMS were developed in the early 1990's without major improvements until today. 56 One major improvement was to use a custom-made combustion oven with a better temperature controller and optimized conditions. [57][58][59] Recently, a single combined reactor (P/N 1255321, NiO tube and CuO-NiO-Pt wires, Thermo Fischer Scientific) was promoted for CSIA for compounds less volatile and more recalcitrant to combustion such as atrazine and dichlobenil. 60 This has the obvious advantage for routine analysis of C of having a single combined reactor, compared to the traditional GC-IRMS with two reactors, one for oxidation one for reduction. One disadvantage of a single reactor may be its less versatile setup than the traditional GC-IRMS, meaning that tuning will be not possible. For instance, in the case of nitrogen isotopic measurement, the oxidation of an organic compound to NxOy is followed by a reduction of NxOy to form N2, analyzed by the IRMS. The reduction zone, in the case of a single reactor, should have sufficient reductive capacity to scavenge the oxygen surplus coming from the oxidation and reduced NxOy. Conversely, insufficient oxygen will not allow proper combustion of the organic compound. In addition, reduction is often optimized with a lower temperature than oxidation 57,59 which is difficult to control in a single oven.

To our knowledge only two initiatives to lower the IRMS sensitivity have been made. They both have start by modifying a regular instrument. The Naohiko Ohkouchi group was able to improve the sensitivity by about 160-340 and 30 times for both nitrogen and carbon isotopic measurements. 61 They made different improvements to the device, including replacing the nafion water trap by a custom-made trap, and improving the electric flow control valves for pulse injection by a leak-tight four-port valve to lower the N2 background. More recently the Katherine H. Freeman group was able to improve the sensitivity up to 30 pmol of carbon. 62 They used a combination of improvements including microfluidic valves, hand-made capillary combustion reactors, narrow capillary transfer lines and cryogenic water traps.

To conclude, I anticipate that custom-made devices for CSIA application will be more popular in the future and will offer new perspective to enable more accurate, reproducible and sensitive stable isotope measurements. However, while some custom-made adjustments can be done easily, e.g., combustion reactors and water traps, most of them need engineering skills and require intensive development, e.g., capillary valves.

Table A1. Chemical composition of irradiation solutions

a Analytical uncertainties reported correspond to one standard deviation over triplicate measurements. b DOC concentrations measured in UW were <0.2 mg C L -1 , which limited any effect of dissolved organic matter in direct photodegradation experiments (DIR and DIR254). n.p. not present, DOC: dissolved organic carbon.

Organic matter photobleaching

DOM photoirradiation reduces its light absorbance properties. The control experiment showed that the decrease of light absorbance at  = 254 nm was less than 20% after >310 hours of irradiation. SRFA photosensitizing and light absorption effects were thus assumed constant across the experiments in TOT solutions. Also, the composition of SRFA did not changes over irradiation as evidenced by its steady absorption spectrum. 

PNA/Pyr actinometer system

A PNA (30 M)/pyridine (10 mM) actinometer system was used to measure mean light intensity during experiments. 1,2 Values of wavelength independent quantum yields (𝛩 𝑃𝑁𝐴 ) of 3.19 × 10 -3 mol E -1 were used from Laszakovits et al. 1 To account for a closed irradiation system (i.e., aluminium foil covering the quartz vial walls and assumed to reflect light without absorption), it was assumed that chemicals absorbed all of the incident light and the decay of PNA as expressed in eq. A1: 

Light spectrum homogeneity within the light-proof box

Light homogeneity within the light-proof box varied between 80 and 120% of relative irradiation intensity taking the mean intensity value as a reference. The LP Hg lamp was temporarily replaced by medium pressure Hg lamp emitting at  = 365 nm and was used to irradiate 11 beakers filled with 50 mL of PNA (30 M)/Pyridine (10 mM) actinometers and evenly distributed within the light-proof box. After four hours, the remaining concentration of PNA was measured in each beaker and the variations in the irradiation intensity were retrieved by comparing the mean value of 𝑘 𝑝 𝐸 with individual values computed from eq. A3. 1,2 𝑘 𝑝 𝐸 stands for the pseudo first order reaction rate of PNA and is linearly proportional to the incident irradiance. 

Prediction of degradation rates and identification of dominant photodegradation pathways

The effective contribution of nitrates and DOM as photosensitizers can be inferred from eq. A4. The observed degradation rates were composed of the sum of elemental photooxidation processes (e.g., direct, HO• and 3 DOM * mediated). [5][6][7] The contribution of carbonate radicals (CO3• -) as potential relevant photosensitizer was not included here because Vionne et al. 8 highlighted the limited oxidation of atrazine and anilines with CO3• -under sunlight irradiation even in carbonate rich waters (sum of [HCO3 -] and [CO3 2-] ≈ 10 times higher than in our conditions). 8 Accordingly, eq. A4 can be simplified to eq. A5. However, carbonates were considered as significant quenchers of HO•. 5 

𝑑𝐶

𝑑𝑡 = -𝑘 𝑜𝑏𝑠 × 𝐶 𝑑𝐶 𝑑𝑡 = -(𝑘 𝑑𝑖𝑟 + 𝑘 𝑂• × [𝐻𝑂 • ] 𝑆𝑆 + 𝑘 𝐷𝑂𝑀 * 3 × [ 𝐷𝑂𝑀 * 3 ] 𝑆𝑆 + 𝑘 𝐶𝑂 3 •-× [𝐶𝑂 3 • -] + 𝑘 𝑂 1 × [ 𝑂 2 1 ]) × 𝐶 (A4) 𝑑𝐶 𝑑𝑡 = -(𝑘 𝑑𝑖𝑟 + 𝑘 𝑂• × [𝐻𝑂 • ] 𝑆𝑆 + 𝑘 𝐷𝑂𝑀 * 3 × [ 𝐷𝑂𝑀 * 3 ] 𝑆𝑆 + 𝑘 𝑂 1 × [ 𝑂 2 1 ] 𝑆𝑆 ) × 𝐶 (A5)
𝐶 stands for pesticide concentration, 𝑘 𝑜𝑏𝑠 for the observed degradation rate (s -1 ), which is expressed as the sum of direct (𝑘 𝑑𝑖𝑟 ) and selected indirect processes (𝑘 𝑂• , 𝑘 𝐷𝑂𝑀 * 3 , 𝑘 𝑂 1

).

The latter degradation rates are second order and depend on the steady state concentrations of the associated short-lived reactive intermediates ([ 3 DOM * ]ss, [ 1 O2]ss and [HO•]ss).

Calculation of short-lived reactive intermediates steady state concentrations

Estimating the steady state concentrations of short-lived reactive intermediates requires identification of the main photosensitizers promoting and scavenging radicals and short-lived species and to determine the amount of light absorbed by each photosensitizers. The latter step accounts for competition for light irradiance between the different light-absorbing dissolved species as well as corrections for light attenuation.

Identification of main photosensitizers

Main short-lived reactive intermediates involved in pesticide photodegradation ( 3 DOM * , 1 O2 and HO•) were formed through photosensitizer irradiation, respectively fulvic substances and nitrates. 9 3 DOM * and 1 O2 originates from irradiation of DOM and HO• from irradiation of DOM and nitrates. 3 Fulvic acids such as SRFA also have the ability to scavenge HO• and 1 O2. 10 These species are short-lived and their concentrations in water are balanced by their ratio of production over quenching as expressed in eq. A6 to A8. 3 

[𝐻𝑂

• ] 𝑆𝑆 = 𝑆(𝜆) × Φ 𝑂• ,𝑁𝑂 3 -× 𝑘 𝑎,𝑁𝑂 3 -× [𝑁𝑂 3 -] + Φ 𝑂• ,𝐷𝑂𝑀 × 𝑘 𝑎,𝐷𝑂𝑀 × [𝐷𝑂𝑀] 𝑘 𝑂• ,𝐷𝑂𝑀 × [𝐷𝑂𝑀] + 𝑘 𝑂• , 𝐶𝑂 3 -× [𝐻𝐶𝑂 3 -] + 𝑘 𝑂• ,𝐶𝑂 3 -× [𝐶𝑂 3 2-] (A6) [ 𝑂 2 1 ] 𝑆𝑆 = 𝑆(𝜆) × Φ 𝑂 ,𝐷𝑂𝑀 1 × 𝑘 𝑎, 𝑂 1 × [𝐷𝑂𝑀] 𝑘 𝑑, 𝑂 1 (A7) [ 𝐷𝑂𝑀 * 3 ] 𝑆𝑆 = 𝑆(𝜆) × Φ 𝐷𝑂𝑀 * 3 ,𝐷𝑂𝑀 × 𝑘 𝑎,𝐷𝑂𝑀 × [𝐷𝑂𝑀] 𝑘 𝐷𝑂𝑀 * ,𝑂 3 × [𝑂 2 ] (A8)
Φ R,Sens refers to the quantum yield of formation of short-lived reactive intermediates (𝑅) by the photosensitizer (Sens) expressed in mol E -1 , 𝑘 𝑎,𝑆𝑒𝑛𝑠 stands for the rate constant of light absorption by Sens over the whole light spectrum considered and is expressed in E mol Second-order rate constant for the reaction between atrazine or S-metolachlor and 3 DOM * can be found in Zeng et al. 5 They were determined by multiplying measured pseudofirst order reaction constant by the estimated [ 3 DOM * ]ss. As the [ 3 DOM * ]ss reported in Zeng et al. 5 were manifestly underestimated (it does not follow the expression [ 3 DOM * ]ss  [ 1 O2]ss 𝑓 ∆ ⁄ ), it was necessary to correct the reported constant by recalculating them. We achieved that by recalculating [ 3 DOM * ]ss in Zeng et al. 5 Then we calculated the corrected second-order rate between atrazine or S-metolachlor and 3 DOM* as the reported second-order rate constant divided by the recalculated [ 3 DOM * ]ss and multiplied by the reported [ 3 DOM * ]ss.

Table A3. Kinetic parameters for formation and consumption of short-lived reactive intermediates.

Ref. A 12 , B 8, 13 , C 7 , D 10, 14 , E 14 , F 15 , G. 5 units ref.

1 

.6 × 10 8 M -1 s -1 A 1 × 10 7 M -1 s -1 B 4 × 10 8 M -1 s -1 B 2 × 10 9 M -1 s -1 C 1.5 × 10 5 s -1 C, D - 1 × 10 -2 - E 1 
M -1 s -1 G 2.0 × 10 5 M -1 s -1 G 1.2 × 10 9 M -1 s -1 G 6.9 × 10 9 M -1 s -1 G 4.4 × 10 5 M -1 s -1 G 9.8 × 10 8 M -1 s -1 G atrazine S -

Calculation of light absorption rates and screening factors

Calculations were performed over the spectral range 𝜆 ∈[270 -320 nm] as it corresponds to the range of significant absorbance for all dissolved species with respect to the emission spectrum of the Xenon arc lamp. As the light path length changed over repetitive samplings, an average path length of 15 cm was chosen as representative across the experiments. Changes in the actual path length would only significantly affect the absolute predicted degradation rates while the relative contribution of different processes would remain unaffected.

The screening factor was computed in its wavelength dependant form. We assumed the light to travel straight through the quartz vial and to be insensitive to light scattering as in eq. A9. 16 Depending on the water composition, Sens i referred to a combination of DOM, NO3 -, atrazine and S-metolachlor. We introduced 𝑆(𝜆) to calculate the rate of light absorption as shown in eq. A10. 6 

𝑆(𝜆

) = 1 -𝑒 -2.303×∑(𝜖 𝑖 (𝜆)×[𝑆𝑒𝑛𝑠] 𝑖 )×𝑙 2.303 × ∑(𝜖 𝑖 (𝜆) × [𝑆𝑒𝑛𝑠] 𝑖 ) × 𝑙 (A9) 𝑘 𝑎,𝑆𝑒𝑛𝑠 = ∑𝑆(𝜆) × 𝐴 𝑖 (𝜆) 𝐴 𝑡𝑜𝑡 (𝜆) × 𝐸 0 × (1 -10 -𝐴 𝑡𝑜𝑡 (𝜆) ) (A10)

Supporting Results

Predicted degradation rates and relative contributions of each short-lived reactive intermediates to the overall photodegradation are provided in Table A4. The prediction generally fitted with the observation of a systematic decrease in degradation rates in the presence of DOM, although predicted values of absolute degradation rates were more uncertain. The predicted degradation rates proved extremely sensitive to the average path length while the relative contribution of each photodegradation pathways was left completely unaffected by this parameter. The best fit to experimental data was obtained with an average path length of 8 cm (relatively lower than the actual value estimated at 15 cm). Predicted data were only compared with each other. Note that 𝑘 𝑑𝑖𝑟 was not computed and that we used the observed values of degradation rates in UW instead. Indeed, 𝑘 𝑑𝑖𝑟 strongly depends on the experimental setup, as shown by the wide range of reaction quantum yield for direct photodegradation gathered in Zeng et al. 5 for atrazine and S-metolachlor with different light sources. abiotic alkaline hydrolysis at 𝑝𝐻 equal to 12 18 and photodegradation in agriculturally impacted surface waters, with points representing the C and N enrichments observed in the presence of nitrates and dissolved organic matter (DOM).

Atrazine photodegradation footprint is mainly carried by changes in N stable isotope composition, whereas the others degradative processes occurring in surface waters are mostly reflected by changes of C stable isotope composition. 19 (Ca(NO3)2•4H2O), magnesium sulfate heptahydrate (MgSO4•7H2O), calcium chloride dihydrate (CaCl2•2H2O), sodium bicarbonate (NaHCO3), potassium dihydrogen phosphate (KH2PO4), disodium hydrogen phosphate (Na2HPO4) were purchased in A.C.S-grade reagents (≥99%) were purchased from Sigma-Aldrich. Primary-secondary amine (PSA; P/N 52738, bonded silica) was purchased from Supelco (Bellefonte, USA). All aqueous solutions were prepared with ultrapure water (>18 MΩ cm).

Synthetic water was prepared after Smith, et al. 20 from the Esthwaite lake soft water recipe. Two 50 fold concentrated stock solutions, were prepared with (i) 3 mg L -1 Ca(NO3)2•4H2O, 15 mg L -1 MgSO4•7H20, 20 mg L -1 CaCl2•2H2O, and (ii) 30 mg L -1 NaHCO3. (i) was dissolved into the require amount of ultrapure water, and (ii) was added under continuous stirring of the solution. Synthetic water was used after reaching equilibrium for CO2 and constant 𝑝𝐻 (<24 hours). Synthetic water was filter-sterilized through 0.2 m cellulose acetate (CA) syringe filter. Triplicate measurement by ionic chromatography was (mg L -1 ): 8.9 ± 0.5 Na + , 6.2 ± 0.7 Ca 2+ , 1.5 ± 0.1 Mg 2+ , 10.3 ± 0.6 Cl -, 1.8 ± 0.7 NO3 -, 6.2 ± 0.3 SO4 2-, 3.8 ± 0.5 DIC and 1.6 ± 0.2 DOC.

Sediment sampling and properties

The 10 first cm of the bed sediment were collected from an experimental stormwater wetland (Rouffach, France, 47°57'43'' N, 7°17'26'' E). 21 A total of ten sub-samples, each of 2 kg per location, were successively collected with a shovel cleaned with ultrapure water, acetone and wiped at 10 random spots. The ten sub-samples were then pooled together and thoroughly homogenized with the shovel.

Physico-chemical parameters were measured following standard analytical procedures (NF/ISO) from homogenized sediment samples, dried at 105°C and sieved to 2 mm. Residual humidity (𝑅𝐻) was measured by mass difference after drying to constant mass (ISO 11465). 𝑝𝐻 was measured in a 1:5 (w/w) total suspended sediment (𝑇𝑆𝑆)-ultrapure water ratio (𝑝𝐻 𝑂 ) or 0.01 mol L -1 CaCl2 solution (𝑝𝐻 𝐶𝑎𝐶𝑙 ; ISO 10390). Cation exchange capacity (𝐶𝐸𝐶) was measured by the cobaltihexamine chloride extraction method (ISO 23470). Bulk density (𝐵𝐷) was measured using the core method (ISO 11272) from a core sample of soil with a known volume cylinder (48 cm³) collected from the field and weighted. Total carbon and organic carbon content for the sediment (𝑓 𝑂𝐶 ) were measured by combustion on a CHN elementary analyzer (FLASH 2000 NC-Thermo Fisher Scientific; ISO 10694) with a precision of ± 2%. Before organic carbon measurement, the sediment was decarbonated by acid fumigation. 22 Organic matter was measured by the weight loss on ignition method at 375°C during 16 h (inhouse method). Particle size distribution was measured by laser diffraction methods in water mode (LS230, Beckmann Coulter; ISO 13320) and converted into three texture class contents following the World Reference Base (WRB) of soil: 23 clay <2 m, silt from 2 to 50 m, and sand from 50 to 2000 m. First, several phases were sequentially removed by solid-liquid extraction: i) organic matter was extracted by proportion of 1:3 (v/v) H2O2 at 60°C, ii) flocculants cation was extract by proportion of KCl 1:50 (v/v) or HCl 1:20 (v/v), depending on the presence or absence of carbonate, iii) desegregation of particle was made by adding a 1:1 (v/v) solution of natrium hexametaphosphate 0.55%. Major elements (Si, Al, Mg, Ca, Fe, Mn, Na, K) were measured on a dried and powdered sediment using an agate disk mill (<250 µm). Sample were prepared as follows: alkaline fusion procedure (NF ISO 14869-2) following by a total dissolution in nitric acids:glycerol solution (0.7:4 mol L -1 ) and measurements by inductively coupled plasma optical emission spectrometry (ICP-OES, ICAP6500, Thermo Fisher Scientific).

Hydrochemistry

Cation-anion contents were measured from a sub-sample filtered at 0.2 m with a CA filter of the water phase by ionic chromatography (ICS-5000, Dionex/Thermo Fischer, US EPA 300.7/300.0). DOC/DIC, COD and UV-Visible light absorbance measurements were performed using a separate sample filtered at 0.45 m with a CA filter. DOC/DIC were analyzed at selected sampling times (0, 15, 200 and 300 days) by TOC analyzer (TOC-V-CPH Shimadzu, NF EN 1484). COD is measured photometrically using test kit (P/N 985036, Nanocolor, range between 3 and 150 mg L -1 O2 Macherey-Nagel) at days 0 and 300 for oxic and anoxic condition. The anoxic sample was prepared and transferred into the photometrically tube under Ar (<0.2 mg L -1 O2) using glovebox (GP[concept], Jacomex).

Mean oxidation state for the C (𝑂 ̅ 𝑥) was estimated according to the relation between 𝐷𝑂𝐶 * and 𝐶𝑂𝐷 * (* stands for molar concentrations). 24 Considering an unknown organic compound with the formula CnHbOcNd and assuming oxidation sate of -3 for nitrogen, -2 for oxygen and +1 for hydrogen. The total oxidation (no NOx formation) of the compound follows the stoichiometry of the eq. B1,

𝐶 𝑛 𝐻 𝑏 𝑂 𝑐 𝑁 𝑑 + ( 2 × 𝑛 -𝑐 2 + 𝑏 -3 × 𝑑 4 ) 𝑂 2 → 𝑛𝐶𝑂 2 + 𝑏 -3 × 𝑑 2 𝐻 2 𝑂 + 𝑑𝑁𝐻 3 (B1)
Then the balance for oxidation number of the neutral compound can be written as eq. B2:

Using the stoichiometric coefficient of eq. B1 and the balance for oxidation number (eq. B2), the system could be resolved and gave eq. B3:

UV-Visible light absorbance measurements were used as a proxy of chromophore and moieties modification on the DOC. 25 Absorbance at 254 and 280 nm were record for day 0 and 300 on UV-1700 pharmaSpec (Shimadzu) spectrophotometers using a quartz glass cuvettes (10 mm path lengths). Specific ultraviolet absorbance (SUVA; L mg -1 C•m -1 ) was calculated for 254 and 280 nm to eq. B4, where 𝐴(𝜆) is the sample absorbance at a given wavelength (𝜆) and 𝑙 (m) is the path length.

Batch sorption isotherm

Batch sorption experiments were conducted at room temperature (20 ± 5°C) and in the dark to avoid photolysis, following OECD Guideline 106 26 . Batch sorption was carried out with the sediment used for the biodegradation experiments. Three conditions were tested: (i) sorption on non-autoclaved sediment with the pesticide mixture, (ii) sorption on autoclaved sediment with the pesticide mixture, and (iii) sorption on non-autoclaved sediment with the individual pesticides. The difference between (i) and (ii) enabled to evaluate the effect of autoclaving on sorption properties in abiotic control experiments. Difference between (i) and (iii) enabled to assess the effect of pesticide mixture on sorption compared to sorption of a single pesticide. Sediment was dried at 40°C, sieved at 2 mm and stored in dark before sorption experiments. In a 50 mL polypropylene (PP) centrifuge tube, 5 g of dried sediment were mixed with 30 mL of CaCl2 (0.01M) and vortex 20 sec. Tubes were spiked with the pesticide mixture stock to obtained an initial concentration of 0.75, 1, 2.5, 5, 7.5 and 10 mg L -1 pesticides and flushed with N2 until ACN evaporation. Centrifuge tubes were shaken (orbital shaker 80 rpm) for 24 h. The centrifuges tubes were then centrifuged at 2400 RCF 20 min. The water phase was collected and filtered successively through 0.45 m and 0.2 m CA syringe filter. Pesticide extraction, quantification and CSIA were carried out as for the biodegradation experiment. Control experiments without TSS showed no sorption (>95% of recovery) on the PP centrifuge tube within the range of concentrations and the time scale of the sorption experiments. Sorption experiments were best fitted with a linear model, compare to Freundlich or Langmuir model, following:

𝑛𝑂 ̅ 𝑥 + 𝑏 -2 × 𝑐 -3 × 𝑑 = 0 (B2) 𝑂 ̅ 𝑥 = 4 × (1 - 𝐶𝑂𝐷 * 𝐷𝑂𝐶 * ) (B3) 𝑆𝑈𝑉𝐴(𝜆) = 𝐴(𝜆) 𝑙 × 𝐷𝑂𝐶 (B4)
Sorption was compared among experiment under the assumption that organic carbon content is causally related to pesticide sorption capacity. The sediment organic carbon-water partitioning coefficient (𝐾 𝑂𝐶 ) were calculated for each experiment following:

Water-sediment extraction and effect on stable isotope signature of pesticides Pesticides were extracted from water phase by solid phase extraction (SPE) using SolEx C18 cartridges (1 g, Dionex-Thermos Fischer Scientific) on an AutroTrace 280 SPE system (Dionex-Thermos Fischer Scientific) following a modified US EPA method. 27,28 Briefly, the extraction cartridge was conditioned by washing successively with EtOH (5 mL), ACN (5 mL), and ultrapure water (10 mL). Sample was loaded on the cartridge and dried under nitrogen flux for 10 min. The pesticide mixture was eluted by 5 mL of EtOAc followed by 5 mL of ACN. The extracts were dried under nitrogen stream at room temperature and then re-suspended into ACN up to 1 mL. By vortexing the residues were collected and transfer into a 1.5 mL glass gas chromatography (GC) vials before measurements.

Pesticides were extracted from sediment phases by solid-liquid extraction protocol modified from Ivdra, et al. 29 Briefly, the wet sediment (5 g dry mass) previously transferred into a centrifuge tube was extracted with 3 mL pentane:DCM (3:1, v/v) in centrifuge tubes, vortexed 5 s followed by 5 min into ultrasonic bath (Branson 5510, 40 kHz). Then, centrifuge tubes were vortexed for 1 min and centrifuged at 2400 RCF 20 min. The supernatant was transferred into an amber glass vial and extraction procedure was repeated an additional two times. The three supernatants were pooled together and dried under a gentle nitrogen stream at room temperature and then re-suspended into ACN up to 1 mL, before vortexing to collect residues on the glassware. The RH and impurity were removed by adding in each vial about 75 mg of anhydrous MgSO4 and 13 mg of PSA. Vials were vortexed for 30 s, centrifuged at 2400 RCF 5 min and the supernatant transferred into a 1.5 mL glass GC vials before measurements.

Extraction efficiencies and stable isotope fractionation induced by the extraction protocol were evaluated from water and sediment samples. For the water phase, 100 mL of synthetic water was spiked with the pesticide mixture stock to reach concentrations between 1 and 1500 g L -1 for each pesticide. Six successive concentrations were tested, including 1, 5, 10, 50, 500 and 1500 g L -1 . Pesticides were extracted from water samples as described above.

For sediment samples, 5 g of sediment dried at 40 ºC were put into a 15 mL centrifuge tubes and adjusted up to 100% w/w RH with ultrapure water. Sediment samples were spiked with the pesticide mixture stock to reach concentration from 0.5 to 150 g g -1 . Ten successive The spiked sediment samples were vortexed for 3 min to ensure homogenization. Sediment samples were incubated for 7 days in the dark at 4°C before extraction. Pesticide extraction from sediment samples was carried out as described above. Each tested condition was performed in duplicate. Additionally, a blank series with no sediment were spiked as previously described to evaluate whether pesticide sorption occurred during extraction. A series of abiotic control experiments was set-up in parallel to quantify potential abiotic degradation or volatilization losses during the 7 days of sediment incubation. Sediment samples were autoclaved twice (24 h intervals). The extraction protocol for sediment samples was applied as described above.

𝑃 𝑠 = 𝐾 𝑑 × 𝑃 𝑤 (B5) 𝐾 𝑂𝐶 = 𝐾 𝑑 × 𝑓 𝑂𝐶 -1 ( 

Pesticide quantification

Pesticide quantification was performed using a gas chromatography (GC, Trace 1300, Thermo Fisher Scientific) coupled with a mass spectrometer (MS, ISQ™, Thermo Fisher Scientific) equipped with a TG-5MS column (30 m × 0.25 mm ID, 0.25 µm film thickness, Thermo Fischer Scientific). The sample (1.5 µL) and GC internal standard (metolachlor-d11; 1 µL at 300 µg L -1 ) were injected simultaneously via a split/splitless injector. Injector was set at 280°C with a split flow rate of 6 mL min -1 and a helium carrier gas flow rate of 1.5 mL min -1 . The GC oven program consisted of a 1 min hold time at 50°C, heating at 30°C min -1 to 160°C, heating at 4°C min -1 to 220°C, heating at 30°C min -1 to 300°C, followed by a 1 min hold time at 300°C. The MS transfer line and source were heated at 320°C. Eluted pesticides were identified by their specific masses in a selective ion mode (SIM). Instrumental detection limits (IDLs) and instrument quantification limits (IQLs) were determined by multiple blank and standard injection, respectively, (n = 5) at the lowest concentration giving a signal-to-noise (S/N) ratio of three. IDLs and IQLs were around 8 and 45 g L -1 , respectively (Table B5). Calibration was made using a pesticide mixture from 25 up to 750 g L -1 . Analytical reproducibility, analytical uncertainty due to matrix effect from water and sediment samples, are provided in Table B5.

Compound-specific isotope analysis (CSIA)

For carbon and nitrogen CSIA, GC-isotope ratio mass spectrometry (IRMS) system consisted of a GC (TRACE™ Ultra) coupled via a GC combustion interface (IsoLink/Conflow IV) to an IRMS (DeltaV, both from Thermo Fischer Scientific). Between 1 and 3 µL of samples were injected via a split/splitless injector. Injector was set at 250°C with a split flow rate of 30 mL min -1 and a helium carrier gas flow rate of 1.5 mL min -1 into a TG-5MS column (60 m × 0.25 mm ID, 0.25 µm film thickness). For C, the GC oven program consisted of a 1 min hold time at 50°C, heating at 15°C min -1 to 150°C, heating at 2°C min -1 to 250°C, heating at 20°C min -1 to 300°C, followed by a 1 min hold time at 300°C. For N, the GC oven program consisted of a 1 min hold time at 50°C, heating at 20°C min -1 to 150°C, heating at 10°C min -1 to 300°C, followed by a 4 min hold time at 300°C. For both elements, target compounds were combusted to the analyte gases (CO2 and N2) in a single combined reactor (P/N 1255321, NiO tube and CuO-NiO-Pt wires, Thermo Fischer Scientific) operated at 1000°C. For N, liquid N2 was used for cryogenic trapping of CO2. The MS transfer line and source were heated at 320°C. To validate the measurement quality, samples were bracketed with two standard measurements before and after a series of measurements. First standard was a BTEX standard of known isotope signature (Benzene, Toluene, Ethylbenzene and o-Xylene 15 L of each in 50 mL of n-Pentane) or an international reference material AIEA600 (Caffeine; 150 mg L -1 in acetone) for C and N respectively. Pure solid powder of pesticides were measured as the reference isotope signatures by elemental analyzer IRMS (Flash EA IsoLink TM CN IRMS, Thermo Fisher Scientific). Values were 𝛿 13 𝐶 𝐸𝐴-𝐼𝑅𝑀𝑆 = -29.02 ± 0.03‰, 𝛿 15 𝑁 𝐸𝐴-𝐼𝑅𝑀𝑆 = -2.43 ± 0.41‰ for the acetochlor and 𝛿 13 𝐶 𝐸𝐴-𝐼𝑅𝑀𝑆 = -30.60 ± 0.07‰, 𝛿 15 𝑁 𝐸𝐴-𝐼𝑅𝑀𝑆 = -0.52 ± 0.10‰ for the Smetolachlor.

The minimal change of isotope signature (∆𝛿 ℎ 𝐸 𝑚𝑖𝑛 ), before which isotope fractionation can be attributed to degradation, was determined as the propagation of uncertainties associated with measurements and sample preparation 30 and calculated as follow:

where 𝜎 𝑒𝑎 2 , 𝜎 𝑠 2 and 𝜎 𝑎𝑢 2 are the uncertainty associate with the triplicate measurement of the initial product by an elemental analyzer IRMS (0.5‰ and 0.7‰ for C and N respectively), the sample uncertainty associated with the triplicate measurement and the maximal analytical uncertainty of the GC-IRMS (0.5‰ and 1.0‰ for C and N respectively), respectively. ∆𝛿 13 𝐶 𝑒𝑥𝑡 is the trueness of the 𝛿 13 𝐶 measurement associated with the extraction procedure, as previously determined (Table B5).

The extent of pesticide biodegradation (𝐵) can be estimated from the inverse form of the Rayleigh equation and using 𝜀 values determined under representative conditions in laboratory experiments: 31 Consequently, the limit of detection to evaluate the extent of biodegradation (𝐵 ≥ 1 -𝑃(𝑡) 𝑃 0 ⁄ ), was determined as follows:

where ∆ correspond to the minimal change of isotope signature (∆𝛿 ℎ 𝐸 𝑚𝑖𝑛 ) above which isotope fractionation was can be attributed to degradation, as previously calculated in eq. B7 and provided in Table B5.

∆𝛿 ℎ 𝐸 𝑚𝑖𝑛 = √𝜎 𝑒𝑎 2 + 𝜎 𝑠 2 + 𝜎 𝑎𝑢 2 + ∆𝛿 13 𝐶 𝑒𝑥𝑡 (B7) 𝐵 = 1 -( 𝛿 13 𝐶(𝑡) + 1 𝛿 13 𝐶 0 + 1 ) 1 𝜀 𝑏𝑢𝑙𝑘,𝐶 ⁄ (B8) 𝐵 ≥ 1 -𝑒 ∆ 𝜀 ⁄ (B9)

Mass balance accounting for the phase-transfer model

A pesticide mass balance was established from the two-phase conceptual model to tease apart (Figure 4.2) destructive and non-destructive processes contributing to pesticide dissipation in a water-sediment system with two phases. First, the pesticide mass balance was used to estimate the half-life of degradation (𝐷𝑒𝑔𝑇 50 ) from the observed half-life of the dissipation (𝐷𝑇 50 ) for each phase. Then, the conceptual model was used to evaluate the effect of desorption of isotopically lighter, non-degraded pesticide from the sediment phase to the water phase on the isotopic enrichment factor (𝜀) in order to correct if necessary the extent of the biodegradation in the water phase, accounting for phase-transfer.

A) Estimation of the Rate Constant of the Degradation (𝑘 𝑑𝑒𝑔,𝑤 )

The pesticide mass balance relies on nine assumptions described below which set the boundaries of the developed framework. As compared with previous studies, [32][33][34] we closed the mass balance only for the pesticide itself as the other species (i.e., non-extractable residues -NER, formation of CO2 over mineralization, sum of TPs) were not quantified and targeted in our study. 1. The system is closed and masses are conserved. 2. The water-sediment system with two phases is defined similarly as in a previous study: 34 the water phase (subscript w) is assumed to contain only the aqueous freely dissolved species (𝑃 𝑤 ), and the sediment phases (subscript s) contains the bounded fraction of the (i.e., particulate and dissolved organic carbon -𝑃 𝑠 ). 3. Species are bounded exclusively on organic carbon because the studied pesticides are not charged at the experiment 𝑝𝐻 and thus do not results in ionic charge interactions with minerals. 3 Pesticides thus sorb to organic carbon present in the dissolved (DOC) and the particulate (POC) forms. 4. Sorption on DOC and POC were assumed equivalent, with sediment organic carbon-water partitioning coefficient (𝐾 𝑜𝑐 ) remaining unaffected by the type of organic matter as well as the 𝑝𝐻 of the water phase. 35 5. Considering the experimental duration, the system is assumed under steady sate condition. This is supported by two aspects: i) A constant 𝑃 𝑠 /𝑃 𝑤 ratio all along the experiment which corresponded to 𝐾 𝑑 values obtained in separate batch isotherm experiments (Table B4). It advocates for a fully established sorption equilibrium at any time. ii)

Stable hydrochemical characteristics across the experiment, suggesting constant water redox condition over the experiment. 6. The sum of all transformation products (TPs) is considered as a single species. 7. The system shaking is assumed sufficient to maintain fully mixed conditions, i.e., the dissipation processes are homogeneous in the system over space and time. This is supported by a volume ratio between the total (𝑉 𝑡𝑜𝑡 ) and by the water phase (𝑉 𝑤 ) close to one (𝑉 𝑡𝑜𝑡 𝑉 𝑤 ⁄ is equal to 0.96) which indicates that the sediment is in sufficient low concentration to allow homogenous suspension by shaking. 8. Pesticide degradation in the sediment phase is negligible during the experiment. This is supported by the isotope signature showing no significant isotope fractionation in the sediment phase (Figure 4.1). This follows the general assumption than sorbed species are not or less available for degradation 3 or in other term species should be in fully dissolved to be bioavailable for microorganism. 36, 37 9. Hydrolysis does not occur at the experimental 𝑝𝐻 for the species of interest. 18 The pesticide mass balance equation (eq. B10) as follows:

The degradation during the experiment 𝑑𝑚 𝑝,𝑠𝑦𝑠𝑡 𝑑𝑡 is assumed to fit to a pseudo first-order degradation kinetic in the water phase, eq. B11, Under steady sate condition, 𝑚 𝑝,𝑠 is expressed by the partitioning between the two phases following eq. B5 and can be re-written as eq. B12, once reinjected in eq. B10, giving eq. B13.

Then, the variation of pesticide mass in sediment phase can be expressed as a function of 𝐾 𝑜𝑐 (eq. B6) and the total organic carbon concentration (eq. B14; TOC) following our assumption four, where TOC is the sum of POC and DOC: So eq. B13 becomes eq. B15, Finally, assuming the observed dissipation of the pesticide in the water phase follows a pseudo first-order reaction as Combining eq. B11, B15 and B17 lead to the expression of the effective, However, as our system DOC and POC originated from the same source of sediment (i.e., DOC dissolved from POC), the sum of POC and DOC remained constant over time in agreement with observations (see section above). Additionally, DOC was negligible because i) it accounts for only 0.3% (DOC/POC; w/w) of the sediment phase, which is equivalent to 2×10 -3 % of the total sorbed pesticide mass of the system, ii) accounting DOC would propagate a variance of ± 0.1 d -1 over the 𝑘 𝑑𝑒𝑔,𝑤 which is far below the uncertainty associated to the calculation of the 𝑘 𝑑𝑒𝑔,𝑤 which is ± 11 d -1 , iii) TSS losses during the extraction process, less than 2%, which is higher than the fraction of DOC contained within the system. By consequence we could use the simplified eq. B19:

𝑚 𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 = 𝑚 𝑝,𝑤 + 𝑚 𝑝,𝑠 ( 

B) Impact of Phase Transfer on Isotopic Enrichment Factor (ε)

Following the same assumptions and using the water-sediment system conceptual model developed above for the degradation, we calculated a corrected isotopic enrichment factor (𝜀 𝑏𝑢𝑙𝑘,𝑐𝑜𝑟𝑟 ) accounting for both phase-transfer and degradation on the water phase. A constant isotope signature over time (equal to 𝛿 13 𝐶 0 ) of the sorbed fraction of acetochlor and S-metolachlor suggested the absence of significant degradation in the sediment phase.

Under closed system assumption, experimental 𝜀 𝑏𝑢𝑙𝑘,𝐸 values for an element E is determined following the Raleigh equation (eq. B20), 31 where 𝑚 𝑝,0 and 𝑚 𝑝,𝑤 are the initial and the remaining mass of the pesticide in water. In our water-sediment system with two phases, 𝑚 𝑝,𝑤 corresponds to the freely dissolved fraction and 𝑚 𝑝,0 the initial dissolved pesticide mass at the equilibrium: ) anymore and cannot be derived from a simple linear regression. 𝜀 𝑏𝑢𝑙𝑘,𝐸 could not be analytically expressed as a function of 𝑚 𝑝,𝑤 only. By consequence, we used a stepwise calculation expressing 𝑚 𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 -𝑚 𝑝,𝑠 according to the equivalent pesticide mass remaining in the water phase undergoing degradation. This calculation accounts for the mass of pesticide desorbed from the sediment (𝑚 𝑝,𝑠→𝑤 (𝑡)), and the mass of pesticide remaining in the water phase at each time step (𝑚 𝑝,𝑤 (𝑡)) which can be expressed as the fraction of pesticide (𝑓 𝑝,𝑠→𝑤 ) desorbing from the sediment to the total over time, as follows:

Iterative correction scheme is necessary as 𝑚 𝑝,𝑠→𝑤 at time 𝑡 depend of the 𝑡 -1 values (eq.

B24):

where the theoretical pesticide mass degraded in water phase (𝑚 𝑝,𝑑𝑒𝑔 ) is recalculated based on a pseudo first-order previously corrected such eq. B25:

Theoretically, the isotope signatures follow additive properties. 38 At each time step the measured 𝛿 ℎ 𝐸 𝑚𝑒𝑎𝑠 reflects isotope signatures of the pesticide in the water phase and that the pesticide fraction desorbed from the sediment to the water phase, following eq. B26:

As no degradation was observed in the sediment phase, 𝛿 ℎ 𝐸 𝑠 is assumed to be constant over time and equal to the 𝛿 ℎ 𝐸 0 . By using the system of eq. B22 to B26 we could express eq. B27:

which could be reinjected into a modified Raleigh eq. B28:

𝑚 𝑝,𝑤 = 𝑚 Finally, the 𝜀 𝑏𝑢𝑙𝑘,𝑐𝑜𝑟𝑟 is numerically resolved using eq. B23 with a time step equivalent to 30,000 iterations (t equal to 0.01 day) into the linear system of eq. B27 & B28. Good fit was obtained after 10,000 iterations using a convergence criterion of 0.01. Convergence criterion is defined as Querin, et al. 39 as the variation of an objective value in the last 10 iteration, where i is the number of iterations, OVi is the objective value in the i iteration. 

Supporting results and discussion

Sediment characteristics

The sediment (Table B1) was classified as silt loam 40 with a low content of organic carbon and carbonate. 41 The C/N ratio of the sediment suggests a carbon limitation environment for microbial growth. 42,43 Elemental composition analysis emphasizes that silica was the main mineral constituent followed by calcium.

Table B1. Sediment characteristics.

Uncertainties correspond to the standard deviation (SD) from triplicate measurements. CEC, 𝑓 𝑜𝑐 , Cmin, OM refer to cation exchange capacity, fraction of organic carbon, mineral carbon and organic matter, respectively. a Measurements of 𝑓 𝑜𝑐 , C/N and Cmin are associated with an analytical uncertainty of 2%. Elementary analysis by ICP-OES measurements is reported for its most abundant oxide form. 

Control experiment

Table B3. Change from days 0 to 300 of the pesticide remaining fraction (𝑃(𝑡)/𝑃 0 ) and carbon isotope signatures (𝛿 13 𝐶) in the control experiment.

w: water phase, s: sediment phase, n.m.: not measured. a CSIA of pesticides in autoclaved sediment show up a large matrix effect which do not enable the measurement. Uncertainties correspond to the standard deviations of n samples collected over time.

Batch sorption experiment

Table B4. Pesticide sediment partitioning coefficients

Uncertainties correspond to the 95% confidence interval (C.I.) from n replicate measurements. a Data were fitted by linear relationship between sorbed pesticides and pesticides in water phase (eq. B5). The coefficient of determination (𝑅 2 ) of linear 𝐾 𝑑 fitting ranged from 0.66 to 1.00 (𝑅 2 average = 0.90). b 𝑃 𝑠 /𝑃 𝑤 ratio were not considered when the 𝑃 𝑤 value ranged below the propagation of uncertainty of the 𝑃 𝑠 /𝑃 𝑤 ratio (division by zero when 𝑃 𝑤 → 0). This threshold corresponds in average to 92 ± 2% of dissipation. oxic autoclaved (n =8) (P(t)/P 0 ) w 1.01 ± 0.11 

Method validation and limits

Table B5. Extraction efficiency, qualitative and quantitative limit of the analytical methods.

Uncertainties correspond to the standard deviation (SD) from n replicate measurements. a Trueness (∆𝛿) of the 𝛿 ℎ 𝐸 measurement for each pesticide was verified for the extraction procedure and reported as 𝛥𝛿 ℎ 𝐸 (𝛥𝛿 ℎ 𝐸 = 𝛿 ℎ 𝐸 𝐺𝐶-𝐼𝑅𝑀𝑆 -𝛿 ℎ 𝐸 𝐸𝐴-𝐼𝑅𝑀𝑆 ) where 𝛿 ℎ 𝐸 𝐺𝐶-𝐼𝑅𝑀𝑆 was the of isotope signatures measured by GC-IRMS and 𝛿 ℎ 𝐸 𝐸𝐴-𝐼𝑅𝑀𝑆 was isotope signatures determined independently for a pure solid by elemental analyzer IRMS (Flash EA IsoLink TM CN IRMS, Thermo Fisher Scientific). b Minimal change of isotope ratios 𝛥𝛿 ℎ 𝐸 𝑚𝑖𝑛 before fractionation was attributed to degradation and were calculated by the propagation of uncertainty, eq. B7. c Instrumental detection limits (IDLs) and instrument quantification limits (IQLs) were determined by multiple blank and standard injection, respectively, (n = 5) at the lowest concentration giving a signal-to-noise (S/N) ratio of three. d Analytical reproducibility is determined by injecting a 500 g L -1 calibration standard in five independent GC runs; reported as the ratio between SD of the five measurement and the concentration of the standard. 44 e Analytical accuracy associated with the matrix effect of water (wat.) and sediment (sed.) samples was evaluated by five independent GC runs (n = 5) of the similar spike sample at 300 g L -1 and reported as the ratio between measured and spiked values. f Range of linearity with the lowest values corresponding to the limit for precise isotope analysis (LPIA) was calculated using a moving mean procedure with set intervals of ± 0.5‰ and ± 1‰ around this moving mean for C and N respectively. 45 Corresponding concentrations are given in mg L -1 for a 2 L injection. Limit of extraction capability was estimated as the lowest spike amount which could be extracted with a recovery >70%, corresponding to 0.05 g of pesticide for the SPE and 2.5 g for the solid-liquid extraction. 

Pesticides Dissipation

Dissipation in water were 2 to 6 times faster under oxic conditions than under anoxic conditions, although acetochlor dissipation rate constant did not differ among conditions (Figure B2). Dissipation rate constants in water and sediment were similar, under the same conditions, based on the 95% C.I. However, dissipation of S-metolachlor under oxic condition was faster in water, whereas dissipation of atrazine and metalaxyl under anoxic conditions was faster in the sediment.

Insignificant changes in carbon stable isotope signature were observed (obs) in water and sediment after 300 days for atrazine (𝛥𝛿 13 𝐶 𝑜𝑏𝑠 <1.0 ‰) and metalaxyl (𝛥𝛿 13 𝐶 𝑜𝑏𝑠 <0.7 ‰). Terbutryn was mainly found in the sediment, and low concentration in the water phase hampered CSIA measurements. By consequence, CSIA data obtained for atrazine, terbutryn and metalaxyl were not further analyzed, and only data for acetochlor and S-metolachlor were considered. 

Sediment properties

Table C1. Sediment properties.

Sand and blend refer to Kaltenhouse sand (K30, Quartz d'Alsace S.A, France) and a blend containing 95% K30 and 5% of sediment collected in the Avenheimerbach river (France, 48°40'08"N, 7°33'50"E). Θ, bulk, Ks, fOC, OM refer to porosity, bulk density, saturated conductivity, fraction of organic carbon and organic matter respectively. d10, 50 and 90 are 10,50, 90% of the portion of particles with smaller diameters than this value. a Uncertainty is reported as the 75% percentile from 20 measurements, b calculated values from the sediment measurements are based on the blending with sand, c elementary analysis with ICP-OES is reported for the most abundant oxide form. sand Θ (w/w) a 0.33 ± 0.02 0.16 ± 0.02  bulk (g cm -3 ) a 2.29 ± 0.05 K s (m s -1 ) a clay (< 2µm; %) 0 silt (2 -50 µm; %) 0 sand (50 -2000 Relationship between the nephelometric turbidity units (NTU) and the total suspended solid (TSS) 500 g of the river sediment were mixed with 1 L of tape water and settled for 30 min. Several aliquots from the upper part were collected and diluted in up to 0.1 to 5 L of tape water to generate a series of measurable turbidity samples from 1 to 300 NTU, measured with a turbidity meter (HI 88713, HANNA). Then, the sample was filtered through a glass filter (GF/5, 0.4 m average pore size, Macherey-Nagel), the filter was dried until constant mass at 105°C and weight. Residues on the filter were considered as part of the initial total suspended solid in the sample. 

Flow reactive transport model parameters
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Hydrochemistry

Table D4. Water composition during grab sampling at each location (X ̅ ± SD; n = 7 per location).

Data availability

Raw data on hydrochemistry, S-metolachlor concentration and isotopic signature, for the grab and the continuous data. Flow and rainfall measurement data are temporarily available prior to publication with meta data at https://seafile.unistra.fr/f/6bba477035584a96881c/?dl=1 2-(mg L -1 ) HCO 3 -(mg L -1 ) CO 3 2-(mg L -1 ) Na + (mg L -1 ) K + (mg L -1 ) Mg 2+ (mg L -1 ) Ca 2+ (mg L -1 ) NO 3 -(mg L -1 ) Cl -(mg L -1 ) NH 4 + (mg L -1 ) TSS (mg L -1 ) pH (-) cond. (mS cm -1 ) T (°C) DOC (mg L -1 )
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Wetness index

Topographical wetness index (TWI) was used to identify contributing areas prone to generate overland flow. 30 The European Digital Elevation Model (EU-DEM, v1.1, https://land.copernicus.eu) at 25 m resolution for the year 2011 was used to calculated TWI using SAGA-GIS 2.3.2+ through RSAGA package v1.3.0. 

Concentration change of S-metolachlor within topsoil

During the 2019 campaign, S-metolachlor concentrations in topsoil were measured but the associated 𝛿 13 𝐶 values could not be measured due to matrix effects. Therefore, 𝛿 13 𝐶 was moddeled from measured S-metolachlor concentrations in topsoils as measured and validated in a similar agricultural headwater catchment. 51 Briefly, S-metolachlor biodegradation in topsoils is calculated from a corrected first-order constant (𝑘 𝑑𝑦𝑛 ) accounting for the observed topsoil temperature (𝑇 𝑜𝑏𝑠 ) and moisture (𝜃 𝑜𝑏𝑠 ), as follows: 52 where 𝑓 𝑇 and 𝑓 θ are the factors that account for the influence of the topsoil temperature and moisture (w/w). The factors for the influence of topsoil temperature follow the Arrhenius laws as follows: 53 𝑘 𝑑𝑦𝑛 = 𝑘 𝑅𝑒𝑓 × 𝑓 𝑇 × 𝑓 𝜃 (D1)

Estimation of photodegradation at the Souffel river

Photodegradation extent was estimated as following 3,66 . Briefly, 1. Ratio of day-average surface solar intensities L(330nm) measured during solar simulating photodegradation experiments (Chap. 3) and the Souffel River estimate from the Greifensee (Switzerland, 47°21'59"N 8°39'42"E). 67 Solar simulator: Lsim(330nm) = 6.05×10 -2 mE cm -2 day -1 Souffel river: Lriver(330nm) = 4.34×10 -2 mE cm -2 day -1

Depth of the photic zone in the Souffel river

The photic zone is defined as follows:

where 𝐴 was the absorbance and 𝐼 the intensity, respectively. 𝐴 330𝑛𝑚 = 𝛼 330 × 𝑍 𝑝ℎ𝑜𝑡𝑖𝑐 , where 𝛼 330 was the beam attenuation coefficient (6 m -1 for muddy river water) and 𝑍 𝑝ℎ𝑜𝑡𝑖𝑐 the depth of the photic zone.

where 𝑆 was the screening factor to account for DOM sorption.

where 𝑘 𝑝ℎ𝑜𝑡,𝑟𝑖𝑣𝑒𝑟 and 𝑘 𝑝ℎ𝑜𝑡,𝑠𝑖𝑚 were the photodegradation rate in the river and the photodegradation rate during the solar simulating photodegradation under nitrate conditions (Table A4). 𝑘 𝑝ℎ𝑜𝑡,𝑠𝑖𝑚 under nitrate conditions (𝑘 𝑝ℎ𝑜𝑡,𝑠𝑖𝑚 = (1.3 ± 0.1) ×10 -6 s -1 ) could be considered to be the maximum photodegradation because no dissipation by dissolved organic matter was taken into account. Therefore, the photodegradation might be slightly overestimated. 

𝐴 = log(𝐼

Importance of dissolved organic carbon during autoclaving

Organic carbon content (foc; Appendix B, Table B1) and texture did not differ between autoclaved and non-autoclaved sediments. However, under oxic conditions, DOC was massively released in the autoclaved experiment (DOC0→300 days = 300 ppm) compared to non-autoclaved one (DOC0→300 days = 10 ppm; Figure E2). A similar trend was observed under anoxic conditions, with DOC0→300 days = 200 ppm in the autoclaved experiment, and DOC0→300 days = 19 ppm in non-autoclaved experiment. The release of DOC under oxic condition due to autoclaving corresponded to 15% of the initial mass of organic carbon of the sediment. Assuming that sorption capacities was mainly drive by the organic content, 35 this reduces the 𝐾 𝑑 by a factor of 1.2 only. However, comparison between sorption capacity on autoclaved and non-autoclaved sediment (Appendix B, Table B4) indicated a 𝐾 𝑑 decrease by a factor of 1.8 to 2.9 for S-metolachlor and acetochlor, respectively. To conclude, autoclaving may not only change the DOC content but also the molecular structures of organic carbon, and thus its sorption properties. By consequence limiting the comparison between autoclaved and non-autoclaved degradation results.

SUVA may be a proxy of aromaticity in humic substances. 68,69 Triplicate SUVA measurements after 300 days under oxic condition suggest less aromaticity and unsaturated polycondensated of humic susbstances in the autoclaved sample (SUVA254 = 0.42 ± 1.18 and SUVA280 = 0.09 ± 0.00 L mg -1 C m -1 ) than in the non-autoclaved (SUVA254 = 6.34 ± 0.00 and SUVA280 = 11.97 ± 1.63 L mg -1 C m -1 ; Appendix B, Table B2). This is agree with observations made by Berns, et al. 70 on the autoclaving effect in sediment organic carbon. Since no significant pesticide degradation was observed in the autoclaved control (Appendix B, Table B3), the autoclaved control may serve as abiotic control of degradation, although others 
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-251 -dissipation processes (e.g., sorption) may not be directly compared. In addition, the DOC released from the autoclaved sediment samples might create a too large background signals for an accurate isotopic ratio measurement by GC-IRMS, thereby hampering CSIA of pesticides from autoclaved experiments. 

Résumé en anglais

River contamination by pesticides on a global scale impacts biodiversity and the production of drinking water. The water -sediment interface in these environments plays a key role in the dissipation of pesticides, although its functioning remains poorly understood. This thesis targeted degradation processes at this interface by developing Compound-Specific Isotope Analysis (CSIA) for a panel of pesticides, from the laboratory scale to rivers. The results made it possible to identify the specific carbon and nitrogen isotopic enrichment factors for different degradation processes (photolysis, biodegradation) in order to interpret the isotope signatures in rivers. The key role of river runoff on the persistence and degradation of pesticides has been identified. Ways to improve the CSIA are proposed to more systematically assess the persistence of pesticides in rivers.

Keyword : Flow-Reactive transport model, stable isotope, surface water, wastewater treatment plants.
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 11 Figure 1.1. River catchment impacted by (a) agricultural diffuse sources of pesticide and (b) urban point-sources. Pesticide behavior is also governed by transport processes, including: (i) surface runoff through drainage channels during rainfall events; (ii) spray drift during application; (iii) wastewater discharge; (iv) groundwater recharge from the field; (v) river flow transport; and (vi) hyporheic exchange between the river and groundwater. Adapted from 16, 37, 38 .

Figure 1 . 3 .

 13 Figure 1.3. Reactive scheme of the water column and biogeochemical gradients driving the reactivity. Main processes are: (a) photodegradation and (b) phase-transfer and biodegradation.

Figure 1 . 4 .

 14 Figure 1.4. Dissolved and particulate transport of pesticide (black dots) across the hyporheic zone (HZ) as a function of water discharge. Scheme (a), (b) and (c) represent the hypothetical relationship between pesticide transport, sediment mobilization, flow regimes and the increase of the oxygen gradients for low-, medium-and high-water discharges (Q).

Figure 1 . 5 .

 15 Figure 1.5. Principle of compound-specific isotope analysis (CSIA) to track in situ pesticide degradation in a river: C1 (brown) impacted catchment by pesticide (red dots) and C2 (green) catchment without pesticide sources. The diameter of the pie chart is proportional to the pesticide concentration along the river (in blue, the arrow sizes are proportional to discharge). The yellow to red ratio on the pie chart corresponds to the isotope ratio13 C/12 C of the targeted pesticide. (a) Pesticide source, i.e., the sprayer tank or top-soil concentration after application: isotope signatures of pesticides differ if they are manufactured from different raw materials or by different synthesis processes, (b) Case 1: Lower pesticide concentrations and corresponding enrichment in13 C of the pesticide molecule close to the area of pesticide application indicates the occurrence of degradation in the river, (c) Case 2: Lower pesticide concentrations without change of isotope ratios along the river indicates non-degradative processes, e.g., dilution and/or sorption, (d) Case 3: Lower pesticide concentration due to dilution (pristine water coming from C2 catchment) without degradation is characterized by similar isotope ratios.

Figure 1 . 6 .

 16 Figure 1.6. Degradation pathways identification with dual-element CSIA. Example of biodegradation of atrazine by Rhodococcus sp. strain NI86/21 for the oxidative dealkylation and by Arthrobacter aurescens TC1 for the biotic hydrolysis. Adapted from Meyer et al.157, 158 
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 17 Figure 1.7. Overview of the thesis, highlighting the increase in the complexity of processes to approach the representativity of the complexity of the river.

  Direct and indirect photodegradation of atrazine and Smetolachlor in agriculturally impacted surface water and associated C and N isotope fractionation Abstract Limited knowledge of photodegradation-induced isotope fractionation hampers the application of compound-specific isotope analysis (CSIA) to trace pesticide degradation in surface waters. Here, we investigated carbon and nitrogen isotope fractionation during direct and indirect photodegradation of the herbicides atrazine and S-metolachlor in synthetic water mimicking agriculturally impacted surface waters containing nitrates (20 mg L -1 ) and dissolved organic matter (DOM, 5.4 mg C L -1

  𝑘 𝐴𝑇𝑍, 𝑁𝐼𝑇 𝑘 𝐴𝑇𝑍, 𝐷𝐼𝑅 = 0.8 and 𝑘 𝑆𝑀𝐸𝑇, 𝑁𝐼𝑇 𝑘 𝑆𝑀𝐸𝑇, 𝐷𝐼𝑅 = 1.0). Addition of nitrates to the SRFA solution enhanced the reaction rates ( 𝑘 𝐴𝑇𝑍, 𝑇𝑂𝑇 𝑘 𝐴𝑇𝑍, 𝑆𝑅𝐹𝐴 = 2.1 and 𝑘 𝑆𝑀𝐸𝑇, 𝑇𝑂𝑇 𝑘 𝑆𝑀𝐸𝑇, 𝑆𝑅𝐹𝐴 = 1.2), highlighting oxidation of atrazine and S-metolachlor with HO• originating from nitrate irradiation. DOM and nitrates in surface waters thus display similar photosensitizing or inhibitory effects on atrazine and S-metolachlor photodegradation. Similar effects can be Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -87 -

1 )

 1 . The latter degradation rates are second order and depend on the steady state concentrations of the short-lived reactive intermediates ([HO•]SS, [ 1 O2]SS and [ 3 DOM * ]SS).

Figure 3 . 1 .

 31 Figure 3.1. Observed and predicted half-lives of (a) atrazine and (b) S-metolachlor under simulated sunlight. Predicted contributions of direct and indirect pathways (HO•, 1 O2 and 3 DOM * ) to the total pesticide photodegradation is displayed within the stacked bars. Photolysis condition: DIR: direct photodegradation, NIT: effect of nitrates, SRFA: effect of DOM and TOT: combined effects of nitrates and DOM. Half-life values were calculated from degradation rates according to 𝐷𝑇 50 = 𝑙𝑛(2) 𝑘 . Error bars correspond to the 95% confidence interval.

Figure 3 . 2 .

 32 Figure 3.2. Transformation products for (a) atrazine and (b) S-metolachlor in photolysis experiment. Relative intensity refers to the peak amplitude of transformation product normalized by the intensity of the dominant transformation product peak for each sample. Photolysis condition are: DIR254: direct photodegradation at 254 nm, DIR: direct photodegradation under simulated sunlight, NIT: effect of nitrates, SRFA: the effect of DOM, and TOT: concomitant effects of nitrates and DOM together. TPs are: DIA: desisopropyl atrazine, DEA: desethyl atrazine, A-OH: hydroxyl atrazine and A-DOH: desethyl 2 hydroxy atrazine, OXA: metolachlor oxalinic acid, MET-G: 1-(1-methoxypropan-2-yl)-5,9-dimethyl-1,5-dihydro-4,1-benzoxazepin-2(3H)-one found by Lui et al., 43 CGA37735: metolachlor CGA 37735 and CGA50267: metolachlor CGA 50267.

  (Λ 𝑁/𝐶 = 1.05 ± 0.14). In contrast, Smetolachlor featured a less pronounced and inverse C fractionation and stronger N fractionation (Λ 𝑁/𝐶 = -3.2 ± 1.0).

  Direct and indirect photodegradation of atrazine and S-metolachlor in agriculturally impacted surface water and associated C and N isotope fractionation -92 -indicate multiple and co-occurring underlying photodegradation reactions under simulated sunlight.

  & Figure A6. In the case of indirect photodegradation with simulated sunlight, insignificant C and significant N isotope fractionations for both pesticides were systematically observed in NIT and TOT experiments with nitrates. Inverse and normal N fractionations were observed for atrazine and S-metolachlor, respectively ( 𝜀 𝑁 𝑇𝑂𝑇 𝜀 𝑁 𝑁𝐼𝑇 = 1.3 ± 0.5 for atrazine and 𝜀 𝑁 𝑇𝑂𝑇 𝜀 𝑁 𝑁𝐼𝑇 = 0.9 ± 0.2 for S-metolachlor). Similar N isotope fractionation in NIT and TOT experiments further confirms the predominance of nitrate-mediated photodegradation in agriculturally impacted surface waters, even in the presence of 5.4 mg C L -1 of DOM. Accordingly, N values for atrazine and S-metolachlor in the NIT experiments represent reference values, specific for HO• oxidation in the presence of nitrates. In the SRFA experiments, where 3 DOM * oxidation presumably drove indirect photodegradation along with HO•, only N isotope fractionation was observed for both pesticides (𝜀 𝑁 = 0.6 ± 0.2‰ for atrazine and 𝜀 𝑁 = -0.7 ± 0.4‰ for S-metolachlor). Low N fractionation through 3 DOM * oxidation is consistent with the absence of C-N bond cleavage during S-metolachlor dechlorination leading to OXA. In addition, similar N fractionation in NIT and SRFA experiments (  𝑁 𝑆𝑅𝐹𝐴  𝑁 𝑁𝐼𝑇 = 0.9 ± 0.5) confirms the predicted significant contribution of HO• generated by DOM irradiation (HO• = 54% and 3 DOM * = 33%

Figure 4 . 1 .

 41 Figure 4.1. Carbon isotope signature (𝛿 13 𝐶 ) as a function of the pesticide remaining fraction (𝑃(𝑡)/𝑃 0 ) of (a) acetochlor and (b) S-metolachlor in oxic and anoxic water-sediment systems. Error bars indicate the 95% confidence intervals of 𝛿 13 𝐶 values. Black lines indicate the reference carbon isotope signatures of standards measured with an elemental analyzer-isotope ratio mass spectrometry (EA-IRMS). Grey dotted lines represent the ∆𝛿 13 𝐶 𝑚𝑖𝑛,𝑤 . Colored curves are fitting to isotope data using the logarithmic expression of the Rayleigh equation (eq. 4.2).

Figure 4 . 2 .

 42 Figure 4.2. Conceptual models of pesticide phase-transfer and degradation in the water (w) and sediment (s) phase system. (a) Original model.13 (b) Simplified model adopted in the present study. Species are Ps: pesticides sorbed on the sediment phase, including the dissolved and the particulate organic carbon, Pw: freely dissolved pesticides in the water phase, Ts: sum of transformation products sorbed on total organic carbon, Tw: sum of T freely dissolved in water phase, NER: non-extractable residues and CO2: carbon dioxide. Arrows with the same color denote the same processes. Min.: mineralization.

Figure 4 .

 4 Figure 4.3. S-metolachlor and acetochlor transformation products (TPs) under oxic and anoxic conditions. Only confirmed structures (Level 1) are presented. The relative peak area (rpa) is defined for each TPs as the ratio of the peak area normalized by the response factor for one TP to the main TP for the same pesticide. Grey indicates absence of the TPs.

Figure 5 . 1 .

 51 Figure 5.1. Scheme of the bench-scale river channel. Water is recirculated by a centrifuge pump via a mixing beaker used to ensure complete mixing of the experimental solution. The mixing beaker also allows to keep constant water height. Conductivity, 𝑝𝐻 and temperature are monitored to check stable experimental conditions. 𝑂 2 foil sensors are represented at their actual size and display an example of results. The red contour frames the numerical domain. Scale are in mm.

  pH

  𝐶 𝑒𝑥𝑡,𝑤 |<0.22 and |∆𝛿 15 𝑁 𝑒𝑥𝑡,𝑤 |<0.63).
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 53 Figure 5.3. Observed (points) and simulated (lines) caffeine concentrations (𝐶(𝑡) 𝐶 0 ⁄ , black)

Figure 6 . 1

 61 Figure 6.1. The Souffel catchment (b) located in France (a) with the sampling locations (in green, red and white) and the associated land use. Likelihood of S-metolachlor applications was estimated by averaging three years (2015 to 2017) of crop rotations and based on crops with reported S-metolachlor authorization (https://ephy.anses.fr/; corns, beets). Zero denotes an absence of S-metolachlor applications, while one stands for three potential applications within the three successive years.

Figure 6 . 3 .

 63 Figure 6.3. Contribution of river and WWTPs to the total reach discharge (a) and associated S-metolachlor loads (b) for monthly sampling. G4, G7 and G3 were located directly upstream of the effluents of WWTPs 1, 2 and 3, respectively. Note that G4 is downstream of G3, and W3 thus contributed to the G4 discharge.

Figure 6 . 4 .

 64 Figure 6.4. Upstream-downstream S-metolachlor (a) concentrations and (b) isotope signature ( 13 C) in April (label 4) and June (label 6). The black solid line indicates a 1:1 relationship and the dashed line the 95% confidence interval associated with the measurements. The grey zone represents the initial isotope signature of S-metolachlor application (𝛿 13 𝐶 0 = -31.8 ± 0.3‰, commercial formulation). Error bars indicate the propagation of uncertainty on triplicate measurements for concentration and 𝛿 13 𝐶, respectively. Asterisks (*) highlight reaches with wwtps contribution.
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 71 Figure 7.1. Overview of the developed approach from smaller to larger spatial scale, with corresponding increasing complexity and environmental representativeness. The dashed color boxes indicate the targeted SWI compartment and the corresponding scale of investigation in each chapter.

Figure A1 .

 A1 Figure A1. Temporal changes of absorbance of the TOT solution caused by organic matter photobleaching.

Figure A2 .

 A2 Figure A2. Spatial distribution of irradiation intensity within the light-proof box. Transparent places correspond to empty spaces where the irradiation intensity was not measured within the light-proof box.

Figure A3 . 4 Figure

 A34 Figure A3. Absorption spectra of atrazine, S-metolachlor, nitrates and SRFA at experimental concentrations. The absorption spectra for nitrates was extracted from Gaffney et al.4 

Figure A5 .

 A5 Figure A5. Observed degradation kinetics (A) and Rayleigh plots for carbon (B) and nitrogen (C) for atrazine.

Figure

  Figure A6. Observed. degradation kinetics (A) and Rayleigh plots for carbon (B) and nitrogen (C) for S-metolachlor.

Figure A7 .

 A7 Figure A7. Dual C and N isotope plot for atrazine reflecting contrasted enrichment patterns between biotic oxidative dealkylation by the bacterial strainRhodococcus sp. NI86/21,17 abiotic alkaline hydrolysis at 𝑝𝐻 equal to 1218 and photodegradation in agriculturally impacted surface waters, with points representing the C and N enrichments observed in the presence of nitrates and dissolved organic matter (DOM).

  B6) concentrations were tested, including 0.5, 5, 10, 20, 30, 40, 50 75, 100, 125 and 150 g g -1 .

  B10) 𝑑𝑚 𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 𝑑𝑡 = -𝑘 𝑑𝑒𝑔,𝑤 × 𝑡 × 𝑉 𝑤 (B11) 𝑚 𝑝,𝑠 = 𝐾 𝑑 × 𝑚 𝑝,𝑤 × 𝑇𝑆𝑆 (B12) 𝑚 𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 = 𝑚 𝑝,𝑤 × (1 + 𝐾 𝑑 × 𝑇𝑆𝑆 ) (B13) 𝐾 𝑑 × 𝑇𝑆𝑆 = 𝐾 𝑜𝑐 × 𝑇𝑂𝐶 𝑇𝑂𝐶 = 𝑃𝑂𝐶 + 𝐷𝑂𝐶 = 𝑓 𝑜𝑐,𝑠 × 𝑇𝑆𝑆 + 𝐷𝑂𝐶 (B14) 𝑚 𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 = 𝑚 𝑝,𝑤 × [1 + 𝐾 𝑜𝑐 × (𝑓 𝑜𝑐,𝑠 × 𝑇𝑆𝑆 + 𝐷𝑂𝐶)]

Figure B2 .

 B2 Figure B2. Half-life dissipation (DT50) for atrazine (atr), terbutryn (terb), acetochlor (acet), Smetolachlor (S-meto) and metalaxyl (meta) under (a) oxic and (b) anoxic conditions in the water and the sediment phases. Metalaxyl did not follow a strict pseudo first-order kinetics (goodness on linear fit 𝑙𝑛(𝑃(𝑡)/𝑃 0 ) = -𝑘 𝑜𝑏𝑠 × 𝑡 was 𝑅 2 = 0.6) in both phases. n.d.: not determined due to insufficient degradation (𝑃(𝑡)/𝑃 0 >0.5) to calculate a 𝐷𝑇 50 .

Figure C1 .

 C1 Figure C1. Oxic biodegradation pathway of caffeine.46 

Figure C2 .

 C2 Figure C2. Relationship between the nephelometric turbidity units (NTU) record with a turbidity meter (HI 88713, HANNA) and the total suspended solids (TSS) measured by weighting.

Figure D1 .

 D1 Figure D1. Topographical wetness index (TWI) of the Souffel catchment.

Figure D2 .

 D2 Figure D2. Upstream and downstream normalized flow, 50 i.e., discharge divide by surface of the corresponding sub-catchment, for all grab sampling events. Solid line indicates a 1:1 relationship and dashed line the 95% confidence interval considering a measured flow with 30% uncertainty. Asterisks (*) highlight reaches with WWTP contribution.

Figure E2 .

 E2 Figure E2. Dissolved organic carbon (DOC) in non-autoclaved and autoclaved biodegradation experiments under oxic condition.
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Table 1 .

 1 1. Elements and analytical methods available for pesticide CSIA. from139, 142 Ref. a 143, 144, b 145 , c note that CSIA measurement for compound with heteroatoms (i.e., N, Cl, S, I, Br) has been affected by the formation of compounds of HCN, HCl, H2S, HBr or HI who hamper the measurement. Strategy using Chromium-Based High-Temperature Conversion (Cr/HTC) instead of classic HTC has been used for those compounds. 146 d No CSIA application exist yet but the comb-IRMS system allow the measurements.

	Adapted

147, e 148, f 149, g 150, 151, h 152, I 153, j 154 . GC: gaz chromatography, Comb: combustion, Comb/red: combustion followed by reduction, Pyr: pyrolysis, IRMS: isotope ratio mass spectrometer, HRMS: highresolution mass spectrometer, qMS: quadrupole mass spectrometer, ICP: inductively coupled plasma, n.r. not reported. frag: mass fragment, for instance for the analysis of the pentachlorophenol the MS mass fragment 264 and 266 are produced use to calculate the isotope ratio.

155 

Table 2 .

 2 1. Pesticides selection of present and legacy agricultural input from European regions. Ref.17 , b ref.14 & www.fao.org/faostat/ (20th March 2019), c revision date in parenthesis from https://ec.europa.eu/food/plant/pesticides/eu-pesticides-database, d ref.[18][19][20][21] , e ref.17, 22 , f at 20°C 𝑝𝐻= 7 in water.

	compound	atrazine	terbutryn	acetochlor	S -metolachlor	metalaxyl
	general description of use a				
	usage		herbicide			fungicide
	rank in used global (US) b	10 (2)	-	12 (7)	8 (3)	-
	expiration of	banned	banned	banned	approved	approved
	approval in Eu c	(2004)	(2002)	(2013)	(2021)	(2023)
	priority concern		Yes			No
	chemical structure and major transformation products (TPs)	d	
	family						phenylamide
	structure					
	formula	C 8 H 14 ClN 5	C 10 H 19 N 5 S	C 14 H 20 ClNO 2	C 15 H 22 ClNO 2	C 15 H 21 NO 4
				acetochlor		carboxylic acid
		desethylatrazine	terbutylazine-2-	oxanilic acid	metolachlor	metalaxyl,
		(DEA),	hydroxy,	(AOXA),	oxanilic acid	demethyl-
	major TPs	desisopropyl-atrazine (DIA),	Terbutryn sulfoxide,	acetochlor ethanesulfonic	(MOXA), metolachlor	metalaxyl, hydroxy-
		hydroxyatrazine	desethylhydroxy-	acid (AESA), 2-	ethane sulfonic	metalaxyl,
		(HA)	terbutryne	hydroxy-	acid (MESA)	didemethyl-
				acetochlor		metalaxyl
	physicho-chemical properties				
	pKa	1.6	4.3		-	-	-
	half-life wat.-sed. (days)	80	60		20	47	32
	solubility (mg L -1 ) f	35	25		280	480	8400
	octanol/water coef. (Log(P ow ))	2.7	3.7		4.1	3	1.8
	sorption (K oc ; mg g C -1 )	100	2432		156	185	162

a e triazine chloroacetamide

Table 2 .

 2 2. Location and characterization of the soils and sediment samples.n.m.: not measured, 𝐶𝐸𝐶: cation exchange capacity, 𝑓 𝑂𝐶 : fraction of organic carbon and 𝐶 𝑚𝑖𝑛 : mineral carbon, respectively. a measured posteriori in the laboratory. b assumed to be zero from the 𝑝𝐻 measurement.
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. Reproducibility of optimized extraction method.

10 .

 10 Buczyńska, A. J.; Geypens, B.; Van Grieken, R.; De Wael, K., Stable carbon isotopic ratio measurement of polycyclic aromatic hydrocarbons as a tool for source identification and apportionment-A review of analytical methodologies. Talanta 2013, 105, 435-450.

11. Reiffarth, D. G.; Petticrew, E. L.; Owens, P. N.; Lobb, D. A., Sources of variability in fatty acid (FA) biomarkers in the application of compound-specific stable isotopes (CSSIs) to soil and sediment fingerprinting and tracing: A review. Sci. Total Environ. 2016, 565, 8-27. 12. Xu, Z.; Shen, X.; Zhang, X.-C.; Liu, W.; Yang, F., Microbial degradation of alphacypermethrin in soil by compound-specific stable isotope analysis. J. Hazard. Mater. 2015, 295, 37-42. 13. Wijker, R. S.; Bolotin, J.; Nishino, S. F.; Spain, J. C.; Hofstetter, T. B., Using compoundspecific isotope analysis to assess biodegradation of nitroaromatic explosives in the subsurface. Environ. Sci. Technol. 2013, 47, (13), 6872-6883. 14. Atwood, D.; Paisley-Jones, C. Pesticides industry sales and usage 2008-2012 market estimates; U.S. Environmental Protection Agency: Washington, DC, US, 2017; p 24. 15. The European Parliament and the Council, Directive 2000/60/EC establishing a framework for community action in the field of water policy. OJEC 2000, 43, (L327), 1-73. 16. Barbosa, M. O.; Moreira, N. F. F.; Ribeiro, A. R.; Pereira, M. F. R.; Silva, A. M. T., Occurrence and removal of organic micropollutants: An overview of the watch list of EU Decision 2015/495. Water Res. 2016, 94, 257-279. 17. Lewis, K. A.; Tzilivakis, J.; Warner, D. J.; Green, A., An international database for pesticide risk assessments and management. Hum. Ecol. Risk Assess. 2016, 22, (4), 1050-1064. 18. Fenner, K.; Canonica, S.; Wackett, L. P.; Elsner, M., Evaluating pesticide degradation in the environment: Blind spots and emerging opportunities. Science 2013, 341, (6147), 752-758. 19. Berg, M.; Muller, S. R.; Schwarzenbach, R. P., Simultaneous determination of triazines including atrazine and their major metabolites hydroxyatrazine, desethylatrazine and deisoproppylatrazine in natural waters. Anal. Chem. 1995, 67, (11), 1860-1865. 20. Luft, A.; Wagner, M.; Ternes, T. A., Transformation of biocides irgarol and terbutryn in the biological wastewater treatment. Environ. Sci. Technol. 2014, 48, (1), 244-254. 21. Wang, X. R.; Qiu, J.; Xu, P.; Zhang, P.; Wang, Y.; Zhou, Z. G.; Zhu, W. T., Rapid metabolite discovery, identification, and accurate comparison of the stereoselective metabolism of metalaxyl in rat hepatic microsomes. J. Agric. Food. Chem. 2015, 63, (3), 754-760. 22. Kegley, S. E.; Hill, B. R.; Orme, S.; Choi, A. H. PAN pesticide database, pesticide action network, North America http://www.pesticideinfo.org (18 th January 2019). 35. Stahnke, H.; Kittlaus, S.; Kempe, G.; Alder, L., Reduction of matrix effects in liquid chromatography-electrospray ionization-mass spectrometry by dilution of the sample extracts: How much dilution is needed? Anal. Chem. 2012, 84, (3), 1474-1482. 36. Perry, R. H.; W., G. D., Perry's chemical engineers' handbook. McGraw Hill: 1999; p 50-54. 37. US EPA Method 3620C -florisil cleanup, test methods for evaluating solid waste, physical/chemical methods; United States Environmental Protection Agency: 2007; p 27. 38. Ding, B.; Rezanezhad, F.; Gharedaghloo, B.; Van Cappellen, P.; Passeport, E., Bioretention cells under cold climate conditions: Effects of freezing and thawing on water infiltration, soil structure, and nutrient removal. Sci. Total Environ. 2019, 649, 749-759. 39. Ulrich, B. A.; Vignola, M.; Edgehouse, K.; Werner, D.; Higgins, C. P., Organic carbon amendments for enhanced biological attenuation of trace organic contaminants in biochar-amended stormwater biofilters. Environ. Sci. Technol. 2017, 51, (16), 9184-9193. 40. Bakkour, R.; Bolotin, J.; Sellergren, B.; Hofstetter, T. B., Molecularly imprinted polymers for compound-specific isotope analysis of polar organic micropollutants in aquatic environments. Anal. Chem. 2018, 90, (12), 7292-7301. 41. Widstrand, C.; Björk, H.; Yilmaz, E., Analysis of analytes: The use of MIPs in solidphase extraction increases efficiency and improves detection limits. Laboratory news 2006, June, 14-15.

Table 4 .

 4 1. Dissipation half-life (𝐷𝑇 50 ), degradation half-life (𝐷𝑒𝑔𝑇 50 ), carbon bulk isotopic enrichment factor (𝜀 𝑏𝑢𝑙𝑘,𝐶 ) and apparent kinetic isotope effect (AKIE) for the bulk, water (w) and sediment (s) phase under oxic and anoxic experiments 𝐷𝑇 50,𝑤 (days) a 𝐷𝑇 50,𝑠 (days) a

	𝐷𝑒𝑔𝑇 50,𝑤 (days) a	𝜀 𝑏𝑢𝑙𝑘,𝐶 (‰) b	𝜀 𝑏𝑢𝑙𝑘,𝑐𝑜𝑟𝑟,𝐶 (‰) c	AKIEbulk,C (˗) d

a Half-life time were calculated following a pseudo first-order kinetics: 𝐷𝑇 50 = 𝑙𝑛 (2) 𝑘 𝑜𝑏𝑠 ⁄

  species i in [L3 /M], and 𝛼 𝑖 the first order rate of sorption [T-1 ]. 𝑟 𝑖 is the first order reactive term of species 𝑖 degraded by process 𝑗 at rate 𝑘 𝑗,𝑖 . 𝜌 𝑏𝑢𝑙𝑘 is the bulk density of the porous medium [M/L 3 ], 𝐷 𝑖 is the associated dispersion tensor [L 2 /T], accounting for molecular diffusion (𝐷 𝑚,𝑖 ) [L 2 /T], and longitudinal (𝛼 𝐿 ) and transversal (𝛼 𝑇 ) dispersion [L ], 𝛿 𝑙𝑚 is the Kronecker function and r i is the reactive term representing either sorption or degradation of species 𝑖. The velocity field 𝑢 is computed before the transport via a coupled Navier-Stokes and Darcy-Brinkman system of equations, allowing to accurately reproduce velocity profiles at the SWI.37 

	Organic pollutant biodegradation at the sediment-water interface in a bench-scale river
	channel: insights of compound specific isotopes analysis (CSIA)
			𝐸 ≈	1 𝑛 1 + 𝑧 × ( 𝑥 ) ×	1000 𝜀 𝑏𝑢𝑙𝑘,𝐸	(5.3)
	𝛩 ×	𝜕𝐶 𝑖 𝜕𝑡	+ 𝜌 𝑏𝑢𝑙𝑘 ×	𝜕𝑆 𝑖 𝜕𝑡	+ 𝑢 × 𝛻𝐶 𝑖 -𝛻 × (𝐷 𝑖 × 𝛻𝐶 𝑖 ) = 𝑟 𝑖	(5.4)
			𝜕𝑆 𝑖 𝜕𝑡	= 𝛼 𝑖 × (𝐾 𝑑,𝑖 × 𝐶 𝑖 -𝑆 𝑖 )	(5.5)
					𝑟 𝑖 = -𝑘 𝑗,𝑖 × 𝐶 𝑖	(5.6)
	𝐷 𝑖 = 𝐷 𝑚,𝑖 × 𝐼 + 𝐷 𝑑𝑖𝑠𝑝	
			+ (𝛼 𝐿 -𝛼 𝑇 ) × = (𝛼 𝑇 × |𝑢| + 𝐷 𝑚 ) × 𝛿 𝑙𝑚 |𝑢| 𝑢 𝑙 × 𝑢 𝑚	𝑙, 𝑚 = 1,2	(5.7)

Table A2 .

 A2 the relative fraction of light absorbed by PNA at wavelength λ also provided by Laszakovits et al.1 and 𝐹 𝑊 (𝜆) the relative photon irradiance of the lamp at wavelength 𝜆. Irradiation conditions with Xenon arc lamp and correction factors used to estimate photodegradation rates. Light intensity are reported as the arithmetic mean of light measurements at the beginning and the end of the respective experiments. Relative light intensities stand for the contribution of each wavelength interval (VIS, UVA, UVB) to the whole irradiation, 𝐼 𝑟𝑒𝑙𝑎𝑡𝑖𝑣𝑒 =

			3	
		𝑑𝐶 𝑃𝑁𝐴 𝑑𝑡	(𝜆) =	𝜖(𝜆) ∑ 𝜖(𝜆) 𝜆	× Θ 𝑃𝑁𝐴 × 𝐹 𝑊 (𝜆)	(A1)
	with independent PNA quantum yield, 𝑑𝐶 𝑃𝑁𝐴 the observed pseudo first-order decaying rate of PNA, 𝛩 𝑃𝑁𝐴 the wavelength 𝑑𝑡 𝜖(𝜆) ∑ 𝜖(𝜆)
	𝑑𝐶 𝑃𝑁𝐴 𝑑𝑡	= ∑ ( 𝜆	𝜖(𝜆) ∑ 𝜖(𝜆) 𝜆 ∑ 𝑖 ∈ {𝑉𝐼𝑆,𝑈𝑉𝐴,𝑈𝑉𝐵} × Θ 𝑃𝑁𝐴 × 𝐹 𝑊 (𝜆)) 𝐼 𝜆 𝐼 𝜆 𝑖 .	(A2)
	eq. A2 and 𝐹 𝑊 (𝜆) and	𝜖(𝜆) ∑ 𝜖(𝜆) 𝜆	were computed over the range of validity for the PNA/Pyr system
	𝜆 ∈ [290,400] nm.				

𝜆 a b Correction of degradation rates were performed according to the correction factors with the averaged total light intensity 𝐼 𝑡𝑜𝑡 ̅̅̅̅ = 15.1 mW cm -2 as the reference value divided by individual total light intensities, 𝐹 𝑘 = 𝐼 𝑡𝑜𝑡 ̅̅̅̅ /𝐼 𝑡𝑜𝑡 .

  -1 s -1 and 𝑘 𝑅,𝑆𝑒𝑛𝑠 is the second-order rate constant of consumption of 𝑅 by Sens in mol -1 L s -1 . 𝑘 𝑑, 𝑂 refers to the first-order reaction rate of O 2 1 with water and is expressed in s -1 . [O2] was set to 2.4 × 10 -4 M corresponding to the aqueous saturation at 20°C. Although it is in principle possible to evaluate [ 3 DOM * ]ss using eq. A8, there are some uncertainties in the literature about the value of 𝛷 𝐷 3 𝑂𝑀 * . We chose to evaluate [ 3 DOM * ]ss using the following expression: [ 3 DOM * ]ss  [ 1 O2]ss 𝑓 ∆ ⁄ , where 𝑓 ∆ is the fraction of 3 DOM* that produces 1 O2. We chose a value of 0.34 for 𝑓 ∆ based on data for a Suwannee River natural organic matter isolate from the IHSS.11 

Table A4 .

 A4 Comparison of predicted and observed degradation rates and presentation of the predicted contribution of each short-lived reactive intermediate to the overall photodegradation.

			predicted contribution (%)	k deg (d -1 )	obs / pred
	pesticide	condition direct	HO•	1 O 2	3 DOM * obs pred	(%)
		DIR	100	0	0	0	0.57 0.57	100
	atrazine	NIT SRFA	25 34	75 22	0 2	0 42	0.46 0.94 0.14 0.12	49 117
		TOT	17	62	1	20	0.30 0.15	200
		DIR	100	0	0	0	0.28 0.28	100
	S-metolachlor	NIT SRFA	5 8	95 54	0 4	0 33	0.28 5.11 0.09 0.10	5 90
		TOT	3	87	1	9	0.11 0.21	52

  𝑑𝑚 𝑝,𝑤 𝑑𝑡 = -𝑘 𝑜𝑏𝑠,𝑤 × 𝑡 × 𝑉 𝑤 (B16) 𝑘 𝑑𝑒𝑔,𝑤 = 𝑘 𝑜𝑏𝑠,𝑤 × [1 + 𝐾 𝑜𝑐 × (𝑓 𝑜𝑐,𝑠 × 𝑇𝑆𝑆 + 𝐷𝑂𝐶)] (B18) 𝑘 𝑑𝑒𝑔,𝑤 = 𝑘 𝑜𝑏𝑠,𝑤 × [1 + 𝐾 𝑜𝑐 × 𝑓 𝑜𝑐,𝑠 × 𝑇𝑆𝑆]

	𝑑𝑚 𝑝,𝑠𝑦𝑠𝑡 𝑑𝑡 Accordingly, 𝜀 𝑏𝑢𝑙𝑘,𝐸 is not linearly correlated to 𝑙𝑛 ( = 𝑑𝑚 𝑝,𝑤 𝑑𝑡 × [1 + 𝐾 𝑜𝑐 × (𝑓 𝑜𝑐,𝑠 × 𝑇𝑆𝑆 + 𝐷𝑂𝐶)] 𝑚 𝑝,𝑤 𝑚 𝑝,0	(B17)
					(B19)
	𝑙𝑛 ( 𝛿 ℎ 𝐸(𝑡) + 1 𝛿 ℎ 𝐸 0 + 1	) = 𝜀 𝑏𝑢𝑙𝑘,𝐸 × 𝑙𝑛 (	𝑚 𝑝,𝑤 𝑚 𝑝,0	)	(B20)

  𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 -𝑚 𝑝,𝑠 𝑚 𝑝,𝑠→𝑤 (𝑡) = 𝑚 𝑝,𝑠→𝑤 (𝑡 -1) -𝑚 𝑝,𝑑𝑒𝑔 (B24) 𝑚 𝑝,𝑑𝑒𝑔 = 𝑃 𝑤 × 𝑉 𝑤 × 𝑒 -𝑘 𝑑 𝑔 ×𝑡 (B25) 𝛿 ℎ 𝐸 𝑚𝑒𝑎𝑠 = 𝑓 𝑝,𝑠→𝑤 × 𝛿 ℎ 𝐸 𝑠 + (1 -𝑓 𝑝,𝑠→𝑤 ) × 𝛿 ℎ 𝐸 𝑤

						(B21)
	𝑙𝑛 (	𝛿 ℎ 𝐸(𝑡) + 1 𝛿 ℎ 𝐸 0 + 1 ) = 𝜀 𝑏𝑢𝑙𝑘,𝐸 × 𝑙𝑛 ( 𝑚 𝑝,𝑠𝑦𝑠𝑡𝑒𝑚 -𝑚 𝑝,𝑠 𝑚 𝑝,0	)	(B22)
		𝑓 𝑝,𝑠→𝑤 =	𝑚 𝑝,𝑠→𝑤 (𝑡) 𝑚 𝑝,𝑠→𝑤 (𝑡) + 𝑚 𝑝,𝑤 (𝑡)	(B23)
						(B26)
	𝛿 ℎ 𝐸 𝑤 (𝑡) + 1 𝛿 ℎ 𝐸 0 + 1	=	𝛿 ℎ 𝐸 0 + 1 𝛿 ℎ 𝐸 𝑚𝑒𝑎𝑠 -𝑓 𝑝,𝑠→𝑤 × 𝛿 ℎ 𝐸 0 1 -𝑓 𝑝,𝑠→𝑤	+ 1	(B27)

Table B2 .

 B2 Change from days 0 to 300 of the dissolved organic carbon content (DOC), specific ultraviolet absorbance (SUVA254/280) and mean carbon oxidation state (𝑂 ̅ 𝑥) in biodegradation experiments. Calculated with eq. B4. b Calculated with eq. B3,propagation of uncertainty associated with the measurement is typically ±0.3. 24 c n.m. not measured but considered as similar as under oxic conditions at time zero. Uncertainties correspond to the standard deviation (SD) of triplicate measurements.

	Hydrochemistry			
						Figure B1. Changes
						of	hydrochemistry
						during
	times (days) anoxic oxic	0 → 300 DOC (ppm) 19 ± 4 5 10 ±	day 0 300 SUVA 254/280 (L mg 0 -1 C m -1 ) 4.2 ± 0.0 / 6.3 ± 0.0 / 9.5 ± 2.4 12.0 ± 1.6 n.m. c n.m. c	a	day 300 b biodegradation 0 𝑂 ̅ 𝑥 experiments. (a) 𝑝𝐻, 300 n.m. c (b) magnesium--0.48 ± -0.45 calcium (Mg 2+ + 0.02 Ca 2+ ), (c) chloride -0.14 (Cl -), (d) sulfate
	residuel humidity (w/w)	non-autoclaved 0.37 ± 0.03	autoclaved	non-(SO4 2-) and (e) nitrate autoclaved (NO3 -) concentration.
	CEC (cmol g -1 ) 𝑝𝐻 𝑜 𝑝𝐻 𝐶𝑎𝐶𝑙		7.5 ± 0.5 7.2 ± 0.5 14.3 ± 2.8	
	BD (g cm -3)		1.7 ± 0.1	
	clay (< 2µm; %)		21.2 ± 2.5		19.3
	silt (2 -50 µm; %)	67.4 ± 2.5		65.5
	sand (50 -2000 µm; %)	11.4 ± 4.3		15.2
	𝑓 𝑂𝐶	(%) a		2.3 ± 2.1	1.2	2.0
	C/N a		7.2 ± 1.5	9.3	7.0
	C min (%) a		3.9 ± 0.5	4.9	4.0
	OM (%)		17.0	
	SiO 2 (%)		52.9	
	Al 2 O 3 (%)		7.4	
	MgO (%)		1.5	
	CaO (%)		13.4	
	Fe 2 O 3 (%)		2.9	
	MnO (%)		0.076	
	TiO 2 (%)		0.44	
	Na 2 O (%)		1.0	
	K 2 O (%)		1.7	
	P 2 O 5 (%)		0.30	

a

Table C2 .

 C2 Flow reactive transport model parameters. uncertainty are reported as the 75% percentile from 20 measurements. Ref.Drouin 47 , Price48 , Soetaert et al.49 

	Pesticide mass balance		
	Hydraulic parameters -flow and transport	ref.
	mesh (nb triangle / max size (mm))	5606 /4	
	a L (m)	0.01	Drouin et al.
	a T (m)	a L × 0.1	
	Θ (w/w) K s (m s -1 ) a a	0.16 ± 0.02 (4.4 ± 2.2) × 10 -4	in this study
	Reactive parameters -caffeine and oxygen	
	k O2 (s -1 )	(2.0 ± 1.4) × 10 -2 in this study
	k d (s D caf (m 2 s -1 ) -1 )	8.3 × 10 8 × 10 -10 -5	Price
	K M (mol L -1 )	1	Soetaert et al.

a

Table D3 .

 D3 Attempted mass balance at the catchment scale: agricultural field and river. calculated on the basis of TableD1. b extrapolated from the topsoil data in the vicinity of G10 and G11 (n = 2). c data from the outlet of the catchment (n = 67), d range covered by the three scenarios. e estimated from grab sampling ( n= 7 x 3 locations). n.o. not occuring, n.m. not measurable.

					unit	mean ± standard deviation (min-max)
	area				km 2	120
	application area	a			km 2	64.5 ± 2.2
	S -metolachlor application and stock in the soil
	stock in the soil (top 10 cm) before applications	b	kg	7.49 ± 0.26
	maximal scenario (likehood)		kg	9224 ± 217
	economic scenario (likehood)		kg	6159 ± 146
	realistic scenario (survey)		kg	4909 ± 116
	stock in the soil (top 10 cm) after 214 days	b	kg	38.2 ± 1.3
	hydrology c			
	outflow discharge (0-214 days)	m 3 day -1	8800 ± 9050	(1400-72,270)
	erosion c			
	TSS export (0-214 Days)			t	720
	S -metolachlor export in runoff/discharge	c
	dissolved export (0-214 days)		kg	4.87 ± 1.00
	particulate export (0-214 days)		kg	n.o.
	total export (dissolve and particulate) (0-214 days)	d	%	(0.04 -0.12)
	wwtp S -metolachlor load	e		%	49 ± 6
					kg	2.4 ± 0.8
	dissipation process in the river stretch
	sorption in sediment bed			n.o.
	hydrolysis (0-214 days)			n.o.
	hyporheic exchange			n.m.
	photolysis (0-214 days)			%	10.4 ± 2.9
					g	506 ± 23
	river biodegradation (0-214 days)	%	2.7 ± 2.3
					g	131 ± 20
	dissipation process in the agricultural field
	volatilization (0-36h after application)	%	(2.2 -5.5)
	field biodegradation (0-214 days)	%	98.9 ± 4.7
					kg	(4740 -9337)
	remaining mass unaccounted for	d	kg	(91 -142)
					%	1.50 -1.90

a

Table E1 .

 E1 Mineralogy semi-quantitative pattern assignment.

			0 /𝐼) = 1.3		(D4)
	𝑆 =	(1 -𝑒 -𝛼 330 ×𝑍 𝑝ℎ𝑜𝑡𝑖𝑐 ) 𝛼 330 × 𝑍 𝑝ℎ𝑜𝑡𝑖𝑐	(D5)
	𝑘 𝑝ℎ𝑜𝑡,𝑟𝑖𝑣𝑒𝑟 =	𝑘 𝑝ℎ𝑜𝑡,𝑠𝑖𝑚 𝐿 𝑠𝑖𝑚 𝐿 𝑟𝑖𝑣𝑒𝑟 ⁄	× 𝑆	(D6)

a estimate accuracy of 1%.

Table E2 .

 E2 Isotopic bulk enrichment factor (Ɛ 𝑏𝑢𝑙𝑘,𝐸 ) and apparent kinetic isotope effects for carbon, nitrogen and chlorine found in the literature. AKIE is calculated on eq. 4.3. Ref. A 18 , B 71 , C 72 , D30 , E73 RésuméLa contamination des rivières par les pesticides à l'échelle de la planète impacte la biodiversité et la production d'eau potable. L'interface eau-sédiment des rivières joue un rôle clé dans la dissipation des pesticides mais son fonctionnement reste méconnu. Cette thèse a ciblé les processus de dégradation à cette interface en développant l'analyse isotopique composé-spécifique (AICS) d'un panel de pesticides, de l'échelle du laboratoire jusqu'aux rivières. Les résultats ont permis d'identifier les facteurs d'enrichissement isotopiques en carbone et azote spécifiques pour différents processus de dégradation (photolyse, biodégradation) pour interpréter des signatures isotopiques en rivière. Le rôle clé des écoulements en rivière sur la persistance et la dégradation des pesticides a été identifié. Des pistes d'amélioration de l'AICS sont proposées pour évaluer plus systématiquement la persistance des pesticides dans les rivières.

			Boris DROZ-DIT-BUSSET	
	Experimental system	ε bulk,C (‰) ε bulk,N (‰) ε bulk,Cl (‰) Pesticides dissipation at the AKIE C AKIE N sediment-water interface: insight from compound-specific isotope analysis (CSIA)	Ref.
			acetochlor -abiotic hydrolysis	
	pH 12 (0.4 M 1:1 NaOH/KCl)	-4.0 ± 0.8	n.s.	a	1.060 ± 0.012	A
			biotic degradation		
	lab-scale wetland column					
	flow through experiment	-3.4 ± 0.5			1.051 ± 0.007	B
	supply with ditch water					
		S -metolachlor -abiotic hydrolysis	
	pH 12 (0.4 M 1:1 NaOH/KCl)	-2.8 ± 0.6 -2.0 ± 1.3	1.043 ± 0.008 1.002 ± 0.001	A
	pH 12 (0.05 M Na 2 HPO 4 with 0.1 M NaOH)	-3.3 ± 1.0		-9.7 ± 2.9 1.052 ± 0.001	C
			biotic degradation		
	static oxic soil mesocosm					
	with water content of	-1.5 ± 0.5			1.023 ± 0.001	D
	20% and 40%					
	field data -open Raleigh system	-1.4 ± 0.4			1.0214 ± 0.0004	D
	field data -best fit	-1.1 ± 0.5			1.017 ± 0.001	E

a n.s. not significant isotopic fractionation. c

Mots-clés : transport réactif model, isotope stable, eau de surface, station d'épuration.

-Understanding the interplay between degradative and non-degradative processes

-Evaluating pesticide degradation at catchment scale and hydrologically connected rivers

This chapter gathers the contributions of an unpublished study by Charline Wiegert, and method developments and validations by Paula Perez, Benoît Guyot and Boris Droz for their respective experiments.
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This chapter is an edited version of: Droz, B., Drouin, G., Payraudeau, S., Fahs, M. & Imfeld, G. Organic pollutant biodegradation at the sediment-water interface: insights of CSIA at the bench-scale river channel drafted for Env. Sci. & Tech. B.D. & G. D. contribute equally to this chapter.

This chapter is an edited version of: Droz, B., Drouin, G., Lohmann, J., Guyot, B., Payraudeau, S. & Imfeld, G. Persistence of S-metolachlor in rivers: Insights from compound-specific isotope analysis (CSIA), drafted for Env. Sci. & Tech.
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Transformation products analysis

Table B6. Suspect list of parent compound and transformation product identified from the literature and screened by liquid chromatography (LC) coupled to an Impact-II (Bruker, Germany) quadrupole time of flight (Q-TOF) to perform high resolution mass spectrometry (HR-MS/MS).

Electronic Appendix available pre-publishing on the CNRS website at https://seafile.unistra.fr/f/485d381c52114599be21/?dl=1

Preface to Chapter 2

The following chapter describes the development and validation of carbon-based compound-specific isotope analysis (CSIA) for a panel of pesticides in water sediments and agricultural soils. The chapter details the adaptation of existing protocols from the literature 1 for pesticide extraction, quantification by gas chromatography-mass spectrometry (GC-MS) and stable isotope analysis of carbon (C) and nitrogen (N) by gas chromatography-isotope ratio mass spectrometry (GC-IRMS) from water, sediments and agricultural soils.

This methodological development was a key preliminary step to reliably measure C and N isotope signatures of pesticide along this Ph.D. project and was used in chapter 3 to 6.

pesticides may depend on the type of matrix and further improvements should focus on N-CSIA of pesticide from sediment and soil samples. The extraction method was suitable for C-CSIA of pesticides under low DOC content (<20 mg L -1 ), and may be suited for a range of compounds with chemical properties similar as those of pesticides targeted in this study: 𝐾 𝑂𝐶 ranging from 100 to 2500 mg pest g C -1 and log 𝑃 𝑂𝑊 from 1 to 4.

Preface to Chapter 6

The previous chapters based on batch experiments and a bench-scale river channel underlined the advantage of CSIA to examine the occurrence of in situ degradation without preliminary knowledge on TPs and without a full mass-balance. The following chapter aims to validate the potential of CSIA to evaluate pesticide degradation with multiple sources of pesticides at the river and catchment scale, although it was never applied for surface water. Chapter 6 highlights the design and the results of a sampling campaign conducted from March to September 2019 at the Souffel catchment (Bas-Rhin, France; 120 km²). This step is the final scale to assess the feasibility and limits of CSIA to evaluate the degradation and to identify hotspots and hot-moments affecting the degradation of the targeted herbicide S-metolachlor, which is currently widely applied on the Souffel catchment.

Chapter 7

General conclusion

Introduction

The overall goal of this thesis was to improve interpretation of pesticide dissipation at the sediment-water interface (SWI) where degradation, phase transfer and transport processes co-occur at different temporal and spatial scales in surface water. In this context, compoundspecific isotope analysis (CSIA) may help to tease apart pesticide biodegradation from other dissipation processes and to identify degradation pathways.

Based on the current knowledge, presented in the Chap. 1, our thesis aimed to address the following gaps concerning pesticide dissipation at the SWI:

How can isotope signatures reflect ongoing direct and indirect photolysis

processes? 2. What is the extent of biodegradation in the water-sediment system? 3. How does water flow velocity influence pesticide dissipation and the contribution of non-degradative and degradative processes in the water column and in the hyporheic zone (HZ)? 4. What are the potential and limits of CSIA to evaluate pesticide degradation and persistence in rivers under environmental conditions during a growing season?

In a first section, these four questions are situated in the context of the multi-scale and multi-compartment approach developed in this thesis (Figure 7.1). Then, the main findings and implications of this thesis are discussed in two distinct sections, with an emphasis on the gradient of the investigation scale in terms of both processes complexity and environmental representativeness. The limits of our approach and expected improvements for further investigation of pesticide dissipation understanding at the SWI are eventually addressed in Chap. 8.

Consequently, dual plots will become necessary for further environmental investigations, but the choice of elements analyzed will be critical and constrained by the preliminary knowledge of the degradation pathways examined at the lab scale.

One disadvantage of the GC-qMS isotope application is that the analytic gas is dependent on the organic compound as the analyte are a mass fragment of the organic compound molecule containing Cl. Consequently, several molecularly identical isotopic reference materials with known 𝛿 37 𝐶𝑙 should be established for a large spectrum of 𝛿 values to implement the regular reference standard strategy of CSIA. 35 The establishment of in-house Cl reference material is crucial and challenging for new molecule investigation, but has been recently accomplished for acetochlor and S-metolachlor. 36 The authors provide the synthesis method to generate in-house reference material, which could potentially be applied to a large spectrum of Cl-containing organic compounds and open new avenues for CSIA application. However, in-house refence material  values must be validated by inter-laboratory consensus measurement with reference comparison between GC-qMS versus GC-ICP-HRMS and/or GC-HTC-IRMS. 29 To conclude, new method development will be needed for chlorine isotope investigation to offer new insights into pesticide degradation at the field scale for new organic compounds. GC-qMS 𝛿 37 𝐶𝑙 is the most affordable method, with a low method development cost and similar accuracy and sensitivity to the reference method (GC-HTC-IRMS), that can be used for new applications. However, there is a crucial need to establish suitable reference material with inter-laboratory consensus and reference method validations beforehand.

Improving sample preparation, accuracy, reproducibility, and sensitivity for CSIA measurements

Sample preparation for GC-IRMS measurement should meet the following criteria: i) the pesticides extraction should produce at least a 70% yield, ii) the extraction and following preparation should not induce significative isotopic fractionation of the target element, which should be at least lower than the typical precision for the considered element (Table 1.1), iii) the sample should be sufficiently concentrated to enable measurement of the target element, iv) a complete separation of the individual pesticides should be achieved, and v) the absence of matrix effects, which could cause background interference in the measurements, should be demonstrated. In this thesis, for a mixture of pesticides, I have addressed the two first points with C-CSIA (Chap. 2). Criterion iv) is very important because the two isotopologues were found to elute differently, where the heavier appear slightly earlier on the gas chromatogram. 37 If the two associated pesticides peaks overlap, the 𝛿 values of both would be altered. 38 However, this point was largely covered by the good laboratory practice of properly separating two organic compounds 39 in the GC and was not considered to be limiting. Criteria iii) and v) are related since the common analytical strategy is to concentrate the sample to meet the requirement of typical sensitivity of the measured element, which increases the matrix concentration and potential associated measurement pitfall. Two complementary strategies could be envisaged to resolved both problems simultaneously. This includes (i) more
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List of chemicals

Pesticides.

S-metolachlor

and metolachlor d11 were analytical grade (Pestanal, >99.9%, Sigma-Aldrich®, St Louis, MO, USA). Actinometer. p-nitroanisole (PNA) and pyridine (anhydrous, >99.8%) were analytical grade (>97%).

Transformation products of S-metolachlor and atrazine. S-metolachlor

Solvents and other chemicals:

The solvents dichloromethane (DCM), acetonitrile (ACN) and ethyl acetate (EtOAc) were HPLC grade purity (>99.9%). All the pre-cited chemicals as well as magnesium sulfate heptahydrate (BioUltra, ≥99.5%), calcium chloride hexahydrate (BioUltra, ≥99.0%), calcium nitrate tetrahydrate (≥99.0%), potassium phosphate monobasic (BioUltra, ≥99.5%) and sodium phosphate dibasic (BioUltra, ≥99.5%) used for buffer solution and synthetic water preparation were purchased from Sigma-Aldrich® (St Louis, MO, USA). 𝑇𝑆𝑆, concentration of total suspended solids (kg L -1 ) 𝐷𝑂𝐶, concentration of dissolved organic carbon (kg C L -1 ) 𝐷𝐼𝐶, concentration of dissolved inorganic carbon (kg C L -1 ) 𝐶𝑂𝐷, chemical oxygen demand (kg O2 L -1 ) 𝑓 𝑜𝑐 , content of sediment organic carbon (w/w) 𝑃𝑂𝐶 = 𝑓 𝑜𝑐 × 𝑇𝑆𝑆, concentration of particulate organic carbon (kg C L -1 ) 𝑇𝑂𝐶 = 𝐷𝑂𝐶 + 𝑃𝑂𝐶, concentration of total organic carbon (kg C L -1 ) 𝐾 𝑑 , sediment partitioning coefficient (L kg -1 ) 𝐾 𝑜𝑐 , sediment organic carbon-water partitioning coefficient (L kg -1 ) 𝑃 𝑠 , pesticide concentration in the sediment phase (g kg -1 ) 𝑃 𝑤 , freely dissolved pesticide concentration in the water phase (g L -1 ) 𝑃(𝑡) 𝑃 0 ⁄ , fraction of remaining pesticides as a function of time t 𝑚 𝑝,𝑤 , pesticide mass in the water phase Solvent and reagents: dichloromethane (DCM), acetonitrile (ACN), ethanol (EtOH), ethylacetate (EtOAc) and pentane in HPLC grade purity (>99.9%), anhydrous magnesium sulphate (MgSO4; technical grade reagent, >97%), calcium nitrate tetrahydrate
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Chemicals reagents

Solvent and reagents including: dichloromethane (DCM), acetonitrile (ACN), ethanol (EtOH) and ethylacetate (EtOAc) in HPLC grade purity (>99.9%), calcium nitrate tetrahydrate (Ca(NO3)2•4H2O), magnesium sulfate heptahydrate (MgSO4•7H2O), calcium chloride dihydrate (CaCl2•2H2O), sodium bicarbonate (NaHCO3), potassium dihydrogen phosphate (KH2PO4), disodium hydrogen phosphate (Na2HPO4) and caffeine (C8H10N4O2) were purchased in A.C.S-grade reagents (≥99%) from Sigma-Aldrich.

Synthetic water preparation and characterization

The preparation of the synthetic water followed the Esthwaite lake soft water recipe. 20 Two stock solutions, 50 fold concentrated, were made with (i) 40 mg L -1 Ca(NO3)2•4H2O, 15 mg L -1 MgSO4•7H20, 20 mg L -1 CaCl2•2H2O and (ii) 30 mg L -1 NaHCO3. (i) was dissolved into the required amount of ultrapure water and (ii) was added under continuous stirring of the solution. The use of sodium bicarbonate is likely to end up in dissolved CO2 excess or deficit which was balanced with 24 h vigorous stirring prior to the experiment. 𝑝𝐻 was measured time to time during these 24h to check for stability. Then the synthetic water was filtrated at 0.2 m using a cellulose acetate (CA) filter. The hydrochemistry of the synthetic water was measured prior to each experiment by ionic chromatography (ICS-5000, Dionex/Thermo Fischer, US EPA 300.0) and TOC analyzer (TOC-V-CPH Shimadzu, NF EN 1484), and was in average (n = 4; ± SD) in mg L -1 : Na + 8.2 ± 0.9, K + 0.05 ± 0.01, Mg 2+ 2.7 ± 0.3, Ca 2+ 10 ± 2, Cl -9.7 ± 0.5, NO3 -21 ± 1.5, SO4 2-10.7 ± 0.6, DOC 0.8 ± 0.3 and DIC 4.5 ± 0.1.

Rayleigh plots

Figure C3. Logarithmic Rayleigh plot for the caffeine batch biodegradation experiment. Solid and dash lines express the linear fit and the 95% confidence interval of the Rayleigh equation.
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Prediction of carbonate dissolution using the conductivity

Relationship between measured conductivity and predicted conductivity (𝜅) could be dressed with the cation-anion measurement (Figure C3): where the 𝐶 𝑖 was the molar concentration (mol L -1 ) of each cation-anion and Λ 𝑖 the respective molar conductivity (mS m 2 mol -1 ). Cation-anion measurement during the experiment shows no difference except for carbonate. As a consequence, conductivity could be used as a proxy of aqueous carbonate concentration change over time (Δ𝐶 𝐶𝑎𝐶𝑂 3 (𝑡)): 
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Likelihood of crop rotation and S-metolachlor application dose

Agricultural fields that could potentially receive S-metolachlor applications were identified by cross-referencing information on types of crops that typically receive Smetolachlor applications (https://ephy.anses.fr, Table D1) and fields identified in the national farming survey (Registre Parcelaire Graphique -RPG, www.ign.fr) from 2015 to 2018. A typical three-year crop rotation was observed. The stability of this three-year crop rotation was compared in terms of corn and sugar beet percentages for two successive periods: from 2015 to 2017 and from 2016 to 2018. The likelihood of observing a change in parcel usage from corn or sugar beet only differed by 1% between these 2 periods and concerned only 32% of the farming area. Additionally, an insignificant (<0.1%) overall change in land use, i.e., farmland versus urban surface, was observed for each sub-catchment from 2015 to 2018. For each agricultural field, three scenarios were considered: the maximum legal dose of S-metolachlor containing product, hereafter called maximal; a scenario following local farming recommendations (https://alsace.chambre-agriculture.fr/), hereafter called economic (Table D1); and a scenario based on farmer surveys, hereafter called realistic. S-metolachlor application quantities were calculated for each field from Table D1 and applied over the threeyear rotation farming practice.

Table D1. Main crops type and S-metolachlor application at the Souffel catchment.

a Calculated from the Registre Parcelaire Graphique (www.ign.fr) from 2015 to 2018 (X̅ ± SD). Smetolachlor applications are reported and then applied based on field type (https://ephy.anses.fr): b follow regulatory limits, c based on local farming recommendations (https://alsace.chambre-agriculture.fr/) and d based on sampling results from s the G11 sub-catchment. where 𝑇 𝑟𝑒𝑓 is the reference temperature (293.15 K) in Kelvin, 𝐸 𝑎 is the S-metolachlor activation energy (2.391×10 3 J mol -1 ) and 𝑅 is the gas constant (8.314 J mol -1 K -1 ). 54 The relation to soil moisture follows: 53 where 𝛽 𝜃 is a calibration constant and 𝜃 𝑟𝑒𝑓 the reference water content, which was set at 0.5 and 0.2, respectively. 𝜃 𝑜𝑏𝑠 and 𝑇 𝑜𝑏𝑠 for the growing season were obtained for the 0-20 cm topsoil at a 8 km spatial resolution for the year 2019 by the national weather service (https://publitheque.meteo.fr) computed by a daily soil water budget model. 55 Initial S-metolachlor concentrations in topsoils were estimated from application rates reported in the farmer surveys. S-metolachlor doses were assumed to be present within the top 10 cm of topsoil. 56 Bulk soil density was set at 1.29 kg dm -3 according to the soilgrid data for the agricultural area within the catchment. 57 Isotope fractionation was predicted from the S-metolachlor biodegradation in topsoils (Table D3) using the Rayleigh equation, considering c = -1.4 ± 0.4‰ and the 𝛿 13 𝐶 0 as the signature from the commercial product (Table D5). 30 Supporting information to chapter 6

𝑓 𝑇

-247 -partition coefficients for the topsoil. Air temperature and moisture combined with topsoil relative moisture and organic carbon content are the principal parameters accounting for variation of the rate of the volatilization in the model, which was consistent with observations made in agricultural fields. 60,61 The volatilization was only considered to take place for 36 h following application as observed in the field. 60,61 
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Additional supporting information

In this section, we provide some additional characterization and observation not discussed on the main text. They were separate from the main text because they do not support the discussion made during the chapters. However, they might constitute some useful information for further study.

X-ray diffraction (XRD) spectra

X-ray diffraction (XRD) spectra from grinded sample (<100 m) were collected on a D8 Advance XRD (Bruker) equipped with a fixe copper anode (Cu Kα radiation) with a rotating sample holder in / mode with an incident X-ray energy of 40 kV and 25 mA. Scans were taken for 2θ ranges from 3° to 65° with 0.01° s -1 steps. The XRD patterns were calibrated with high purity corundum platelet (Al2O3, NIST 1976b). Semi-quantitative peak assignments were performed on DIFFRAC.EVA v4.3 (Brucker) using the powder diffraction file data based (PDF-2, 2004, International Center for Diffraction Data). 
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