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Les plastiques sont des polymères synthétiques aux propriétés inédites : faible densité, 

durabilité, propriété d’isolation thermique et électrique. Ces propriétés, associées à un faible 

coût de production, en font un matériel utilisé dans de nombreux domaines (e.g. médecine, 

construction, produits domestiques, emballages, etc.). Leur omniprésence est corroborée à 

l’évolution exponentielle de leur production mondiale depuis la seconde guerre mondiale 

(Figure 1). Depuis les années 2000, la croissance annuelle de leur production est la plus forte 

parmi tous les matériaux produits par l’humain (e.g. acier, ciment, etc.) (Kelly and Matos, 2005; 

Geyer et al., 2017). Sur ce point, les plastiques font partie intégrante de  «la grande 

accélération » observée dans de nombreux domaines par Steffen et al., (2015) (e.g. production 

de CO2, utilisation de l’eau, production de ciment, etc.). De telles évolutions posent désormais 

de nombreuses questions quant à leurs impacts sur l’environnement. 

 

Figure 1. Production globale de plastique primaire et de déchets en millions de tonnes. 

Adapté d'après Geyer et Al. 2017. 

 
La quantité de déchets plastiques a suivi la même augmentation exponentielle. En 2010,           

250 Mt de déchets plastiques ont été produits (Jambeck et al., 2015; Geyer et al., 2017) (Figure 

1), dont une partie importante a été rejetée dans l’environnement. Dans les régions côtières, 

Jambeck et al. (2015) ont estimé ces rejets à 30 Mt, dont seuls 30% sont des déchets plastiques 

produits et utilisés sur place. Une conséquence majeure de ces rejets est l’omniprésence des 

plastiques dans l’environnement et notamment dans les gyres océaniques (Cozar et al., 2014) ; 

les fonds marins (Barnes et al., 2009), et même aux sommets des montagnes (Allen et al., 2019). 

Les plastiques sont conçus pour être durables, par conséquence, les déchets et débris issus de 

leur utilisation sont considérés comme persistants (Andrady, 2003; Worm et al., 2017) bien 
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qu’ils puissent dans une certaine mesure s’altérer dans l’environnement (Worm et al., 2017; 

Chamas et al., 2020). Cette dégradation est multifactorielle, abiotique et/ou biotique (Zettler et 

al., 2013; Gewert et al., 2015; Welden and Cowie, 2017; Min et al., 2020). Les cinétiques 

d’altération dépendent du milieu et de la composition des plastiques (Andrady, 2003; Chamas 

et al., 2020). L’oxydation UV est cependant considérée comme un des facteurs principaux de 

la dégradation environnementale des plastiques. Meides et al. (2021) ont montré que la 

dégradation se déroulait en deux phases. La première est une photooxydation de la couche de 

surface et la deuxième phase correspond à une fissuration de cette couche photo-oxydée, due à 

l’augmentation de la cristallinité de la matière (Ter Halle et al., 2017). Ces fissures fragilisent 

les plastiques et entraînent leur fragmentation (Scott, 1972). Ce processus n’est pas anecdotique 

puisqu’il a lieu à l’échelle de compartiments environnementaux entiers. En effet, dans les 

océans, l’augmentation du nombre de débris plastiques corrélée avec la diminution de leur taille 

est significative d’un processus de dégradation (Cozar et al., 2014; Ter Halle et al., 2016). Plus 

récemment, il a été montré que cette fragmentation s’étend jusqu’à atteindre des particules 

plastiques de taille nanométrique, et des chaines polymériques (Lambert and Wagner, 2016; 

Ter Halle et al., 2017; Bianco et al., 2020). Dès lors, se pose la question du devenir de ce 

continuum de particules plastiques dans l’environnement. 

Parmi ces débris plastiques, les nanoplastiques (NPs) soulèvent de nombreuses 

questions (i.e. effet, présence, comportement, etc.). Les particules de plastiques sont définies 

comme des NPs lorsqu’elles sont involontairement produites à partir de plastiques altérés dans 

l’environnement et par des processus industriels. S’ajoute à cela, le fait que les NPs ont une 

taille inférieure à 1000 nm et un comportement colloïdal, ils sont donc stables en solution 

(Gigault et al., 2018). Suite à la mise en évidence de leur présence dans l’environnement par 

Ter Halle et al. (2017), un nombre croissant d’études a été réalisé (Figure 2). Des NPs ont été 

depuis détectés dans de la neige, dans des lacs arctiques et dans un sol agricole contaminé en 

déchets plastiques (Materić et al., 2020, 2021; Wahl et al., 2021). L’engouement pour l’étude 

des NPs ne s’explique pas seulement par leur présence présumée ubiquiste, à l’instar des 

plastiques dans l’environnement, mais bien par leurs propriétés physico-chimiques. Besseling 

et al. (2019) ont suggéré que les concentrations en NPs seraient 1014 fois plus élevées que celles 

mesurées actuellement pour les microplastiques (MPs). Leur nombre augmente 

consécutivement à la fragmentation des macro/micro-plastiques accumulés dans 

l’environnement (Koelmans et al., 2015; Song et al., 2017). La fragmentation d’un plastique de 

1mm en particules de 1000 nm conduit à la production de 109 particules. Par ailleurs, il existe 

un déséquilibre de l’ordre de 99% entre la masse de plastiques qui arrive jusqu’aux océans (e.g. 
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250 millions de tonnes) et celle observée à leur surface. La fragmentation des débris plastiques 

en NPs pourrait potentiellement et en partie expliquer ce bilan de masse (Cozar et al., 2014). 

 

Figure 2. Nombre d'articles publiés par an traitant des NPs (recherche faite sous Scopus 

pour le terme "Nanoplastics" dans le titre, l’abstract et les mots clés). 
 

La taille nanométrique des NPs leur confère des propriétés physico-chimiques uniques 

qui les distinguent des MPs. Les NPs sont des colloïdes stables en solution sous certaines 

conditions. Les mécanismes de transport des NPs sont donc très différents des MPs, qui eux, 

flottent ou non en fonction de leur densité. La surface d’échange entre les NPs et le milieu est 

de trois à quatre ordres de grandeur supérieure à celle des MPs. Leur grand rapport surface/taille 

leur confère une grande réactivité de surface, notamment vis-à-vis des micropolluants 

organiques et inorganiques. Besseling et al. (2019) estime ainsi que l’affinité des NPs pour les 

micro-polluants organiques persistants serait d’un à deux ordres supérieurs à celle des MPs. 

(Gigault et al., 2021)) estime que cette forte réactivité chimique de surface diminuerait les 

cinétiques de libération des additifs contenus dans les NPs. Catrouillet et al., (2021) ont 

d’ailleurs suggéré que les métaux adsorbés dans la couche altérée des plastiques, elle-même à 

l’origine des NPs, auraient pour origine les métaux utilisés comme additifs dans la formulation 

des plastiques. 

Enfin, la taille nanométrique des NPs leur permet également d’interagir avec les 

organismes vivants les plus petits, tels que les microorganismes qui constituent la base de la 

chaîne alimentaire, e.g., la taille des nano/micro-phytoplanctons est comprise entre 2 et 200 µm 

(Acevedo-Trejos et al., 2015). Les particules de taille nanométrique ont en effet la capacité de 
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pénétrer dans les cellules par endocytose, en franchissant directement la barrière intestinale vers 

la circulation sanguine et en traversant la barrière hémato-encéphalique (Koziara et al., 2003; 

Kashiwada, 2006; Browne et al., 2008). Bien que ces études écotoxicologiques permettent de 

définir des seuils de concentration en dessous duquel aucun effet négatif ne se distingue, il reste 

indispensable d’identifier et de quantifier la présence de NPs dans l’environnement. 

Analyse in situ des NPs 

Aujourd’hui, sur plus de ≈900 articles s’intéressant aux NPs, moins de 1% (soit 6 

articles) ont mis en évidence la présence de NPs dans l’environnement, à partir d’échantillons 

naturels (Ter Halle et al., 2017; Davranche et al., 2020; Xu et al., 2020; Materić et al., 2020, 

2021; Wahl et al., 2021). Ce très faible pourcentage met en évidence la difficulté de collecter 

et de détecter, voire d’analyser, les NPs en conditions environnementales. Il existe, en effet, 

dans ce domaine de véritables challenges. 

1/ Les débris plastiques représentent un groupe hétérogène de polymères (i.e. PE, PP, PS, PVC, 

etc.). Leurs identifications/détections doivent donc être réalisées indépendamment et chaque 

polymère requiert un développement analytique spécifique. 

2/ Les plastiques sont des composés carbonés à l’instar de la matière organique (MO) naturelle 

qu’elle soit particulaire, colloïdale ou dissoute. Une simple filtration ne permet pas d’isoler les 

NPs de la MO qui produit de nombreuses interférences avec les différentes techniques 

analytiques (Py-GCMS, TOC, etc.), limitant leur détection (Sullivan et al., 2020). 

3/ Dans les échantillons naturels, le volume de NPs peut être faible par rapport à la MO même 

pour un nombre important de NPs, et cela est d’autant plus vrai que les NPs sont petits (Figure 

3) (Gigault et al., 2021). 

Afin de dépasser ces difficultés, des stratégies analytiques ont été développées (Cai et 

al., 2021). Les plus utilisées pour la détection des NPs en milieux naturels sont la spectrométrie 

de masse (Ter Halle et al., 2017; Materić et al., 2020, 2021; Wahl et al., 2021) et la spectroscopie 

UV (Xu et al., 2020). Les avantages de la spectrométrie de masse couplée à de la pyrolyse, de 

la thermogravimétrie ou de la désorption thermique sont multiples : (i) une faible quantité 

d’échantillon et (ii) la possibilité d’identifier plusieurs polymères simultanément. Néanmoins, 

de nombreuses interférences existent entre les NPs et la matière organique (Dümichen et al., 

2015, 2017), comme celle entre la MO et le polystyrène (PS) dont la pyrolyse produit du styrène 

pour les deux éléments. Il semble possible d’identifier directement les NPs par l’intermédiaire 

d’autres pyrolyzates comme les dimères et trimères de styrène absents des produits de pyrolyse 

de la MO (Dümichen et al., 2015). 
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Figure 3. Rapport de volume MO/NPs en fonction du rayon des NPs pour une couche de 

MO constante ( Gigault et al., 2021). 

 

Certains auteurs identifient le PS via une approche indirecte basée sur le calcul de 

rapports, comme par exemple le rapport Toluène/Styrène (Dignac et al., 2005; Watteau et al., 

2018). La détection des NPs de PS par Py-GCMS, peut donc être réalisée via diverses 

approches, la plus rapide et la plus simple étant l’identification directe du polymère. 

L’identification directe se doit d’être spécifique à chaque polymère, du fait d’interférences 

potentielles avec la MO. Or, les pyrogrammes disponibles dans la littérature ne sont pas toujours 

comparables à ceux obtenus par pyrolyse de NPs. Les proportions entre chaque pyrolyzates et 

les pyrolyzates eux-mêmes pourraient, en effet, varier. Ter Halle et al. (2017) utilise cette 

hypothèse afin d’expliquer l’absence de NPs de polypropylène (PP) dans leurs échantillons, qui 

contenaient pourtant des quantités importantes de MPs de PP. Pour résumer, la Py-GCMS 

nécessite encore d’importants développements pour détecter de façon optimale des NPs en 

milieu naturel. La première étape est de développer des méthodes et des stratégies analytiques 

spécifiques aux polymères composants les NPs. 

De la nécessité de développer des modèles représentatifs des NPs environnementaux 

Etudier les propriétés et le devenir des NPs environnementaux requière 

l’échantillonnage de quantités importantes de NPs à partir du milieu naturel, ce qui à l’heure 

actuelle, reste difficile en raison de leur faible concentration et de la présence simultanée de 
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nanoparticules naturelles et de MO (ex. colloïdes organiques, nano-oxydes de Fe, etc.). Une 

alternative est la production de modèles pertinents de ceux observés dans l’environnement (Ter 

Halle et al., 2017; Gigault et al., 2018). Les écotoxicologues ont été les premiers à utiliser 

comme modèle de NPs, des nanoparticules de latex de polystyrène (PSL), afin d’étudier les 

effets écotoxicologiques des NPs (Bhattacharya et al., 2010). Ce modèle est actuellement le 

plus utilisé en (éco)toxicologie mais aussi dans les études du comportement physico-chimiques 

des NPs (Della Torre et al., 2014; Alimi et al., 2018; Bergami et al., 2019; Bellingeri et al., 

2019; Singh et al., 2019; Brachner et al., 2020; Shams et al., 2020; X. Wang et al., 2020; Liu et 

al., 2021). 

Les PLS ont cependant des caractéristiques physico-chimiques bien différentes de celles 

définies pour les NPs. Les NPs sont polydispersés en taille et polymorphes avec une structure 

ouverte (Gigault et al., 2018) (Figure 4). Des fonctions de surface sont « naturellement » 

présentes à leur surface en réponse aux processus de photo-oxydation des polymères, subit lors 

de leur séjour dans le milieu naturel. Magrì et al., (2018) suggèrent que ces fonctions de surface 

sont majoritairement des fonctions carboxyliques. Au contraire, les PSL sont pour la plupart 

monodisperses, parfaitement rondes (Figure 4) et souvent recouvertes d’un seul type de 

fonction de surface : carbolyliques, hydroxyles, sulfate, etc. La densité de site COOH des PSL 

est définie à priori sans cohérence avec la densité des sites potentiellement présents à la surface 

des NPs environnementaux (Pessoni et al., 2019). Pourtant, cette densité est un facteur majeur 

de la réactivité et du comportement des NPs puisqu’elle contrôle leur stabilité colloïdale 

(Pessoni et al., 2019; Tallec et al., 2019; Liu et al., 2021). 

La polymérisation des PSL est réalisée par l’intermédiaire de surfactants et d’initiateurs, 

comme par exemple pour les surfactants, le dodécylsulfate de sodium, SDS, et pour les 

initiateurs, le persulfate de potassium, KPS. Pikuda et al. (2018) ont montré que la toxicité des 

PSL peut être confondue avec celles des surfactants présents dans les suspensions de PSL. Les 

initiateurs de types sulfatés, quant à eux, produisent des groupements fonctionnels -SO4
2- et -

SO3
- à la surface des PSLs (van den Hul and Vanderhoff, 1970; Tauer and Deckwer, 1998). 

Ces sites ont de faibles pKa (H2SO4/HSO4
- = -3 ; pKa H2SO3/HSO3

- = 1.91, Pankow, 2018) et 

sont donc ionisés à faible pH, ce qui stabilisent les PSLs en solution (Gong et al., 2001). 
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Figure 4. Image TEM de (a) Nanoplastiques environnementaux et (b) des modèles de 

NPs obtenus par polymérisation (Gigault et al., 2018). 

 
L’utilisation des PSL comme modèles de NPs doit donc être remise en cause et de 

nouveaux modèles plus pertinents doivent être proposés. Ainsi, très récemment, Pessoni et al. 

(2019) ont développé une synthèse par polymérisation sans surfactant : le modèle « free soap 

emulsion ». Ce protocole utilise toutefois un initiateur sulfaté et des groupements SO4/SO3 

peuvent être présents à la surface de ces modèles. Mitrano et al. (2019) ont développé un modèle 

de NPs composé d’un cœur de Pd pour faciliter leur détection et leur traçage, mais leur 

protocole utilise des surfactants et des initiateurs sulfatés. Ces nouveaux modèles PSLs restent, 

cependant, de forme sphérique avec une densité de groupement de surface COOH fixée à priori. 

D’autres modèles de NPs sont produits par dégradation de polymères. Magrì et al. 

(2018) ont utilisé l’ablation laser pour produire des suspensions de NPs polydispersés, de taille 

< 100 nm. L’ablation laser permet également d’oxyder la surface des NPs et de produire des 

groupements fonctionnels variés, e.g. hydroxyle, cétone, carboxyle, etc. Rodríguez-Hernández 

et al. (2019) et El Hadri et al. (2020) ont produit des modèles de NPs par broyage mécanique 

de polymères. Les NPs produits sont polydispersés de forme anisotrope et présentent une charge 

de surface. Davranche et al. (2019) ont produit des NPs à partir d’échantillons plastiques 

collectés dans l’environnement. La couche de surface de ces plastiques est très altérée et une 

simple sonication permet de produire une suspension d’environ 50 ppm de NPs. Ces NPs sont 

issus d’une photo-oxydation produite en conditions environnementales, et les groupes 

fonctionnels développés à leur surface sont représentatifs des NPs produits directement dans le 

milieu naturel. Cependant, Davranche et al. (2019) ne décrit pas en détail les propriétés de ce 
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modèle. Notons que la densité de site ionisable, i.e. sites nm-2, demeure inconnue pour tous ces 

modèles obtenus par dégradation. Il est également très probable que la quantité de sites 

ionisables soit dépendante du protocole de production et des méthodes de production de ces 

NPs modèles (abrasion mécanique et/ou photo-oxydation). 

Interactions entre micropolluants métalliques et NPs. 

Peu d’informations existent sur les interactions NPs-métaux, cependant plus de données 

ont été produites pour les MPs. L'adsorption de métaux traces (tels que As, Ag, Cd, Co, Cr, Cu, 

Hg, Ni, Pb, Zn) par des granulés de MPs a en effet été mise en évidence (Turner and Holmes, 

2015). Guo and Wang (2019) ont montré que l’adsorption de Sr2+ sur trois MPs (PE, PET, PVC) 

était contrôlée par un transfert de masse externe. L'As(III) serait adsorbé par des MPs de PS via 

des forces électrostatiques et des liaisons hydrogène (Dong et al., 2020). Très récemment, Tang 

et al. (2021) à partir de microplastiques de nylon collectés dans l'environnement ont montré que 

l'adsorption de Ni, Cu et Zn sur les MPs est contrôlée par la diffusion intra particulaire et la 

complexation de surface. Ils ont également souligné l'importance des fonctions de surface 

contenant un O dans l'adsorption des métaux. Récemment, de nombreuses données de sorption 

à la surface des MPs ont été traitées via un programme de « deep learning » (Guo and Wang, 

2021). Ce programme a mis en avant que les MPs altérés ont une plus grande affinité pour les 

métaux que les MPs vierges, et que leur capacité de sorption dépend de la concentration initiale 

des métaux. Le modèle a également prédit que la capacité de sorption du Cd, du Pb et du Zn 

par les MPs était plus élevée dans les rivières que dans l'océan en réponse à sa forte salinité 

(Guo and Wang, 2021). Le piégeage des métaux par les MPs semble également être indépendant 

du type de polymère et augmenter avec le temps d'exposition (Rochman et al., 2014). 

Tous ces résultats ne peuvent cependant pas être extrapolés aux NPs mais ils mettent en 

exergue le rôle joué par les fonctions de surface et notamment celles contenant de l’oxygène, 

créées suite à la photo-oxydation du plastique. La dégradation des plastiques produit en effet 

des radicaux libres initiant et propageant des réactions radicalaires dont les terminaisons 

insèrent des groupements fonctionnels oxygénés (Rabek, 1995; Magrì et al., 2018; Rodríguez-

Hernández et al., 2019; Blancho et al., 2021a). Certain de ces groupements sont ionisables et à 

l’origine de la capacité de sorption des métaux par les NPs (Davranche et al., 2019). 

Ces métaux peuvent provenir de l’environnement ou bien, comme l’a montré Catrouillet 

et al. (2021), des métaux utilisés comme additifs, libérés lors de la dégradation du plastique 

puis réadsorbés dans la couche d’altération à l’origine des NPs. Les métaux sont des éléments 

chimiques présents naturellement dans l’environnement. Ils sont généralement présents à l’état 
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de traces et utilisés par les organismes vivants (oligoéléments) mais peuvent atteindre des 

concentrations bien supérieures en réponse aux anomalies géogéniques ou aux activités 

humaines (Ahmad and Goni, 2010; Zhang et al., 2021). La plupart de ces métaux sont toxiques 

à fortes concentrations et posent un véritable problème de santé publique qui perdure depuis 

plusieurs décennies. Très récemment, une étude de Santé Publique France (SPF) a montré que 

la population française présentait des concentrations en métaux lourds (sang, cheveux, urine) 

inquiétantes et supérieures à celles des autres européens (Santé Publique France, 2021). La 

toxicité des métaux est contrôlée par leur spéciation, c’est-à-dire la distribution de leurs 

différentes espèces chimiques qui conditionne leur mobilité et leur biodisponibilité. Cette 

spéciation dépend des conditions physicochimiques du milieu et des ligands organiques, 

inorganiques, solubles ou solides présents. Une de leur grande particularité, par rapport aux 

autres éléments chimiques, est l’affinité qu’ils ont pour les surfaces solides, qu’elles soient 

particulaires ou colloïdales. Ainsi, dans les estuaires, lagons et rivières, 20 à 90% de ces 

micropolluants sont adsorbés aux colloïdes et particules (in)organiques (Martin et al., 1995; 

Vega and Weng, 2013; Luan and Vadas, 2015). 

Ces processus d’adsorption des métaux par les colloïdes ou les particules se produisent 

grâce aux groupements fonctionnels développés à leur surface, essentiellement des -OH pour 

les surfaces minérales hydratées et -COOH ou -OH pour la MO (Lofts and Tipping, 1998; 

Stumm and Morgan, 2012). L’adsorption par les surfaces solides met en jeu différents processus 

tels que l’échange d’ion qui concerne essentiellement les alcalinoterreux (complexe de sphère 

externe, liaisons faibles) et la complexation de surface (complexe de sphère interne, liaisons 

fortes) pour les métaux notamment. Les fonctions de surface, les complexes de sphère interne 

et externe forment des couches plus ou moins denses à la surface du solide, qui créent une 

charge de surface attirant plus ou moins les ions de la solution, créant un potentiel de surface 

qui contrôle les quantités adsorbées : concept de la double couche (Figure 5). 
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Figure 5. Modèle de Stern, décrivant l’évolution du potentiel de charge d’une surface, 

Ψ0, en fonction de la distance et des interactions avec les ions; IHP et OHP représentant, 

respectivement, les complexes de sphère interne et externe. Illustration d’après Zhang 

and Zhao (2009) 

 

L’affinité des métaux pour les sites de surface est contrôlée par la stabilité du complexe 

formé, traduite par la valeur de la constante de stabilité, log K, qui augmente avec la denticité 

du complexe, c’est-à-dire le nombre de liaisons formées entre le métal et la surface. A l’heure 

actuelle, ces connaissances ne sont pas disponibles pour les mécanismes d’adsorptions des 

métaux par les NPs. Ils ont uniquement été paramétrés à l’aide des modèles empiriques 

classiques d’adsorption (e.g. Freundlich, pseudo-second order) (Davranche et al., 2019). Si des 

hypothèses ont été émises quant aux processus physico-chimiques mis en jeu, ils n’ont jamais 

été validés.  

L’étude des mécanismes de sorption des métaux par les surfaces est basée sur 

l’expérimentation qui permet de déterminer les capacités de sorption, et l’analyse, notamment 

par spectroscopie (RPE, XPS, XAS, EXAFS, XANES, etc.) qui, via l’étude de l’environnement 

atomique du métal considéré, permet de déterminer le type de complexes formés, sphère interne 

ou sphère externe, et sa denticité. Leur mise en œuvre est cependant lourde et l’accessibilité 

aux techniques limitée. La modélisation géochimique représente une alternative intéressante à 

ces techniques, elle permet notamment de tester différentes hypothèses mécanistiques et 

scénarii (variation des paramètres physico-chimiques, présence de ligands, etc.). La plupart de 

ces modèles sont basés sur un ensemble de réactions chimiques entre ions et sites de surface, 



 

12 

couplés à un modèle physico-chimique estimant le potentiel de surface du solide, e.g., Visual 

MINTEQ (Gustafsson, 2010), WHAM (Tipping, 1994), PHREEQC (Parkhurst and Appelo, 

1999). Ces modèles requièrent, cependant, un certain nombre de données d’entrée telles que le 

pH, la force ionique (FI), les concentrations totales, la surface spécifique (m² g-1), la densité de 

site, les constantes de déprotonation des sites (pKa) et les constantes de stabilité métaux-surface 

(log K). Or, la plupart de ces données n’existent pas ou uniquement partiellement pour les NPs 

modèles. Dans le Table 1 sont résumées les données disponibles. Aucune constante de stabilité, 

log K, n’a pour l’instant été produite et peu de jeu de données d’adsorption existent. 

 

Table 1. Paramètres de surface nécessaires et disponibles pour la conception d’un 

modèle de complexation de surface métaux/NPs 

NPs 
Surface 

spécifique 
Type 

de site 
Denticité pKa 

Log 
K** 

Données 
expérimentales 

Références 

PSL 

surfactant 
X* COOH ? ? ? - - 

PSL sans 

surfactant 
X* COOH ? ? ? X 

Pessoni et al., 

2019 

PSL Pd X* COOH ? ? ? - 
Mitrano et al., 

2019 

m-NPs 

(PET) 
? ? ? ? ? - 

Rodríguez-

Hernández et 

al., 2019 

m-NPs 

(PS) 
? ? ? ? ? - 

El Hadri et al., 

2020 

e-NPs ? ? ? ? ? X 
Davranche et 

al., 2019 

*Obtenue par calcul à partir de la taille des nanoparticules monodispersées. 
** Extrapolées à partir de données expérimentales 
 

Un autre outil, moins conventionnel et original pour accéder à certaines de ces 

informations, est la ‘sonde’ terres rares. Les terres rares sont un groupe de 14 éléments 

chimiques aux propriétés proches et cohérentes sur l’ensemble du groupe (de Baar et al., 1991; 

McLennan, 1994). Les réactions chimiques, auxquelles elles sont soumises, créent de légères 

différences entres elles, et notamment des fractionnements qui peuvent être exploités pour 

tracer des processus biogéochimiques (Davranche et al., 2011; Noack et al., 2014). Ces 

propriétés permettent d’étudier les terres rares comme un ensemble cohérent et d’exploiter leur 

fractionnement sous forme de spectre (pattern) qui correspond à la distribution de leur 

abondance en fonction de leur numéro atomique. Les variations du spectre des terres rares ont 

ainsi été utilisées pour étudier les processus de complexation de surface sur les colloïdes de MO 

(Tang, 2003; Takahashi et al., 2005; Pourret et al., 2007; Marsac et al., 2010). Il a ainsi été 



 

13 

montré que le spectre de terres rares varie en fonction de la charge en métaux adsorbés, de la 

nature des sites activés par la complexation et de la denticité (monodenté, chélate) des 

complexes formés (Figure 6). 

 

Figure 6. Variation des spectres de REE, (A) coefficients de distribution en fonction du 

rapport REE/Acide humique (Marsac et al., 2010), et (B) constantes de stabilité 

normalisées au La avec l’acétate et l’oxalate formant respectivement des complexes 
monodentés et chélatés (Martell et Smith, 1977).  

 

Objectifs de la these 
 

La présence des NPs dans l’environnement est maintenant admise, et leur quantité est 

amenée à augmenter. Leur identification, leur caractérisation ainsi que la compréhension de 

leurs interactions avec les micropolluants métalliques sont donc devenues cruciales. Bien que 

de nombreuses études portent sur les NPs, trop peu se sont intéressées à développer des 

stratégies analytiques permettant de les identifier in-situ, et la plupart utilisent des modèles de 

NPs non représentatifs de ceux produits dans l’environnement. De plus, bien que l’interaction 

entre les NPs et les métaux ait été démontrée, les mécanismes mis en jeu ne sont pas connus. 

 

Pour répondre à ces objectifs, mon doctorat a été structuré en 3 volets : 

• L’identification des NPs dans des échantillons environnementaux, 

• La production d’un modèle de NPs environnementalement pertinent, 

• Les interactions entre les métaux et les NPs, étudiées par l’intermédiaire de la 

« sonde » terres rares et de la modélisation de complexation de surface. 

L’identification des NPs dans des échantillons environnementaux 
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L’objectif de cette partie est d’identifier la présence de NPs dans une matrice contenant 

de la MO par Py-GCMS. Les travaux se sont focalisés sur deux polymères, largement produits 

à l’échelle mondiale, que sont le PS et le PP. Pour cela des pyrogrammes de PS et PP sous 

forme de MPs et NPs avec et sans MO ont été comparés afin d’identifier les biais analytiques 

dus à la taille des particules et aux interférences avec la MO. Deux méthodologies ont été 

testées, une directe, à partir de pyrolyzates propres à chaque polymère et une indirecte, par 

l’intermédiaire de rapports entre pyrolyzates, notamment pour ceux produits à la fois par le 

polymère et la MO. 

Production d’un modèle de NPs pertinent de l’environnement 

L’objectif de cette partie est de produire des NPs proches de ceux produits par photo-

oxydation en conditions environnementales. Ces nouveaux modèles ont été produits à partir de 

plastiques très altérés collectés dans l’environnement. Les MPs et NPs ont ensuite été 

caractérisés par différentes techniques (taille et forme des particules, fonctions de surface, 

quantité de sites ionisables, surface spécifique, etc.). 

Interactions entre les micropolluants métalliques et les NPs 

L’objectif de cette partie est de caractériser les processus mis en jeu dans les interactions 

entre NPs et métaux. Différents modèles de NPs, dont les nouveaux NPs produits via ce 

doctorat, ont été utilisés. Dans un premier temps, la ‘sonde’ terres rares a été utilisée afin de 

caractériser les mécanismes mis en jeu et notamment les complexes formés. Puis, dans un 

second temps, les différentes hypothèses ont été testées par modélisation géochimique à l’aide 

du Pb et d’un ensemble de données expérimentales. 

 

Le manuscrit est construit autour de 4 articles : deux d’ores et déjà acceptés 

(Environnemental Sciences and Technologie, Environnemental Science/ Nano), un autre 

soumis (Environnemental Science/ Nano), et un autre qui sera prochainement soumis (Journal 

of Colloid and Interface Science). Il est composé d’une introduction, de 3 chapitres et se termine 

par une conclusion générale, reprenant l’ensemble des résultats et des perspectives. 
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CHAPITRE I. IDENTIFICATION DES 

NANOPLASTIQUES DANS DES 

MATRICES 

ENVIRONNEMENTALES:                

CAS DU POLYSTYRÈNE ET DU 

POLYPROPYLÈNE 
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Ce chapitre correspond à un article publié dans la revue Environmental Science & Technology, 
“Nanoplastics identification in complex environmental matrices: Strategies for polystyrene and 
polypropylene”, Florent Blancho, Mélanie Davranche, Hind El Hadri, Bruno Grassl, Julien 
Gigault, https://doi.org/10.1021/acs.est.1c01351. 

 

Dans ce chapitre, nous nous sommes intéressés à la détection des NPs par Py-GCMS. 

L’échantillon étant pyrolysé (Py), puis séparé par chromatographie gazeuse (GC) et 

ensuite détecté spectrométrie de masse (MS). 

 

Résumé 
 

L’identification des NPs dans les matrices environnementales (i.e. fleuve, océan, sol, 

etc.) reste un challenge analytique. Malgré le nombre important d’études sur les NPs peu d’entre 

elles se sont intéressées à leur détection dans des matrices complexes. Cela s’explique en partie 

par leur composition carbonée, la différence des polymères mis en jeu ainsi que leur faible 

quantité par rapport à la MO en conditions environnementales. La séparation des produits de 

pyrolyses a permis d’obtenir des réponses analytiques pour les NPs de PP et de PS. Des 

pyrolyzates spécifiques aux polymères et à leurs fragments d’ion (i.e. m/z) ont été sélectionnés 

et validés. Dans un second temps, les interférences avec la MO ont été explorées en étudiant 

des mélanges de NPs et de MO (i.e. algue, matière organique du sol, acide humique) ainsi 

qu’une suspension de NPs produits à partir de plastiques altérés en conditions 

environnementales. Cette étude a permis l’identification directe du PP et ce en présence de MO. 

Les NPs de PS n’ont pu être identifiés de manière directe, en revanche l’évolution de rapport 

de pyrolyzates a permis de les détecter. Les stratégies présentées dans ce chapitre ouvrent la 

voie à de nouvelles possibilités de détection et d’identification des NPs pour des matrices 

environnementales telles que les sols, les particules fines et le vivant. 

  

https://doi.org/10.1021/acs.est.1c01351
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Abstract 
 

Identification of NPs in complex environmental matrices remains a challenge. Despite 

the increase in NPs studies, there is a lack of studies dedicated to NPs detection, partially 

explained by their carbon-based structure, their wide variety of composition, and their low 

environmental concentrations compared to the natural organic matter. Here, pyrolysis coupled 

to a GCMS instrumental setup provided a relevant analytical response for PP and PS NPs 

suspensions. Specific pyrolysis markers and their indicative fragment ions were selected and 

validated. Possible interferences with environmental matrices were explored by spiking NPs in 

various organic matter suspensions (i.e., algae, soil natural organic matter, and soil humic acid) 

and analyzing an environmental suspension of NPs. While a rapid PP NPs identification was 

validated, PS NPs require preliminary treatment. The here presented strategies open new 

possibilities to the detection/identification of NPs in environmental matrices such as soil, dust, 

and biota. 
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I.1 Introduction 

Under environmental conditions, all plastic debris is likely to release many NPs under 

multiple physicochemical degradation pathways (Andrady, 2011; Gigault et al., 2016; Lambert 

and Wagner, 2016). While the scientific community is now admitting the occurrence of NPs in 

the environment, relatively few studies demonstrated their presence (Ter Halle et al., 2017; 

Davranche et al., 2020; Wahl et al., 2021). When the material reaches the nanoscale, its 

properties, reactivity, and impact are significantly enhanced, especially for plastic debris due to 

its considerable heterogeneity in composition (Gigault, 2018; Hartmann et al., 2019; Gigault et 

al., 2021). The plastic debris regroups an extensive range of materials which complexifies the 

analytical and environmental challenge. This challenge is even more complex when the size of 

the plastic debris is under the optical resolution (Gigault, 2018; Gigault et al., 2021). Each 

plastic family, composition, and size require specific attention and dedicated strategy as 

performed this last century for a wide range of contaminants. 

Among the various plastics produced globally, PP and PS represent approximately 20 

to 30% of the total production (Geyer et al., 2017). Polypropylene plastic debris are detected in 

diverse environmental compartments (Geyer et al., 2017; Plastics Europe, 2017). For instance, 

Reisser et al. (2013) found approximately 30% PP in plastic debris collected on the Australian 

sea coast. Brignac et al. (2019) consistently found a significant proportion of PP pieces (i.e., 

>15%) on beaches, sea surface, and seafloor. In terrestrial environments, PP microplastics 

(MPs) have been reported in sewage sludge (Okoffo et al., 2020), sediments, and suspended 

matter in rivers (Dierkes et al., 2019). While PS-based plastics represent more than 96% of the 

plastic debris investigated in the literature, it represents less than 6% of the plastic found in the 

environment (Zhao et al., 2019; Wilcox et al., 2020). 

At the nanoscale, determining plastic debris occurrence in complex environmental 

media is highly challenging due to their small size and ability to heteroaggregates with the 

natural organic matter (NOM) and the inability to physically separate them (NPs vs. NOM) by 

filtration or other processes (Nguyen et al., 2019). As recently explained, when reaching the 

nanoscale, the volume of NOM related to the plastics increases exponentially. Therefore, 

analytical strategies used to characterize microscale cannot be extrapolated to the nanoscale 

plastic debris. 

Among the available analytical methods, pyrolysis coupled to gas chromatography and 

mass spectrometry proved the presence of polyethylene (PE) NPs in the colloidal fraction of 

the North Atlantic Ocean gyre (NAOG) (Ter Halle et al., 2017). However, we could not detect 
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PP markers in the colloid fraction, while this plastic is present in the MPs fraction. Two reasons 

were invoked: 1) low PP abundance and 2) modification of the pyrolysis products of nanoscale 

PP. To date, no Py-GCMS pyrogram is provided for colloidal PP in the literature., Potential 

variations in pyrolysis products at the nanoscale are thus unknown. Polystyrene NPs are 

identified in NAOG (Ter Halle et al., 2017), coast exposed to the NAOG (Davranche et al., 

2020), and contaminated soil (Wahl et al., 2021). However, as for PP under complex 

environmental conditions, interferences with OM were encountered, especially for their 

primary direct markers, styrene, and toluene (Dümichen et al., 2015, 2017). While authors are 

looking for the styrene dimers as proof of the PS presence, as observed for a large fragment of 

PE, it is less probable to found such pyrolyze products at the nanoscale due to the considerable 

heterogeneity of the NOM. One way to by-pass such a limitation is to investigate the 

pyrolyzates ratio to detect the presence of the plastics in NOM (Watteau et al., 2018). Moreover, 

the problem is even more complicated as, in addition to pyrolyzates interferences, we 

demonstrated that the NOM also attenuates the global signal (Wahl et al., 2021). A critical 

preliminary investigation of the possible interferences with NOM has therefore to be performed. 

Therefore, this study aims to explore PS and PP NPs identification in the presence of 

different NOM by Py-GCMS. Two different and complementary strategies are developed and 

proposed according to the plastics composition and the NOM. Based on a careful investigation 

of chromatograms in terms of pyrolyzate and retention time. We demonstrate that PP NPs can 

be directly identified in complex media. However, for PS NPs, we needed to develop a protocol 

for purifying the environmental sample from NOM to obtain a reliable detection of PS in 

complex media. The method is finally applied on an environmentally-relevant NPs suspension 

obtained from plastic debris altered under environmental conditions and covered by NOM. 

While we use the pyrolysis library to identify PP NPs, PS NPs are detected in the environmental 

sample according to the relative ratio of its principal pyrolyzates. 

I.2 Materials and methods 

I.2.1 Samples 

Polystyrene and polypropylene pellets were purchased from Sigma Aldrich and were 

used as reference materials for Py-GCMS and to produce NPs. Natural organic matter standards 

are purchased from IHSS (International Humic Substances Society): leonardite NOM (LNOM, 

references 1S104H), leonardite Humic Acid (LHA, reference 1BS104L). LNOM and LHA 

were solubilized in 1 mol L-1 of NaOH (Sigma Aldrich) (1:10 ratio in g/g) for 24 h. Additionally, 
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to these NOM standards, fresh organic matter is prepared from Sargasso algae residue (Sainte-

Marie Bay, Guadeloupe, France). The organic matter of Sargasso algae (SAWE)  was obtained 

by stirring 1 g of algae in ultrapure water (1:10 ratio in g/g) for 24 h and filtered at 3 µm (Pall) 

(Stoloff and Silva, 1957). The total organic carbon concentration (TOC) of all the organic 

matter solutions was quantified by a TOC-analyzer (TOC-V analyzer, Shimadzu). 

 

 

Figure I.1. Sampling area on the French Caribbean Island Guadeloupe; (B) localization 

of the bay (Sainte Marie) at the GPS coordinate 1616'24" N-6114'35" W with the 

brown line is corresponding to the Sargassum Algae coming from the oceans (CNES); 

(C) pictures of the sampling site where the plastic debris are identified and mixed with 

the Sargassum Algae (CNRS, Cyril Fresillon). 

I.2.2. Nanoplastics preparation 

Polypropylene and polystyrene NPs are produced using a top-down mechanical 

degradation as previously described (El Hadri et al., 2020). Briefly, plastic pellets were 

fragmented using a planetary ball mill (Pulverisette 7, Fritsh GmdH) with a 5 or 10 mm 

diameter zirconium oxide ball. The fragmented PP and PS powders are freeze-dried (Alpha 3-

4, Christ). Then, the powders are redispersed in water and filtered at 3 µm (polyethersulfone 

membrane, Pall) to remove microsized-particles. Additionally, environmentally relevant NPs, 

namely environmental NPs (e-NPs), were produced from plastic debris collected in the 

environment (Davranche et al., 2019). Plastic debris were randomly collected on Saint Marie 

Bay's beach (Guadeloupe, France) in September 2018 (Figure I.1). This beach receives plastic 

debris and Sargassum Algae (brown line on Figure I.1B and FigureI.1C) from the NAOG 

(Davranche et al., 2020). Briefly, 100 g of plastic debris was stirred in ultrapure water (1:5 

ratio) for 2 days (KS 15A, Edmund Bühler GmbH), sonicated for 5 days (TP 680/DH, Elma 

GmbH), and finally filtered at 3 µm (PTFE, Pall). To be in the range of analytical ability of the 

here-used methods and when necessary, the mass of the colloids (analyzed NPs and NOM) was 
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concentrated using an ultrafiltration system (Amicon, Merck Millipore) equipped with a 20 kDa 

cut-off membrane (PES, Microdyn NADIR). 

 

 
Figure I.2. Plastic debris used to produce the e-NPs suspension, showing brown algae 

residue on its surface 

 

As beached plastics were primarily associated with sand and sargassum algae residues 

(Figure I.2), a significant amount of natural organic matter is released and dispersed with the 

NPs produced. To purify the NPs from the NOM, a preliminary degradation study was done on 

algae suspension using H2O2 with and without UV. Algae suspensions were obtained by 

agitating algae debris with ultrapure water during two days, then the suspensions were filtrated 

at 3µm (Pall). According to literature (Alnaizy and Akgerman, 2000; Vilhunen et al., 2010; 

Nuelle et al., 2014), the oxidation reaction time with H2O2 was set to 72h without UV and 5h 

with UV (UVC, RMR-600, Rayonet). Both reaction times are explained by the slower reaction 

time of H2O2 without UV, than with UV. Figure I.3 present the OM degradation yield relative 

to the H2O2% with and without UV exposition. The highest OM degradation was reached for 

H2O2%=1 combined with UV. As observed, the coupling H2O2/UV efficiency to degrade OM 

decreased with the increasing H2O2 %. the optimized degradation protocol (H2O2 1% +UV) 

was then selected and applied onto the e-NPs OM suspensions. 

    



 

22 

 

Figure I.3. OM degradation yield (i.e. TOC(t)/TOC(t0)*100) relative to the H2O2% and 

with (Black point) and without (White point) UV exposition.  

I.2.3 Size and shape characterization 

The hydrodynamic size distribution of the NPs and e-NPs was determined using optical 

fiber dynamic light scattering (DLS). Measurements are performed with a VASCO Flex 

(Cordouan Technologies, France). The size distribution of NPs is determined by fitting the 

autocorrelation function (ACF) with Padé-Laplace and Spare Bayesian Learning 

algorithm(Nyeo and Ansari, 2011; Maguire et al., 2018). Each DLS analysis is carried out with 

six replicates with an analysis period of 120 s. Only results for replicates with reliable residuals 

(r <0.01) were accepted. The ACF samples are compared to 200, 500, and 900 nm polystyrene 

spherical latex nanoparticles (Thermo Scientific). The shape of the NPs is examined using a 

Jeol JEM 2100 HR electron microscope in transmission mode (TEM) after drying 2.5 µL of 

suspension onto a carbon grid (Oxford Instrument). Images are acquired with a Gatan Orius 

SC200D camera, and elemental analysis is performed using an EDX Oxford X-Max 80T 

detector. 
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Figure I.4. (A) Log-transformed autocorrelation function (blue) bordered by the 500 

and 900 nm polystyrene spherical latex nanoparticles, (B) size distribution, and (C) 

TEM images for PP and PS NPs. 

I.2.4 Nanoplastics molecular identification 

NPs suspensions (PP, PS, and e-NPs) and the NOM were analyzed by pyrolysis (PY-

3030, Frontier Lab) coupled to gas chromatography and a mass spectrometry detector (Py-

GCMS) (5977B, Agilent Technologies). Before Py-GCMS analysis, liquid samples are 

evaporated at 45°C in an 80 µL pyrolysis cup (Frontier Lab). The mass of prepared NPs was 

fixed at 2 µgC in the pyrolysis cup. Concerning the NOM, the mass was ranged from 25 to 175 

µgC. To assess any polymer contamination during the sample preparation (i.e., drying process), 

empty pyrolysis cups were systematically added beside regular samples. The optimal GC 

conditions were fixed according to the method of Dehaut et al. (2016). The pyrolysis was 
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performed at 600°C. Once pyrolyzed, samples were injected (splitless) into a 30m DB5 

capillary column (Agilent Technologies) using helium as the carrier gas. The column 

temperature was fixed at 50°C for 10 min, increased to 275°C at a rate of 5°C/min, and finally 

kept at this temperature for 15 min. Separated pyrolysis products were ionized at 70 eV, and 

their mass spectra were analyzed between m/z 33 to 500. Pyrolyzates signals are compared to 

the NIST library and personal library builds using plastic pellets described above. Each 

pyrograms were realized in four replicates. As it is not yet possible to quantify NPs by Py-

GCMS, we determined the signal-to-noise ratio (SNR), ranging from 150 to 430, for all 

performed analyses. Based on the SNR and the mass of NPs (Environmental Protection Agency, 

2016), LOD can be estimated from 0.2 to 0.4 mgC L-1. 

I.3 Results and Discussions 

I.3.1 Nanoscale effects on plastic pyrolysis 

The size and shape of PP and PS NPs used in these studies were described in the Figure 

I.4. For both suspensions, NPs present a different population with dH <1 µm. It is worth noting 

that hydrodynamic diameter depends on the geometric size (radius) and the shape of materials 

(Graf et al., 1992; Liu et al., 2012). Therefore, asymmetrical materials can present different 

diffusion (transversal and rotational), which results in different apparent populations on the size 

distribution (Liu et al., 2012). All NPs suspensions present anisotropic and heterogeneous 

shapes with spherical equivalent sizes less than 1 µm. For PP NPs, fine particles (size > 200nm) 

were identified as NPs, and opaque particles as inorganic species (< 200nm), as confirmed by 

EDX analysis (Figure I.5). These species are principally titanium oxide, known to be one of the 

major plastic additives (Hahladakis et al., 2018). No inorganic species were identified into PS 

NPs, which is explained by their virgin pellet source. 

Based on the PP pyrolysis at a microscale (Figure  and Table I.1), four distinctive peaks 

were pre-selected: the C9 (2,4-dimethyl-1-heptene), the C12 (meso-2,4,6-trimethyl-1-nonene), 

the C15i (isotactic-2,4,6,8-tetramethyl-1-undecene) and the C15s (syndiotactic-2,4,6,8-

tetramethyl-1-undecene). The pyrolyzates C9 and the C15s have already been documented as a 

PP marker in environmental studies (Ter Halle et al., 2017; Dierkes et al., 2019; Okoffo et al., 

2020; Sullivan et al., 2020; Nasa et al., 2020). 
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Figure I.5. TEM image, left part and EDX spectra, right part. The Spectra 5 and 6 are 

related to the named zone 5 and 6 on the TEM image, respectively. 

 
Based on a literature comparison (Fischer and Scholz-Böttcher, 2017; Okoffo et al., 

2020), none of these markers were obtained for various NOMs. The pyrograms of PP NPs (TIC, 

m/z 70 and 69) are plotted in Figure I.6. The m/z 70 pyrogram specifically enhanced the marker 

C9, whereas the m/z 69 enhanced the other PP pyrolyzates (i.e., C12, C15i, and C15s). The 

mass spectra of the PP marker pyrolyzates are presented in Figure I.6B. For each pyrolyzate, 

the mass spectrum showed an important correlation with that presented by Tsuge et al. (2011). 

As a result, these mass spectra were saved to build an in-lab library for further comparison with 

other mass spectra. An important piece of auxiliary information extracted from these pyrograms 

was the retention times of the PP markers (Table I.1). 

Peaks are observed at the retention times of all the selected PP markers (Figure I.7A). 

The mass spectrum of PP NPs obtained at the characteristic retention times (blue bar) were 

compared with the PP library (red bar). For C9, C12, and both C15 compounds, mass spectra 

were significantly similar to the library ones (Spectrum Similarity, SS > 0.90). Although these 

markers are found on both micrometric pellet and NPs pyrolysis, their relative peak areas vary 

significantly (Table I.1). For PP NPs, the proportion of C12, C15i, and C15s increases by a 

factor of 2-3 compared to MPs pellets. Based on this result, C9, C12, and C15 compounds are 

the most relevant for identifying PP at the nanoscale. 
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Figure I.6. (A) Polypropylene micropellet pyrograms for TIC, m/z 70 and m/z 69. (B) 

Mass spectra of pyrolyzates recorded at the PP marker retention times used to build the 

library. 

 
For PS NPs identification, seven distinctive peaks were pre-selected from the 

microscale pellet pyrolysis (Figure I.8): toluene, styrene, α-methyl styrene, bibenzyl, styrene 

dimer, 2-phenyl naphthalene, and styrene trimer. Only two pyrolyzates differ from the pyrolysis 

of literature and hereafter studied organic matter (Table I.2): styrene dimer and trimer. The m/z 

104 pyrogram specifically enhanced the styrene, whereas the m/z 91 pyrogram enhanced the 

styrene dimer and trimer. Only significant peaks at the styrene and styrene dimer's retention 

time were studied (Figure I.9). Their mass spectra were similar to the library spectra. 

 
Table I.1. Polypropylene distinctives pyrolyzates and the occurrence in the OM studied 

and in literature. 

Pyrolyzates Peak (%) Peak (%) 
Area 

(a.u./µgC) 
LHA LNOM SAWE Ref. RI 

 PP PP NPs PP NPs      

C9 100 100 3.29e5 - - - 

-T
hi

s 
st

ud
y 

855 

C12 5.48 10 1.80e4 - - - 1084 

C15i 3.14 9.58 1.03e4 - - - 1312 

C15s 2.61 6.53 8.59e4 - - - 1330 
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Oppositely, the styrene trimer mass spectra are noisily due to their low abundance and 

the limit of detection. From PS MPs to NPs, the proportion of styrene dimer and trimer 

decreased from 26% to 0.2% and 23% to a negligible area. One hypothesis to explain such 

result, as we previously observed for PE (Ter Halle et al., 2017), is that the probability of 

forming a large mass of pyrolyzate (i.e., m/z > 200) considerably decreases from the microscale 

to the nanoscale.  

 
 

Figure I.7. (A) Polypropylene NPs pyrograms for TIC, m/z 70 and m/z 69. (B) Mass 

spectra comparison between the MSs of pyrolyzates recorded at the PP marker 

retention times (blue) and their library MSs (red). 

        
                   

  
  
  
  

 

  
 

 
  
 

  

  
 

 
  
              
  
 

 
  
    

  
 

 
  
 

          
   

                

  
  
  
   
   

 

      

    

   

   

   m   

   m   

  
  

 
  
  

 
  
  

 

         

         

         

         



 

28 

 
 

Figure I.8. (A) Polystyrene micropellet pyrograms for TIC, m/z 104 and m/z 91. (B) Mass 

spectra of pyrolyzates recorded at the PP marker retention times used to build the 

library. 

 
Since the direct identification of PS NPs is based on both pyrolyzates, the decreasing 

size from PS MPs to NPs would affect the PS NPs detection in environmental matrices. 

Regarding their nanoscale, low quantity, and ability to hetero-aggregate with the NOM, the 

direct identification of PS NPs in environmental matrices seems impossible. Polystyrene 

identification should thus integrate an indirect identification. An alternative is to determine the 

absolute pyrolyzate ratio of toluene/styrene (Tol/Sty) (Fabbri et al., 1998; Watteau et al., 2018). 

This ratio is <0.01 for pristine PS and > 4-5 for organic matter (Fabbri et al., 1998; Watteau et 

al., 2018). 
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Table I.2. Polystyrene distinctive pyrolyzates and their occurrence in the OM studied and in literature. * Non-isothermal Kovats 

retention indice. 

Pyrolyzates 
Peak 

(%) 

Peak 

(%) 

Area 

(a.u./µgC) 
LHA LNOM SAWE OM References RI 

 PS PS NPs       

Toluene 2.99 1.85 4.02e5 X X X X Dignac et al., 2005; Gillam and Wilson, 1985; Kaal et al., 

2016; Nierop et al., 2005; Rouches et al., 2017 

784 

Styrene 100 100 2.17e7 X X X X 916 

Benzaldehyde NA 2.85 6.20e5 X X X X Carr et al., 2010; Schulten and Sorge, 1995 987 

α-methylstyrene 2.27 1.32 2.87e5 X - - X Fabbri et al., 1998; Dignac et al., 2005; Watteau et al., 2018 1006 

Bibenzyl 1.76 0.53 1.15e5 - - X X S. Wang et al., 2017 1583 

Styrene dimer 25.65 0.2 4.35e4 - - - -  1789 

2-phenylnaphtalene 3.6 1.41 3.07e5 X X X X Geng et al., 2019 2083 

Styrene trimer 22.8 NA - - - - -  2542 
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I.3.2 Natural organic matter contribution 

Although few pyrolyzates are common between PP NPs and NOM, their potential 

coelution of NOM and PP markers was thus investigating. Polypropylene identification was 

performed by spiking PP NPs into the three different OM (I.2 section). For the SAWE, the 

PP/OM ratio (g/g) was set to 0.073, corresponding to 2 µgC of PP and 27.5 µgC of SAWE. For 

LNOM and LHA, the PP/OM ratio (g/g) was set to 0.011, corresponding to 2 µgC of PP and 

175 µgC of OM. Leonardite organic matter pyrograms with and without PP NPs were compared 

to identify potential coeluted pyrolyzates at the retention times of C9, C12, and both C15 

compounds. 

 

Figure I.9. (A) Polystyrene NPs pyrogram for TIC, m/z 104 and m/z 91. (B) Mass spectra 

comparison between the MSs of pyrolyzates recorded at the PS marker retention times 

(blue) and their library MSs (red). 

 

For PP NPs spiked into SAWE, at m/z 70 (Figure I.10A), the pyrogram showed a 

significant peak at the retention time of C9. At m/z 69, the three other PP markers are observed 

in the pyrogram (Figure I.10B). Without PP NPs, the mass spectra did not show any similarity 

with the reference, confirming that SAWE and PP have no homo-pyrolyzate interferences, as 

previously discussed (Table I.1). The mass spectra for PP NPs spiked into SAWE showed a 

very high similarity with PP for the following markers: C9, C15i, and C15s (Figure I.10C). 
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These coeluted SAWE pyrolyzates were thus at too low concentration to interfere. Conversely, 

the C12 spectra were not similar due to the presence of a coeluted OM pyrolyzates, which 

contributed to the C12 mass spectrum (Figure I.10C). Therefore, only C12 has coeluted-

pyrolyzate interference with SAWE. 

 

 

Figure I.10. (A) m/z 70 pyrograms for SAWE without and with PP NPs; (B) m/z 69 

pyrograms for SAWE without and with PP NPs; (C) Mass spectra of pyrolyzates 

recorded at PP marker retention times (blue) and their library MSs (red). 

 
For PP NPs spiked into LNOM (Figure I.11), the m/z 70 and m/z 69 pyrograms showed 

a significant peak increase for all the PP markers compared to non-spiked LNOM. The peaks 

at PP retention times remained low compared to those of OM. The LNOM mass spectra with 

and without PP NPs were different. No homo-pyrolyzate interferences are observed between 

LNOM and PP. For LHA, a significant peak increase was observed for pyrograms with and 

without PP NPs at all PP markers' retention times (Figure I.12). The PP markers are thus very 

distinctive. No mass spectrum similarities are obtained between PP markers and LHA. As 
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observed for SAWE and NOM, no homo-pyrolyzate interference exists between LHA and PP. 

With PP NPs, the mass spectra were similar for the PP markers (Figure I.10). No coeluted-

pyrolyzate is observed. Thus, PP can be directly identified with all four selected markers. 

 

Figure I.11. (A) m/z 70 pyrograms for LNOM without and with PP NPs; (B) m/z 69 

pyrograms for LNOM without and with PP NPs; (C) Mass spectra of pyrolyzates 

recorded at the PP markers retention times (blue) and their library MSs (red). 

 

In summary, coeluted-pyrolyzate interference is identified for C12 for SAWE and 

NOM. Polypropylene was still identifiable because the three other markers had no 

interferences. The use of these three PP markers allowed direct PP identification in the three 

studied OM samples. Concerning the environmental identification of PP, although OM was in 

excess (e.g., 14 times for SAWE and 100 for LNOM and LHA), all these ratios allowed PP 

identification. Moreover, the m/z 70 pyrograms show that these ratios could be decreased and 

that PP identification could be achieved using only the C9 marker. For LNOM and LHA, the 

PP/OM ratio could be decreased since no peak is present at the retention time of C9 in both OM 

pyrogram without PP NPs. 
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Figure I.12. (A) m/z 70 pyrograms for LHA without and with PP NPs; (B) m/z 69 

pyrograms for LNOM without and with PP NPs; (C) Mass spectra of pyrolyzates 

recorded at the PP marker retention times (blue) and their library MSs (red). 

 
In contrast, the SAWE pyrogram without PP NPs exhibited a peak at the retention time of C9. 

Therefore, over the PP/OM ratio, the C9 marker could no longer be identified. By setting the 

limit when the C9 mass peak is equal to 2 times the SAWE coeluted pyrolyzate, it may be 

difficult to assess the presence of PP in SAWE below a ratio of 0.025 (g/g). 

I.4 Application to environmental NPs 

To evaluate the ability to identify the NPs composition in complex matrices, we applied 

the Py-GCMS on e-NPs. These e-NPs were produced from unwashed beached plastics covered 

by Sargasso algae (e.g., type SAWE). Figure I.13 illustrates the size and shape characterization 

of the e-NPs obtained by DLS and TEM. The e-NPs have a hydrodynamic diameter ranging 

from 200 to 500 nm (Figure I.13), lower than the PS and PP NPs. This difference can be 

described by the advanced oxidation state of the plastic debris sampled in the environment that 
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more likely produces nanoscale particles. The e-NPs are less size-polydispersed and better 

separated probably because NOM stabilized them differently according to their size. However, 

e-NPs present an identical shape to PP and PS NPs (Figure I.13). As for PP NPs, TiO2 and 

carbonates were identified. While TiO2 results from additive, carbonates could result from both 

additive and natural biotic or abiotic precipitates. 

 

Figure I.13. (A) ACF function of the e-NPs bordered by the 500 and 900 nm polystyrene 

spherical latex nanoparticles; (B) corresponding size distribution expressed in volume 

with the associated integration; (C) TEM images of e-NPs. 

 

The direct identification of PP NPs was applied and validated with e-NPs. For e-NPs, 

on the m/z 70 pyrogram, an important peak occurred at the retention time of C9 (Figure I.14). 

On the m/z 69 pyrogram, three other high-intensity peaks are distinct at the PP markers' 

retention time: C12, C15i, and C15s. For all of these peaks, comparisons of their mass spectra 

with those in the literature showed high similarities (SS > 0.90, Figure I.14). Therefore, even if 

NOM is highly present in the e-NPs suspension, PP is evidenced without further treatments. 
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Figure I.14. (A) Environmental-NPs pyrograms for TIC, m/z 70 and m/z 69. (B) Mass 

spectra comparison between the MSs of pyrolyzates recorded at PS marker retention 

times (blue) and their library MSs (red). 

 
However, concerning PS in the e-NPs, identifying the styrene dimer and trimer 

pyrolyzates was not possible, as illustrated by the pyrograms in Figure I.15. Moreover, based 

on the TIC, a large range of signals and peaks are NOM characteristics without a clear indication 

of PS. Also, the Tol/Sty ratio obtained for  e-NPs ranges from 4 to 5, suggesting that the Styrene 

signal (m/z 104) can be attributed to NOM rather than PS. 
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Figure I.15. Environmental-NPs pyrograms for TIC, m/z 104 and m/z 91 (A) before and 

(B) after H2O2/UV purification process. 

 
Therefore, we developed a protocol using H2O2 and UV light (Wang et al., 2001, 2006) 

to selectively degrade NOM without affecting the NPs integrity by testing various experimental 

conditions. The optimized protocol consists of the H2O2 addition at 1% (v/v) in the e-NPs 

suspension and then exposition to UV light to induce OH radical reaction. This protocol allows 

the degrading of more than 90% of NOM (Figure I.3). During the H2O2/UV processes, the 

Tol/Sty ratio is followed over time and NOM degradation (Figure I.16). As explained above, at 

t=0, e-NPs had a high Tol/Sty ratio suggesting that the styrene comes from NOM as expected 

by the large amount of NOM associated with the plastics debris (Fabbri et al., 1998; Dignac et 

al., 2005). After twenty-four hours of UV, the Tol/Sty ratio decreases to reach a ratio around 

0.5, highly similar to the PS NPs' ratio (Figure I.15B). It is worth noting that after e-NPs 

purification from NOM, the m/z 104 pyrogram presents both a cleaner and twice intense 

chromatogram with a clear styrene peak (tR=8.2 min). At the same time, the carbon mass 

significantly decreased with the H2O2/UV light action. Such combined observation confirms, 

afterall, the PS occurrence in the e-NPs suspension. 
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Figure I.16 Toluene/Styrene ratio evolution during the OM degradation applied on the 

e-NPs suspension. The red zone indicated the Tol/Sty ratio obtained to the different 

studied NOM. The blue zone indicated the Tol/Sty ratio obtained for the PS microscale 

pellet and PS NPs. 

 

 

Figure I.17. (A) Environmental-NPs pyrograms for TIC, m/z 70 and m/z 69 after 

purification with H2O2/UV process. (B) Mass spectra comparison between the MSs of 

pyrolyzates recorded at PS marker retention times (blue) and their library MSs (red). 
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Additionally, the detection of the styrene is significantly enhanced after the H2O2/UV 

treatment. This result is coherent with: (i) the better sensitivity of the Py-GCMS to detect 

styrene pyrolyzate for PS vs. NOM since styrene is the principal component of PS; (ii) the NOM 

effect on the signal attenuation previously demonstrated for styrene for Nps detection in soil 

(Wahl et al., 2021). Moreover, the major pyrolyzate of PP (i.e., C9, C12, C15i, and s) were still 

identified (Figure I.17). The combination of both strategies is thus appropriate to detect them 

in complex environmental matrices. 
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Ce chapitre correspond à un article accepté dans la revue Environmental Science : Nano, “A 
reliable procedure to obtain environmentally relevant nanoplastic proxies”, Florent Blancho, 
Mélanie Davranche, Francesco Fumagalli, Giacomo Ceccone, Julien Gigault, 

https://doi.org/10.1039/D1EN00395J 

 

Dans le premier chapitre, nous avons proposé différentes stratégies analytiques afin de 

permettre la détection des NPs en milieu complexe. Cependant, si de nombreuses études se sont 

intéressées aux comportements des NPs, elles ont toutes utilisées des modèles dont les 

propriétés sont éloignées des NPs qui ont pu être observés dans l’environnement. Or, Pradel et 

al. (2020) ont démontré que la taille et la morphologie de NPs étaient des facteurs de contrôle 

clés de leur comportement en condition environnementale. Afin d’approcher au plus près des 

NPs environnementaux, nous avons décidés de produire des NPs plus proches de ceux 

rencontrés dans l’environnement. D’autres études se sont également intéressées à cette 

problématique. Des NPs ont ainsi été produits à partir de plastiques vierges (El Hadri et al., 

2020; Magrì et al., 2018). Cependant, leur état d’oxydation n’est pas comparable à celui des 

NPs produits dans l’environnement et leur représentativité peut être remise en question. 

Davranche et al. (2019) ont montré qu’il était aussi possible de produire des NPs à partir de 

débris plastiques altérés, collectés dans l’environnement et donc plus pertinents des NPs 

produits en condition environnementale. Cependant, ces NPs n’ont pas été caractérisés de 

manière approfondie. 

Dans ce chapitre, nous nous sommes donc intéressés à la production d’un nouveau 

modèle de NPs de type environnemental. Le protocole s’est inspiré de Davranche et al. (2019) 

et a été optimisé afin (i) de produire un maximum de NPs et (ii) d’éliminer les traces potentielles 

de MO. Ensuite, les stratégies de détection directe mises au point dans le chapitre 1 ont été 

mises à profit afin d’identifier les polymères présents et la méthodologie d’identification directe 

a été extrapolée au NPs de PE. Enfin, nous avons caractérisés les propriétés physico-chimiques 

de ces NPs. 

 

Résumé 
 

Disposer de modèles environnementaux de NPs est une priorité. Différents modèles de 

NPs sont utilisés dans le but de développer des méthodes analytiques ainsi qu’élucider leur 

comportement dans les systèmes naturels, l’objectif final étant d’arriver à appréhender leur 

devenir et leur impact dans l’environnement et sur les organismes vivants. Bien que des 

modèles plus représentatifs des NPs environnementaux aient été proposés, les modèles 

disponibles ne représentent pas la diversité de leurs propriétés. Un protocole permettant 

https://doi.org/10.1039/D1EN00395J
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d’obtenir des NPs proches des NPs environnementaux a ainsi été mis en place. Les NPs sont 

obtenus à partir de débris plastiques altérés et collectés dans le milieu naturel. Les NPs sont 

extraits par abrasion mécanique et sonication. Associé à ce protocole de production, une 

méthode de dégradation des résidus de matière organique initialement présents à la surface des 

plastiques a été développée. Les suspensions de NPs produites ont une concentration moyenne 

de 400 mg Carbon L-1. Ces concentrations ont permis de caractériser les propriétés de surface 

par XPS, analyse BET et titrages potentiométriques. Ces NPs ont des distributions de taille 

comprises entre 200 et 500 nm, ils ont des formes hétérogènes et sont majoritairement composés 

de PP et de PE. 

 

Abstract 
 

More environmentally relevant NPs models are urgently needed. Models of 

environmental plastics are used to develop analytical methods to get an accurate picture of how 

NPs behave in natural systems, and to generate data on NPs’ environmental fate and impact on 

living organisms. Despite the recent progress in developing models to mimic NPs, the models 

that are available do not yet show enough diversity to represent the wide heterogeneity in the 

physical and chemical properties of environmental NPs. In this paper, we report on the strategy 

we developed to obtain environmentally relevant NPs by mechanical abrasion and sonication 

of weathered plastics collected from the natural environment (on the beach, and floating in the 

water). An organic matter degradation protocol was devised to eliminate any potential organic 

residues that were initially present on the collected plastic samples. The final NPs suspension 

contains an average of 400 mg carbon L-1, allowing the surface properties to be characterized 

by XPS, BET analysis, and potentiometric titration. The size distribution of NPs ranges from 

200 to 500 nm, with a heterogenous shape and composition (PE and PE) similar to the NPs 

observed in marine, coastline, and soil systems. 
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II.1. Introduction 

Most plastics are engineered to be mechanically, biologically, and chemically resistant, 

and therefore they persist forever and are accumulating in the environment (Barnes et al., 2009; 

Geyer et al., 2017; Horton et al., 2017; Yulan Zhang et al., 2020). The accumulation of 

mesoplastics (5–25 mm) and microplastics (1–5 mm) in the ocean, resulting from plastic debris 

degradation, is well documented (Thompson, 2004; Law et al., 2010; Cozar et al., 2014). Plastic 

debris fragmentation leads to nanoscale particles (nanoplastics, NPs) as plastic debris continues 

to degrade (Eriksson and Burton, 2003; Gigault et al., 2018, 2016; Reisser et al., 2013). 

Nanoplastics present specific physical and chemical colloidal properties that micro-scale 

plastics do not, such as Brownian motion and wavelength interaction (Gigault et al., 2021). 

Nanoplastics have only recently been identified in the ocean (Ter Halle et al., 2017), coastal 

areas (Davranche et al., 2020), and soil (Wahl et al., 2021), and from degradation experiments 

of plastics (Gigault et al., 2016; Lambert and Wagner, 2016). However, there is a lack of 

knowledge regarding their physicochemical properties, surface reactivity, and ecotoxicological 

impacts. 

Due to their low availability in the environment, NPs cannot be collected sufficiently 

well to develop standardized characterization methods and ecotoxicology tests in the 

environment. Since measurement procedures and impact assessments are urgently needed, the 

main challenge is to find accurate and relevant NPs models. Historically, the ecotoxicology 

community first used PS latex as a NPs model (Bhattacharya et al., 2010; Wegner et al., 2012; 

Besseling et al., 2014). However, recent findings have questioned the efficacy this type of 

model (Gigault et al., 2021). Several alternative models were thus proposed. They were mainly 

produced by polymerization (Balakrishnan et al., 2019; Mitrano et al., 2019; Pessoni et al., 

2019; Rodríguez-Hernández et al., 2019), milling (El Hadri et al., 2020), and other auxiliary 

methods, such as the laser-based approach (Magrì et al., 2018). For NPs impact assessments, 

some of those models are promising regarding the absence of surfactants (Pessoni et al., 2019), 

their traceability (Mitrano et al., 2019), and their heterogeneity, size, and shape, which are 

similar to those observed under environmental conditions (El Hadri et al., 2020). These current 

NPs models demonstrated that their nanosize allows them to interact with microorganisms or 

cells (Balakrishnan et al., 2019; Rodríguez-Hernández et al., 2019). However, the justification 

for using these models for investigating NPs reactivity with contaminants is limited. Their 

surface functionalization was a priori chosen (Pessoni et al., 2019) as no characterization of 

NPs surface functional groups is available. Finally, recent studies have demonstrated that the 
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size and shape influence NPs retention in porous media and their stability in aqueous systems 

(Pradel et al., 2020; Venel et al., 2021). 

All of the methods used similar approaches: a polymer or specific monomer is used to 

produce NPs that are homogeneous in composition and not naturally oxidized. Recently, 

Davranche et al. (2019) have opened the door to a new way of relevant NPs preparation from 

the altered surface of MPs collected from natural systems (Davranche et al., 2019). Despite the 

potential of these NPs from nature, the method was not pushed further, and the resulting NPs 

were only partially described. Altering the outer layer to produce NPs models seem to be 

promising since 1) plastics are altered from the outside (surface) to the inside in nature (Ter 

Halle et al., 2016); 2) their alteration occurs under environmental conditions; and 3) their shape 

and surface functional groups are expected to be environmentally relevant. 

Based on Davranche et al. (2019), the present work proposes a protocol to produce an 

environmentally relevant model for NPs (e-NPs). Environmental NPs are produced using 

beached plastic debris (BDs) from the North Atlantic gyre and floating debris (FDs) from the 

great Pacific garbage patch. Environmental NPs composition, size, and surface properties were 

characterized by Py-GCMS, DLS, TEM, XPS, BET analysis, and potentiometric titration. 

Besides the production of an e-NPs model, a method was developed to remove the associated 

organic matter (OM), using a combined H2O2/UV process. These e-NPs open new possibilities 

for investigating ecotoxicological effects and the environmental fate of plastics. 

II.2. Materials and methods 

II.2.1. Environmental NPs production and organic matter degradation 

Beach plastic debris (BDs) was collected on Saint Marie Bay beach (Guadeloupe, 

France) in September 2018. Only beach plastics that were less than 10 cm in diameter were 

collected. After sieving with a 1 cm grid, pieces of plastic debris were manually separated from 

the beach matrix (i.e., sand and algae residues). Floating plastic debris (FDs) was collected from 

the North Pacific Garbage Patch in 2015 by Ocean Clean-Up, a non-profit organization 

dedicated to plastics debris removal from the water system (riverine and oceans) (Royer and 

Deheyn, 2019; Lieshout et al., 2020). 

We used 100 g BDs and 300 g FDs as initial material. The plastic debris was mixed with 

deionized water (DI) at a 1:5 BDs/DI and 1:2 FDs/DI ratio (wt/wt) in a square bottle and stirred 

at 250 rpm (Step 1, Figure II.1). The ratio of plastic debris to water was optimized in order to 

obtain the higher quantity of carbon in the final solution. After 48 h, the suspension was 
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sonicated for 1 hour (Step 2, Figure II.1). Microplastics were then separated from the 

suspension with a 40 µm cut-off filter (cellulose acetate, VWR) (Step 3, Figure II.1). Organic 

matter from algae residues (i.e., Sargassum Algae) associated with plastic debris was removed 

from the suspension using 1% H2O2/UV for 5 hours (see I.2.2). Finally, the e-NPs were 

collected with a 1.2 µm cut-off filter (Glass fiber, Prat DUMAS) (Step 4, Figure II.1). After the 

OM oxidation, ultrafiltration (Amicon, Merck Millipore) was used to remove the extra H2O2 

and concentrate the e-NPs using an ultrafiltration membrane of 20 kDa molecular-weight cut-

off (PES, Microdyn NADIR) (Step 5, Figure II.1). Small MPs (< 1 mm) were retrieved by the 

40 µm filter (cellulose acetate, VWR) and called environmental MPs (referred to as e-MPs from 

now on). The e-NPs OM and e-MPs OM refer to NPs and MPs that have not been purified of 

organic matter. 

II.2.2. Particle size, shape, and surface analysis  

The hydrodynamic size of the particles is analyzed using Dynamic Light Scattering 

(DLS) (VASCO-Flex, Cordouan Technologies). The particle motion is characterized by a 

correlation of the scattered light intensity according to time and thereby represented by an 

autocorrelation function (ACF). Originally colloids in solution have an ACF forms by a 

decreasing exponential function from coherent to incoherent movements. To better illustrated 

the ACF, this function was normalized and presented on a y-axis logarithm scale. Through this 

transformation, the ACF of monodisperse standard are composed of a straight line with a 

negative slope and a curvilinear line including noises. The first part is related to the 

hydrodynamic radius of the particles and the latest part assured that particles are submitted to 

Brownian motion as expected for colloids. Note that the ACF of spherical standards were 

recorded in order to compare it to ACF from sample’s particles. 

These spherical standards (100, 200, 500 and 900 nm) were purchased from 

ThermoFisher, and analysed at a concentration of 100 mg L-1 without ionic strength. Size 

distribution were determined by fitting the autocorrelation function with Sparse Baysian 

learning algorithms (SBL, Tipping, 2001). SBL algorithm deconvolutes the signal in a way 

which allow to identify the different population size associated with their distribution. Note that 

each DLS analyses were carried in 6 replicates with an analyses period of 120s. Only results 

for replicates with reliable residue (r<0.01) compared to the modeling were accepted. The 

geometric size and shape of nanoparticles were also examined by transmission electronic 

microscopy (TEM) (JEM 2100 HR, Jeol). Samples were prepared by drying 2.5 µL of solution 
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on a carbon grid (Oxford instruments). TEM was operated at 200-kV acceleration voltage with 

LaB6 as an electron source.  

 

Figure II.1. Workflow of the e-NPs preparation protocol. 
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The e-NPs were analyzed by X-ray photoelectron spectroscopy (XPS) using an AXIS 

Ultra-DLD (Kratos Analytical, JRC, ISPRA) at a pressure of less than 8 x 10-9 mbar. The 

specific surface area (SSA) of the e-NPs was quantified by the BET (Brunnauer Emmet and 

Teller) method using a Gemini VII instrument (Micromeritics). 

The proton-reactive site was determined by potentiometric titration using a Titrano unit 

controlled by the Tiamo software (Metrohm). All solutions were base-titrated under N2 flux 

with an NaOH solution of 0.01 M (Honeywell Fluka). Prior analysis, the pH probe was 

calibrated during the titration of an external acidic solution (1mM HNO3, Honeywell Fluka). 

The ionic strength of all solution was set to 10 mM with NaNO3 (Fisher Scientific) and all 

titration started below pH 4. The operational determination of the acid/base functional group 

was done as presented by (Spadini et al., 2018). Briefly, the proton released from the polymer 

surface, Hsurf, was related to the pH of the solution (Eq. II.1). Then, the total surface reactivity, 

Hstot, was defined as the Hsurf released between pH 4 to 8, which implicitly do no take in account 

deprotonated function group at p  ≤ 4. Note that, the CO2 diffusion during the experiment was 

taken in account by calculating the Hstot for a blank solution (i.e. deionized water). 

[H+] = [Hinit] + [Hbase] + [Hsurf] + [OH-]  (II.1) 

Where, [H+], the free proton concentration, known at every time with the pH probe, [Hinit], the 

concentration of the strong acid added to fix the pH to 3 prior the titration, [Hsurf], is the 

concentration of the proton released by the surface titrated, the only unknown and [OH-], the 

concentration proton released from the water auto-dissociation, at pH 7 [H+] = [OH-]. 

II.2.3. Characterization of e-NPs composition 

Total Organic Carbon (TOC) content in grams of carbon per liter was quantified using 

a TOC-V Shimadzu analyzer (Sugimura and Suzuki 1988). The precision of the TOC 

measurements was estimated to be ± 5% using a standard potassium hydrogen phthalate 

solution (Sigma Aldrich). Fluorescence spectroscopy was performed with an FL6500 system 

(Perkin Elmer).  Pyrolysis (Pyrolyzer PY-3030 Frontier Lab) coupled to Gas Chromatography-

Mass Spectrometry (Py-GCMS) (5977B, Agilent Technologies) was used for plastic 

identification. Before Py-GCMS analysis, a known volume of samples was evaporated at 45°C 

in an 80µL pyrolysis cup (Frontier Lab). Pyrolysis was performed at 600°C, and the gas 

chromatography temperatures were similar to the literature (Dehaut et al. 2016). Pyrolyzates 

were separated on a C18 capillary column (DB5, 30m, Agilent Technologies), with helium as 

the carrier gas. The mass spectra of pyrolyzates were then compared to the NIST/EPA/NIH 
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library (NIST 14) values, and to our own laboratory library values, including specific polymer 

pyrolyzates’ mass spectra from Blancho et al.,2021b, and from PE (Figure II.2 and Table II.1). 

 

Figure II.2. (A) Polyethylene micropellet pyrograms for TIC, m/z 97 and 81. (B) Mass 

spectra of pyrolyzates recorded at the PE marker retention times used to build the 

library. 1,14-C15 for 1,14-pentadecadiene; 1-C15 for pentadecene; 1,15-C16 for 1,15-

hexadecadiene; 1-C16 for hexadecene; 1,16-C17 for 1,16-heptadacadiene; 1-C17 for 

heptadecene. 

 
The quantification of spectrum similarity (SS) was performed using the MSD 

Chemstation algorithm (Agilent Technologies). The polymer identification was based on non-

interferent pyrolyzates (there were no homolog pyrolyzates from OM). Thus, the procedure 

used to validate the identification of a polymer pyrolyzate was to have a similar Kovats 

retention index already found from polymer pyrolysis and an SS for at least one specific 

pyrolyzate > 0.80. Table II.1 and Table II.2 present the Kovats retention indices calculated for 

the pyrolyzates used to identify PE and PP polymer, respectively. Besides the polymer 

identification, Py-GCMS is used to monitor the removal of OM. For this purpose, three OM 

pyrolyzates were selected after being identified on algae samples with the NIST library 

(SS>0.80): 2C-Phenol, 2C-2-Cyclopentenone, and Indole (Table II.3). The 2C-phenol has 

many OM precursors (i.e., non-specific) among peptides, proteins, and lignins. The 2C-2-

cyclopentenone has only one precursor: polysaccharides. Molecules that contain N, such as 
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proteins, can be precursors of indole. Combining these pyrolyzates permits us to follow OM 

degradation across different components. 

Table II.1. Polyethylene pyrolyzates used for its identification. * Indicates pyrolyzates 

with no interference with OM. ** Non-isothermal Kovats retention indices. 

 

Pyrolyzates PE pellet sigma 

 RI** Reference 

1,14-C15* 1487 

This study 

1-C15 1493 

1,15-C16* 1586 

1-C16 1593 

1,16-C17* 1687 

1-C17 1693 

 

 
Table II.2. Pyrolyzates used for PP identification. * pyrolyzates with no interference 

with OM. ** Non-isothermal Kovats retention indices. 

 

Pyrolyzates PP pellet sigma 

 RI** Reference 

C9* 855 

(Blancho et al., 2021b) 

C12* 1084 

C15i* 1312 

C15s* 1330 

 

 



 

49 

 
Table II.3. Pyrolyzates markers for typical OM and their occurrence in major plastic polymers. The table summarize the precursors of 

these markers found in literature. * Indicates Py-GCMS analysis realized at the laboratory beside literature data. 

 

    Presence in 

Specific OM 
marker 

Class Origin References Algae* 
Marine 
DOC 

Riverine 
DOC 

SOM* 
PS
* 

PP
* 

PVC* PE 

2C-Phenol Phenol 

Unspecific 
(Peptides, 

proteins, lignin, 
tannins, 

polysaccharides) 

Gillam and 
Wilson 1985; 
Dignac et al. 

2005; Nierop et 
al. 2005; Kaal et 

al. 2016 

X X X X - - - - 

2C-2-
Cyclopentenone 

Cyclopentone 
Carbohydrates 

 

Nierop et al. 
2005; Kaal et al. 
2016; Rouches 

et al. 2017 

X - X X - - - - 

Indole N-containing Proteins 
Kaal et al. 2016; 

Biller et Ross 
2014 

X X X - - - - - 
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II.3. Results and Discussion 

II.3.1. Water extraction and purification of e-NPs 

 
 

Figure II.3. Microplastics and extraction solution before and after applying the 

extraction protocol on beach plastics. (A), (B) are photography of the same MPs, in 

detail (A) is the MPs scratched before applying the protocol revealing the weathered 

layer at its surface and (B), the MPs after using the protocol; (C) and (D) are TEM 

observations of MPs, before and after using the protocol, respectively; and (E) and (F) 

showed the extraction solution before and after applying the protocol; (I) and (J) show a 

MPs covered by organic materials, before and after using the protocol. 
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Plastic debris offers an easily extracted altered layer, as shown in Figure II.3A. After 

water extraction, it showed a polished surface (Figure II.3B), as confirmed by TEM 

observations (Figure II.3C and Figure II.3D). The resultant suspension of beach plastics is 

highly turbid, suggesting numerous small particles (see turbidity difference between Figure 

II.3E and Figure II.3F). After filtration, the organic carbon (OC) content was 71±4.1 and 

759±61 mg L-1 for beach plastics and floating plastics, respectively (Figure II.4). This organic 

carbon includes both e-NPs and natural organic matter from algae residues (Figure II.3I and 

Figure II.3J). 

 

 

Figure II.4. Evolution of TOC concentration during the application of OM degradation 

protocol applied on the e-NPs suspension from PDs and BDs extraction, filled dot and 

unfilled dot, respectively. 

 

To remove OM from the plastic suspension, several protocols using basic, acidic, or 

oxidizing reagents could be used (Dehaut et al., 2016; Kühn et al., 2017; Hurley et al., 2018). 

H2O2 was shown to be the most efficient for plant matter, notably coupled to a catalyzer such 

as UV light, TiO2, or ionic Fe(III)/Fe(II) (Vilhunen et al., 2010; Prata et al., 2019). Using H2O2 

avoids nanoparticle aggregation, compared to basic or acidic reagents. A preliminary 

investigation demonstrated that photooxidation at 254 nm with 1% H2O2 is mandatory to reach 

more than 95% degradation (Figure I.3). Alnaizy and Akgerman (2000) also demonstrated that 

temperature inhibits OM degradation from 90% to 30% if the temperature is decreased from 
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45°C to 20°C. Therefore, the temperature was set to 37°C (regulated in the UV reactor), pH 7 

and 1% H2O2. This protocol was applied on both suspensions. After OM degradation, the OC 

content of the e-NPs suspensions reached 5.4±0.1 mg L-1 and 331±3.1 mg L-1, respectively, for 

beach and floating debris. Fluorescence spectroscopy and Pyr-GCMS were used to validate the 

OM degradation. 80% of the OM's initial fluorescent C-peak disappears after 5 h of exposure 

to H2O2/UV (Figure II.5A) (Coble, 1996; Huguet et al., 2009). Py-GCMS analysis of the 

suspension also provided evidence about the disappearance of the OM pyrolyzates (Figure 

II.5B). Note that Figure II.5B showed a different efficiency to degrade OM. This may be 

explained by the order of difference of the initial OC amount. After the concentration step, the 

concentration reached was 37±1.0 mg L-1 and 2038 ±12 mg L-1, for beach and floating plastics, 

respectively. Note that the concentration chosen for floating debris was primarily targeted to 

make the potentiometric titration work. 

 

 

Figure II.5. Evolution of organic tracer during OM degradation protocol applied on the 

e-NPs suspension from beach plastic and floating plastic extraction, filled dot and 

unfilled dot, respectively; (A) Fluorescence C Peak, obtained by fluorescence 

spectroscopy; (B) Pyrolyzates evolution, obtained from Py-GCMS. 
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II.3.2. Environmental NPs polymer identification 

As identified by Dümichen et al. (2015), the pyrolysis of PE produces a class of 

pyrolyzate with no interferences towards OM pyrolyzates: the alkadienes. These singular 

markers originate from the scission of long polymer chains, which are not abundant among 

environmental OM (Table II.1) (Dümichen et al., 2015). For the e-NPs produced from beach 

debris, none of these PE markers were identified. By contrast, such markers were found for the 

e-NPs from the floating debris extraction. Three succeeding peaks were identified as alkadienes, 

as they have similar Kovats retention indices as found in the library, and their spectrum 

similarities were superior to 0.80 for the m/z 81 pyrogram (Figure II.6A and Table II.4). 

Moreover, these markers were followed closely by alkene (m/z 97 Figure II.6A) as observed 

during PE pyrolysis (i.e., Figure II.2). As a consequence, PE polymer is present in the e-NPs 

from floating debris. 

 

 

Figure II.6. (A) Environmental-NPs BDs pyrograms for TIC, m/z 97 and m/z 81. (B) 

Mass spectra comparison between the MSs of pyrolyzates recorded at the PE marker 

retention times (blue) and their library MSs (red). 
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The identification of PP succeeds for both suspensions. As already demonstrated for 

NPs, PP can be identified by the presence of four singular PP pyrolyzates. These 4 PP markers 

(i.e., C9, C12, C15i, and C15s) were identified in our studies. Indeed, peaks with similar Kovats 

retention indices showed spectrum similarities > 0.80 (Figure II.7, Figure II.8 and Table II.5). 

Whether for e-NPs suspension of beach or floating debris, PP-identified markers have a 

dominant height on the total ion pyrogram (TIP). These “fingerprints” suggest that PP is a 

dominant component of e-NPs. 

 
Table II.4. Polyethylene pyrolyzates used for its identification. * Indicates pyrolyzates 

with no interference with OM. ** Non-isothermal Kovats retention indices. 

 

Pyrolyzates PE pellet sigma e-NPs PDs e-NPs BDs 

 RI** Ref. RI** SS RI** SS 

1,14-C15* 1487 

T
h
is

 s
tu

d
y
 

- - 1485 0.98 

1-C15 1493 - - 1493 0.98 

1,15-C16* 1586 - - 1587 0.91 

1-C16 1593 - - 1594 0.99 

1,16-C17* 1687 - - 1687 0.86 

1-C17 1693 - - 1693 0.90 

 

II.3.3. Size characterization of e-NPs 

Both fractions that were less than 1.2 µm were characterized by DLS and TEM (Figure 

II.9). Figure II.9A and Figure II.9D displayed the log-transformed time-correlation function of 

the intensity of light scattered (ACF) obtained by DLS. Compared to spherical size-

standardized nanoparticles (PS latex), e-NPs from beach debris present monomodal suspension 

(i.e., a straight line), with a hydrodynamic diameter ranging from 200 to 500 nm and centered 

at 250 nm (Sparse Bayesian learning-based modeling). The e-NPs from floating debris are 

polymodal with an additional colloidal population at a larger size (>500 nm). As shown by the 

SBL modeling, the first population has a hydrodynamic diameter centered at 150 nm, whereas 

the second is centered around 500 nm. Note that the SBL predicts particle size >1000 µm; this 
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is modeling bias as the ACF does not cross the ACF from the 900 nm microsphere standard. 

Transmission electronic microscopic observations displayed anisotropic nanoparticles with 

sizes <1 µm (Figure II.9C and Figure II.9F). The carbon intensity of their EDX signal was 

significantly higher than the grid, suggesting a polymer composition, 6.5 and 0.9 Cps/eV, 

respectively. Black cubic particles embedded in the nanoparticle, < 250nm, were also observed. 

Based on EDX (Table II.6), this cubic particle is composed of Ti and O, suggesting TiO2. These 

nanoparticles are a well-known additive of plastics (Deanin, 1975) and were already identified 

as associated with MPs (Fries et al., 2013). 

 

 

Figure II.7. Total ion count, m/z 70 and 69 e-NPs pyrograms from (A) beach debris and 

(B) floating debris. 
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II.3.4. Surface characterization of e-NPs and e-MPs  

Overall, the C-C bond is predominant for all samples (> 70%) except for e-NPs OM, 

where bonds to oxygen are prevalent (≈60%) (Figure II.10). Dominant C-O bonds for e-NPs 

OM can be attributed to the algae residue (Yazdani, 2015; Dobrinčić et al., 2020). Algae are 

characterized by considerable water-extractable polysaccharides (> 50%), mainly composed of 

alginate, laminarin, and mannitol (Chee et al., 2011; Oliveira et al., 2014; Yazdani, 2015; Graiff 

et al., 2016). Therefore, the difference in the carbon bond distribution between e-NPs and the 

e-NPs OM surface is explained by the molecules' release during the e-NPs extraction. More 

oxidized carbon bonds characterize the e-NPs than for e-MPs. Moreover, they share similar 

C=O on their surfaces, whereas O-C=O and C-O bonds are more present on e-NPs. O-C=O (the 

carboxyl functional group) is interesting as they are known to form complexes with metals 

(Cannan and Kibrick, 1938). 

 
Table II.5. Pyrolyzates used for PP identification. * Pyrolyzates with no interference 

with OM. ** Non-isothermal Kovats retention indices. 

 

Pyrolyzates PP pellet sigma e-NPs PDs e-NPs BDs 

 RI** Reference RI** SS RI** SS 

C9* 855 

Blancho et al. 2021 

852 0.89 853 0.87 

C12* 1084 1086 0.91 1085 0.91 

C15i* 1312 1313 0.91 1312 0.91 

C15s* 1330 1331 0.91 1330 0.91 

 
During the H2O2  V oxidation,  O• is formed by  V irradiation at 254 nm 

(Oppenländer, 2003; Santos et al., 2009). These radicals can initiate numerous oxidation 

reactions, which are otherwise limited to photo-reactive impurities (i.e., chromophores). These 

impurities are included in the polymers during its early production process (Rånby, 1989; 

Rabek, 1995).  igh concentrations of  O• and  O2• may affect the termination reaction 

differently than would occur in environmental conditions (Chamas et al., 2020). Even if similar 

functional groups are expected on e-NPs, their density may vary. As shown by XPS, the C 

bonds at the surface of e-NPs are not drastically different from e-MPs and e-MPs-OM. This 

suggests that the H2O2/UV oxidation has a limited impact on the e-NPs surface. As H2O2 is 
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transparent to >300 nm but absorbed the UV radiation at 254 nm, e-NPs were mainly irradiated 

at =315 nm wavelength, as H2O2 was in excess (> 0.5% v/v, Table II.7) (Oppenländer, 2003). 

Since the backbone bond of PP, PS, PVC, and PE polymers do not absorb at 315 nm (Rånby 

and Rabek, 1989), the direct UV effect on the e-NPs surface is therefore limited to UVB, as 

observed in the environment. 

 

 

Figure II.8. Mass spectra comparison between the MSs of pyrolyzates recorded at the 

PP marker retention times (blue) and their library MSs (red) for PDs (A) and (B) BDs, 

respectively. SS, spectrum similarity calculated with MSD Chemstation algorithm. 
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Figure II.9. Size characterization of e-NPs from beach and floating debris types. Log-transformed autocorrelation function (blue) and 

size nominated spherical nanoparticles of PS (black) (A) and (D) for e-NPs from BDs and FDs, respectively. SBL modeling (red) from 

the autocorrelation function (B) and I for e-NPs from BDs and FDs, respectively. TEM images (C) and (F) from BDs and FDs, 

respectively. EDX spectrum and atomic composition of e-NPs 1, Ti oxide and the grid are available in Table II.6. 
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The surface site on floating e-NPs between pH 4 and 8 was quantified to 0.225 ± 8.5e-3 

mmol g-1. Among colloids, the e-NPs have proton-reactive sites similar to that of clays, 0.250 

mmol g-1, but one order of magnitude lower than ferrihydrite and soil OM, 7.77 and 7 mmol g-

1, respectively (Table II.8). The specific surface is determined to equal 12.3 ± 2.4 m² g-1 and the 

resulting surface site density is calculated to 11.0 ± 0.4 sites m-2. Such density is close to 

montmorillonite and ferrihydrite, 6.63 and 10.32 sites nm-2, respectively. To summarize, the e-

NPs surface has carbon-oxygen functions (C-O, C=O, and O-C=O) estimated at 32 ±6%. 

Among these oxidized functional groups, 0.225 ± 8.5e-3 mmol g-1 were proton-reactive, leading 

to a surface site density of 13.3±2 sites m-2. Such proton-reactive sites and site density are 

similar to the reactive colloidal in the environment pictured by clays and ferrihydrite. 

Table II.6. Relative atomic composition obtained from EDX analysis on e-NPs 1 and its 

embedded black cubic particle. 

% Atomic e-NPs 1 Ti oxide 
C 96.60 65.70 
O 21.58 21.58 
Na - - 
Al 0.07 0.25 
Si 0.63 0.50 
S 0.06 0.06 
K - - 
Ca 0.21 0.10 
Ti - 11.80 

II.3.5. Implication for environmental NPs and protocol advantages 

Nanoplastic characteristics are poorly understood and studied due to the difficulties of 

sampling enough material under environmental conditions. The production of environmentally 

relevant NPs models in large quantities is needed to study their environmental fate, behavior, 

and impact. The production of e-NPs with the proposed protocol allows reached concentration 

of around 400 mg L-1. These concentrations were enough to characterize their composition and 

surface properties (Table II.8). Among the functional group present at the surface of e-NPs, 

~10% were identified as carboxylic functional groups (i.e., C-O=O bounds) (Figure II.10). 

These groups explained the proton-reactive sites observed and quantified by potentiometric 

titration. These results are in accordance with the pH-dependent Pb sorption followed by 

Davranche et al. 2019. Moreover, as PE and PP carbon skeletons do not include the aromatic 

cycle, the C-O hydrolyzed bond may be restricted to alcohol functional groups, not known to 

complex metals (Martell and Smith, 1977). Thus, the sorption capacity of e-NPs may be only 
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due to carboxylic functional groups. However, although one main functional group may drive 

metal complexation on the e-NPs, these COOH groups may have diverse pKa values due to the 

presence and proximity of electron-withdrawing groups (carboxylic, acid, ketone, ester, ether, 

hydroxyl, etc.) on the aliphatic skeleton of PP and PE (Martell and Smith, 1977; Leenheer et 

al., 1995). 

 

Figure II.10. Atomic bonding distribution from C1S. High-resolution spectra from the e-

NPs FDs. 

PP and PE were identified as polymers found in the e-NPs. This is in accordance with 

the polymer composition of plastic pieces found in the sea surface and coastal region (Reisser 

et al., 2013; Ter Halle et al., 2017; Brignac et al., 2019). Nevertheless, the PE presence seemed 

limited as it was not detected for the e-NPs from the beached plastic debris. Moreover, the TIP 

e-NPs pyrograms show the PP fingerprints with a higher proportion (Figure II.7). The higher 

photooxidation of PP debris certainly explains the observation. Ojeda et al. (2011) observed a 

higher degradation for PP than for PE after the exact solar light exposition. 

Moreover, Fotopoulou and Karapanagioti (2012) observed a significant textural 

difference between PP and PE plastics. The surface of beached PP was more cracked while PE 

was more altered. Those cracks may enhance the removal of the PP altered layer and produce 

more PP e-NPs than the further application of the present protocol may give an interesting 

response about the polymer sensitivity to form NPs. The surface site density of e-NPs was close 

to that of inorganic colloids, known to be a strong environmental' adsorbent of micropollutants. 

Therefore, the produced e-NPs are significant sorbents, able to compete with clays and Fe 
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oxyhydroxides. However, about physicochemical properties, two critical differences can be 

distinguished between these environmental colloids and e-NPs. First, e-NPs do not bear 

amphoteric hydroxyl sites as observed on Fe oxyhydroxides. These sites can develop negative 

and positive charges in response to the pH variations (Stumm, 1987). By contrast, e-NPs proton-

reactive sites are driven by oxidized carbon functional groups (Figure II.10). The e-NPs usually 

had a charge of zero at acidic pH, and were negatively charged at basic pH values. By contrast, 

clays and Fe oxyhydroxides always bear negative, and negative or positive charges, 

respectively (Lövgren et al., 1990; Stumm, 1987; Tombácz and Szekeres, 2004). From a 

colloidal perspective, these properties explain why e-NPs may be stable or unstable, depending 

on the environmental conditions. As a consequence, in favourable conditions, NPs may 

accumulate. However, the presence of additives or adsorbed elements may affect the net surface 

charge of the e-NPs, and it is therefore essential to evaluate this surface potential by direct 

measurement. Also, these surface functionalities are imperative to mimic the metal reactivity 

of NPs in the environment. Therefore, this first determination of the e-NPs site density could 

be integrated to produce free soap NPs with realistic site density at their surface (Pessoni et al., 

2019). 

Table II.7. H2O2 quantification after the UVC exposition of the e-NPs suspension. 

 
UV exposition (hours) H2O2 (% v/v) 

0 1 

6 0.64 

 

Among the different protocols to produce NPs (Magrì et al., 2018; Mitrano et al., 2019; 

Pessoni et al., 2019; El Hadri et al., 2020), using the altered layer from weathered plastics 

provides numerous advantages, including the realistic presence of random additives, an 

accurate representative shape and surface morphology, and the presence of oxidized functional 

groups. Among these groups, a non-negligible part was proton-reactive. The first step of the 

protocol used in this study is non-degradative, and thus, the extracted e-NPs are the closest 

model for NPs produced by environmental photooxidation. Another advantage is the possibility 

to form nanoparticles that are environmentally representative of the plastic made in a specific 

place under specific conditions. Such properties may be essential for ecotoxicological studies. 

Moreover, the protocol described here provided quantity of e-NPs to further study their 

physicochemical properties with consumptive techniques and instruments in this study (XPS, 

MEB, ATR-FTIR, etc.). 
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Table II.8. Physico-chemical properties of e-NPs and environmental phases. 

 

Sample 
Size 

range 
(nm) 

TOC 
(mg L-1) 

SSA 
(m² g-1) 

Hsurf_tot  

(mmol g-1) 
Site density 
(sites nm-2) 

References 

e-NPs 

120-180 

and 600-

800 

200 12.3±2.4 0.225 ± 8.5e-3 11± 0.4 This study 

Soil organic 

matter 
- - 94-174 7 24-45 

de Jonge and Mittelmeijer-

Hazeleger, 1996; van Schaik et 

al., 2010 

Ferrihydrite 5 - 350 6 10.32 Villalobos and Antelo, 2011 

Ferrihydrite 7 - 650 7.771 7.2 
Hiemstra and Van Riemsdijk, 

2009 

Goethite 400*40  40 0.11 1.68 Lövgren et al., 1990 

Goethite 500 - 70 0.732 6.3 Villalobos et al., 2009 

Gibbsite 200x10  29.5 0.133 2.71 Rosenqvist et al., 2002 

Montmorillonite <2000 - 8.5 0.250 17.41 
Cadene et al., 2005; 

Tournassat et al., 2004 

Montmorillonite 200 - 45.4 0.500 6.63 
Le Forestier et al., 2010; 

Tombácz and Szekeres, 2004 

Kaolinite < 2000  12.10 0.358 17.8 Jeon and Nam, 2019 
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II.4. Conclusions 

Based on previous work, this study proposed to produce an environmentally relevant 

nanoplastic model (e-NPs). The e-NPs were obtained by mechanical abrasion and sonication of 

the altered outer layer found on weathered plastic debris. The efficiency of the process in 

removing organic matter to purify the e-NPs suspension was assessed by fluorescence 

spectroscopy and Py-GCMS. analysis. The yield reached ~80 to 90% depending on the initial 

concentration of the e-NPs suspension. Purified e-NPs were further characterized in terms of 

size, shape, composition, and surface properties. The e-NPs produced in this way had a colloidal 

behavior in solution, were <1 µm, and had polymorphic shapes as expected for NPs. The e-NPs 

were composed mainly of PP, but PE was also present. Concerning physicochemical properties, 

e-NPs were found to contain less than 30% oxidized functional groups (i.e., C=O, C-O, and C-

O=O), and a non-negligible proportion were proton-reactive. The density of binding sites on e-

NPs was comparable to mineral colloids like clays, which means they are a competing sorbent. 

The e-NPs are expected to be more stable at high pH values and unstable at low pH, according 

to the quantity of (de)protonated sites at its surface. Overall, the proposed protocol was 

successful in producing environmentally relevant NPs. For the first time, we produced a 

suspension concentration that was sufficient to study NPs’ physicochemical properties. These 

achievements represent substantial progress in NPs model research, and some direct 

consequences are the further characterizations of the NPs’ physicochemical properties, as a 

better understanding of NPs behavior and their impacts in the environment. Finally, our 

protocol offers the opportunity to the scientific community interested to the NPs contamination 

by using this protocol for specific plastic composition that will be pre-selected.
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CHAPITRE III. IDENTIFICATION 

DES MÉCANISMES DE SORPTION 
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Ce chapitre correspond à 2 articles. Le premier « Metals binding processes on Nanoplastics :  
Rare earth elements as a probe» soumis dans Environmental Sciences Nano, Florent Blancho, 

Mélanie Davranche, Adrien Léon, Bruno Grassl, Stéphanie Reynauld, Julien Gigault. Et le 

2éme à un article qui sera prochainement soumis dans la revue Journal of Colloid and Interface 
Science, « Mechanistic description of metal sorption onto Nanoplastics », Florent Blancho, 

Mélanie Davranche, Adrien Léon, Rémi Marsac, Bruno Grassl, Stéphanie Reynauld, Julien 

Gigault. 

 

Dans le chapitre 2, nous avons développé un protocole de NPs pertinents de 

l’environnement. Les analyses XPS ont mises en évidence la présence à leur surface de 

groupements fonctionnels ionisables de types –COOH dont la concentration approche les 0.3 

mmol g-1. Ces sites sont capables d’interagir avec des cations métalliques et sont à l’origine de 

l’adsorption de métaux comme démontré par Davranche et al. (2019). Bien que l’adsorption 

des métaux par les NPs ait été démontrée, les mécanismes l’expliquant restent mal contraints. 

L’objectif de ce chapitre a donc été de mieux comprendre les processus mis en jeu 

afin d’estimer la capacité des NPs à adsorber les métaux et d’en déduire leur capacité à 
agir comme des vecteurs de métaux dans l’environnement. Pour cela nous avons utilisés 

deux méthodologies, la sonde terres rares et la modélisation géochimique. 

L’efficacité de la sonde terres rares à tracer les processus de complexation de surface a 

été démontrée dans plusieurs études (Pourret et al., 2007; Marsac et al., 2010, 2011). 

L’utilisation de la sonde terres rares repose sur les fractionnements produits entre chaque terre 

rare lorsqu’elles sont mises en jeu dans des réactions chimiques. Ces fractionnements sont 

traduits par des spectres (pattern de terres rares). La variation de la forme des spectres de terres 

rares, notamment suite à leur complexation par un adsorbant complexe peut permettre de mettre 

en évidence les sites activés et les complexes formés (Wood, 1993; Tang, 2003; Pourret et al., 

2007; Marsac et al., 2010). 

Dans la deuxième partie de ce chapitre, nous avons utilisé la modélisation géochimique 

pour décrire plus en détails les mécanismes et paramétrer les processus. Cette étude a été 

réalisée avec le Pb, la modélisation des spectres de terres rares restant compliquée à ce stade de 

connaissance. Cependant, les hypothèses mécanistiques testées dans le modèle reposent sur les 

mécanismes déduits de la sonde terres rares, c’est-à-dire la formation de complexes monodentés 

et ou bidentés. La paramétrisation du modèle est également basée sur l’extrapolation d’un jeu 

de données expérimentales produites à partir de différents modèles de NPs dont celui produit 

dans le Chapitre 2. Le modèle a ensuite été validé à l’aide du jeu de données de Davranche et 

al. (2019) et des données produites pour des NPs à différents degrés d’oxydation. 
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III.1. Identification des complexes de surface : cas 
des terres rares 

Résumé 
La présence de nanoplastiques dans l’océan et les sols démontre une distribution globale 

dans l’environnement. En raison de leurs propriétés colloïdales, les nanoplastiques pourraient 

influencer la spéciation des métaux traces dans les matrices naturelles, sujet peu abordé en raison 

du manque de méthodologie pour évaluer l’association nanoplastiques-métaux dans 

l’environnement naturel. Pour donner une image globale de cette propriété des nanoplastiques, cette 

étude vise à utiliser les terres rares (REE) comme sonde chimique pour comprendre les mécanismes 

d’adsorption des métaux qui pourraient se produire sur les surfaces des nanoplastiques, qui 

devraient être fortement oxydées dans l’environnement. La comparaison entre les modèles de 

nanoplastiques pertinents pour l’environnement et les complexes REE-COOH ont démontré que les 

REE sont adsorbés par des sites COOH sur les nanoplastiques. Ces voies d’adsorption suivent un 

processus mono-ligand pour les REE légères et bi-ligand pour les complexes REE lourdes, le 

chélate étant exclu. Nous avons démontré que la denticité des complexes est influencée par le pH, 

la charge en REE et les ions compétitifs. Les complexes bi-ligands avec les REE lourdes dominent 

à pH >4.5 et une faible charge en REE. Cette étude propose une nouvelle approche pour comprendre 

l’interaction nanoplatiques-métaux et met en évidence les REE comme un puissant traceur des 

mécanismes de sorption.  

Abstract 
 

The nanoplastics presence in the ocean and soil demonstrates their global distribution in the 

environment. Due to their colloidal properties, nanoplastics could influence trace metal speciation 

in natural matrices, which has been poorly addressed due to the lack of methodology to assess the 

nanoplastics -metal association in the natural environment. To give a global picture of this property 

for nanoplastics, this work aims at using rare earth elements (REE) as a chemical probe to 

understand metal adsorption mechanisms that could occur onto nanoplastics surfaces, which is 

expected to be highly oxidized in the environment. Comparison between environmentally relevant 

nanoplastics’ models and REE-COOH complexes patterns demonstrated that REE are adsorbed 

through the COOH sites onto the nanoplastics. These adsorptions pathways follow a mono-ligand 

process for light REE and bi-ligand for heavy REE complexes, chelate being excluded. We 

demonstrated that the denticity of the complexes is influenced by the pH, REE loading, and 

competitive ions. Bi-ligand complexes with heavy REE dominate at pH>4.5 and low REE loading. 

This study is a novel approach in understanding NPs-metals interaction and highlights REE as a 

powerful tracer of sorption mechanisms. 
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III.1.1 Introduction 

The presence of nanoplastics (NPs) in various environmental compartments, notably 

ocean, soils, and alpine snows, is now evidenced (Ter Halle et al., 2017; Materić et al., 2020; 

Wahl et al., 2021). When released in the environment, plastics waste fragments into plastic 

particles of various sizes, mainly through mechanical abrasion and photo/thermo-oxidation 

(Lambert et al., 2013; da Costa et al., 2016; Dawson et al., 2018; Mattsson et al., 2018). 

Nanoplastics are particles < 1000 nm with heterogeneous shapes and charged surfaces (Gigault 

et al., 2018). Nanoplastics act as colloids, and regarding their nanometric size, they are expected 

to have a high specific surface area (SSA), leading to a considerable surface reactivity for 

micropollutants (Orts-Gil et al., 2013; Mattsson et al., 2018; Yu et al., 2019; Davranche et al., 

2019; Gigault et al., 2021). Recent ecotoxicological studies showed the release of organic and 

inorganic pollutants associated with NPs in living organisms, namely the "trojan horse effect" 

(Chen et al., 2017; Rist and Hartmann, 2018; Baudrimont et al., 2020). 

However, information and data are scarce for inorganic pollutants, notably metal 

interactions with NPs. Nevertheless, metals are used mainly in the plastic formulation as color 

pigments or provide specific properties to plastics (Piringer and Baner, 2008; Flick, 2013). 

These metals are trapped in the polymer structure. Although their diffusion within plastic 

polymer bodies is possible, this process is slow and expects to release very few amounts of 

metal (Piringer and Baner, 2008; Town et al., 2018; Turner and Filella, 2021). However, when 

plastics are photodegraded and subsequently fragmented as micro-and nanoplastics, their metal 

loading is also released. Catrouillet et al., 2021, showed that most metal adsorbed on the altered 

surface layers of microplastics came from the metal additives used to form the plastic. Since 

this altered layer is also the source of NPs released in the environment, it can be hypothesized 

that metal and NPs interact from their release. 

Moreover, it is not excluded that metal is initially present in the environment (such as 

in landfills), and NPs can interact independently of their release. Davranche et al., 2019, 

demonstrated that Pb(II) is associated with NPs principally by surface complexation and 

intraparticle diffusion. However, this study focused only on the Pb(II) uptake and did not 

evaluate the sorption mechanisms. At the same time, ATR-FTIR and XPS analysis evidenced 

that O-containing functions (Kalogerakis et al., 2017; J. Wang et al., 2017; Q. Wang et al., 

2020) and carboxylic sites are present on the surface of NPs and the altered surface of 

microplastics sampled in the environment (Blancho et al., 2021a; Tang et al., 2021). Tang et 

al., 2021, suggested that –COOH is the principal functional group at the MPs surface associated 
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with metals. And yet, compared to microplastics, it was demonstrated that the NPs reactive 

surface site density could reach 11 sites nm-2, higher than goethite (Bargar et al., 1997; Ponthieu 

et al., 2006; Blancho et al., 2021a). It is, therefore, crucial to determine how NPs properties 

could affect the fate and behavior of trace metals. 

Several techniques exist to characterize the complexes formed between metals and 

solids. One of the most resolved is the X-ray absorption (XAS, etc.), which was successfully 

used to investigate the metal complexation by minerals and colloids (Bargar et al., 1997; Fitts 

et al., 1999; Sverjensky, 2006; Yano and Yachandra, 2009). But such a technique is challenging 

to operate for accurate determination of the speciation. One interesting strategy is to use 

geochemical proxies as a probe for sorption studies. Rare earth elements (REE) represent a 

group of chemical elements with coherent chemical properties that allow their use as a 

fingerprint of sources and biogeochemical processes (de Baar et al., 1991; McLennan, 1994; 

Pourret et al., 2007; Marsac et al., 2010; Davranche et al., 2011; Noack et al., 2014). Their 

chemical properties present systematic changes along with the range of their atomic number, 

resulting in typical distribution patterns (Taylor and McLennan, 1988). For natural organic 

matter (OM), REE patterns have successfully described the metal-binding mechanisms. They 

are notably sensitive to the number of chemical bindings or ligands surrounding REE and can 

therefore provide information on the complex denticity (Byrne and Li, 1995; Wood, 1993; 

Marsac et al., 2011). 

This work aims at evaluating the ability of REE to determine the adsorption mechanism 

of trace metals occurring at the NPs' surface. Rare earth elements were used as a probe to 

characterize the NPs functional groups that control the sorption and complexes formed between 

metal and NPs. Rare earth elements adsorption isotherm and pH-adsorption edge were 

performed with REE and three NPs models, 1) the commonly used carboxylate polystyrene 

nano-beads (PSL), and 2) an environmentally-relevant NPs produced following (Blancho et al., 

2021a). Experimental REE patterns were compared to literature REE ligands patterns to 

decipher the occurring mechanisms. 

 

III.1.2. Materials and methods 

III.1.2.1. Nanoplastics models and characterization 

Nanoplastics models were 200 nm, carboxylate polystyrene Latex nanoparticles 

(Polysciences Europe), PSL surfactant, 380 nm free soap Polystyrene latex nanoparticles, PSL free 
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(Pessoni et al., 2019). The third model is environmentally-relevant NPs produced from altered 

plastics debris collected in the Environment, e-NPs (Blancho et al., 2021a). 

The hydrodynamic radius, Hr, of the NPs was determined using Dynamic Light Scattering 

(DLS) (VASCO Flex’s, Cordouan Technologies) for suspensions concentrated at 10 ppm 

without Ionic Strength (IS). The geometric shape of NPs was observed by transmission 

electronic microscopy (TEM) (JEM 2100 HR, Jeol). Transmission electronic microscopy was 

operated at 200-kV acceleration voltage with a LaB6 as electron source, the point and line 

resolution are of 2.3 Å and 1.4 Å, respectively. Particles were photographed with a Gatan Orius 

SC200D camera, and elemental analysis was performed using an EDX Oxford X-Max 80T 

detector.  

The specific surface area (SSA) of NPs was determined by the BET method (Brunnauer Emmet 

and Teller) for e-NPs while it was extrapolated from the particle diameter for PSLs (Table 

III.1.1). The BET analyses were carried out using with a Gemini VII instrument (Micromeritics) 

for e-NPs and m-NPs while extrapolated from the particle diameter for the spherical PSL. The 

determined SSA are reported in the Table III.1.1. 

 

Table III.1.1: Specific surface area of the studied NPs 

NPs 
SSA 

(m² g-1) 
PSL surfactant 28.84 

PSL free 15.18 

e-NPs 11.9 

III.1.2.2. Surface charge modelling  

The surface charge was assessed by potentiometric titration using a Titrano unit 

controlled by the Tiamo software (Metrohm). All solutions were titrated with 0.01 M NaOH 

(Honeywell Fluka), under a N2 flux. Prior titration, the pH probe was calibrated on a 

concentration scale using 1mM HNO3. Titration were performed at 10, 100 and 1000 mM of 

NaNO3 as IS and started below pH 4 by adding a fixed volume of 100mM HNO3. The 

determination of the protonable groups was performed as describe by Spadini et al., 2018. 

Briefly, the proton released from the surface, Hsurf, was related to the pH of the solution (Eq. 

S1). The total surface site concentration Hs tot, was defined as the released Hsurf between pH 4 

and 8.0 for the highest IS. Due to early site deprotonation, there is an initial charge at the NPs 

surface, noted H0. This H0 is IS dependent and was estimated by modelling calculations. This 
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calculated H0 was thus added to Hsurf. The CO2 diffusion during the titration was taken in 

account using the Hs tot of the ultrapure water (Blank). [𝐻+] = [𝐻𝑖𝑛𝑖𝑡] +  [𝐻𝑏𝑎𝑠𝑒] + [𝐻𝑠𝑢𝑟𝑓] +  [𝑂𝐻−] (III.1.1) 

With, [H+], the free proton concentration, (M), [Hinit], the concentration of acid added to fix the 

pH below pH 4 (M), [Hbase], the concentration of base added during the titration (M), positive 

when base is used and negative when acid is used, [Hsurf], the concentration of the released H+, 

the only unknown (M) and [OH-], the concentration of the H+ released from the water auto-

protolyze, at pH 7 (M). 

The NPs surface charge was determined by calculation using PHREEQC implemented 

by the SIT thermodynamic database. 

III.1.2.3. Adsorption experiments 

Adsorption isotherms of REE by NPs were carried out for REE/NPs ratios from 0.025 

to 1 mg g-1 Carbon. The stock solution of REE was the REE standard CCS-1 solution (Inorganic 

Venture) that contained equal concentrations of REE, Sc, U, Th, and Y. The concentration of 

NPs was fixed at 50 and 25 ppm for both PSLs and the e-NPs, respectively, regarding the low 

amount of produced e-NPs. The ionic strength (IS) was fixed at 5 mM with NaNO3 (Fisher 

Scientific). After adding REE, the pH of the suspension was adjusted to 5 with HNO3 and/or 

NaOH (0.1 to 1 mol L-1). At equilibrium, the suspensions were filtered at 0.2 µm (PES syringe 

filter, Sartorius) for both PSLs and 30 kD for e-NPs (PES ultrafiltration cells, Sartorius). The 

equilibrium time was estimated from previous kinetic experiments to 48h for all NPs. Dynamic 

light scattering previously checked the absence of nanoparticles in the filtrate (VASCO Flex, 

Cordouan Technologies). After filtration, all samples were acidified at 2% HNO3 for ICP-MS 

analysis. 

The pH-adsorption edge experiments were carried out with REE concentration at 0.1 

and 0.35 mg g C-1 for both PSLs and e-NPs, respectively. The pH was fixed at pH 3, 4.5, 5, 5.5, 

6, and 7 with HNO3 or NaOH. At equilibrium, the suspensions were filtered at 0.2 µm (PES, 

Sartorius) for both PSLs and 30 kDa for e-NPs (PES ultrafiltration cells, Sartorius). After 

filtration, all samples were acidified at 2% HNO3 for ICP-MS measurements. 
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III.1.2.4. Chemical Analysis 

The REE concentrations were measured using a Quadrupole ICP-MS (Agilent 

Technologies 7700X). Before metal quantification, calibration curves were performed and 

validated using certified material references (SLRS-6, National Research Council). A rhodium 

solution was used as an internal standard to correct the instrumental drift and potential matrix 

effects. The average limit of REE quantification was determined at 0.4 ± 0.02 ppt (AFNOR 

Certification). Moreover, as the upper limit of the REE calibration curve was 5 ppb, if 

necessary, samples were diluted not to exceed this value. Chemical blanks were consistently 

below the limit of quantification and were thus neglected. The total organic carbon 

concentration (TOC) of all the NPs suspensions was quantified by a TOC-analyzer (TOC-V 

analyzer, Shimadzu). The precision of the DOC measurements was estimated to be ± 5% using 

a standard potassium hydrogen phthalate solution (Sigma Aldrich). 

III.1.3. Results and discussion 

III.1.3.1. Nanoplastics properties 

For PSLs, DLS indicated, as expected, a monodisperse suspension (i.e. straight Log-

transformed ACF) (Figure III.1.1). As a result, no uncontrolled aggregation occurred. Their Hr 

were considered as equal to 200 nm for the PSL surfactant (NIST CMRs) and 380 nm for the PSL 

free (Pessoni et al., 2019). 
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Figure III.1.1. Size characterization of PSL models. A) Population size from SBL 

modeling. B) Log-transformed time-ACF of the intensity of light scattered compare to 

CMRs standards. C) TEM pictures from the suspensions. 

 

For e-NPs, both log-transformed slopes of the autocorrelation function (ACF) were 

inferior to the 900 nm of the CMRs standard (Blue line, Figure III.1.2A), indicating that Hr was 

inferior to 900 nm. Moreover, their log-transformed ACF were not straight compared to the 

CMRs indicating polymodal suspensions. This result is coherent with the bimodal distribution 

proposed by the Sparse Bayesian Learning, SBL, based-modelling of the ACF (Figure III1.2B), 

the first and second population size have an average Hr of 226 ± 36 and 376 ± 64 nm. 
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Figure III.1.2. Size characterization the e-NPs model. A) Log-transformed time-ACF of 

the intensity of light scattered compare to CMRs standards. B) Population size from 

SBL modeling. C) TEM pictures from the suspensions. 

 
Potentiometric titrations allowed to determine the amount of ionizable function relative 

to the pH onto PSL surface. In Figure III.2.3. was plotted the Hs(pH) evolution corrected from 

H0 (pH 4) at three IS for PSLs, e-NPs and m-NPs. As expected, the dissociation of the surface 

group increased with the increasing pH (Eq. 3). The IS promoted the deprotonation of surface 

group by decreasing the diffuse layer length and thus shielding the electrostatic impact of Ψ0 

(Pfeiffer et al., 2014). Titrations at 1M IS showed a typical sigmoidal curve (Connors, 1990; 

Chen et al., 2021). These titration curve indicates that the whole ionizable group was dissociated 

between pH 4 and 8. The total surface ionizable group, Hs tot, was considered to be equal to the 

concentration of the deprotonated group at pH 8, as a plateau was reached for both PSLs. The 

Hs tot was determined as 0.316 ± 2 10-3 and 0.086 ± 2 10-3 mmol g-1 for the PSL surfactant and PSL 
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free, respectively. According to the SSA, the site density was 6.60 and 3.41 sites nm-2 for PSL 

surfactant and PSL free, respectively. The Hs tot and site density are higher for PSL surfactant. 

For e-NPs, the 1M titration curves were not sigmoidal and showed the same increase 

after pH 7.5 (Figure III.1.3) avoiding the Hs tot determination (no plateau was reached). 

However, the total concentration of surface site could be estimated (value obtained for the 

highest, ≈  .5) as ≥ 0.2 2 ± 4 10-4. According to the SSA, the site density was ≥ 14.3 sites nm-

2. The Hs tot and site density are higher for PSL surfactant.  

 

Figure III.1.3. Evolution of the Hs with the pH for both PSLs and e-NPs at 3 IS: 0.01, 

0.10, 1.00 M. Symbols correspond to experimental data and dotted lines to calculated 

data. 

III.1.3.2. PSL with surfactant, PSLsurfactant 

Adsorption isotherms showed that [REE]ads increased with the increasing [REE]free to 

reach a strict asymptotic plateau indicating a surface site saturation (Figure III.1.4A). The 

maximum adsorption concentrations were 0.06 and 0.13 mg g-1 for La, Eu, and Lu. The 

adsorption increased thus from La, Eu to Lu demonstrating that light REE (LREE) are lesser 

adsorbed at the PSLsurfactant surface than the middle (MREE) or heavy REE (HREE). The 
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isotherm shape did not vary, suggesting a similar adsorption mechanism for all REE. The 

corresponding REE-NPs binding patterns exhibited an MREE downward concavity supported 

by the La/Sm ratio variations (from 0.93 at REE/NPs = 0.025 to 0.9 from REE/NPs = 1, Figure 

III.1.5). This feature is specific to the REE binding by carboxylic groups –COOH (Davranche 

et al., 2005; Marsac et al., 2010; Pourret et al., 2007; Tang and Johannesson, 2003; Wood, 1993) 

(Figure III.1.4B) and was expected for the PSLsurfactant since carboxylated. The La/Lu ratios 

varied regularly from 0.94 to 0.89. The increasing REE/NPs ratios suggested a slight HREE 

adsorption increase than the other REE, increasing REE/NPs ratios (Figure III.1.5).  

A) B) 

 

 C) 

 

D) 

 

Figure III.1.4. A) Adsorption isotherm of REE onto PSL surfactant for REE/NPs 

varying from 0.05 to 1 and pH = 6.5, B) REE patterns (log Kd) corresponding to each 

point of the adsorption isotherm, C) REE adsorption relative to the pH at REE/NPs = 

0.1 mg g-1 for pH varying from 3 to 7, D) REE patterns (log Kd) corresponding to each 

point of the pH-adsorption-edge. Error bars correspond to the SD of the triplicates. 
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Figure III.1.5. Evolution of the La/Lu and La/Sm of the REE pattern obtained relative 

to the REE/NPs ratio and pH for both PSLs and e-NPs. 

 

Figure III.1.4C illustrates adsorbed La, Eu, and Lu relative to pH. It shows that the 

adsorption process was strongly dependent on pH. Adsorption thus occurred through ionizable 

binding sites. Except for near-total adsorption from pH 6, adsorption decreased from 

Eu>Lu>La, MREE being the most adsorbed REE. The corresponding REE patterns were flat 

at low pH, not enough REEs were adsorbed to obtain a significant REE fractionation (La/Lu= 
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0.97 and La/Sm= 0.97 at pH 3, Figure III.1.5) (Figure III.1.4D). At intermediary pH, an MREE 

downward concavity (La/Sm = 0.94 to 0.91 between pH 4 to 5.5) and a small HREE adsorption 

increase (La/Lu= 0.94 to 0.91 between pH 4 to 5.5, Figure III.1.5) were observed on the REE 

patterns. The MREE enrichment resulted from the preferential MREE binding to the –COOH 

groups. REE patterns were flatter at high pH, decreasing from La to Lu (La/Lu = 1.05 at pH 7, 

Figure III.1.5). In such a pH condition, around 99.99 % of REE were adsorbed, and 

fractionations between REE were small, except for HREE partly maintained in solution by 

carbonate from pH 6. 

III.1.3.3. PSL without surfactant, PSLfree 

For PSLfree, adsorption isotherm showed that [REE]ads increased with the [REE]free until 

[La]ads = 0.04 mg g-1 C at [La]free ≈0.003 mg L-1, [Eu]ads = 0.1 mg g-1 C at [Eu]free ≈0.013 mg L-

1 and [Lu]ads = 0.08 mg g-1 C at [Lu]free ≈0.014 mg L-1 (Figure III.1.6A). Adsorption was lower 

than PSLsurfactant due to PSLfree lower site density, 3.4 sites nm-2 against 6.6 sites nm-2 for 

PSLsurfactant. Adsorption was higher for Eu>Lu>La. Middle REEs were thus the most adsorbed. 

The [REE]ads decreased without reaching any plateau. No site saturation occurred. The [REE]ads 

decrease occurred in response to the REE competition with Y, U, Sc, Th, which are 

simultaneously present in the stock solution used to perform the adsorption experiments. This 

competition occurred for the PSLfree due to its small surface site density. This competition had 

a higher impact on La than on Lu and Eu adsorption since occurring from [La]free ≈0.003 mg L-

1 against 0.013 mg L-1 and 0.014 mg L-1 for Eu and Lu, respectively. As for carboxylated 

PSLsurfactant, REE-NPs binding patterns exhibit an MREE downward concavity specific to the 

REE binding with carboxylic groups (Figure III.1.6B). Moreover, the La/Lu and the La/Sm 

ratio decreased continuously from 0.97 to 0.84 and 0.91 to 0.79, respectively, with the 

increasing REE/NPs suggesting a regular depletion of La (Figure III.1.5 and Figure III.1.6B). 

This decrease might be explained by the increasing competition between the LREE and Y, U, 

Sc, and Th for the PSLfree binding sites with the increasing elements loading onto PSLfree. 
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 A) 

 

B) 

 

C) 

 

D) 

 

Figure III.1.6. A) Adsorption isotherm of REE onto PSLfree for REE/NPs varying from 

0.05 to 1 and pH = 6.5, B) REE patterns (log Kd) corresponding to each point of the 

adsorption isotherm, C) REE adsorption relative to the pH at REE/NPs = 0.1 mg g-1 for 

pH varying from 3 to 7, D) REE patterns (log Kd) corresponding to each point of the 

pH-adsorption-edge. Error bars correspond to the SD of the triplicates. 

 

Adsorption of La, Eu, and Lu relative to pH was plotted in Figure III.1.6C. The [REE]ads 

increased with the increasing pH, indicating adsorption occurred via ionizable binding sites. 

Adsorption decreased from Eu>Lu>La, MREE being the most adsorbed. Not enough REEs 

were adsorbed at low pH to obtain a significant REE fractionation (Figure III.1.6D). At 

intermediary pH, an MREE downward concavity was developed (La/Sm = 0.92 and 0.90 at pH 
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pH 3 to 5 until reaching 1.1 at pH 7, suggesting a slight HREE enrichment at intermediary pHs 

(Figure III.1.5). By contrast, at pH 7, the REE pattern was depleted in HREE in response to 

HREE preferential complexation by carbonate in solution. 

III.1.3.4. Environmentally relevant NPs, e-NPS 

For e-NPs, [REE]ads continuously increased with the [REE]free, no plateau, namely site 

saturation, was reached, suggesting a heterogeneous adsorption process relative to the REE/NPs 

ratios. 

A) B) 

 

C) D) 

 

Figure III.1.7. A) Adsorption isotherm of REE onto e-NPs for REE/NPs varying from 

0.05 to 1 and pH = 6.5, B) REE patterns (log Kd) corresponding to each point of the 

adsorption isotherm, C) REE adsorption relative to the pH at REE/NPs = 0.35 mg g-1 for 

pH varying from 3 to 7, D) REE patterns (log Kd) corresponding to each point of the 

pH-adsorption-edge. Error bars correspond to the SD of the triplicates 
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The adsorbed amount of all REEs was higher than for both PSLs, while the adsorption 

followed the same order, Eu>Lu> La, indicating that MREE were the most adsorbed. This 

higher adsorption, as well as the heterogeneous adsorption process, could be the result of the 

higher site density of the e-NPs (>13.6 sites nm-2) as compared to both PSLs (6.6 and 3.2 sites 

nm-2 for PSLsurfactant and PSLfree, respectively). This highest site density allowed more REE 

adsorb and probably formed different complexes. The corresponding REE patterns exhibited 

the highest log Kd at high REE/NPs ratios than PSL (Figure III.1.7B). The La/Sm ratios varied 

from 0.95 to 0.97 in response to developing an MREE downward concavity corresponding to 

the REE binding to –COOH sites (Figure III.1.5). However, by contrast with both PSLs, the 

La/Sm ratio increased with the decreasing ratio (Figure III.1.5). This result can be due to both 

La adsorption decreases or Sm adsorption increases, namely an MREE downward concavity 

variation. The La/Lu ratios also continuously increased from 0.95 to 0.99, with the decreasing 

REE/NPs ratios indicating an increase of the HREE adsorption or a decrease of the LREE 

adsorption (Figure III.1.5). 

The [REE] ads increased with the increasing pH (Figure III.1.7C). The adsorption was 

thus pH-dependent and occurred onto ionizable sites. The amount of adsorbed REE was higher 

than for both PSLs, not only for each pH but also relative to the pH, notably at lower pHs. At 

pH =4, 3.6% of REE were adsorbed for e-NPs against 0.4% and 0.2 % for PSLsurfactant and 

PSLfree, respectively. These results suggest that binding sites of the highest energy existed, and 

strong complexes were formed at the surface of the e-NPs. For the corresponding REE-NPs 

binding patterns, the La/Sm ratios continuously decreased until pH 6, developing an MREE 

downward concavity. The La/Lu ratios also decreased with the pH increase due to the HREE's 

higher adsorption (Figure III.1.5). From pH 6.5, both ratios were close to 1, indicating a flat 

REE pattern and showing that e-NPs were more competitive to carbonate than both PSLs 

towards REE complexation.  

These results suggest that e-NPs are the strongest adsorbent than both PSLs, which have 

binding sites of various energy and/or can form different complexes with REE and compete 

with carbonate for REE binding. 

III.1.3.5. REE pattern deciphering 

To obtain more information on the REE-NPs complexes, the present REE patterns were 

compared to the REE patterns binding with various –COOH ligands. The impact of the 
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denticity and the ligand numbers were also compared to obtain information on the complex 

formed onto the NPs surface. 

 

 

Figure III.1.8. Log KREE patterns normalized to log KLa for (A) monocarboxylic acids 

(1:1), (B) for REE monodentate complexes with oxo carboxylic and dicarboxylic acid, 

(C) for 1:1, 1:2, and 1:3 REE-acetate complexes, and (D) NMREEDC REE patterns of 

REE-acetate, 1:1, 1:2, 1:3 complexes and REE-propionate 1:1, 1:2 complexes. 

 

Patterns exhibit an increasing MREE downward concavity with the increasing ligands 

number (Figure III.1.8C). For mono-ligands and multi-ligands complexes between REE and 

carboxylates (i.e., acetate and propionate), log K patterns exhibit an MREE downward 

concavity with a maximum binding for Sm as a slight HREE increase, as observed for the 

experimental REE patterns (Figure III.1.8A). Log K patterns for chelates formed between REE 

and dicarboxylic (oxalate, diethyl malonate, etc.) or hydroxycarboxylic ligands (i.e., lactate, 

hydroxybutanoate) exhibit an enrichment from La to Lu (Figure III.1.8B) but no significant 

MREE downward concavity by contrast with the experimental REE-NPs patterns, avoiding the 

potential formation of chelate complexes between REE and all NPs models. Experimental REE 

patterns were thus only compared to the REE patterns of 1:1, 1:2, and 1:3 REE-COOH ligands, 

namely acetate and propionate. However, as previously shown from the experimental datasets, 
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state on a potential HREE increase/decrease on the REE patterns is not trivial regarding the 

variation of the MREE downward concavity. The same remark can be made for the REE-acetate 

and REE-propionate patterns. To counter this effect, the REE patterns were normalized to the 

MREE downward concavity as: 

NMREEDC REE = log (REE/La) / log (Sm/La) (III.1.2) 

This normalization (NMREEDC) allowed us to observe an increase of the HREE compared to the 

other REE with the ligand numbers on the REE patterns (Figure III.1.8D). 

 

 
Figure III.1.9. Comparison of REE-PSLsurfactant patterns normalized to the MREE 

downward concavity (A) relative to the REE/NPs ratios and (B) relative to pH with the 

1:1 and 1:3 REE-propionate complexes patterns normalized to the MREE downward 

concavity. Error bars correspond to the SD of the triplicates. 

 
For PSLsurfactant, the NMREEDC normalized REE patterns did not evolve with the REE/NPs 

ratios or pH (Figure III.1.9). Moreover, experimental REE patterns were close in shape to that 

of the REE-Propionate 1:2 complex suggesting the formation of bi-ligand complexes between 

REE and 2 –COOH surface sites of the PSLsurfactant. This bi-ligand complex predominated as no 

significant variations of the HREE adsorption were observed. 
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Figure III.1.10. Comparison of REE-PSLfree patterns normalized to the MREE 

downward concavity (A) relative to the REE/NPs ratios and (B) relative to pH with the 

1:1 and 1:3 REE-propionate complexes patterns normalized to the MREE downward 

concavity. Error bars correspond to the SD of the triplicates. 

 

For the PSLfree, the NMREEDC REE patterns exhibited an increase of HREE with the 

REE/NPs ratios up to 0.5 mg g-1C (Figure III.1.10A). The NMREEDC REE patterns were 

comprised between the 1:1 and 1.2 REE-propionate complexes, suggesting an evolution of the 

binding number and the complexes formed between HREE and PSLfree. A simple comparison 

of the normalized patterns suggested that mono-ligand complexes were formed at low REE/NPs 

ratios (low REE loading) although the high availability of the binding site. By contrast, bi-

ligand complexes were formed at high REE/NPs ratios (high REE loading) although with lower 

availability of the binding site. Relative to the pH, normalized REE patterns showed that the 

pH increases also promoted the formation of bi-ligand complexes in response to the 

deprotonated sites' increasing availability. Both results were incoherent and antagonist. 

Variations of the REE pattern did not correspond to an HREE adsorption increase but an LREE 

adsorption decrease (Figure III1.6A and B). At high REE/NPs ratios, adsorption isotherms and 

REE patterns showed that competition with Y, U, Sc, and Th was more pronounced for LREE 

than for HREE (Figure III1.6A and B). Detailed observation of the REE patterns variation with 

the REE/NPs ratio clearly showed an LREE decrease at high REE/NPs ratios (Figure III1.6B). 

Therefore, the REE pattern variation can be interpreted as forming strong bi-ligand complexes 

for HREE that limit competition. At the same time, LREE formed weak mono-ligand 

complexes unable to maintain the LREE at the PSLfree surface. This process can be observed 

here because of the low site density of the PSLfree and the resulting competition with Y, U, Sc, 

and Th. 
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Figure III.1.11. Comparison of REE-e-NPs patterns normalized to the MREE 

downward concavity (A) relative to the REE/NPs ratios and (B) relative to pH with the 

1:1 and 1:3 REE-propionate complexes patterns normalized to the MREE downward 

concavity. Error bars correspond to the SD of the triplicates. 

 
For the e-NPs, the NMREEDC REE patterns showed a decrease with the increasing 

REE/NPs ratios (Figure III.1.11A), highlighting the complexes' denticity evolution. These REE 

pattern variations showed that bi-ligand complexes were formed at low REE/NPs ratios (low 

loading). In contrast, they formed mono-ligands complexes at high REE/NPs ratios (high 

loading), as previously observed by Marsac et al., 2010, for humic acid. Between pH 5 and 6, 

REE pattern variations demonstrated that more bi-ligand complexes occurred in coherence with 

the increasing number of ionized sites at the e-NPs. However, the NMREEDC REE patterns did 

not evolve between pH 4 and 4.5, suggesting that bi-ligand complexes' contribution was 

insignificant under pH 4. 

To summarize, REE adsorption onto NPs is driven by their binding to carboxylic sites 

present or developed at the NPs surface (Figure III.1.9. and III.1.11). The REE pattern 

variations could be attributed to the complex denticity. A MREE downward concavity was 

developed for all REE patterns, excluding the formation of chelate complexes at the NPs 

surface. Rare earth elements are bound as REE-COOH mono and bi-ligand complexes. The low 

site density of the PSL free combined with the resulting intense competition with Y, U, Sc, and 

Th, highlight that LREE forms a weaker mono-ligand complex while HREE forms stronger bi-

ligand complexes. The mono-ligand complexes dominated all REE at high REE/NPs and low 

pH (low availability of the binding sites). In contrast, the bi-ligand complexes dominated HREE 

at low REE/NPs and high pH (high availability of the binding sites). These results are in 
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concordance with Marsac et al. (Marsac et al., 2010, 2011, 2012, 2013) for REE binding with 

humic acid. 

III.1.3.6. Implications for environmental NPs behavior 

The present result demonstrates that REEs are bound onto the NPs surface via COOH 

groups. These surface sites are present onto PSLs because of their production protocol and onto 

e-NPs by their degradation route (photo-oxidation) under environmental conditions. The REE 

binding to NPs appeared strongly dependent on pH. The natural water pH is ranged from 6 to 

9 (Mattson, 1999; Jiang et al., 2019) and the pKa of the COOH group varies between 4 and 5.5 

(Martell and Smith, 1977). Therefore, COOH groups are deprotonated and strongly available 

for metal binding under natural conditions. The REE complexes formed at the surface of e-NPs 

could vary between monodentate and bidentate complexes relative to the REE and the REE/e-

NPs ratio and pH. For pH>4.5 and low REE/e-NPs ratio, as under environmental conditions, 

REE are mainly bound to e-NPs as bi-ligands complexes, notably HREE. The stability constant 

of bi-ligands complexes is higher than mono-ligand complexes indicating that e-NPs can 

strongly adsorb REE and mainly HREE from the environment. Contrary to the formation of bi-

ligands, results showed that chelate could not be formed on the e-NPs surface with REE, 

probably due to geometric constraints (low flexibility of the e-NPs structure, distances between 

–COOH groups) and site density. Therefore, it can be extrapolated that REEs act as cationic 

bridges between 2 e-NPs and thus influence the homo-aggregation of e-NPs (Figure III.1.12) at 

high pH and REE/e-NPs ratios. Further study has to be performed to confirm such aggregation 

that can confirm the presence of bi-ligands complexes. 

Moreover, once adsorbed onto e-NPs, REE (and more generally metals) can penetrate 

living organisms. The prevailing pH conditions and as previously observed for PSL surfactants 

(Abdolahpur Monikh et al., 2021), can be released into the living organisms following a Trojan 

horse effect. However, this release will be controlled by the strength of the complexes. For 

REE, the present results clearly show that LREE (domination of mono-ligands complexes) will 

be more released than HREE (bi-ligands complexes). 
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A) 

 

B)  

Figure III.1.12. Possible complexes formed between LREE, HREE, and e-NPs, A) simple 

HREE Bi-ligand complex onto 1 e-NPs and B) HREE bi-ligand complex between 2 e-

NPs acting as a cationic bridge and potentially resulting in e-NPs homo-aggregation. 

III.1.4. Conclusions 

Rare-earth element adsorption experiments were carried out to investigate trace metal-

NPs interactions. For the studied NPs models, an MREE downward concavity was developed 

on the REE-NPs binding patterns corresponding to the sorption of REE onto -COOH groups. 

Under environmental conditions, –COOH sites are produced in response to the photo-oxidation 

of the plastics debris. A detailed study of the adsorption isotherm and REE patterns variations 

with the REE/NPs ratios and pH combined to the competition between REE and other ions 

demonstrated that LREE were mainly bound as mono-ligands complexes. At the same time, 

HREE specifically formed bi-ligands complexes with NPs. The binding sites ' availability 

influences the proportion of mono and bi-ligands, influenced by the pH and the REE/NPS ratio. 

Under environmental conditions (pH >4.5 and low REE concentrations), bi-ligands complexes 

are thus expected to be dominant, notably for HREE. These results provide exciting information 

and constraint, valuable for further investigations, notably the thermodynamic modeling of 

metal-NPs binding mechanisms. 

  

bi-ligandmono-ligand

-COO OOC-HREE

HREE- bridge
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III.2. Modélisation thermodynamique de la sorption 
de Pb(II) 

Résumé 
 

Bien que la présence des NPs dans l’environnement soit attestée, peu d’études se 

consacrent à déterminer leurs interactions avec les métaux. Cependant, avant d’être en mesure 

de connaître leurs associations possibles dans l’environnement, il est crucial de décrire les 

mécanismes de sorption dans des environnements contrôlés et pour des modèles de NPs 

pertinents. Récemment, nous avons développé un modèle représentatif des NPs 

environnementaux, permettant d’étudier les interactions métaux-NPs. Grâce à des 

expérimentations de sorption entre le Pb(II) et ces NPs, nous avons développé un modèle de 

sorption qui décrit leurs interactions ainsi que leurs capacités maximales de sorption. Parmi les 

différents scénarios de sorption testés, les résultats suggèrent que le Pb s’adsorbe à la surface 

des NPs via des sites carboxyliques en formant des complexes monodentés. L’extrapolation des 

constantes de stabilité ainsi que les hypothèses de sorption retenues ont pu être validées à l’aide 

d’une relation linéaire d’énergie libre. Les capacités d’adsorption des NPs sont dépendantes de 

leur état d’oxydation, qui contrôle leur densité de site carboxylique. L’affinité forte des NPs 

envers les métaux suggère qu’ils peuvent être des vecteurs de métaux, ce qui augmente le risque 

environnemental concernant les deux parties, plastiques et métaux. 

Abstract 
 

While NPs in the environment are now admitted, relatively very few data exist on their 

interactions with trace metals. Before evaluating this possible association in the real 

environment, it is crucial to understand the processes in such interaction in a reliable 

environment with a representative model. Recently, we developed an environmental NPs 

models offering new opportunities to study metal-NPs interaction. Using Pb(II) and these news 

NPs models as proxies for adsorption experiments, we developed a sorption model to describe 

surface complexation as well as predict relevant NPs sorption capacities. Modeling hypotheses 

suggested that Pb is adsorbed onto NPs through carboxylic sites, mainly as monodentate 

complexes. Linear free energy relation validates the extrapolated stability constants and binding 

hypothesis. Nanoplastics’ adsorption capacities are dependent on their oxidation state, which 

controls their carboxylic sites density and subsequent metal adsorption capacity. This strong 

affinity metal-NPs suggested that NPs could act as vectors of metals, increasing the 

environmental risk exposure concerning both plastics and metals. 



 

88 

III.2.1. Introduction 

Plastic pollution is one of the significant challenges of the Anthropocene. Plastics 

benefit society in innumerable ways, and their production has drastically increased over the last 

century. This has resulted in a dramatic generation of plastic wastes in the world. Moreover, 

their alteration in the environment, mainly by photo-oxidation and abrasion (Lambert et al., 

2013; da Costa et al., 2016; Dawson et al., 2018; Meides et al., 2021) produces NPs (Ter Halle 

et al., 2017; Materić et al., 2020; Wahl et al., 2021). Nanoplastics are particles < 1000 nm with 

open and heterogeneous shapes, non-homogeneous charged surfaces, and behaving as colloids 

(Gigault et al., 2018). Nanoplastics are thus potentially highly reactive, especially to trace 

metals, and can potentially control their speciation (Davranche et al., 2019; Gigault et al., 2021). 

Moreover, NPs, like colloids, are mobile and can therefore control the transport of associated 

metals. The interactions of metals with NPs could also increase metal bioavailability. 

Nanoplastics ingested by organisms could release their related micropollutants according to the 

physicochemical conditions (Chen et al., 2017; Jiang et al., 2019). Metal binding by NPs could 

thus be a critical process for their (eco)toxicological risk assessment. 

However, there is a lack of information on the mechanisms that control the NPs 

micropollutants binding, notably for metals. While detecting NPs at ultra-trace level is highly 

challenging, collecting NPs and detecting trace metals associated with the NPs or collected is 

even more complex. Therefore, one relevant strategy is to produced NPs models that mimic the 

physical and chemical features of the NPs observed and detected in some environments. Three 

preparation methodologies are proposed : controlled emulsion-polymerization of spherical 

nanoparticles with or without functionalized surface (Mitrano et al., 2019; Pessoni et al., 2019); 

mechanical degradation of pristine polymer pellets resulting in NPs with heterogeneous shape 

and functional surface sites (Magrì et al., 2018; El Hadri et al., 2020); mechanical abrasion of 

highly altered plastics debris sampled in the environment, resulting in NPs with heterogeneous 

shape and functional surface sites (Blancho et al., 2021a). 

While the first NPs model is interesting for instrumental calibration because of their 

controlled size, shape, and binding sites density (Pessoni et al., 2019; Mitrano et al., 2019), 

these models are not environmentally relevant, notably in shape and size-polydispersity 

(Gigault et al., 2021). By contrast, NPs produced by mechanical degradation (polymer pellets 

and altered plastics debris), are polydispersed in size with heterogeneous and open shapes as 

observed for environmental NPs (Gigault et al., 2018; El Hadri et al., 2020; Blancho et al., 

2021a). However, there are significant differences between NPs produced from polymer pellets 



 

89 

and plastic debris since they are not submitted to surface photo-oxidation, which could strongly 

influence their site density and thus their trace metal reactivity. Finally, for the first method, 

surfactants and initiators are used for the production and colloidal stability. Their presence 

could also strongly influence the produced NPs models' properties and behavior (e.g., SDS, 

KPS, etc.) (Pikuda et al., 2018). 

Recently, the possibility of environmentally relevant models (e-NPs) to bind metal (Pb) 

via surface complexation and intraparticle diffusion has been demonstrated (Davranche et al., 

2019). While the NPs-metals interaction is still under-investigated, data on microplastics have 

recently been published. Brennecke et al. (2016) showed that Cu and Zn released from 

antifouling paint were adsorbed by PS pellets and in higher concentration by polyvinyl chloride 

(PVC) pellets. Turner and Holmes (2015) demonstrated that MPs adsorb metals relative to pH 

and that altered polymer pellets, collected on beaches, have higher metal affinity than virgin 

pellets. They explained these results by altering the surface that produced functional sites or the 

presence of organic materials. Tang et al. (2021) from nylon MPs collected from the 

environment showed surface complexation and intraparticle diffusion-controlled Ni, Cu, and 

Zn adsorption onto MPs. They also highlighted the importance of the O-containing group in 

controlling the adsorption of metals. Recently artificial neural networks calculations suggested 

that aged MPs have a higher affinity for metals than virgin MPs and that the sorption capacity 

depends on the initial metal concentrations. 

Interestingly, the model also predicted that the sorption capacity of Cd, Pb, and Zn by 

MPs was higher in the river than in the ocean in response to its salinity (Guo and Wang, 2021). 

Regarding their nanosized and colloidal behavior, all these results cannot be however 

extrapolated for NPs. For example, minerals and biofilms are not expected to be formed at their 

surface. Nevertheless, the impact of the alteration and the role of surface O-containing groups 

can be considered reliable for NPs. Thus, using rare earth elements (REE) as a mechanism 

probe, Blancho et al., (Submitted) demonstrated that metal cations are bound to NPs (PSL or 

environmentally relevant NPs models) via surface carboxylic sites. For environmentally 

relevant NPs models, these –COOH sites, as O-containing groups, are developed subsequently 

to their photo-oxidation. Plastic photo-oxidation produces free radicals, initiating and 

propagating reactions. Their termination incorporates oxygenated function (Rånby and Rabek, 

1989; Rabek, 1995) at the surface of the plastics. 

If –COOH binding sites seem to control the metal sorption onto MPs and NPs. The 

sorption mechanism is not fully understood. More importantly, the key parameters are not 

identified and quantified. Consequently, it is currently not possible to predict metal flow 
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transfer by NPs in the environment. However, a recent study from Blancho et al., (Submitted) 

suggested that trivalent metals, namely REE, formed mono and multidentate complexes with 

the –COOH sites of various NPs models (PSL nano-beads and environmentally-relevant 

models) relative to the REE loading. Such information can help design an NPs surface 

complexation model by constraining binding scenarios. Geochemical modeling can be viewed 

as a predictive way to estimate speciation or test mechanistic hypotheses. 

Therefore, this work aims to characterize and quantify the adsorption mechanisms 

between lead (Pb) and various NPs models. For this purpose, we established experimental 

datasets from adsorption experiments under different physicochemical conditions 

(concentration, pH). Finally, the datasets were used to test various binding scenarios and 

extrapolate sorption parameters. The model was finally validated using experimental datasets 

from the literature. 

III.2.2. Materials and methods 

III.2.2.1. NPs properties 

The used NPs models are : (i) carboxylated PS Latex nanoparticle of 200 nm size and 

conditioned with surfactants, named PSL surfactant (Polysciences); (ii) “free soap” carboxylated 

PS Latex nanoparticle of 380 nm size, PSL free, the PS9 from Pessoni et al. (2019) (iii) 

polymorph and polysized nanoparticles produced from the milling of PS pellets, m-NPs, 

following the protocol of El Hadri et al. (2020) and (iv) plastics nanoparticles produced from 

the altered layer of plastics debris collected in the environment, e-NPs, as described in Blancho 

et al. (2021). 

The hydrodynamic radius (Hr) of the NPs was determined using Dynamic Light 

Scattering (DLS) (VASCO Flex’s, Cordouan Technologies) for suspensions at 10 ppm without 

Ionic Strength (IS). The shape of NPs was examined by transmission electronic microscopy 

(TEM) (JEM 2100 HR, Jeol). Transmission electronic microscopy was operated at 200-kV 

acceleration voltage with a LaB6 as electron source, the point and line resolution are of 2.3 Å 

and 1.4 Å, respectively. Particles were photographed with a Gatan Orius SC200D camera, and 

elemental analysis was performed using an EDX Oxford X-Max 80T detector. The specific 

surface area (SSA) of NPs was determined by the BET method (Brunnauer Emmet and Teller) 

for e-NPs and m-NPs while extrapolated from the particle diameter for PSLs (Table III.2.1). 

The BET analysis was carried out with a Gemini VII instrument (Micromeritics). 
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The surface charge was assessed by potentiometric titration using a Titrano unit 

controlled by the Tiamo software (Metrohm). All solutions were titrated with 0.01 M NaOH 

(Honeywell Fluka), under a N2 flux. Prior titration, the pH probe was calibrated on a 

concentration scale using 1mM HNO3. Titration were performed at 10, 100 and 1000 mM of 

NaNO3 as IS and started below pH 4 by adding a fixed volume of 100mM HNO3. The 

determination of the protonable groups was performed as describe by Spadini et al. (2018). 

Briefly, the proton released from the surface, Hsurf, was related to the pH of the solution (Eq. 

III.2.1). The total surface site concentration Hs tot, was defined as the released Hsurf between pH 

4 and 8.0 for the highest IS. Due to early site deprotonation, there is an initial charge at the NPs 

surface, noted H0. This H0 is IS dependent and was estimated by modeling calculations. This 

calculated H0 was thus added to Hsurf. The CO2 diffusion during the titration was taken in 

account using the Hs tot of the ultrapure water (Blank). [𝐻+] = [𝐻𝑖𝑛𝑖𝑡] +  [𝐻𝑏𝑎𝑠𝑒] + [𝐻𝑠𝑢𝑟𝑓] +  [𝑂𝐻−] (III.2.1) 

With, [H+], the free proton concentration, (M), [Hinit], the concentration of acid added to fix the 

pH below pH 4 (M), [Hbase], the concentration of base added during the titration (M), positive 

when base is used and negative when acid is used, [Hsurf], the concentration of the released H+, 

the only unknown (M) and [OH-], the concentration of the H+ released from the water auto-

protolyze, at pH 7 (M). 

III.2.2.2. Adsorption experiments 

Adsorption isotherms were carried out for Pb(II)/NPs ratios between 0.5 and 100 mg.g-

1 of carbon. The concentration of NPs was fixed at 50 and 25 mg L-1 for the PSLs, and e-NPs 

and m-NPs, respectively. Note that the concentration of NPs is in gC L-1. Mass concentration 

was preferred rather than particle number as it can be directly measured. The ionic strength was 

fixed with 5 mmol L-1 of NaNO3. After adding Pb(II) to NPs suspensions, the pH was adjusted 

to 5.5 with HNO3 and NaOH at various molarities. The equilibrium time was estimated at 2 and 

10 h from previous kinetic experiments for PSLs, and e-NPs and m-NPs, respectively. At 

equilibrium, suspensions were filtered at 0.2µm (filter syringe, PES, Sartorius) for the PSLs 

and 30 kD (filtration cell, PES, Sartorius) for the e-NPs and m-NPs. After filtration, all samples 

were acidified at 2% HNO3 for the ICPMS analysis. The pH-adsorption edge experiments were 

performed with Pb(II) concentration at 2.5 and 25 mg g-1C for the PSLs, and e-NPs and m-NPs, 

respectively. The pH range was investigated from 2 to 7 using HNO3 or NaOH. 
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III.2.2.3. Chemical Analysis 

Lead concentrations were measured with a Quadrupole ICP-MS (Agilent Technologies 

7700X). Calibration curves were performed and validated using certified material references 

(SLRS-6, National Research Council). A rhodium solution was used as an internal standard to 

correct the instrumental drift and potential matrix effects. The limit of Pb quantification was 

determined at 0.0038 ppb. Moreover, as the upper limit of the Pb(II) calibration curve was 5 

ppb, samples were diluted if necessary. The NPs concentrations were monitored with the carbon 

concentration using a Total Organic Carbon (TOC) analyzer (TOC-V Shimadzu). 

III.2.2.4. Modeling 

The modeling approach used the extrapolations of the experimental datasets based on a 

combination of geochemical (PHREEQC version 2) and extrapolation (PhreePlot) programs 

(Parkhurst and Appelo, 1999; Kinniburgh and Cooper, 2011). PhreePlot was designed to fit 

experimental datasets using the speciation program PHREEQC. The model combination was 

used to extrapolate the intrinsic acidity (pKa) and stability (log K) constants. The binding 

parameters are optimized by a modified Marquardt-Levenberg procedure (Powell, 1965). 

The surface charge of the NPs was conceptualized as resulting from the ionizable surface groups 

(i.e., OH, –COOH, etc.), overall represented as –SOH. Their dissociation was defined as 

conforming to the mass-action law: – 𝑆𝑂𝐻 – 𝑆𝑂−  + 𝐻𝑠+ (III.2.2) 𝐾𝐻𝐿 =  [–𝑆𝑂−] [𝐻𝑠+][–𝑆𝑂𝐻]  (III.2.3) 

The permanent charge due to lattice defect was neglected for PSL, as latex, and not considered 

e-NPs and m-NPs as amorphous. As a result, the total net particle charge, σP, is restricted to 

equation III.2.4. σ𝑃 = σ𝐻 +  σ𝐼𝑆 (III.2.4) 

with σH, charge involved by the H+ association dissociation on ionizable groups and σIS, the 

charge of inner-sphere complex. 
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Figure III.2.1. Pb(II) speciation function of pH. 

 
The electrostatic energy term (i.e., coulombic interaction) was considered using a 

Diffuse Layer Model (DLM). Blancho et al. (Submitted) demonstrated that the sorption of 

trivalent cations was driven by –COOH on both PSLs and e-NPs models. As a result, for all 

NPs, the surface charge is explained and restricted to the presence of –COOH sites (Eq. III.2.5). – 𝐶𝑂𝑂𝐻− + 𝐻𝑠+ – 𝐶𝑂𝑂𝐻  (III.2.5) 𝐾−𝐶𝑂𝑂𝐻 =   [–𝐶𝑂𝑂𝐻][–𝐶𝑂𝑂−]∗ [𝐻+] ∗ 𝑒  Ψ0𝑘 𝑇  (III.2.6) 

With Ψ0, the surface potential energy (J), k, Boltzman constant (J K-1) and T, Temperature (K). 

The Pb(II) adsorption onto NPs models is restricted to ionic Pb2+. The dominant species 

in the studied pH range (Figure III.2.1). Blancho et al. (Submitted) demonstrated that trivalent 

cations form monodentate and bidentate complexes with –COOH at the NPs surface. For this 

reason, the Pb sorption was modeled under two scenarios based on different sorption 

hypotheses. The first scenario explains the Pb sorption by monodentate complex only (Eq. 

III.2.7) and the second by both monodentate and bidentate complexes (Eq. III.2.7 and III.2.9). 

The best scenario was selected based on RMSE values. – 𝐶𝑂𝑂− + 𝑃𝑏𝑠2+ – 𝐶𝑂𝑂𝑃𝑏+   (III.2.7) 𝐾𝐶𝑂𝑂𝑃𝑏+ =  [–𝐶𝑂𝑂−]∗ [𝑃𝑏𝑠2+][–𝐶𝑂𝑂𝑃𝑏+]   (III.2.8) 

To constraint the model, the logK COO2Pb+ are related to logK COOPb+ as described in model VI 

(Eq. III.2.8) (Tipping, 2002). (– 𝐶𝑂𝑂−)2 + 𝑃𝑏𝑠2+ (– 𝐶𝑂𝑂𝐻)2𝑃𝑏 (III.2.9) 𝐾𝐶𝑂𝑂2𝑃𝑏 = [(–𝐶𝑂𝑂−)2]∗ [𝑃𝑏𝑠2+][–𝐶𝑂𝑂2𝑃𝑏]  =(𝐾𝐶𝑂𝑂𝑃𝑏+)² (III.2.10) 
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Table III.2.1. NPs properties and characteristics 

NPs rH (nm) 
SSA 

(m² g-1) 
Hs tot 

(mmol g-1) 

Site 
density 

(site nm-2) 
pKa * 

RMSE 
** 

PSL surfactant 200 ± 20 28.84 0.316 ± 2e-3 6.60 4.60 ± 0.01 3.2e-5 
PSL free 380 ± 20 15.18 0.086 ± 2e-3 3.41 4.07 ± 0.02 1.7e-5 

e-NPS 
226 ± 36 
354 ± 75 

12.5 ≥ 0.2 2 ± 4e-4 
≥ 13.  

4.76* - 

m-NPS 
175 ± 36 
452 ± 80 

28.85 ≥ 0.03  ± 1e-4 
≥ 1.19 

4.76* - 

*, fixed to the acetate pKa (Martell and Smith, 1977). 

**, RMSE calculated from the pKa extrapolation. 

 

Table III.2.1 summarizes the used DLM parameters. According to the DLM and for pH 5.5, the 

maximum Pb(II) adsorption capacity, Q max Pb (mg g-1C), was selected once the isotherm plateau 

was reached, namely when Δ[Pb] ads, did not excess 1%  for a Δ[Pb] free set to 10% (Eq. III.2.11). 𝛥𝑃𝑏𝑎𝑑𝑠 = [𝑷𝒃𝒂𝒅𝒔(𝑃𝑏𝑓𝑟𝑒𝑒∗1.1)−𝑷𝒃𝒂𝒅𝒔(𝑃𝑏𝑓𝑟𝑒𝑒)]𝑷𝒃𝒂𝒅𝒔(𝑃𝑏𝑓𝑟𝑒𝑒∗1.1) ∗ 100 (III.2.11) 

III.2.3. Results and Discussion 

III.2.3.1. Nanoplastics characterization 

Both log-transformed slopes of the autocorrelation function (ACF) were to <900 nm, 

Hr of the CMRs standard (Blue line, Figure III.2.2A). The log-transformed ACF were not 

straight compare to CMRs indicating polymodal suspensions which is coherent with the 

bimodal distribution proposed by the Sparse Bayesian Learning, SBL, based-modeling of the 

ACF (Figure III.2.2B). The first and second population size were particles with an average 

hydrodynamic radius of 226 ± 36 and 376 ± 64 nm for the e-NPs, and 179 ± 36 and 452 ± 80 

nm for the m-NPs. The TEM observations showed anisotropic NPs (Figure III.2.2C), in 

coherence with previous studies of Blancho et al. (2021) and El Hadri et al. (2020). 
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Figure III.2.2. Size characterization of e-NPs and m-NPs models. A) Log-transformed 

time-ACF of the intensity of light scattered compare to CMRs standards. B) Population 

size from SBL modeling. C) TEM pictures from the suspensions. 

 

For PSLs, DLS indicated, as expected, a monodisperse suspension (i.e. straight Log-

transformed ACF) (Figure III.1.1). As a result, no uncontrolled aggregation occurred. Their Hr 

was described as equal to 200 nm for the PSL surfactant (NIST CMRs) and 380 nm for the PSL free 

(Pessoni et al., 2019). 

III.2.3.2. Surface charge modeling and pKa extrapolation 

The NPs surface charge was determined by calculation using PHREEQC implemented 

by the SIT thermodynamic database. Potentiometric titrations allowed to determine the amount 

of ionizable function relative to the pH onto PSL surface. In Figure III.2.3 was plotted the 
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Hs(pH) evolution corrected from H0 (pH 4) at three IS for PSLs, e-NPs and m-NPs. As expected, 

the dissociation of the surface group increased with the increasing pH (Eq. III.2.6). The IS 

promoted the deprotonation of surface group by decreasing the diffuse layer length and thus 

shielding the electrostatic impact of Ψ0 (Pfeiffer et al., 2014). Titrations at 1M IS showed a 

typical sigmoidal curve (Chen et al., 2021; Connors, 1990). These titration curve indicates that 

the whole ionizable group was dissociated between pH 4 and 8. The total surface ionizable 

group, Hs tot, was considered to be equal to the concentration of the deprotonated group at pH 

8, as a plateau was reached for both PSLs. The Hs tot was determined equal to 0.316 ± 2 10-3 

and 0.086 ± 2 10-3 mmol g-1 for the PSL surfactant and PSL free, respectively. According to the SSA, 

the site density was 6.60 and 3.41 sites nm-2 for PSL surfactant and PSL free, respectively. The Hs 

tot and site density are higher for PSL surfactant.  

The extrapolation of the datasets using PHREEQC (DLM model) allowed to calculate 

intrinsic pKa values for PSL models (Table III.2.1). Calculated pKa for both PSL are closed to 

the pKa of acetate, pKa = 4.76 (Martell and Smith, 1977). The acid used by Pessoni et al. (2018) 

for polymerization was the acrylic acid. Lützenkirchen et al. (2011), determined a pKa for 

poly(acrylic acid) of 4.05 with a DLM which is coherent with the extrapolated pKa of the PSL 

free. The acid used during polymerization of PSL surfactant was not precise. However, acid 

containing a long radical, such as methacrylic acid, could explain the different pKa between 

both PSL (De Stefano et al., 2000; Ibarra-Montaño et al., 2015). 

For e-NPs and m-NPS, the 1M titration curves were not sigmoidal and showed the same 

increase after pH 7.5 (Figure III.2.3) avoiding the Hs tot determination (no plateau was reached). 

However, the total concentration of surface site could be estimated (value obtained for the 

highest, ≈  .5) as ≥ 0.2 2 ± 4 10-4 and ≥ 0.03  ± 1 10-4 mmol g-1 for e-NPs and m-NPs, 

respectively. The suspension concentration for titration were > 5 and 8 g L-1 for e-NPs and m-

NPs respectively. At pH titration <4, strong aggregation was observed for e-NPs and m-NPs 

while no aggregation occurred for PSLs. Hesleitner et al. (1987) demonstrated that for titrations, 

aggregation induces a delay in the H+ dissociation from the surface sites preventing the pKa 

determination. Therefore, the pKa for e-NPs and m-NPs were fixed to the pKa acetate of 4.76 

(Martell and Smith, 1977). 
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Figure III.2.3. Evolution of the Hs with the pH for both PSLs, e-NPs and m-NPs at 3 IS: 

0.01, 0.10, 1.00 M. Symbols correspond to experimental data and dotted lines to 

calculated data. 

III.2.3.3. Pb(II) adsorption by NPs 

Experimental and calculated Pb(II) adsorption isotherms and pH-adsorption edge were 

plotted in Figure III.2.4. Adsorption isotherms were concave, suggesting a progressive 

saturation of the binding sites (Figure III.2.4A). However, no plateau appeared, suggesting that 

site saturation wasn’t reached or the multilayer or heterogeneous process controlled the 

adsorption. Significant adsorption capacity variations were obtained between PSLs. For 

[Pb]free= 2ppm, [Pb]ads was ≈ 15 and 1.5 mg g-1C for PSL surfactant and PSL free, respectively. This 

difference is consistent with the –COOH sites density (Table III.2.1). For PSLs, Pb(II) 

adsorption increased with pH. Less than 5 % of [Pb]tot was adsorbed at p  ≤ 4 against  5 % at 

p  ≥   (Figure III.2.4B). For e-NPs and m-NPs, at [Pb]free = 0.4 ppm, [Pb]ads were ≈  .5 and 

2.25 mg g-1C, respectively (Figure III.2.4A). These adsorbed concentrations were coherent with 

the total ionizable sites density, Hstot (Table III.2.1). The adsorption was also strongly 

dependant on pH. Less than 15 % of [Pb] tot was adsorbed for p  ≤ 4 against 90 % at p   . The 
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pH-dependence of the adsorbed concentration highlights the competition between H+ and Pb(II) 

for their adsorption onto NPs surfaces (Table III.2.1). 

 
Figure III.2.4. Evolution of the experimental (black points) and calculated (dotted lines) 

concentrations of adsorbed Pb(II) by NPs, (A) adsorption isotherms, and (B) pH 

adsorption edges. 
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III.2.3.4. Pb(II) adsorption modeling 

Two scenarios were tested 1) formation of monodentate and 2) formation of both 

monodentate and bidentate complexes as suggested in Blancho et al. (Submitted). For PSLs and 

e-NPs, the calculated root-mean-square error (RMSE) was lower for the monodentate model, 

LM (Table III.2.2). The calculated log KCOOPb+ were 2.33 ± 0.09 and 2.21 ± 0.03 for PSL surfactant 

and PSL free, respectively. These values are in coherence with the acetate (CH3-COO-) log KHL 

= 2.68 (Martell and Smith, 1977) (Table III.2.3). For the e-NPs, the calculated log KCOOPb+ was 

2.84 ± 0.05. To validate these values, extrapolated log KCOOH and log KCOOPb+ were compared 

with a linear free energy relation, LFER, relating the protonation constants of various R-COOH 

ligands, log KCOOH, with their corresponding monodentate stability constant, log KCOOPb+ 

(Figure III.2.5). The extrapolated log KCOOH and log KCOOPb+ followed the LFER (Figure 

III.2.5), validating the extrapolated values. Therefore, the hypothesis of Pb(II) binding as a 

monodentate complex with NPs carboxylic sites was validated for PSLs and e-NPs (Table 

III.2.3). 

Table III.2.2. RMSE obtained for both modeling hypotheses, in bold the lowest value for 

each NPs model. 

NPs 
Modeling 

hypothesis 
RMSE 

PSL surfactant 
ML 0.062 

ML + ML2 0.064 

PSL free 
ML 0.022 

ML + ML2 0.023 

e-NPs 
ML 0.042 

ML + ML2 0.045 

m-NPs 
ML 0.050 

ML + ML2 0.030 
 

For the m-NPs, both scenarios were also tested. The lower RMSE was obtained for both 

monodentate and bidentate complexes hypothesis (Table III.2.2). The calculated log KCOOPb+ 

and log KCOO2Pb+ were 2.50 and 4.99. Here, the bidentate log K was relayed to the monodentate 

log K (log KCOO2Pb+ = 2 log K-COOPb+ (Eq. III.2.10, Tipping, 2002). Therefore, only the 

monodentate log K was discussed here. The calculated log K-COOPb+ was 2.50 close to the Pb(II)-

acetate log K = 2.68 in Martell and Smith (1977) (Table III.2.3) and the value estimated from 

the LFER log K = 2.58 (Figure III.2.5). 

Although, monodentate complexes are dominant for all NPs, bidentate complexes were 

surprisingly suggested for the m-NPs. Indeed, m-NPs had a lower site density (Table III.2.1). 
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The milling procedure induces plastics rupture and radical reaction able to include O-containing 

functions (Sohma, 1989). Moreover, these functions are located on plastic fractures, resulting 

in local high site density and thus the formation of a multidentate complex. For the e-NPs, the 

model's formation of a multidentate complex with Pb was not suggested, although occurring 

for trivalent REE (Blancho et al., Submitted). In this study, the heterogeneity of site density 

was also argued to explain the presence of the multidentate complex. However, the potential 

local increases of the site density seem insufficient to allow the formation of the bidentate 

complexes for divalent cations such as Pb. 

Table III.2.3. Calculated binding parameters and the corresponding RMSE from this 

study and in the literature 

NPs 
Formed 
complex 

HL 
(%) 

Log K 
COOPb+ 

Log K 
COO2Pb+ 

Qmax 

(mg g-1) 
RMSE References 

PSL surfactant ML 100 
2.33 ± 

0.09 
- 20.0 0.022 This study 

PSL free ML 100 
2.21 ± 

0.03 
- 5.15 0.062 This study 

e-NPs ML 100 
2.84 ± 

0.05 
- 18.5 0.042 This study 

m-NPs ML + ML2 
64.3 

± 0.03 

2.50 ± 

0.03 
4.99 2.32 0.030 This study 

Acetate ML 100 2.68 - - - 
Martell and 

Smith 1977 

HFO     350 - 

Dzombak 

and Morel 

1990; Reich et 

al. 2010 

Goethite     112 - 
Komárek et 

al., 2018 

Hematite - - - - 6.2 - 
Komárek et 

al., 2018 

Montmorillonite - - - - 10.4 - 
Wu et al., 

2003 

Loamy sand soil - - - - 2.2 - 
Fonseca et 

al., 2009 
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Figure III.2.5. LFER of Log KCOOPb+ against log KCOOH for various carboxylic ligands 

(Adapted from Carbonaro and Di Toro, 2007). 

 
To further validate the binding parameters determined for e-NPs, they were tested to 

reproduce Davranche et al. (2019) datasets. Their NPs were produced using a similar protocol 

to Blancho et al. (2021) without OM degradation. As the binding site density was unknown for 

the e-NPs produced by Davranche et al. (2019), this parameter was fitted. Modeling calculations 

determined a –COOH total concentration of 0.112 ± 0.007 mmol g-1, in the order of magnitude 

of the e-NPs. The obtained RMSE were in the same order of magnitude as for all other NPs 

(Table III.2.3). However, the calculated [Pb]ads were overestimated for [Pb]free < 3 ppm (Figure 

III.2.6A). For the pH-adsorption edge, [Pb]ads were underestimated for pH < 7 (Figure III.2.6B). 

As previously explained, natural organic matter (NOM) was present in the NPs produced by 

Davranche et al. (2019). This NOM could influence the amount of Pb adsorbed by NPs by 

complexing Pb, competing with NPs, or forming hetero-aggregates with NPs. The formation of 

hetero-aggregates could modify the NPs binding site' density and influence the concentration 

of adsorbed Pb. However, at high Pb concentration and pH (Figure III.2.6), [Pb]ads were well 

predicted, indicating no hetero-aggregation occurred. Pradel et al. (2021) demonstrated that the 

source of NOM was a major parameter of the hetero-aggregation. They showed that hetero-

aggregate could be formed with alginate but not with charged OM such as humic acid. 
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Figure III.2.6. Evolution of the experimental (black points) and calculated (dotted lines) 

concentrations of adsorbed Pb(II) by NPs, (A) Adsorption isotherm, (B) pH adsorption 

edge from Davranche et al. (2019). 

III.2.3.5. Impact of photo-oxidation on the NPs sorption capacity 

The model was used to investigate the impact of photo-oxidation on the surface 

reactivity of m-NPs after UVC exposure. At pH = 5.5 for a Pb/NPs ratio of 2.5 mg g-1C, the 

photo-oxidized m-NPs, m-NPs-UV, adsorbed 66% of Pb against 24% for m-NPs. This 

significant difference might be explained by an increase of the –COOH density at the surface 

of m-NPs-UV. To test this hypothesis, the model and optimized binding parameters were used 

to calculate the COOH total site density (Hstot) from a dataset of Pb-m-NPs-UV adsorption. The 

average –COOH total site concentration (Hs tot) was calculated at 0.227 ± 0.080 mmol g-1, 

which is 6 times higher than for m-NPs. Modeling calculations demonstrated that the surface 

reactivity of NPs strongly dependent on their oxidation state. Thus, photo-oxidation has a 

stronger impact on the NPs surface reactivity than mechanical abrasion. 

Finally, the calculated –COOH total concentration of m-NPs-UV was similar to that of 

e-NPs (Figure III.2.7). The e-NPs were typical photo-oxidized NPs since produced from plastic 

debris collected at the ocean surface. Therefore, the present results suggested that photo-

oxidation of m-NPs can make NPs of equivalent reactivity to e-NPs. 
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Figure III.2.7. Total surface –COOH concentration, or Total ionizable site concentration 

(Hs tot), of NPs. 

III.2.3.6. Environmental implications 

Model calculations suggested that the monodentate complex is the dominant complex 

formed between Pb and NPs, notably for the most environmentally relevant, e-NPs. The average 

log KCOO2Pb+ was 2.47 ± 0.27, two orders smaller than the log K for Pb with ferrous hydroxide 

(HFO), log KHFOPb+ = 4.65 (Dzombak and Morel, 1990). Ferrous oxyhydroxides are ubiquitous 

and known to be strong adsorbents of metals (Dzombak and Morel, 1990; Stumm and Morgan, 

2012). Therefore, NPs seem to not compete with HFO for Pb sorption, except in specific areas 

where plastics debris is in high amounts, such as landfills or in agricultural soils that received 

plastics mulches. For e-NPs, Q max Pb was equal to 18.5 mg g-1C, one order lower than HFO and 

goethite (Table III.2.3). Nanoplastics could only impact divalent metals speciation for pH > 4.5 

in environments where other binding phases (i.e., HFO or OM) are in low concentration. 

The metal valence seems to influence the denticity of the complex formed at the NPs 

surface. Blancho et al. (Submitted) suggested, that, for trivalent REE, bidentate complex 

occurred with e-NPs while, here, only monodentate was expected to be formed for the divalent 

Pb. If NPs cannot compete with HFO for Pb binding, by contrast, it could be the case for 

trivalent ions. Liu et al. (2017) estimated, indeed, that log K REE-HFO was equal to 1.68, 2.90, 

and 3.47, for La, Eu and Lu against 2.82, 3.64, and 3.16 for the corresponding Lu, Eu, and Lu 

0
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e NPs m NPs e NPs OM m NPs  V



 

104 

bidentate log K REE-(Acetate)2. The formation of the bidentate complex was confirmed for the 

m-NPs. The denticity of the complex could then vary with the NPs degradation pathways. 

Lead can also be present in the plastics matrices as additives. Catrouillet et al. (2021) 

calculated a median concentration of Pb into MPs at around 0.3 mg Kg-1
C, namely 6500-fold 

lower than the Pb potentially adsorbed by e-NPs. Authors suggested that the Pb adsorbed on 

the altered surface of MPs was originated from Pb used as additives rather than from the 

environment. Lead is expected to be released during the polymer photo-oxidation and then 

partly adsorbed on the altered layer of the MPs that will further be altered as NPs. Although 

this adsorption by NPs partially prevents the release of the metal, it could also promote their 

transfer as a colloidal phase in ecosystems and living organisms. Finally, UV exposition 

increased the density of the NPs –COO- binding sites. Metal adsorption by photo-oxidized NPs 

is thus expected to increase with the residence time of NPs in the environment (i.e., ocean and 

freshwater). Therefore, plastics represent a new source of metals that can be transported in the 

environment when their degradation products reach the nanosized and behave as colloids. 

III.2.4. Conclusions 

For the first time, a surface complexation model was designed to describe and predict 

the Pb adsorption by NPs. Following the previous study, two binding hypotheses were tested 

to explain Pb adsorption by NPs. Lead adsorption is dominated by carboxyl monodentate 

complexes for all NPs models, although bidentate occurred for the milled NPs models. The 

extrapolated log K was coherent with the log K Pb(II)-COOCH3 values from the literature, 

validating the established NPs adsorption model. Metal-NPs interactions depend on the metal 

valency. Divalent ion (Pb) forms monodentate complexes, while trivalent metals such as REE 

form bidentate complexes. Milled NPs are less metal reactive than strongly NPs photo-oxidized 

under environmental conditions. These results highlighted the influence of NPs degradation 

route on the NPs binding sites density and thus surface reactivity. Although the results 

suggested that NPs are not a strong competitor of natural adsorbents, multi-component sorption 

may be studied within environmental conditions to better define the associated metal to NPs in 

the environment. Moreover, metal competitions have to be studied in detail to identify metals 

having the highest affinity for NPs. Such studies may include a mechanistic approach in order 

to complete the sorption models proposed in this study and to test its reliability to predict metals 

sorption in a more complex matrix.
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IV.1 Conclusions 

La présence de NPs dans les différents compartiments environnementaux soulève de 

nombreuses questions quant à leurs comportements, leurs transports, leur accumulation, leurs 

interactions avec les métaux, etc. L’état des connaissances sur ces questions reste limité, ce 

travail de doctorat s’et donc attaché à étudier certaines de ces problématiques telles que la 

détection des NPs, l’étude de leurs propriétés physico-chimiques et de leurs interactions avec 

les éléments traces métalliques. Les recherches menées ont été organisées en trois volets. La 

première partie a été consacrée à l’identification des NPs en milieux complexes. La deuxième 

a porté sur la production d’un modèle de NPs ainsi que sa caractérisation. Enfin, la dernière 

partie s’est intéressée à la réactivité des NPs vis-à-vis des micropolluants métalliques. 

IV.1.1. Détection de nanoplastiques 

La détection des NPs dans le milieu naturel est complexe (Cai et al., 2021). 

Actuellement, plusieurs techniques analytiques sont capables de les identifier (XPS, ATR-

FTIR, pince Raman, Py-GCMS, etc.), en revanche, ces techniques doivent être optimisées. 

Dans la première partie de cette thèse de doctorat, nous nous sommes intéressés aux capacités 

analytiques de la Py-GCMS, et à son optimisation en termes de détection. Plus spécifiquement, 

cette première étude s’est intéressée à la détection du PP et du PS, deux polymères produits et 

utilisés à l’échelle mondiale. Les résultats majeurs de cette étude sont : 

La quantité des produits de pyrolyse varie entre les MPs et NPs. Pour le PS, la proportion 

d’aire des pics de dimère et trimère de styrène varie respectivement de 26 à 0.2 % et de 23 % à 

une quantité négligeable par rapport au pic principal (Styrène). Pour le PP, la proportion d’aire 

du C15i varie de 3 à 10 %, par rapport au C9. Pour le PS, ces variations diminuent la limite de 

détection des produits de pyrolyse n’ayant pas d’interférences avec la MO. Il est donc 

indispensable d’obtenir des pyrogrammes des polymères spécifiques aux NPs et de limiter les 

analogies avec les MPs. 

L’identification directe des NPs de PP est possible en présence de M . De nombreux 

produits de pyrolyse du PP n’ont pas d’interférences avec la MO. Dans cette première étude, 4 

produits de pyrolyses ont été retenus pour l’identification des NPs de PP et validés en présence 

de MO. 

L’identification indirecte des NPs de PS est possible grâce au rapport Toluène/ Styrène. 

Le rapport Toluène Styrène de la MO est ≥ 5 alors que pour le PS, il est ≥ 0.1 (Fabbri, 2001; 

Tsuge et al., 2011). La variation de ce rapport entre le pôle MO et celui du PS a donc permis de 
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d’identifier la présence de NPs de PS dans un échantillon de NPs produit à partir de plastiques 

altérés. 

IV.1.2. Production d’un modèle représentatif des NPs environnementaux 

Les modèles de NPs actuels sont essentiellement des PSLs dont les propriétés 

correspondent peu à la définition et aux observations faites des NPs environnementaux (Gigault 

et al., 2018). Dans cette deuxième étude, je me suis donc intéressé à la production d’un modèle 

de NPs environnementalement pertinent. Pour cela, j’ai optimisé le protocole proposé par 

Davranche et al. (2019), basé sur l’abrasion mécanique de plastiques altérés en conditions 

environnementales. Ces plastiques avaient pour origine le gyre Atlantique et Pacifique Nord et 

ont donc été soumis à une photo-oxydation en conditions environnementales. Le modèle produit 

a été nommé e-NPs, pour « environmental nanoplastics ». Les principaux résultats sont décrits 

ci-dessous : 

 

La surface altérée des plastiques permet de produire un modèle proche des NPs 

environnementaux, appelé e-NPs. Les nanoparticules produites sont polydispersées et 

leurs formes sont ouvertes, asymétriques et hétérogènes comme observé par Gigault et al. 

(2018). Malgré leurs formes, les NPs ne présentent pas de pores inférieurs à 2 nm. Ils sont 

composés majoritairement de PP et de PE, et sur la base des pics obtenus par Py-GCMS, le 

PP semble être dominant. Environs 30% des groupements fonctionnels présents à la surface 

des e-NPs incluent des atomes d’oxygène. Les titrages potentiométriques ont mis en évidence 

la présence de groupes ionisables à hauteur de 0.23 10-3 mol g-1. La présence de ces fonctions 

est cohérente avec leurs capacités d’adsorption observées par Davranche et al. (2019). Leur 

densité de site est également comparable à celle de la ferrihydrite, ≈ 10 sites nm-2. 

IV.1.3. Indentification des mécanismes d’adsorption des métaux par les e-NPS 

 Davranche et al. (2019) a démontré que l’adsorption de Pb par les e-NPs, se fait par 

complexation de surface et diffusion intraparticulaire. Cependant, la nature de ces sites ainsi 

que les complexes formés ne sont pas connus. Pour pallier ce manque de connaissance, j’ai 

utilisé le groupe des Terres Rares comme « sonde » des processus d’adsorption des métaux par 

les NPs. En effet, les Terres Rares sont un groupe d’éléments chimique très particulier. Le 

couplage des quantités adsorbées à la variation des spectres de terres rares permettent d’obtenir 
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des informations sur la nature des sites activés par la complexation de surface et le type de 

complexes formés (Marsac et al., 2010, 2011). 

Les spectres de REE obtenus par adsorption des REE par les e-NPS et les PSLs 

ont montré que l’adsorption est contrôlée par des sites carboxyliques. Pour les PSLs, ce 

contrôle était attendu puisqu’ils sont carboxylatés. En revanche, et pour la première fois, ces 

résultats prouvent que ce sont bien des sites carboxyliques qui contrôlent l’adsorption des 

métaux à la surface des NPs, produits à partir de conditions environnementales. Les 

variations des spectres de terre rares et leur comparaison, avec des spectres de complexation 

REE-COOH en solution, ont montré une hétérogénéité des complexes formés, distribués 

entre complexe monodenté et bidenté. Les spectres REE-e-NPs indiquent que les complexes 

bidentés sont dominants pour les rapports REE/NPs faibles et à pH élevé. En revanche, pour 

les PSL « free soap », les spectres indiquent la présence de tels complexes pour des rapports 

REE/NPs élevés et à pH acide. Leur faible densité de site induit une forte compétition entre 

ions, mêmes aux faibles ratios REE/NPs. Cette compétition met en évidence les complexes 

bidentés, en effet, ce sont les seuls à pouvoir se former en présence de Th, U et de Sc, également 

présents en solution. Pour les PSL « surfactant », les spectres correspondent à la formation d’un 

complexe bidenté uniquement. 

Pour les e-NPs, l’hétérogénéité des complexes formés s’explique par une photo-

oxydation inhomogène de la surface qui augmente localement la densité de site de surface et 

permet la formation de complexes multidentés. Pour les PSL « free soap », la compétition entre 

ions montre que les complexes bidentés sont anecdotiques à leur surface. Pour les PSL 

« surfactant », les complexes bidentés sont dominants en réponse à la forte densité de site du 

modèle, estimée à 6.6 sites nm-2, contre 3.4 sites nm-2 pour les PSL « free soap ». 

Si l’utilisation des REE a permis de déterminer la nature des sites réactifs et les types 

de complexes possiblement formés à la surface des différents modèles de NPs, cette étude n’a 

pas permise de paramétrer les mécanismes de sorption. Ce paramétrage est en général obtenu 

par la modélisation de données expérimentales. Cependant, il est très complexe d’établir un tel 

modèle avec autant d’éléments (1 ). Pour cela, j’ai choisi pour une première approche de 

réaliser cette modélisation avec 1 seul cation, ici le Pb.  

Les données physico-chimiques d’entrée du modèle ont été produites lors de ce travail 

et collectées dans la littérature. Les constantes de stabilité des complexes Pb-NPs ont été 

extrapolées à partir des données expérimentales d’adsorption du Pb avec les différents modèles 

de NPs étudiés. Différentes hypothèses mécanistiques ont été testées, à savoir, une 
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complexation par les sites carboxyliques avec et sans complexes multidentés. Cette approche 

mécanistique a montré que : 

La complexation est dominée par les sites carboxyliques. Les complexes formés sont 

uniquement monodentés pour les PSLs et les e-NPs alors que les m-NPs (abrasion) 

forment jusqu’à  5  de complexes bidentés avec le Pb, dans les conditions 
expérimentales utilisées. Une distribution inhomogène des sites à la surface des NPs, suite à 

leur broyage, pourrait expliquer ce résultat. De fait, bien que leur densité de site soit faible, elle 

pourrait localement être plus élevée, facilitant la formation de complexe bidenté avec des ions 

divalents. Enfin, cette étude montre que l’adsorption est très dépendante du nombre de sites de 

surface, eux-mêmes contrôlés par la photo-oxydation subit par les plastiques. 

 

Ces travaux de doctorat ont répondu à un certain nombre de questions sur la détection, 

les propriétés physico-chimiques et la réactivité des NPs vis-à-vis des micropolluants 

métalliques. Le premier volet a montré que la détection de certains polymères était possible en 

présence de matière organique, ce qui ouvre de nombreuses perspectives quant à leurs études 

dans des milieux complexes tels que les sols, les sédiments et mêmes les organismes vivants. 

En revanche, bien que ces résultats soient prometteurs, un certain nombre de points doivent être 

discutés, optimisés et/ou complétés (voir perspectives). Le deuxième volet a permis de mettre 

au point un protocole simple de production d’e-NPs bien plus représentatif des NPs observés 

dans l’environnement que les modèles utilisés actuellement. Les propriétés et les quantités 

produites de ces e-NPs ouvrent un champ immense de nouvelles possibilités d’études tant en 

terme technique (imagerie, spectroscopie, etc.) que scientifique (comportement physico-

chimique, écotoxicologique, etc.). 

Enfin, le dernier volet a montré que les NPs ont une forte réactivité vis-à-vis des métaux, 

ils sont capables de former des complexes via les sites carboxyliques développés à leur surface 

par photo-oxydations des polymères. La denticité des complexes est contrôlée par la valence 

des métaux, les trivalents formant des complexes bidentés et les divalents des complexes 

monodentés, et par la densité de sites carboxyliques, c’est-à-dire par l’état d’altération des NPs. 

Ces résultats ne sont pas sans conséquences et montrent que les métaux divalents seront moins 

fortement complexés par les NPs que les plurivalents et donc potentiellement plus facilement 

remobilisés (libérés) en fonction des variations des conditions physicochimiques dans 

l’environnement et au sein des organismes vivants. Récemment, Catrouillet et al. (2021) ont 

suggéré que les métaux adsorbés dans la couche altérée des MPs avaient en majorité pour 

origine les métaux utilisés comme additifs dans la formulation des plastiques. Ces métaux 
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seraient libérés de la matrice par leur altération et seraient aussitôt adsorbés par la couche altérée 

de surface. Ces résultats suggèrent que les métaux adsorbés à la surface des NPs dans 

l’environnement seraient adsorbés bien avant leur libération dans l’environnement. 

IV.2. Perspectives 

Ces résultats représentent une avancée significative dans notre connaissance du 

comportement des NPs, mais ils soulèvent eux-mêmes, un certain nombre de questions qui 

permettent de proposer de nouvelles perspectives d’étude. 

IV.2.1. Identification/détection des NPs 

Les pyrogrammes des NPs ne sont pas disponibles dans la littérature alors qu’ils sont 

indispensables puisque la taille des particules influence la quantité de pyrolzyzates produits 

(Blancho et al., 2021b). Pour certains échantillons, la détection des NPs nécessite une étape 

chronophage de dégradation de la MO en suspension. Dümichen et al. (2017) ont montré qu’une 

partie non négligeable de la MO était pyrolysée à 400°C alors que la dégradation des polymères 

débute à des températures supérieures à 400°C (e.g. PA, PE, PET, PP). Il serait donc intéressant 

de séparer la pyrolyse pour éliminer, dans un premier temps la MO, puis ensuite pyrolyser les 

NPs. Pour le PS, ce protocole permettrait de valider l’utilisation du rapport Toluène Styrène. Si 

la dégradation de la MO à 400°C n’est pas suffisante, il serait également intéressant d’acquérir 

des données par TGA-GC MS. En effet, la pyrolyse à température croissante d’un composant 

organique à une signature singulière. L’évolution des produits de pyrolyse identifiés en fonction 

de la température, et de leurs rapports, pourraient permettre de détecter la présence de NPs. 

Il est également primordial de quantifier les NPs. Sur ce point, la Py-GCMS ne semble 

pas appropriée bien que ce soit le cas pour les MPs (Fischer and Scholz-Böttcher, 2019, 2017). 

Pour cela, la décomposition thermique des NPs en CO2 pourrait être une piste intéressante, 

après élimination de la MO. Lai et al. (2021) ont démontré qu’il était possible de dégrader 

séparément la MO des MPs. De plus, leur méthodologie dispose d’une limite de détection 

suffisamment basse pour être appliquée aux NPs, i.e. ≈ 2 µg comme en Py-GCMS. 

IV.2.2. Modèles de NPs 

Des variantes du protocole développé pour produire les e-NPs peuvent être envisagées. 

Elles produiront des e-NPs aux propriétés différentes : 
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1/ Des e-NPs composés d’un unique polymère. Il est possible de produire des e-NPs à partir 

d’un seul débris plastique (Figure IV.2.1). Cette option est intéressante puisque qu’elle 

permettrait d’étudier séparément les propriétés physico-chimiques des différents polymères. 

 

2/ Des e-NPs à partir de plastiques altérés en laboratoire. Des chambres de simulation 

permettent d’altérer des plastiques en conditions proches des conditions environnementales 

(Rabek, 1995). Produire des e-NPs à partir de plastique vierge permettrait d’obtenir des NPs 

sans additifs. Ce genre de modèle répondrait aux problématiques des écotoxicologues. Il semble 

en effet primordial de réaliser des études d’écotoxicologie pour des NPs avec et sans additifs 

afin de discriminer l’impact de l’un et de l’autre. 

3/ Des e-NPs à partir des plastiques contenant du Pd puis altérés en laboratoire. Ce type de NPs 

permettrait d’utiliser des e-NPs dans des études de transport grâce au Pd qui faciliterait leur 

traçage (Mitrano et al., 2019). 

 

Concernant le protocole présenté dans notre étude, les différents polymères composant 

les e-NPs doivent encore être quantifiés. D’après les pyrogrammes obtenus, les e-NPs produits 

sont composés majoritairement de PE et PP, en revanche leur proportion reste inconnue. Aux 

vues des quantités produites, il est envisageable de réaliser des analyses quantitatives par 

exemple par ATR-FTIR. La déconvolution des spectres ATR-FTIR devrait permettre de 

quantifier ensuite la proportion relative des polymères qui composent les NPs. Les quantités 

d’additifs minéraux dans les e-NPs doivent encore être déterminées. Des analyses de perte au 

Figure IV.2.1. Bouée plastique de PE photo-oxydée en condition environnementale. 
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feu permettraient de quantifier leur proportion. Enfin, il serait intéressant de s’affranchir de 

l’étape de dégradation de la MO par UV/H2O2. Bien que l’oxydation de surface semble faible, 

des réactions radicalaires peuvent se produire à la surface des e-NPs. 

IV.2.3. Interaction entre métaux et NPs 

Ce travail de doctorat a permis de mieux définir les interactions entre les métaux et les 

NPs. La complexation se produit via des sites carboxyliques, cependant, la denticité des 

complexes formés doit être confirmée à l’aide par exemple de l’absorption des rayons-X. Ces 

informations permettront aussi de contraindre le modèle de sorption développé dans ce travail 

de doctorat. 

IV.2.3. Caractérisation et transformation des NPs dans l’environnement 

La caractérisation et l’étude du comportement des NPs n’en est qu’à ses débuts.  n 

certain nombre de paramètres indispensables à la compréhension et à la paramétrisation de leur 

réactivité de surface restent à déterminer. Ainsi, les constantes de déprotonation des 

groupements ionisables, pKa, doivent être extrapolées à partir de données expérimentales. En 

effet, dans notre dernière étude, nous ne sommes pas parvenus à les obtenir. Bien que la valeur 

fixée pour la conception du modèle de complexation soit cohérente, cette constante doit être 

déterminée expérimentalement. Les constantes de déprotonation sont des données clés car elles 

permettent de prédire en fonction des conditions géochimiques, 1) la réactivité métaux-NPs 

lorsqu’elles sont associées aux constantes de stabilité et 2) le potentiel de surface des NPs. 

De plus, la densité de site à la surface des NPs est un autre paramètre clé car il 

conditionne les interactions métal-NPs et influence leurs stabilités colloïdales. Bien que ce 

travail de doctorat ait permis de déterminer des densités de sites pour certains NPs, les 

paramètres qui l’influencent n’ont pas été étudiés, notamment la photo-oxydation, taille des 

particules, etc... Cai et al. (2018) ont montré que l’oxydation de surface des MPs augmente en 

fonction de l’exposition aux  V mais aussi que leurs surfaces sont de plus en plus rugueuses, 

augmentant ainsi leur surface spécifique (Fotopoulou and Karapanagioti, 2012). Qu’en est-il de 

la densité de site ? Atteint-elle un plateau, pour une surface et une photo-oxydation donnée ? 

La description des propriétés physico-chimiques des NPs dans leur ensemble fait partie 

intégrante d’un projet de recherche à plus long terme qui viserait à caractériser et modéliser les 

interactions métaux-NPs, phases réactives-NPs (MO, HFO, etc) dans le but de prédire la 

stabilité des NPs et de leurs agrégats. Il est en effet possible d’intégrer les données de potentiel 
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déterminées à l’aide d’un Four Layer Model, FLM (Charmas et al., 1995), dans le modèle 

DLVO. Un modèle de ce type à récemment été proposé par Gil-Díaz et al. (2021) nommé 

SINFONIA, il est donc possible d’appliquer cette approche au NPs. Une telle approche couplée 

aux travaux de Galli et al. (2020) semble être en mesure de prédire un des paramètres clé de la 

stabilité colloïdale, la concentration critique de coagulation (CCC), et ce en fonction des 

conditions géochimiques et des propriétés des NPs. Bien que cette intégration représente 

actuellement un challenge surtout pour les hétéro-agrégats (NPs-OM, NPs-HFO), il est 

primordial d’y parvenir. Actuellement, de nombreuses études étudient la stabilité colloïdale des 

NPs sans pour autant bien connaître leurs propriétés physico-chimiques, mais aussi et surtout 

en ne les intégrant pas dans un modèle mécanistique. De fait, les CCC décrites ne permettent 

pas d’être extrapolées à un autre p , un autre ion, etc. Il est important de faire cette jonction 

entre les modèles de complexation de surface d’un côté et la stabilité colloïdale de l’autre. 

De ce projet de recherche à long terme, plusieurs sous-objectifs peuvent d’ores et déjà 

être réalisés. Dans un premier temps, les interactions entre cations majeurs et NPs pourraient 

être étudiées afin de paramétrer le FLM du modèle SINFONIA. En effet, il est connu que les 

ions majeurs, via le contrôle de la force ionique, compressent la couche diffuse et influencent 

la stabilité colloïdale des NPs. Cependant, les cations majeurs peuvent aussi former des 

complexes de sphères externes avec les surfaces chargées négativement, influençant aussi la 

stabilité des colloïdes. Lorsque les interactions entre cations majeurs (ex. Na+ et Ca2+), et NPs 

seront paramétrées, l’utilisation de LFER devra être envisagée et testée afin d’obtenir ces 

données pour les autres cations majeurs. Une fois paramétré, SINFONIA pourra estimer les 

CCC de différents modèles de NPs en fonction des conditions géochimiques (Galli et al., 2020; 

Gil-Díaz et al., 2021). Ces estimations pourront être comparées au CCC déterminées 

expérimentalement dans la littérature (Singh et al., 2019; El Hadri et al., 2020; Shams et al., 

2020; X. Wang et al., 2020; Liu et al., 2021; Pradel et al., 2021). 

 

Il est tout aussi primordial d’étudier les interactions avec les autres phases réactives de 

l’environnement. Dans un premier temps, les interactions seront étudiées dans des systèmes à 

deux composants afin de restreindre la complexité des hétéro-agrégats formés. L’étude des 

interactions avec la MO et les hydroxydes de Fer sera privilégiée car ils sont tous deux très 

présents dans l’environnement. Les modalités d’agrégation seront étudiées pour des conditions 

géochimiques variées. Concernant les NPs et la MO, comme ces deux surfaces sont chargées 

négativement, leur interaction est possible par l’intermédiaire de pont cationique (Dong et al., 

2021), c’est cette interaction qui doit être étudiée et paramétrée en première. Aux pH 
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environnementaux, compris entre 5 et 8, la surface des HFO est positive. Une interaction directe 

entre NPs et HFO est donc prévisible et a déjà été observée (Yangyang Zhang et al., 2020). Que 

ce soit pour la MO ou HFO, ces études doivent permettre de décrire les paramètres 

mécanistiques contrôlant leurs agrégations et elles doivent aussi permettre de prédire les CCC 

en fonction des conditions géochimiques. 
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SS  Spectrum similarity 
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TEM  Transmission electron microscopy 
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TOC  Total organic carbon 
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Résumé :   ’                            ’    
             ’     j                     
                 ’                    
altération par photo-oxydation produit des 
nanoplastiques (NPs) dont les caractéristiques 
et les propriétés en font des vecteurs 
potentiellement importants de métaux. Etant 
           à                      ’               
                 j    ’à                  à  ’     
de modèle non représentatifs de 
 ’                                         
produire des modèles de NPs plus pertinents 
afin de mieux appréhender leur comportement 
et leur impact sur les polluants métalliques. 
     La Py-             ’                      
polypropylène en présence de matière 
organique comme dans les matrices 
enviro              ’                       
         ’                          photo-
             ’                                
produire un modèle plus représentatif. 

Ces modèles de NPs présentent à leur surface 
des fonctions capables de complexer les 
métaux et de contrôler leur stabilité colloïdale. 
 ’                                                
thermodynamique, nous a permis de démontrer 
     ’                               ô           
formation de complexes mono ou bidentés avec 
les sites carboxyliques de surface. La formation 
des complexes mono ou bidentés dépend de la 
valence des métaux étudiés et des conditions 
physicochimiques du milieu. Plus globalement, 
la réactivité des NPs dépend de leur état 
 ’                   ô                           
surface. 
De par leurs propriétés de sorption, les NPs 
peuvent être des acteurs clés de la dynamique 
des métaux dans des zones polluées par les 
plastiques comme par exemple: les sols 
agricoles amendés en déchets plastiques et les 
décharges. 

 

Title : Identification, production and characterization of environmental nanoplastics  

using geochemical and nanometrology tools. 

Keywords : Nanoplastics, identification, characterization, metal-NPs interactions, modeling 

Abstract:   The use of plastics has been 
accompanied by a massive release of plastic 
waste into the environment. Their alteration by 
photo-oxidation produces nanoplastics (NPs), 
whose characteristics and properties make them 
potentially important metal vectors. Being difficult 
to sample in the environment, their study has 
been carried out with models not representative 
of environmental NPs. It is therefore essential to 
produce more relevant NPs models in order to 
better understand their behavior and impact on 
metal pollutants. 
     Py-GCMS allows the identification of 
polypropylene nanoparticles in the presence of 
organic matter as in environmental matrices. The 
mechanical abrasion of the weathering layers of 
photo-oxidized plastics in the environment 
allowed us to produce a more representative 
model. 
 
 
 

     These NPs models present on their surface 
functions complexing metals and controlling 
their colloidal stability. The use of rare earths 
and thermodynamic modeling, allowed us to 
demonstrate that the metal adsorption of metals 
is controlled by the formation of mono- or 
bidentate complexes with the surface carboxylic 
sites. The formation of mono- or bidentate 
complexes depends on the valence of the 
metals studied and the physicochemical 
conditions of the medium. More globally, the 
reactivity of NPs depends on their oxidation 
state which controls their surface site density. 
 
      Due to their sorption properties, NPs can be 
key players in the dynamics of metals in areas 
polluted by plastics such as: agricultural soils 
amended with plastic waste and landfills. 
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